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Introduction

Topics in Biodiversity and Conservation: Arthropod diversity and conservation

‘Biodiversity’ is another way of saying ‘the amazing variety of life on this
planet’; what it is made up of (compositional biodiversity), the form it takes
(structural biodiversity) and how it works (functional biodiversity). Of the 8
million or so species on Earth, only about a quarter of a million are plants.
Nevertheless, it is the plants which largely underlie and generate the rest of
biodiversity through their enormous bulk and complexity of architecture. The
remaining components of biodiversity are the smaller, largely unseen, silent
majority, most of which are arthropods. They make up a jointed-legged exu-
berance of life forms with all their morphological glory. Vertebrates, in con-
trast, are a mere blip on the biotic horizon, elevated in importance in the bigger
scheme of things only by our psyche.

These biases in nature are brought home when one considers some ratios.
The total biomass of plants to animals is about 99.999 to 0.001, while the total
number of vascular plant species to animal species is around 0.026 to 99.974.
This means that the basis of at least terrestrial life hinges on the massive city of
plants. In contrast, the compositional variety of life is mostly arthropods,
which inhabit virtually every recess and plane on the planet. Indeed, the ar-
thropods are the functional woof and weft of life, featuring somewhere at one
level or more in virtually every food web. Many even eat each other. They
chew, suck, mine or filter virtually anything organic from rhino dung to the
toughest plants, and even sit on the deep sea floor capitalizing on the fine rain
of organic debris.

With such a resourceful and adaptive tangle of life and so many life forms,
how can they possibly be in need of conservation? The point is that probably
many are not. Yet in the face of the human demographic meteorite, still as
many as a quarter may be imperiled, principally though loss of tropical forest.
Our overall task is thus one of triage, choosing areas and themes that will
enable us to conserve the most with the minimum of resources. Of course, ‘the
most’ is shrouded in mist. We have to peer carefully into this haze and carefully
define our conservation goals. Then, with a little, we can conserve a lot, both
the irreplaceable present (an ecological goal) while also providing for the fu-
ture, so enabling evolution. Much of this conservation will be for our own
good (e.g. preservation of pollinators, maintenance of soil quality), but much
should also be driven out of the goodness of our own hearts, by recognizing
nature’s intrinsic value.

This compilation of peer-reviewed papers, drawn from researchers around
the world, provides insight into a huge range of different aspects of arthropod
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diversity and its conservation; as much a celebration of the diversity of ar-
thropod biologies as arthropod diversity itself. These papers are not on any
single theme, but reflect some of the exciting new research taking place, and
also in some of the most biodiverse corners of the planet. We hope these studies
will stimulate further research in this wonderfully complex and fascinating
field, with its important mission.

MICHAEL J. SAMWAYS

Department of Entomology and Centre for Agricultural Biodiversity,
University of Stellenbosch,

Private Bag X1,

7602 Matieland,

South Africa.

E-mail: samways@sun.ac.za
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Abstract. Arthropod assemblages were examined in Lama forest reserve, a protected area situated in
the Dahomey gap, southern Benin, composed of plantations, degraded forest and remnants of natural
forest. The objectives were to compare assemblages in relation to forest type and use, to elucidate the
value of forest plantations for biodiversity conservation and to identify indicator species for specific
forest habitats. Arthropods were collected over an 11-month period, using standardized sets of traps
(pitfall, emergence, Malaise and flight intercept traps). Nine different habitats were studied, including
natural and degraded forest, forest plantations (Tectona grandis and Senna siamea) of different age,
and isolated forest fragments. Our analysis focused on detritivorous and xylophagous arthropods but
also included ground beetles and heteropterans, totalling 393 species. We found no differences in
species richness among natural and degraded forest habitats in the centre of the reserve (Noyau
central). Outside of the Noyau central, species richness was highest in old teak plantations and isolated
forest fragments and lowest in young teak and fuelwood plantations. Detrended correspondence
analysis (DCA) separated three main groups: (1) natural forest, (2) degraded forest and young
plantations, and (3) old plantations and isolated forest fragments. Multiple regression of DCA scores
of the first two axes on environmental variables identified one natural and three disturbance-related
predictors of arthropod assemblages in Lama forest: soil type (texture), canopy height, naturalness
(proportion of Guineo-Congolian plant species) and understorey vegetation cover. We identified 15
indicator species for six different forest habitats. The highest numbers were found in abandoned
settlements and old teak plantations. f-diversity was similar among the three DCA ordination groups
(degraded forest excluded). Values for f-diversity were relatively high, suggesting that all major forest
habitats contribute significantly to regional species pools and should therefore be protected. To
enhance arthropod diversity, we propose that management practices in Lama forest should aim to
encourage the development of species-rich understorey vegetation of the Guineo-Congolian phyto-
geographical region.

Introduction

West African forests are listed among the 25 hotspots considered as priority
areas for biodiversity conservation (Myers et al. 2000). At the same time, there
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is consensus that secondary forests are becoming increasingly important for
biodiversity conservation (Zapfack et al. 2002; Gemerden et al. 2003), and that
the contribution of forest plantations to the conservation of tropical forests
must be evaluated.

Forest plantations are extending world-wide. Since 1990, the area planted
has quadrupled. In Africa, plantations account for only 1.2% of the total
forest cover (FAO 2000), but the proportion in Benin is relatively high
(4.2%). Forest plantations provide a range of forest products on a relatively
limited land surface, and can therefore contribute to reducing deforestation
and degradation of natural forests (FAO 2001). Being a man-made type of
forest, plantations are considered to support low biodiversity and hence be
of little interest for biodiversity research and conservation. Thus, only few
studies on the biodiversity in tropical forest plantations have been com-
pleted to date (e.g. Watt et al. 1997; Lawton et al. 1998; Davis et al. 2001).
These studies showed that forest plantations are not necessarily ‘biodiversity
deserts’ (Speight and Wylie 2001) but that they can support a rich and
varied fauna. The importance of tropical forest plantations for the conser-
vation of wildlife and as nuclei for natural forest regeneration has been
demonstrated in Madagascar (Goodman et al. 1996), Sri Lanka (Ashton
et al. 1993), Thailand (Elliott et al. 1998) and Australia (Tucker and
Murphy 1997).

Several authors studied the response of insects (ants, termites, moths, dung
and carrion beetles) to the degradation of tropical forests (e.g. Nummelin and
Hanski 1989; Holloway et al. 1992; Vasconcelos et al. 2000; Eggleton et al.
2002). These studies showed that the composition and species richness of
arthropod assemblages vary depending on disturbance levels, regional species
pools and the spatial and temporal scale of the study. However, little infor-
mation is available on the effects of different forest management regimes on the
composition of arthropod assemblages in West Africa.

As one of the last remnants of natural forest within the Dahomey gap
(Ballouche et al. 2000), and an important refuge for several endangered
plants and animals, Lama forest reserve is of key concern for biodiversity
conservation in Benin. Only few studies have been conducted so far, the
majority focusing on natural forest. Despite their larger size, degraded
forests and forest plantations have received little attention. With the
exception of litter-dwelling arthropods (Attignon et al. 2004) and butterflies
(Fermon et al. 2001), arthropod assemblages have not been well studied, let
alone surveyed in different habitat types and successional stages of forest in
the reserve.

The goal of the present study was to enhance the scientific understanding of
the Lama forest arthropod fauna as a basis for improved, conservation-ori-
ented forest management. The specific objectives were (1) to compare arthro-
pod diversity and assemblages in the principal forest types of Lama forest, (2)
to assess the value of forest plantations for biodiversity conservation and (3) to
identify indicator taxa for specific forest habitats.



Materials and methods
Study site

The Lama forest reserve is situated about 80 km north of Cotonou (6°55.8" to
6°58.8’N and 2°4.2’ to 2°10.8’E), covering an area of 16,250 ha in a shallow
depression between the Allada and Abomey plateaus. The forest is located in
the Dahomey gap, a low rainfall zone separating the western and eastern part
of the humid Guineo-Congolian evergreen and semi-evergreen forests of West
and West-central Africa (White 1983). The climate is relatively dry (ca.

1200 mm rainfall), with a pronounced dry season from November to March

(Sayer et al. 1992). The prevailing soils are hydromorphic vertisols rich

in nutrients and clay, as well as sandy ferralsols. The natural vegetation is a

semi-deciduous forest, belonging to the drier peripheral semi-evergreen

Guineo-Congolian rain forest system (White 1983).

Despite having been legally protected since 1946, deforestation for agricul-
ture in Lama forest continued until 1988, leading to the reduction of natural
forest cover from 11000 to 1900 ha. Since then, a central part covering
4800 ha, the so-called Noyau central, lies under strict protection. Peasants
living in the Noyau central were resettled in nearby agroforestry schemes.
Reflecting the traditional farming system, the Noyau central is composed of a
small-scale mosaic of natural and degraded forest patches of variable size and
successional stages (Specht 2002). The Noyau central is surrounded by young
and old teak plantations (7000 ha, Tectona grandis) and fuelwood plantations
(2400 ha, mainly Senna siamea, interspersed with 7. grandis, and a few stands
of Acacia auriculiformis) (Figure 1). The present study focused on nine dif-
ferent forest types representing all major habitats within the reserve boundaries
plus a few forest remnants outside of the reserve. Five forest types were
situated within the Noyau central and four outside:

1. Semi-deciduous forest (1937 ha) is dominated by tree species such as Afzelia
africana, Ceiba pentandra, Dialium guineense, Diospyros mespiliformis,
Drypetes floribunda, Celtis brownii, Mimusops andongensis. The understorey
vegetation can be dense and canopy height reaches 16-21 m (Table 1).

2. Cynometra megalophylla lowland forest (<100 ha) grows in seasonally
flooded areas. This forest is characterized by C. megalophylla and other
plants adapted to seasonal flooding. The understorey vegetation is usually
less dense than in semi-deciduous forest.

3. Anogeissus leiocarpa dry forest (1222 ha) is a secondary forest developing on
former slash-and-burn patches. A. leiocarpus can reach 20 m in height and
promotes the establishment of shade-tolerant plants.

4. Abandoned settlements (166 ha) of the resettled population present a
characteristic vegetation type composed of cultivated trees such as oil palm
(Elaeis guineensis) and guava (Psidium guajava), and secondary regrowth.

5. Perennial Chromolaena odorata thicket (1452 ha) grows on former farm-
land. C. odorata is an alien, invasive species of neotropical origin
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Figure 1. Schematic view of Lama forest reserve. NC, Noyau central, T, Teak plantations; FP,
Fuelwood plantations; S, Settlements; IF, Isolated forest fragments (the latter not to scale).

encroaching open-canopy forest patches, clearings, as well as fallow land. It
is rapidly shaded out if the forest canopy cover exceeds about 40%.

6. Young teak plantations (7200 ha) were planted between 1985 and 1995 on
vertisol around the Noyau central.

7. Old teak plantations (2200 ha) were planted between 1955 and 1965 on
sandy ferralsol (transition between vertisols in the valley and ferralitic soils
on the surrounding plateaus).

8. Fuelwood plantations (2400 ha) were planted between 1988 and 1996. They
are composed of S. siamea, T. grandis and A. auriculiformis.

9. Most isolated forest fragments are located outside of the reserve. These
widely scattered sacred groves are embedded in a matrix of farmland and
degraded savannah. They are used as ceremonial places and remain in a
relatively natural state. The remnants are usually very small (1-2 ha).
Sampling sites were selected according to three criteria: (1) spatial repre-

sentativeness, (2) patch size and (3) accessibility. Each forest type was repre-

sented by four replicates. Thus, the total number of sites was 36 (Table 1).

Distances between sites of the same forest type ranged from 0.3 to 19.0 km.

A minimum distance of 20 m (small patches) or 50 m (large patches) was

maintained between sampling sites and patch borders.



Table 1.

Site characteristics of the forest types studied in Lama forest.

Classified forest

Inside of the Noyau central

Outside of the Noyau Central

Sacred grove

Forest type: Semi- Lowland A. leiocarpa  Abandoned C. odorata  Young teak Old teak Fuelwood Isolated forest
deciduous forest dry forest settlements  thicket plantations  plantations plantations fragments
forest

Forest code: SF1-4 LF1-4 DF1-4 AS1-4 CT1-4 YT1-4 OT1-4 FP1-4 IF1-4

Soil type Vertisol Vertisol Vertisol Vertisol Vertisol Vertisol S. ferralsol ~ Vertisol® S. ferralsol®

% clay™ 75 (45-75) 75 75 75 75 60 (45-75) 11 (8-15) 35 (8-75) 25 (15-45)

Naturalness (%)" 67 67 23 23 23 13 36 20 48

Nearest distance to 0.0 0.0 0.75 0.10 0.08 0.98 3.80 4.90 3.28

natural forest (km)™ (0.05-0.10)  (0.05-0.20)  (0.05-0.20)  (0.20-2.20)  (2.50-6.40)  (4.30-5.70)  (1.90-7.00)

Temperature (°C)¢ 259 25.0¢ 26.9 27.0° 26.5 26.8 27.4 27.2 26.6

Min-Max 24.1-28.9 24.0-26.5 24.5-30.4 25.2-29.3 24.7-29.3 24.8-30.3 25.4-30.6 25.2-28.6 24.5-29.7

Relative humidity (%)® 92.2 94.3¢ 85.2 86.2° 86.2 86.8 84.5 83.5 85.6

Min-Max 81.0-99.0 90.3-98.1 72.9-94.1 78.6-95.4 76.1-93.4 73.8-95.3 73.6-91.9 75.6-91.5 75.2-93.4

Tree cover (%)™ 55 (50-67) 69 (65-80) 60 (48-65) 55 (55-77) 12 (3-45) 78 (65-85) 67 (47-72) 63 (55-65) 55 (40-72)

Canopy height (m)™ 17.5 (16-21) 21.0 (21-23) 17.5(16-20) 17.0 (15-19) 20.0 (8-25) 18.5 (13-21) 24.0 (22-26) 14.0 (12-20) 24.5 (18-28)

Tree species richness™ 7 (6-8) 6 (4-11) 7 (6-10) 7 (6-10) 8 (5-14) 2 (2-3) 1 (1-2) 2 (2-5) 9 (8-11)

UV cover (%)™ 83 (37-92) 68 (55-75)  75(29-90) 72 (45-80) 81 (17-97) 20 (8-30) 35 (27-75) 66 (45-70) 85 (65-97)

UV height (m)™ 1.3 (1.0-1.5) 1.5(1.4-1.5) 1.1(1.0-1.3) 1.0(0.9-1.4) 1.2(0.7-1.3) 1.0 (0.5-1.3) 1.4 (1.3-14) 1.3(1.2-1.4) 1.5(1.2-1.5)

UV species richness™ 35(28-52)  45(30-47) 42(29-52) 38 (28-43) 23 (14-40) 42 (21-45)  35(34-37) 36 (17-40) 49 (41-63)

“Dominance of plant species of the Guineo-Congolian phytogeographic type.
"Except FP4 (sandy vertisol).

“Except IF4 (vertisol).

9Measured on only one site per forest type (monthly average).
fNovember—March not available.
fAugust-November not available.

MMedian (range); S. ferralsol = Sandy ferralsol; UV = Understorey vegetation.



A botanical survey was also conducted within the scope of our study, using
the Braun—Blanquet system. Two hundred ninety plant species in 77 families
were sampled (unpublished data).

Sampling methods

On each site, we installed an equal number of sampling devices, comprising
(1) three funnel pitfall traps, each consisting of a collecting jar inside a
plastic sleeve, an 11 cm diameter funnel and a transparent plastic roof
20 cm in diameter (Southwood 1978), (2) one Malaise trap (after Townes
1972) with a 1.5 m* black vertical mesh panel, (3) one flight intercept trap
intercepting insects flying between 1.0 and 1.5 m above the ground, con-
sisting of two crossed black vertical mesh panels, each measuring 0.25 m?
(0.5 x0.5m), and top and bottom funnels 50 cm in diameter (Wilkening
et al. 1981), and (4) one pyramid-shaped emergence trap (ground photo-
eclector) covering an area of 0.75 m* (= 0.86 x 0.86 m), equipped with a
collecting jar on the top and one pitfall trap (Miihlenberg 1993). The traps
were spaced out along 30 m north—south transects. The placement design
was similar at all sites. We used formalin (0.5%) as a preservative, adding
some detergent to lower the surface tension. A preliminary 2-week sampling
was conducted in May 2001 to establish the methodology. The sampling
period for the present study was 1 week per month from June 2001 to April
2002. Specimens were sorted, counted, labelled and stored in alcohol (75%)
for later identification.

Sorting scope and identification

Among the wide range of invertebrates sampled, we focused on detritivorous
and xylophagous arthropods because of their important role in nutrient cycling
in forest ecosystems (Didham et al. 1996). These taxa comprised 14 coleopteran
families, as well as representatives of Isoptera, Diplopoda and Isopoda. We
also included epigeal predators (Carabidae and Chilopoda), omnivorous bee-
tles (Tenebrionidae) and both herbivorous and predatory bugs (Heteroptera).
These additional taxa were retained for a more comprehensive characterization
of arthropod assemblages and because some have been used as representative
indicators in previous biodiversity assessments (Duelli and Obrist 1998; Giulio
et al. 2001; Rainio and Niemeld 2003).

All arthropods were first sorted to ‘morphospecies’ (sensu New 1998) and
then taxonomically identified at the International Institute of Tropical
Agriculture (IITA) in Benin. Voucher specimens were deposited at the IITA
Biodiversity Center and partly at the Museum of Natural History, Basel,
Switzerland. The analysis was done at the morphospecies level for taxa with
difficult taxonomy (e.g. most Diplopoda).



Environmental variables

Soils were classified according to the FAO system (FAO-UNESCO 1974), and
the percentage of clay (soil texture) was estimated by touch. Temperature (°C)
and relative humidity (RH) were recorded every hour from April 2002 to
March 2003, using one data logger (Hobo Pro RH/Temp) per forest type.
Loggers were attached to tree trunks about 1 m above ground level. The
naturalness (sensu Angermeier 1999) of the different forest types was calculated
based on the proportion of plant species belonging to the Guineo-Congolian
phytogeographical region. We also determined cover, height and species
richness of the main vegetation strata (Table 1). The nearest distance between
sampling sites and natural forest patches was measured with a geographic
information system (ArcView 3.1), using the vegetation map of Specht (2002)
(Table 1).

Measures of diversity

We used species richness as a measure of a-diversity (the number of species
within a habitat). S-diversity (the degree of change in species composition
between habitats) was evaluated for selected groups of forest habitats
according to Whittaker’s formula f,, = y/a, where y is the species pool within a
group of habitats (y-diversity) and & is the average number of species per site
(Whittaker 1960).

Data analysis

We used the total catch per taxon and per sampling site for statistical analyses.
This was done by pooling specimens from all sampling periods and traps within
sampling sites.

One-way analysis of variance (ANOVA) was conducted to test differences in
arthropod assemblages among forest types (Zar 1999), followed by Bonferroni
multiple comparison of means. In view of an unfavourable ratio between factor
levels (n = 9) and replicates (n = 4), we also performed a post hoc power
analysis (SPSS 12.0).

To determine the similarity of forest types based on their arthropod
assemblages, we performed detrended correspondence analysis (DCA) (Hill
and Gauch 1980), using PC-ORD 4.27 (McCune and Mefford 1999). Abun-
dances of species rarer than F,,,/5 (Where F,.x is the frequency of the most
common species) were down-weighted in proportion to their frequency. Axes
were rescaled with a threshold of zero, and the number of segments was set to
26 (default). Reciprocal averaging (RA), also known as correspondence anal-
ysis, revealed the same grouping, but DCA was preferred because it squashed
the arch effect associated with RA and corrected the compression of the axis
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ends. The proportion of variance represented by the ordination axes was cal-
culated according to an after-the-fact method, using the relative Euclidean
distance (McCune and Mefford 1999). Stepwise multiple regression with for-
ward selection (SPSS 12.0) was conducted to relate DCA ordination scores of
the first two axes to the environmental variables listed in Table 1.

A hierarchical cluster analysis based on presence/absence data was employed
to distinguish groups of sites in the DCA ordination plot (SPSS, 12.0, settings:
Ward’s method, squared Euclidean distance). Clusters were grouped in prob-
ability ellipses whose axes are proportional in length to a specified percentage of
the x and y coordinates (Jennrich and Turner 1969). The inclusion probability
was set to p = 0.90. Computation of the ellipses was done with ArcView 3.1.

We used Mantel tests to evaluate the relationship between arthropod
assemblages and the distance to the nearest natural forest patch (Mantel 1967).
These tests were performed with PC-ORD 4.27 (McCune and Mefford 1999),
using binary data (Serensen distance) and Monte Carlo randomization (1000
runs).

Indicator species

Indicator species for the different forest types were determined according to
Dufréne and Legendre (1997). The method combines data on the frequency of
occurrence (faithfulness) and relative abundance (concentration) of species in a
particular habitat. The significance of indicator values was tested using Monte
Carlo randomization (1000 runs). The threshold level for the indicator value
was 25%. This implies that the frequency of occurrence of a species indicative
of a particular habitat must be >50%, and its relative abundance therein >50%
of its total abundance at all sites (Dufréne and Legendre 1997). The signifi-
cance level was p < 0.01, as proposed by the authors. The analysis was per-
formed with PC-ORD 4.27 (McCune and Mefford 1999). Note that indicator
organisms may include both species restricted to a certain habitat and those
more widely distributed yet especially abundant in a particular type of forest.

Estimation of true species richness

True species richness was estimated by computing the abundance-based cov-
erage estimator (ACE) and the incidence-based coverage estimator ICE (1000
runs) for the eleven collecting periods, using EstimateS 6.0 (Colwell 1997). The
ACE is based on species with < 10 individuals in the sample (Chao et al. 1993).
The corresponding ICE, likewise, is based on species found in < 10 sampling
sites (Lee and Chao 1994). These estimations were the most appropriate for our
data set which was characterized by a large number of singletons (species
occurring with one individual only) and uniques (species occurring in one
sample only).
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Results

A total of 9431 specimens belonged to the taxonomic groups examined in the
present study, representing 393 species (Appendix 1). More than one third of
all species were singletons, and only 14 were collected in all forest types.
Seventy one percent (ACE) and 66% (ICE) of the estimated true species
number were sampled.

Coleoptera

We collected 264 species in 16 families of Coleoptera, representing 67% of the
total number of species and 58% (5499 specimens) of the total number of
arthropods included in the analysis. Except for carabids, the high number of
specimens was due to a few very abundant species. Of 37 scarabaeid species, six
represented over 63% of all specimens. One of 17 species of Elateridae rep-
resented 97% of the total catch in this family, and one of 12 species of Sco-
lytidae 58% of the total catch. All but one scarabaeid species of the dominant
taxa were found in all forest types. Thirty eight percent of all coleopteran
species were singletons. Most coleopterans were collected in isolated forest
fragments (111 species, 42% of all coleopterans) and old teak plantations (94
species, 36%), and the smallest number in young teak plantations (64 species,
24%) and fuelwood plantations (59 species, 22%). Forest types within the
Noyau central had about the same number of coleopteran species, with an
average of 81 + 1 species (mean + SE).

Heteroptera

Within 15 families of Heteroptera, we found 75 species (19% of the total
number of arthropod species analyzed) and 558 specimens (6% of the total
catch analyzed). Forty-one percent of the Reduviidae (22 species) and 54% of
the Lygaeidae (17 species) were represented by three species only. One of five
species of Alydidae made up 95% of the total catch for this family. More than
41% of all heteropterans were singletons. Species numbers were highest in
isolated forest fragments (32 species) and lowest in semi-deciduous forest (13
species). The other forest types within the Noyau central presented an average
species number of 23 + | (mean £ SE).

Chilopoda, Isopoda, Diplopoda and Isoptera
For the classes Isopoda, Diplopoda and Chilopoda and for the order Isoptera,

the analysis was performed at the morphospecies level. Forty eight percent of
all Diplopoda (27 species) were represented by only one species occurring in all



12

forest types. Two of 14 species of Isopoda made up 52% of the total catch
of this taxon. Only six species of Isoptera were sampled, with one species
representing 96% of all specimens.

Arthropod diversity

Despite the unfavourable ratio between factor levels and replicates, the sta-
tistical power of the analyses of variance was satisfactory (0.996). Differences
in species richness among forest types were significant at p < 0.001
(Fgo7 = 5.76). Isolated forest fragments and old teak plantations showed the
highest number of species (Figure 2), with an average of 71 = 5 and 67 £+ 2
species, respectively (mean + SE). Species richness was lowest in young teak
(40 £ 6) and fuelwood plantations (43 + 6). Natural and degraded forest in
the Noyau central had intermediate levels of species richness, ranging from
50 £ 2in C. megalophylla lowland forest to 57 + 2 in abandoned settlements.
Statistically significant differences were found between young plantations (teak
and fuelwood) and old teak plantations or isolated forest fragments (Figure 2).

p-diversity of arthropod assemblages was computed for the three habitat
(site) groups obtained by the DCA ordination (see below). Two of these groups
(group one and three, Figure 3) contained two forest types each, including all
old-growth forests, and one group (group two) the remaining forest types. Of
these, we selected young teak and fuelwood plantations as representatives of
young-growth forest. Because some groups comprised only three of the four
replicate sites per forest type, we randomly excluded one replicate site of each
complete sample to achieve an equal number of sites per group which is a
prerequisite for comparing fy-diversity. Thus, each group contained three
replicate sites of two different forest types (n = 6). p-diversity was very similar
among these three groups of forest habitats, ranging from f,, = 2.8 in group
three (old teak plantations and isolated forest fragments) and fy, = 3.1 in

ab ab ab ab ab b a b a

SF LF DF AS CT YT OT FP |IF

Figure 2. Species richness in nine different forest habitats in Lama forest. Bars show means + SE
(n = 4). SF, Semi-deciduous forest; LF, C. megalophylla lowland forest; DF, A. leiocarpa dry
forest; AS, Abandoned settlements; CT, C. odorata thicket; YT, Young teak plantations; OT, Old
teak plantations; FP, Fuelwood plantations; IF, Isolated forest fragments. Means marked with
different letters are significantly different at p < 0.05.
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Figure 3. Detrended correspondence analysis (DCA) of sampling sites in species space proportion
of variance. Groups 1, 2 and 3 are defined by probability ellipses (p = 90%). 1, Semi-deciduous
forest; 2, C. megalophylla lowland forest; 3, A. leiocarpa dry forest; 4, Abandoned settlements; 5,
C. odorata thicket; 6, Young teak plantations; 7, Old teak plantations; 8, Fuelwood plantations;
9, Isolated forest fragments.

group two (young teak and fuelwood plantations) to f,, = 3.2 in group one
(semi-deciduous forest and C. megalophylla lowland forest).

Arthropod assemblages

DCA of sampling sites in species space revealed three distinct groups of
forest habitats: (1) natural forest, comprising semi-deciduous forest and
C. megalophylla lowland forest, (2) degraded forest and young plantations,
including A. leiocarpa dry forest, abandoned settlements, C. odorata thicket,
young teak plantations (all but one site) and fuelwood plantations (all but one
site), and (3) old teak plantations and isolated forest fragments (all but one site)
(Figure 3).

The proportion of variance represented by the first axis of the DCA ordi-
nation was 0.45. Multiple regression identified two significant predictors of
DCA axis one scores, soil texture and canopy height (F>33 = 76.6,
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R?> = 0.823, p < 0.001). The regression equation is:
Axis 1 = 78.3 — 1.6(PC) + 3.8(CH),

where PC = Percentage of clay and CH = Canopy height; ¢-values for the
partial regression coefficients were —9.0 (p < 0.001) and 3.6 (p = 0.001),
respectively, indicating that soil texture was the major explanatory variable in
this model.

The proportion of variance represented by the second axis was 0.10. DCA
axis two scores were also best predicted by two variables only, naturalness and
understorey cover (F,33 = 49.7, R> = 0.751, p < 0.001). For the second axis,
the regression equation is:

Axis 2 = 26.8 +2.3(PG) — 0.6(PU),

where PG = Percentage of Guineo-Congolian plant species and PU = Per-
centage of understorey vegetation cover; r-values for the partial regression
coefficients were 10.0 (p < 0.001) and —3.3 (p = 0.002), respectively. Thus,
naturalness was the more important explanatory variable.

The remaining environmental variables listed in Table 1 had no significant
effect on the ordination scores.

Mantel tests revealed that arthropod assemblages of replicate sites within
young teak and fuelwood plantations were not correlated with the distance to
the nearest natural forest patches (r¢ = 0.436, p = 0.260 and r,=0.533,
p = 0.169, respectively).

Indicator species

We identified 15 indicator species for six different forest habitats, ranging from
one to five species per forest type (Table 2). No indicators were found for dry
forest, C. odorata thicket and young teak plantations. The indicators included
11 species of Coleoptera, two species of Isopoda and one species each
of Diplopoda and Heteroptera. Most indicator species were recorded for
abandoned settlements (n = 4) and old teak plantations (n = 5).

Discussion
Arthropod diversity

Against our expectations, o-diversity was similar among the different forest
types within the Noyau central. We would have expected lower species richness
in disturbed habitats such as C. odorata thicket. However, not only was species
richness similar, but the similarity in species composition was also high,
ranging from 38% (C. odorata thicket versus lowland forest) to 58%
(C. odorata thicket versus dry forest) species in common (Lachat, unpublished
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Table 2. Indicator species sensu Dufréne and Legendre (1997) for Lama forest.

Indicator value (%) P

Semi-deciduous forest

Chlaenius (Chlaenites s.1.) sp. 80.0 0.001

(Carabidae, Chlaeniinae)

Scolytidae sp. 9 58.7 0.001
C. megalophylla lowland forest

Stenocoris southwoodi Ahmad, Alydidae 95.8 0.001
Abandoned settlement

Onthophagus sp. 1, Scarabaeidae 66.7 0.001

Onthophagus sp. 3, Scarabaeidae 54.8 0.003

Sisyphus sp. 1, Scarabaeidae 66.7 0.004

Elateridae sp. 3 31.1 0.007
Old teak plantations

Hoplolenus obesus (Murray, 1858) 72.2 0.001

(Carabidae, Oodini)

Trochalus sp. 1, Scarabaecidae 75.0 0.008

Trochalus sp. 2, Scarabaeidae 72.1 0.002

Tenebrionidae sp. 24 60.9 0.007

Diplopoda sp. 1 31.3 0.002
Fuelwood plantations

Isopoda, Eubelidae sp. 3 68.9 0.005

Isopoda, Eubelidae sp. 5 61.5 0.001
Isolated forest fragments

Tetragonoderus (s.str.) 87.5 0.001

quadrimaculatus Gory, 1833
(Carabidae, Cyclosomini)

No indicator species were found for A. leiocarpa dry forest, C. odorata thickets and young teak
plantations.

data). This suggests a high connectivity between natural, secondary and
degraded parts of the Noyau central whose spatial structure is characterized by
contiguous patches of variable size, sometimes covering less than 1 ha (Specht
2002). Moreover, forest cover was relatively high ( < 45%) even in degraded
patches, which would be expected to facilitate movements between forest
habitats. This is corroborated by observations in the Amazon which showed
that secondary growth reduces the barrier effect of cleared forest for forest
dung and carrion beetles (Klein 1989).

Our results confirm those of other studies that found no major difference in
species richness of arthropod assemblages between primary forest and sec-
ondary and/or degraded (logged) forest (e.g., Nummelin and Hanski 1989;
Holloway et al. 1992; Kalif et al. 2001).

Significant differences in species richness were found only among forest
habitats outside of the Noyau central (Figure 2). Notably, species richness in
old teak plantations was as high as in forest fragments and in the Noyau
central, which demonstrates the importance of old teak for arthropod diversity
conservation. The low species richness in young teak and fuelwood plantations
came as no surprise. These forests are more exposed to silvicultural practices.
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Moreover, despite a fire exclusion strategy adopted by the forestry authorities,
agricultural fires sometimes escape into young teak and fuelwood plantations.

p-diversity was similar between the three groups obtained by the DCA-
ordination (natural forest, young plantations, old plantations and isolated
forest fragments). Furthermore, f,-values were relatively high (2.8-3.2),
compared to a theoretical minimum of f,, = 1 (each species occurs on all sites)
and a maximum of f, = 6 (each species occurs on one site only) for n = 6
sites per group. f-diversity — hence species turnover — increases with increasing
spatial heterogeneity, resource selectivity and the diversity of refugia available
to rare species (Stanton 1979; Deshmukh 1986). From a conservation point of
view, high f-diversity implies that the preservation of diversity is most effective
if habitats are protected entirely.

The importance of plantations for biodiversity conservation

Several modifications to the design and management of tropical plantations
have been proposed that may enhance regional biodiversity without com-
promising economic benefits (reviewed in Lamb 1998). Among the various
approaches, two are pertinent to Lama forest: the establishment of planta-
tions in the vicinity of natural forest — which may act as a reservoir and
source of forest species — and the development of understorey vegetation. The
second option is only feasible for long-rotation sawlogs such as teak. The
growth of understorey vegetation and a concomitant increase in biodiversity
is enhanced by the selective harvesting of logs which creates gaps for plant
colonization. In Lama forest, this process seems to be supported by the fire
exclusion practice. Contrary to timber plantations, understorey development
is unlikely in short-rotation forests such as fuelwood plantations (Lamb
1998). Fuelwood in Lama forest is harvested at an age of 20 years or less.
These plantations obviously contribute less to biodiversity conservation, as
reflected by the low species richness found in our study. Even though, the
production of fuelwood itself may reduce the pressure on natural forest
resources.

The evidence provided in the present study shows that old teak plantations
are important habitats for forest species. This is supported by the presence of
typical forest specialists such as Paussus excavatus, P. liber and P. bicornis
(Carabidae, Paussinae). Similar observations were made in mature plantations
of endemic hardwood in Cameroon where butterfly assemblages were undis-
tinguishable from those found in natural forest (Stork et al. 2003). An elevated
arthropod diversity in old plantations may have consequences not only from a
biodiversity conservation but also from a pest management perspective. A high
degree of naturalness and/or close distance to natural forest may benefit
natural enemies of forest pests, thereby reducing the risk of infestations of
plantation forests (Speight and Wylie 2001).
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The distance between natural forest and sampling sites in young teak
plantations varied from 0.2 to 2.2 km, and the distance to sampling sites in
fuelwood plantations from 4.3 to 5.7 km. Thus, one might hypothesize that
assemblages within plantations differ depending on their distance to the nearest
natural forest patch. Yet, a border effect was dismissed on the basis of the
Mantel tests performed, suggesting that plantations adjacent to the Noyau
central may act as dispersal corridors. However, our study design was not
conceived to monitor movement pathways between forest patches.

Influence of environmental variables on arthropod assemblages

Arthropod assemblages in the different forest types were most strongly related
to soil type (DCA axis 1), a natural site character, and to naturalness of the
vegetation (DCA axis 2), an indicator of disturbance. The other two statisti-
cally significant explanatory variables were canopy height (DCA axis 1) and
understorey cover (DCA axis 2), representing disturbance indicators related to
land use and management.

Soil may have influenced arthropod assemblages in two ways. First, the pre-
vailing vertisols show distinct seasonal swelling—shrinking cycles. During the dry
season, they harden and form deep cracks. In the rainy season, they are saturated
with water, leading to flooding in depressions. This in turn might reduce the
habitat available to epigeal species not tolerating temporary flooding, forcing
them to retreat tomounds of the so-called gilgai micro relief (irregular land surface
with alternating mounds and depressions in areas with vertisol). To the contrary,
physical properties of the sandy ferralsols in old teak plantations and isolated
forest fragments do not change dramatically between seasons, and the soil may
offer suitable habitats throughout the year. Second, soil influences arthropods
indirectly by affecting the vegetation. However, ordination of our vegetation data
did not clearly segregate plant associations of forests stocking on vertisol and
ferralsol (Djego, unpublished data), suggesting that soil type had a more
pronounced influence on arthropod assemblages than on plant associations.

The importance of soil as a co-determinant of arthropod assemblages was
also evidenced by the sites plotted outside of the corresponding probability
ellipses in the DCA ordination (Figure 3). For example, the soil of one of the
fuelwood plantation sites (label 8) was a sandy vertisol. This site plotted next to
group three which also comprised sites on ferralsol. Likewise, the only isolated
forest fragment (label 9) located on vertisol — and being embedded in a matrix of
young teak plantations — was plotted together with group two sites, all of which
shared the same soil. The remaining environmental predictors of arthropod
assemblages in Lama forest (naturalness, canopy height, understorey vegetation
cover) are related to land use and silvicultural practices. Naturalness is an
indicator of human disturbance (clearing for agriculture, conversion to plan-
tation forests and other land uses). Highly disturbed parts of Lama forest have
a higher proportion of plant species with wide (sometimes pantropical)
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distribution, while Guineo-Congolian species dominate in less disturbed parts.
Naturalness increases not only from degraded to natural forest, but also from
young to old plantations. Unfortunately, little is known about the biogeogra-
phy of the arthropod species sampled, which makes it difficult to define
geographic types and to draw parallels with phytogeographic types.

Canopy height reflects a succession towards old-growth forest. The tallest
canopy trees were found in old teak plantations and isolated forest fragments
(cf., Table 1). The similarity in vegetation structure may have contributed to
the high similarity of arthropod assemblages among these forests.

The development of understorey vegetation is a characteristic of old-growth
stands (Lamb 1998). However, understorey cover in Lama forest was highly
variable within and among the different forest types (Table 1) and should
therefore be interpreted with caution. For example, disturbed, open-canopy
forests were often dominated by uniform C. odorata thicket, whereas a
diversity of native, shade-tolerant plants prevailed in closed-canopy forests
(Djego, unpublished data). Thus, understorey cover alone appears to be an
insufficient predictor of arthropod assemblages, but together with naturalness
it defines environmental conditions relevant to their composition.

Edge effects in old teak plantations and isolated forest fragments

In contrast to other studies (Didham et al. 1998; Barbosa and Marquet 2001),
the highest species richness was encountered in isolated forest fragments and
old teak. Moreover, the similarity of arthropod assemblages was high, despite
long distances among replicate sites (16—-19 km).

Another common trait of these forest types — apart from soil type and
naturalness — is their adjacency to open country (degraded savannah and/or
cropland). Forest edges are likely to attract arthropods from open landscape as
well as forest, thereby increasing overall species richness (Laurance et al. 2002).
Some forest species may even increase in abundance near edges, in particular
those adapted to the microclimate prevailing in open forest or treefall gaps
(Kapos 1989; Laurance et al. 2002). Such edge effects — along with the com-
bined effect of the four environmental explanatory variables — may explain the
high diversity and distinctiveness of arthropod assemblages in old teak
plantations and isolated forest fragments.

Indicator species

Indicator species have been defined as taxa that ‘mirror changes in a wider
array of groups as a consequence of environmental change’ or that ‘reflect
overall diversity and complexity of an assemblage’ (New 1998). The idea to
focus on indicator species is also owed to limitations in processing and iden-
tifying the huge numbers of samples typically collected during invertebrate
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surveys. The four most important criteria for choosing invertebrate indicators
are that they have a well-known taxonomy and ecology, are accessible to
sampling and respond to environmental changes (New 1998). Strictly speaking,
none of the species identified in the present study fulfils all of these criteria. At
this initial stage of research, they are therefore simply considered as species
characteristic of certain forest habitats. Their role as indicators of successional
changes requires validation in future monitoring programmes.

Notably, the highest numbers of indicators were found in abandoned set-
tlements and old teak plantations. This can be interpreted as an indication of
the importance of these two forest types to regional biodiversity.

Taxonomically, most species belong to the family Scarabaecidae (chafers,
Melolonthinae, and dung beetles, Scarabacinae). Dung beetles have often been
used as indicators because of their reliance on vertebrate dung or carrion and
their sensitivity to habitat disturbance (Klein 1989; Nummelin and Hanski
1989; Hill 1995). Carabidae are also well represented. While being common
indicators in temperate ecosystems, their suitability for tropical forests is as yet
not well established (Rainio and Niemeld 2003).

Conclusion

This study provides a first overview of the arthropod diversity in Lama forest
reserve, one of the last and largest vestiges of natural forest in southern Benin,
and highlights its importance for biodiversity conservation. No differences in
arthropod species richness were found among habitats within the Noyau
central, a small-scale mosaic of natural and degraded forest. However, great
differences were observed among forest plantations separating the Noyau
central from the matrix of agricultural land. We identified four environmental
variables as significant predictors of arthropod assemblages. Of these, soil type
is a natural factor promoting high species richness in old plantations and
isolated forest fragments. The remaining variables naturalness, understorey
cover and canopy height are related to silvicultural practices and are therefore
amenable to an improved, conservation-oriented forest management. To en-
hance arthropod diversity in Lama forest, we propose that management
practices should aim to encourage the development of species-rich understorey
vegetation of the Guineo-Congolian phytogeographical region. Animals higher
up the food chain, in particular insectivorous reptiles, birds and mammals, may
also benefit from increased arthropod diversity. In this respect, arthropod
conservation is not an end in itself but a contribution to overall biodiversity
conservation.
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Appendix 1. Arthropods included in the analysis, collected in Lama forest from 2001 to 2002.

Coleoptera Heteroptera Other arthropods

Family Species Individuals Singletons Family Species Individuals Singletons Group Species Individuals  Singletons
Carabidae 57 727 18 Reduviidae 22 114 7 Chilopoda 7 47 2
Scarabaeidae 37 1444 4 Lygaeidae 17 132 4 Diplopoda 27 1055 2
Cerambycidae 32 70 21 Pentatomidae 8 13 7 Isopoda 14 1885 1
Tenebrionidae 29 119 15 Coreidae 6 10 3 Isoptera 6 387 1
Erotylidae 24 135 8 Alydidae 5 200 1

Buprestidae 21 137 8 Plataspidae 5 28 1

Anthribidae 17 70 7 Aradidae 2 2 2

Elateridae 17 2211 7 Cydnidae 2 23 1

Scolytidae 12 522 1 Rhopalidae 2 2 2

Scaphidiidae 8 41 4 Pyrrhocoridae 1 9 0

Brentidae 4 4 4 Berytidae 1 1 1

Lycidae 2 13 0 Dinidoridae 1 2 0

Lyctidae 1 1 1 Largidae 1 20 0

Anobiidae 1 1 1 Miridae 1 1 1

Platypodidae 1 3 0 Tingidae 1 1 1

Bostrychidae 1 1 1

Total 264 5499 100 75 558 31 54 3374 6
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Abstract. The Pantanal is one of the faunistic provinces considered as a priority area for inverte-
brate conservation. However, it is one of the areas in Brazil where the local fauna is less assessed,
thus needing more scientific information that could allow political decisions to be made regarding
conservation. The continuous pressure for new pasture areas leads to improper habitat occupation
and destruction, like fragmentation of forest areas in the region. Such alterations can cause different
impacts on the local fauna, including the soil arthropods. The main objective of this work was to
compare the morphospecies composition, diversity and density of the soil arthropod fauna between
a secondary single species forest (Cambarazal) and a cultivated pasture with exotic and native grass
species, using only pitfall traps as sampling method. We found a great variation on the vegetal cover
among environments. A higher humidity in the forest soil was observed, as well as a greater com-
paction of the soil in the cultivated pasture. A total of 3635 individuals were collected, belonging to
214 different morphospecies. 139 morphospecies were collected in the forest (37% exclusive to this
environment), while 134 morphospecies were collected in the cultivated pasture (35% exclusive). The
diversity was higher in the forest (H” = 1.634) than in the cultivated pasture (H" = 1.253). How-
ever, considering the area as a whole (forest and pasture) the global diversity was increased. In this
paper we discuss about the effects of environmental changes on soil arthropod diversity and propose
a hypothetical model for invertebrate management in mosaic ecosystems.

Introduction

The Pantanal is a vast area dominated by a complex of flora and fauna often
called the Pantanal Complex (Rizzini 1997). The whole area is strongly influ-
enced by the rain regime that generates tidal cycles and the resulting floods
deposit nutrients through the silt deposits and organic detritus suspended in the
water. On top of some higher formations, called ‘cordilheiras’, there are fields
and forests never flooded before. In areas where the water runs relatively faster
there are huge fields with the dominance of grass that are mainly used by the
many cattle farms in the region. These fields are the native pastures. There is a
dominancy of vegetal species in some areas, creating vast conglomerations as
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the ‘Paratudal’, a grouping of Paratudo (Tabebuia aurea), and the ‘Cambara-
zal’, a grouping of Cambara (Vochysia divergens) (Rizzini 1997).

Nowadays, the native pastures are very important to the economy of the
Brazilian mid-west region, especially in the Cerrado areas. Native pastures
occupy around 39% of this environment area, which support a livestock of 66
million individuals or almost 40% of the national livestock (Filgueiras and
Wechsler 1992). It is expected that these numbers could increase to 210 million
by 2010 (Meirelles 1996). The Pantanal environment is not homogeneous, just
as its resources are not continuous. Therefore, native pastures could be
understood as a mosaic resource (Filgueiras and Wechsler 1992).

The continuous pressure for new pasture areas leads to improper habitat
occupation and destruction, like fragmentation of forest areas in the region,
generating direct species extinction (Garay and Dias 2001). In many cases,
deforestation occurs only by cutting down trees while in other cases it is pre-
ceded by intentional fires. Intentional fires are usual in the Cerrado region
where the farmers use fire as a tool to maintain their pasture fields and to
anticipate flowering, which usually occurs in the beginning of the rainy season.
However, fires can change the floristic cover, decreasing the proportion of
occupied amounts of trees and shrubs and increasing the herbaceous layer.
Such techniques can lead to soil degradation and the appearance of uncovered
areas, which strongly accelerates erosion (Silva 1996).

Most of the time, the objective of deforestation is the creation of cultivated
pasture fields (in some cases with exotic species of pasture grass), because
animal production in native pastures is much smaller than in cultivated fields
(Filgueiras and Wechsler 1992). However, the substitution of native with cul-
tivated pastures includes the intensive use of inputs, with high maintenance and
formation costs and also causes major ecosystem alterations. The introduction
of exotic species or the seed dispersion of invasive species on the pasture fields,
due to the continuous movement of the cattle between the two kinds of pas-
tures, are good examples of such alterations (Filgueiras and Wechsler 1992;
Primack and Rodrigues 2001).

Such alterations can cause different impacts on the local fauna, including the
soil arthropods. These communities are very special due to their role in nutrient
cycling and organic matter decomposition. These organisms are responsible for
the fragmentation of the accumulated litter derived from the surrounding vege-
tation and other available resources in the environment (Seastedt 1984; Moore et
al. 1991). The species composition and structure of the arthropod community
depend on many factors, such as the vegetation and soil type, local climate and
microhabitat diversity (Schowalter and Sabin 1991). Besides, the microarthro-
pod communities respond both in density and diversity to environmental chan-
ges. Such results could affect the decomposition process, thus altering the whole
functioning of a specific ecosystem (Richards 1974; Primavesi 1982; Silva 1996).

There are a few studies about Pantanal’s arthropods communities and these
studies focus mainly on arthropod—plant interactions. Butakka and Miyazaki
(1998) and Moretti et al. (2003) studied macrophytes-associated communities
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and Santos et al. (2003) communities that were associated with palms canopies.
Matthew et al. (2003) also studied interactions between ants (competition) and
between ants and phorids (parasitism). Except for the work of Santos et al.
(2003), which presents more detailed description of insect communities asso-
ciated with Attalea phalerata (Arecaceae), the majority of these studies did not
aim to describe the studied community and when so, taxonomic identifications
were some times restricted to an order level. Therefore, this paper presents new
data about soil arthropods communities of Pantanal Matogrossense.

Our main objective was to compare the morphospecies composition, diversity
and density of the soil arthropods fauna between a secondary single species forest
(Cambarazal) and a cultivated pasture with exotic and native grass species. The
existence of differences between humidity and soil compaction on different areas
and their possible relationship with the richness and diversity of the arthropods
morphospecies were also analyzed. In this paper we discuss about the effects of
environmental changes on soil arthropod diversity and propose a hypothetical
model for invertebrate management in mosaic ecosystems.

Methods
Study area

This work was carried out in August 2001 on the Retiro Novo farm, in the
Nossa Senhora do Livramento municipality, Mato Grosso, located in an area
called Pirizal (16°15’12” S and 56°22’12” W). There are two well defined sea-
sons in the region: the dry period, from April to September, and the rainy
period, from October to March, with a maximum rainfall corresponding to
1.300 mm. The temperature records show that the hottest month is January
(29 °C average temperature) and the coldest July (22 °C average temperature)
(Alho et al. 1987).

Procedures

Two study areas were compared. The first is the floodable Cambara forest or
Cambarazal, located on transitional areas between ‘murundum’ fields and
clean fields. This area is characterized by the predominance of the species
Vochysia divergens (Cambara) and cultivated pastures, with native and exotic
grass species introduced after fires and deforestation. The exotic species, Bra-
chiaria humidicola (Rend.) Schweich, is an perrenial, erect plant, native of East
Africa (Lorenzi 2000). It is readily eaten by cattle and is highly digestible, it has
high resistance to dry periods, humidity and trampling, and is very commonly
used on pasture fields.

In each area a 150 m linear transect was marked, on which 15 sampling
stations, 10 m apart from each other, were established. In each sampling
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station a pitfall trap was placed, which was made up of a 12 cm length and
9.5 cm diameter plastic receptacle, with openings at soil level. Each trap con-
tained saturated saline solution and some detergent drops, and was exposed for
a continuous period of 120 h.

To characterize the transect, an area of 4 m? was marked around each trap,
where the species composition of all trees, shrubs or grasses in the area were
assessed.

Soil samples were taken from five sampling stations sorted, at random, in
each transect. These samples were weighted in the field, put in plastic bags and
taken to the laboratory. In the laboratory the samples were dried at 70 °C for
48 h, and weighed again to measure soil humidity. The Student z-test was
performed to verify any significant differences between the percentages of soil
mass loss at each location. One soil sample on each sampling station was also
collected to perform a granulometric analysis. The grain classification followed
the Wentwhort scale, as proposed by Suguio (1973).

To estimate soil compaction, four measurements around each sampling
station were taken using a penetrometer. The significance between the differ-
ences found on the soil compaction, at each location, was tested using the
Student z-test. The average values of the soil penetration measures were
correlated with the richness and diversity using simple linear regression.

The organisms were sorted under a stereomicroscope, identified to the
possible taxonomic level and stored in 70% alcohol in the Laboratorio de
Ecologia e Comportamento de Insetos, Departamento de Biologia Geral,
Instituto de Ciéncias Biologicas at Universidade Federal de Minas Gerais.

The arthropods were sorted into morphospecies, counted and diverdity in-
dex calculated, using the Shannon-Weaner index (log;o) (Wolda 1981). For
such calculations the immature forms of insects were considered distinct
morphospecies (Ferreira and Marques 1998). The significance between the
differences found in the diversity values of the sampled stations was tested
using the Student #-test, modified by Hutchenson (Zar 1996). To visualize the
similarity between the traps in each transect and between the sampled stations,
we performed a cluster analysis based on the Jaccard similarity coefficient
values and average-medium amalgamation technique (UPGMA). Classifica-
tion of the families in trophic guilds was based on Borror and White (1970) and
White (1983).

The verification of the spatial distribution pattern, random or aggregated, of
each sampled morphospecies, was done using the Chi-Squared test (3°). All the
statistics analyses employed were based on Zar (1996).

Results

There was a great variation on the vegetal cover along transects, on species
composition and also on the structure of the environment. The forest transect
showed a greater number of plant species (Table 1), although there is a
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Family, species, common name, character and height of plants found in the forest and
cultivated pasture transects.

Site Family Species Common name Character ~ Height (m)
Forest Cecropiaceae  Cecropia Embatba Arboreous  4.0-7.0
pachystachya
Euphorbiaceae Mabea sp.1 Mamona-do-mato  Arboreous  4.0-8.0
Mabea sp.2 Mamona-do-mato  Arboreous  3.0-6.0
Alchornea discolor ~ Uva-brava Arboreous  4.0-7.0
Myrtaceae Eugenia sp. Pimenteirinha Shrub 1.0-4.0
Eugenia florida Jameldo do campo Arboreous  2.0-6.0
Campomanesia - Shrub 2.0-4.0
eugenioides
Rubiaceae Duroea sp. - Arboreous  3.0-6.0
Vochysiaceae  Vochysia divergens ~ Cambara Arboreous  5.0-18
Cultivated Cyperaceae Cyperus brevifolius  Junquinho Herbaceous 0.1-0.4
pasture Euphorbiaceae Phyllanthus tenellus Quebra-pedra Herbaceous 0.2-0.5
Fabaceae Desmodium discolor Amoroso Shrub 1.5-2.5
Onagraceae Ludwigia inclinata  Cruz-de-malta Herbaceous 0.6-1.2
Poacea Axonopus purpusii  Grama-tapete Herbaceous 0.1-0.3
Sterculiaceae Melochia arenosa Guanxuma Herbaceous 0.4-1.2

dominance of Vochysia divergens, and a great abundance of litter and other
elements (e.g., falling logs and sticks, manure). However, the transect in the
cultivated pasture showed homogeneity, with a vegetal cover composed
specially by grass and some pioneer species (Table 1).

The percentages of soil mass loss in the forest (X' = 22.24%) were signifi-
cantly higher than in the cultivated pasture (X = 12.24%) (¢t = 4.66,
p = 0.001), suggesting a higher humidity in the forest soil.

The granulometric analysis showed that in both arecas most of the soil is
composed of fine sand (0.125 mm sieve, 47.2%), followed by very fine sand
(0.063 mm sieve, 23.1%).

The soil penetration measures were significantly different in the forest
(X = 492 cm) than the cultivated pasture (X = 3.78 cm) (¢t = 5.41,
p < 0.001), which suggests a greater compaction of the soil in the pasture. No
correlation was observed between the richness or diversity of morphospecies
and the average values of soil penetration.

A total of 3635 individuals were collected, belonging to 214 morphospecies.
The cultivated pasture presented a significantly greater abundance of individuals
(n = 2435, 67%) than the forest (n = 1200, 33%) (Table 2). In the forest, 139
morphospecies were collected, from which 80 (37%) were exclusive to this
environment. However, in the cultivated pasture, a total of 134 morphospecies
were collected, from which 75 (35%) were exclusive to this environment. The
most abundant orders in both areas were Hymenoptera (n = 348 in the forest
and n = 972 in the cultivated pastures) and Collembola (n = 265 in the forest
andn = 883in the cultivated pastures). Only 59 (28% out of 214) morphospecies



Table 2. Richness, abundance and trophic guild of soil arthropod fauna sampled in the Forest and Cultivated Pasture. Obs.: unidentified species represented 8
by “ —".

Class Order Suborder or Family Trophic guild Site
superfamily

Forest Cultivated pasture

# Morpho # Ind. % Ind. # Morpho # Ind. % Ind.

Insecta Hymenoptera Apoidea Apidae Nectarivore 1 6 0.5 1 1 0.0
Halictidae Nectarivore 0 0 0.0 2 2 0.1

Chalcidoidea - Nectarivore (parasitoid) 7 30 2.5 0 0 0.0

Chrysidoidea Chrysididae Nectarivore (parasitoid) 0 0 0.0 1 1 0.0

- Nectarivore (parasitoid) 2 4 0.3 3 5 0.2

Ichneumonoidea Ichneumonidae ~ Nectarivore (parasitoid) 1 1 0.1 0 0 0.0

Scolioidea Formicidae Omnivore 6 288 24.0 11 957 39.3

Mutillidae Nectarivore 2 4 0.3 1 2 0.1

Vepoidea Vespidae Nectarivore (predator) 1 1 0.1 0 0 0.0

Pompilidae Nectarivore (predator) 0 0 0.0 1 1 0.0

- - - 3 14 1.2 2 3 0.1

Heteroptera ~ Cimicoidea Anthocoridae Predator 2 4 0.3 0 0 0.0
Reduvioidea Reduviidae Predator 1 1 0.1 0 0 0.0

- - Predator 1 3 0.3 0 0 0.0

Lepdoptera Noctuidoidea Noctuidae - 1 1 0.1 0 0 0.0
Homoptera Cicadoidea Cicadellidae Phytophagous 4 17 1.4 5 27 1.1
Delphacidae Phytophagous 0 0 0.0 1 4 0.2

- Phytophagous 1 2 0.2 1 1 0.0

Fulgoroidea Fulgoridae Phytophagous 1 1 0.1 0 0 0.0

- Phytophagous 1 1 0.1 1 8 0.3

- - Phytophagous 1 1 0.1 3 7 0.3

Ensifera Grylloidea Gryllidae Herbivore 1 13 1.1 4 48 2.0
Caelifera Acridoidea Acrididae Herbivore 1 2 0.2 1 2 0.1
Dictyoptera  Blattoidea Blattidae omnivore 2 3 0.3 2 3 0.1
Coleoptera Cucujoidea Nitidulidae Frugivore 3 89 7.4 0 0 0.0
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Table 2. Continued.

Class Order Suborder or  Family Trophic guild Site
superfamily Forest Cultivated pasture
# Morpho #1Ind. % Ind. # Morpho # Ind. % Ind.
Salticidae Predator 3 6 0.5 5 22 0.9
Gnaphosidae Predator 1 2 0.2 1 1 0.0
Araneidae Predator 1 1 0.1 1 1 0.0
Theridiidae Predator 1 1 0.1 2 2 0.1
Miturgidae Predator 1 1 0.1 1 1 0.0
Pisauridae Predator 1 2 0.2 0 0 0.0
Ctenidae Predator 1 2 0.2 0 0 0.0
Tetragnathidae  Predator 1 1 0.1 0 0 0.0
Hahniidae Predator 0 0 0.0 1 1 0.0
Oonopidae Predator 0 0 0.0 1 1 0.0
Oxyopidae Predator 0 0 0.0 1 1 0.0
Philodromidae  Predator 0 0 0.0 1 1 0.0
Zodariidae Predator 0 0 0.0 1 1 0.0
Acarina - - Scavenger/predator 12 54 4.5 9 116 4.8
Scorpionida - Bothriuridae Predator 0 0 0.0 1 2 0.1
Chilopoda  Scutigeromorpha — - Predator 1 1 0.1 0 0 0.0
TOTAL 139 1200 100.0 134 2435 100.0

[43
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were common to both environments. Therefore, although there is no significant
difference between the number of species (r = — 0.088, p = 0.930), the mor-
phospecies composition of both environments is very different.

The diversity of each environment was significantly different (¢ = 3.07,
p = 0.004) with higher diversity values for the forest (H* = 1.634) than for the
cultivated pasture (H’ = 1.253) (Figure 1). The cultivated pasture also pre-
sented a lower equitability value (E = 0.587) when compared to the forest
(E = 0.759). The cluster analysis showed a clear separation between the two
environments and also a low similarity between them (13%) (Figure 2).

The use of pitfall traps has the disadvantage that catch rate varies with the
nature of the surrounding vegetation. This is because, as with all trapping
techniques, catch rates are affected by invertebrate density and activity, and
vegetation in the vicinity of the trap impedes invertebrate movement. Fu-
thermore, pitfall traps also tend to catch proportionally more large (>3 mm
long) invertebrates (Sutherland 1996). This is a limitation of this study. Other
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Figure 1. Diversity (Shannon-Weaner) of soil arthropod fauna in each pitfall trap. (a) Forest and
(b) Cultivated Pasture.
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Figure 2. Cluster analysis of different pitfall traps placed in the Forest and Cultivated Pasture.
Obs.: PP =pasture pitfall and FP = forest pitfall.

limitations are the fact that this is a one year study, with no replication and
with one limited trapping period. Moreover, only one sampling method was
employed. However, pitfall trapping is probably the most commonly used
trapping method for studying invertebrates and catching very large numbers of
individuals with little effort (Sutherland 1996).

Most of the morphospecies collected in both environments are predators of
small arthropods. That includes solitary wasps (e.g., Vespidae, Pompilidae),
Heteroptera (e.g., Anthocoridae, Reduviidae), some Coleoptera (Staphylini-
dae, Carabidae), some Diptera (e.g., Empididae, Asilidae, Dolichopodidae),
some Acari and all spiders (e.g., Titanoecidae, Caponidae, Linyphiidae,
Lycosidae, Corinnidae, Salticidae, Gnaphosidae, Araneidae, Theridiidae, Mi-
turgidae, Pisauridae, Ctenidae, Tetragnathidae, Hahniidae, Oonopidae, Oxy-
opidae, Philodromidae, Zodariidae). Among these groups, the Heteroptera
occurred exclusively on the forest, such as the Asilidae, the chilopod (Scuti-
geromorpha) and some spider families (e.g., Titanoecidae, Canopidae, Pisau-
ridae, Ctenidae, Tetragnathidae). However, the scorpions (Bothriuridae), some
Diptera (Dolichopodidae) and spiders (e.g., Hahniidae, Oonopidae, Oxyopi-
dae, Philodromidae, Zodariidae) occurred only in the cultivated pasture.

The second more representative trophic guild in the study area is the detri-
tivores, that includes morphospecies of a Coleoptera family (Elateridae),
booklices (Trogiomorpha), springtails (e.g., Entomobryomorpha, Poduridae,
Sminthuridae), Acari and termites (Isoptera). Among the morphospecies
belonging to this guild, the termites occurred only in the cultivated pasture
while the Poduridae were exclusive to the forest.

The third trophic group with the highest number of morphospecies collected
is the herbivores, which includes the crickets (Gryllidae), grasshoppers
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(Acrididae) and most of the Coleoptera (e.g., Scolytidae, Curculionidae,
Chrysomelidae, Scarabaeidae, Lagriidae, Tenebrionidae). Among the herbi-
vore Coleoptera some morphospecies were collected only in the forest (Sco-
lytidae and Tenebrionidae). One morphospecies (Lagriidac) was reported only
in the cultivated pasture.

Most of the frugivores occurred in the forest, and that includes only some
Coleoptera morphospecies (Nitidulidae). Other frugivore beetles (Sacarabaei-
dae) occurred in both environments. Omnivore morphospecies occurred in
both environments and include roaches (Blattidae), Diptera from the Phoridae
family and ants (Formicidae). The phytophagous guild is made of some Dip-
tera (e.g., Culicidae, Ceratopogonidae) and all Homoptera (e.g., Cicadellidae,
Delphacidae, Fulgoridae). Some morphospecies occurred only in the cultivated
pasture (e.g., Ceratopogonidae, Delphacidae) while others only in the forest
(Fulgoridae).

The presence of nectivore arthropods is considered accidental, due to the fact
that all of them are not soil arthropods. This guild includes some Hymenoptera
(e.g., Apidae, Halictidae, Chalcidoidea, Chrysididae, Ichneumonidae). The
Chacidoidea were collected only in the forest while the Halictidae and the
Chysididae only in the cultivated pasture.

Most of the collected morphospecies showed a random pattern of spatial
distribution (n = 168, 77%) while 51 morphospecies (23%) showed an
aggregated pattern. These morphospecies belonged mainly to the following
orders: Collembola, Hymenoptera (Formicidae), Isoptera and Thysanoptera.
From the morphospecies that showed an aggregated pattern, 34 occurred in the
cultivated pasture while 31 occurred in the forest, with 15 morphospecies
common to both environments.

Discussion

The Pantanal Matogrossense is one of the Brazilian areas where the local fauna
is less assessed and that suffers a certain anthropogenic influence (up to 32%),
thus needing more scientific information that could allow political decisions to
be made regarding conservation (CI 1999).

Although Pantanal is one of the faunistic provinces considered as a priority
area to invertebrate conservation, only a few insect orders (Hymenoptera,
Lepidoptera and Isoptera) are well documented, not considering the ecological
processes (e.g., nutrient cycling) in which other invertebrate groups, like the
ones sampled in this study, are involved. Data presented here are unknown and
add important information about soil arthropod communities. Moreover, this
study discusses about effects of disturbances on the species richness and on the
composition of studied community. Besides, the studied area is classified as
‘anthropogenically influenced cerrado’, with no faunistic assessments (CI 1999)
or Conservation Units nearby. The spatial heterogeneity of this environment,
and consequently, its fragility (e.g., species can depend on one or two landscape
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elements to complete their life cycles) (Ingham and Samways 1996), magnifies
the impacts caused by fishing, agriculture and cattle-raising. Nowadays, these
activities have been gradually substituted by the intensive exploration and
deforestation of natural areas (CI 1999).

The natural recolonization of the deforested area by ecological succession
can be altered with the introduction of exotic species, by means of moving
native species through resource competition or by human management (Pri-
mack and Rodrigues 2001). Stopping or interrupting natural recolonization
can cause considerable alterations on the vegetal cover of the deforested arca
(Ramos and Rosa 1992), leading to a decrease in species richness and modi-
fications to species composition of the local vegetal community, as observed in
this study.

The low similarity of arthropod morphospecies reveals a clear substitution in
the faunistic composition between the vegetal formations. The difference in the
morphospecies composition of the communities is clearly observed in the
cluster analysis where all the pitfall traps placed in the forest were separated
from the ones in the pasture. This separation not only indicates a difference
between the morphospecies composition of a specific area, but also, indirectly,
differences between the two environments tested (Ramos and Rosa 1992).

The burning or/and removal of the vegetal cover destroy the organic matter,
diminish soil infiltration capacity, lead to erosion processes and laminar
hardening of the landscape (Goudie 1994; Silva 1996) compressing the soil, as
observed in this study. Although there were significant differences between soil
compaction and humidity in both environments, the fact that there was no
correlation with richness and diversity could be explained, mostly, by the
selectivity of the pitfall traps.

The high values of arthropod abundance found in the cultivated pasture
could be a result of the presence of ants. Although the proximity to a colony
can mask the data, similar results were found in an ant community on the
central Amazon, suggesting that in cultivated pastures, as well as in disturbed
areas, the abundance tends to increase (Vasconcelos 1999). However, some
groups like Diptera and Coleoptera presented higher abundance values in the
forest environment. These results were also found by Medri and Lopes (2001),
and appear to be related to the favorable microclimatic conditions and to a
greater resource demand.

The trophic web of the soil arthropods community in the sampled area is
composed mainly of herbivores and detritivores. This fact can be related to the
continuous contribution of the litter fall in both environments (especially in the
forest), leading to very high values of abundance for such organisms, which in
turn has a direct influence on predators. Therefore, the higher values of rich-
ness of spiders found in this study appear to be correlated to the higher re-
source availability in the environment. The relationship between the
abundance of predators and detritivore organisms was also observed by
Ferreira and Souza-Silva (2001). Formicidae is a very abundant group and
although it belongs to the omnivore trophic guild, spiders also consume it. It is
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also important to point out that some groups regarded as accidental (e.g.
wasps), play an important role on community structure. Adults of the orders
Pompilidae and Vespidae, for instance, are predators (larvae feed upon prey)
and Chalcidoidea, Chrysididae and Ichneumonidae are parasites.

The high diversity found in the forest is according to the theoretical expec-
tation that a higher structural diversity of the environment supports higher
species diversity (Pianka 1982). Forest environments, in general, provide di-
verse mirco-habitats which supports higher diversity of invertebrates, due to
their complex structure (Elton 1973; Ferreira and Marques 1998). However,
the cultivated pasture environment did not provide the same conditions to
permit the establishment of a similar fauna. This was also observed in other
comparative studies between cultivated Eucalyptus sp. forest and secondary
forest areas (Ferreira and Marques 1998).

In a smaller scale, the diversity of a specific area, forest or field, decreases
after the occurrence of negative environmental impacts (e.g., deforestation)
(Haskell 2000; Primack and Rodrigues 2001). However, considering the area as
a whole (impacted and non-impacted) the global diversity increases. This fact
occurs because the impact can be negative to some species, while to others it
creates additional conditions that can be used through out their life cycles
(Ingham and Samways 1996). It is known that the borders of a determined
habitat present higher number of species than the vegetation inside the habitat
due the variety of microhabitats (e.g., increased light levels, temperature,
humidity and wind) (Primack and Rodrigues 2001). Therefore, as observed in
this study, the diversity of the cultivated pasture area, established after the
removal of the forest, decreases. However, the total diversity of the area
increases.

This is possible in Pantanal because, as a transitional area, the region shows
a mosaic of terrestrial ecosystems, related mainly to the Cerrado and, partially
to the Amazon forest and also aquatic and semi-aquatic ecosystems (Rizzini
1991). Once fauna and flora are strongly related, this ecosystem also shows a
faunistic mosaic, with species from different environments such as the Cerrado,
the Amazon Forest and the Bolivian swamps. The result is the low endemism
observed in Pantanal. Therefore, the extinction and recolonization dynamics of
a specific area is strongly influenced by these characteristics. In a mosaic
environment, most of the species show a distribution pattern different from the
vegetation spots. Only a few species of phytophagous insects or the ones di-
rectly associated to the litter have their distribution strongly connected to the
vegetation (Ingham and Samways 1996). Pantanal species are more adapted to
a situation of constant environmental changes and show extreme plasticity of
their communities. If the conditions change, new species will appear structuring
a new ‘sketch’ of the community, proper to the new condition. This study
presents the readaptation of an important ecologic structural component: the
soil community. Ecosystems lacking such characteristics do not show this in-
crease in species numbers on a global scale, because recolonization with species
from other environments is reduced and few species proper to the environment
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adapt to the new situation. This would be the case of the Brazilian Atlantic
Forest, Amazon and Caatinga.

Based on such characteristics, the proposition of a management plan that
would promote the conservation of invertebrates is of great importance. Here
we propose a rotational model of succession areas, simulating three hypo-
thetical situations (Figure 3).

Recommendations
Situation I — Forest and cultivated pasture

In a property where there is a forest area and a cultivated pasture area we
recommend the establishment of a rotational model. The first step is to deforest
half of the remaining forested area, where a cultivated pasture will be imple-
mented. The second step is to establish a secondary succession area (A) in a
portion of the pasture area that already exists. Such procedure would lead to
an increase on the spatial heterogeneity of the area and an increase on the
global invertebrate diversity. In addition, there would be a greater possibility of
land use, since the trees in the succession area could be cut down, after a certain
growing period, and the wood used as fuel or in the production of furniture.
After that, this area would be converted back to a cultivated pasture and
another area would be left for secondary succession (B). The rotation would be
done in a way so that forest, cultivated pasture and successional area would
always exist in the ecosystem (C). The landowner would keep the same pasture
area, with less soil erosion and another income source with other uses for the
land (selling coal or wood). The forest fragment would always be conserved. It
would be necessary to establish a small corridor in area A that could allow the
passage of cattle. In B and C, the creation of the corridor is not necessary.
However, a continuous link between pastures and between the forest and the
successional area is generated. This would decrease the landscape mosaic and,
consequently, would not provide high diversity values, such as in A. So, the
diversity would oscillate in certain periods.

Situation II — Forest and natural pasture

In this situation the deforestation and/or burning of half the forested area is
recommended to create a cultivated or natural pasture. As a first option (1), it
could be implemented as a secondary succession area and a rotation model
(like the one proposed in Situation 1) in the natural pasture. With the imple-
mentation of the cultivated pasture, the spatial heterogeneity of invertebrates
would increase, since there would be four different environments on the eco-
system (forest, natural pasture, cultivated pasture and successional area). The
problem with the implementation of the cultivated pasture is the loss of the
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Figure 3. Hypothetical rotational model of succession areas for invertebrate conservation. Situ-
ations exposed by numbers: (I) Forest and cultivated pasture, (II) Forest and natural pasture, (III)
Forest and cultivated pasture. See text for explanations.

natural pasture, since plants from cultivated pasture grow faster and are better
competitors, with a faster establishment in the area. Still, the rotation model

would favor this loss.
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As a second option (2), after the removal of the forest, a natural pasture
could be established. This would demand more time, although it would keep
the vegetal cover of the area (with no introduction of exotic grass). After that,
the rotation model would be implemented as previously proposed. In both
cases, the landowner still has the same pasture area and also the possibility to
explore part of it differently (e.g., wood, coal). As in Situation 1, a portion of
the area would always be kept for conservation and the spatial heterogeneity
and global diversity of invertebrate would increase.

It is interesting to point out that since the rotation model functions the same
way, the diversity oscillation would also occur in both cases.

Situation III — Forest and cultivated pasture

In this situation a cultivated pasture could be created in the deforested area.
The management proposal is the creation of two areas of secondary succession
(A) in the pasture that previously existed. After that, a different rotation model
would be established. One of the succession areas would be cut down and one
pasture area would be destined to succession (B). Subsequently, these two areas
would alternate (C).

This kind of land use increases the contact surface between the two envi-
ronments (increasing border effects), the spatial heterogeneity and conse-
quently, the global diversity of invertebrates. In this situation there would be
no corridors in the landscape, avoiding the diversity oscillations. Also, it would
contribute to less soil erosion and to one more alternative to land exploration
in the area.

It is very important to emphasize that implementation of the proposed model
will have a positive impact on the conservation of invertebrates, however, its use
for vertebrates may lead to negative results. It is also relevant to point out that
the model is supported by the microspatial diversity hypothesis (MacArthur
and MacArthur 1961; Pianka 1966) which proposes that habitats which are
more diverse structurally will support more species, and that the results pre-
sented in this study corroborates this hypothesis. So, it is a theoretical supported
model which could be applied even with some survey limitations.

The faunistic mosaic of Pantanal presents very unique extinction and colo-
nization dynamics of the impacted areas, and also a great plasticity to adapt to
new conditions. Such facts should be considered in conservation and manage-
ment programs, because the limits between the impacted and non-impacted
areas are not clear and show a greater number of species than areas inside forests.
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Abstract. The regional distribution pattern of Bombus muscorum was studied in an agricultural
landscape of central Germany, one of two remaining areas with the occurrence of this nationally
endangered species in the Land Hesse. To determine the landscape characteristics that facilitate the
occurrence of B. muscorum, grid-based observation records were analysed in a GIS environment at
a regional scale. A significantly negative effect of the number of trees on the occurrence of
B. muscorum and a significantly positive one of the proportion of arable land, strongly support the
species’ preference for open landscapes. Yet, apart from open landscapes additional landscape
features were shown to be important. A significantly positive effect of ditches in the final model
revealed the importance of this landscape element for the occurrence of B. muscorum. This finding
was additionally supported by recordings of nest-searching queens, nests, and flower visits along
dithes. The positive effects of clover and fallow land indicate the species’ need for suitable food
resources throughout the season. Because B. muscorum exhibits small foraging ranges, it is essential
that landscape elements that provide nesting sites, foraging habitats and undisturbed hibernation
structures are next to each other. The low numbers of individuals of B. muscorum recorded indicate
that the supply of these habitat elements may have reached a critical threshold in the study region.

Introduction

Since the intensification of agriculture during the 1950s the hitherto positive
correlation between agricultural practices and species diversity became negative
(Stoate et al. 2001). Declines in number of species in agricultural landscapes have
been shown for plants and numerous animal groups (Sotherton and Self 1999).
Pollinators, one of the most important functional groups in the landscape, are
also negatively affected by modern agricultural techniques and the concurrent
landscape changes (Williams 1989; Osborne and Corbet 1994; Buchmann and
Nabhan 1996). In this regard, bumblebees are no exception; several species in
Europe show diminishing ranges and declines in numbers (Williams 1986; Ras-
mont 1988; Williams et al. 1991).
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The conversion from hay to silage production as well as the intensification of
grassland management (Stoate 1996) has reduced suitable habitats for bum-
blebees. Furthermore, continuing enlargement of arable fields results in
increasing fragmentation of remaining biotopes, such as hedgerows, field
boundaries, ditches or path margins. The composition of the landscape is being
severely altered (Meeus 1993), yet, the close proximity of certain habitats is
often essential for the survival of species in a given landscape. Especially in the
case of bumblebees, as central-place foragers, the spatial neighbourhood of
nesting sites and foraging habitats, as well as the existence of undisturbed
places for hibernation is essential (Svensson et al. 2000; Carvell 2002).

The maintenance of a diverse set of species within the taxon of bumblebees
(Bombus) is of great value, not only from a conservational point of view, but
also from an economical one. Besides many wild flowers, bumblebees pollinate
numerous cultivated crops (Free 1993; O’Toole 1993; Watanabe 1994).
Flowers with long corollas are especially dependent on the long-tongued spe-
cies of bumblebees, such as B. muscorum (Rasmont et al. 1993). Whereas
numerous studies have addressed foraging behaviour and distribution patterns
of bumblebees at a small scale, such as within and between patches of flowers
(Thomson 1996; Goverde et al. 2002), only recently has movement of bum-
blebees been studied at a landscape scale (Osborne et al. 1999; Walther-Hellwig
and Frankl 2000; Bhattacharya et al. 2003; Kreyer et al. 2004). Analysing the
effect of landscape structure on species richness and abundance of all species of
bumblebees together, Steffan-Dewenter et al. (2002) did not find any significant
result at neither spatial scale considered. However, it is highly probable that
bumblebee species display species-specific activity ranges (Walther-Hellwig and
Frankl 2000) and therefore react to the landscape structure at species-specific
spatial scales.

B. muscorum, a species showing small activity ranges (Walther-Hellwig and
Frankl 2000), occurs throughout Europe but disappeared from most of its
range in the UK (Goulson 2003 and references therein) and is listed as
endangered on the red list in Germany (Westrich et al. 1998).

The aim of the present study was to define the landscape characteristics that
facilitate the occurrence of the critically endangered species B. muscorum in the
‘Amoneburger Becken’. A geographic information system (GIS) was used to
analyse this intensively used agricultural landscape, accommodating one of the
remaining two verified populations of B. muscorum in the Land Hesse,
Germany (Frommer 2001; Tischendorf 2001).

Methods
Study area and sampling

The study was conducted in the ‘Amdneburger Becken’, a basin landscape near
Marburg, Hesse (Germany). Bumblebees were surveyed in an area of 60 km?
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(Gauss-Krueger coordinates of the centre point: 3492000, 5627500), ranging
from 200 to 305 m above sea level. Ditches and brooks drain this formerly wet
basin landscape, allowing for intensive agriculture on the predominant loess
soils in the area. Except for small villages often surrounded by orchards, the
landscape is open showing only few vertical landscape elements (Figure 1).

To create distribution maps of B. muscorum Reinig, a 1 km? grid was pro-
jected on the study area. Quadrats to be investigated were chosen systemati-
cally. In total, 31 out of 60 quadrats were sampled (Figure 2). Each of the
sample quadrats chosen was investigated on five dates.

On each observation date, 70 min were spent in a quadrat to search for
B. muscorum: spots of aggregated food resources were investigated for 30 min
altogether, preferably six different locations were sampled for 5 min each; the
remaining 40 min were available for the location of aggregated food resources
along linear landscape elements (e.g. road and field margins, hedges, ditches
and forest edges). Species name, sex, caste, and visited food resource as well as
the quadrant (0.5 km x 0.5 km) in which a bumblebee was encountered were
recorded during stationary observations and transect walks. Abundances were
noted during transect walks only, to avoid double counts. Walking distances
during the search for food resources were kept to around 3 km per quadrat and
investigation. Landscape elements checked for bumblebees differed in width
but showed a total width of around 2 m most of the time. All accessible linear

IEACS Land use types
k<1 [ Fields

[] Grassland
I Forest / Woods

Figure 1. General map of the study area ‘Amoéneburger Becken’ and distribution of main land use
types.
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Legend

. = not sampled

. = sampled, unoccupied

3 = sampled, occupied,
% numbers of B. muscorum
)‘ = not used for landscape
L analysis

0 1 2 3 4 5 Kilometers
I

Figure 2. Distribution patterns of Bombus muscorum within the ‘Amoneburger Becken’. Sampling
units are underlayed in grey; presence of Bombus muscorum is indicated by black colour. Digits
show abundances. Due to missing information for the landscape model, crossed sampling units
were not used for spatial analyses.

landscape elements were covered over the whole sampling period. All indi-
viduals assigned to the species B. muscorum were caught with an insect net and
checked for the absence of black hairs on the thorax to prevent mistake with
B. humilis.

The order of quadrats to be investigated was changed randomly. Sampling
took place from the beginning of June to the end of August 2001, between 0800
and 2000 h at temperatures above 12 °C on days without rain and stormy
wind.

Landscape-models and analysis

Intensive mapping of land use and landscape elements within the study area
during the years 1999 and 2000 (Walther-Hellwig 2001), as well as aerial
photographs from 1999, provided the landscape information used in the
present vector based GIS-landscape-models. The vertical structure, the po-
tential supply of pollen and nectar and the suitability for nesting and hiber-
nation of landscape elements guided the model-building. Models encompassed
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field crops with a detailed mapping of potential food resources including
orchards, semi-natural landscape elements, single trees as well as woodlands
and urban structures (Table 1). The topology of woodlands and urban areas as
well as of semi-natural landscape elements, such as hedgerows, banks, ditches
etc. showed only marginal changes over the mapping period. Superabundant
food resources such as rape, clover, beans etc. were updated by additional
mapping during fieldwork.

All spatial analyses were performed in ArcView 3.2 (ESRI Geoinformatik,
Hannover, Germany) enhanced by several scripts and extensions, using the
0.5 km x 0.5 km grid. Due to missing landscape information on the margins of
the study area, only a subset of 100 sampling units (Figure 2) could be con-
sidered while analysing the occurrence of B. muscorum in relation to landscape

Table 1. Landscape elements mapped as polygons, lines or points.

LE \%
Polygon-Layer [%]
Camelina sativa (L.) Crantz <0.1 1
Helianthus annuus L. <0.1 1
Phacelia tanacetifolia Bentham <0.1 1
Sinapis arvensis L. 0.1 1
Solanum tuberosum L. 0.4 1
Legumes 0.1 1
Pisum sativum ssp. L. 1.0
Vicia faba L. 1.0
Brassica napus L. 6.0
Trifolium pratense L. 0.9 2
Trifolium repens L. 0.2 2
Fallow land 1.1
Arable land S51.7
Grassland 22.3
Hedgerows and groves 0.5 3
Woodland 6.6 3
Orchards 0.5 4
Rural settlements 8.0 4
Line-Layer [km]
Brooks 47.9
Ditches 18.3
Flower-rich banks 14.8 5
Flower-rich structures 3.1 5
Grassland elements 6.8
Flower-rich hedgerows 1.5 6
Hedgerows 10.3 6
Rows of trees 4.4 6
Field paths 3559
Streets 82.2
Point-Layer [n]
Trees 2416

LE = quantities of mapped landscape elements in the Amoneburger Becken; V: ‘# variables
assigned to new groups.
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structure. The reduced area comprised only 24 of the 30 sampling units found
to be occupied by B. muscorum. A multiple logistic regression was performed
on the occurrence of B. muscorum in quadrants (0.5 km x 0.5 km) against the
numbers of bumblebees encountered besides B. muscorum and the landscape
variables mapped. Several landscape variables were combined in ecologically
meaningful groups prior to analysis to prevent problems in convergence. The
following groups were established: flower resources of rare crops (1), clover
(2), woody structures (3), adjacent vertical structures (4), linear flower
resources (5), and linear vertical structures (6) (Table 1). The new variable
(3) was log-transformed to prevent the Hauck—Donner effect (Hauck and
Donner 1977). Stepwise backward selection using the stepAIC procedure was
applied for model reduction. All statistical analyses were performed using
the statistical software R, version 1.7.1. (The Free Software Foundation
Inc., Boston, USA).

Results
Presence, absence, abundance and food resources

During the present study 7 queens, 44 workers and 2 males of B. muscorum
were recorded, representing 1.7% of the total number of bumblebees observed.
B. muscorum was present in 30 of 124 quadrants (0.5 km x 0.5 km) (Figure 2).
Individuals of B. muscorum were found visiting 13 different plant species; eight
individuals were observed in flight. Trifolium pratense was most frequently
used. Four out of 21 flower visits to T. pratense were recorded on agricultural
cultivations (Table 2).

Table 2. Plant species utilized by Bombus muscorum and number of individuals observed on each
plant species.

Species Number of observed individuals
of Bombus muscorum

Trifolium pratense L. 2
Trifolium repens L.

Vicia cracca L.

Lotus corniculatus L.

Lotus pedunculatus Cav.
Phacelia tanacetifolia Benth.
Stachys palustris L.
Centaurea jacea L.

Vicia sepium L.

Cirsium vulgare (Savi) Ten.
Lythrum salicaria L.
Galeopsis pubescens Bess.
Lathyrus pratensis L.

— O RO MO W 00—
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Table 3. Results of the multiple logistic regression (based on the presence of Bombus muscorum,
numbers of individuals of other bumblebee species, and landscape composition).

Variable Estimate SE z-value )4

Intercept —4.194e + 00 1.480e + 00 —2.834 0.005
Clover (2)* 8.674e—05 5.813e—05 1.492 0.136
Arable land 1.727e—05 6.857e—06 2.519 0.012
Fallow land 9.305¢—05 5.800e—05 1.604 0.109
Trees —1.002e—01 4.326e—02 —2.318 0.020
Ditches 3.381e—03 1.589¢—03 2.128 0.033

Originally, all 20 variables were fitted; the model was reduced using a stepwise backward selection
with the AIC as criterion to omit terms.
“Clover is a combined variable, see Table 1.

Landscape analysis and evaluation of landscape elements

The predominant landuse in the ‘Amoéneburger Becken’ is arable agriculture
including several crops (60.7% of study area). Furthermore, intensively used
meadows can be found on 22.3% of the area, in large parts along the river
Ohm. Rural settlement structures make up an area percentage of 8%. Villages
are often surrounded by orchards (0.5%). Forests, mainly found at the
southern and western margins of the basin cover 6.6% of the study area.
Table 1 contains area percentages (plane), lengths (linear) and numbers
(punctual) of all landscape elements investigated.

The stepwise backward selection for the logistic regression retained five of 20
variables that were included in the original model (Table 3). The final model
contained the variables arable land and ditches that showed significantly po-
sitive effects on the occurrence of B. muscorum. Also the presence of clover and
fallow land contributed to the occurrence of the species in a positive way. In
contrast, the number of trees showed a significantly negative effect on the
presence of B. muscorum (Table 3).

Discussion

Most B. muscorum were found in the central parts of the study area, matching
exactly those areas most intensively used for agricultural purposes. However,
this surprising observation mirrors the distinctive habitat requirements of
B. muscorum.

The significantly negative effect of the number of trees on the occurrence of
B. muscorum reflects the species’ preference for open landscapes (Dylewska
1957; Reinig 1970). This is supported by the observation that out of 24 anal-
ysed sampling units occupied by B. muscorum two only included rural settle-
ments and none woodland. Accordingly we assume that the significantly
positive effect of the landscape variable arable land on the occurrence of
B. muscorum is not caused by the type of crop cultivated, but the absence of
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vertical landscape elements on the area under crop within the inner part of the
study area.

The avoidance of vertical landscape structures at a regional scale mirrors the
species’ main distribution along coastal areas at the biogeographical scale
(Reinig 1970; Wagner 1971; Peters 1972; Westrich 1990; Pekkarinen and
Teras 1993; Plowright et al. 1997). Under natural conditions, B. muscorum
probably mainly occurs in the open landscapes of coastal areas. It seems that
the increase of open landscapes in the interior, due to human activities,
caused an expansion of the distribution ranges of B. muscorum. Accordingly,
B. muscorum has been recorded in open regions of the interior by several
authors (Dylewska 1957; Reinig 1970; Westrich 1990).

However, despite the omnipresence of open landscapes, such as intensively
used agricultural landscapes (Statistisches Bundesamt 2002), B. muscorum is
regarded as an endangered species in Germany (Jedicke 1997; Westrich et al.
1998) and appears to be very rare in the interior (Wolf 1985; Hagen 1994).

Nowadays, wet lowlands seem to be the only remaining habitat in the
interior suitable for B. muscorum (Westrich 1990; Treiber 1998). The signifi-
cantly positive effect of ditches on the occurrence of B. muscorum, together
with the frequently observed nest-searching behaviour of queens and the two
findings of nest along brooks and ditches, leads us to the assumption that these
landscape elements are essential to meet the habitat requirements of this
bumblebee species (see also Reinig 1970). Comparably high shares of brooks
and ditches occur within the central part of the formerly wet floodplain
‘Amoneburger Becken’ (Rittweger 1997), and are therefore regarded to be the
main reason for this landscape harbouring one of the two remaining popula-
tions of B. muscorum in the Land Hesse (Frommer 2001; Tischendorf 2001).

In addition to their location on the north-facing slope of a small brook the
observed nests of B. muscorum were close to fields of T. pratense. With regard
to this observation, the positive effects of clover and fallow land, and the
recordings of flower visits, an additional requirement essential for the presence
of B. muscorum became apparent — the provision of suitable food resources in
spatial proximity to nesting-sites. Long-tongued bumblebee species, such as
B. muscorum, show comparably low competition abilities on super-abundant
flower resources like rape (Heinrich 1974; Ranta and Vepsalainen 1981;
Plowright et al. 1997). Furthermore, in most years there is only a small overlap
of this particular resource with the seasonal occurrence of B. muscorum, as this
species is emerging relatively late. In accordance, recorded flower visits showed
that agricultural cultivations of plants with long corollas such as 7. pratense
and T. repens are frequently utilized by this bee. T. pratense is grown exten-
sively throughout the ‘Amoéneburger Becken’ and is harvested on demand
during a great part of the growing season. Contrary to modern silage pro-
duction, this technique results in a higher percentage and a greater continuity
of flowering plants. However, the periodicity of agricultural resources makes
alternative foraging habitats, such as fallow land, essential (Backman and
Tiainen 2002; Croxton et al. 2002).
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Flower visits to the important forage species T. pratense and T. repens were
also frequently recorded on plants growing on taluses, path- and field-margins.
Vicia cracca, V. sepium and Lotus corniculatus occur in these linear grassland
elements, too. Furthermore, B. muscorum was recorded on L. pedunculatus,
Lythrum salicaria, Galeopsis pubescens and Stachys palustris all growing along
brooks and ditches. This shows that besides the required nesting-sites brooks
and ditches also supply valuable food resources. With the exception of Phacelia
tanacetifolia, all floral resources visited by this bumblebee species underline the
importance of non-cultivated flower-rich elements (Kells and Goulson 2003) or
semi-natural grasslands (Séderstrém et al. 2001) within the open landscape.

Continuous enlargement of agricultural fields and the disappearance of
extensively used grasslands or non-crop features such as field margins and
ditches (Stoate et al. 2001) result in an impoverished landscape not only in
terms of nectar and pollen resources but also in terms of suitable sites for
nesting and hibernation (Riemann 1987; Jennersten et al. 1993). Increasing
levels of competition for the remaining resources between different species of
bumblebees or within the guild of pollinators might be a consequence. This
seems not yet to be the case in the study area as the present analysis did not
reveal any effect of numbers of individuals of other bumblebee species recorded
in the area on the occurrence of B. muscorum.

Actual sizes of agricultural fields below the regional average (Hessisches
Statistisches Landesamt 1999) might indicate a higher proportion of edge
structures within the ‘Amodneburger Becken’ compared to other intensively
used agricultural areas in the Land Hesse. This circumstance, besides the
numerous brooks and ditches draining this basin landscape, seems to be an-
other landscape characteristic that allows B. muscorum, a species supposed to
have comparatively small foraging ranges (Walther-Hellwig and Frankl 2000)
and presumably low competitive abilities on mass-flowering crops, to still exist
in this area.

Although Williams (1986, 1989) argues that the patterns of abundance of
bumble species in the UK are best explained by their climatic optima and
declining populations as observed in B. muscorum might also be affected by
climatic shifts (cf. Thomas et al. 2004), we regard the continuing impoverish-
ment of the landscape in terms of semi-natural landscape elements as one of the
main factors that negatively affects population sizes and distributions ranges of
B. muscorum. The survival of B. muscorum within the ‘Amoéneburger Becken’
will be crucially dependent on the establishment and the spatial connectivity of
landscape elements providing habitats for nesting, foraging and hibernating
such as ditches and flower-rich fields, margins or banks.
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Abstract. Although many studies have shown that ant nests tend to increase soil nutrient con-
centrations, only a few have examined ant impact on soil biota. To date, no one has examined the
mechanism behind this complex ‘ant effect.” In this study, we employed a 2 x 2 complete factorial
design (water x food) in the field to mimic the effects of harvester ant nests (Messor andrei) on soil.
We hypothesized that, in the absence of ants, addition of moisture and food (seeds and insects)
would interact to produce conditions found in ant nests. Our results indicated that the addition of
food to the soil (regardless of water addition) best mimicked the conditions found inside M. andrei
nests. Both food-treated and ant-nest soils supported higher numbers of bacteria, nematodes,
miscellaneous eukaryotes, and microarthropods compared to the other soil treatments. Microbial
richness was also highest in ant and food-treated samples. Moreover, the ant effect in our exper-
iment occurred in just two months. Because ants are a widespread, abundant group with many
long-lived species, they could substantially influence soil properties and belowground food webs
and may have important restoration/conservation implications for terrestrial communities.

Introduction

Few studies have examined factors affecting species richness for terrestrial
microbiota, and soil biota diversity has largely gone unstudied for multiple
subgroups (e.g., Boag and Yeates 1998). Major factors affecting the diversity
and/or abundance of belowground biota include soil nutrients, moisture, and
temperature (Campbell and Biederbeck 1976), physical soil disturbances
(Doran 1987), and interactions among fauna (Beare et al. 1992; Wagner et al.
1997; Laakso and Setdld 1998). Ants (Hymenoptera: Formicidae) are a major
structuring force in many terrestrial communities worldwide and have various
functional roles, such as scavenging, predation, granivory, and omnivory.
Because ants belong to a number of guilds and interact with many different
taxa ranging from plants to insects to vertebrates, they play a prominent role in
structuring diversity and abundance of other taxa in many communities, such
as soil biota (Whitford 1996; Folgarait 1998).

Most ants nest in the soil and may affect soil biota via numerous pathways.
For instance, ant activity and respiration increase moisture and temperature in
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the surrounding soil (Cole 1994; Whitford 1996). Ground-nesting ants increase
soil nutrients by carrying aboveground, nutrient-rich material several centi-
meters belowground (Friese and Allen 1993; Folgarait 1998). Ants also build
belowground galleries and tunnels, thereby disturbing and creating new soil
structure (Cole 1994). Finally, ants directly interact with soil biota through
predation and commensalism (Laakso and Setdld 1997, 1998).

Although belowground and aboveground communities are tightly linked
through plants, earthworms, and insect larvae (e.g., Strong et al. 1996;
Whitford 1996; Mikola et al. 2001; Preisser 2003; Zak et al. 2003), the two
systems are spatially distinct, and ants may be critical in moving aboveground
resources to belowground consumers. Unlike other soil-nesters (e.g., termites),
most ants are omnivorous and exploit a variety of materials such as seeds,
plant tissue, and insect carcasses (Friese and Allen 1993; Whitford 1996). This
is especially true for the so-called granivorous ants, which, in addition to seeds,
consume an assortment of resources, such as soft- and hard-bodied insects and
bird and mammal feces (e.g., MacKay 1981; Holldobler and Wilson 1990).
Ants in the genus Messor are major insect granivores and are widespread in
arid and semi-arid regions throughout the world (Whitford 1996). Individual
colonies of Messor are long-lived and can thrive for up to 10 years in a single
location (Holldobler and Wilson 1990, but see also Brown 1999). Harvester ant
nests can be one or more meters deep (e.g., MacKay 1981), and an average
Messor andrei nest is approximately 60 cm wide on the surface (pers. observ.).

We recently reported that M. andrei increases abundance and richness of
multiple soil taxa and concentrates N, P, and organic matter (OM) in their
nests (Boulton et al. 2003). Other researchers have observed similar trends for
other ant species (Wagner et al. 1997; Laakso and Setdld 1998; Folgarait 1998).
However, we lack experimental evidence for the mechanism behind these ‘ant
effects,” which could be due to any number of factors, such as ant predation,
food storage, excretion/elimination, soil structure, and other ant behaviors or
nest qualities. Of all these factors, food and moisture additions to soil are the
most reasonable to test experimentally. It would be difficult to mimic ant-nest
structure or to add/subtract ant nests (the latter would involve an insecticide,
which could damage the soil food web as well). Thus, in this study, we at-
tempted to mimic the effects of M. andrei nests on soil and its biota by
employing a 2 X 2 complete factorial design (water x food). We hypothesized
that, in the absence of ants, moisture, and food additions would interact to
produce the ‘ant effect’ by mimicking many of the qualities found in ant nests.

Methods
Study site

Our field experiment was carried out from April-June 2001 in northern
California at the McLaughlin Natural Reserve (Napa, Lake, and Yolo
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Counties). McLaughlin has a high percentage of serpentine soil, which is
characteristically high in magnesium and other heavy metals and low in
calcium (UC NRS 2000). The Reserve has a Mediterranean climate — hot,
dry summers and cool, wet winters. Summer air temperatures can be as high
as 40 °C, while winter temperatures can fall below freezing. Mean annual
precipitation is 75 cm. The Reserve lies within the California Floristic
Province and supports serpentine mixed chaparral, cypress chaparral, and
grasslands (UC NRS 2000). Ten M. andrei nests, located on serpentine
grassland, were selected for the experiment. These nests were at least 5 m
from one another.

Mimicking food and water inputs of ants

The most important component of our field experiment (described in detail
below) was the food (seeds and insects) and water additions to the soil. In order
to approximate the amount of food added to the soil by M. andrei on a daily
basis, we collected foragers returning to these same study nests during spring
2000 in order to describe the variety and types of food returned to their nests.
The analysis of food items carried by these workers was used to determine what
should be added as experimental food. Because we could not imitate ant-nest
structure (which includes compartments for larvae, food storage, etc.), we
mixed our food additions with non-ant soil (hereafter referred to as ‘implant
soil’). Most items (83%) returned to the nest by workers were seed material
(mean diameter of seeds 1.8 = 5.9 mm), 13% were insect carcasses or parts,
and 4% were leaf material or unidentifiable. There was roughly a 1:6 insect:-
seed ratio in our samples, which we mimicked using commercial poppy seeds
and crickets. However, the weight of all insects returned to nest (2.9 + 4.3 g)
often equaled the weight of all seeds returned to the nest (3.7 £ 1.8 g) per day.
The average weight of all items returned per day to M. andrei nest was
6.9 + 3.1 g. Based on these weight results, we added 8 g of seeds and 6 g of
insects to each implant core. Because we were not able to add food continu-
ously to these cores (like the ants do on a daily basis), we doubled the weight of
our seeds and insects. Our implant cores were in place for 60 d, but they had a
small volume compared to the volume of an entire M. andrei nest. For this
reason, we did not multiply the original seed and insect weights by 60, which
would have mimicked the daily input of M. andrei ants over 60 d.

Poppy seeds were selected for our food additions based on their diameter
(~1 mm), which approximated the mean diameter of seeds collected from
M. andrei foragers returning to the nest. The native California poppy,
Eschsholtzia californica, also occurs throughout McLaughlin (UC NRS 2000)
and is a possible seed source for M. andrei in nature. Because many of the seeds
and insect carcasses were often damaged or carried back to the nest in parts,
experimental food was masticated in a food processor after being microwaved
for 3 min — both processes prevented the commercial seeds from germinating in
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the field. Crickets were used for the insect additions and were frozen for 24 h
before being homogenized in a food processor.

The amount of water added to the water and food + water cores was based
on saturation of the core (i.e., 50% volumetric water content). In several pilot
cores, approximately 8 ml of water was sufficient to saturate a core. Even-
though ant nests are rarely fully saturated, saturation was selected for these
treatments for two reasons. First, cores were visited weekly, so our water
additions had to last longer than 1 or 2 days. Second, implant soil lacked the
structure of non-implant soil due to removal and mixing procedures.
Unstructured soils do not hold water as well as normal soil (Brady and Weil
1996), which further necessitated over-watering. However, our homogenized,
structureless soil implants resembled ant-nest soils because ant nests also
contain unstructured soil due to ant tunneling.

Experimental design

We manipulated soil moisture and food additions in soil 3 m away from each
nest. Five soil cores were removed at each of the ten nest sites using a bulk density
sampler (5 cm x 30 cm). We took one core from the nest center and four cores
that were each 3 m from the nest and 1 m from each other. Each core was
assigned to one of five treatments: ant nest (no additions), control (no additions),
water-addition, food-addition, and food + water-addition cores (see Figure 1).
We chose to space our ‘satellite’ cores 3 m from the nest because ant nests can
influence the surrounding soil up to 1-2 m away from the nest center (e.g.,
Whitford and DiMarco 1995; Dean et al. 1997). Previous work in this system also
supports these findings (Boulton et al. 2003), so placing our experimental cores
3 m from the nest center should have constituted non-ant areas.

After the soil core was removed from each site, the soil was mixed and all
visible organic matter (e.g., adult ants, pupae, larvae, leaf or seed material) was

M. andrei
nest surface

‘ no additions no additions (control)

water food

Figure 1. Diagram represents experimental design in the field. Black circles represent manipulated
soil cores. Each of the four non-ant cores is 1-m from each other and 3 m from the ant-nest center.

food+water
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removed and placed in a vial for later analysis. We then collected soil 100 m from
our study site, removed visible organic matter, mixed, and implanted it into each
of the five vacant cores described above (ant-nest core plus four treatment cores)
for a total of 50 experimental cores (10 nest sites times 5 cores/nest site). The soil
used from this adjacent site was also analyzed (N = 3) for chemistry and mic-
robiota (as described below) to ensure that it was typical, non-ant soil. Hereafter,
we use the term ‘implant soil’ to denote soil that was experimentally treated and
used to replace original soil in and near each ant nest.

Water-addition cores at each site received 8 ml of tap water after the soil was
implanted into the core. As described in the previous section, food-addition cores
were mixed with masticated poppy seeds and homogenized cricket prior to
implantation. Food + water cores were a combination of these two core treat-
ments (i.e., mixed with seeds and crickets pre-implantation, as well as watered
post-implantation). Soil temperature and moisture were monitored weekly for
all implants. The water and food + water treatments received 8 ml of water
whenever their volumetric soil content fell below the levels found in the adjacent
ant nest. After 60 days, we retrieved each core with the bulk density sampler.

Soil attributes

Before sampling, soil temperature and volumetric water content was recorded
at 20 cm depth. Water content was measured using the HydroSense soil probe
(Campbell Scientific, Inc.). In the laboratory, 0.5 cm? of soil from the collected
core was removed in order to measure its pH using pH indicator paper
(LaMotte Soil pH Kit). In the laboratory, a sub-sample (~25 g) of each soil
core was passed through a 2-mm mesh sieve, dried, and transported to the
Division of Agriculture and Natural Resources (DANR) Analytical Lab at the
University of California, Davis for analysis of soil N, P, and OM.

Soil biota

We quantified soil biota richness and abundance following methods described in
detail in Boulton et al. (2003). For each soil core, abundance and richness was
determined for bacteria, fungi, and other eukaryotes (e.g., ciliates) using phos-
pholipid fatty acid (PLFA) analysis. Nematodes were extracted from soil (~10 g
per sample) using Baermann funnels, and the entire suspension was examined at
140x magnification with a dissecting microscope. Each nematode was identified
to feeding guild via mouthpart morphology (Yeates et al. 1993; Bongers and
Bongers 1998; Jaffee et al. 1998), which is as effective as high-resolution taxon-
omy in characterizing food web structure (Parmelee et al. 1995). Finally, mi-
croarthropods were extracted from soil (~30 g per sample) using Tullgren
funnels and were identified as mites, collembolans, or miscellaneous microar-
thropods (e.g., proturans, larvae, or unidentifiable) under 120x magnification.
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Data analysis

Data were analyzed using one-way MANOVA with soil treatment as
the categorical, independent variable (i.e., ant, control, food, water, and
food + water). We used Tukey’s test for a posteriori comparisons to explore the
significant differences across dependent variables due to soil treatment (Sokal
and Rohlf 1995). For example, a significant difference between ant soil and
another soil category indicated dissimilarity, while no significant difference
between ant soils and a given soil category suggested that the two soils were
similar to each other for that particular response variable. In order to meet
parametric assumptions and to use standard units across dependent variables,
all data were transformed into their standard normal deviates, (Y; — p)/o.
When non-transformed means are reported for a factor, they are followed by
their standard deviation. We used the statistical package SPSS (version 10.0.7)
for all above analyses. Principal component analysis (PCA) was run using
PC-ORD, version 4.0.

Results
Pre-treatment soils

The implant soil was typical of non-ant soil found at this site in that N, P, and
OM were significantly reduced and soil taxa were less abundant compared to
ant soil. The four non-ant, pre-treatment soil cores (N = 40) taken near each
nest did not significantly differ from one another in chemical or biological
properties. One-way analysis of variance tests on the non-ant, pre-treatment
soils yielded insignificant differences for all abiotic and biotic dependent vari-
ables (for all tests, df = 39, p > 0.05). In comparisons between ant and
non-ant soil, there were significantly more bacteria, fungi, nematodes, mis-
cellaneous eukaryotes, PLFAs, and microarthropods and higher concentra-
tions of N, P, and OM in ant-nest cores than in non-ant soils (data not shown).

Post-treatment soils

In general, ant, food, and food + water soils resembled each other with higher
concentrations of N, P, and OM and with more types and abundance of
bacteria, miscellaneous eukaryotes, nematodes, and microarthropods
(Table 1). Fungal abundance and soil moisture were the only two dependent
variables that did not show this trend. The MANOVA analysis also indicated a
significant multivariate effect of soil treatment on the dependent variables
(Fs, = 7.2, p = 0.0001; Table 2).

The a posteriori comparisons consistently revealed significant differences
between ant-nest samples and control and water-addition cores, while ant,



Table 1. Results of one-way MANOVA comparing the five soil categories post-treatment: ant, control, water-addition, food-addition, food + water-addition.

Effect Hypothesis df Error df F P

Intercept 13.0 33.0 178.5 0.0001
Treatment 52.0 129.9 7.2 0.0001
Variable Ant-soil core Control core  Food + water-addition core  Food-addition core =~ Water-addition core F P
Temperature (°C) 26.1 £ 2.2 284 + 1.2 284 + 1.8 28.1 +£ 1.7 28.8 £ 1.1 5.1 0.002
Moisture (%) 57 £33 57 £95 4.8 £92 53 £ 1.5 6.4 +£ 1.8 1 0.444
pH 6.6 £ 04 7.0 £ 0.0 75+ 04 7.1 £0.2 7.0 £ 0.0 11.5 0.0001
Nitrogen (%) 04 + 0.1 0.1 £ 0.0 04 + 0.1 0.3 £ 0.1 0.1 £ 0.0 66.3  0.0001
Phosphorous (%) 26.2 + 284 3.5 £ 0.7 63.5 + 47.1 42.6 + 46.7 2.8 £ 0.8 45 0.0001
Organic matter (ppm) 4.1 + 0.9 2.1 £ 0.2 4.6 £ 0.6 42 £ 0.5 2.0 £ 0.2 47.9 0.0001
Bacteria abundance 99.8 + 25.2 51.7 £ 9.3 131.0 £ 26.3 122.0 + 36.4 524 + 12.1 24.5 0.0001
Fungal abundance 9.5+ 43 58 £23 1.6 £ 2.6 8.0 + 21.0 6.0 £ 24 09 0454
Misc. eukaryote abundance 3.7 £0.7 1.2 £0.8 38 £ 14 4.0 £ 2.9 1.2 £ 05 8.2 0.0001
PLFA richness 599 £ 53 444 + 3.7 59.4 £ 6.0 582 + 6.1 43.7 £ 3.9 21.2 0.0001
PLFA abundance 102.5 £ 249 462 + 10.5 121.1 £+ 21.6 1144 + 344 46.9 + 13.0 254  0.0001
Nematode abundance 144.1 £ 111.0 80.0 + 27.7 1577.2 + 858.7 181.3 + 98.3 60.0 £ 22.7 282 0.0001
Microarthropod abundance 18.7 = 7.7 3.1 £ 54 11.7 + 7.2 12.8 = 11.2 3.5+ 33 10.2  0.0001

Notes: Although non-transformed means and standard deviations are listed, all data were transformed to their standard normal deviates for the analysis in
order to meet parametric assumptions. Upper part of table refers to multivariate tests, while the lower part lists the results from univariate F tests for each of
the dependent variables. For all variables, the total degrees of freedom

Methods).

49. Abundance refers to number of individuals per sample (sample size defined in

19
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Table 2. Results of a posteriori comparisons from MANOVA results, which examine the simi-
larities and differences between ant cores and each experimental treatment.

Dependent variable Ant vs. control Ant vs. food +water Ant vs. food Ant vs. water
Temperature (°C) —0.26* —0.30* —0.34* —0.26*
Moisture (%) 0.00 0.08 0.03 —0.06
pH —0.86* —1.62* —0.95*% —0.82*
Nitrogen (%) 0.59* —0.14 —0.36 0.66*
Phosphorous (%) 1.36* —0.75 —0.54 1.03*
Organic matter (ppm) 0.51* —0.13 —0.05 0.56*
Bacteria abundance 0.65% —0.56* —0.39 0.65%
Fungal abundance 0.39 0.79 0.31 0.44
Misc. eukaryote abundance  1.44* —0.65 —0.36 1.36*
PLFA richness 0.57* 0.33 0.09 0.81*
PLFA abundance 0.60* —0.45 —0.42 0.64*
Nematode abundance 1.13* —2.85% —0.07 1.15%
Microarthropod abundance  1.45% 0.90* 0.08 1.50%*

Notes: This is a partial listing of MANOVA unplanned comparisons for soil category using the
Tukey test on mean differences. Abundance refers to number of individuals per sample (sample size
defined in Methods). Mean differences are reported only for ant soil vs. all other soil types. The
standard normal deviates were used for this analysis.

*p < 0.05.

food +water, and food cores generally similar (Table 2). This finding applied
to N, P, and OM, miscellaneous eukaryotes, and PLFA richness and abun-
dance. Exceptions to this result are as follows. Ant-nest cores were significantly
different from all other soil treatments for soil temperature (cooler in ant nests
vs. all other soil categories) and pH (more acidic in ant vs. non-ant soils). Soil
moisture and fungal abundance did not differ across any of the five soil cate-
gories. The a posteriori results revealed that ant cores were similar to
food-addition cores, but significantly different from food+ water-addition
cores for bacteria, nematode, and microarthropod abundance (Table 2).
Because there was collinearity among response variables, we performed a
PCA (Tabachnick and Fidell 1996). The first two eigenvalues explained the
majority of the variance in the data (58.8%). Axis one was composed of bacterial
abundance, PLFA richness and abundance, and N, P, and OM. For axis two,
nematode and fungal abundance and soil pH and temperature loaded high. The
bivariate plot suggests two groups, similar to the MANOVA findings above:
ant-nest soils group loosely with food- and food + water-addition soils, while the
control and water-addition cores form a separate, tight cluster (Figure 2).

Food web characteristics in post-treatment soils
Based on our PLFA results, our post-treatment samples included all the major

bacterial subgroups, such as methyl-, saturated-, unsaturated-, iso-, anteiso-,
and branched-bacteria (Bossio and Scow 1998). One-way ANOVAs indicated
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Figure 2. Scatter plot of factor scores for the 50 samples according to a PCA of 10 response
variables.

that bacterial subgroups were significantly different across soil treatment:
saturated Fy = 11.8, p < 0.0001; unsaturated Fy = 5.6, p < 0.001; iso
Fq = 29.4, p < 0.0001; anteiso Fq9 = 33.1, p < 0.0001; methyl Fs = 6.4,
p < 0.0001; and branched Fy9 = 29.6, p < 0.0001. In general, the food+
water treatment had the most bacteria across bacterial subgroups, while ant
and food cores resembled each other with the second highest amount; the
control and water-addition cores had the fewest individuals across all bacterial
subgroups.

Nematodes in all feeding groups were up to 10x more abundant in the
food + water treatment compared to the other treatments. Ant and food soils
were most similar to each other and had the next highest number of nematodes,
while the control and water cores had the fewest nematodes. With the excep-
tion of plant parasites and predaceous nematodes, the number of individuals in
each feeding guild was significantly different across treatments: bacterivores
Fq = 15.0, p < 0.0001; fungivores Fqy9 = 259, p < 0.0001; and omnivores
F43 = 36,]7 < 0.01.

Fungivorous nematodes were numerically dominant across all soil treat-
ments, accounting for 79% of all nematodes identified. Bacterivores were 14%
of the remaining nematodes, omnivores were 3%, and predators and plant
parasites were each <1% (3% of the total could not be identified). Of the
fungivores, 9% were Hexatylina spp., 9% were Tylenchus spp., and the vast
majority (82%) were Aphelenchoides and Aphelenchus spp. Bacterivores con-
sisted of individuals from the orders Rhabditida and Araeolaimida. Omnivores
were from the order Dorylaimida, and the few predators identified were from
the order Mononchida.
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We obtained few microarthropods from our control and water-addition
samples. Mites, collembolans, and miscellaneous microarthropods each were
most abundant in ant, food, and food +water samples, with ant soils con-
taining the overwhelming majority of all microarthropods. The abundance of
these animals significantly differed across soil treatments: mites Fyo = 5.1,
p < 0.01; collembolans Fs = 6.7, p < 0.0001; miscellaneous microarthro-
pods Fq9 = 10.4, p < 0.0001. Mites belonged to the Opilioacariformes and
Acariformes groups, and collembolans were from the families Onychiuridae
and Entomobryidae. The miscellaneous category included various proturans,
mite and insect larvae, and unidentifiable arthropod specimens. We did not
observe any beetles, earthworms, or other macro-invertebrates in any of our
samples.

Ant impact on fresh soil

Ants affected implant soil in 2 months. Depauperate, nutrient-poor soils added
to ant nests contained significantly more bacteria, nematodes, microarthro-
pods, and other soil biota and had higher levels of N, P, and OM than controls
(Table 1). When implant soil from ant nests was compared to ant soil from the
pre-treatment samples, it had significantly more bacteria, nematodes, micro-
arthropods, and other soil biota and had higher levels of P and OM (data not
shown). The three exceptions to this trend were no change in soil nitrogen and
higher soil moisture and pH in the pre-treatment nest-soils compared to the
implant nest-soils.

Discussion

We successfully mimicked many aspects of ant nests and their influence on
belowground chemistry and biota through food additions. A surprising result
was that M. andrei ‘manipulated’ the depauperate soil placed in their nests
during our 2-month experiment by significantly increasing soil nutrients and
organismal abundance and richness. This suggests that ant effects on soil food
webs and nutrients can occur quickly, which may have important implications
for restoration work as discussed below. Because the food + water effect was
much greater than the ant effect for some variables, the reduced particle size of
our food via a food processor could have increased the rate of decomposition
and subsequent soil changes, which would explain this discrepancy between ant
and food + water soils.

Although we predicted that food and water would interact to mimic ant-nest
effects, food additions alone explain most of the variation in soil biota and
nutrients at this site during early summer months. Our results indicate that
soils from the ant cores most resemble soils from the food + water and food
cores. Our water additions were effective only in combination with the food
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additions. This is further supported by the fact that the control implants (no
additions) were most similar to the water-only treatment for the majority of the
dependent variables. These results were consistently obtained for the
sub-groupings within each taxon. Bacterial, nematode, and microarthropod
sub-groups tended to be most similar between the ant, food +water and food
cores, while the control and water soils had the lowest abundance for each of
the sub-types. Although our moisture treatment was ineffective by itself, it is
striking that the food + water treatment had the greatest abundance for the
majority of the sub-groups.

There were visible fungal hyphae on top of the food and food + water cores
when we retrieved them in the field; however, our MANOVA results indicate
that fungi did not differ between treatments. Since large numbers of
fungivorous nematodes, as obtained in our results, indicate high fungus pro-
duction, absence of increased fungus biomass in those samples could be due to
strong top—down effects of fungivores or to a failure in our PLFA analysis.
PLFA markers are well developed for bacteria, but fungal markers are less well
documented (White and Findlay 1988; Bossio and Scow 1995). Thus, our lack
of findings for the fungi could be due to PLFA limitations and not to a real
trend in nature.

Mites, collembolans and other microarthropods were significantly more
abundant in ant soils than in all other cores, eventhough similarities were
shared between the ant, food +water, and food treatments. There are two
possible explanations for this result. First, there are many variables associated
with ant nests that we could not mimic. For example, M. andrei probably
affects the soil structure and/or behaves in ways that might facilitate coloni-
zation by these microarthropods. Second, because microarthropods were al-
ready present in greater numbers in pre-treatment ant soils than in non-ant
soils, they probably colonized the ant cores more quickly than the treatment
cores, which had a relatively depauperate microarthropod community before
our experimental manipulation.

Our moisture treatment was ineffective, as evidenced by our MANOVA
results. We may have overestimated the importance of soil moisture in this
system, or we may have implemented the moisture treatment too early in the
season when moisture was not a limiting factor. Had this experiment been
carried out in the hottest summer months (July—September), perhaps we would
have been able to capitalize on more dramatic soil moisture differences between
ant and non-ant soil.

This research is the first mechanistic approach to the influence of ant nests
on soil chemistry and biota. Our results align with previous studies showing
that ants increase soil nutrients and the abundance of most soil taxa (Wagner
et al. 1997; Laakso and Setdld 1998). Boulton et al. (2003) showed that
M. andrei nests at this same site have higher concentrations of N, P, and OM
and more abundant soil taxa. Although many studies have examined how ants
affect soil chemistry, only a handful of studies have shown that ants positively
affect soil food webs. Our results suggest that M. andrei exerts such a positive
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effect primarily via the addition of food, mostly seeds. Moreover, this ant effect
can occur quickly — in just 2 months based on our findings. Because ants are
widespread and are the most abundant eusocial insect with many long-lived
species, they could substantially influence soil and belowground food webs in a
number of ecosystems.

The results we report here have important implications for conservation and
restoration. In terms of conservation, countless studies have suggested a variety
of factors that negatively or positively associate with biota richness and
abundance, although few attempt to unravel the mechanism behind such a
relationship. Our findings show the relationship between a given variable and
biota richness/abundance and then examine experimentally how this effect
occurs. From a restoration perspective, native ant species could be crucial in
improving soil quality for re-establishing indigenous animals and plants. For
this reason, researchers have attempted to protect and/or restore ants to var-
ious wooded areas in Europe and Canada (e.g., Pavon 1950, 1960; Bradley
1972). Our research focuses on one species of ant on serpentine soil, so future
work should address how this ant effect varies by season, habitat, and ant
species.
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Abstract. Species diversity, host specificity and species turnover among phytophagous beetles were
studied in the canopy of two tropical lowland forests in Panama with the use of canopy cranes. A
sharp rainfall gradient occurs between the two sites located 80 km apart. The wetter forest is
located in San Lorenzo Protected Area on the Caribbean side of the isthmus, and the drier forest is
a part of the Parque Natural Metropolitano close to Panama City on the Pacific slope. Host
specificity was measured as effective specialization and recorded by probability methods based on
abundance categories and feeding records from a total of 102 species of trees and lianas equally
distributed between the two sites. The total material collected included more than 65,000 beetles of
2462 species, of which 306 species were shared between the two sites. The wet forest was 37% more
species rich than the dry forest due to more saproxylic species and flower visitors. Saproxylic species
and flower visitors were also more host-specific in the wet forest. Leaf chewers showed similar levels
of species richness and host specificity in both forests. The effective number of specialized species
per plant species was higher in the wet forest. Higher levels of local alpha- and beta-diversity as well
as host specificity based on present data from a tropical wet forest, suggests higher number of
species at regional levels, a result that may have consequences for ecological estimates of global
species richness.

Abbreviations: PNM — Parque Natural Metropolitano, Panama Province, Panama; SLA — San
Lorenzo Protected Area, Colon Province, Panama

Introduction

Biodiversity is not only an issue of curiosity, but stands firm on the political
agenda as a resource for humanity (Heywood 1995). Many species are under
continuous threat as more natural ecosystems are changed, polluted, affected
by climatic change, or exploited too heavily. To know the number of species,
their ranges and ecology is therefore an important topic in conservation biol-
ogy, for instance when estimating the rate of extinction and decline of species
both locally and worldwide. More specifically, elucidation of the variation in
host specificity and insect species richness along geographical gradients would
be essential for refining our knowledge on the magnitude of local or even
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global species richness (May 1994; Mawdsley and Stork 1997; Stork 1997;
QOdegaard 2000a) as well as ecosystem structure and dynamics, and eventually
for thorough based decisions in nature management.

Ecological estimates of regional species diversity are almost entirely based on
studies reporting insect species diversity from single tropical sites (e.g., Erwin
1982; Basset et al. 1996; Odegaard 2000a; Novotny et al. 2002a). However,
such alpha diversity studies are of limited value in terms of predicting species
richness on larger spatial scales due to incomplete sampling caused by temporal
and spatial limitations. It is even hard to predict regional species diversity
based on data from very extensively studied areas because the influence from
mass effects increases with sample size (Shmida and Wilson 1985; Novotny and
Basset 2000).

Species composition and host specificity of phytophagous beetles may vary
considerably between sites (Basset 1992). This variation can be explained by
differences in resource availability or other determinants for insect species
diversity, such as hostplant abundance, distribution and species richness (e.g.,
Southwood 1960, 1961; Neuvonen and Niemeld 1983; Condit et al. 2000), plant
architecture (Lawton and Schréder 1977), chemical composition of plant tissue
(e.g., Connor et al. 1980; Bernays and Chapman 1994), and interactions among
animals e.g., competition for resources and enemy-free space and several abi-
otic factors (Strong et al. 1984). For these reasons, comparisons of insect
communities may have a higher probability of being of general validity if
replicates are taken in different types of forests.

Beta diversity is the extent to which the diversity of two or more spatial units
differs (Magurran 2003). Originally, beta diversity measures the extent of dif-
ference between two or more areas relative to the total species richness (e.g.,
Whittaker 1960), but more commonly it is used for comparing similarity be-
tween sites through different indices based on abundance or presence/absence
data (Magurran 2003). Beta diversity has been widely used also for estimation
of regional species richness through application of the classical species—area
relationship (Gleason 1922; Connor and McCoy 1979; Mawdsley 1996; Ricotta
et al. 2002). The main factors explaining beta diversity is range and habitat
restrictions (Harrison et al. 1992). While there is an increasing understanding
of patterns and mechanisms responsible for species turnover in tropical plants
(Condit et al. 2002), there are relatively few studies on beta diversity of tropical
insects (Hespenheide 1994; Novotny and Missa 2000).

Beta diversity among phytophagous insects is obviously linked to species
turnover among host plants. Similarity in tropical tree communities declines
with distance between sites (Condit et al. 2002). If all species were monopha-
gous, the species turnover among phytophagous insects would be similar or
higher than that of their host plants. Host specialization among insects com-
plicates the patterns of beta diversity, however. The effective specialization
among tropical insect communities is probably as low as 5-10% (Basset et al.
1996; Odegaard et al. 2000; Novotny et al. 2002a), and it is unknown how the
large proportion of generalists among tropical insects affects species turnover.
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Generalists tend to have wider geographical ranges than specialized species
(Gaston 1991), but these relations are hard to study because geographical
range of insect species in tropical forests is very poorly known for most groups,
and even less knowledge exists about similarity among insect communities
between sites (Basset 2001).

The aim of this study was to examine how different terrestrial insect com-
munities are structured with regard to species richness and host specificity in
two different tropical lowland forests in Panama. The model group for this
study was phytophagous beetles which constitute a dominant component of
biodiversity on Earth (Hammond 1992). Host specificity and taxonomic
composition of beetle communities in tropical forests are therefore important
parameters structuring terrestrial ecosystems and basic for development of a
better knowledge of species richness and beta diversity.

The geography of Panama particularly lends itself to understanding patterns
in species turnover. The sharp rainfall gradient between the two sites causes an
almost complete turnover of plant species. In addition, population variability
of insect assemblages is in some cases more prominent between dry and wet
tropical forests than it is between temperate and tropical forests (Wolda 1978;
Pimm 1991). It would be of fundamental ecological interest to test if related
parameters such as host specificity and beta diversity of insect communities
also differ between these forest types. The results may in turn give further
implications about the validity of current ecological estimates of global species
richness.

Methods
Study sites

The study was carried out at two Panamanian lowland forest sites which
represent different tropical forest types. The first site is the Parque Natural
Metropolitano (PNM), which consists of 265 ha dry tropical forest in Panama
province, close to Panama City and 2 km from the Pacific coast (8°59” N,
79°33” W, ca. 30 m a.s.1.). The average annual temperature is 28 °C, and an-
nual precipitation is 1740 mm. The dry season is distinct from December to
April, when rainfall is usually less than 100 mm per month. This is a secondary
forest that has escaped major human disturbance for about 90 years. The
vegetation at this site is characterized by dominance of deciduous trees (30—
35 m height) and lianas in the canopy (Wright et al. 2003).

The other site is located in an evergreen, wet forest in San Lorenzo Protected
Area (SLA) (9°17" N, 79°58" W, ca. 130 m a.s.1.), Colon province, 4.4 km away
from the Atlantic coast of the isthmus. The average annual temperature is
25.8 °C, and average annual precipitation is 3140 mm. There is a pronounced
dry season from mid December to end of April that receives nearly 10% of the
yearly precipitation. This forest is dominated by trees at 35-45 m height with
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lianas and epiphytes occurring regularly in the canopy. The San Lorenzo
Protected Area includes 9600 ha of relatively old-growth tropical forest which
has escaped anthropogenic disturbance for about 200 years (Wright et al.
2003).

Annual rainfall drops linearly from 3.1 to 1.7 m crossing the isthmus from
north to south with little confounding elevational change. The study sites are
located ca. 80 km apart in a contiguous protected forest along the Panama
Canal with a total area of 370 km? (Wright and Colley 1994).

Canopy access

The canopy was accessed by two canopy cranes erected at the sites. The crane
in PNM is 44 m tall with an arm length of 52 m that gives access to ca. 0.8 ha
of projected area. About 40 species of trees and ca. 35 species of climbers reach
the middle or upper levels of the canopy which could be accessed from the
crane gondola. The SLA-crane is 54 m tall with an arm length of 55 m. Hence,
the projected area accessible for study was 0.88 ha. About 70 species of trees
and ca. 10 species of lianas were easily accessible for study from the crane
gondola in SLA.

Focal taxa

The focal groups of this study were adult beetles of Buprestidae, Chrysome-
loidea, and Curculionoidea, which make up nearly all herbivorous and a major
part of saproxylic beetles in this forest. All the beetle material was identified to
species level. Identifications were performed by the author or experts studying
the different taxonomic groups. A species list from PNM is available in
Wdegaard (2003). A large part of the material was deposited in the author’s
collection at the Norwegian Institute for Nature Research (NINA). Material of
current taxonomic importance for the taxonomists has been deposited in their
respective collections (see Acknowledgements), while a representative selection
of the material were deposited in the synoptic insect collection at Smithsonian
Tropical Research Institute (STRI) and the University of Panama.

For statistical treatment leaf chewers, saproxylic species, and flower visitors
were distinguished as grouping variables. Leaf chewers were defined as all
species feeding on green plant parts. Saproxylic species included species feeding
on dead wood or wood associated fungi. Flower visitors included species at-
tracted to flowers, presumably feeding on nectar or pollen. Fruit eaters and
seed predators were included in this group as well. Taxonomically, the material
was treated statistically at family level for small groups, and at subfamily level
for Curculionidae, according to Alonzo-Zarazaga and Lyal (1999).
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Target plants

The phytophagous beetle fauna of a total of 50 and 52 plant species were
studied in PNM and SLA, respectively. Selection of plant species for study was
limited by the crane perimeter, but as far as possible confamilial species at the
two sites, and a representative proportion of trees and lianas at the sites were
chosen. Additional criteria for the selection of target plant included size of
plant biomass, and that the target plants as far as possible appeared without
confounding epiphytes and lianas in order to minimize the influence from
neighbouring plants. The number of plant taxa belonging to different life forms
and taxonomic categories is indicated in Table 1.

Only two plant species were shared between the two sites; the lianas Phry-
ganocydia corymbosa (Vent.) Bur., and Cydista aequinoctalis (L.) Miers of the
family Bignoniaceae. The following genera among the study plants were
common to the two sites: Cecropia (Cecropiaceae), Cordia (Boraginaceae),
Nectandra (Lauraceae), and Arrabidaea (Bignoniaceae). A total of 14 plant
families were shared between the two sites which include 82 and 58% of species
in PNM and SLA, respectively (Table 2). Trees and lianas as prominent life
forms of plants were considered separately as grouping variables for statistical
treatment.

Sampling programme

The sampling procedure intended to survey a similar leaf and branch area of
each plant species, and to maximize the number of microhabitats of each plant.
Sampling was carried out from the crane gondola using a 1 m? beating sheet.
Each sample was standardized by beating different parts of the tree or liana for
30 min by moving from different positions within the tree both along vertical
and horizontal gradients. Each sampling position within the tree included
beating of two or three branches before the material was collected by an
aspirator. Movements between positions were repeated six to eight times within
the 30 min period. Accordingly, appropriate statistical replication was based
on equal beating time as a rough substitute measurement for leaf area

Table 1. Number of plant species distributed on life forms and taxonomic categories in PNM and
SLA.

PNM SLA
No. of plant species 50 52
Trees 24 43
Lianas 26 9
No. of plant genera 43 48
No. of plant families 21 26

No. of congeneric pairs 6 5
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Table 2. Plant families represented by the study plants shared between PNM and SLA, and the
number of plant species studied in each family.

Families PNM SLA
Anacardiaceae 4 1
Araliaceae 1 1
Arecaceae 1 2
Bignoniaceae 12 6
Boraginaceae 1 1
Combretaceae 1 1
Cecropiaceae 2 1
Fabaceae 6 8
Lauraceae 3 1
Moraceae 4 2
Rubiaceae 1 1
Sapindaceae 3 3
Sapotaceae 1 1
Tiliaceae 1 1

(Ddegaard 2000b, 2004). Each tree crown was sampled regularly day and night
once a month during 1 year. The range of height surveyed in the forest in-
cluded canopy habitats from 10 to 40 m, but not the understorey. In addition,
sampling was performed more frequently in periods of leaf flush or flowering in
order to optimize insect species richness and the number of host observations.
This sampling strategy was termed ‘additional sampling’ by @degaard (2000b).
One individual plant of each species was sampled except for the big tree
Brosimum utile in SLA. A total of six trees of this species were surveyed with
similar methods in order to study the effect of sample size (i.e. number of tree
individuals) (@degaard 2004).

The sampling effort was similar in PNM and SLA. The sampling period
lasted from primo March 1995 to medio May 1996, and primo March 2001 to
medio May 2002 for PNM and SLA, respectively. The beginning of the rainy
season (primo May) was sampled two subsequent years at each site since this is
a period of very high insect activity in Panama (Wolda 1980; Wolda et al.
1998).

Host observations

Feeding observations were recorded at times of flowering, fruiting or leaf-
flush. A host record was defined as at least one feeding observation. Generally,
host specificity is overestimated if the number of specimens of an insect species
is lower than the number of host species (Colwell and Futuyma 1971).
Accordingly, the feeding observations of species recorded 50 times or more
(h0), were distinguished from those encountered less than 50 times (h1). Rare
species always constitute a major proportion of species in samples, and they
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may differ from common ones regarding patterns of host specificity (Price et
al. 1995). Therefore, also host observations attended with lower level of con-
fidence were included and determined by probability assessments based on
abundance categories (Flowers and Janzen 1997; @degaard 2000b). These host
occurrences were assigned to the following categories according to the number
of individual records from the assumed host plant; h2: 10 or more records; h3:
5-9 records; h4: 2-4 record; h5: 1 record and additional evidence for host
association based of collections or literature. Singletons recorded on a plant
were treated as tourists unless additional evidence about host associations was
available from collections or literature. Species of aerial drift (randomly dis-
tributed species) were treated as tourists although some of these were ex-
tremely common on the studied plants. These species are small in body size
(often less than 2 mm), which seem to be rare among broad generalists. Fre-
quently, they also belong to taxonomic groups which in general tend to be
specialists (e.g., Anthonomini and Apioninae) (personal observation). Species
with proven host associations on trees other than the specific target trees were
treated as aerial drift material when abundance was 20% less than of that of
their host tree (Jdegaard 2004). Otherwise, aerial drift material was distin-
guished from polyphagous species through feeding records.

Statistical methods

Host specificity was measured as effective specialization (May 1990; Udegaard
et al. 2000). The principle behind effective specialization of a plant’s insect
fauna is to weight each insect species in accordance with its degree of spe-
cialization on other plants in the community. The monophagous species are
given the heaviest weight, while broadly polyphagous species adds insignificant
to the value. For a plant species k, in a community of T plant species, the
proportion of beetles effectively specialized on k.f, is given by

T

fe=Y_(1/dp (i), (1)

i=1

where py(i) is the proportion of beetles associated with plant species k and i
other plants. Knowing f;, the number of insect species effectively specialized on
each plant species (k) is given as Sy

Sy= Sifrs (2)

where S). is the number of beetle species associated with plant species k. This is
the parameter that implies the plants’ relative contribution to the maintenance
of insect species richness in the community.

The rarefied number of species present in samples was computed by
Coleman’s rarefaction (Coleman 1981; Colwell and Coddington 1994). Beta
diversity between different insect communities was calculated both as
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presence/absence data (Jaccard and Serensen index), and abundance data with
Serensen and Morisita-Horn statistics (Magurran 2003). Accumulation-curves
and effective specialization-curves based on the observed number of species
(Seps) In each plant species, and similarity indices, were calculated with 50
randomizations by the programme Estimates (Colwell 1997). Comparisons of
means were done by one sample ¢-tests using the program package SPSS 11.5.

Results

A total of 35,479 beetles of 1165 species were recorded from PNM (@degaard
2003), while 30,352 beetles including 1603 species were recorded from SLA.
The higher number of species from SLA (37%) was due to higher number of
flower visitors and saproxylic species (Figure 1). These differences between the
ecological guilds were seen also among taxonomic groups representing the
guilds. Among the saproxylic species the difference was mostly due to
Cerambycidae, Anthribidae (incl. Brentidae), Cryptorynchinae (incl. Molyti-
nae), Conoderinae, and Scolytinae (incl. Platypodinae and Cossoninae). All
these groups were nearly twice as species rich in SLA than in PNM. In con-
trast, flower visitors such as Bruchinae and Baridinae were more species rich at
PNM. Large groups of leaf chewers like Chrysomelidae and Buprestidae
(mostly leaf miners) had a similar number of species at the two sites (Figure 2).

Similarity between sites

The total material included 2462 species of which 306 species were shared
between the two sites. This proportion constitutes 12% of the species (Jaccard

1000

Flower visitors
800 - ® Leaf chewers

0O Saproxylics

600 -
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Figure 1. The total number of phytophagous beetle species belonging to different guilds at each of
the two study sites.
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350
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Figure 2. The number of beetle species belonging to different taxonomic groups at each of the two
sites.

index). Abundance-based similarity indices for the total material were 0.08
(Serensen Abundance index) and 0.07 (Morisita-Horn index) (Table 3). Pres-
ence/absence similarity indices on taxonomic subgroups indicated the lowest
species turnover among Baridinae, Chrysomelidae, and Cerambycidae, and the
highest among Anthribidae (incl. Brentidae) and Conoderinae. Abundance
similarity indices indicated a relatively low turnover among Cerambycidae,
Chrysomelidae, Scolytinae, while the Bruchinae and the remaining groups of
Curculionidae showed a relatively high turnover (Morisita-Horn index,
Table 3).

Among the three guilds of phytophagous beetles there were a higher pro-
portion of leaf chewers in PNM than in SLA, and a higher proportion of
saproxylic species in SLA than in PNM. The proportion of flower visitors was
similar at the two sites. Among the species shared between the two sites, the
relative proportion of flower visitors was higher than that at each of the sites.
The relative proportion of leaf chewers and saproxylic species among the
shared fauna was at an intermediate level relative to the sites (Figure 3a).

Regarding host relationships among the total beetle fauna, the relative
proportion of tourists, generalists and specialists (up to family level of plants)
were similar at the two sites. The fauna common to each site, was dominated
by tourists and generalists that made up 47 and 36%, respectively. Specialists
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Table 3. Number of species in taxonomic subgroups at each site, and the number of shared species
between the sites along with similarity indices; +,= presence/absence; abd. = abundance.

Taxa PNM SLA Shared Jaccard + Serensen = Serensen abd. Morisita-Horn
Buprestidae 69 70 10 0.08 0.14 0.02 0
Cerambycidae 112 194 38 0.14 0.25 0.15 0.14
Chrysomelidae® 258 260 71 0.16 0.27 0.09 0.15
Bruchinae 44 26 7 0.11 0.2 0.05 0.03
Anthribidae, 24 73 5 0.05 0.1 0.04 0.01
Brentidae

Attelabidae, 42 58 12 0.14 0.24 0.03 0.01
Rhynchitidae,

Apionidae

Baridinae 186 153 47 0.16 0.28 0.1 0.08
Conoderinae 77 184 14 0.06 0.11 0.06 0.11
Cryptorhynchinae, 190 329 54 0.12 0.21 0.09 0.05
Molytinae

Scolytinae, 33 73 10 0.09 0.17 0.05 0.13
Platypodinae,

Cossoninae

Dryophthoridae, 130 182 38 0.14 0.24 0.08 0.03
Curculionidae,

others®

Total species 1165 1602 306 0.12 0.21 0.08 0.07

“Includes Megalopodidae and Orsodacnidae, but excludes Bruchinae.
Includes Curculioninae, Entiminae, Mesoptiliinae.

up to family level of plants constituted only 17% of the shared fauna (Fig-
ure 3b).

The number of beetles per plant species

Despite that more species were surveyed at SLA, the number of host-associated
beetle species per plant species was not significantly different between the two
sites, neither within life forms of plants, nor within insect guilds (Table 4). On
average 49.1 + 4.3 species were associated with plants in PNM, based on
revised data from @degaard (2000b), while 59.4 £+ 5.3 species were associated
with plants in SLA. The number of species per plant varied from only a few to
more than 150 species both within trees and lianas (Figure 4). Plotting the rates
at which the host associated species accumulate when adding host plants to the
samples clearly indicated that more species were recorded per plant in SLA,
and that their accumulation rate was higher (Figure 5). Details on number of
species associated with trees and lianas within flower visitors, leaf chewers, and
wood eaters are given in Table 4.
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Figure 3. The relative proportion of species belonging to different guilds (a) and different cate-
gories of host associations (b) at each of the two sites and among the species shared between the
sites. The specialists are defined as species associated within a plant family.

Host specificity

A total of 3088 and 2453 host observations were recorded in SLA and PNM,
respectively. Only 2.6 and 3.8% of the host observations were of the highest
level of confidence in SLA and PNM, respectively. More than half of the data
reflected host observations of the two lowest levels of confidence (Table 5).
Hence, individual host observations should be treated with caution, although
for the purpose of comparisons between sites and groups, they are useful as
long as being consistent across entities compared.
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Table 4. The average number of beetle species per plant for flower visitors, leaf chewers and
saproxylic species on trees and lianas at the two sites.

Species PNM SLA t-test df P
S total 49.1 + 43 594 £ 53 1.499 100 0.137
S lianas 455 £ 5.8 45.1 £ 9.0 —0.31 33 0.975
S trees 53.0 £ 6.5 62.4 + 6.1 0.99 65 0.326
S flower visitors total 13.6 + 2.1 20.7 + 3.6 1.689 100 0.094
S flowers lianas 122 £ 2.6 209 + 10.2 1.175 33 0.248
S flowers trees 15.1 + 3.4 20.6 + 3.8 0.969 65 0.336
S chewers total 182 £ 1.5 158 £ 1.5 —1.164 100 0.247
S chewers lianas 19.2 + 2.3 13.7 £ 3.1 —1.273 33 0.212
S chewers trees 170 £ 1.9 16.2 + 1.6 -0.329 65 0.744
S saproxylic total 173 £ 1.9 23.0 +£ 2.8 1.624 100 0.108
S saproxylic lianas 140 £ 1.9 10.4 + 2.1 —1.016 33 0.317
S saproxylic trees 209 + 3.3 25.6 £ 3.3 0.928 65 0.357
200
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Figure 4. A Box and Wisker plot of the number of phytophagous beetle species per plant species
of trees and lianas at each of the two sites.

Species associated with few host plants dominate among species at both sites.
The proportion of monophagous insect species among the study plants was 47
and 54% in PNM and SLA, respectively. There was no obvious pattern
regarding the proportion of beetles associated with two or more host plants
across the sites, although there was a tendency that the proportion of gener-
alists utilizing five or more plant species was higher in PNM (Figure 6).
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Figure 5. Rarefied accumulation curves of phytophagous beetle species with increased number of

host plants at each of the two sites.

Table 5. Confidence level of host observations.

SLA PNM*
h0: feeding (=50 specimens) 65 118
hl: feeding (<50 specimens) 173 212
h2: > 10 individuals 438 470
h3: 5-9 individuals 401 381
h4: 2-4 individuals 1057 1272°
h5: 1 individual 954 -
Total 3088 2423

Feeding observations of species recorded 50 times or more were distinguished from those recorded

less than 50 times in the total material.
“Revised data from @degaard (2000b).
®Includes also h5.

Proportion of beetle species

3 4 5 6 7 8
Number of plants species

Figure 6. The relative proportion of phytophagous beetle species associated with one to nine plant

species at each of the two sites.
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The average effective specialization was significantly higher in SLA than in
PNM (¢ = 3.035, df = 100, p = 0.003). The magnitude of effective special-
ization of the beetle assemblages depends on the number of host plants studied
(Ddegaard et al. 2000). A calculation of average effective specialization of
beetle assemblages on each of 1 to 50 plant species at each site reveals that the
fauna in SLA was more specialized than in PNM independent on the number
of plants studied (Figure 7). All guilds on both trees and lianas showed the
tendency of being more specialized in SLA, and significant differences were
found among saproxylic species (r = 4.657,df = 100, p < 0.001), and flower
visitors (¢ = 3.839, df = 100, p < 0.001), but not among leaf chewers
(t = 0.69,df = 100, p = 0.492). The higher degree of effective specialization
among flower visitors in SLA was only significant in trees (+ = 3.2, df = 65,
p = 0.002) (Figure 8).

The number of beetle species effectively specialized on plants was higher in
SLA than in PNM. (r = 2.255,df = 100, p = 0.026). This difference was due
to flower visitors (¢ = 2.536, df = 96, p = 0.013) and saproxylic species
(t = 2.426, df = 100, p = 0.017). The number of leaf chewers effectively
specialized at the two sites was similar (r = — 0.798, df = 100, p = 0.427)
(Figure 9).

Discussion

Alpha diversity

Plant species diversity in tropical forests correlates strongly with annual pre-
cipitation (Gentry 1988; Wright 1992; Leigh 1999), and the number of

‘) - SLA
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Figure 7. Effective specialization (F7) as a function of the number of plant species at the two sites.
The curves represent the average effective specialization of beetle assemblages on 1 to 50 plant
species.
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Effective specialization

®

Figure 8. The average effective specialization per plant species (+SE) among different guilds on
trees and lianas at each of the two sites. ** p < 0.0l, ***p < 0.005.

12

® PNM %

Effective number of species

Flower visitors Leaf chewers Saproxylics

Figure 9. The average effective number of species per plant species (+ SE) among different guilds
at each of the two sites. *p < 0.05.

phytophagous insect species correlates strongly with the number of plant
species in a community (e.g., Strong et al. 1984; Andow 1991). Thus, it is not
surprising that the total number of phytophagous beetle species recorded from
the wet forest was higher than from the dry forest. Similar patterns are also
observed in butterflies (De Vries 1994).

A larger local species pool of insects also affects the average number of
insects per plant species as the number of generalists among the insects will
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increase proportionally with the degree of host specificity in the insect com-
munity. In the present study, more flower visitors and saproxylic species were
recorded per plant species in SLA. Species richness of leaf chewers per plant
was similar between sites, however. The contribution of a larger local species
pool to species richness was probably counteracted by the higher effective
specialization of the phytophagous fauna in SLA. A more specialized fauna
has a more restricted range (Strong et al. 1984; Gaston 1991), and thus, a lower
probability to be collected within the crane perimeter.

Apart from this, the higher species diversity in the wet forest may be due to
differences in habitat characteristics. There were significantly more saproxylic
species on trees than on lianas (¢ = 3.040, df = 100, p = 0.003). Thus, the
low proportion of wood borers in the dry forest might be explained by the
dominance of lianas in PNM. The number of species among fungus feeders
(Anthribidae and most Scolytinae) was more than twice in the wet forest, a fact
that probably relates to the greater diversity of fungus resources in wet forests,
and thus, greater habitat diversity for saproxylic species in the wet forest.

Regarding flower visitors, many species, especially within the Baridinae and
Cerambycidae, are specialized wood borers as larvae. The adults are general
flower visitors that may be attracted to plants in blossom from long distance.
Consequently, many pollinator—flower interactions maintain ‘loose niches’ that
may change from year to year (Roubik 1992). The number of flower visiting
species on a plant would therefore be a trait more related to the local species
pool (alpha diversity) than to specific host plants. This explains the higher
number of flower visitors in SLA.

Human impact factors including forest age, fragmentation, and edge effects
related to management history may also be relevant to species richness of
arthropods (e.g., Hanski and Gilpin 1991; Saunders et al. 1991; Didham et al.
1998; Floren and Linsenmair 2001; Colville et al. 2002; Basset et al. 2004). It
has been shown that species richness increase with forest age (Grove 2002;
Floren and Linsenmair 2003), and species diversity decrease with increasing
degree of disturbance (Ghazoul 2002). These facts imply greater species rich-
ness in older, undisturbed forests, which is particularly relevant for saproxylic
beetles (Grove 2002).

Beta diversity

The high species turnover among insects is not surprising regarding the almost
complete change in plant composition. The figure compares well with Broad-
head and Wolda (1985) who studied the diversity of Psocoptera in two tropical
forests in Panama. They found even less overlap between sites (Jaccard index
0.03 opposed to 0.12 in this study), but their localities were more distant, and
also separated by a significant difference in elevation. More relevant for
comparison are studies of species turnover of Conoderinaec and Buprestidae
between La Selva, Costa Rica and Barro Colorado Island (BCI), Panama
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(Hespenheide 1994). The faunas of these relatively distant sites were more
similar than that of the same groups in the present study (for Conoderinae,
Jaccard index: 0.23 opposed to 0.08 in the present study; for Buprestidae,
Jaccard index: 0.14 opposed to 0.08 in the present study). In this case, the
precipitation gradient is probably more important than geographical distance.
This is supported by studies of the butterfly fauna of La Selva that is more
similar to that of BCI (Jaccard index: 0.42), than that of the dry forests in
Guanacaste, Costa Rica (Jaccard index: 0.27) (DeVries 1994; Hespenheide
1994).

The beetle studies from La Selva are mostly ground based in contrast to the
present canopy study, which may indicate an additional stratum differences in
species turnover when assuming higher beta diversity among specialists than
generalists (Gaston 1991). Saproxylic species like Conoderinae and many
Buprestidae, are likely to be more specialized in the canopy than on ground, as
wood resources there are fresher and less dominated by fungi. In contrast, the
understorey is dominated by wood resources of different decomposing stages
that probably require a more generalized fauna of saproxylic insects (Price
1992; Bernays and Chapman 1994). These speculations, however, need further
study.

Erwin (1983, 1991) suggested extremely high beta diversity among tropical
insect communities. He recorded 1080 species of beetles in four neotropical
forest types in the same area (at most 67 km apart). Only 1% of the species was
shared between the sites. Among Lepidoptera species sampled in Beni, Bolivia
(933 species and 1748 individuals), and in Paitza, Peru (1006 species and 1731
individuals; the two sites are 500 km apart), only 3.2% of the species were
shared between sites (Erwin 1991). These arguments were used as indications of
restricted distribution patterns and evidence for huge species richness. How-
ever, it is important to be aware of that calculations of beta-diversity of
tropical forests tend to overestimate species turnover due to the dominance of
rare species (Mawdsley 1996; Stork 1997) and small sample size (Chao et al.
2000). Simulations reveal that high species turnover will occur randomly given
a small sample size and a large species pool (Chao et al. 2000). In the case of
Erwin (1991), there were less than two specimens per species, an indication of a
sample size representing a very small fraction of alpha diversity. On the other
hand, comparisons of sites based on similar number of individuals but different
species richness (as in the present study) may underestimate beta diversity
because rare species shared between the sites may be unrecorded (Colwell and
Coddington 1994).

It is obvious that species turnover increase across forest types where re-
sources are completely different (Harrison et al. 1992). Likewise, abiotic factors
like temperature are assumed to be more important than vegetation changes
for species turnover in phytophagous insects as exemplified by geometrid
moths in montane rainforests (Brehm et al. 2003). Additional insight would
probably come from comparisons within similar forest types. However, it is
difficult to find sites that are similar enough with regard to climate, habitat
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type, and other environmental factors, while also being geographically distant
enough to be relevant (Bartlett et al. 1999).

It would also be important to study beta diversity in different regions,
especially with respect to variation in geology and climate. For these rea-
sons, species turnover among phytophagous insect communities in Panama
may be relatively high compared with other tropical forests as beta diversity
of trees in Panamanian forests is higher than in western Amazonian forests
due to steeper climatic gradients (Condit et al. 2002).

Host specificity

Although many hypotheses have been suggested for the evolution of host
range (e.g., Basset 1992), very few studies, if any, have reported different
levels of host specificity among comparable groups of herbivorous insects at
different tropical sites. In many ways the patterns found in the present study
fit well with current hypotheses. With basis in forests of different ages, the
young forest should be dominated by pioneer plants investing more re-
sources in growth than defence against herbivory (Coley 1983; Coley et al.
1985), a factor that promotes polyphagy (i.e. resource availability hypoth-
esis). The dominance of deciduous species in PNM may have similar con-
sequences (MacLean and Jensen 1985), although the outcome is not obvious
since plant phenology is also seasonally predictable. Fluctuations in insect
populations are likely to be higher in dry forests than in wet forests (Wolda
1978) which may be caused by unpredictable environments. Specialists may
be more vulnerable than generalists if resources are unstable (e.g., Redfearn
and Pimm 1988). In addition, dry forests are more isolated and vulnerable
against human impact (Janzen 1988), a fact that probably affect specialists
more than generalists due to smaller range (Ghazoul 2002). On the other
hand, common species may be more heavily affected by fragmentation be-
cause rare species are better dispersers (Didham et al. 1998).

These hypotheses were mainly developed for leaf chewing insects, and it is
unknown to what extent they apply for flower visitors and saproxylic species.
The higher degree of specialization among flower visitor in SLA in the present
study may be influenced by different phenology of the host plants. In seasonal
forests (PNM), flowering events tend to synchronize in dry season, while they
are more distributed over the year in wet forests (personal observation). Since
flower visitors are mainly generalists and loosely associated with their flowers
(Roubik 1992), synchronized flowering season may attract several seasonal
insect populations simultaneously resulting in a lower effective specialization
as the same insect species visits several flowers of different plant species. On the
other hand, dispersed flowering events attract only those insect populations
that happen to be in phase (adults) at the time of florescence. Thus, the high
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level of effective specialization among flower visitors in SLA may be an
artefact caused by the current availability of resources.

Hypotheses for the evolution of host range may apply for saproxylic species
as well as leaf chewers since the wood borers are dominated by species at-
tracted to recently dead wood that may have certain levels of plant defence
(Bernays and Chapman 1994). An additional hypothesis for explaining the
higher degree of specialization among saproxylic species in SLA relates to the
increased frequency of fungal diseases in wet forests. If insects escape from
fungal attack trough specialization, this phenomenon works similar as in-
creased predation pressure which is a major selection pressure towards
specialization (Jermy 1988; Novotny et al. 1999).

The measured level of host specificity may be influenced by sample size
because generalists and specialists accumulate in samples at different rates
(Novotny et al. 2002b), a fact that may bias smaller samples towards higher
specialization, as in SLA. This is probably of minor importance since sample
sizes are not very different, and that the observed differences in host specificity
only apply for saproxylic species and flower visitors. Another problem relates
to the fact that effective specialization does not account for phylogeny of host
plants. This is probably not critical given the present sample size and the
procedure of selection of target plants.

Implications for regional species richness

Global arthropod species richness was revised by @degaard (2000a) based on
the present data set from PNM. He concluded that a working figure of
5 million species would be appropriate. Results from the present study suggest
some consequences for ecological estimates of regional species richness. Higher
alpha- and beta-diversities as well as more host specific faunas based on data
from wet forests, all points in the same direction towards a higher number of
species. More importantly, Gdegaard (2004) substantiated that the number of
phytophagous insect species on a tropical tree might be an order of magnitude
higher than that reported from extensive studies, because sample size, impor-
tant microhabitats, and successional stages of trees linked to vertical stratifi-
cation of insect assemblages are ignored or heavily underestimated in most
studies (Basset et al. 2003). The conciliation in estimates of global arthropod
species richness as indicated by @degaard (2000a) and Novotny et al. (2002a)
might therefore be challenged by estimates based on data sets considering these
confounding variables.
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Abstract. Quick surveys are often used by conservation biologists to assess biodiversity. In tropical
forests, fruit-feeding butterflies are a convenient indicator group because they can be readily
trapped and are comparatively easy to identify. However, studies carried out in Costa Rica and
Ecuador have revealed that long-term sampling is needed to estimate biodiversity accurately.
Furthermore, almost half of the biodiversity of fruit-feeding butterflies in the neotropics was found
to be in the canopy. Short term sampling in the understory can, therefore, lead to inaccurate
estimates of species richness and worse, to poorly informed conservation decisions. Comparable to
the studies in South America, we performed a long-term trapping study of the same guild of
butterflies in the understory and canopy of Kibale Forest in Uganda, to describe temporal and
vertical patterns of biodiversity. We caught 32,308 individuals of 94 species over three years. About
14% of these species could be categorized as canopy specialists and 68% as understory specialists.
Temporal variation was extensive and did not follow a clear seasonal pattern. This is the first study
in an African forest with continuous sampling of fruit-feeding butterflies over multiple years and in
both canopy and understory.

Introduction

One of the great challenges in contemporary ecology is to elucidate the many
spatial and temporal processes that affect patterns of biodiversity. For in-
stance, why do we find a certain number of species in a habitat? Why does
biodiversity change when the ecosystem is disturbed? and Why are some spe-
cies typically rare, and others common? The first step towards understanding
biodiversity is to describe it by taking appropriate samples on an appropriate
temporal and spatial scale.

Quick surveys are often used to assess biodiversity and to compare it for
different areas or for the effect of disturbance or management. Several studies
have evaluated the value of different monitoring methods (Kremen 1994; Fagan
and Kareiva 1997; Wood and Gillman 1998). Long-term studies are essential to
assess temporal variation as well as changes due to climate change, disturbance
and management, and to test the reliability of rapid inventories (Struhsaker
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2002). Such studies are, however, rare because most funding schemes promote
short projects and political problems that may arise in the country of study can
cut projects short (Pennisi 1989; Hagen 1990; Mervis 1998).

Tropical forests encompass a high proportion of the biodiversity (Myers et al.
2000). Much of this biodiversity and its dynamics is unknown, and, in particular,
the canopy is still a poorly studied habitat (Walter et al. 1998; Basset 2001;
Mitchell 2001). Nearly all tropical forests lie within developing countries where
there are few resources and opportunities for local researchers to work in the
natural habitat, and most such work is carried out by Western biologists. The
area of tropical forest has decreased dramatically in recent decades and will
continue to decrease leaving isolated fragments within the borders of protected
areas (FAO 1999; Jenkins 2003). Therefore, it is now crucial to study biodiversity
in relation to conservation in tropical forests (Stork 2001). Particularly in Africa,
little monitoring has taken place in tropical forests in protected areas, and
management decisions are rarely based on scientific data representative for the
area. The management is rarely evaluated in follow-up programs to examine its
effectiveness in achieving the conservation objectives (Struhsaker 2002).

Which taxa are most appropriate for a biodiversity study depends on the
properties of the specific area and the objectives of the study (Pearson 1994). The
taxon has to be sufficiently diverse within the area of study to give the study
statistical power, and at the same time, diversity should not be too high in order to
keep the study manageable on the levels of sample size and identification. In other
words, species accumulation curves should reasonably quickly level off. The
taxon can be chosen from different trophic levels, each with their own scale of
response to habitat changes. Another important criterion is that the taxon can be
efficiently sampled and in a repeatable way, independent of the person who is
performing the sampling. Apart from biodiversity in the area, the conservation
status of the species in question should be considered: a larger number of wide-
spread species may not compensate for a decrease in endemic or localized species
(Fagan and Kareiva 1997).

To select indicator taxa, one has to quantify to what extent spatial patterns of
species richness coincide among different groups. High congruence would be
encouraging for rapid biodiversity assessment, but studies on temperate areas
have revealed rather low congruence in species richness (but see Lund and
Rahbek 2002). A biodiversity study on tropical forest in Uganda using woody
plants, large moths, butterflies, birds, and small mammals, also revealed a very
low congruence (Howard et al. 1998, 2000). The latter study suggested, however,
that the combination of butterflies and birds could be used as a reliable indicator
for conservation value of an area, in part, because of their complementarity.
However, patterns of congruence and complementarity vary between biogeo-
graphical regions (Pearson and Carroll 1999; Cleary 2002), habitats (Ricketts
et al. 2002) and conservation status (Moore et al. 2003).

In tropical forests, the diversity of Lepidoptera is particularly high, and
especially butterflies are readily identifiable and sufficiently diverse to be widely
used as indicators of biodiversity. Butterflies are sensitive to changes in the
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habitat and are, therefore, important candidates for monitoring (Pearson 1994).
They are sensitive to floral diversity, vegetation structure (Brehm et al. 2003),
structural components of the habitat (Hill et al. 2001) and climate change (Par-
mesan et al. 1999). Fruit-feeding butterflies can be monitored with standard traps
baited with fermenting fruits, as butterflies generally do not recognize the traps as
food sources after release, thus avoiding biassed sampling (Hughes et al. 1998).
Butterflies of the fruit-feeding guild are all members of the Nymphalidae and in
Africa include Charaxinae, Satyrinae and Nymphalinae (Larsen 1991).

Many studies have used butterflies to assess biodiversity in tropical forests
and most of these studies have evaluated the effect of disturbance (Daily and
Ehrlich 1995; Hill et al. 1995; Hamer et al. 1997, 2003; Lawton et al. 1998;
Wood and Gillman 1998; DeVries et al. 1999; Hamer and Hill 2000; Willott
et al. 2000; Lewis 2001; Ghazoul 2002; Summerville and Crist 2002; Cleary
2003; Stork et al. 2003) or natural gradients (Lewis et al. 1998; Hill et al. 2001;
Pyrcz and Wojtusiak 2002) on butterfly communities. Studies in Costa Rica
and Ecuador are particularly noteworthy for their long duration (>5 years)
and the inclusion of the vertical dimension (DeVries 1988; DeVries et al. 1997,
1999; DeVries and Walla 2001; Engen et al. 2002; Walla et al. 2004). These
studies have yielded the spatial and temporal scale needed to reliably estimate
the biodiversity of fruit-feeding butterflies in neotropical forests using traps
baited with fermenting fruit. An important component of biodiversity in these
neotropical areas was found in the canopy, where a community with a different
temporal pattern was detected (DeVries and Walla 2001).

Other studies on butterflies in the canopy of tropical forests are few in
number and have generally used relatively short sampling periods. Systematic
sampling with the use of fruit-baited traps was performed on Sabah (Malaysia)
where a small community of canopy butterflies was found (Hill et al. 2001). In
Northern Queensland (Australia) a limited canopy fauna was observed from
canopy towers (Hill et al. 1992). In Vietnam, an important canopy component
to butterfly diversity was noted, although, the method used did not allow for
species richness analyses of the canopy (Spitzer et al. 1993). A combination of
fruit-baited traps and standardized counts from a canopy walkway in Borneo
revealed a lower abundance and species number of fruit-feeding butterflies in
the canopy than in understory, whilst the nectar-feeding guild showed a re-
versed pattern (Schiilze et al. 2001). Canopy traps in the Ivory Coast revealed a
limited number of canopy specialists (Fermon et al. 2003). Few long-term
trapping studies of fruit-feeding butterflies have been carried out in Africa.
Owen (1971) performed trapping studies with a duration of more than one year
in a garden in Freetown (Sierra Leone) and a garden in Kampala (Uganda).
Windig et al. (1994) collected five species of Bicyclus in Malawi over a 3-year-
period on a daily basis. Libert (1994) sampled butterflies at two forested hills in
Cameroon for 7 years, using transect walks. Butterflies have only occasionally
been used in biodiversity surveys on mainland Africa (Fuller et al. 1998;
Howard et al. 2000; Rogo and Odulaja 2001; Fermon et al. 2003; Stork et al.
2003).
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Here we present data from a three-year trapping study in canopy and
understory at a single location in Kibale forest, Uganda, using a method
adapted from DeVries and co-workers. This forest combines floral and faunal
elements from both the West and East African biogeographical region and can
therefore be considered a representative area for tropical Africa (Vonesh 2001).
The abundance and biodiversity patterns of fruit-feeding butterflies are de-
scribed, and indications are given for effective monitoring of fruit-feeding
butterflies in Kibale Forest. This is the first study in Africa with continuous
sampling of fruit-feeding butterflies over multiple years and in both canopy
and understory.

Material and methods
Field site

This study was conducted from April 2000 to September 2003 at Makerere
University Biological Field Station in Kibale Forest National Park, Western
Uganda (0°35” N 30°20” E). The field station borders selectively logged moist
evergreen forest at an altitude of around 1500 m and is therefore classified as a
transition towards montane forest. The mean maximum temperature is 23.8 °C
and the mean annual rainfall is 1749 mm and is bimodal in distribution (Rode
et al. 2003).

Trapping method

We used live-traps for butterflies (height 125 cm, diameter 35 cm) (DeVries
et al. 1997), baited with two spoons of fermenting banana. The bait was pre-
pared three days prior to baiting and not replaced unless lost. Replacement bait
was taken from the original stock and was therefore at a similar stage of
fermentation.

The traps were hung at 22 trap locations at a minimum of 100 m apart in
closed canopy forest (Figure 1). Each trap location was baited with an
understory trap, 40 cm from the ground, and a canopy trap, suspended from a
high branch, between 20 and 30 m high. For each canopy trap, height of
suspension, tree species, tree height, crown size and number of trees touching
the tree in the canopy were noted.

During the study, canopy traps had to be replaced regularly due to broken
ropes (monkeys occasionally ate them), broken branches, newly grown bran-
ches or fallen trees. In the latter case, both the understory and canopy traps
were moved to a new nearby location. Occasionally, traps were regularly vis-
ited by predators (probably bats), and in such cases the trap location was also
changed. The traps were baited once every four weeks and then scored for four
consecutive days. On two days (21-22 November 2001), the data collection was
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Figure 1. Map of the study site at Makerere University Biological Field-Station with trap loca-
tions and trail-system.

cut short due to adverse weather, and for two periods data were lost (January
2001, July 2002). Traps were excluded from analysis when traces of predation
had been found, or the bait was lost. Individual abundance per period was
calculated as mean number of individuals per trap per day to correct for the
slight temporal variation in trap numbers.

When possible, butterflies were identified in the field and released, without
marking. All other butterflies were collected in glassine envelopes for later
identification. Selected and representative specimens have been donated to the
Zoologisch Museum Amsterdam (The Netherlands). The analyses were limited
to fruit-feeding butterflies, and excluded the facultativily fruit-feeding Neptis.
Data on trapped Neptis, Acraeinae, Lycaenidae and Hesperidae will be pub-
lished elsewhere. The females of Bicyclus smithi, B. golo and B. istaris are
difficult to distinguish and, assuming that the sex-ratio of caught individuals
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was similar for these three species, numbers of females were assigned to these
species in proportion to those found in males. The data for these species were
then treated as if they were collected and identified as for all other species.
When predation had taken place, the wings that could be found were identified
and noted separately. Data analyses closely followed DeVries et al. (1997). To
identify species level stratification, a two tailed y*-test was performed using a
null hypothesis of equal proportions (df = 1, p-critical = 0.05). Note the
following important differences with the methods used by DeVries et al.
(Table 1).

Results

A total of 32,308 individual butterflies belonging to 94 species were captured
during 42 sampling periods over 40 consecutive months (Appendix 1). The
species abundance distribution ranged from five species represented by single
individuals to one species, Bicyclus smithi, represented by approximately 9659
individuals (Figures 2 and 3).

Details on vertical aspects of species richness and individual abundance
(number of individual butterflies) are summarized in Table 2. Individual
abundances of the whole guild differed significantly between understory and
canopy (y>, df = 1 F = 2159, p < 0.001). Individual abundances per species
were typically low in the canopy with the exception of Sevenia boisduvali, which
had two major peaks in abundance (Figure 4, Appendix 1). Five of the species
were found in the canopy only, whilst nine were significantly more common in
the canopy. Of all fruit-feeding butterflies caught in the canopy, 3050 (70%)
were classified as belonging to canopy specialists (significantly more, using a x°-
test with a null hypothesis of equal proportions, or only in the canopy). Twenty
species were found in understory only, whilst 54% of all species were signifi-
cantly more common in understory. The vast majority of individuals captured

Table 1. Summary of important methodological differences between this study and those of
DeVries et al.

Molleman et al. DeVries et al. Expected effect on
measured abundance

Number of trap locations 22 25 -
Height of understory 40-60 cm 50-150 cm +
traps
Sampling periods 4 days 5 days -
Rebaiting Only when bait On day 3 -
was lost
Recaptured individuals Counted, Not included, +
predominantly specimens
field identifications were collected

or marked
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Table 2. Species richness and abundance of the pooled Kibale Forest sample partitioned by

vertical position.

Canopy Understory Both Total
Species richness 75 89 94
Specialist species (%) 9 51
Exclusively in 1 stratum 5 12
Stratum specialist species 14 (15%) 63 (67%) 17 (18%) 94
Rare species (percentage per stratum) 5(36%) 13 (21%) 8 (47%) 27 (28%)
Abundance 4344 (13%) 27,999 (87%) 32,308

Abundance of st

ratum specialists 3051 (70%) 26,910 (96%)

Stratum specialist species are those that are significantly (y*test) more abundant in a particular
stratum or were exclusively caught in one of the strata. Rare species are those represented by a total
of less than 10 individuals.
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in the understory were classified as understory specialists. The canopy tended
to host relatively more rare species than the understory.

Substantial temporal variation was found in species richness and abundance
in both canopy and understory (Figure 4). However, this variation did not
closely follow seasonal patterns: whilst rainfall shows a bimodal distribution
(Rode et al. 2003), only three peaks in butterfly abundance were noted in these
40 months. These plots show the extent and unpredictability of temporal
variation which affects the measurement of tropical butterfly diversity.

Discussion

This is the first study providing estimates of vertical and temporal components
of species diversity and individual abundance for fruit-feeding butterflies in
Africa. Our data provide strong evidence that temporal and vertical patterns
have to be taken into account when quick surveys on butterflies in African
forests are considered. The canopy fauna represents an important component
of the biodiversity, and temporal variation in abundance and species richness is
extensive.
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Our results reveal strong temporal variation in trap capture rates varying
from 2.0 per trap per day to 16.3 in understory and 0.07-10.9 in canopy. This
variation did not follow a clear seasonal pattern emphasizing that standard-
izing sampling on season or calendar month cannot avoid problems of preci-
sion that are associated with quick surveys. For a reliable survey of
fruit-feeding butterfly communities with this sampling intensity, trapping
should be performed for at least one complete year.

A small proportion of fruit-feeding nymphalids in Kibale Forest can be
classified as canopy species and these generally have a low abundance. An
exception is Sevenia boisduvali which had two abundance peaks during our
sampling period (Appendix 1, Figure 4). Species that were typical understory
dwellers were occasionally caught in the canopy, and together with the low
abundance of true canopy species (70% of canopy abundance was due to
canopy specialist vs. 96% of understory specialists in the understory), these
may, in part, be responsible for the steep slope of the canopy species accu-
mulation curve (Figure 5). A significant proportion (18%) of the species was
regularly caught in both the canopy and understory. Perhaps surprising is the
high proportion in the canopy of some species often considered to be under-
story specialists, in particular Bicyclus mollitia and Euriphura chalcis as well as
some Cymothoe species (Appendix 1). The level of vertical stratification in
fruit-feeding butterfly species may be affected by vegetation structure, and thus
by forest disturbance (DeVries and Walla 2001; Fermon et al. 2003).

In concert with previous investigations in Neotropical forests (DeVries et al.
1997, 1999; DeVries and Walla 2001), this study confirms the utility of long-
term, standardized sampling in diverse tropical butterfly communities. Our
results demonstrate the significance of vertical and temporal patterns in but-
terfly biodiversity and invite detailed comparisons between different biogeo-
graphical regions and habitats, carefully accounting for differences in
methodology like detailed in Table 1. The patterns of species diversity and
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Figure 5. Species accumulation curves showing total species vs. individual abundance through
time for total sample, and for canopy and understory separately.
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abundance observed here in fruit-feeding nymphalid butterflies are likely to be
due to underlying ecological and evolutionary factors, and implies that such
patterns are inherent in other tropical insect communities.
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Appendix 1

Number of individuals caught per species (estimated numbers in italics) with categorisation to
stratum.

Species Abundance % in canopy F (*-test) Category
Charaxinae
Charaxes etheocles s.. 46 71.7 4.35 c
C. anticlea 3 0.0 1.50 bu
C. bipunctatus 129 40.3 2.42 b
C. brutus 7 429 0.07 b
C. candiope 30 333 1.67 b
C. castor 3 100.0 1.50 be
C. cynthia 54 3.7 23.15 u
C. etesipe 2 0.0 1.00 bu
C. fulvescens 1405 1.3 666.96 u
C. numenes 48 12.5 13.50 u
C. paphianus 4 25.0 0.50 b
C. pleione 39 43.6 0.32 b
C. pollux 71 11.3 21.30 u
C. porthos 1 100.0 0.50 bc
C. protoclea 31 6.5 11.76 u
C. smaragdalis 3 33.3 0.17 b
C. tiridates 34 55.9 0.24 b
C. zelica 3 66.7 0.17 be
C. zoolina 4 100.0 2.00 be

Euxanthe crossleyi 15 40.0 0.30 b
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Appendix 1. Continued.

Species Abundance % in canopy F (;*test) Category
Nymphalinae
Charaxes porthos 1 100.0 0.50 be
Cymothoe lurida 459 9.4 151.56 u
C. herminia 615 14.6 153.84 u
C. caenis 3 66.7 0.17 b
C. hobarti 144 36.1 5.56 u
Harma theobene 593 39 252.28 u
Pseudacraea eurytus 1 0.0 0.50 bu
P. clarckii 1 100.0 0.50 be
P. lucretia 177 60.5 3.87 c
P. semire 1 0.0 0.50 bu
Catuna crithea 214 33 93.46 u
Aterica galene 350 1.7 163.21 u
Euphaedra alacris 1353 0.7 658.62 u
E. christyi 306 1.6 143.16 u
E. edwardsi 168 1.8 78.11 u
E. eusemoides 240 0.0 120.00 u
E. harpalyce 654 1.1 313.15 u
E. hollandi 19 5.3 7.61 u
E. kakamega 36 3.0 14.56 u
E. medon 1744 1.1 832.46 u
E. preussi 274 1.8 127.18 u
E. uganda 342 0.9 166.55 u
E. zaddachi 157 1.9 72.61 u
Euriphura chalcis 11 63.6 0.41 b
Neptidopsis ophione 122 32.0 7.93 u
Euriphene ribensis 71 2.8 31.61 u
E. saphirina 7 0.0 3.50 u
Bebearia absolon 28 0.0 14.00 u
B. sophus 251 0.8 121.53 u
Ariadne enotrea 81 32.1 5.19 b
A. pagenstecheri 6 16.7 1.33 b
Eurytela hiarbas 1432 58.8 22.17 c
E. dryope 6 50.0 0.00 b
Sevenia boisduvalli 1600 96.4 688.21 c
S. umbrina 113 92.9 41.63 c
S. occidentalium 47 97.9 21.54 c
Apaturopsis cleocharis 138 80.4 25.57 [¢
Junonia stygia 69 15.9 16.01 u
J. westermanni 17 29.4 1.44 b
Protogoniomorpha parhassus 8 25.0 1.00 b
P. temora 3 0.0 1.50 bu
Salamis cacta 62 6.5 23.52 u
Hypolimnas anthedon 4 25.0 0.50 b
H. monteironis 2 0.0 1.00 bu
H. salmacis 5 0.0 2.50 bu
Kallimoides rumia 374 1.3 177.13 u
Kamilla ansorgei 2 0.0 1.00 bu
Antanartia delius 124 67.7 7.81 c
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Appendix 1. Continued.

Species Abundance % in canopy F (5-test) Category
A. dimorphica 22 50.0 0.00 b
Lachnoptera anticlia 169 35.5 7.10 u
Phalanta eurytis 33 21.2 5.47 u
P. phalantha 201 85.1 49.46 c

Satyrinae
Melanitis ansorgei 4 0.0 2.00 bu
M. leda 99 3.0 43.68 u
Gnophodus betsimena 103 0.0 51.50 u
G. chelys 962 0.7 467.10 u
G. grogani 101 4.0 42.82 u
Bicyclus auricruda 613 6.0 236.97 u
B. buea 362 33 157.80 u
B. campinus 16 0.0 8.00 u
B. campus 4 0.0 2.00 bu
B. dentatus 78 5.1 31.41 u
B. funebris 18 0.0 9.00 u
B. golo 716 2.2 327.02 u
B. graueri 1075 0.7 523.59 u
B. istaris 59 0.0 29.71 u
B. mandanes 859 3.8 366.04 u
B. mesogena 376 2.1 172.34 u
B. mollitia 2205 18.8 429.96 u
B. sdafitza 4 0.0 2.00 bu
B. sambulos 46 2.2 21.04 u
B. sebetus 123 0.8 59.52 u
B. smithi 9659 1.4 4570.52 u
B. vulgaris 1 0.0 0.50 bu
Henotesia peitho 36 11.1 10.89 u

¢, canopy species; u, understory species; b, both strata; bc, only in canopy, but NS; bu, only in
understory, but NS.
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Abstract. Ecosystem level processes and species interactions have become important concepts in
conservation and land management. Despite being New Zealand’s greatest contributors to global
diversity, native invertebrates have been largely overlooked in the assessment of land values, and
their diversity has often been assumed to reflect native plant diversity without justification.
Invertebrates can in fact affect plant species composition, and in ecosystems such as New Zealand’s
remaining indigenous and semi-modified tussock grasslands can do so in excess of more conspic-
uous vertebrate grazers. An understanding of the interactions between invertebrates and their plant
hosts may be informative in assessing land conservation values, increase the efficiency of rapid
inventory analyses and would be applicable across the production-conservation spectrum. This
study considers the Curculionoidea, vascular plant, bryophyte and lichen communities of two semi-
modified tussock grasslands in the Otago region of southern New Zealand. Quantitative plant and
invertebrate sampling were carried out in January 2001. Data were analysed using ANalysis Of
SIMilarity (ANOSIM) and Multi-Dimensional Scaling (MDS) ordination techniques. Vascular
plant, bryophyte and lichen species richness was highest in the same site and plots as native weevil
species richness, however the proportion of native vegetation in these locations was lower. Asso-
ciations identified between Curculionoidea and vascular plants were dismissed due to the con-
founding effect of species frequency across samples. This appeared to have little influence on
associations with bryophytes and/or lichens and these were given more weighting. The ecological
implications of associations are considered and variability in weevil composition is discussed in
reference to the tussock grassland environment. The importance of plant-invertebrate relationships
to conservation and the uses and limitations of the PRIMER MDS ordination technique for
determining associations are discussed.

Introduction

Species interact both directly and indirectly through time and space. These
interactions vary in form, frequency, intensity and complexity (Begon et al.
1990) and, in conjunction with abiotic factors, determine community structure
and ecosystem function. Ecosystem and species interactions have become
important concepts in sustainable management and conservation, as numbers
of threatened species greatly outweigh conservation resources (Myers et al.



110

2000). By necessity therefore, biodiversity and ecosystem conservation are
beginning to prevail over single species preservation (Ehrenfeld 2000), and
previously overlooked organisms, like invertebrates, are beginning to receive
greater consideration (McGuinness 2001).

Land conservation values, which might include the presence of rare, not
specialised or unique species and communities or high total biodiversity, are
frequently assessed using methods which assume that native invertebrate
diversity reflects native plant diversity. Although such correlations have been
demonstrated (Moeed and Meads 1985; Crisp et al. 1998; Harris and Burns
2000) there has been little evaluation of this as a general principle. In fact,
although generally characterised by their respective plant communities, the
differential grazing of phytophagous invertebrates can also affect plant-species
composition (Patrick 1994) and even equal or exceed that of more conspicuous
vertebrate grazers in, for example, tussock grasslands (White 1978; Andersen
and Lonsdale 1990; Schowalter 2000). Nevertheless, there is pressure in eco-
logical studies to use such methods which include ‘rapid inventory techniques’
because they are comparatively cheap and quick (Crisp et al. 1998). Under-
standing relationships between invertebrates and their host plants may increase
the efficiency of rapid inventory techniques by allowing more accurate pre-
dictions of invertebrate community composition to be made from botanical
information which is often already available or more easily collected. For
example, in the case of host specific herbivores, for which the host plant has
been determined, the absence of that plant can be informative. Furthermore,
knowledge of the ecology of particular invertebrates could be useful in the
assessment of ecosystem health by understanding trophic structure, identifying
the causes of ecosystem degradation, or increasing the success of restoration
attempts.

Invertebrates are New Zealand’s major contributors to global diversity with
less than 2% of species having been introduced (Patrick 1994) and endemism
reaching approximately 96% (Watt 1975). The Otago region of southern New
Zealand has a particularly diverse invertebrate fauna and is thought to rep-
resent a major centre of invertebrate endemism (Barratt and Patrick 1987;
Barratt and Kuschel 1996). A significant proportion of this diversity occurs in
the tussock grasslands characterising much of the montane inland areas. Al-
though extensive, these areas are under-represented in Otago reserves (Allan
1978) and this is often due to their semi-modified floristic state with little regard
for the invertebrate communities.

During a collaborative study by the Department of Conservation, New
Zealand Forest Research Institute and Landcare Research Limited assessing
the effects of fire on tussock-grassland ecosystems, spatial disparities in adult
weevil communities (Coleoptera: Curculionidae) were noted (Barratt et al.
2003; Murray et al. 2003). This paper sets out to further analyse these dis-
parities by relating them to the vegetation characteristics at each site and plot,
in terms of species richness and percent native species, as such data are often
more readily available and used to determine the conservation value of a site.
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We also investigate potential weevil-plant and weevil-bryophyte/lichen species
associations using PRIMER, a novel method of multidimensional scaling
ordination designed specifically for examining community structure (Clark and
Warwick 1994). This statistically flexible method is increasingly being used to
analyse aquatic invertebrate communities (see Clarke 1993) but less widely in
terrestrial settings.

Methods
Study sites

Sampling was conducted at Mt. Benger (45°35” S, 169°15” E) and Deep Stream
(45°2'10” S, 170°15’50” E), in mid-January 2001. Both sites represent semi-
natural Chionochloa rigida (Raoul) Zotov (1963) tall tussock grasslands with a
diverse inter-tussock flora. They have a recent history of low density stocking
(Gitay et al. 1992; Ross et al. 1997) and have remained un-burnt for at least
25 years. The Mt. Benger (MB) site is situated on the eastern slopes of the Old
Man Range at 1167 m a.s.l., and Deep Stream (DS) at 500 m a.s.l., 10 km
north of Lake Mahinerangi (see Murray et al. 2003). This study utilises three
20 m x 20 m plots at each site giving a total of 6 plots, MB1, MB2, MB3, DS1,
DS2 and DS3.

Sampling

A quantitative measure of vascular plant and weevil species abundance was
achieved by removing 20 intact 0.1 m®> inter-tussock turves
(32 cm x 32 cm X 5 cm deep) per plot in a stratified design avoiding large
Aciphylla plants and woody shrubs. Four additional turves per plot were taken
to included tussocks (Chionochloa rigida) clipped to 100 mm above ground
level. Individual turves were stored in paper sacks at 4 °C until they were
examined to determine the local shoot frequency of vascular plant species
(following the nomenclature of Allan Herbarium 2000) with the aid of a 25-cell
grid placed over the turf surface. The presence/absence of bryophyte and lichen
taxa were recorded and identified following the nomenclature of Beever et al.
(1992) for mosses, Glenny (1998) for liverworts, and Galloway (1985) and
Martin and Child (1972) for lichens.

Invertebrates were then collected by inverting whole turves and placing them
individually in extraction funnels along with any material that may have come
loose in storage or during vegetation recording. Turves were heated for 7 days
by 150 W light bulbs mounted 400 mm above each turf and invertebrates were
collected into 90% ethanol:10% glycerol. Curculionoidea were hand-separated
from other invertebrates and stored in 70% ethanol. Bremner (1988) deter-
mined that between 97 and 100% of weevils present in a turf are recovered



112

using these methods, and that cool-storage of turves for up to 3 weeks has no
negative effect on this yield. Abundance of each weevil species/morpho-species,
as identified by comparison to a reference collection held at AgResearch In-
vermay Agricultural Centre, was recorded per turf. Nomenclature follows
Alonso-Zarazaga and Lyal (1999).

Analysis

Non-metric Multi-Dimensional Scaling (MDS) sample ordinations (Kruskal
and Wish 1978; Clarke and Warwick 1998) using the computer package
PRIMER (Clarke and Warwick 1994) were employed to compare species
compositions of each plot and site. Analysis of similarity (ANOSIM) per-
mutation tests, which calculate the similarity coefficient R, were used to tests
the null hypothesis of ‘no difference’ in community composition between sites
and plots, providing statistical support for the primarily visual interpretation
of these ordination results. Species ordinations were performed to identify
potential ecological associations between weevils and vegetative taxa as taxa
occurring frequently in the same samples appeared close together on these
graphs. Analyses were based on similarity matrices produced using the Bray—
Curtis similarity measure (Bray and Curtis 1957) to define a similarity
coefficient between every pair of species (species ordinations) or turves
(sample ordinations) and their varying abundances across all samples. All
ordinations were run using one thousand iterations and were repeated mul-
tiple times. Abundance data were subject to 4th root transformation before
ordination, to increase the weighting given to less common species while
retaining abundance information. The resulting ordination graphs lack axes,
instead each point, corresponding to a species or the composition of a turf in
species and sample ordinations respectively, is placed in 2-dimensional space
such that the relative distances between points match, in rank order, the
corresponding pairwise similarities. The stress value indicates the adequacy of
these distances (Clarke 1993), tending towards zero where the rank orders
reach perfect agreement.

Results
Community composition

Mt. Benger supported greater species richness for all three taxonomic groups
(Table 1) and almost twice the number of species recorded in only that site as
opposed to in both sites. Vegetative species richness (vascular plants, bryo-
phytes and lichens) was highest at Mt. Benger, however, the proportion of
native vegetative species was slightly lower. Species richness was reasonably
consistent between plots for all three groups at Deep Stream, as were the
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Table 1. Number of vascular plants, bryophytes/lichens and weevil species collected in January
2001 at Mt. Benger (MB) and Deep Stream (DS). Values in parentheses indicate the number of
species which are New Zealand native. The total proportion of vegetative species (vascular,
bryophytes and lichens) that were native at each site and plot is also shown. Total number of
species unique to each site and plot, in the context of this study is indicated.

Site/plot Vascular Bryophytes Weevil Native Unique
plants and lichens species vegetation (%) species

MB 57(44) 32(22) 17(17) 74 39

DS 50(39) 29(22) 9(9) 77 21

MBI 38(27) 14(10) 3(8) 71 14

MB2 27(21) 16(12) 7(7) 77 12

MB3 40(29) 20(13) 16(16) 70 28

DSl 39(27) 17(14) 6(6) 73 12

DS2 36(27) 17(14) (7) 77 10

DS3 36(26) 17(13) 3(8) 74 13

number of native species recorded, but varied considerably more between
plots at Mt. Benger. Weevil species richness was twice as high in plot MB3
compared to both MBI and MB2. Although the total number of native
vascular, bryophyte and lichen species was also higher in MB3, the propor-
tion of native vegetation was lower at 70%. Those plots with the highest
proportion of native vegetation (MB2 and DS2) exhibited two of the lowest
scores for both total unique species (those not recorded in at least one other
plot) and weevil species richness.

MDS sample ordinations clearly indicated that the two sites differed in their
species composition for all three taxonomic groups (Figure 1la, c, e) and this is
supported by the associated ANOSIM R-values displayed in Table 2. All plots
can be clearly separated based on the vascular plant ordination (Figure 1b),
however, plots MB1 and MB2 showed a high degree of overlap between sample
points for weevils and also bryophytes and lichens (Figure 1d, f) which is
reflected in the non-significant R-values for these comparisons. The bryophyte
and lichen species present at DS2 and DS3 were not sufficiently different
(Figure 1d) to distinguish between the communities in these 2 plots.

Vascular plant—weevil associations

An ordination of weevil and vascular plant abundance data from both sites
indicated several instances where weevil and vascular plant species (or groups
of species) frequently occurred in the same samples (Figure 2a). These par-
ticular associations, however, were not consistently evident in repeated species
ordinations, or ordinations of each site independently, despite the low stress
value (0.15) and high number of iterations. When the percentage of turves in
which each weevil and plant species occurred was superimposed onto the
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Figure 1. MDS sample ordinations of vascular plants, bryophytes/lichens and Curculionidae at
the site (a, c, e) and plot (b, d, f) levels. Each point represents the species composition of an
individual turf. (a, ¢, ¢) AMt. Benger; ¥ Deep Stream; (b, d, f) © MBI1; ¥ MB2;
® DS2; + DS3; n = number of turf samples.

ordination (Figure 2b) a pattern emerged. Generally, distances between species
declined from the periphery to the centre of the ordination while the frequency
of turves in which species occurred increased. Visual interpretation of repeated
analyses indicated that each species remained at approximately the same po-
sition on this gradient from centre to periphery, however, at any point along
this gradient directly adjacent species varied considerably from one repetition
to the next, suggesting the potential associations in Figure 2a were an aber-
ration of species frequency rather than representative of true associations be-

tween species.

MB3; @ DSI;
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Table 2. ANOSIM R-values and their associated significance for between-site and between plot
differences in weevil, vascular plant and bryophyte/lichen community compositions (species pres-
ence and abundance) at Mt. Benger (MB) and Deep Stream (DS). Significance levels < 1.0 indicate
statistical differences in species composition.

Sites/plots compared Curculionidae Vascular Bryophytes/
lichens
R Y% sig R Y% sig R % sig
MB-DS 0.56 0.1 0.55 0.1 0.38 0.1
MBI1-MB2 0.06 5.7 0.36 0.1 0.04 10.9
MBI1-MB3 0.66 0.1 0.40 0.1 0.16 0.1
MB2-MB3 0.68 0.1 0.36 0.1 0.19 0.1
DS1-DS2 0.16 0.4 0.28 0.1 0.12 0.4
DS1-DS3 0.32 0.1 0.38 0.1 0.09 0.3
DS2-DS3 0.01 26.8 0.46 0.1 0.14 0.2
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Figure 2. (a) Species ordination indicating possible associations between weevil (@) and vascular
plant species (A). (b) Species ordination as in 2a with weevil/plant symbols replaced by symbols
representing the frequency of turves in which each species occurred; A, <10%; V¥, 10-20%; =, 21—
40%; @, 41-60%; + > 60%.

Bryophyte/lichen—weevil associations

Potential associations between weevil species and mosses, liverworts or lichens
are summarised in Figure 3 and Table 3. Weevils showing no associations (i.e.
those labelled directly on Figure 3), each occurred in <3.5% of turves, re-
iterating the possibility that species frequency across samples was driving the
distances between points on ordinations. Species frequency, however, appeared
to be less influential than for the weevil-vascular plant analysis, as repeated
ordinations, and ordinations of each site independently, consistently produced
these particular associations.

Group 1 associations (Figure 3, Table 3) were maintained in an ordination
of Deep Stream data (not shown), but not at Mt. Benger where all three weevil
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Figure 3. Species ordination of weevils (@) and bryophytes/lichens (+ ). Possible associations be-
tween weevils and bryophyte/lichen species are circled and the species involved indicated in Table 3.
Weevil species labelled with letters are those that showed no associations, full names are given in
Table 3. The lichen Cladonia sp. which forms part of group 5 for Mt. Benger data only is also labelled.

Table 3. Weevil, moss (M) liverwort (LW) and lichen (L) speceis forming groups 1-5 as indicated
in Figure 3. Full names of the five weevil species showing no associations are also listed.

Group/site Weevil species Associated bryophyte and lichen species
1 Peristoreus insignis Chiloscyphus chlorophyllus (LW)
Baeosomus rugosus Tortula truncata (M)
Irenimus curvus Cladina leptoclada (L)
Hypnum cupressiforme (M)
Leptodontium interruptum (M)
2 Baeosomus cf.angustus Pseudocyphellaria pickeringii (L)
Ditrichum difficile (M)
3 Baeosomus cf.crassipes Polytrichum juniperinum (M)
4 Baeosomus sp.
Gromilus sp. 1 Psoroma histula (L)
5 Gromilus sp. 2 None
Nestrius sp. 1
Nestrius sp. 2
Baeosomus amplus
Crisus sp.
Remaining species (a) Catoptes sp. None

(b) Eugnomus durvillei
(c) Irenimus stolidus
(d) Catoptes dispar
(e) cryptorhinchine sp.

species were considerably less common. In contrast, group 2 associations
were only retained in an independent ordination of Mt. Benger data. These
species occurred with low frequency at both sites (<4-15% of samples),
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although more so at Deep Stream. Group 3 represents an association between
Baeosomus cf. crassipes (Broun) and Polytrichum juniperinum Hedw., the most
frequently occurring weevil and moss species, respectively. This association was
also apparent from analysis of Mt. Benger data alone, where P. juniperinum
occurred in 93% of turves, compared to 63% at Deep Stream. In group 4,
Baeosomus sp. and the lichen Psoroma histula Nyl. ex Cromb. were closely
associated, while Gromilus sp. 1 was only loosely associated. When ordinated
independently, Mt. Benger data showed a much stronger association between
Gromilus sp. 1 and P. histula. Weevil species in group 5 were clustered together
but were not closely associated to any particular bryophyte or lichen species.
Four of these species, Nestrius sp. 1, Nestrius sp. 2, Gromilus sp. 2 and Crisus
sp., were restricted to Mt. Benger, explaining the clustering. The latter two
were, however, associated with the lichen Cladonia sp. (indicated in Figure 3),
when Mt. Benger data were ordinated alone.

Discussion
Community composition

Significant differences were found in the species richness and biodiversity both
between and within the two sites compared. The variability in species com-
position over the short distances between plots with no visible barriers within
each site emphasises the complexity of the tussock grassland ecosystem. This
highlights the importance of considering microhabitats and naturally discon-
tinuous invertebrate and plant distributions in ecological studies on which
conservation and management decisions are to be made. In the absence of
certain micro-habitats, such as those maintained by an intact tussock canopy,
some groups of species may be under-represented and others over-represented
(Clarke and Warwick 2001). The tussock canopy protects the inter-tussock
habitats from solar radiation and wind, thus affecting humidity, maintaining
soil water balance and buffering temperatures (Yeates and Lee 1997). Such
factors strongly influence invertebrate species composition, and plant-herbi-
vore dynamics (Room 1990; Didham et al. 1998). Fragmentation and distur-
bance events including fire also cause changes in soil nutrients, structure and
water balance and may have a measurable effect on the survivorship of weevil
species with soil-dwelling immature stages as has been recorded for various soil
nematodes (Yeates and Lee 1997). Some or all of these factors may explain the
relative differences between sites and plots in the abundances of small, flightless
weevil species (e.g. Baeosomus sp. and Nestrius sp.). Such species tend to be
poor dispersers and as the two sites at least have independent disturbance
histories which potentially altered canopy integrity in different ways and at
different times, some species may have been lost from or failed to (re)colonise
these sites.
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If only one of the sites or plots studied here could be selected for the
conservation of native biodiversity, the inclusion of invertebrate data in ad-
dition to botanical information could result in a different choice. For ex-
ample, plot MBI contains a greater proportion of native plants than MB3
and just two fewer species of both vascular and non-vascular plants. If there
were resistance to the selection of MB3 due to factors such as opposition
from adjacent landowners, MB1 may be selected more readily in compromise
based on this botanical information alone. Plot MB3 however, contains twice
the number of native weevil species, hence the relative biodiversity is actually
greater and the inclusion of invertebrate data significantly strengthens the
case for its conservation.

Associations

Associations between bryophyte/lichen taxa and Baeosomus (Erirhinidae:
Stenopelmini), the most speciose and abundant weevil genus found at the study
sites (Murray et al. 2003), were of particular interest as the genus is thought to
be composed of moss feeders (Kuschel 1964). Results suggested such associa-
tions for all five of the Baeosomus species recorded. Of the nine bryophyte and
lichen species identified here as potential weevil host plants, only the moss
Polytrichum juniperinum as a host of Baeosomus species including B. amplus
(Broun) and B. rugosus (Broun) (Barratt and Patrick 1987; G. Kuschel, personal
communication) is in agreement with the few other reports that exist. In con-
trast to the current analysis, few studies have observed even potential associa-
tions between weevils and liverworts or lichens although there is evidence that
cryptogam herbivory is a characteristic of certain weevil species (Jolivet 1998).
The associations between weevils and bryophyte/lichen taxa were considered
more reliable than those with vascular plants. In the latter case, associations
appeared to be confounded by the proportion of samples in which individual
species occurred despite 4th root transformation, as this transformation only
controls for abundance within samples. Essentially, weevil and vascular plant
species that occurred close together on ordinations did so because they were
similarly present in a large proportion of the total number of samples rather
than necessarily having any specific ecological association. Using this ordina-
tion technique potential associations (plant and weevil species which are plotted
close together on ordination graphs) representing less common species are most
likely to reflect real relationships as this ‘frequency’ effect can be ruled out as a
confounding factor. Some populations, however, such as those of Eugnomus
durvillei Schonherr, Crisus sp., Cryptorhynchine sp. and Catoptes sp. may be so
small that they do not utilise all available host plants, thus obscuring existing
associations from detection by this method. Similarly, where weevil populations
are primarily limited by factors other than food or habitats provided directly by
their hosts (e.g. competitive rigor or altitudinal limits), associations with locally
abundant or common plant species may be obscured.
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In accordance with the literature (May 1977; Barratt and Patrick 1987;
Bremner 1988; May 1993; Barratt and Kuschel 1996; Barratt et al. 1998), the
lack of specific associations detected for the members of the Entiminae and
Cyclominae recorded in this study, may indicate that they are generalist
feeders. Such herbivores often exhibit more efficient dispersal capabilities than
specialised species (Anderson 1988), making them more disturbance-tolerant.
It has been shown (Barratt et al. 1998; Crisp et al. 1998; Harris and Burns 2000)
that in the absence of intact habitat, semi-modified, fragmented and histori-
cally disturbed indigenous vegetation, such as that surveyed here, can support
considerable indigenous invertebrate biodiversity. A rapid inventory of plants
may not provide information on the likelihood of such generalists being
represented in a particular grassland area.

Many authors (e.g. Lyal 1993; Colonnelli and Osella 1998) stress that the
particular plants on which invertebrates are found cannot always be assumed
to be their hosts. Laboratory rearing or gut content analysis may be required
to prove associations beyond doubt (Kost’al 1991; Lyal 1993), especially
when considering species with subterranean habits (Marco et al. 1998). A
case in point is the apparent association between Peristoreus insignis (Broun)
and the liverwort Chiloscyphus chlorophyllus (Hook.f. and Taylor) Mitt.,
which is almost certainly a misleading result. Genera in the subfamily Cur-
culioninae are usually considered to be host specific or oligophagous, re-
stricted to areas where native plants still predominate (May 1993; Barratt
et al. 1998), and P. insignis itself almost certainly feeds on plants in the family
Asteraceae (G. Kuschel, personal communication). Furthermore, different
weevil life stages may not necessarily feed on the same plant part or species
(Lyal 1993; Simpson et al. 1996) and recent evidence suggests that maternal
oviposition preferences can sometimes restrict host ranges more than feeding
preferences (Singer 1986; Janz and Nylin 1997; Marco et al. 1998). Other
factors are also influential, for example, during the winter months Irenimus
stolidus Broun has been observed sheltering in the base of tussock tillers
where temperatures remain higher than in the inter-tussock vegetation
(Barratt and Kuschel 1996). Similarly the concealment afforded by the hab-
itat of Cryptorhynchinae (e.g. leaf litter and dead wood) is thought to pre-
dominate as a factor determining host range (Lyal 1993). The apparent
associations between Baeosomus spp., and bryophytes and lichens may result
from a preference for the microhabitat provided by these life forms in gen-
eral, and their suitability as refuge plants (Colonnelli and Osella 1998). The
taxonomy and food potential of the specific bryophytes and lichens present
may therefore be of little ecological consequence.

MDS ordination

The PRIMER MDS ordination technique was developed to assess invertebrate
communities in aquatic systems (Clarke and Warwick 1994) and has been
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successfully applied to floristic communities in terrestrial environments (e.g.
Rose and Fairweather 1997). This form of MDS analysis was found here to be
a useful tool in the identification of plant and weevil communities indicating
that the technique could be employed for detecting similarities between sites.
For example, it might be used to compare relative diversity or community
composition at different sites or to validate replicate plots for ecological studies
as having statistically similar species composition. Although this method can
been used to detect associations between species and abiotic factors (Clarke
and Warwick 1994), it may not be appropriate on its own to definitively detect
ecological associations between species such as herbivorous insects and their
plant hosts, especially in complex habitats and at varying spatial scales. It may
however, provide a useful starting point in terms of indicating pairs or groups
of species that frequently occur together.

Conclusion

The effective management and conservation of indigenous biodiversity requires
a fuller understanding of ecosystem function, including interactions between
component species. An understanding of plant—invertebrate associations is
especially important in New Zealand’s remaining tussock grasslands as land
transformation is occurring rapidly in this environment due to intensifying
land use. Such knowledge would also be widely applicable across the pro-
duction-conservation spectrum given that the invertebrate fauna span the
functional groups essential for ecosystem processes, such as decomposition, to
occur.

There is increasing pressure to conduct ecological studies using rapid
inventory techniques, relying on plant biodiversity as a predictor of inverte-
brate biodiversity with insufficient justification. In contrast to aquatic systems,
where invertebrate diversity and abundance is widely used as an indicator of
ecosystem health (Wright et al. 1995; Saiz-Salinas 1997; O’Connor et al. 2000),
terrestrial indicator species have rarely been determined, as terrestrial habitats
are often far more diverse and species composition and abundance less con-
sistent. Determining associations between terrestrial invertebrates and the cli-
matic and floristic components of the ecosystems that they inhabit may
increase the predictive power of such techniques. The current investigation
determined several possible associations between weevils and non-vascular
plants using an ordination approach, raising questions about their ecological
relationships. It also illustrated the variability that exists in invertebrate species
composition within the tussock grassland ecosystem even at small spatial
scales, and the consequent importance of considering less obvious microhab-
itats when conducting ecological studies in such environments. Finally the
study has provided an insight into methods that, once refined, could be used
more effectively to assist in the determination of species associations within
complex terrestrial communities.
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Abstract. Agricultural intensification decreases arthropod predator diversity, abundance and
population stability, and may affect interactions between top predators and their arthropod prey —
ultimately affecting ecosystem services. Coffee management intensification (reduction or removal of
shade trees) reduces diversity of arthropod predators (ground-foraging ants). Because ants provide
ecosystem services by controlling pests, influences of intensification on arboreal, coffee-foraging ant
diversity and abundance are important. We here address how coffee intensification affects: (1)
coffee-foraging ant diversity and abundance and (2) seasonal fluctuations in ant abundance. In each
of four coffee sites of varying management intensity in Chiapas, Mexico, we sampled vegetation
and using two methods, sampled ant diversity and abundance over two years. Sites significantly
differed in vegetation and management intensity. Coffee-foraging ant diversity generally decreased
with increasing management intensity (16-26% fewer species observed in the most intensively-
managed site). Ant abundance was higher in the wet season. Management intensity, however, did
not influence ant abundance or seasonal fluctuations in abundance. Our results highlight the
importance of diverse agricultural systems in maintaining arthropod predator diversity, and point
to one model system in which we may effectively test how diversity per se affects ecosystem services.

Introduction

Conservation biologists strive to understand how habitat disturbance affects
biodiversity in natural ecosystems (Didham et al. 1998; Kalif et al. 2001;
Ricketts 2001; Tscharntke et al. 2002; Watt et al. 2002), agricultural habitats
(Roth et al. 1994; Estrada and Coates-Estrada 2002; Ricketts et al. 2001;
Siebert 2002), or across intensification gradients of agroecosystems (Perfecto
et al. 1996; Greenberg et al. 1997, Kremen et al. 2002; Klein et al. 2002a).
Yet, many examine how habitat modifications affect species richness or
abundance without distinguishing between agricultural types (Aberg et al.
1995; Tilman 1999, but see Glor et al. 2001; Vandermeer and Carvajal 2001;
Perfecto and Vandermeer 2002) or lack quantification of vegetation variables
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necessary to distinguish habitats (Ricketts et al. 2001; Rojas et al. 2001).
Agriculture covers >75% of the earth’s arable land (Young 1999) and
biodiversity found therein provides ecosystem services (Balvanera et al. 2001;
Klein et al. 2003).Thus quantifying effects of intensification and comparing
conservation value of agricultural habitats is crucial to conservation.

Coffee (Coffea arabica) agroecosystems are highlighted for their conserva-
tion potential, but coffee management intensification eliminates biodiversity
and may restrict ecosystem services. Coffee was traditionally grown under a
diverse, dense shade canopy, but recent intensification includes reducing shade
tree density and diversity and agrochemical use (Moguel and Toledo 1999; Mas
and Dietsch 2003). With coffee intensification, diversity of predators such as
ants decreases (Nestel and Dickschen 1990; Perfecto and Snelling 1995; Per-
fecto et al. 1996; Perfecto et al. 1997; Perfecto and Vandermeer 2002; Arm-
brecht and Perfecto 2003) yet no studies focus on arboreal (specifically coffee-
foraging) ants (see Perfecto et al. 1996). Ants provide ecosystem services by
preying on pests in agroecosystems including coffee (Way and Khoo 1992;
Velez et al. 2000; Vandermeer et al. 2002) and ecosystem services may diminish
as diversity is lost (Balvanera et al. 2001; Klein et al. 2003). Thus understanding
losses of coffee-foraging ant diversity are particularly important.

Agroecosystem management and seasonality may also influence ant abun-
dance. Theoretically, in vegetationally-diverse systems, predator populations are
larger and more stable than in monocultures due to stable prey populations and
other resources (Root 1973; Andow 1991). Empirical evidence shows some
predators are more abundant in diverse (less intense) agricultural systems
(Basedow 1991; Knops et al. 1999; Girma et al. 2000; Klein et al. 2002b) but
management differences do not always affect ant abundance (Perfecto and Se-
diles 1992). Furthermore, some tropical insect populations are influenced by
seasonal changes in temperature and rainfall (Tauber et al. 1998; Guedes et al.
2000) and ants are generally more abundant in the wet season (Alonso 1998;
Kaspari and Weiser 2000). Thus although ant abundance may vary with man-
agement system and seasonality, abundance may fluctuate less in diverse systems.

In this study, we assess changes in diversity and abundance of coffee-for-
aging ants under the influences of coffee management intensification and sea-
sonal changes investigating if: (1) Diversity of coffee-foraging ants declines
with increasing management intensification; (2) Abundance of coffee-foraging
ants increases with increasing management intensification; and (3) Abundance
of coffee-foraging ants increases in the wet season and seasonal fluctuations in
abundance are less under high-shade management.

Methods
Site description and experimental design

We set up sampling plots in four sites within three farms in the Soconusco
region of SW Chiapas, Mexico: (1) Belen Rustic (TP; 15°15” N, 92°22" W); (2)
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Belen Production (CPB; 15°15" N, 92°23" W); (3) Irlanda (CPI; 15°11" N,
92°20" W); and (4) Hamburgo (SM; 15°10" N, 92°19” W). All farms are be-
tween 950-1150 m elevation and receive ca. 4500 mm of rain per year. The sites
represent a gradient of intensification based on density, diversity, and height of
shade trees, and percent shade cover (Mas and Dietsch 2003; Perfecto et al.
2003). According to Moguel and Toledo’s (1999) classification scheme, TP is a
‘traditional polyculture’, CPI and CPB are ‘commercial polycultures’, and SM
is roughly a ‘shaded monoculture’.

We sampled ants following an experimental design set up to study bird
influences on coffee arthropod communities (I. Perfecto, unpublished data),
thus ant sampling took place inside and outside of large bird exclosures. We set
up 32 total exclosures (10 each in CPI and SM, 6 each in TP and CPB) with
monofilament nylon netting (35 X 35 mm mesh) suspended from shade trees
and covering roughly 10 x 8 m. Inside each exclosure we marked ten coffee
plants for sampling and outside (<10 m from exclosures) we marked ten
control plants. Coffee plants in TP were larger, and nets were of set size, thus
numbers of exclosure and control plants varied from seven to ten. On each
sampling date we sampled a total of 200 plants each in CPI and SM, 120 in
CPB, and 96 in TP. We maintained exclosures from Nov. 2000—Dec. 2002.

Ant sampling and diversity analysis

We used two methods to sample ants: vacuum samples and tuna baits. Using
vacuum samples, we sampled all marked plants four times in the dry (Nov.
2000, Feb. 2001, Nov. 2001, and Nov. 2002) and three times in the wet season
(May 2001, Aug. 2001, and May 2002). On several days from 7:00-9:00 AM,
for each marked coffee plant, we sampled two previously unused branches (> 6
leaves) with a 10 cm diameter reversed leaf-blower (D-vac) (WeedEater®
Company, 1 Poulan Drive, Nashville, AR, 71852). Arthropods were vacuumed
into mesh bags, placed in plastic bags and killed with ethyl acetate. We stored
samples from sets of control or exclosure plants together and later identified
ants. We standardized ant abundance as number of individuals per g of foliage
sampled. We measured length and width of all vacuumed leaves and converted
leaf area to a biomass estimate using an empirically generated equation
(Biomass (g) = Leaf area (0.025)-0.08).

On marked plants, we baited for ants three times in the dry (Dec. 2000, Jan.
2002, and Dec. 2002) and twice in the wet season (May 01 and May 02)
(Table 1). From 7:30-10:30 AM, we placed tuna baits (~5g) 1 m above
ground, collected, and identified all ants found after 3045 min. In preliminary
richness analyses the ant fauna in TP was further from reaching asymptotes
than other sites so we sampled 200 extra plants under similar shade conditions
in TP in Dec. 2002. We stored ants separately for each plant, but to compare
with D-vac samples, we grouped sets of control and exclosure plants. In
months where we used both methods, D-vac samples were collected first. We
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Table 1. Vegetation characteristics sampled and totaled into a management index (MI) in four
coffee sites (Belen Rustic (TP), Irlanda (CPI), Belen Production (CPB), and Hamburgo (SM)).

Site  # tree % cover % cover % two % three Management N
species (Nov. 00) (Jan. 03) species cover species cover Index

TP 140 (a) 71.7 £ 3.6 (a) 753 £ 28 (a) 103 £ 1.6(a) 1.6 £ 1.1 219 £ 0.19(a) 6

CPI 7.3 (b)65.0 £ 3.6 (a) 66.4 + 4.1 (a,b) 10.6 £ 2.4(a) 0.2 £ 0.2  2.88 + 0.14(b) 10

CPB  6.5(b)42.3 £ 3.7(b)59.0 £ 35(b) 0.7 £ 04(b) 0 3.60 = 0.089 (c) 6

SM  3.0(c) 304 + 2.1(b)356 £32() 1.0+04() 0 4.07 £ 0.06 (d) 10

#5p < 0.01, #* p < 0.001, “CPB-SM, p = 0.067

Numbers show means (tree species richness, percent cover, proportion of shade points with two or
three species’ cover, and MI values) + standard error for 35 x 35 m area (50 points) surrounding
each of 32 bird exclosures. A higher MI shows more intensive coffee management. Letters show
significant differences between sites based on Tukey’s post-hoc tests.

recorded ant activity per bait for each species separately using an index where
0 = noants,1 = 1to2ants,2 = 3-10 ants, 3 > 10 ants, and summed across
species for total activity per plant. Mean activity was calculated as average
total activity per plant for a set of control or exclosure plants.

We analyzed species richness data using EstimateS (Colwell and Coddington
1994; http://www/viceroy/eeb/uconn/.edu/estimates) for tuna and D-vac sam-
ples and for both data sets combined. We used sets of exclosure or control
plants as samples for between site comparisons. Because sample sizes differed
between sites we compared richness between sites with rarefaction (Gotelli and
Colwell 2001). We used Coleman estimates, virtually indistinguishable from
rarefaction (Colwell and Coddington 1994). To approximate total richness per
site we used richness estimators (Chao2, Incidence-Based Coverage Estimator
[ICE], and Michaelis—Menten Means [MMMeans]) that estimate total richness
per site based on observed species richness plus the number of uniques (species
found in only one sample) rather than singletons (species represented by only
one individual) (Longino et al. 2002). EstimateS also calculated diversity
indices (Fisher’s alpha, 2) Shannon’s index, and 3) Simpson’s index (inverse of
program results reported here). For all calculations we used presence/ absence
data not abundance because ants are social insects (Longino et al. 2002). With
simple linear regression we examined relationships between a Management
Index (MI) (see below), diversity indices, and species richness.

Vegetation sampling
We sampled shade tree diversity, percent shade cover, and structural diversity

and summarized vegetation data using a management index (MI). In Nov.
2000, we counted the number of tree species in a 35 X 35 m area around each
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exclosure. In the same area, at fifty points (>5 m apart) we recorded: (1)
foliage presence using a vertical tube densiometer and (2) tree species (one or
more) directly above each point and calculated percent cover (% points with
foliage) and structural diversity (proportion of points covered by two or three
species). In Jan. 2003, we re-measured percent cover to account for changes in
management during the time exclosures were maintained. We summarized
vegetation variables per exclosure using the MI (Mas and Dietsch 2003)
whereby raw data are converted to a scale from 0 to 1 and then summed. We
divided values for each variable (% cover in Nov. 2000 and Jan. 2003, # shade
tree species, and proportion of points with two or three species) by the highest
overall value, and then subtracted this from 1. All values were summed for a
total possible of 5, where 5 is most- and 0 is least-intensively managed.

Statistical analyses

To differentiate between percent cover, structural diversity, tree richness, and
MI we used ANOVA with site as a main factor. To assess differences in ant
activity with sampling date and with season we used ANOVA. To determine
seasonal fluctuations in ant abundance under differing management intensities,
we calculated the coefficient of variation (CV) (the ratio of standard deviation
in abundance for each date to mean abundance) for each site. For ant abun-
dance, we used untransformed data for tuna baits and square-root transformed
data for D-vac data to meet assumptions of normality. We used Tukey’s post-
hoc tests to make pair-wise comparisons where site differences were detected.

Results
Vegetation and management system

Sites significantly differed for each vegetation variable and MI where TP was
generally the most shaded, CPI and CPB were intermediate, and SM was least
shady (Table 1). Tree richness differed with site (F3,3 = 63, p < 0.001) and
TP had more than double the number of tree species of CPI, CPB or SM
(p < 0.001), and CPI and CPB had twice as many species as SM (p < 0.001).
Tree richness in CPI and CPB did not differ (p = 0.752). In both Nov. 2000
(F328 = 36.34, p < 0.001) and Jan. 2003 (F5,5 = 22.98, p < 0.001) percent
canopy cover differed between sites. In Nov. 2000, cover was higher in TP and
CPI than in CPB and SM (p < 0.001), CPB tended to have higher cover than
SM (p = 0.080), but cover in TP and CPI did not differ (p = 0.507). In Jan.
2003, percent canopy cover was higher in TP, CPI and CPB than in SM
(p < 0.001), but CPI did not differ from TP (p = 0.364) or CPB (p = 0.526).
Structural diversity differed between sites as well (two-species cover,
F5,5 = 11.33, p < 0.001; three-species cover, F3,3 = 2.333, p = 0.096). TP
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and CPI had ten times more points covered with two species than CPB and SM
(p < 0.007), and TP and CPI were the only sites with points covered by three
species. MI values also differed with site (£33 = 42.23, p < 0.001). All sites
significantly differed from one another (p < 0.004), and in order from highest
to lowest shade were TP, CPI, CPB, and SM, but differences between TP and
SM were only marginally significant (p = 0.067).

Ant diversity and management system

We collected a total of 81 ant species (67 with D-vac sampling and 57 with tuna
baits) (Appendix 1). For both sampling methods the majority of ant species
(D-vac, 61.2%; baits, 50%) were collected from fewer than ten samples. The
most commonly encountered ants found in D-vac samples were Brachymyrmex
sp. 1 (29.2% of samples), Brachymyrmex heeri (24.6%), Nesomyrmex echina-
tinodis (23.8%), and Pseudomyrmex simplex (23.6%). The most commonly
encountered ants at tuna baits were Brachymyrmex heeri (29.3%), Azteca
instabilis (28.7%), P. simplex (26.3%), and N. echinatinodis (23.9%).

Species richness differed with site and sampling method (Figure 1). In gen-
eral, more species were captured with the D-vac (Figure 1), but rarefaction
curves were closer to reaching asymptotes for baiting. For baits, ant richness
was highest in TP, slightly lower in CPB, even lower in CPI, and lowest in SM
(Figure 1a). For D-vac samples, CPB was substantially richer than other sites.
TP had the second highest richness followed by CPI and SM, which had the
lowest number of species (Figure 1b). For methods combined, CPB had
slightly higher richness than TP (one species more) but both sites were much
richer than CPI followed by SM (Figure Ic¢).

Estimates of total richness per site varied with sampling method and esti-
mator but overall richness patterns were similar to observed results (Figure 2,
Table 2). For tuna baiting, TP estimates were higher (8-39% more species) and
SM estimates were lower (20-26% fewer species) than CPI and CPB, but
estimates for CPI and CPB were within three species of one another (Table 2).
Estimated richness was similar to observed richness (within 12 species) for all
sites. For D-vac samples, however, richness estimates far exceeded observed
numbers (up to 20 species more) — especially for TP where estimated richness
was up to 61% higher than observed richness (Table 2), reflecting that we
sampled less of the total community using this method. In general, however,
estimated richness for TP, CPB, and CPI was higher than SM (11-45% more
species). For samples combined, estimated richness for TP and CPB was
similar (within 4 species). Estimated richness in TP and CPB was higher than
for CPI (with 6 to 15 more species). SM was the least rich site with up to 10
fewer estimated species than CPI (Table 2).

Generally, diversity indices declined with increasing management, but results
varied with the way the ant community was sampled (Table 2). For tuna bait
data TP was more diverse than CPI and CPB which were more diverse than
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Figure 1. Arboreal ant species rarefaction curves in four coffee sites organized from most shady to
least shady: Belen Rustic (TP), Irlanda (CPI), Belen Production (CPB), and Hamburgo (SM) in
Chiapas, Mexico. Letters show rarefaction (Coleman) curves for (a) tuna baits, (b) D-vac samples,
and (c) for all samples combined generated with EstimateS. Closed symbols show more shady sites,
and open symbols show less shady sites.

SM. D-vac results were not as clear, but showed a general trend towards lower
diversity in SM. For Fisher’s alpha, TP was more diverse than all other sites,
and SM was least diverse. Shannon Index values were higher in CPB than in
TP and lowest in CPI. Simpson’s values were the same for TP, CPB, and SM
and lower in CPI. For all samples combined, general patterns showed TP and
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Figure 2. Ant species accumulation curves in four coffee sites of increasing management intensity
(Belen Rustic (TP), Irlanda (CPI), Belen Production (CPB) and Hamburgo (SM)) for observed
richness (SOBS), and for species richness estimators (ICE — Incidence-based Coverage Estimator;
Chao2; MMMeans — Michaelis-Menten Means) created with EstimateS. Richness was assessed
with tuna baits (a—d), D-vac samples (e-h), and for both sampling methods combined (i-1).

CPB to be more diverse than CPI and SM (Table 2). Fisher’s alpha was highest
for TP and lowest for SM. Shannon and Simpson’s values were highest for
CPB and lowest for CPI.

Overall, increasing management intensity (i.e. higher MI) correlated with
decreasing observed and estimated ant species richness (R> = 0.1389,
y = =5.7718x + 65.893, Fi46 = 7.477, p = 0.009), but did not correlate to
changes in diversity index values (R?> = 0.0146, y = —0.8751x + 8.183,
Fy34 = 0.507, p = 0.481).

Ant abundance and activity by season, management system

Ant abundance was somewhat higher in the wet season, but management
intensity did not affect either ant abundance or seasonal fluctuations in
abundance. Ant abundance at tuna baits was 21% higher (F) 56 = 16.26,
p < 0.001) and with D-vac samples 19% (not significantly) higher in the wet
season (F 126 = 0.144, p = 0.705) (Figure 3). In three of five tuna sampling
dates, and for all D-vac sampling dates, ant abundance differed with site
(Figure 3, Table 3). To assess if site differences reflected changes in manage-
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Table 2. Ant species richness (observed and estimated) and diversity indices for two sampling
methods for four coffee sites (Belen Rustic (TP), Irlanda (CPI), (Belen Production (CPB), and
Hamburgo (SM)).

Site SOBs ICE Chao2 MM-Mean Fisher’s Shannon Simpson
Tuna baiting

TP 42.00 50.23 53.00 48.01 14.83 3.25 0.95
CPI 36.00 40.97 48.80 37.77 9.78 2.96 0.93
CPB 36.00 44.26 47.11 38.57 11.21 3.08 0.94

SM 28.00 3291 35.20 29.07 7.34 2.79 0.92

D-vac Sampling

TP 38.00 57.69 61.27 46.02 15.05 3.07 0.94
CPI 37.00 44.92 44.69 37.42 9.69 2.80 0.91
CPB 49.00 62.00 66.31 53.77 15.43 3.24 0.94
SM 31.00 36.33 36.44 33.18 8.99 2.94 0.94

All samples combined

TP 55.00 63.83 68.00 62.75 17.09 3.40 0.95
CPI 49.00 57.89 57.07 48.14 11.48 3.00 0.93
CPB 56.00 65.70 67.08 58.58 14.98 3.49 0.96
SM 41.00 48.22 57.20 41.43 9.97 3.07 0.94

Numbers show observed richness (SOBs), estimated richness (Incidence-based Coverage Estimator
(ICE), Chao2, and Michaelis-Menten Means (MM-Mean), and diversity indices (Fisher’s, Shan-
non, and Simpson, all calculated with EstimateS.

ment intensity, we summed all Tukey’s tests where 1) abundance was signifi-
cantly lower in sites with lower MI, 2) abundance was significantly higher in
sites with lower MI, and 3) where abundance did not differ. In 8 of 72 possible
pair-wise comparisons, ant abundance was greater in the more intensively
managed site, and in 10 of 72 comparisons abundance was greater in less
intensively managed site. In most comparisons (54 of 72, 75 %); however, ant
abundance did not differ with differences in management intensity.

Ant abundance did not fluctuate less with season under less intense manage-
ment. For tuna baiting, the CV of abundance was higher in SM (0.289) than in
CPI (0.194) or CPB (0.174), but was highest for TP (0.353), the site with the
lowest MI. For D-vac samples, the CV was higher in CPB (0.688) than in CPI
(0.525) or TP (0.439), but was lowest in SM (0.298), the site with the highest M1.

Discussion

The four coffee sites selected differed for most vegetation variables and for the
MI where TP was least intensively managed, CPI and CPB were intermediate,
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Figure 3. Effect of coffee management system and season on ant activity (a, tuna baits) and
abundance (b, D-vac samples) in four coffee sites (Belen Rustic (TP), Irlanda (CPI), Belen Pro-
duction (CPB) and Hamburgo (SM)) over a two year period. The dry season dates fall between
November—April and wet season dates fall between May—October. Bars show standard error.
Significant differences shown with asterisks are explained in the text and Table 3.

and SM was most intensively managed. Overall, increasing MI correlated with
decreasing coffee-foraging ant richness. For tuna samples, higher management
intensity reflected increased ant diversity. For D-vac sampling, ant diversity
was still lowest under the highest management intensity, but differences be-
tween intermediate and high-shade sites were less clear, and diversity tended to
be higher in CPB, a more intensely-managed site by some measures. Thus
patterns of diversity loss depended somewhat on sampling method. Ant
abundance was higher in the wet season, but abundance did not differ with
management intensity, nor did abundance fluctuate less in less intensively
managed sites.

Species richness estimators varied greatly in number of species estimated for
a sampling method and site. In general, MMMeans and ICE were closest to
reaching asymptotes and seemed to be the most reliable. MMMeans returned
estimates closest to observed richness and was closest to reaching asymptotes,
perhaps showing a minimum number of species per site/method. ICE returned
higher estimates, but was also close to reaching asymptotes. These two esti-
mators have shown high performance previously for tropical ants in Costa
Rica (Longino et al. 2002) and for tropical trees (Chazdon et al. 1998). In
contrast, Chao2 behavior was more erratic and sometimes not close to
reaching asymptotes, even for where observed species accumulation curves
were leveling off (Figure 2). For example, accumulation curves for SM for all
methods combined was close to an asymptote, yet Chao2 estimates were
sharply raising.

Overall, we found more ant species in D-vac samples than with tuna baits,
likely due to differences in the ant communities sampled or due to interspecific
competition. Tuna baits tend to attract generalist ants, perhaps from a larger
foraging range including the ground and canopy, yet baits do not attract all



135

Table 3. ANOVA results comparing ant activity (tuna baiting) and abundance (# ants/foliage (g),
D-vac sampling) between four coffee sites under differing management intensity.

Date df F P Tukey’s post-hoc

Tuna baits

Nov-00 3, 563.236 0.029 TP < CPB (0.017)

May-013, 606.085 0.001 TP < CPB (0.001), CPI (0.005), SM (0.026)
Jan-02 3, 601.959 0.130

May-023, 60 1.136 0.342

Dec-02 3, 602.969 0.039 SM < CPB (0.025)

D-vac sampling

Nov-00 3, 605.06 0.003 CPI > SM (0.038), TP (0.003)

Feb-01 3, 602.763 0.050 TP < CPB (0.044)

May-013, 603.888 0.013 SM < CPB (0.011)

Aug-01 3, 604.49 0.007 SM < CPB (0.004)

Nov-01 3, 608.765 <0.001 CPB < CPI (0.001), SM (<0.001)

May-02 3, 60 12.317 <0.001 CPB < CPI (<0.001), SM (<0.001), TP (0.029); TP < SM (0.034)
Nov-02 3, 605.068 0.003 CPB < SM (0.033), CPI (0.002)

Results were calculated using untransformed data for tuna baiting and square-root transformed
data for D-vac sampling. Tukey’s post-hoc results (p-value in parenthesis) show significant site
differences where sites in order from least to most intensively managed are: TP — Belen Rustic, CPI
— Irlanda, CPB — Belen Production and SM — Hamburgo.

ants in the community. D-vac samples, on the other hand, will catch most ants
foraging on coffee plants regardless of their diet preferences. Thus, the ant
community sampled by tuna baits may be in part a subset of ants captured in
D-vac samples, but may also include some ants more generally restricted to
shade trees or the ground. Additionally, tuna baits attract some competitively
dominant ants (such as Solenopsis geminata) that may have eliminated other
ant species from baits before they were checked (Perfecto 1994).

Although ant diversity generally declined with increasing MI, this was not
always the case, perhaps because habitat management is not the only factor
controlling diversity. Ant richness in D-vac samples was exceptionally high in
CPB, a more intensively managed site. Competitive interactions between ants
may also strongly impact diversity within areas. For example, presence of
Solenopsis geminata may restrict ant richness by excluding other ant species
(Perfecto 1994). Surprisingly, CPB, the site with the highest overall richness,
did not have any samples with Solenopsis geminata. It may be possible that
absence of this ant in CPB allows other ants to exist there, thereby increasing
richness. Additionally, although habitat characteristics may strongly affect
species diversity (Collinge et al. 2003), regional factors such as distance from
forest, (Ricketts et al. 2001; Perfecto and Vandermeer 2002) or landscape
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patterns such as extent of high-quality habitat and habitat arrangement may
also be important (Vandermeer and Carvajal 2001; Steffan-Dewenter 2002;
Weibull et al. 2003). Land-use history may also influence patterns of biodi-
versity loss such that species loss lags behind habitat destruction (Tilman et al.
1994). The landscape surrounding CPB includes fewer intensively managed
coffee farms and more forest fragments than do CPI and SM (Pers. obsv.).
CPB was recently converted to more intense management (<5 years ago) and
thus may be still undergoing species loss whereas CPI and SM have been under
similar management for >20 years (G. Ibarra-Nufiez, Pers. comm.). These
three factors may explain why diversity in CPB was relatively high compared
with CPI, a similarly managed farm. Richness and diversity in CPB was even
slightly higher than in the least intensively managed site (TP). Although in this
study we focus on coffee-foraging ants, all sites and in particular TP, may
include arboreal ants more restricted to the shade tree layer that nonetheless
may sometimes forage in the coffee plants. Given that accumulation curves
were furthest from reaching asymptotes for TP, the true richness of arboreal
ants foraging in the coffee layer may be much higher than our samples indicate.
Furthermore, we did not sample nocturnally foraging ants that may account
for a large part of the ant community. The inclusion of these ants may
significantly alter the results found here.

In conclusion, coffee-foraging ant diversity, but not ant abundance, tended
to decrease with increasing coffee management intensification. Many debate
the relative importance of diversity and abundance in determining the function
of biodiversity or ecosystem services (Balvanera et al. 2001; Kremen et al. 2002;
Klein et al. 2003). Here, ant abundance was not changed, yet ant diversity
(including both ground- and coffee-foraging ants) is affected by management
intensity. Coffee may thus serve as a model system for investigating the
interplay between diversity, abundance, and ecosystem services.
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Appendix 1. Ant species (organized by subfamilies) found in four coffee farms using tuna baits
and D-vac sampling or for both methods combined over a 2-year sampling period.

All methods Baits D-vac
Species TP CPI CPB SM TP CPI CPB SM TP CPI CPB SM
Dolichoderinae
Azteca instabilis X X X X X X X X X X X X
Azteca sp. 1 X X
Azteca sp. 2 X X X X X X X X X X
Azteca sp. 3 X X X X
Dolichoderus debilis X X
Dolichoderus lutosus X X X
Dorymyrmex sp. 1 X X
Linepithema sp. 1 X X
Tapinoma sp. 1 X X
Tapinoma sp. 2 X X X X
Tapinoma sp. 3 X X X X
Technomyrmex sp. 1 X X X X
Technomyrmex sp. 2 X X X X X X X X X X
Ecitoninae
Labidus coecus X X X X
Formicinae
Brachymyrmex heeri X X X X X X X X X X X X
Brachymyrmex sp. 1 X X X X X X X X X X X X
Brachymyrmex sp. 2 X X X X X X X X
Brachymyrmex sp. 3 X X X X X
Camponotus abscisus X
Camponotus canescens X X X X X X X
Camponotus novogranadensis X X X X X X X
Camponotus senex X X X
Camponotus senex textor X X X X X X X X X X X
Camponotus sericeiventris X X X X
Camponotus striatus X X X X X
Camponotus sp. 1 X X X X X X X
Myrmelachista sp. 1 X X X X
Myrmelachista sp. 2 X X X
Myrmelachista sp. 3 X X X X X X X X X X

Mpyrmelachista sp. 4 X X X X
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Appendix 1. Continued.

All methods Baits D-vac
Species TP CPI CPB SM TP CPI CPB SM TP CPI CPB SM
Paratrechina sp. 1 X X
Paratrechina sp. 2 X X
Myrmicincae
Cephalotes sp. 1 X X X X X X
Crematogaster spp. X X X X X X X X
Crematogaster carinata X X X X X X X X X
Crematogaster crinosa X X X X X X X X X X X X
Crematogaster formosa X X X
Crematogaster hirsuta X X
Crematogaster negrapilosa X X X X X X X X X
Crematogaster sumichrasti X X X X X X X X X
Crematogaster sp. 1 X X X X
Crematogaster sp. 2 X X X
Monomorium floricola X X X X X X X X
Monomorium pharoanis X X X X
Monomorium sp. 1 X X
Nesomyrmex echanatinodis X X X X X X X X X X X X
Nesomyrmex pittieri X X X X X X X X X
Pheidole indestincta X X X X X X X X X X X X
Pheidole punctatissima X X X X X X X X X X
Pheidole susannae X X
Pheidole sp. 1 X X
Pheidole sp. 2 X X X X X X X X X X X X
Pheidole sp. 3 X X X X X X X X X X
Pheidole sp. 4 X X
Pheidole sp. 5 X X X X X X X X
Pheidole sp. 6 X X X X X X
Pheidole sp. 7 X X X
Pheidole sp. 8 X X X X
Pheidole sp. 9 X X
Pheidole sp. 10 X X X X X X X X X
Procryptocerus scabriusculus X X X X X X X X X X X X
Pyramica sp. 1 X X
Solenopsis geminata X X X X X X X X X
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Appendix 1. Continued.

All methods Baits D-vac
Species TP CPI CPB SM TP CPI CPB SM TP CPI CPB SM
Solenopsis sp. 1 X X X X X X X X X X X
Solenopsis sp. 2 X X X X X X X X
Solenopsis sp. 3 X X X X X X
Wasmannia auropunctata X X X X X X X X X X
Poneromorph
Gnamptogenys striatula X X X X X X
Hyperponera sp. 1 X X
Pachycondyla apicales X X X X X X X X
Pseudomyrmecinae
Pseudomyrmex ejectus X X X X X X X X X X X X
Pseudomyrmex elongatus x X X X X X X X X X X
Pseudomyrmex gracilis X X X X X X X X X X
Pseudomyrmex occulatus X X
Pseudomyrmex PSW-06 x X X X
Pseudomyrmex PSW-53  x X X X X X X X X
Pseudomyrmex simplex X X X X X X X X X X X X
Pseudomyrmex sp. 1 X X
Pseudomyrmex sp. 2 X X
Pseudomyrmex sp. 3 X X
Pseudomyrmex sp. 4 X X X X

Total species observed 55 49 56 41 42 36 36 28 38 37 49 31
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Abstract. Two ant species, Odontomachus rixosus and Pheidole annexus, were studied in the
tropical rainforests of Sabah, Malaysia, North Borneo, to analyze the impact of habitat frag-
mentation on the genetic diversity and population structure of ant populations using RAPD-
fingerprinting. Ants were sampled in a contiguous (43,800 ha) and three patches of primary
rainforests of varying size (4294, 146 and 20 ha) that were fragmented about 40 years ago.We
found a decrease in genetic variability for both species in the fragmented populations compared to
the contiguous. Genetic distances between populations resembled the geographical arrangement of
populations and can be explained by an effect of isolation by distance. A high degree in population
subdivision suggests a lack of meta-population dynamics due to a shortage of gene flow between
populations, possibly the result of the high degree of habitat isolation by oil palm plantations.
Although the results of this study are limited due to low replication this is the first data on genetic
patterns of insect populations in fragmented rainforests and should be seen as starting point for
future research. The value of small to medium sized protection areas for conservation needs to be
carefully evaluated in the context of this study, as even relatively large areas (4294 ha) may not
prevent the critical loss of genetic variability and guarantee long-term survival of organisms.

Abbreviation: RAPD — Random Amplified Polymorphic DNA

Introduction

Fragmentation of formerly contiguous lowland tropical rainforests as a con-
sequence of human use (e.g. agriculture, timber extraction) is recognized as a
major threat to their biodiversity (Terborgh 1992; Dale et al. 1994; Fahrig and
Merriam 1994; Laurance et al. 2000). Habitat fragmentation affects ecosystems
in multiple ways, for example by the loss of biomass (Laurance et al. 1997),
disturbance of important species interactions such as pollination (Aizen and
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Feinsinger 1994), predation (Kareiva 1987; Ochler and Livaitis 1996) seed and
nest predation (Wong et al. 1998) or changes in community composition (Briihl
et al. 2003). Furthermore, the tree community, the fundamental matrix of a
tropical rainforest, is substantially altered in smaller fragments (Benitez-
Malvido 1998; Laurance et al. 1998).

Despite the dominance of arthropod species in tropical rainforests the
majority of studies on the impact of habitat fragmentation have focused on
vertebrates (but see below). However, insect species may be especially affected
by the fragmentation processes as these can be more susceptible to ecosystem
disturbance and often possess lower dispersal abilities (Didham et al. 1996).
Additionally, effects of fragmentation on ecosystems and the genetic com-
position of populations should be detectable earlier as their generation times
are generally shorter. Recent studies conducted on arthropods in fragmented
rainforests have demonstrated a change in community composition, species
reduction or a decline in abundances in fragmented habitats (Klein 1989:
dung beetles, Fonseca de Souza and Brown 1994: termites, Brown and
Hutchings 1997: butterflies, Didham 1997: leaf litter invertebrates, Davies
and Margules 1998: carabid beetles, Gibbs 1998: carrion beetles, Kitching
et al. 2000: moths).

Besides species diversity, genetic variability within species is also an impor-
tant aspect of biodiversity. It is the raw material for evolutionary change, and
consequently, the basis of evolution and adaptation leading to speciation and
species diversity (Norse 1987; Hartl and Clark 1989; Borowsky 2000; Tem-
pleton et al. 2001). Beside that, a reduction in genetic variability is linked with a
reduced fitness of populations (Reed and Frankham 2003). Following the
theory of island biogeography (Mac Arthur and Wilson 1967) a loss of genetic
diversity is expected in smaller islands or habitat fragments (Frankham 1996,
1997). Fragmentation of forest inevitably results in smaller habitat areas and
subsequently reduces the effective population size which accelerates the accu-
mulation of deleterious alleles and therefore increases the risk of extinction
even for comparably large metapopulations. Additionally, a reduction in
population size creates a higher level of inbreeding within populations (Hartl
and Clark 1989) that may lead to the extinction of species (Frankham 1998;
Saccheri et al. 1998; Elgar and Clode 2001). Despite its importance, there is
little research conducted on the influence of habitat fragmentation on genetic
diversity (Gibbs 1998; Knutsen et al. 2000; Vucetich et al. 2001) particularly in
tropical forest ecosystems (but see: Cunningham and Craig 1998; White et al.
1999; Lacerda et al. 2001: mature trees; Sumner et al. 2004: skinks). To our
knowledge there is no data available on insects from tropical ecosystems.

Though, studies on population genetics of insects from temperate regions
show a higher degree of genetic differentiation in fragmented populations
(Knutsen et al. 2000), focus on the identification of evolutionary significant
units (Williams 2002) and investigate genetic variability in regard to previous
bottleneck events (Debinski 1994; Clarke and O’Dwyer 2000; Williams 2002).
Fragmented populations of the ant Formica lugubris showed no signs of
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inbreeding in fragments due to the high effective population size of this poly-
gyne species (Gyllenstrand and Seppa 2003).

To analyze the impact of habitat fragmentation and isolation on intra-spe-
cific genetic variability, two leaf litter ant species (Odontomachus rixosus Smith
1857; Pheidole annexus Eguchi 2001) were sampled in the lowland dipterocarp
rainforests of Sabah, Borneo, an exceptionally diverse rainforest in South East
Asia (Whitmore 1984, 1998). Large parts of the primary rainforest have al-
ready been destroyed by timber extraction and conversion into oil palm
plantations. Today oil palm plantations cover a huge area of Sabah (> one
million hectares, Chung et al. 2000). Therefore, undisturbed contiguous pri-
mary rainforests persist only in central Sabah. Additional primary rainforest
remnants remain in the form of isolated patches surrounded by large scale oil
palm monocultures. These so called Virgin Jungle Reserves (VJIR) have an
average size of 1802 ha in Sabah comprising all together 90,386 ha (Laidlaw
1996; Briihl et al. 2003).

Ants are a key group in tropical ecosystems in terms of ecosystem func-
tioning and animal biomass (Petal 1978; Hoélldobler and Wilson 1990; Jones
et al. 1994). Ant communities respond sensitively to habitat fragmentation by
the extinction of specialist species in even large habitat patches (Boswell et al.
1998), the invasion of tramp species (Suarez et al. 1998) and by change in
community composition and species richness (Bestelmeyer and Wiens 1996;
Carvalho and Vasconcelos 1999; Majer and Delabie 1999; Briihl et al. 2003). A
significant decline in species diversity, alteration of community composition
and reduced density of leaf litter ants has previously been demonstrated for the
forest fragments of this study (Briihl et al. 2003).

In this study we performed a genetic analysis by RAPD fingerprinting
(Randomly Amplified Polymorphic DNA, Williams et al. 1990), a suitable
method for the genetic analysis of insect populations (Haymer 1994; Harry
et al. 1998). RAPD fingerprinting has commonly been used for conservation
studies on a wide range of organisms (Fritsch and Riesenberg 1996: for an
overview, Dhar et al. 1997: birds, Gibbs 1998: amphibians, Maki and Horie
1999: plants). Genetic diversity was assessed by nucleotide diversity, hetero-
zygosity and the proportion of polymorphic loci. Furthermore, F-statistic and
Nei’s genetic distance were calculated to analyze population structure and
differentiation.

Materials and methods

The ant species

Two leaf litter ant species, O. rixosus (Ponerinae) and P. annexus (Myrmici-
nae), were selected for this study because, (1) both species are regarded as

primary forest specialists (Briihl 2001; K. Eguchi personal communication), (2)
are readily identifiable in the field, and (3) could be sufficiently sampled (at least
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10 colonies per habitat) by tuna baiting to collect enough material for a
thorough statistical analysis. Both species are common and widespread in
South East Asian rainforest habitats (Brown 1976; Eguchi 2001).

Pheidole annexus is a tiny ant (2 mm, worker) from the subfamily Myrm-
icinae with a monogynous (single queen per colony) colony structure and
predominantly nests in small rotting twigs on the ground (Eguchi 2001). In
eight sampled twig nests from different locations (Sepilok, Kebun Cina, Labuk
see below) an average (£SD) of 62 (£48) workers and 33 (+38) majors was
counted. The largest nest had 170 workers, the smallest only 17. A queen could
not be detected in any of the nests and alate individuals were only found in two
separate nests (39 males and 5 females). Therefore it is assumed that the species
occupies multiple nests per colony. Brood (larvae and pupae) was abundant in
all nests. The mean determined foraging range of P. annexus was 47 cm
(£43 cm SD) estimated from 20 nest observations in Sabah and the maximum
measured foraging range was 180 cm (T.B.: personal observations).

In contrast O. rixosus (subfamily: Ponerinae) is a larger species (12 mm,
worker) with a polygynous colony structure (multiple queens per colony) and
nests in the soil, frequently under rotten wood (Ito et al. 1996). The colonies of
O. rixosus in Java contained 40-350 workers (Ito et al. 1996), but two exca-
vated nests investigated in Danum Valley appeared to be much larger with an
estimated number of 1000 workers per colony and multiple queens. There are
no data on foraging ranges for O. rixosus available, but as this slow moving
species is only found if the nest is in the near vicinity of the bait in the time-
frame of the experiment (not more than 5 m), it is likely that the foraging
distance is not much larger.

Study sites

The study sites are located in the lowland dipterocarp rainforests of Sabah,
Borneo, Malaysia. Samples were collected from February to March 2001 in
four forests of different size: Danum Valley Conservation Area (large,
43,800 ha, considered as contiguous for the purpose of this study), Sepilok
Virgin Forest Reserve (medium, 4294 ha), Kebun Cina Forest Reserve (small,
146 ha) and Labuk Road Forest Reserve (very small, 20 ha) (Figure 1; a
detailed description of the study sites can be found in Briihl et al. (2003)). The
latter three are located in the vicinity of Sandakan and are all protected
primary forest reserves. Sepilok was slightly disturbed by selective logging ca.
50 years ago. At present this forest is recognized as regenerated and the
research plots were located in an area far from the historical logging sites as
well. For the very small fragment (Labuk) only the core area (20 ha), that can
be described as primary forest was sampled. The edges of Labuk were heavily
disturbed by human interference and parts of the reserve were destroyed by a
forest fire in 1997 (outside of the 20 ha core area). Danum Valley (large) is
about 100 km away from the three smaller fragments and is surrounded by
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Figure 1. The location and habitat area of the four forests in Sabah, Borneo. The distances (by
air) between habitats are as following: Danum — all fragments approximately 100 km; Kebun Cina
— Sepilok/Labuk 15 km; Sepilok — Labuk 5 km.

secondary forest. Distances between the small and the medium and very small
fragment is 15 km. The very small fragment is 5 km away from the medium
sized one. These three fragments are surrounded by a matrix of agricultural
land and urban development. The closest contiguous forested areas (primary or
secondary forests) are at least 50 km away. The landscape between these
contiguous forests and the three smaller fragments is dominated by oil palm
plantations, a highly unsuitable habitat for forest dwelling leaf litter species in
general. The two focal species of this study were never collected in oil palm
plantation although this habitat was sampled for over 2 years (Briihl 2001).
Therefore, the populations in the fragments are probably isolated in space and
time as fragmentation started about 1960 with the beginning of the timber
boom in Sabah.

Sampling

In Danum Valley (large) we sampled along an existing transect system, in
Sepilok (medium) and Kebun Cina (small) existing trail systems were utilized.
Labuk (very small) was baited in the remaining intact core area. Tuna in oil
was the bait of choice because of its ability to attract both species and its
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availability and standardized quality (Bestelmeyer et al. 2000). Baits (between
800 and 2000 per forest) were placed on the forest floor at 5 m intervals. As the
target species occurred only at a small proportion of baits (10-0.001%), space
between sampled colonies is regarded to be large enough to ensure that only
individuals of different colonies were sampled. Collected ants were immediately
stored in 100% ethanol. In the laboratory samples were kept at —20 °C.

Sample sizes (number of colonies) for the different populations varied
between species and habitats because of differences in abundance. O. rixo-
sus: (Danum (22), Sepilok (19), Kebun Cina (16) and Labuk (3); P. annexus:
(12/24/23/22).

Molecular methods — DNA extraction

Nuclear DNA of single individuals was extracted with a standard phenol/
chloroform extraction method (Sambrook et al. 1989). We removed the
abdomen of O. rixosus workers because it contained a PCR inhibiting sub-
stance, P. annexus individuals were processed entirely because of the small size
of this ant species and there were no indications that the PCR was inhibited
with this procedure.

RAPD fingerprinting

As ants in general (and other eusocial insects) show a relatively low genetic
variability (Crozier 1977) a primer screen was conducted for each species to
find RAPD primers that produce a distinct, reproducible and easy to score
banding pattern. For these screens 520 primers (Operon Technologies, Set
A01 - Z20) were tested with four randomly chosen individuals of O. rixosus
and P. annexus, respectively. PCR reactions were performed in a Biometra®
Thermocycler with a total reaction volume of 12.5 ul per sample containing:
20 ng template DNA, 1.25 ul 10 x Buffer (MBI Fermentas), 2 mM MgCl,,
100 uM of each dNTP, 1.25 U Taq polymerase (MBI Fermentas), and
0.6 uM primer (Operon Technologies). Amplification was performed with
the following cycle parameters: 5 cycles of 94 °C/1 min, 35 °C/1 min, and
72 °C/2 min, another 32 cycles of 94 °C/10 s, 35 °C/30 s, and 72 °C/30 s.

The PCR products were resolved by horizontal gel electrophoresis at
120 V for 4.5 h in 1% Synergel (Diversified Biotech, Newton Center, MA)
and 0.6% agarose in a 0.5 x TBE buffer. DNA was stained with ethidium
bromide for 25 min, destained in distilled water for 20 min, and the banding
patterns visualized under a UV-light source. The gel was photographed and
a digitized version was saved for further analysis.
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Statistical analysis — Genetic diversity and population structure

Genetic diversity was estimated as nucleotide diversity (n) according to
Borowsky (2000). Nucleotide diversity is defined as the mean expected number
of base mutations between two randomly drawn alleles from a population (Nei
and Li 1979; Borowsky 2000). To reduce any bias possibly caused by differing
numbers of sampled colonies in the populations a C™ " computer program was
used to calculate nucleotide diversity from randomly chosen pairs of samples.
After 50 replication steps the mean and variance of © was calculated. For the
O. rixosus population of the very small (Labuk) habitat with only 3 sampled
colonies  was calculated for all possible permutations between pairs of col-
onies. Mean nucleotide diversity between populations was regarded as statis-
tically significant different if the variances were non-overlapping (Borowsky,
personal communication).

All other population genetic parameters were calculated with the TFPGA
software (Miller 1997). Heterozygosity (allelic diversity) was estimated with
the approach of Lynch and Milligan which estimates heterozygosity based on
a Taylor expansion (Lynch and Milligan 1994). Heterozygosity is the pro-
portion of individuals in a population that have two different alleles in one
gene locus and are therefore heterozygous for this gene. Here, heterozygosity
is defined as the probability that a pair of randomly chosen individuals, one
will show a l-allele (present band) and one a 0O-allele (missing band) on a
locus. To test for differences in mean heterozygosity between populations,
data was arcsine transformed and an independent sample ¢-test was used
(Archie 1985).

The genetic population structure was analyzed by calculating the F-
statistic (Wright 1951). For pairs of populations Fgr values (fixation
indices) were determined from the allele frequency data (Weir and Cock-
erham 1984) to get a measurement of genetic differentiation (population
subdivision) between populations. The Fst values are equivalent to the loss
of genetic diversity (heterozygosity) in populations due to genetic drift
(Hartl and Clark 1989). Therefore, population subdivision is an indirect
measurement of gene flow between populations which can be calculated
from the Fgt values as the number of effective migrants per generation
(Waples 1987).

Additionally, a Markov Chain Monte Carlo simulation (2000 permutations)
approach of Fisher’s Exact Test was performed to determine if significant
differences in marker distributions between populations exist (Raymond and
Rousset 1995).

To measure genetic distance (genetic relationship) Nei’s unbiased genetic
distance (Nei 1978) was calculated. A cluster analysis (UPGMA) was per-
formed on the basis of these genetic distance measurements. To get a measure
of confidence in the resulting tree chart a bootstrap method (1000 permuta-
tions) which evaluates the relative strength of individual nodes was applied. A
mantel statistic was used to investigate a possible relationship between genetic
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and geographic distance in the TFPGA program. All other general statistical
tests were performed with SPPS (SPSS for Windows 10.5).

Results
Primer screen

In O. rixosus 402 and in P. annexus 412 (about 80%) of the 520 tested
primers generated only few monomorphic bands or failed at all. Only 118
primers in O. rixosus and 108 in P. annexus produced useful markers for our
genetic analysis.

RAPD fingerprint

For O. rixosus 31 primers that produced multiple polymorphisms in the primer
screen were selected for fingerprinting. These primers produced 105 polymor-
phic genetic markers. In P. annexus 23 selected primers generated 187 poly-
morphic markers. For both species only a small number of markers were
population specific (5 in O. rixosus, 9 in P. annexus). Because of the small
number of samples of O. rixosus colonies obtained from the very small habitat
the following values for this habitat should be taken with caution and are only
presented for completeness. This caution does not apply to the P. annexus
population of the very small fragment. There was a gradual decrease in the
proportion of polymorphic markers in O. rixosus populations from the largest
to the smallest population (Table 1). P. annexus had the highest proportion of
polymorphic markers in the large habitat and exhibited the smallest percentage
in the medium sized fragment, with the two other fragments falling between
these two (Table 1).

Genetic diversity

Odontomachus rixosus populations showed a decrease in heterozygosity and
nucleotide diversity with decreasing habitat size (Table 1). Heterozygosity and
nucleotide diversity in the medium populations was reduced to 85%
(t = 0.887, p = 0.376) and 86% (significant, non-overlapping variances) of
the values reached in the large habitat.

The P. annexus populations displayed the highest genetic variability in the
large habitat for both measurements (Table 1). The degree of heterozygosity in
the next most diverse habitat (small) reached 84% (¢ = 2.610, p = 0.009) of
the large habitat. Nucleotide diversity was reduced to 70% from the large
habitat to the very small habitat (non-overlapping variances). For both indices
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Table 1. Measurements of genetic variability in the four O. rixosus and P. annexus populations as
determined by nucleotide diversity 7 (*10° £+ variance; var.), heterozygosity Hj(% var.) and the
proportion of polymorphic loci (% polym. loci).

Measurement ~ Large Medium Small Very small

O. rivosus m £ var. * 10° 13.294 £ 0.010 11.359 + 0.006 11.042 = 0.012 7.460 + 0.002

H; £ var. 0.167 + 0.032 0.145 + 0.030 0.137 £+ 0.031 0.046 + 0.018
% polym. loci  64.7 57.1 49.5 114

P. annexus m + var. * 10 15789 + 0.017 7.671 + 0.002 10.242 + 0.022 11.166 + 0.010
H; £ var. 0.315 + 0.033 0.189 + 0.038 0.265 £+ 0.036 0.261 + 0.040
% polym. loci  85.6 59.4 80.2 74.3

All values of nucleotide diversity = were significantly different from each other (non-overlapping
variances). Heterozygosity in the large population of P. annexus was significantly different from the
fragments (¢-test: p = 0.009, p = 0.009, p = 0.006). Differences between the large O. rixosus
population and medium and small were not significant (s-test: p = 0.37, p = 0.243). Note that
values for O. rixosus in the very small habitat are only shown for completeness (italic).

the medium sized population showed the lowest degree of genetic diversity of
all populations. The ratio of mean heterozygosity of the three fragments
compared to the large population was 0.76 for P. amnexus and 0.84 for
0. rixosus (very small excluded).

A comparison between the two species revealed a similar degree of nucleo-
tide diversity in most habitats with the exception of the large population of
P. annexus which was more variable than the corresponding one of O. rixosus.
Contrary to this, the heterozygosity values were higher in P. annexus for all
habitats. In the same way, there was a much higher proportion of polymorphic
loci in P. annexus.

We performed a regression analysis to investigate possible relationships
between habitat area and genetic diversity. Both, the heterozygosity and the
nucleotide diversity displayed a linear trend for both species with an increase in
genetic variability with increasing habitat size (very small fragment excluded
for O. rixosus). The habitat area explained a high proportion of the increase in
genetic variability for heterozygosity (O. rixosus: r = 0.981; P. annexus:
r = 0.672) and nucleotide diversity (O. rixosus:r = 0.732; P. annexus:
r = 0.856) — though the relationships were not significant.

Population structure

Cluster analysis of Nei’s unbiased genetic distance, visualized in tree dia-
grams, revealed a pattern expected under an isolation by distance model for
P. annexus with the three fragments (medium, small, very small) forming a
separate cluster with the large habitat as an outgroup (Figure 2). This mat-
ches the geographical distribution of habitats as can be seen in a comparison
between the tree diagrams and distances between habitats from the map
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Figure 2. Cluster analysis of Nei’s unbiased genetic distance (1978) between populations of
P. annexus using the UPGMA cluster algorithm. Bootstrap proportions (1000 iterations) are shown
beside nodes.

0.100 0.075 0.050 0.025 0.000
0.9750
small
0.7720
large
1.000 9
very small

Figure 3. Cluster analysis of Nei’s unbiased genetic distance (1978) between populations of O.
rixosus using the UPGMA cluster algorithm. Bootstrap proportions (1000 iterations) are shown
beside nodes.

(Figure 1). The situation was similar for the O. rixosus data (Figure 3)
though the very small habitat does not fall in the same cluster as the other
fragments.



153

Table 2. Population differentiation and gene flow between pairs of O. rixosus populations.

Large Medium Small Very small
Large 0.233 + 0.042 *** 0.171 + 0.031 * 0.321 + 0.059
Medium 0.823 0.112 + 0.020 0.226 £+ 0.065
Small 1.212 1.982 0.279 £+ 0.066
Very small 0.529 0.856 0.646

Fstvalues = SD are given above the diagonal, gene flow in migrants per generation below. All Fst
values were significant different from zero (SD non-overlapping with zero). All values for the very
small habitat must be taken with caution (italic). A Fisher’s Exact Test (2000 permutations) re-
vealed significant differences in the marker distribution between the large and medium/small
habitats as indicated by an asterisk (*p < 0.05, ***p < 0.0001).

Table 3. Fsr values for pairs of all populations of P. annexus + SD above diagonal, below the
calculated gene flow.

Large Medium Small Very small
Large 0.213 + 0.022 ** 0.127 + 0.016 ** 0.134 + 0.020 **
Medium 0.922 0.085 + 0.012 0.119 + 0.015
Small 1.712 2.695 0.086 = 0.012
Very small 1.619 1.851 2.647

All Fgt values were significant different from Fisher’s Exact test revealed significant differences in
the marker distribution between the large habitat and all fragments (**p < 0.001).

A Mantel test between geographic and genetic distance showed a high
coefficient of correlation for P. annexus (r = 0.92, p = 0.15) and a low cor-
relation for O. rixosus: r = 0.30, p = 0.51. The very small fragment was not
included in the Mantel test for O. rixosus.

Both species showed a similar genetic distance between the medium, small
and very small habitats (ca. 0.025) but the genetic distance from those to the
large habitat is more pronounced in P. annexus (ca. 0.075) than in O. rixosus
(ca. 0.050).

Measurements for population differentiation and gene flow indicated a re-
stricted genetic exchange between the fragments in both species (Tables 2 and
3). All Fsr values were significantly different from zero and exceptionally high,
indicating a low gene flow between the large habitat and the fragments, and a
restricted gene flow between the three fragments alone. These results were
confirmed by a Monte Carlo simulation of Fisher’s Exact Test that showed
highly significant differences in the marker frequencies between the large and
the three smaller habitats, but not between the three smaller fragments alone
(Tables 2 and 3).

Discussion

This study is a first attempt to tackle the important question: Does forest
fragmentation influence the population dynamics of tropical insects? It should
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be seen as a starting point for future research in this area. A lack of suitable
remaining forest fragments in Sabah limited our conclusions.

Despite limited replication, we found a measurable effect on the genetic
diversity and population structure of two leaf litter ant species in the dip-
terocarp rain forests of Sabah, probably caused by habitat fragmentation due
to deforestation. Therefore, the reduction of biodiversity in leaf litter ant
populations in these fragmented forests is not only detectable on community
level, measured by species diversity and density in the same area (Briihl et al.
2003), but also on the level of single populations, measured as a decline in
genetic diversity. This result is surprising and alarming, as the effect was al-
ready measurable after only 40 years of fragmentation and isolation even in
quite large habitat fragments comprising more than 4000 ha. The reduction in
genetic diversity was supported by several measurements of genetic variability
(nucleotide diversity, heterozygosity, and the proportion of polymorphic loci).
Nucleotide diversity was significantly smaller in the fragments relative to the
large habitat for both species. Additionally, heterozygosity was significantly
reduced in one species, P. annexus, a finding similar to that for rainforest
skinks in fragmented rainforests of Austalia (Sumner et al. 2004). This decrease
in genetic diversity in smaller habitats demonstrates their sensitivity to popu-
lation density fluctuations.

The lack of heterozygosity in fragmented forests in both species can be
interpreted as an effect of inbreeding and genetic drift, effects that are certainly
to be expected in small populations. Both phenomena should not be analyzed
separately (Hartl and Clark 1989; Templeton and Read 1994) because of re-
ciprocal interactions. Therefore, the fixation of alleles is also an indication for
inbreeding. Unfortunately, the inbreeding coefficient Fis cannot be calculated
from RAPD data unless data from more than one generation exist (Lynch and
Milligan 1994). Increased inbreeding in fragmented populations is expected to
be associated with a loss in the ability to adapt to changing environmental
parameters because genetic variation is lost (Hartl and Clark 1989; Templeton
and Read 1994).

Besides the deficiency of evolutionary flexibility, inbreeding in Formicidae
can lead to a serious inbreeding depression as diploid males are produced due
to the haplo-diploid sex determination system in ants. Diploid males are
usually sterile and a burden for the colony (Giraud et al. 2000). Additionally,
inbreeding can also be directly correlated with a higher susceptibility of
extinction for populations (Frankham 1998; Saccheri et al. 1998; but see Elgar
and Clode 2001).

The reduction of genetic diversity in the rainforest patches was of the same
magnitude as in island populations of comparable sizes. For example, in sev-
eral insect island populations (drosophilid species and beetles) the ratio of
heterozygosity from island and continental populations was 0.79 (Frankham
1997). The ratios of the mean heterozygosities in the forest fragments com-
pared to Danum Valley were comparable (0.84 for O. rixosus and 0.76 for
P. annexus). This expected lower genetic variability is caused by the typically
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lower effective population sizes in island populations. Therefore, the reduction
in genetic variability in our fragmented populations matched the theoretical
expectations of isolated island populations.

It is unlikely that these results are the consequence of a sampling artifact, as
a comparable number of samples from each population were taken from an
equivalent area (with the exception of the very small (Labuk) population of
O. rixosus). The reason for the low number of sampled colonies in Labuk is not
the result of a lower sampling effort as the highest number of baits (about 2000)
was applied in this habitat, but a result of the low density of O. rixosus.
Additionally, sampling of P. annexus indicated that sample size is not corre-
lated with genetic diversity in our analysis. Sample size in the Danum Valley
population of P. annexus was lower than in the fragmented habitats (12
compared to more than 20 in the fragments). Nevertheless, the Danum Valley
population of P. annexus had a higher genetic diversity compared to the
fragmented populations.

Although a regression analysis showed a linear trend between habitat size
and genetic diversity (nucleotide diversity and heterozygosity) the results were
not significant. This is mainly due to the low number of replicates and the wide
gap in habitat area between the large (>40,000 ha) and the smaller fragments
(<5000 ha). However, the general trend of decreasing genetic variability in
smaller fragments with two measurements for genetic diversity and the smaller
proportion of polymorphic loci in the fragments make a linear relationship
possible. It must be emphasized that this low number of replicates is the result
of the high logging activity in the area with the result that there are no other
fragments left or at least none that can be defined as primary forests. So the
number of replicates is not a matter of a poor planning process of this study,
but the fact that field studies must deal with the remainder of what is available,
even if this is not an ideal situation.

Population structure

The-isolation-by-distance-population-model predicts a correlation of genetic
distance (genetic dissimilarity between populations) with geographic distance
due to lack in dispersal and gene flow over long distances. Cluster analysis
(UPGMA) of the genetic distance measures revealed the same pattern for the
two species supporting an isolation by distance model. The Danum Valley
population (large) with the highest distance to any other populations (100 km)
forms the out group in the phenograms, the three smaller fragments cluster
together (two in O. rixosus). The high correlation between geographic and
genetic distance for P. annexus in a Mantel test gave further support towards
the isolation-by-distance scenario.

However, genetic distances between the three fragments were higher than
expected under an isolation by distance model alone. For example, Labuk
(very small) is genetically furthest apart from the other fragments, yet Labuk is
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only 5 km distant to Sepilok (medium). This may be a result of the high degree
of genetic isolation of Labuk and a resulting high allele fixation by inbreeding
and genetic drift due to small effective population size (Hartl and Clark 1989).
Finally, the high degree of disturbance in the Labuk population compared to
the other fragments and harsh microclimatic conditions due to extensive edge
effects could hinder new immigration and foster the isolation effect.

Analysis of population subdivision (F-statistic) supported findings of high
genetic isolation in fragmented populations and emphasized the low gene flow
between habitats. The values for population subdivision were exceptionally
high (ca 5-10 times higher) if compared to other studies on fragmented insect
populations (Knutsen et al. 2000; Gyllenstrand and Seppd 2003). For both
species there is only a very restricted gene flow detectable between Danum
Valley (large) and the fragments (Tables 2 and 3). Fisher’s Exact Test was able
to detect significant and highly significant differences in marker frequencies
between the contiguous habitat and the fragments supporting the findings in
the F-statistics. Between the fragmented populations a slightly higher gene flow
between approximately 2.0 and 2.7 effective migrants per generation occurred.
To hinder the effect of genetic drift one migrant per generation would theo-
retically be sufficient (Hartl and Clark 1989). But experimental findings suggest
that even 10 migrants are not sufficient to stop genectic differentiation of
populations (Allendorf and Phelbs 1981; Vucetich and Waite 2000). Consid-
ering this, gene flow between populations seems limited and very restricted.
From this point of view there is no meta population dynamic — with gene flow
between subpopulations — present in both species. In both species, the lack of
gene flow may lead to an increase in genetic differentiation between the pop-
ulations and foster an additional loss of genetic variability due to inbreeding
effects in the future. The low migration rates can be explained by the quality of
the matrix habitat (Fahrig and Merriam 1994) preventing recolonization
(Templeton et al. 2001). Such conditions occur in the case of our study, as the
intervening matrix habitat is dominated by urban and agricultural landscapes
(mostly oil palm plantation) which are uninhabitable for both species (Briihl
2001). Although the dispersal abilities of the two species are unknown, it is
unlikely that founding queens of either species are able to fly the whole distance
from Danum Valley to the Sandakan area. Additionally, as there are no
suitable habitat patches (stepping stones) between the two localities hence
stepwise migration between these habitats is impossible.

The genetic population structure in this study is comparable with another
study on isolated ant populations. Island populations in the Florida Key’s
showed a 10 time higher genetic distance from an island to a continental
population than the genetic distance from the large habitat to the fragments in
our study, although the geographic distance (220 km) was in the same range
(100 km) in both studies (Gadau et al. 1996). The difference can probably be
explained by the longer isolation time of the Florida Keys compared to the
isolation time in our fragmentation study, although population substructuring
(estimated as Fgt) was comparable. This combination of low genetic distance
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combined with a high differentiation (population subdivision) can be explained
by similar founding populations (situation before fragmentation) and a low
gene flow, fostering inbreeding and genetic drift resulting in a high population
subdivision. This means that historically there was a sufficient gene flow be-
tween the forests prior to fragmentation. The same result of low genetic dis-
tance but high population subdivision was found in a study on fish populations
inhabiting small isolated water bodies (Schug et al. 1998). These fish popula-
tions derived from a similar founding population but subsequently had no
more genetic exchange.

This study shows that even a relatively large protection area like Sepilok
(more than 4000 ha) may not be sufficient to maintain the original genetic
diversity of tropical leaf litter ant populations. As most Virgin Jungle Reserves
(VIR) — with a mean size of approximately 2000 ha (Chung et al. 2000) — are
smaller than Sepilok, most protection areas in Sabah are not large enough to
prevent genetic erosion with all its consequences including the higher suscep-
tibility to extinction. Whether these results are representative for other
organisms in different regions remains speculative. But, if even such small
organisms as the ants under study are already measurably affected after such a
short period of isolation it is more than likely that larger organisms with
smaller population densities are even more severely affected. If these results are
confirmed for other organisms, the conservation value of small forest frag-
ments has to be critically evaluated.
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Abstract. When compiling an inventory of hyperdiverse taxa, it is impossible to record the total
number of species during fieldwork. To ensure the accuracy of species-richness data it is necessary
to assess the reliability of inventories. Accumulation curves are an easy method for doing this and
are extensively described in the literature. In this study, we compare the relative fit of various
models of species-accumulation functions for six local butterfly inventories, evaluating them by a
consideration of the values of the fit, coefficient of determination and sum-of-squares, and the
residual patterns and Akaike’s Information Criterion. In general, complex functions, such as the
Weibull or Chapman-Richards, performed better than simpler and more widely used models
(e.g., the Clench and negative exponential models). The performance of models varied among
sampling plots, indicating the influence of factors such as land use and community structure. Thus,
although the application of more complex models should replace the use of simple ones, further
research into the factors affecting model fit of accumulation functions is necessary.

Introduction

Species richness is an essential criterion for land use and conservation plan-
ning. It is an easy parameter to interpret, and it has gradually replaced the
traditional diversity indices based on species-number and evenness (Gaston
1996). However, reliable inventory data for hyperdiverse taxa, such as ar-
thropods, are difficult to obtain due to their intrinsic attributes. For example,
the impossibility of recording the total number of species during a survey is a
serious methodological problem (Colwell and Coddington 1994). Therefore,
we need a reliable method to assess the completeness of inventories in order to
ensure that we are working with accurate data.

In a species-accumulation curve, the cumulative number of species is plotted
against a cumulative measure of sampling effort. As sampling effort increases,
the rate at which new species are added to the inventory declines



164

asymptotically. Theoretically, the asymptotic value represents the total species
richness that would be achieved with an infinite survey using the methods and
over the time period of the actual study. Once a species-accumulation model
has been fitted, accumulation curves should (1) allow formality to be conferred
on the species inventories, thereby facilitating evaluation of their completeness,
(2) provide a better basis for planning sampling work once the effort required
to obtain reliable inventories has been estimated, and (3) facilitate the
extrapolation of the total number of species present in a given area (Lamas et
al. 1991; Soberén and Llorente 1993; Colwell and Coddington 1994; Gotelli
and Colwell 2001). Several other methods have been proposed for estimating
the number of species in an assemblage. Non-parametric estimators use the
relative abundance of rare species to estimate the number of species not seen
(Heltshe and Forrester 1983; Smith and van Belle 1984; Chao 1987; Colwell
and Coddington 1994). Although widely used, some authors (Chiarucci et al.
2003; Petersen and Meier 2003; Petersen et al. 2003) have argued that these
estimators are inaccurate and difficult to interpret, and Chiarucci et al. (2003)
proposed that other estimators should be developed. Fitting a lognormal
abundance distribution and estimating the unsampled proportion of the curve
(e.g., Fagan and Kareiva 1997; Longino et al. 2002) is another approximation
that involves several dubious assumptions and practices (Colwell and Codd-
ington 1994). Moreover, these methods only give an estimate of species rich-
ness, and provide no information of use in planning fieldwork.

Species-accumulation curves have been widely used to assess completeness
of different taxonomic group inventories. The Clench and negative expo-
nential functions are the most frequently used models (e.g., butterflies: Fa-
gan and Kareiva 1997; Jiménez-Valverde et al. 2004; Soberon and Llorente
1993; Araneae: Jiménez-Valverde and Lobo 2004; bats: Moreno and Halffter
2000; Coleoptera: Hortal et al. 2001; Diptera: Petersen et al. 2003). How-
ever, in general, these works did not compare the relative model fit to their
data and assessed the performance of the chosen function solely by the
coefficient of determination (R?). Several authors have pointed out that this
is a misleading method (Keating and Quinn 1998; Motulsky and Christo-
poulos 2003). To our knowledge, only Flather (1996) has compared different
species-accumulation models, using regional-scale bird data, concluding that
the Weibull model was the most appropriate for quantifying and comparing
species-accumulation curves. However, model performance may be expected
to depend on numerous factors, including community structure (Keating
and Quinn 1998) and spatial scale (Tjerve 2003), among others.

In this work we compare the relative model fit and predictive validity of
various species-accumulation models in six annual butterfly inventories
carried out at a local scale in sampling plots with different land uses in a
Mediterranean area. The overall objective was to derive some recommen-
dations about the most appropriate type of function for modelling the
inventory process and for obtaining reliable estimates of species richness.
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Butterflies (Papilionoidea and Hesperioidea) fulfil many of the require-
ments associated with ecological indicator taxa (Pearson 1994), and this
characteristic is strengthened by their close relationship with the vegetation
layer that is a consequence of their phytophagy and host-specific behaviour.
Thus, butterflies could reveal trends in plants and therefore, in many other
terrestrial arthropod groups (Martin Cano et al. 1996). This justifies their
usefulness for assessing areas of interest in environmental conservation.
Moreover, butterflies could have the potential to be an umbrella group for
biodiversity conservation (New 1997). However, because of the bias in the
geographic distribution of our chorological knowledge (Dennis and Thomas
2000; Garcia-Barros and Munguira 1999; Martin and Gurrea 1999), under-
recording is a common problem even in regions with a well-known fauna
(Spain: Garcia-Barros et al. 2000; Portugal: Garcia-Pereira et al. 1999; Great
Britain: Dennis et al. 1999; France: Dennis et al. 2002 and Dennis and
Shreeve 2003). Thus, there is a pressing need to make extensive field
inventories and evaluate them in order to obtain accurate species-richness
data.

Methods
Study site

The study was carried out in Cabaferos National Park (Spain), which is sit-

uated between the northwest of Ciudad Real Province and the southeast of

Toledo Province (latitude 39°23’47” north and longitude 4°29°14” west).

Cabaneros is part of the Montes de Toledo mountain range. The Park has a

moderate Mediterranean climate, it is situated in the Mesomediterrancan

bioclimatic stage and has a dry-subhumid tendency (mixed oak forests of

Quercus pyrenaica, Q. suber and Q. ilex ballota) (Rivas-Martinez 1987).

Six 1-km? sampling plots with different land uses were selected:

— Sampling plot 1: Forest. An oak forest located on a shady rocky slope. These
environmental conditions preserve the best Mediterranean forests of the area
(Vaquero de la Cruzc 1997; Costa Tenorio et al. 1998).

— Sampling plot 2: Pine plantation. A Pinus pinaster plantation dating from
the late 1960s. The shrub layer mainly consists of Erica arborea inside the
plantation and Cistus ladanifer shoots in the firebreaks.

— Sampling plot 3: Shrubs. Plot with a dense, well-developed shrub layer
dominated by C. ladanifer.

— Sampling plot 4: Crops. Plot dominated by cultivated land.

— Sampling plot 5: Grasslands. An extensive area of pastures with extensive
sheep grazing.

— Sampling plot 6: Mixed use. Plot with no single dominant use.

The percentages of each habitat in each sampling plot are shown in Table 1.
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Table 1. Description of the six sampling plots.

Sampling plot Habitats and relative proportions

1 Mediterranean oak forest (97%); screes (3%)

2 Pinus pinaster plantation (90%); firebreaks (10%)

3 Shrub (60%); grasslands (25%); crops (15%)

4 Crops (75%); shrub (10%); grasslands (15%)

5 Grasslands (75%); holm oak shrub (25%)

6 Shrub (35%); grasslands (25%); crops (25%); fallow land (15%)

The biological assemblage of the study

The butterfly fauna of Cabafieros National Park has recently been studied by
Jiménez-Valverde et al. (2002, 2004). The traditional land use of the area,
which can be appreciated throughout the territory, results in a few common
and widespread species typical of pastures and grasslands being highly domi-
nant among the fauna. The phenology of the butterfly assemblage is a typically
Mediterranean, with a decrease in the number of species in the hot and dry
summer and a subsequent recovery due to the emergence of bivoltine species
that have already flown in spring.

Fieldwork

The linear transect method developed by Pollard (1977, 1982) was employed
(see Pollard and Yates 1993, for a thorough description of the method). This
procedure is quick and easy to use. The six sampling plots were visited weekly
from mid-March to September 2002. The six transects were 1 km long, and
aerial photographs were used to divide them into sections of lengths propor-
tional to the amount each land-use type in each plot. Transects were walked at a
constant pace and butterflies that appeared 5 m ahead and 2.5 m on either side
of the observer were counted. Butterflies were identified in flight wherever
possible, while those that were more difficult to identify were captured in order
to study their morphological characters in the laboratory. Counts were initially
carried out between 1100 and 1500 h, when butterfly activity was greatest, but
as the summer went on, the daily sampling period was progressively changed in
order to avoid the hottest hours in the middle of the day, since butterflies are less
active and shelter in the vegetation at these times. No sampling was undertaken
on days with climatologically adverse conditions (Pollard and Yates 1993).

Statistical analysis

When building accumulation curves to infer recommendations about sampling
planning for other researchers, effort is expressed as sampling units (n)
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(Moreno and Halffter 2001), which, in our case, were ‘sampling weeks’. The
order in which they were added was randomized 100 times and the mean
number of accumulated species, for each n value between 1 and the total
number of sampling weeks, was calculated. This randomization process is
detailed in Colwell and Coddington (1994). Calculations were performed with
EstimateS 6.0 software (Colwell 2000).

Seven species-accumulation models that are widely used in the literature
were examined (Table 2; see Tjorve 2003, for sources), all of which were
asymptotic except the Power function. Models were fitted by non-linear
regression using the sTATISTICA program (Statsoft 2001). The simpler models
(those with only two parameters) were fitted using the Simplex &
Quasi-Newton algorithm. However, this method was not able to fit the more
complex functions so Hooke-Jeeves or Rosenbrock algorithms were used
(Statsoft 2001). Evaluation of non-sensical best-fit parameter values and visual
assessment of model-fitting were used to reject non-useful functions. The
coefficient of determination (R*) and sum-of-squares (SS) were used to de-
termine overall model performance. R* will usually be higher and SS lower in
those models the more parameters are included, simply because these models
are more flexible. The model with the lowest SS and the fewest parameters will
be chosen over more complex functions. Otherwise, graphical examination of
residuals and the Akaike’s Information Criterion (AIC) enabled the definitive
selection of the models that best fit the data. AIC is a method based on
information theory that addresses the questions of which model is most likely
to have generated the data and how much more likely that model is compared
with the others under consideration (Motulsky and Christopoulos 2003). AIC

is defined by the equation:
SS 2K*(K+1)
AIC=NxIn|— 2K+ | ————+
cven(y) e ()
where N is the number of data points, SS is the sum-of-squares and K is the

number of parameters plus one; the data are most likely to come from the
model with the lowest AIC value (Motulsky and Christopoulos 2003). The

Table 2. Candidate function models for species-accumulation curves. The dependent variable
(f(x)) is the number of species, and the independent variable (x) is the number of sampling units.

Function Number of parameters Asymptote
Power a’xb 2 No
Negative exponential a/b’(1 — exp( — b'x)) 2 Yes (a/b)
Clench a'(x/(b + x)) 2 Yes (a/b)
Weibull a’(1 —exp( — b'x9) 3 Yes (a)
Morgan—Mercer—Flodin a'x)(b + x° 3 Yes (a)
Chapman-Richards a'(1 —exp( — b'x))° 3 Yes (a)
Beta-P a" (1=(1+(x/o)) ") 4 Yes (a)
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probability of choosing the correct model is given by the equation:
o 05:0AIC

probability = 1 1 o-054AIC

Results

The number of samples, individuals and species per sampling plot are shown in
Table 3. Non-sensical best-fit parameter values, whereby the value of the
asymptote (the predicted number of species) was lower than the actual number
observed, implied that the negative exponential model should be rejected
(Table 3). Moreover, visual inspection of the fitted function (Figure 1) gave no
grounds for favouring its selection. The Power function did not give a good fit
to the data (Figure 2a), since this and the negative exponential model had the
lowest R* and the largest SS values (Table 4). Only in sampling plot 5 did this
function fit the data well (Figure 2b), exhibiting a high R*> and a low SS that
were quite similar to those of the other models. Thus, the first two criteria for
discarding non-useful models led us to reject those based on the negative
exponential and the Power distributions.

Visually, the rest of the models fitted the data quite well (Figure 3). As the
SS values of the simpler models were always higher than those of the more
complex ones (Table 4), we compared residuals and employed the AIC crite-
rion with all of them.

In general, all the models exhibited lack of fit (Table 4 and Figure 4),
although the magnitude varied among models and sampling plots. The
Clench model function had the largest values of SS and exhibited the most
systematic pattern in the residuals, followed by the Chapman-Richards and
Weibull models. The Morgan—Mercer—Flodin and the Beta-P model functions

Table 3. Number of samples, species and individuals recorded for each sampling plot and pre-
dicted number of species (value of the asymptote) of the six asymptotic species accumulation
models.

Sampling plot 1 2 3 4 5 6
Number of samples 24 22 25 23 23 24
Number of species 40 20 27 21 21 27
Number of individuals 1294 361 1121 688 378 619
Functions

Negative exponential 39.4 19.7 26.4 20.3 19.9 26.3
Clench 49.5 25.1 32.9 24.1 24.6 329
Weibull 44.3 23.3 31.1 22.0 36.8 37.5
Morgan—Mercer—Flodin 54.2 29.1 389 25.5 61.2 50.9
Chapman-Richards 42.7 22.1 29.5 21.5 27.2 32.1

Beta-P 51.9 118.6 36.2 23.8 68.2 64.5
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Figure 1. Negative exponential function fitted to the species-accumulation curve for sampling plot
3. Visual inspection and comparison with other functions (Figure 4) suggested that the model is
unsuitable.

(a) 45 (b) 24
22
40 rYJ
g : g 2
5 35 et 2 18
g 30 o® & 16
e °
3 2 g
k] 2 12
g 20 E 10
3 15 8 8
o (] <
< 10
° 4
5 2
0 0
0 2 4 6 8 10 12 14 16 18 20 22 24 26 0 2 4 6 8 10 12 14 16 18 20 2 24
Sampling weeks Sampling weeks

Figure 2. Power function fitted to the data of sampling plots 1 (a) and 5 (b). This model did not
produce a good fit (a) except in inventories where the accumulation curve ended while still rising

(b).

gave the best fit to the data. There was a marked lack of fit in all the models
in sampling plot 5, and to a lesser extent in sampling plots 2 and 3. In
general, the lack of fit was most pronounced in the lower sections of the
accumulation curves.

Mean AIC values differed significantly from one function to another
(Kruskal-Wallis test: H (4, N = 30) = 13.12, p < 0.05), the Clench model
having the highest value (Table 4). The mean AIC also differed significantly
between sampling plots (Kruskal-Wallis test: H (5, N = 30) = 11.88,
p < 0.05), being highest in sampling plot 5 (Table 4).

Although the Clench model extrapolations of species richness were reason-
able (Table 3), it had the highest AIC values of all the functions and of all six



Table 4. Coefficients of determination (R?) and sum-of-squares (SS) for the different species-accumulation models in the six sampling plots.

Function 1 2 3 4 5 6 Mean AIC
Power R* = 0.984 R* = 0.989 R* = 0.988 R? = 0977 R? = 0.997 R? = 0.995 -
SS = 41.04 SS = 6.67 SS = 14.58 SS = 14.51 SS = 141 SS = 4.73
Negative exponential ~ R? = 0.991 R? = 0.988 R? = 0.984 R? = 0.985 R? = 0.958 R? = 0975 -
SS = 24.53 SS = 17.07 SS = 18.96 SS = 9.33 SS = 26.15 SS = 28.25
Clench R? = 0.999 R? = 0.997 R? = 0.997 R? = 0.999 R = 0982 R = 0.991 — 40.16 (£10.51)
SS = 2.81 SS = 1.31 SS = 3.66 SS = 0.56 SS = 11.18 SS = 10.03
AIC = — 4424 AIC = — 5472 AIC = —40.88 AIC = — 78.03 AIC = — 933 AIC = — 13.74
Weibull R* = 0.999 R* = 0.999 R* = 0.999 R* = 0.999 R*> = 0.998 R* = 0.999 — 85.40 (£7.20)
SS = 0.49 SS = 0.50 SS = 0.51 SS = 0.18 SS = 1.09 SS = 0.18
AIC = —83.35 AIC = —72.89 AIC = —87.19 AIC = —101.64 AIC = —59.99 AIC = —107.32
Morgan-Mercer-Flodin R* = 0.999 R? = 0.999 R? = 0.999 R? = 0.999 R? = 0.998 R? = 0.999 —90.27 (£ 6.84)
SS = 0.45 SS =027 SS = 0.38 SS = 0.12 SS =098 S§S =022
AIC = —85.10 AIC = —86.28 AIC = —9495 AIC = —110.47 AIC = —62.31 AIC = —102.51
Chapman-Richards R?* = 0.999 R?* = 0.998 R? = 0.999 R? = 0.999 R* = 0.997 R* = 0.999 — 75.14 (£6.90)
SS = 0.88 SS = 0.73 SS = 0.79 SS = 0.38 SS = 1.42 SS =022
AIC = —69.24 AIC = —64.64 AIC = —7647 AIC = —84.09 AIC = —53.87 AIC = —102.51
Beta-P R? = 0.999 R? = 0.999 R® = 0.999 R® = 0.999 R® = 0.998 R® = 0.999 —90.87 (£7.34)
SS = 0.41 SS = 0.12 SS = 0.39 SS = 0.10 5SS = 0.96 SS =023
AIC = —84.54 AIC = —100.61 AIC = —90.66 AIC = —111.80 AIC = —59.43 AIC = —98.21
Mean AIC —73.29 (£7.83) —75.83(+£8.07) —78.03(£9.78) —97.21 (£6.88) —48.99 (£10.01) —84.86 (+17.84) —

The AIC value is shown for the Weibull, Morgan—Mercer-Flodin, Chapman-Richards and Beta-P models (see text). Also, mean AIC values (£ SE) for each
function and sampling plot. The model with the highest mean AIC was the Clench model, and the sampling plot with the highest mean AIC was plot 5.

0L1
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Figure 3. Example of the Clench model function fitted to the data of sampling plot 4. Compared
with the negative exponential and Power functions, all other models fitted the data from the six
sampling plots quite well.
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Figure 4. Residuals of the models plotted against the number of sampling weeks in the six
sampling plots (horizontal lines = 0). The Clench model function had the most systematic pattern
in the residuals. All the models had a greater lack of fit in sampling plot 5.

sampling sites (Table 4), implying that data were better explained by any
model other than the Clench model. The probabilities of choosing the correct
model (that is, any one other than the Clench model) were maximum (0.95-
1.00). Thus, the Clench model does not seem to be a good option for modelling
our data on butterfly species accumulation.
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Extrapolations of the Weibull function make sense from a biological point of
view (Table 3), and it was a better model than the Chapman-Richards model
(Table 4), although the probabilities of choosing the right model were quite
low (0.0001-0.08). In sampling plots 5 and 6, the Weibull model was only
slightly better than the Beta-P; however, as the probability of choosing the
correct model was < 0.5, these results are inconclusive. Only in sampling plot
6 did the Weibull model perform better than the Morgan—Mercer—Flodin
model, although the probability of choosing the correct model was extremely
low ( < 0.1). In the remaining cases, the Morgan—Mercer—Flodin and Beta-P
model functions performed better than the Weibull model, with high proba-
bilities of choosing the right model (0.65-0.99; the lowest probabilities corre-
sponding to sampling plots 1 and 5).

Data were more likely to be explained by the Morgan—Mercer—Flodin or
Beta-P models than by the Chapman-Richards model in sampling plots 1-5.
Probabilities of choosing the correct model were high (0.94-0.99), with the
lowest values corresponding to sampling plot 5. For plot 6, the Morgan—
Mercer—Flodin and Chapman-Richard models had the same AIC value, and
thus a probability of choosing the best model of 0.5. Both were superior to the
Beta-P function, although they had quite low probabilities of choosing the
correct model ( < 0.2) Extrapolations of species richness with the Chapman-
Richard models were reasonable, while those of the Morgan—Mercer—Flodin
function in sampling plots 5 and 6 and of the Beta-P function in plots 2, 5 and 6
were extremely high (Table 3).

When comparing the Morgan—Mercer—Flodin and Beta-P models, and in the
cases in which the former performed better (Table 4), the probability of
choosing the correct model was less than 0.5.

Discussion

Estimating species richness and assessing the accuracy of inventories are cur-
rently important issues in conservation biology and biodiversity studies. The
use of species-accumulation functions is an easy way to achieve these goals.
They have been used in many studies and are an essential component of bio-
diversity studies (Moreno and Halffter 2000; Willot 2001). However, little is
known about the performance of different models in different ecological situ-
ations (variation with spatial scale, habitat structure, community structure,
etc.). Researchers have usually applied one widely accepted model, without
considering whether any other would fit their data better. In this work, we have
seen that model performance varies among local-scale sampling plots. More-
over, there was a consistent lack of fit for each model in the same sampling
units. Thus, there are certain factors that systematically affect the fitting of
models, and to determine what they are requires much more accurate field data
and studies based on simulated data. Until then, comparative tests must be
undertaken before selecting the definite model for our data. However, in spite
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of this systematic lack of fit, we can find species-accumulation functions that
generally have significantly greater lack of fit than others.

If the sampling zone is relatively small or the taxonomic group is sufficiently
well known, or both, then all species have a high probability of being recorded.
In these cases, the negative exponential model is recommended (Soberon and
Llorente 1993). However, these conditions are not usually found when working
with hyperdiverse groups, such as arthropods. Palmer (1990) argued that if an
estimator produces a lower value than the observed species richness, it should
be considered a bad estimator. In this work, the negative exponential model
gave such a result, as was also found by Ledn-Cortes et al. (1998) for sphinx
moth inventories and by Peterson and Slade (1998) for two model data sets.
Conclusions are contradictory in the species-area literature (Tjorve 2003).

The non-asymptotic Power model did not fit the data well, except for
sampling plot 5. The species-accumulation curve ends while it is still rising, so it
could be fitted equally well by non-asymptotic and asymptotic models (Flather
1996). However, the Power model did not perform any better than other more
flexible asymptotic functions.

The Clench model is recommended for large study sites and for protocols in
which the longer the time spent in the field, and thus the greater the experience
with the sampling method and taxonomic group, the higher is the probability
of adding new species to the inventory (Soberon and Llorente 1993). However,
Keating and Quinn (1998), employing simulated data, demonstrated that the
Clench model was not appropriate for large and heterogeneous communities,
as Soberon and Llorente (1993) proposed. Moreover, as the communities that
best fitted the Clench model were of the broken-stick distribution type (mod-
erately large and very even structure; Magurran 1988), and these communities
are rarely found in nature, Keating and Quinn (1998) did not recommend the
use of this species-accumulation model. We have found little evidence for the
suitability of the Clench model, which provides poorer fits than any of the four
other functions (Chapman-Richards, Morgan—Mercer—Flodin, Weibull and
Beta-P). Of these functions, Morgan—Mercer—Flodin and Beta-P seem to
perform best, the latter being slightly better than the former. However, as the
predicted species richness values were sometimes too high, caution is required
when using these two functions. Instead, the Weibull or Chapman-Richards
models are preferred.

Flather (1996) found that the Weibull function was the best model for his
data (he did not test the Morgan—Mercer—Flodin model). It was superior to the
Beta-P, since the latter failed to converge in 36% of cases. Both are very flexible
models and are very effective at fitting data sets closely (Tjorve 2003). Though
its performance in our study was slightly worse than that of the Morgan—
Mercer—Flodin and Beta-P models, its reasonable species richness predictions
led us to conclude that the Weibull model is the best option for modelling the
species accumulation process in our butterfly inventories.

Much more research is needed if we are to understand the behaviour of
different species-accumulation models and the influence of different factors
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(e.g., spatial scale of the study, taxonomic group, community structure, habitat
type and land use) on them. Unfortunately, we have not been able to evaluate
the reliability of the model at showing how well the estimated asymptote
matches the true asymptote of the data. We cannot know this unless all the
taxa in an area have been sampled. Thus, even if the models fit the data well,
they still may not give a good estimate of asymptotic species richness, as
strikingly high values indicate. Virtual and real data sets where the true species
richness is known are needed to measure the predictive power with respect to
this characteristic. However, we may at least conclude that the traditional
Clench model, widely used because of its simplicity, is not the best choice for
modelling butterfly species-accumulation at the local scale, and that more
complex and flexible functions are therefore definitely a better option.
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Abstract. Raising public interest in nature through conserving species of high social interest is
crucial in achieving effective conservation of biodiversity. In Japan, the Genji-firefly Luciola
cruciata (Coleoptera Lampyridae) in biodiversity rich agricultural landscapes called the satoyama
has always attracted exceptional public interest. This study provides rare information on envi-
ronmental factors associated with the abundance of the Genji-firefly. Stepwise backward multiple
regression revealed that firefly abundance increased with increasing pH, DO and prey abundance
while decreasing with water depth and the proportion of artificially modified ditch length. These
factors are thought to be influential mainly to the larval and pre-pupal periods of the firefly. The
implications of the results for the conservation of the Genji-firefly are discussed, with reference to
the relationship between Genji-firefly conservation and extensive biodiversity conservation in the
satoyama.

Introduction

Today, with increasing interests for the conservation of wild fauna and flora,
people have become aware not only of the importance of natural environments
but also of semi-natural environments (Buckley et al. 1997; Endels et al. 2002).
Typical examples of such semi-natural environments are agricultural land-
scapes found in rural areas worldwide (Burel 1996; Elphick 2000). Hedgerows
in Europe for instance, have been studied intensively for their roles as refuges
or corridors for the conservation of biodiversity in rural areas (Burel 1996;
Burel et al. 1998).

In Japan, agricultural landscapes called the satoyama provide a variety of
habitat types for wildlife, helping to maintain rich biodiversity in the Japanese
countryside (Kobori and Primack 2003). The satoyama consists of a mosaic of
forests, grasslands, rice-fields, ponds, creeks and irrigation ditches that have
historically provided resources for agricultural life (Kobori and Primack 2003).
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Today, however, the reduced rice production policy by the government (Moore
1990), together with modernized agricultural schemes, urban developments
and changes in forestry, have altered the rural landscapes drastically (Fuka-
machi et al. 2001), causing a corresponding decline in aquatic plants [e.g.,
Sparganium japonicum (Typhales : Sparganiaceae), Kato 2001], birds [e.g.,
Butastur indicus (Falconiformes : Accipitridae), Fujioka and Yoshida 2001],
and insects [e.g., Japonica saepestriata (Lepidopter : Lycaenidae) and Antigius
attilia (Lepidopter : Lycaenidae), Kato 2001, Oligoaeschna pryeri (Odonata :
Aeshnidae) and Rhyothemis fuliginosa (Odonata : Lib