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Breast cancer is the most common neoplastic disease in women worldwide. Development of
breast cancer is profoundly influenced by prolonged exposure to estrogens, but the role of es-
trogen in the development of human breast cancer has remained elusive. There is evidence that
in situ metabolism of estrogens by estrone sulfatase and aromatase results in a high level of ac-
tive estrogens in the breast. Two mechanisms have been considered to be responsible for the
potential carcinogenicity of estrogens: receptor-mediated hormonal activity and cytochrome
P450-mediated metabolic activation. The receptor-mediated hormonal activity of estrogen has
generally been related to stimulation of cellular proliferation, resulting in more opportunities
for accumulation of genetic damages leading to carcinogenesis. Since local synthesis of estro-
gen in the stromal component can increase the estrogen levels and growth rate of breast carci-
noma, a paracrine mechanism is likely to account for interactions between aromatase-contain-
ing stromal cells and estrogen receptor-containing breast tumor epithelial cells. In addition, ex-
pression of the estrogen receptors occurs in cells other than the proliferating cells, suggesting
that another paracrine mechanism is operative to mediate the biological response to estrogens.
More importantly, estrogen may not need to activate its nuclear receptors to initiate or promote
breast carcinogenesis. There is evidence that oxidative catabolism of estrogens mediated by
various cytochrome P450 complexes constitutes a pathway of their metabolic activation and
generates reactive free radicals and intermediate metabolites that can cause oxidative stress
and genomic damage directly. Estrogen-induced genotoxic effects include increased mutation
rates and compromised DNA repair system that allows accumulation of genomic lesions
essential to estrogen-induced tumorigenesis. However, metabolism of estrogen in normal
human breast epithelial cells is largely unclear. More importantly, the carcinogenic potential of
estrogens in normal human breast epithelial cells awaits to be elucidated.
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Abbreviations

ER estrogen receptor
ERa estrogen receptor type a
ERb estrogen receptor type b
ERE estrogen response element
DNA deoxyribonucleic acid
DHEA dehydroepiandrosterone
HSD hydroxysteroid dehydrogenase
Lob 1 lobule type 1
Lob 2 lobule type 2
Lob 3 lobule type 3
Lob 4 lobule type 4
PgR progesterone receptor
DAB 3,3¢-diaminobenzidine
CYP cytochrome P450

1
Introduction

Breast cancer is the most common neoplastic disease in women worldwide with
an incidence of 796,000 new cases and a mortality rate of 314,000 deaths an-
nually [1]. In the United States, the incidence of breast cancer continues to rise
and accounts for up to one third of all new cases of women’s cancer [2]. In spite
of advances in technologies for early detection and intervention of breast
cancer, the mortality rate from this disease has remained almost unchanged in
the past 5 decades, becoming second only to lung cancer as a cause of cancer
deaths [3, 4].

Intensive epidemiological studies have identified a number of genetic risk
factors associated with breast cancer, including evidence of BRCA1 and
BRCA2 susceptibility genes, familiar history of cancer in the breast, ovary or
endometrium, and individual history of breast diseases (Table 1) [5]. An
increased risk has also been associated with early onset of menstruation,
nulliparity or delayed first childbirth, short duration of breast feeding, late
menopause, use of hormone replacement therapy and increased bone density
(Table 1) [6 – 10].

A principal culprit common for all these endocrine-related risk factors is the
prolonged exposure to female sex hormones [11–13]. The hormonal influences
have been mainly attributed to unopposed exposure to elevated levels of estro-
gens [9, 14, 15], as has been indicated for a variety of female cancers, namely,
vaginal, hepatic and cervical carcinomas [16–21]. Exposure to estrogens, par-
ticularly during the critical developmental periods (e. g., in utero, puberty,
pregnancy, menopause), also affects affective behaviors (e.g., depression,
aggression, alcohol intake) and increases breast cancer risk [22]. In addition,
both environmental and genetic factors are believed to exert their influence by
a hormonal mechanism [23–27].
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It is generally accepted that the biological activities of estrogens are mediated
by nuclear estrogen receptors (ER) which, upon activation by cognate ligands,
form homodimers with another ER-ligand complex and activate transcription of
specific genes containing the estrogen response elements (ERE) (Fig. 1) [28].

According to this classical model, the biological responses to estrogens are
mediated by the ER universally identified until recently, which has been termed
as ERa after the discovery of a second type of ER (ERb). The presence of ERa
in target tissues or cells is essential to their responsiveness to estrogen action.
In fact, the expression levels of ERa in a particular tissue have been used as an
index of the degree of estrogen responsiveness [29]. A vast majority of human
breast carcinomas are initially positive for ERa, and their growth can be stim-
ulated by estrogens and inhibited by anti-estrogens [30–32]. The ERb has been
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Table 1. Risk factors for human breast cancer

Biomarkers Odds ratio

Genetic Evidence of susceptibility genes BRCA1 or BRCA2 ≥4.0
Evidence of p53 gene (in Li-Fraumeni syndrome) ≥4.0
Evidence of PTEN/MAMCI (in Cowden syndrome) ≥4.0
Heterozygosity for mutant alleles of ATM gene ≥4.0
Premenopausal breast cancer in mother and sister ≥4.0
Premenopausal breast cancer in mother or sister ≥2.0–4.0
Postmenopausal breast cancer in first-degree relatives £2.0
Individual history of cancer in one breast ≥2.0–4.0
Individual history of ovarian or endometrial cancer £2.0

Clinical Atypical hyperplasia in breast biopsy or aspirate ≥4.0
Ductal or lobular carcinoma in situ ≥4.0
Typical hyperplasia in breast biopsy or aspirate ≥2.0–4.0
Predominantly nodular densities in mammogram £2.0
Prolonged use of oral contraceptives in women under age 45 £2.0
Prolonged estrogen replacement therapy £2.0

Biological Advanced age ≥2.0–4.0
Early onset of menstruation (before age 12) £2.0
Delayed first childbirth £2.0
Nulliparity (in women under 40) £2.0
Short duration of breast feeding £2.0
Late onset of menopause (after age 49) £2.0
Postmenopausal obesity £2.0
Tallness in adult life £2.0

Social Smoking ≥2.0–4.0
Higher socio-economic status £2.0
Low physical activity £2.0

Dietary Higher alcohol consumption £2.0
Higher fat/energy intake £2.0
Xenobiotics £2.0

Environmental Excess ionizing radiation to chest wall or breasts £2.0
Exposure to chemical carcinogens £2.0
Microbials or infectious agents £2.0



cloned from the rat [33], mouse [34] and human [35]. ERb and ERa share high
sequence homology, especially in the regions or domains responsible for spe-
cific binding to DNA and the ligands [33–35]. ERb can be activated by estrogen
stimulation, and blocked with anti-estrogens [33, 35, 36]. Upon activation, ERb
can form homodimers as well as heterodimers with ERa [36]. The existence of
two ER subtypes and their ability to form DNA-binding heterodimers suggests
three potential pathways of estrogen signaling: via the ERa or ERb subtype in
tissues exclusively expressing each subtype and via the formation of het-
erodimers in tissues expressing both ERa and ERb (Fig. 2) [37–40]. The path-
ways of the ER-mediated signal transduction have become even more compli-
cated by the recent discovery of other types of ER [41, 42]. In addition, estro-
gens and anti-estrogens can induce differential activation of ERa and ERb to
control transcription of genes that are under the control of an AP 1 element [43].
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Fig. 1. Classical model of receptor-mediated estrogen action
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Fig. 2. Proposed interactions of ERa- and ERb-mediated signal transduction pathways



2
Sources of Estrogens in Human Breast Tissue

17b-Estradiol is biologically the most active estrogen in breast tissue. Circulat-
ing estrogens are mainly originated from ovarian steroidogenesis in pre-
menopausal women and peripheral aromatization of ovarian and adrenal an-
drogens in postmenopausal women [8]. The importance of ovarian steroidoge-
nesis in the genesis of breast cancer is highlighted by the fact that occurring
naturally or induced early menopause prior to age 40 years significantly reduces
the risk of developing breast cancer [8, 44–46]. However, the uptake of 17b-
estradiol from the circulation does not appear to contribute significantly to the
total content of estrogen in breast tumors, since the majority of estrogen pre-
sent in the tumor tissues is derived from de novo biosynthesis [47–50]. In fact,
the concentrations of 17b-estradiol in breast cancer tissues do not differ be-
tween premenopausal and postmenopausal women, even though plasma levels
of 17b-estradiol decrease by 90 % following menopause [51]. This phenomenon
might be explained by the observation that enzymatic transformations of cir-
culating precursors in peripheral tissues contribute 75% of estrogens in pre-
menopausal women and almost 100% in postmenopausal women [52, 53], the
data that highlight the importance of in situ metabolism of estrogens. Three
main enzyme complexes that are involved in the synthesis of biologically active
estrogen (i.e. 17b-estradiol) in the breast are:

1) aromatase that converts androstenedione to estrone,
2) estrone sulfatase that hydrolyses the estrogen sulfate to estrone, and
3) 17b-estradiol hydroxysteroid dehydrogenase that preferentially reduces es-

trone to 17b-estradiol in tumor tissues (Fig. 3) [54, 55].

Aromatase (estrogen synthetase) is the enzyme complex responsible for the fi-
nal step in estrogen synthesis – the conversion of androstenedione and testos-
terone to estrone and 17b-estradiol, respectively (Fig. 3). Circulating free and
conjugated dehydroepiandrosterone (DHEA) is the major androgen precursor
for estrogen synthesis in the peripheral tissues, especially in postmenopausal
women. The circulating DHEA is extensively converted to androstenedione and
estrone in human breast cancer stromal cells [56], resulting in a tissue plasma
concentration gradient of up to an 8-fold higher accumulation of androstene-
dione in breast cancer tissues [57]. Higher aromatase activities have been ob-
served in areas of the breast bearing cancer than in non-involved quadrants
[58]. It has also been shown that local synthesis of estrogen via the aromatase
enzyme present predominantly in tumor stromal tissue [59] can increase tumor
estrogen levels and growth rate [60–62]. In fact, the aromatase-positive
macrophages, the predominant population of leukocytes in some breast carci-
nomas [63, 64], have been identified as the major source of local estrogen pro-
duction in breast tissues and breast cancer [65]. In addition, an increase in
breast cancer susceptibility has been associated with aberrant aromatase activ-
ities [66, 67] as well as genetic polymorphisms in the aromatase gene [68, 69]. It
has been suggested that an increase in aromatase expression or activity is re-
lated to the malignant phenotype, but not necessarily to the biological behavior
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or clinical course, of breast cancer [70]. In contrast, an increase in aromatase in
the stromal cells of breast adipose tissue may be correlated with the develop-
ment of, or predisposition to, breast cancer [70]. Ironically, the plasma concen-
tration of DHEA sulfate peaks in the second decade of life and declines
markedly during adulthood [71], supporting the notion that concentrations of
circulating DHEA are inversely correlated with the risk of breast cancer
[72–74]. Nevertheless, aromatization of the androgenic C19 steroids by aro-
matase activity is one of the most important pathways for the biosynthesis of
the estrogenic C18 steroids.

Even though the major pathway of estrone synthesis is via aromatization of
the precursor androgens in the ovary or peripheral tissue, much of the estrone
synthesized is converted by estrone sulfotransferase to estrone sulfate, which
can be converted back to estrone by estrone sulfatase-mediated hydrolysis [75].
Sulfation is an important process in the metabolism and inactivation of
steroids, including estrogens, because the addition of the charged sulfate group
protects the hormones from binding to their receptors and serves as reserve
material for the biosynthesis of active hormones through the action of endoge-
nous sulfatases [76, 77]. Breast cancer cells lack estrogen sulfotransferase to in-
activate estrogens and forced expression of the enzyme in breast carcinoma
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Fig. 3. Steroidogenic pathways in the biosynthesis of estrogens in human breast tissues



cells decreases their responsiveness to estrogen-induced growth stimulation
[77]. In contrast, breast cancer tissues contain 10–100 times higher sulfatase
activity than the aromatase activity and produce estrone mainly through the
hydrolysis of estrone sulfate [54, 78]. In fact, it has been proposed that estrone
production by sulfatase activity is 10-fold more than that by aromatase activity
[79]. A large amount of estrone sulfate and estrone sulfatase activity has been
observed in breast tumor tissues, especially in those from postmenopausal
women [54]. Thus, estrone sulfate is quantitatively the most important circu-
lating estrogen in women and acts as a large reservoir for the formation of es-
trone [80, 81].

17b-Hydroxysteroid dehydrogenases (17b-HSD) belong to a family of HSD
enzymes that are involved in the interconversion of the oxidized form and the
reduced form of steroid hormones. Members of HSD family include 3b-HSD
that catalyze the conversion of 3b-hydroxy-5-ene-steroids (e.g., pregnenolone)
to corresponding 3-keto-4-ene-steroids (e.g., progesterone), 11b-HSD that cat-
alyze the conversion of glucocorticoids and their inactive metabolites, and 17b-
HSD that catalyze the oxido-reduction at carbon 17 of C18 and C19 steroids
[82–84]. There are 7 types of 17b-HSD that have been characterized so far
[84–88]. Type I 17b-HSD, which is expressed mainly in the placenta, ovary and
breast, catalyzes the reduction of estrone to 17b-estradiol, the most potent es-
trogen [89–92]. Expression of type I 17b-HSD has also been reported in human
breast carcinoma, but its level is variable and not necessarily higher than in
non–neoplastic breast tissue [93–96]. In addition, type I 17b-HSD is expressed
in both stromal and epithelial components of the breast [96]. However, the level
of type I 17b-HSD expression is higher in normal, but not cancerous, breast ep-
ithelial cells as compared to their respective stromal counterparts [96]. More
importantly, the activity of type I 17b-HSD favors reduction of estrone to 17b-
estradiol in primary epithelial and stromal cells derived from cancerous breast,
while the oxidative activity of type I 17b-HSD predominates in primary cul-
tures of normal breast epithelial and stromal cells [96]. Similarly, the reductive
pathway of type I 17b-HSD is more active in breast tumors [97–100]. Both the
expression and the reductive activity of type I 17b-HSD can be up-regulated by
cytokines and growth factors [101–104] rich in breast tumors [104–106]. These
data suggest an important role of type I 17b-HSD in the local production of
biologically active estrogen in human breast.

It should be noted, however, that de novo biosynthesis of active estrogen is
also influenced by the activities of other enzymes along the steroidogenesis
pathways (Fig. 3). For instance, 3b-HSD activity is essential to the formation of
androgenic steroids that serve as the substrates for aromatase activity in the
breast [107]. It should also be noted that local synthesis of active estrogen could
confer growth advantage only if type I 17b-HSD, aromatase and estrogen re-
ceptors are coordinately expressed [70]. In this regard, a significant correlation
between the expression of type I 17b-HSD and aromatase has been observed in
invasive lobular carcinoma, but not in ductal carcinoma [108]. In addition, no
consistent correlation has been found between the expression of estrogen
receptors and aromatase activity [109, 110]. Since local synthesis of estrogen in
the stromal component can increase the estrogen levels and growth rate of
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breast carcinoma [60–62], a paracrine mechanism has been proposed to
account for stromal-epithelial interactions in the biosynthesis and action of
estrogens in human breasts (Fig. 4). Clearly, further studies are warranted to
investigate the regulatory mechanisms that are involved in the control of ex-
pression of aromatase, type I 17b-HSD and estrogen receptors in the epithelial
and stromal components of the breasts.

3
Role of Estrogens in Human Breast Proliferation

Even though the breast is influenced by a myriad of hormones and growth fac-
tors [111–118], estrogens are considered to play a major role in promoting the
proliferation of both the normal and the neoplastic breast epithelium [111, 112,
115]. Estradiol acts locally in the mammary gland, stimulating DNA synthesis
and promoting bud formation, probably through an ER-mediated mechanism
[111]. It is also known that the prevailing metabolic condition of an individual
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Fig. 4. Stromal and epithelial interactions in the biosynthesis and action of estrogens in hu-
man breast tissues



animal or human may significantly influence mammary gland responses to
hormones. In addition, the mammary gland responds selectively to given hor-
monal stimuli for either cell proliferation or differentiation, depending upon
specific topographic differences in gland development. In either case, the re-
sponse of the mammary gland to these complex hormonal and metabolic in-
teractions results in developmental changes that permanently modify both the
architecture and the biological characteristics of the gland [111, 113]. The fact
that the normal epithelium contains receptors for both estrogen and proges-
terone lends support to the receptor-mediated mechanism as a major player in
the hormonal regulation of breast development. The role of these hormones on
the proliferative activity of the breast, which is indispensable for its normal
growth and development, has been for a long time, and still is, the subject of
heated controversies [117–125]. There is little doubt, however, that the prolifer-
ative activity of the mammary epithelium in both rodents and humans varies
with the degree of differentiation of the mammary parenchyma [111–114,
126–128]. In humans, the highest level of cell proliferation is observed in the
undifferentiated lobules type (Lob 1) present in the breast of young nulliparous
females [111–114]. The progressive differentiation of Lob 1 into lobules types 2
(Lob 2) and 3 (Lob 3), occurring under the hormonal influences of the men-
strual cycle, and the full differentiation into lobules type 4 (Lob 4), as a result of
pregnancy, leads to a concomitant reduction in the proliferative activity of the
mammary epithelium [111–114, 126–128]. The content of ERa and proges-
terone receptor (PgR) in the lobular structures of the breast is directly propor-
tional to the rate of cell proliferation, being also maximal in the undifferentiated
Lob 1, and decreasing progressively in Lob 2, Lob 3, and Lob 4 (Fig. 5) [113]. Cell
proliferation, as determined as the percentage of cycling cells that are positively
stained with Ki67 antibody as a brown nuclear reaction characteristic of DAB
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Fig. 5. Percentage of cells positive for estrogen receptor (ER), progesterone receptor (PgR),
Ki67, and of cells positive for both ER and Ki67 (ER+Ki67), or PgR and Ki67 (PgR+Ki67) (or-
dinate). Cells were quantitated in Lob 1, Lob 2, and Lob 3 of the breast (abscissa)



stain, is most frequently found in Lob 1 (Fig. 5) [129]. The percentage of posi-
tive cells is reduced by three fold in Lob 2, and by more than ten fold in Lob 3
(Fig. 5) [129]. In all cases, the proliferating cells are almost exclusively found in
the epithelium lining ducts and lobules. Only occasionally are positive cells
found in the myoepithelium, or in the intralobular and interlobular stroma. The
same pattern of reactivity is also observed in tissue sections incubated with the
ERa and PgR antibodies. Positive cells are found exclusively in the epithelium.
The number of cells positive for ERa or PgR is highest in the Lob 1, and de-
creases progressively in Lob 2 and Lob 3 (Fig. 5) [129].

It should be noted, however, that it remains unclear from the above studies
whether the cells that are positive for steroid receptors are those that are prolif-
erating. The use of the double staining procedure for Ki67 and ERa or PgR has
allowed us to quantitatively determine in the same tissue sections the spatial re-
lationship between those cells that are proliferating and those that react with
the ERa or PgR antibody. The double stained cells appear purple-red in color
due to the alkaline phosphatase-vector red staining (Fig. 6).

The number of cells that express ERa and/or PgR is similar to that of cells
positive for Ki67, and the highest percentage of positive cells is also observed in
Lob 1 for both steroid hormones. The percentages of ERa- and PgR-positive
cells in Lob 1 are 7.5% and 5.7%, respectively, which do not differ significantly
(Fig. 5). The percentages of ERa- and PgR-positive cells in Lob 2 are reduced to
3.8% and 0.7%, respectively, and become negligible in Lob 3 (Fig. 5).

Of interest is the observation that even though there are similarities in the
relative percentages of Ki67-, ERa- and PgR-positive cells, and in the progres-
sive reduction in the percentage of positive cells as the lobular differentiation
progresses, those cells positive for Ki67 are not the same as those positive for
ERa or PgR.Very few cells, less than 0.5% in Lob 1, and even fewer in Lob 2 and
Lob 3, appear positive for both Ki67 and ERa (Ki67+ER) (Fig. 5). This double
reactivity is identified by the darker staining of the nuclei, which appear dark
purple-brown. Whereas the percentage of cells double labeled with Ki67 and
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Fig. 6. Lob 1 ductules of the human breast. The single-layered epithelium lining the ductule
contains Ki67 positive cells (brown nuclei), and ER positive cells (red-purple nuclei) (¥40)



ERa (Ki67+ER) decreases gradually from Lob 1 to Lob 3, the percentage of cells
exhibiting double labeling with Ki67 and PgR antibodies (Ki67+PgR) is high in
Lob 2 but low in Lob 1 and Lob 3 (Fig. 5). As a result, Ki67+PgR-positive cells is
lower than the percentage of Ki67+ER-positive cells in Lob 1, but the percent-
ages of Ki67+PgR- and Ki67+ER-positive cells become quite similar in Lob 2
and Lob 3 (Fig. 5).

Our data indicate that the contents of ERa and PgR in the normal breast tis-
sue, as detected immunocytochemically, vary with the degree of lobular devel-
opment, but are linearly related to the rate of cell proliferation of the same
structures. The utilization of a double labeling immunocytochemical technique
to stain the same tissue section for steroid hormone receptors and Ki67 prolif-
erating antigen has allowed us to conclude that the expression of the receptors
occurs in cells other than the proliferating cells, confirming results reported by
others [122]. The findings that proliferating cells are different from those that
are ERa- and PgR-positive support data that indicate that estrogen controls cell
proliferation by an indirect mechanism. This phenomenon has been demon-
strated using supernatant of estrogen-treated ERa-positive cells that stimulates
the growth of ERa-negative cell lines in culture. The same phenomenon has
been shown in vivo in nude mice bearing ER-negative breast tumor xenografts
[130, 131]. ERa-positive cells treated with antiestrogens secrete transforming
growth factor-b that inhibits the proliferation of ERa-negative cells [132]. The
findings that proliferating cells in the human breast are different from those
that contain steroid hormone receptors explain many of the in vitro data
[133–135]. Of interest are the observations that while the ERa-positive MCF-7
cells respond to estrogen treatment with increased cell proliferation, and that
the enhanced expression of the ERa by transfection also increases the prolifer-
ative response to estrogen [133–136], ERa-negative cells, such as MDA-MB 468
and others, when transfected with ERa, exhibit inhibition of cell growth under
the same type of treatment [134–137]. Although the negative effect of estrogen
on those ERa-negative cells transfected with the ERa has been interpreted as
an interference of the transcription factor used to maintain estrogen indepen-
dent growth [136], there is no definitive explanation for their lack of survival.
However, it can be explained by the finding that proliferating and ERa-positive
cells are two separate populations. Further support is the finding that when
Lob 1 of normal breast tissue are placed in culture, they lose the ERa-positive
cells, indicating that only proliferating cells that are also ERa-negative can sur-
vive and constitute the stem cells [137, 138].

4
Implications of Estrogens in Human Breast Carcinogenesis

Although 67% of breast cancers are manifested during the postmenopausal pe-
riod, a vast majority, 95%, are initially hormone-dependent [14]. This indicates
that estrogens play a crucial role in their development and evolution. It has been
established that in situ metabolism of estrogens through aromatase-mediated
pathway is correlated with the risk of developing breast cancer [66–69]. A re-
cent finding that expression of estrone sulfatase is inversely correlated with re-
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lapse-free survival of human breast cancer patients [78] reiterates the impor-
tance of estrone sulfatase-mediated local production of estrogen in the devel-
opment and progression of human breast cancer. However, it is still unclear
whether estrogens are carcinogenic to the human breast. Most of the current
understanding of carcinogenicity of estrogens is based on studies in experi-
mental animal systems and clinical observations of a greater risk of endome-
trial hyperplasia and neoplasia associated with estrogen supplementation or
polycystic ovarian syndrome [19–21].

There are two mechanisms that have been considered to be responsible for
the carcinogenicity of estrogens: receptor-mediated hormonal activity, which
has generally been related to stimulation of cellular proliferation, resulting in
more opportunities for accumulation of genetic damages leading to carcino-
genesis [139, 140], and cytochrome P450-mediated metabolic activation, which
elicits direct genotoxic effects by increasing mutation rates (Fig. 7) [140–142].
There is also evidence that estrogen compromises the DNA repair system and
allows accumulation of lesions in the genome essential to estrogen-induced tu-
morigenesis [143].

The receptor-mediated activity of estrogen is generally related to induction
of expression of the genes involved in the control of cell cycle progression and
growth of human breast epithelium [144]. The biological response to estrogen
depends upon the local concentrations of the active hormone and its receptors.
The level of ER expression is higher in breast cancer patients than in control
subjects and is related to breast cancer risk in postmenopausal women [145]. It
has been suggested that overexpression of ER in normal human breast epithe-
lium may augment estrogen responsiveness and hence the risk of breast cancer
[145]. The proliferative activity and the percentage of ERa-positive cells are
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Fig. 7. Potential mechanisms of estrogen-induced carcinogenesis in human breast tissues



highest in Lob 1 in comparison with the various lobular structures composing
the normal breast. These findings provide a mechanistic explanation for the
higher susceptibility of these structures to be transformed by chemical car-
cinogens in vitro [146, 147], supporting as well the observations that Lob 1 are
the site of origin of ductal carcinomas [148].

The presence of ERa-positive and ERa-negative cells with different prolifer-
ative activity in the normal human breast may help to elucidate the genesis of
ERa-positive and ERa-negative breast cancers [149, 150]. It has been suggested
that either ERa-negative breast cancers result from the loss of the ability of the
cells to synthesize ERa during clinical evolution of ERa-positive cancers, or
that ERa-positive and ERa-negative cancers are different entities [150, 151].
Based on our observations, it is postulated that Lob 1 contain at least three cell
types, ERa-positive cells that do not proliferate, ERa-negative cells that are ca-
pable of proliferating, and a small proportion of ERa-positive cells that can
proliferate as well (Fig. 8) [129]. Therefore, estrogen might stimulate ERa-posi-
tive cells to produce a growth factor that in turn stimulates neighboring ERa-
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Fig. 8. Schematic representation of the postulated pathways of estrogen actions on breast ep-
ithelial cells



negative cells capable of proliferating (Fig. 8) [129]. In the same fashion, the
small proportion of cells that are ERa-positive and can proliferate could be the
source of ERa-positive tumors. The possibility exists, as well, that the ERa-neg-
ative cells convert to ERa-positive cells (Fig. 8) [129].

The newly discovered ERb opens another possibility that those cells tradi-
tionally considered negative for ERa might be positive for ERb [33–35,
152–158]. It has recently been found that ERb is expressed during the immortal-
ization and transformation of ER-negative human breast epithelial cells (Fig. 9)
[154], supporting the hypothesis of conversion from a negative to a positive re-
ceptor cell. The functional role of ERb-mediated estrogen signaling pathways in
the pathogenesis of malignant diseases is essentially unknown. In the rats, ERb-
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Fig. 9 A, B. Expression of ERa or ERb in human breast epithelial cells. Signal intensities of the
ERa or ERb products for each cell line were normalized using GAPDH products to produce
arbitrary units of relative abundance. The average value for each cell line from three inde-
pendent RT-PCR reactions is plotted in Fig. 9B, while a representative picture of the gel for
ERa or ERb reactions is shown in Fig. 9A (Reproduced with permission from ref. [154])



mediated mechanisms have been implicated in the up-regulation of PgR expres-
sion in the dysplastic acini of the dorsolateral prostate in response to treatment
of testosterone and 17b-estradiol [159]. In the human, ERb has been detected in
both normal and cancerous breast tissues or cell lines [153], and is the predomi-
nant ER type in normal breast tissue [158]. Expression of ERb in breast tumors
is inversely correlated with the PgR status [157] and variant transcripts of ERb
have been observed in some breast tumors [155, 156]. ERb and ERa are co-ex-
pressed in some breast tumors and a few breast cell lines [153–155], suggesting
an interesting possibility that ERa and ERb proteins may interact with each other
and discriminate between target sequences leading to differential responsiveness
to estrogens (Fig. 2). In addition, estrogen responses mediated by ERa and ERb
may vary with different composition of their co-activators that transmit the ef-
fect of ER-ligand complex to the transcription complex at the promotor of target
genes [160]. Recently, it has been shown that an increase in the expression of ERa
with a concomitant reduction in ERb expression occurs during tumorigenesis of
the breast [161] and ovary [162], but breast tumors expressing both ERa and ERb
are lymph node-positive and tend to be of higher histopathological grade [158].
These data suggest a change in the interplay of ERa- and ERb-mediated signal
transduction pathways during breast tumorigenesis.

Even though it is now generally believed that alterations in the ER-mediated
signal transduction pathways contribute to breast cancer progression toward
hormonal independence and more aggressive phenotypes, there is also mount-
ing evidence that a membrane receptor coupled to alternative second messen-
ger signaling mechanisms [163, 164] is operational, and may stimulate the cas-
cade of events leading to cell proliferation. This knowledge suggests that ERa-
negative cells found in the human breast may respond to estrogens through this
or other pathways. The biological responses elicited by estrogens are mediated,
at least in part, by the production of autocrine and paracrine growth factors
from the epithelium and the stroma in the breast [165, 166]. In addition, evi-
dence has accumulated over the last decade supporting the existence of ER vari-
ants, mainly a truncated ER and an exon-deleted ER [167–171]. It has been sug-
gested that expression of ER variants may contribute to breast cancer progres-
sion toward hormone independence [171]. Although more studies need to be
done in this direction, it is clear that the findings that in the normal breast the
proliferating and steroid hormone receptor-positive cells are different open
new possibilities for clarifying the mechanisms through which estrogens might
act on the proliferating cells to initiate the cascade of events leading to cancer.

More importantly, estrogen may not need to activate its nuclear receptors to
initiate or promote breast carcinogenesis. There is evidence that oxidative ca-
tabolism of estrogens mediated by various cytochrome P450 (CYP) complexes
constitutes a pathway of their metabolic activation and generates reactive free
radicals and intermediate metabolites, reactive intermediates that can cause ox-
idative stress and genomic damage directly [141, 142].

17b-Estradiol and estrone, which are continuously interconverted by 17b-
estradiol hydroxysteroid dehydrogenase (or 17b-oxidoreductase), are the two
major endogenous estrogens (Fig. 10). They are generally metabolized via two
major pathways: hydroxylation at C16a position and at the C2 or C4 positions
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(Fig. 10) [172–174]. The carbon position of the estrogen molecules to be hy-
droxylated differs among various tissues and each reaction is probably catalyzed
by various CYP isoforms [175]. For example, in MCF-7 human breast cancer cells,
which produce catechol estrogens in culture [176, 177], CYP1A1 catalyzes hy-
droxylation of 17b-estradiol at C2, C15a and C16a, CYP1A2 predominantly at C2
[178], and a member of the CYP1B1 subfamily is responsible for the C4 hydrox-
ylation of 17b-estradiol [179–181]. CYP3A4 and CYP3A5 have also been shown
to play a role in the 16a-hydroxylation of estrogens in human [182, 183].

The hydroxylated estrogens are catechol estrogens that will easily be autooxi-
dated to semiquinones and subsequently quinones, both of which are elec-
trophiles capable of covalently binding to nucleophilic groups on DNA via a
Michael addition and, thus, serve as the ultimate carcinogenic reactive interme-
diates in the peroxidative activation of catechol estrogens (Fig. 11) [184]. In addi-
tion, a redox cycle consisting of the reversible formation of the semiquinones and
quinones of catechol estrogens catalyzed by microsomal P450 and cytochrome
P450-reductase can locally generate superoxide and hydroxyl radicals to produce
additional DNA damage (Fig. 11) [141, 142]. Furthermore, catechol estrogens
have been shown to interact synergistically with nitric oxide present in human
breast generating a potent oxidant that induces DNA strand breakage [185].

Steady-state concentrations of catechol estrogens are determined by the cy-
tochrome P450-mediated hydroxylations of estrogens and monomethylation of
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catechols catalyzed by blood-borne catechol O-methyltransferase (Fig. 10) [173,
178, 186, 187]. Increased formation of catechol estrogens as a result of elevated
hydroxylations of 17b-estradiol at C4 [181] and C16a [188–190] positions oc-
curs in human breast cancer patients and in women at a higher risk of devel-
oping this disease. There is also evidence that lactoperoxidase, present in milk,
saliva, tears and mammary glands, catalyzes the metabolism of 17b-estradiol to
its phenoxyl radical intermediates, with subsequent formation of superoxide
and hydrogen peroxide that might be involved in estrogen-mediated oxidative
stress [191]. A substantial increase in base lesions observed in the DNA of inva-
sive ductal carcinoma of the breast [192, 193] has been postulated to result from
the oxidative stress associated with metabolism of 17b-estradiol [191].

Clearly, the ability of the mammary gland to metabolize 17b-estradiol and/or
to accumulate “genotoxic” metabolites could profoundly influence the neoplas-
tic transformation of the epithelium [194]. Oxidative biotransformation of
estradiol occurs in human mammary explant cultures [194, 195). Treatment of
normal mouse mammary epithelial cells with the mutagenic polycyclic hydro-
carbon 7,12-dimethylbenzo[a]anthracene results in production of 16a-hydroxy-
estrone as the predominant metabolite of estrogens, which increases unsched-
uled DNA synthesis, cellular proliferation and anchorage-independent growth,
indicative of preneoplastic transformation [196]. In experimental animals, cat-
echols have been implicated as mediators of estrogen-induced carcinogenesis
[197]. Elevated metabolic conversion of 17b-estradiol to catechol estrogens has
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been documented in a number of organs susceptible to estrogen-induced car-
cinogenesis, including hamster kidney [174, 178, 198], mouse uterus [199, 200]
and rat pituitary [177, 198]. Modulation of catechol estrogen concentrations
influences susceptibility to estrogen-inducible carcinogenesis. For instance,
catecholamines, which are substrates and competitive inhibitors of the catechol
O-methyltransferase, are present at much higher levels in the organs susceptible
to estrogen-induced carcinogenesis [201]. Inhibition of the catechol O-methyl-
transferase-catalyzed O-methylation of 2- and 4-hydroxy-17b-estradiol by
quercetin, a flavonoid, increases accumulation of catechol estrogens [202] and
augments the induction of estradiol-induced carcinogenesis [203]. In addition,
a genetic polymorphism of catechol O-methyltransferase [i.e., low-activity
allele] has been positively associated with an increased breast cancer risk in
premenopausal women, especially in those overweight [204]. The carcinogenic
potential of estrogens in normal human breast epithelial cells is currently under
active investigation.

5
Summary and Future Perspectives

Prolonged exposure to estrogen has long been identified as a risk factor for hu-
man breast cancer, but the role of estrogen in the development of human breast
cancer has been difficult to ascertain. One of the difficulties is to relate breast
cancer development to circulating levels of estrogens. The levels of free estro-
gens are significantly higher in the primary breast cancer tissues than those in
the circulation [47], highlighting the importance of in situ metabolism of estro-
gens by estrone sulfatase and aromatase [66, 205]. There are two mechanisms
that have been considered to be responsible for the carcinogenicity of estro-
gens: a receptor-mediated hormonal activity and cytochrome P450-mediated
metabolic activation. The receptor-mediated hormonal activity of estrogen has
generally been related to stimulation of cellular proliferation, resulting in more
opportunities for accumulation of genetic damages leading to carcinogenesis
[139, 140]. Since local synthesis of estrogen in the stromal component can in-
crease the estrogen levels and growth rate of breast carcinoma [60–62], a
paracrine mechanism is likely to account for interactions between aromatase-
containing stromal cells and ER-containing breast tumor epithelial cells [60].
Further studies are warranted to investigate the regulatory mechanisms that are
involved in the control of expression of aromatase, type I 17b-HSD and ER. In
addition, expression of the ER occurs in cells other than the proliferating cells
[122, 129], suggesting that another paracrine mechanism is operative to medi-
ate the biological response to estrogens. More importantly, estrogen may not
need to activate its nuclear receptors to initiate or promote breast carcinogene-
sis. There is evidence that oxidative catabolism of estrogens mediated by vari-
ous CYP complexes constitutes a pathway of their metabolic activation and gen-
erates reactive free radicals and other reactive intermediates that can cause
oxidative stress and genomic damage directly [141, 142]. Estrogen-induced
genotoxic effects include increased mutation rates [140–142] and compromised
DNA repair system that allows accumulation of genomic lesions essential to
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estrogen-induced tumorigenesis [143]. Oxidative biotransformation of estro-
gen does occur in human mammary explant culture [194, 195]. Increased for-
mation of catechol estrogens as a result of elevated hydroxylations of 17b-estra-
diol at C4 [181] and C16a [188–190] positions has been observed in human
breast cancer patients and in women at a higher risk of developing this disease.
There is also evidence that formation of superoxide and hydrogen peroxide as
a result of the metabolism of estrogen might also be involved in estrogen-me-
diated oxidative stress [191]. In fact, a substantial increase in base lesions ob-
served in the DNA of invasive ductal carcinoma of the breast [192, 193] has been
postulated to result from the oxidative stress associated with metabolism of
17b-estradiol [191]. However, metabolism of estrogen in normal human breast
epithelial cells is largely unclear. More importantly, the carcinogenic potential of
estrogens in normal human breast epithelial cells awaits to be elucidated.

6
References

1. Parkin DM, Psiani P, Ferlay J (1999) CA Cancer J Clin 49: 33
2. Landis SH, Murray T, Bolden S, Wingo PA (1999) CA Cancer J Clin 49: 8
3. Harris JR, Lippman ME, Veronesi U, Willet W (1992) N Engl J Med 327: 319
4. Wingo PA, Ries LA, Rosenberg HM, Miller DS, Edwards BK (1998) Cancer 82: 1197
5. Stoll (1995) Reducing Breast Cancer Risk in Women. Kluwer Academic, Amsterdam,

pp 3
6. Pike MC, Spicer DV, Dahmoush L, Press MF (1993) Epidemiol Rev 15: 17
7. Kelsey JL, Gammon MD, John EM (1993) Epidemiol Rev 15: 36
8. Bernstein L, Ross RK (1993) Epidemiol Rev 15: 48
9. Toniolo PG (1997) Environ Health Perspect 105 (Suppl 3): 587

10. Colditz GA (1998) J Natl Cancer Inst 90: 814
11. Henderson BE, Ross RK, Pike MC, Casagrande JT (1982) Cancer Res 42: 3232
12. Henderson BE, Ross RK, Pike MC (1993) Science 259: 633
13. Spencer-Feigelson H, Ross RK,Yu MC, Coetzee GA, Reichardt JKV, Henderson BE (1996)

J Cell Biochem 25S: 15
14. Henderson BE, Ross R, Bernstein L (1988) Cancer Res 48: 246
15. Thomas HV, Reeves GK, Key TJ (1997) Cancer Cause Control 8: 922
16. Greenwald P, Barolom JJ, Nasca PC (1971) N Engl J Med 285: 390
17. Nissen ED, Kent DR (1975) Obst Gynecol 46: 460
18. Herbst AL (1981) Cancer 48: 484
19. Shaw RW (1987) Br J Obst Gynecol 94: 724
20. Chivers C, Mant D, Pike MC (1987) Br Med J 295: 1446
21. Beral V, Hannaford P, Kay C (1988) Lancet II: 1331
22. Hilakivi-Clarke L (1997) Breast Cancer Res Treat 46: 143
23. Cuzick J, Baum M (1985) Lancet 2: 28
24. Davis DL, Telang NT, Osborne MP, Bradlow HL (1997) Environ Health Perspect 105

(Suppl 3): 571
25. Ferguson AT, Davidson NE (1997) Crit Rev Oncogenesis 8: 29
26. Sonnenschein C, Soto AM (1998) J Steroid Biochem Mol Biol 65: 143
27. Zava DT, Dollbaum CM, Blen M (1998) Proc Soc Exp Biol Med 217: 369
28. Tsai MJ, O’Malley BW (1994) Annu Rev Biochem 63: 451
29. Katzenellenbogen BS (1980) Annu Rev Physiol 42: 17
30. Topper J, Freedman C (1980) Physiol Rev 60: 1049

20 Y. F. Hu et al.



31. Dickson RB, Lippman ME (1988) Cellular, molecular biology. In: Lippman ME, Dickson
RB (eds), Breast Cancer. Kluwer Academic, Boston, pp 119

32. Jordan C (1997) J Natl Cancer Inst 89: 747
33. Kuiper GGJM, Enmark E, Pelto-Huikko M, Nilsson S, Gustaffson JA (1996) Proc Natl

Acad Sci USA 93: 5925
34. Tremblay GB, Tremblay A, Copeland NG, Gilbert DJ, Jenkins NA, Labrie F, Giguere V

(1997) Mol Endocrinol 11: 353
35. Mosselman S, Polma J, Dijkema R (1996) FEBS Lett 392: 49
36. Kuiper GGJM, Carlsson B, Grandien K, Enmark E, Haggblad J, Nilsson S, Gustafsson JA

(1997) Endocrinology 138: 863
37. Cowley SM, Hoare S, Mosselman S, Parker MG (1997) J Biol Chem 272: 19858
38. Kuiper GGJM, Gustafsson JA (1997) FEBS Lett 410: 87
39. Pace P, Taylor J, Suntharalingam S, Coombes RC, Ali S (1997) J Biol Chem 272: 25832
40. Ogawa S, Inoue S, Watanabe T, Hiroi H, Orimo A, Hosoi T, Ouchi Y, Muramatsu M (1998)

Biochem Biophys Res Commun 243: 122
41. Rao BR (1998) J Steroid Biochem Mol Biol 65: 3
42. Bhat RA, Harnish DC, Stevis PE, Lyttle CR, Komm BS (1998) J Steroid Biochem Mol Biol

67: 233
43. Paech K, Webb P, Kuiper GGJM, Nilsson S, Gustafsson JA, Kushner PJ, Scanlan TS (1997)

Science 277: 1508
44. Feinleib M (1968) J Natl Cancer Inst 41: 315
45. Trichopouloos D, MacMahon B, Cole P (1972) J Natl Cancer Inst 48: 605
46. Nissen-Meyer R (1991) Ann Oncol 2: 343
47. McNeill JM, Reed MJ, Beranek PA, Bonney RC, Ghilchik MW, Robinson DJ, James VH

(1986) Int J Cancer 38: 193
48. Reed MJ, Owen AM, Lai LC, Coldham NG, Ghilchik MW, Shaikh NA, James VH (1989) Int

J Cancer 44: 233
49. Blankenstein MA, Maitimu-Smeele I, Donker, GH Daroszewski J, Milewicz A, Thijssen

JH (1992) J Steroid Biochem Mol Biol 41: 891
50. Duncan LJ, Reed MJ (1995) J Steroid Biochem Mol Biol 55: 565
51. van Landeghem AAJ, Poortman J, Nabuurs M, Thijssen JHH (1985) Cancer Res 45: 2900
52. Labrie F (1991) Mol Cell Endocrinol 78: C113
53. Labrie F, Simard J, Luu-The V, Pelletier G, Belghtni K, Belanger A (1994) Bailliere’s Clin

Endocrinol Metab 8: 451
54. Pasqualini JR, Chetrite G, Nguyen BL, Maloche C, Talbi M, Feinstein MC, Blacker C,

Botella J, Paris J (1995) J Steroid Biochem Mol Biol 53: 407
55. Reed MJ, Purohit A, Duncan LJ, Singh A, Roberts CJ, Williams GJ, Potter BV (1995) J

Steroid Biochem Mol Biol 53: 413
56. Killinger DW, Strutt BJ, Roncari DA, Khalil MW (1995) J Steroid Biochem Mol Biol 

52: 195
57. Vermeulen A, Deslypere JP, Parideans R, Lecleereq C, Roy F, Henson JC (1986) Eur J

Cancer Clin Oncol 22: 515
58. Miller WR, Mullen P, Sourdaine P, Watson C, Dixon JM, Telford J (1997) J Steroid

Biochem Mol Biol 61: 193
59. Simpson ER, Mahendroo MS, Means GD, Kilgore MW, Graham-Lorence S, Amarneh B,

Ito Y, Fisher CR, Michael MD (1994) Endocrine Rev 15: 342
60. Santen RJ, Santner SJ, Pauley RJ, Tait L, Kaseta J, Demers LM, Hamilton C, Yue W, Wang

JP (1997) J Steroid Biochem Mol Biol 61: 267
61. Brodie A, Lu Q, Nakamura J (1997) J Steroid Biochem Mol Biol 61: 281
62. Koh JI, Kubota T, Sasano H, Hashimoto M, Hosoda Y, Kitajima M (1998) Anticancer Res

18: 2375
63. Steele R, Brown M, Eremin O (1985) Br J Cancer 51: 135
64. Mantovani A, Bottazzi B, Colotta F, Sozzani S, Ruco L (1993) Immunol Today 13: 265
65. Mor G, Yue W, Santen RJ, Gutierrez L, Eliza M, Berstein LM, Harada N, Wang J, Lysiak J,

Diano S, Naftolin F (1998) J Steroid Biochem Mol Biol 67: 403

Estrogen and Human Breast Cancer 21



66. Miller WR, O’Neill J (1987) Steroids 50: 537
67. Bulun SE, Price TM, Aitken J (1993) J Clin Endocrinol Metab 77: 1622
68. Dowsett M (1997) J Steroid Biochem Mol Biol 61: 261
69. Kristensen VN, Andersen TI, Lindblom A, Erikstein B, Magnus P, Borresen-Dale AL

(1998) Pharmacogenetics 8: 43
70. Sasano H, Ozaki M (1997) J Steroid Biochem Mol Biol 61: 293
71. Orentreich N, Brind JL, Rizer RL (1984) J Clin Endocrinol Metab 59: 551
72. Gordon CB, Shantz LM, Talalay P (1987) Adv Enzyme Regul 26: 355
73. Gordon GB, Bush TL, Helzlsouer KJ, Miller SR, Constock GW (1990) Cancer Res 50: 3859
74. Secrete G, Toniolo P, Berrino F, Recchione C, Cavalleri A, Pisani P, Totis A, Fariselli G, di

Pietro A (1991) Cancer Res 51: 2572
75. Reed MJ, Purohit A (1993) Cancer 45: 51
76. Falany JL, Falany CN (1996) Cancer Res 56: 1551
77. Falany JL, Falany CN (1997) Oncol Res 9: 589
78. Utsumi T, Yoshimura N, Takeuchi S, Ando J, Maruta M, Maeda K, Harada N (1999)

Cancer Res 59: 377
79. Santner SJ, Feil PD, Santen RJ (1984) J Clin Endocrinol Metab 59: 29
80. Loriaux DL, Ruder HJ, Lipsett MB (1971) Steroids 18: 463
81. Roberts KD, Rochefort JG, Bleau G, Chapdelaine A (1980) Steroids 35: 179
82. Simard J, Sanchez F, Durocher F, Rheaume E, Turgeon C, Labrie Y, Luu-The V, Mebarki F,

Morel Y, de Launoit Y, Labrie F (1995) J Steroid Biochem Mol Biol 55: 489
83. Yang K, Khail MW, Strutt BJ, Killinger DW (1997) J Steroid Biochem Mol Biol 60: 247
84. Tremblay MR, Poirier D (1998) J Steroid Biochem Mol Biol 66: 179
85. Anderson S (1995) J Endocrinol 146: 197
86. Adamski J, Normand T, Leenders F, Monte A, Begue A, Stehelin D, Jungblut PW, De

Launoit Y (1995) Biochem J 311: 437
87. Biswas MG, Russell DW (1997) J Biol Chem 272: 15959
88. Nokelainen PA, Pectoketo H, Vihko RK, Vihko PT (1998) Proc Am Endocrinol Soc 1: 279
89. Luu-The V, Labrie C, Zhao HR, Couet J, Lachance Y, Simard J, Leblanc G, Cote J, Berube

D, Gagne R, Labrie F (1989) Mol Endocrinol 3: 1301
90. Martel C, Rheaume E, Takahashi M, Trudel C, Couet J, Luu-The V, Simard J, Labrie F

(1992) J Steroid Biochem Mol Biol 41: 597
91. Blomquist CH (1995) J Steroid Biochem Mol Biol 55: 515
92. Luu-The V, Zhang Y, Poirier D, Labrie F (1995) J Steroid Biochem Mol Biol 55: 581
93. Pollow K, Boquoi E, Baumann J, Schmidt-Gollwitzer M, Pollow B (1977) Mol Cell

Endocrinol 6: 333
94. Poutanen M, Isomaa V, Lehto VP, Vihko R (1992) Int J Cancer 50: 386
95. Isomaa VV, Ghersevich SA, Maentausta OK, Peotoketo EH, Poutanen MH, Vihko RK

(1993) Ann Med 25: 91
96. Speirs V, Green AR, Atkin SL (1998) J Steroid Biochem Mol Biol 67: 267
97. Adams EF, Coldham NG, James VHT (1988) J Endocrinol 118: 149
98. Reed MJ, Sigh A, Ghilchik MW, Coldham NG, Purohit A (1991) J Steroid Biochem Mol

Biol 39: 791
99. Poutanen M, Isomaa V, Peltoketo H, Vihko R (1995) J Steroid Biochem Mol Biol 55: 525

100. Castegnetta LA, Granata OM, Taibi G, Casto ML, Comito L, Oliveri G, Di Falco M,
Carruba G (1996) J Endocrinol 150: S73

101. Speirs V, Adams EF, Rafferty B, White MC (1993) J Steroid Biochem Mol Biol 46: 11
102. Duncan LJ, Coldham NG, Reed MJ (1994) J Steroid Biochem Mol Biol 49: 63
103. Turgeon C, Gingras S, Carriere M-C, Blais Y, Labrie F, Simard J (1998) J Steroid Biochem

Mol Biol 65: 151
104. Ducan LJ, Reed MJ (1995) J Steroid Biochem Mol Biol 55: 565
105. Speirs V, Green AR, White MC (1996) Int J Cancer 66: 551
106. Green AR, Green VL, White MC, Speirs V (1997) Int J Cancer 72: 937
107. Simard J, Durocher F, Mebarki F, Turgeon C, Sanchez P, Labrie Y, Couet J, Trudel C,

Rheaume E, Morel Y, Luu-The V, Labrie F (1996) J Endocrinol 50: S189

22 Y. F. Hu et al.



108. Sasano H, Frost AR, Saitoh R, Harada N, Poutanen M, Vihko R, Bulun SE, Silverberg SG,
Nagura H (1996) J Clin Endocrinol Metab 81: 4042

109. Miller WR, Anderson TJ, Lack WJL (1990) J Steroid Biochem Mol Biol 37: 1055
110. Esteban JM, Warsi Z, Haniu M, Hall P, Shively JE, Chen S (1992) Am J Pathol 940: 337
111. Russo J, Russo IH (1997) Role of hormones in human breast development: The meno-

pausal breast. In: Wren BG (ed), Progress in the Management of Menopause. Parthenon,
New York, pp 184

112. Russo IH, Russo J (1998) J Mammary Gland Biol Neoplasia 3: 49–61
113. Russo J, Russo IH (1997) Endocr Related Cancer 4: 7
114. Calaf G, Alvarado ME, Bonney GE, Amfoh KK, Russo J (1995) Int J Oncol 7: 1285
115. Lippman ME, Dickson RB, Gelmann EP, Rosen N, Knabbe C, Bates S, Bronzert D, Huff K,

Kasid A (1987) J Cell Biochem 35: 1
116. Meyer JS (1977) Hum Path 8: 67
117. Masters JRW, Drife JO, Scarisbrick JJ (1977) J Natl Cancer Inst 58: 1263
118. Ferguson DJP, Anderson TJ (1981) Br J Cancer 44: 177
119. Longacre TA, Bartow SA (1986) Am J Surg Pathol 10: 382
120. Going JJ, Anderson TJ, Battersby S (1988) Am J Pathol 130: 193
121. Potten CS, Watson RJ, Williams GT (1988) Br J Cancer 58: 163
122. Clark RB, Howell A, Potter CS, Anderson E (1997) Cancer Res 57: 4987
123. Laidlaw IJ, Clark RB, Howell A, Owen AWMC, Potten CS, Anderson E (1995) Endocrino-

logy 136: 164
124. Clarke RB, Howell A, Anderson E (1997) Breast Cancer Res Treat 45: 121
125. Goodman HM (ed) (1994) Basic Medical Endocrinology. Raven Press, New York, p 288
126. Russo J, Russo IH (1980) Cancer Res 40: 2677
127. Russo J, Russo IH (1987) Lab Invest 57: 112
128. Russo J, Rivera R, Russo IH (1992) Breast Cancer Res Treat 23: 211
129. Russo J, Ao X, Grill C, Russo IH (1999) Breast Cancer Res Treat 53: 217
130. Clarke R, Dickson RB, Lippman ME (1992) Crit Rev Oncol Hematol 12: 1
131. Lippman ME, Dickson RB, Bates S, Knabbe C, Huff K, Swain S, McManaway M, Bronzert

D, Kasid A, Gelmann EP (1986) Breast Cancer Res Treat 7: 59
132. Knabbe C, Lippman ME, Wakefield LM, Flanders KC, Kasid A, Derynck R, Dickson RB

(1987) Cell 48: 417
133. Foster JS, Wimalasena J (1996) Mol Endocrinol 10: 488
134. Wang W, Smith R, Burghardt R, Safe SH (1997) Mol Cell Endocrinol 133: 49
135. Levenson AS, Jordan VC (1994) J Steroid Biochem Mol Biol 51: 229
136. Zajchowski DA, Sager R, Webster L (1993) Cancer Res 53: 5004
137. Pilat MJ, Christman JK, Brooks SC (1996) Breast Cancer Res Treat 37: 253
138. Calaf G, Tahin Q, Alvarado ME, Estrada S, Cox T, Russo J (1993) Breast Cancer Res Treat

29: 169
139. Nandi S, Guzman RC, Yang J (1995) Proc Natl Acad Sci USA 92: 3650
140. Adlercreutz H, Gorbach SL, Goldin BR, Woods MN, Hamalainen E (1994) J Natl Cancer

Inst 86: 1644
141. Liehr JG, Ulubelen AA, Strobel HW (1986) J Biol Chem 261: 16865
142. Roy D, Liehr JG (1988) J Biol Chem 263: 3646
143. Yan Z-J, Roy D (1995) Biochem Mol Biol Int 37: 175
144. Prall OWJ, Rogan EM, Sutherland RL (1998) J Steroid Biochem Mol Biol 65: 169
145. Khan SA, Rogers MA, Khurana KK, Meguid MM, Numann PJ (1998) J Natl Cancer Inst

90: 37
146. Russo J, Reina D, Frederick J, Russo IH (1988) Cancer Res 48: 2837
147. Russo J, Calaf G, Russo IH (1993) CRC Crit Rev Oncogen 4: 403
148. Russo J, Gusterson BA, Rogers A, Russo IH, Wellings SR, van Zwieten MJ (1990) Lab

Invest 62: 244
149. Harlan LC, Coates RJ, Block G (1993) Epidemiology 4: 25
150. Habel LA, Stamford JL (1993) Epidemiol Rev 15: 209
151. Moolgavkar SH, Day NE, Stevens RG (1980) J Natl Cancer Inst 65: 559

Estrogen and Human Breast Cancer 23



152. Vladusic EA, Hornby AE, Guerra-Vladusic FK, Lupu R (1997) Proc Am Assoc Cancer Res
38: 297

153. Dotzlaw H, Leygue E, Watson PH, Murphy LC (1997) J Clin Endocrinol Metab 82: 2371
154. Hu YF, Lau KM, Ho SM, Russo J (1998) Int J Oncol 12: 1225
155. Vladusic EA, Hornby AE, Guerra-Vladusic FK, Lupu R (1998) Cancer Res 58: 210
156. Lu B, Leygue E, Dotslaw H, Murphy LJ, Murphy LC, Watson PH (1998) Mol Cell

Endocrinol 138: 199
157. Dotzlaw H, Leygue E, Watson PH, Murphy LC (1999) Cancer Res 59: 529
158. Speirs V, Parkes AT, Kerin MJ,Walton DS, Carleton PJ, Fox JN,Atkin SL (1999) Cancer Res

59: 525
159. Lau KM, Leav I, Ho SM (1998) Endocrinology 139: 424
160. Watanabe T, Inoue S, Ogawa S, Ishii Y, Hiroi H, Ikeda K, Orimo A, Muramatsu M (1997)

Biochem Biophys Res Commun 236: 140
161. Leygue E, Dotzlaw H, Watson PH, Murphy LC (1998) Cancer Res 58: 3197
162. Brandenberger AW, Tee MK, Jaffe RB (1998) J Clin Endocrinol Metab 83: 1025
163. Aronica SM, Kraus WL, Katzenellenbogen BS (1994) Proc Natl Acad Sci USA 91: 8517
164. Pappos TC, Gametahu B, Watson CS (1994) FASEB J 9: 404
165. Dickson RB, Johnson MD, Bano M, Shi E, Kurebayashi J, Ziff B, Martinez-Lacaci I,

Amundadottir LT, Lippman ME (1992) J Steroid Biochem Mol Biol 43: 69
166. Rosen JM, Humphreys R, Krnacik S, Juo P, Raught B (1994) Prog Clin Biol Res 387: 95
167. Dotz1aw H, Alkahalaf M, Murphy LC (1992) Mol Endocrinol 6: 773
168. Fuqua SA, Allred DC, Auchus RJ (1993) J Cell Biochem Suppl 17G: 194
169. Fuqua SA, Wolf DM (1995) Breast Cancer Res Treat 35: 233
170. Murphy L, Leygue E, Dotzlaw H, Douglas D, Courts A, Watson P (1997) Ann Med 29: 221
171. Murphy LC, Dotzlaw H, Leygue E, Courts A, Watson P (1998) J Steroid Biochem Mol Biol

65: 175
172. Adlercreutz H, Gorbach SL, Goldin BR, Woods MN, Hamalainen (1994) J Natl Cancer

Inst 86: 1644
173. Ball P, Knuppen R (1980) Acta Endocrinol (Copenh) 232 (Suppl): 1
174. Zhu BT, Bui QD, Weisz J, Liehr JG (1994) Endocrinology 135: 1772
175. Spink DC, Eugster H-P, Lincolin DW II, Schuetz JD, Schuetz EG, Johnson JA, Kaminsky

LS, Gierthy JF (1992) Arch Biochem Biophys 37: 235
176. Brueggemeier RW, Katlic NE, Palmer CW Jr, Stevens JM (1989) Mol Cell Endocrinol 

64: 161
177. Bui QD, Weisz J (1988) Pharmacology 36: 356
178. Ashburn SP, Han X, Liehr JG (1993) Mol Pharmacol 43: 534
179. Niwa T, Bradlow HL, Fishman J, Swaneck GE (1989) J Steroid Biochem 33: 311
180. Spink DC, Hayes CL, Young NR, Christou M, Sutter TR, Jefcoat CR, Gierthy JF (1994) J

Steroid Biochem Mol Biol 51: 251
181. Liehr JG, Ricci MJ (1996) Proc Natl Acad Sci USA 93: 3294
182. Shou M, Korzekawa K, Brooks EN, Krausz KW, Gonzalez FJ, Gelboin HV (1997)

Carcinogenesis 18: 207
183. Huang Z, Guengerich FP, Kaminsky LS (1998) Carcinogenesis 19: 867
184. Dwivedy I, Devanesan P, Cremonesi P, Rogan E, Cavalieri E (1992) Chem Res Toxicol 5:

828
185. Yoshic Y, Ohshima H (1998) Free Rad Biol Med 24: 341
186. Knuppen R, Ball P, Emons G (1986) J Steroid Biochem 24: 193
187. Creveling CR, Inoue K (1994) Polycyclic Arom Comp 6: 253
188. Schneider J, Kinne D, Fracchia A, Pierce V, Anderson KE, Bradlow HL, Fishman J (1982)

Proc Natl Acad Sci USA 79: 3047
189. Bradlow HL, Hershcopf J, Martucci C, Fishman J (1986) Ann NY Acad Sci 464: 138
190. Osborne MP, Bradlow HL, Wong GYC, Telang NT (1993) J Natl Cancer Inst 85: 1917
191. Sipe FU Jr, Jordan SJ, Hanna PM, Mason RP (1994) Carcinogenesis 15: 2637
192. Malins DC, Haimanot R (1990) Cancer Res 51: 5430
193. Malins DC, Holmes EH, Polissar NL, Gunselman SJ (1993) Cancer 71: 3036

24 Y. F. Hu et al.



194. Telang NT, Axelrod DM, Bradlow HL, Osborne MP (1990) Ann NY Acad Sci 586: 70
195. Fishman J, Osborne MP, Telang NT (1995) Ann NY Acad Sci 768: 91
196. Telang NT, Suto A, Wong GY, Osborne MP, Bradlow HL (1992) J Natl Cancer Inst 84: 634
197. Stalford AC, Maggs JL, Gilchrist TL, Park BK (1994) Mol Pharmacol 45: 1259
198. Weisz J, Bui QD, Roy D, Liehr JG (1992) Endocrinology 131: 655
199. Bunyagidj C, McLachlan JA (1988) J Steroid Biochem 31: 795
200. Patin BC, Chakraborty C, Dey SK (1990) Mol Cell Endocrinol 69: 25
201. Zhu BT, Liehr JG (1993) Arch Biochem Biophys 304: 248
202. Zhu BT, Liehr JG (1996) J Biol Chem 271: 1357
203. Zhu BT, Liehr JG (1994) Toxicol Appl Pharmacol 125: 149
204. Thompson PA, Shields PG, Freudenheim JL, Stone A, Vena JE, Marshall JR, Graham S,

Laughlin R, Nemoto T, Kadlubar FF, Ambrosone CB (1998) Cancer Res 58: 2107
205. Pasqualini JR, Schatz B, Varin C, Nguyen BL (1992) J Steroid Biochem Mol Biol 41: 323

Estrogen and Human Breast Cancer 25



The Role of Sex Hormones in Prostate Cancer

Maarten C. Bosland
Departments of Environmental Medicine and Urology, New York University School of
Medicine, 57 Old Forge Road, Tuxedo, NY 10987, USA
E-mail: maarten.bosland@med.nyu.edu

Prostate cancer is the most frequently diagnosed malignancy and second leading cause of
cancer death in men in Western countries. Little is understood about its causes, but steroid
hormones, particularly androgens, are suspected to play a major role. Human populations at
high risk for prostate cancer may have slightly higher androgen production, circulating an-
drogens, 5a-reductase activity, or androgen receptor transactivation activity than low-risk
populations. Elevated circulating estrogens have been found in some high risk populations,
such as African American men, suggesting estrogen involvement. Studies in rats have clearly
demonstrated that testosterone is a weak complete carcinogen and a strong tumor promotor
for the prostate, but the exact mechanisms of these activities are not clear. Treatment of rats
with a combination of testosterone and 17b-estradiol can induce prostate cancer at high in-
cidence, while androgens alone cause a low prostate cancer incidence, indicating involvement
of estrogens as well. This effect may involve genotoxic activity of estrogens, as well as recep-
tor-mediated changes in prostatic sex steroid metabolism and receptors. Aromatase in the
prostate may provide a local source of estrogens. Perinatal estrogen exposure is carcinogenic
for rodent male accessory sex glands. Hyperplastic/metaplastic changes have been reported
in human prostatic tissues following prenatal DES exposure, indicating that this exposure
also targets the human prostate. The mechanisms of prenatal estrogen effects may involve
hormonal imprinting. A multifactorial hypothesis of the role of steroid hormones in prostate
carcinogenesis may involve androgens as strong tumor promotors acting via androgen re-
ceptor-mediated mechanisms to enhance the carcinogenic activity of strong endogenous
genotoxic carcinogens, such as reactive estrogen metabolites and reactive oxygen species, and
possibly weak environmental carcinogens; these processes are modulated by environmental
factors such as diet and by genetic determinants such as hereditary susceptibility and poly-
morphic genes that encode for receptors and enzymes involved in the metabolism and action
of steroid hormones.
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Abbreviations

BOP N-nitroso-bis-(oxopropyl)amine
BPH benign prostatic hypertrophy
CI confidence interval
DES diethylstilbestrol
DHEA dehydroepiandrosterone
DHT 5a-dihydrotestosterone
DMAB 3,2¢-dimethyl-4-aminobiphenyl
4-HPR N-(4-hydroxyphenyl)retinamide
MNU N-methyl-N-nitrosourea
PIN prostatic intraepithelial neoplasia
PSA prostate specific antigen
RAR retinoic acid receptor
RXR retinoic acid X receptor
SHBG sex hormone binding globulin

1
Introduction

Carcinoma of the prostate is the most frequently occurring malignancy and the
second leading cause of cancer death in men in the US and many Western coun-
tries [1]. Notwithstanding the importance of this malignancy, little is understood
about its causes. Sex steroids, particularly androgenic hormones, are suspected
to play a major role in human prostate carcinogenesis. However, the precise
mechanisms by which androgens affect this process and the possible involve-
ment of estrogenic hormones are not clear. A causal relation between androgens
and prostate cancer development is biologically very plausible because most hu-
man prostate cancers are androgen-sensitive and respond to hormonal therapy
by remission which is later followed by relapse to a hormone-refractory state.
The purpose of this overview is to summarize the literature about the role of sex
steroids in prostate carcinogenesis. Although the objective of this overview is to
explore the involvement of not only endogenous sex steroids but also a possible
role of environmental hormonal factors, very little is know about exogenous
chemicals with sex hormone activity in relation to prostate cancer.

The prostate is rarely a site of tumor development in carcinogenesis bioas-
says in rodents [2, 3], or in aging male laboratory rodents, with the exception of
ventral prostatic neoplasms in some rat strains [4–9]. Prostate cancer is also
very uncommon in male farm and companion animals, with the exception of
the dog that is the only species besides man that develops this malignancy. As
will be discussed in this review, sex steroid hormones can induce and substan-
tially enhance prostate cancer development in rodents, and this phenomenon
can serve as a model to study the involvement and mechanisms of sex steroids
in prostate cancer etiology.

In this review, the epidemiological evidence for a role of sex steroids in
prostate carcinogenesis is summarized first, followed by an overview of experi-
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mental data and a discussion of the possible mechanisms whereby sex steroids,
androgens as well as estrogens, may be involved in prostate cancer causation.
Although there are several hypotheses about the role of sex steroids in prostate
cancer etiology, the available data are often contradictory and incomplete, and
an in-depth mechanistic understanding of how sex steroid hormones are in-
volved in prostate carcinogenesis is poor at best.

2
The Epidemiology of Prostate Cancer

Prostate cancer incidence and mortality rates have increased in the US over the
few decades preceding the frequent use of prostate specific antigen (PSA) for
early detection [10]. Incidence rates have increased substantially since the mid-
1980s because of use of PSA screening for early detection [1], but rates have re-
cently begun to decline [11]. In 1999, 179,300 new cases of prostate cancer are
expected and 37,000 deaths from this malignancy [12]. The epidemiology of
prostatic cancer has been reviewed in depth elsewhere [10, 13–17]. The most
important potential risk factors are summarized below, with special attention to
those possibly related to hormonal factors.

2.1
General Risk Factors

Many studies have demonstrated that prostate cancer is more frequent in men
with a family history of prostate cancer by twofold to over tenfold, depending
on the number of affected blood relatives as discussed elsewhere [10, 13, 18–
22]. Although a strong risk factor per se, inherited risk for prostate cancer only
explains a small proportion of prostate cancer cases, less than 10% [10, 18, 20].
A range of genetic alterations have been identified in human prostate carcino-
mas [23]; however, few of these have thus far been linked to the heritability of
prostate cancer. Susceptibility loci have been identified on chromosome 1 at
1q24–25 (termed HPC1) and at 1q42.2–43 and on the X chromosome at Xq27
–28, which may be involved in hereditary prostate cancer [23–30]. Breast and
prostate cancer cluster in some families, which is perhaps related to BRCA1 and
BRCA2 mutations in some cases [18, 31]. None of these loci have thus far been
associated with hormonal factors.

A history of venereal disease is a consistent risk factor across studies, ex-
cept in Japan, but detailed studies are lacking [13, 32 – 34]. In a few studies ele-
vated relative risks were found for a history of prostatitis [13, 34, 35]. An as-
sociation between prostate cancer risk and the prior occurrence of benign
prostatic hypertrophy (BPH) is biologically unlikely because these diseases
develop in different parts of the prostate and their epidemiology is dissimilar
(see [13]).

Although in a few studies a modest relationship between smoking and risk
for prostate cancer has been revealed [34, 36, 37], in the vast majority of studies
no such relationship was found [37–40]. In addition, smoking appears to have
no effect on circulating levels of testosterone and other hormones that may be
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involved in prostate carcinogenesis [41, 42]. In most studies of alcohol use as a
potential risk factor for prostate cancer, no evidence for an association was
found (see [12, 43]). A notable exception is a study by Hayes et al. [44], who
found a positive association in a US case-control study, but only for heavy use
of alcohol. This may be related to the fact that prostate cancer risk is elevated in
alcoholics with liver disease (see [13, 43]), probably because of an impaired
clearance of estrogens described in men with liver cirrhosis [45, 46].

Increased risk has been observed for a variety of occupations in studies of oc-
cupational factors and prostate cancer [13, 16, 47, 48]. There is no evidence for
an association of cadmium exposure or exposures in the rubber industry and
prostate cancer risk (see [13, 49, 50]). There is weak to inconclusive evidence for
a positive association between farming and prostate cancer risk [13, 16, 47, 48,
51]. Workers in the nuclear industry and armed services personnel may be at in-
creased risk for prostate cancer [13, 17, 48, 52]. However the evidence for expo-
sure to ionizing radiation as a risk factor is equivocal [13, 17, 48, 52–54].

2.2
Risk Factors Possibly Associated with Steroid Hormonal Factors

A variety of epidemiologic studies have suggested risk factors that may be re-
lated with hormonal mechanisms, including dietary factors, vasectomy, various
sexual factors, physical activity, and obesity. These are summarized in the fol-
lowing paragraphs.

2.2.1
Diet and Nutrition

Associations between dietary factors and prostate cancer risk have been sum-
marized elsewhere [10, 13, 17, 55–57]. Most studies indicate that a high intake
of fat, particularly total fat and saturated fat, is a risk factor for prostate cancer,
but the strength of the associations is modest [57] and may be greater in
African Americans than European Americans [58]. As much as 25% of prostate
cancer in the US may be attributable to a high saturated fat intake [59].
However, Whittemore et al. [22] estimated that dietary fat intake may account
for only 10–15% of the difference in prostate cancer occurrence between
European Americans and African Americans or Asians. A mechanism of an en-
hancing effect of fat on prostate carcinogenesis is not understood, but several
hypotheses, including hormonal mediation, have been discussed elsewhere [13,
17, 57, 60]. In addition, a high intake of protein and energy and a low intake of
dietary fiber and complex carbohydrates have been found associated with in-
creased risk for prostate cancer in some studies [10, 13, 17, 56]. The associations
with prostate cancer risk reported for individual nutrients or foods are not very
strong, but migration from low-risk areas such as Japan to high risk countries,
such as the US, increases risk considerably (see [10, 13]). These changes in risk
are thought to be due to differences in environment including life-style, partic-
ularly dietary habits (see [10, 13]). It is conceivable that the combined effects on
prostate carcinogenesis of several dietary factors are more important than the
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separate effects of any individual dietary factor [61]. This notion is consistent
with the observed lack of any effect of dietary fat as a single factor on the in-
duction of prostate cancer in animal models whereas epidemiological studies
consistently show a positive association between prostate cancer risk and di-
etary fat intake (see [13, 17, 61]).

Most studies of effects of dietary changes and the consumption of vegetarian
or health food diets on hormonal status ([62–66], summarized in [13]) have not
separately addressed effects of dietary fat. However, they clearly indicate that
diet can influence circulating hormone levels by changing androgen production
rates or the metabolism and clearance of androgens and estrogens. Recently,
Dorgan et al. [67] reported that the combination of a high fat-low fiber diet
given to healthy men increased total testosterone and testosterone bound to
SHBG (sex hormone binding globulin) in the plasma and urinary testosterone
excretion as compared to a low fat-high fiber diet, but lowered urinary excre-
tion of estrone, 17b-estradiol, and the 2-hydroxy metabolites of these estrogens.
Although these studies did not address the separate effects of single dietary fac-
tors such as total fat intake, they indicate that diet can affect sex steroid hor-
monal status.

There is no consistency among epidemiologic studies of prostate cancer risk
and intake of dietary vitamin A and b-carotene (see [10, 13, 17]), and it is pos-
sible that retinoids or carotenes enhance rather than inhibit prostatic carcino-
genesis under certain circumstances or in certain populations [68]. A major
retinol metabolite in mammalian species, 9-cis-retinoic acid, strongly inhibited
the induction of prostate cancer in a rat model [69], but N-(4-hydroxyphenyl)-
retinamide (4-HPR), a synthetic retinoid, did not have any effect [70]. In vitro,
however, both 9-cis-retinoic acid and 4-HPR inhibit the growth and induce
apoptosis of the androgen-sensitive human prostate cancer LNCaP cell line, and
so does all-trans-retinoic acid which only binds to RAR receptors [71–73]. 9-
cis-Retinoic acid is a pan-agonist for retinoic acid receptors binding both RAR
and RXR receptors, but 4-HPR may act via a non-receptor mechanism [73].
Retinoic acid receptors and androgen receptors both belong to the steroid re-
ceptor superfamily [74], which raises the possibility that retinoids may be able
to bind to and activate mutated androgen receptors, or that the retinoic acid
RAR and/or RXR receptors may activate transcription of androgen-regulated
genes, as suggested by studies on regulation by sex steroids and retinoic acid of
glutathione-S-transferase in hamster smooth muscle tumor cells [75] and on
androgen receptor gene expression in human breast cancer cells [76].

2.2.2
Vasectomy

Vasectomy has been identified as a possible risk factor for prostate cancer in
seven case-control studies [34, 77–83] and two cohort studies [84, 85], but no
elevation of risk was found in six other case control studies [86–91] and two
retrospective cohort studies [92–94].Although a meta-analysis of 14 studies in-
dicated that there is no causal relation between vasectomy and prostate cancer
[95], further studies will be required to establish definitively whether vasectomy
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is a true risk factor for prostate cancer [96–98]. Three mechanisms by which va-
sectomy could enhance risk have been proposed: elevation of circulating an-
drogens, immunologic mechanisms involving anti-sperm antibodies, and re-
duction of seminal fluid production [34, 77, 78, 84, 89, 97, 99]. Most studies of pi-
tuitary-gonadal function did not find any effect of vasectomy [100–104], but
some studies found changes in hormone levels [89, 99, 105–109]. There are re-
ports in vasectomized men of slightly elevated circulating testosterone levels
[34, 99, 107, 110], elevated levels of 5a-dihydrotestosterone (DHT), the active
metabolite of testosterone in the prostate, a decrease in SHBG [89], and an in-
crease in the ratio of testosterone to SHBG [34]. These reports suggest an ele-
vation of circulating free testosterone following vasectomy which may be a crit-
ical factor associated with risk for prostate cancer, but specific mechanisms
whereby vasectomy could influence the hypothalamo-pituitary-gonadal axis
are not known.

2.2.3
Sexual Factors

Several case-control studies have addressed the possibility that sexual factors
play a role in prostate cancer etiology (see [13, 32–34, 111–113]). In general, the
results of these studies suggest that prostate cancer risk may be associated with
(1) an early onset of sexual activity, (2) high sexual drive, particularly at young
age, (3) a low frequency of intercourse, especially at older age, or (4) a high fre-
quency of intercourse up to 50 years of age and a low frequency thereafter (see
[13]). A positive association has been reported between the level of sexual ac-
tivity and circulating total testosterone levels in men of 60–79 [114]. These
findings suggest that a hormonal mechanism may underlie the associations be-
tween prostate cancer risk and sexual activity observed in the case-control
studies.

2.2.4
Physical Activity and Anthropometric Correlates of Risk

The level of physical activity may be a possible risk factor for prostate cancer,
but the evidence for such an association is inconclusive at present [17, 61, 115].
Exercise may influence androgen concentrations [116, 117], and thus it is possi-
ble that the type and extent of physical activity influence circulating androgen
concentrations and, thereby, possibly prostate cancer risk. The evidence that
obesity or an increased body mass index is a prostate cancer risk factor is con-
tradictory at present (see [17, 61, 118]), but an increase in prostate cancer risk
with increasing upper arm circumference and upper arm muscle area, but not
fat area, has been observed [119]. This positive association between prostate
cancer risk and muscle mass, but not fat mass, suggests exposure to endogenous
or exogenous androgenic hormones or other anabolic factors [119, 120]. There
are reports that body mass index is inversely correlated with plasma testos-
terone and SHBG levels and positively correlated with 17b-estradiol levels [118,
121, 122]; see also [13, 42].
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2.3
Epidemiological Studies of Endogenous Hormones and Hormone Metabolism

As mentioned earlier, a causal relation between androgens and prostate cancer
development is biologically plausible. Prostate cancer develops in an androgen-
dependent epithelium and these cancers are androgen-sensitive and respond to
hormonal therapy by temporary remission followed by relapse to a hormone-
refractory state. There are also case reports of prostate cancer in men that used
androgenic steroids either as anabolic agents or for medical purposes [123–
128]. The endocrine status of prostate cancer patients has been compared with
that of control subjects, but these studies have not provided a consistent pattern
[129–132] and are probably not very meaningful, because the presence of the
cancer may by itself alter hormonal status, and they are not likely to be infor-
mative about the endocrine status prior to the onset of the disease [13, 17, 123].
More meaningful are nested case-control studies in ongoing cohorts and stud-
ies comparing healthy males in populations that are at high risk for prostate
cancer with populations at lower risk. The two major hypotheses in these stud-
ies were that an increased testicular production of testosterone [133] or an in-
creased conversion of testosterone to DHT (increased 5a-reductase activity)
[134] are associated with increased risk for prostate cancer [135]. Functional
genetic polymorphisms in the 5a-reductase gene or in genes involved in testo-
sterone biosynthesis (the CYP17 gene) or DHT catabolism (the 3b-hydroxy-
steroid dehydrogenase gene) could be responsible for increased testosterone
production or increased DHT levels (increased conversion of testosterone
and/or decreased DHT catabolism) [135]. Polymorphisms with functional sig-
nificance have also been discovered in the androgen receptor gene [136–138].
These various polymorphisms have been postulated to be critical determinants
of prostate cancer risk at the population or individual level by determining in-
traprostatic DHT concentrations and androgen receptor sensitivity [18, 134].

2.3.1
Steroid Hormonal Factors in Populations with Different Risk for Prostate Cancer

A number of studies have compared circulating levels of steroid hormones and
other hormonal factors in very high risk African Americans with those in high
risk European Americans, lower risk Asian Americans, and very low risk Asians
living in Asia or African black men. The details of these studies are summarized
in the following paragraphs.

Ahluwalia et al. [139] studied African Americans and black Nigerian men
that were matched controls in a case control study of prostate cancer. Plasma
levels of testosterone and estrone were significantly higher in the Americans
than in the Nigerian men, whereas levels of DHT and 17b-estradiol were not
different. Similar differences were found for the prostate cancer cases. Hill et al.
[62–64] compared the hormonal status of small groups of middle-aged African
American, European American, and black (rural) South African men consum-
ing their customary diets. In a separate study, African American, European
American, and black South African boys and young African American and

34 M.C. Bosland



black South African men were compared [140]. In the older men, plasma levels
of the testosterone precursor dehydroepiandrosterone (DHEA) were lower in
the two groups of black men than in the white men, and estrone levels were
higher. Plasma levels of the testosterone precursor androstenedione and 17b-
estradiol were higher in the African men than in the two American groups, but
there were no differences among these groups in testosterone levels. In the
study with the boys and young men, similar findings were obtained for testo-
sterone and DHEA. However, androstenedione levels were lower (and not
higher) in the African than in the American subjects, and 17b-estradiol was
lower in young black boys than in white boys but higher in older black boys and
young black men than in white boys and men. These interesting data suggest a
complex interaction between ethnic background and environmental differences
that change during sexual maturation. In these studies by Hill and co-workers
among South African black men, the young men were different from the older
men for androstenedione and DHEA. This observation suggests that it may be
important for the interpretation of hormonal profiles to separately consider
younger and older men.

Ross et al. [133] compared healthy young African-American men and young
US Caucasian males. Total circulating testosterone and free testosterone were
~20% higher in the black men than in the white group. Serum estrone concen-
trations were also higher (by 16%) in the blacks than in the whites. There were
no differences between the groups in circulating 17b-estradiol and SHBG. The
19–21% difference in circulating testosterone may be sufficiently large to ex-
plain the twofold difference in prostate cancer risk between white and black
men in the US. This study suggests an association between prostate cancer risk
and high concentrations of circulating androgens and, perhaps, estrogens.
Henderson et al. [141] compared hormone levels in pregnant African-American
and white women in their first trimester. Serum testosterone levels were 47%
higher in black women than in white women, and 17b-estradiol levels were 
37% higher. No differences were observed in SHBG and human chorionic
gonadotrophin. These findings may suggest that US black males are exposed to
higher androgen concentrations than white men even before birth.

The US black and white men from the study by Ross et al. [133] were com-
pared with Japanese men of the same age [134]. The serum testosterone levels
of Japanese men were intermediate between those of the US whites and blacks,
but their SHBG levels were lower. This suggests a higher free testosterone in the
Japanese than in the US men, but free testosterone was not measured. The two
US groups had higher circulating levels of the conjugated androgen metabolites
androsterone glucuronide and 3a,17b-androstanediol glucuronide than the
Japanese men. This suggests that in comparison with the high risk US groups,
the low risk Japanese population has a lower rate of testosterone metabolism,
most likely a lower activity of the enzyme 5a-reductase that converts testo-
sterone to DHT and the testosterone precursor androstenedione to andro-
sterone. However, the higher levels of androsterone glucuronide in US men
could also indicate a higher testosterone production rate than in Japanese men.
Lookingbill et al. [142] reported similar observations, comparing young healthy
US Caucasians and Chinese males in Hong Kong. The Caucasian men had 67%
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higher serum levels of androsterone glucuronide and 76% higher levels of
3a,17b-androstanediol glucuronide than the Chinese men. Circulating levels of
testosterone, free testosterone, or DHT were not different, but Caucasian men
had higher serum levels of the androgen precursors DHEA sulfate and an-
drostenedione. These data are also suggestive of a higher 5a-reductase activity
in high risk Caucasians than in low risk Chinese men, and they suggest an in-
creased production of androgen precursors in the Caucasians.

In contrast to the observations of Ross et al. [133, 134] and Lookingbill et al.
[142], De Jong and co-workers [143] found 71% higher circulating total testo-
sterone levels in 50–79 year-old Caucasian Dutch men (high risk) than in
Japanese men (low risk). DHT levels were not different, but the ratio of DHT to
testosterone was slightly lower in Dutch than Japanese men, perhaps indicating
lower 5a-reductase activity, but no androgen metabolites were measured.
Serum levels of 17b-estradiol were higher in the Dutch than the Japanese men.
SHBG levels were not different, but the ratio of testosterone to SHBG concen-
trations was higher in Dutch than Japanese men, suggesting higher amounts of
free testosterone in Dutch men, but this was not measured. Ellis and Nyberg
[144] compared serum testosterone levels in non-Hispanic white US Army
Vietnam veterans with those in African American, Hispanic, Asian/Pacific
Islander, and Native American veterans. The serum testosterone levels in the
African American men were significantly higher than those in the non-
Hispanic white men, but the differences among the other groups were not sig-
nificant. The serum testosterone difference between black and white men was
larger in men 31–35 years of age (6.6%) than for men 35–40 (3.7%) or 40–50
of age (0.5%).

Wu et al. [145] compared circulating hormone levels in a population-based
study of healthy African-American, Caucasian, Chinese-American, and
Japanese-American men 35–89 years of age, 8.2% of whom were 60 years old
or younger. Serum levels of total testosterone were 9–11% (significant) higher
in Asian-Americans than in Caucasians, and they were intermediate and not
different from the two other groups in African-Americans. The serum levels of
bioavailable testosterone (not bound to SHBG) and free testosterone (not
bound to either SHBG or albumin) was 11–12% (significant) higher in
Chinese-Americans than Caucasian men. SHBG levels were not different among
the groups. In comparison with Caucasian men, DHT levels were 7% higher
(significant) in African-Americans and Japanese-Americans, but similar in
Chinese-Americans. The ratio of DHT to testosterone was 10% lower (signifi-
cant) in Chinese-Americans than in Caucasians, but not significantly different
in African- and Japanese-Americans than Caucasians. These data do not sup-
port the notion of a relation between increased 5a-reductase activity or testo-
sterone production and prostate cancer risk, but no direct indicators of 5a-re-
ductase activity such as androsterone glucuronide and 3a,17b-androstanediol
glucuronide were measured.

Santner et al. [146] conducted the only study of direct measurement of an-
drogen production and metabolism by 5a-reductase in populations with differ-
ent risk for prostate cancer. A radioisotope method using intravenous injection
of tritiated testosterone was used to measure the conversion of testosterone to
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DHT in young healthy US Caucasians, Chinese-Americans, and Chinese men liv-
ing in Beijing, China. No differences in the conversion of testosterone to DHT
were found among these three groups. Circulating testosterone and SHBG levels
were lower in the Beijing Chinese than in the two US groups, and the differences
with the US Chinese subjects were significant, but there were no differences in
free testosterone. There was an insignificant trend towards lower metabolic con-
version rates of testosterone comparing US Caucasians with the Chinese groups
and US Chinese with Beijing Chinese. Testosterone production rates were lower
in Beijing Chinese than in the two US groups, and the difference with American-
Chinese was significant. The ratios of urinary 5b- to 5a-reduced steroids, which
is an indicator of overall 5a-reductase activity, were not different in US
Caucasian male students compared to Chinese students living in Hong Kong.
Urinary excretion of androsterone, etiocholanolone, and total ketosteroids was
lower in the Chinese than in the US students. Together, these data indicate that
5a-reductase activity is not different in Asian and Caucasian men and is not af-
fected by the environment in which Asian men live, but they suggest that the liv-
ing environment influences testosterone production in Asian men.

The SRD5A2 gene, which encodes for human type II 5a-reductase enzyme
and is expressed in the prostate [147, 148], contains polymorphic TA dinu-
cleotide repeats in its transcribed 3¢ untranslated region [149]. Reichardt et al.
[150] demonstrated that alleles containing longer TA dinucleotide repeats are
unique to African Americans, which may be related to their extremely high risk
for prostate cancer. However, the functional significance of these polymor-
phisms is not yet known.

Makridakis et al. [151] identified another polymorphism in the SRD5A2
gene, the presence of a valine to leucine mutation at codon 89. In a homozygous
state, this mutation confers lower 5a-reductase activity as measured in Asian
men with this genotype compared to heterozygous men and men without the
mutation [151]. The frequency of the 89 leucine-leucine genotype (lower 5a-
reductase activity) was 3–4% in African American and white men, 15% in
Latinos, and 22% in Asian Americans. The higher frequency of the 89 leucine-
leucine genotype in Latino American men and particularly Asian Americans
may be related to their low risk for prostate cancer. These findings were con-
firmed by Lunn et al. [153].

Makridakis et al. [156] also identified yet another polymorphism in the
SRD5A2 gene, a mis-sense alanine to threonine mutation at codon 49, associ-
ated with a substantial increase in activity of the enzyme. The frequency of the
mutation was very low, 1.0 and 2.3%, in healthy high risk African Americans
and lower risk Hispanic men, respectively, and it seems unlikely that this muta-
tion is responsible for the large ethnic/racial variations in prostate cancer risk.

The CYP17 gene, which encodes for the cytochrome P450C17a enzyme that
has both 17a-hydroxylase and 17,20-lyase activity in the biosynthesis of andro-
gens in the adrenal and testis, is polymorphic with two common alleles, the wild
type CYP17A1 allele and the CYP17A2 allele containing a single base-pair mu-
tation [157]. This mutation creates an additional Sp1 site in the promoter re-
gion, which suggests increased expression potential [157]. The functional sig-
nificance of this polymorphism in men is not known, but pre- and post-
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menopausal women with the A2 allele had higher circulating estradiol and
progesterone levels than women homozygous for the A1 allele, and circulating
levels of DHEA and androstenedione, but not testosterone, were increased in
post-menopausal women. Lunn et al. [153] reported frequencies of the A1/A1
and A1/A2 genotype of between 40 and 44% and frequencies of the A2/A2
genotype between 16 and 17% in both African American and European
American men, resulting in an A2 allele frequency of 0.36–0.38. In Asians
(Taiwanese), however, the frequency of the A1/A1 genotype was 24%, that of the
A1/A2 genotype 49%, and that of the A2/A2 genotype 27%, resulting in an A2
allele frequency of 0.52. The frequency differences between the Asians and the
American groups were statistically significant, and are possibly related with the
low prostate cancer risk in Asian men.

The human HSD3B2 gene, which is located on chromosome 1p13 and encodes
for type II 3b-hydroxysteroid dehydrogenase (an enzyme that catabolizes DHT
and is expressed in the adrenals and testes), contains several complex di-
nucleotide polymorphisms [152]. Devgan et al. [154] reported that the frequency
of HSD3B2 alleles differs among ethnic groups. African American men are
unique in one minor allele, and the most common allele is more frequent in
European Americans than in either African Americans or Asian men. The sec-
ond most common allele is more frequent in African Americans than in either
Asians and European men. However, the functional significance of these HSD3B2
gene polymorphisms is unknown.

The human androgen receptor gene, located on the X chromosome, contains
polymorphisms which are CAG and GGC (or GGN) microsatellite repeats of dif-
ferent length in exon 1 encoding for the N-terminus of the protein associated
with transactivation activity [138]. The CAG repeat length is involved in deter-
mining transactivation activity of the androgen receptor; 40 or more repeats are
associated with human androgen insensitivity syndromes and reduction of re-
peat length results in increased transactivation activity in vitro [136–138].
However, the functional significance of the GGC repeat length is not clear.
Irvine et al. [155] reported that most African American men have CAG repeat
lengths of less than 22, whereas fewer European and Asian Americans have such
shorter alleles. Very short alleles of less than 17 repeats were almost exclusively
found in African Americans. The most common GGC allele occurred in most
Asian American men, fewer European Americans, and only one in five African
Americans. The frequency of short GGC repeats of less than 16 was highest in
African Americans, lower in Asian Americans, and lowest in European
Americans. GGC repeats longer than 16 were rare in the Asian American men,
but more frequent in African Americans and European Americans. Thus,
shorter CAG repeat alleles, which may be associated with greater androgen re-
ceptor transactivation, were the most frequent in the highest risk population
(African Americans) and lowest in the lowest risk group (Asian Americans),
and the frequency was intermediate in intermediate risk European American
men. The high frequency of short GGC repeats in African Americans is perhaps
also related with their extremely high risk for prostate cancer.

In conclusion, the above summary indicates few clear or convincing patterns
about associations between circulating hormone concentrations and prostate
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cancer risk at the population level. Two studies examined the levels of 5a-re-
duced androgen metabolites (androsterone glucuronide and 3a,17b-an-
drostanediol glucuronide), which are considered indicators of 5a-reductase ac-
tivity [158]. In both studies the levels of these metabolites were lower in low risk
Asian populations than in high risk European Americans [134, 142]. These ob-
servations suggest lower 5a-reductase activity in the Asians and, therefore, re-
duced formation of DHT and androgenic stimulation of the prostate. This no-
tion is supported by the higher frequency in Asian men than European
Americans or African Americans of a 5a-reductase (SRD5A2) gene polymor-
phism that appears to be associated with lower 5a-reductase activity [135, 151].
However, when overall conversion of testosterone into DHT was directly mea-
sured, no differences were found between Asian and European American men
[146]. Furthermore, levels of 5a-reduced androgen metabolites were not higher
in very high risk African Americans than in intermediate risk European
Americans, and circulating levels of DHT and the ratio of DHT to testosterone
were similar in ethnic populations that differ in prostate cancer risk [142, 143,
145]. Although circulating levels of testosterone and free testosterone were
slightly higher in African Americans than in European Americans in all studies
addressing this issue, this was statistically significant in only one study. In ad-
dition, lower as well as higher testosterone concentrations have been reported
to occur in lower risk Asian or African men as compared with higher risk
European or African Americans, but testosterone levels were lower in Japanese
and Chinese men living in Asia than in any ethnic group living in the US. In
conclusion, there is at present no substantive evidence in favor of the hypothe-
sis that elevated 5a-reductase activity is causally related to prostate cancer risk
at the population level, and only limited evidence for the hypothesis that ele-
vated (free) testosterone levels are associated with prostate cancer risk.

The only two other patterns appearing from the above summarized studies
are that levels of estrogens are higher and those of DHEA lower in black
Africans and African Americans than in men of European descent (there are
virtually no data on Asians in this regard) [62–64, 133, 139, 140, 143]. Higher es-
trogen levels were only found in black men younger than 50 years. Although the
biological significance of these findings is not clear, they may be related to the
high susceptibility of black men to prostate cancer when they live in an US en-
vironment. Whether this is associated with dietary or other life-style factors or
exposures to environmental pollutants is not clear. There are, to the knowledge
of the author, no epidemiologic studies that explored a possible role of envi-
ronmental chemicals with hormonal activity in the etiology of prostate cancer.
It is noteworthy that the above summarized endocrine differences between very
high risk African Americans and high risk European American were not con-
sistent in younger and older men, and they were not similar to the differences
observed between the high risk US populations and the low risk African black
men [62–64, 139]. These inconsistencies may suggest that the factors and en-
docrine mechanisms involved in determining the difference in risk between
African black men and African-Americans are different from those that deter-
mine the difference in risk between African Americans and European
Americans [13].
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Finally, androgen receptor transactivation activity may be an important fac-
tor. A CAG repeat length polymorphism in the androgen receptor gene was
found to be associated with prostate cancer risk in two studies, and short CAG
repeat alleles are probably associated with greater androgen receptor activity.
Short CAG repeat alleles were most frequent in African Americans (at very high
risk for prostate cancer), least frequent in Asian Americans (at low risk), and in-
termediate in European Americans (at intermediate risk).

2.3.2
Comparisons of Steroid Hormonal Factors in Nested Case-Control Studies

In a number of studies circulating levels of steroid hormones and other hor-
monal factors have been evaluated in nested case-control studies derived from
ongoing cohort studies. The details of each study are summarized in the fol-
lowing paragraphs.

Nomura et al. [159] compared prostate cancer cases with matched controls
from a cohort of Hawaiian Japanese men followed for approximately 14 years.
There were no significant differences between cases and controls or associa-
tions with risk for circulating testosterone, DHT, estrone, 17b-estradiol, and
SHBG measured once at the start of the cohort study. There was a relation be-
tween risk and an increasing ratio of testosterone to DHT, which was borderline
significant (0.05<p<0.1). The results from this nested case-control study may
suggest an inverse relation between (peripheral) 5a-reductase activity and
prostate cancer risk.

Barrett-Connor et al. [160] followed a cohort of white upper-middle class
Californian men for a period of 14 years. There was no significant relation be-
tween risk for prostate cancer and base-line serum concentrations of testos-
terone, estrone, and SHBG. However, relative risk increased linearly with increas-
ing serum level of androstenedione, a testosterone precursor. Relative risk also in-
creased with increasing serum level of 17b-estradiol, but this was not significant.

Hsing and colleagues [161, 162] conducted a population-based nested case-
control study in a cohort of mostly European-American men. Blood samples
were obtained in 1974, but exact follow-up time was not specified. Men of 70
years and older and younger than 70 were studied separately. There were no sig-
nificant differences between cases and controls or associations with risk for
base-line testosterone, DHT, DHEA, DHEA sulfate, estrone, or 17b-estradiol.
The ratio of testosterone to DHT was higher in cases than in controls, regard-
less of age, and for men younger than 70 years, prostate cancer risk was in-
creased with an increasing testosterone/DHT ratio; these associations were only
borderline significant. These findings may suggest an inverse relation between
5a-reductase activity and prostate cancer risk.

Nomura et al. [163] reported on a 20-year follow-up of their cohort study of
Hawaiian Japanese men. In this follow-up, no significant differences were found
between cases and controls or associations with risk for base-line testosterone,
free testosterone, DHT, ratio of testosterone to DHT, androsterone glucuronide,
3a,17b-androstanediol glucuronide, and androstenedione. These findings mostly
confirmed those of their earlier report [159].
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Gann et al. [164] conducted a prospective nested case-control study using
probably largely white cases of prostate cancer and controls from the US
Physician’s Health Study with a follow-up of approximately six years. There
were no significant differences between cases and controls for testosterone,
SHBG, DHT, ratio of testosterone to DHT, 3a,17b-androstanediol glucuronide,
or 17b-estradiol. Because several highly significant associations were found be-
tween plasma levels of the various steroid hormones and SHBG studied, odd
ratios were calculated after simultaneous adjustment for all these hormonal
factors. This approach yielded a significant positive association with risk for
testosterone and the ratio of testosterone to DHT, and inverse associations with
risk for SHBG and 17b-estradiol. A positive association with risk for 3a,17b-an-
drostanediol glucuronide was borderline significant. There was no association
with risk for DHT. These observations contradict earlier mentioned findings
suggesting a relation between (peripheral) 5a-reductase activity and prostate
cancer risk.

Guess et al. [165] conducted a population-based case-control study from a
cohort of European-American men in the Kaiser Permanente Medical Care
Program, with a median follow-up of 14 years. There were no significant differ-
ences between cases and controls or associations with risk for base-line serum
testosterone, free testosterone, DHT, androsterone glucuronide, or 3a,17b-an-
drostanediol glucuronide.

Vatten et al. [166] reported results of a population-based nested case-control
study from a cohort of Norwegian men with a mean follow-up of 10 years.
There were no significant differences between cases and controls or associa-
tions with risk for base-line serum testosterone, DHT, ratio of testosterone to
DHT, or 3a,17b-androstanediol glucuronide.

Dorgan et al. [167] reported results from population-based nested case-con-
trol study from a cohort of Finnish men from the Alpha-Tocopherol, Beta-
Carotene Cancer Prevention Study of cigarette smokers with a follow-up of 5–
8 years. There were no significant differences between cases and controls or as-
sociations with risk for base-line serum testosterone, free testosterone, SHBG,
DHT, DHEA sulfate, 3a,17b-androstanediol glucuronide, androstenedione, es-
trone, or 17b-estradiol. There was a non-significant trend towards a higher ratio
of testosterone to DHT in cases than controls and a non-significant positive 
association with risk for this ratio. These finding perhaps suggest an inverse 
relation between 5a-reductase activity and prostate cancer risk.

Heikkilä et al. [174] conducted a population-based nested case-control study
in a Finnish cohort study where serum was collected and stored from a cohort
of 16,481 men which was followed for up to 24 years. Over this period 166
prostate cancer cases were identified and 300 matched controls were obtained
from the cohort. There were no differences between cases and control and there
was association with prostate cancer risk for serum levels of testosterone,
SHBG, and androstenedione. However, there was a borderline significant (p=
0.06) trend for increasing risk with increasing levels of testosterone, but only
when cases identified in the first eight years of follow-up were excluded. This
finding supports the notion of a relationship between elevated androgen levels
and prostate cancer risk.
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Kantoff et al. [168] studied the association between prostate cancer risk and
the in TA dinucleotide repeat polymorphisms in the human SRD5A2 gene,
which encodes for type II 5a-reductase enzyme, in a nested case-control study
using the Physician’s Health Study cohort. As indicated earlier, the functional
significance of these polymorphisms is not known. These investigators ob-
served that the frequency of the three most common genotypes was not associ-
ated with risk. Men that were homozygous for long repeats were at lower risk for
prostate cancer than men with the predominant shorter repeat length genotype,
with a borderline significantly decreased odds ratio. These findings are in sharp
contrast with the earlier mentioned observation that long alleles are unique to
African Americans who are at very high risk for prostate cancer [150].

Another polymorphism in the SRD5A2 gene was identified by Makridakis et
al. [156] as indicated earlier, which is a mis-sense alanine to threonine mutation
at codon 49, probably associated with an increase in 5a-reductase activity.
Although the frequency of the mutation was low in a nested case-control study
using the Hawaii-Los Angeles Multiethnic Cohort Study of Diet and Cancer, it
appeared to be responsible for 8–9% of cases in African Americans and
Hispanic men [156]. The age-adjusted relative risk of prostate cancer for pos-
sessing a mutated allele was 3.28 (significant at the p=0.05 level) in African
American men and 2.50 (not significant) in Hispanics. For advanced prostate
cancer, the relative risks for possessing a mutated allele were more significant:
7.22 (95% confidence interval (CI): 2.17–27.91) in African American men and
3.60 (95% CI: 1.09–12.27) in Hispanics. The results of this study support the
notion that increased 5a-reductase activity may be related to prostate cancer
risk. However, it seems unlikely that the alanine to threonine mutation at codon
49 in the SRD5A2 gene is involved in a substantial proportion of prostate
cancer cases.

The relation between prostate cancer risk and the occurrence of the afore-
mentioned valine to leucine mutation at codon 89 in the SRD5A2 gene, a poly-
morphism that is associated with reduced 5a-reductase activity, was examined
by Febbo et al. [175] and Lunn et al. [153]. Febbo et al. [175], who conducted a
nested case-control study using the Physician’s Health Study cohort, found the
valine-leucine and leucine-leucine genotypes in 50% of cases and 51% of con-
trols and these were not associated with elevated prostate cancer risk as com-
pared with the valine-valine genotype. Lunn et al. [153] confirmed these find-
ings in a case-control study that employed prostate cancer patients from urol-
ogy clinics in North Carolina. Controls, not matched to cases, were drawn from
BPH and impotence patients from the same clinics. Most men were European
American and 5–11% were African American. The valine-leucine and leucine-
leucine genotypes were found in 56% of cases and 49% of controls and were not
associated with prostate cancer risk as compared with the valine-valine geno-
type. These observations are consistent with the results of Febbo et al. [175] who
did not find a relation between plasma concentrations of 3a,17b-androstane-
diol glucuronide and the three different SRD5A2 gene codon 89 genotypes.

Lunn et al. [153], in the same case-control study, also examined the associa-
tion between prostate cancer risk and the earlier mentioned single base-pair
mutation polymorphism in CYP17 gene [157] which encodes for cytochrome
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P450C17a 17a-hydroxylase and 17,20-lyase enzyme activity. The CYP17A2 al-
lele that contains a single base-pair mutation was found in 69% of cases and
57% of controls and it was significantly associated with prostate cancer risk
(odds ratio of 1.7). The association was limited to men younger than 65 years
with no increased odds ratio for men 65 years or older. Opposite findings of this
association between prostate cancer risk and the presence of the CYP17A2 al-
lele were reported from a Swedish case-control study by Wadelius et al. [176].
The frequency of the A1/A2 or A2/A2 genotype was 61% in prostate cancer
cases (n=178) and 71% in population controls (n=160). The odds ratio of hav-
ing the A1/A1 genotype as compared to the A1/A2 or A2/A2 genotype was 1.61
(significant at the 95% level). This latter finding is consistent with a preliminary
report of higher circulating testosterone levels found in men that are homozy-
gous for the A1 allele as compared with men with an CYP17A2 allele [176].

In six case-control studies the association was examined between the afore-
mentioned CAG and GGC (or GGN) repeat polymorphisms in the human an-
drogen receptor gene [155, 169–171, 177, 178]. In these studies, CAG repeat
lengths of shorter than 22, 20, or less than 20 were non-significantly associated
with slightly increased risk for prostate cancer [155, 169–171]. In one study
[169], the trend of increased risk with decreasing repeat length was significant,
but not in two other studies looking at this [170, 171]. In summary, these find-
ings suggest that prostate cancer risk may be slightly increased with shorter
CAG repeat alleles and that it may be related with a greater androgen receptor
transactivation activity, which is associated with shorter CAG repeat alleles.
Three of these studies also addressed GGN or GGC repeats in the androgen re-
ceptor gene, the functional significance of which is unknown at present, but
contradictory findings were obtained [155, 171, 178]. In all three studies the
combined effects of CAG and GGN repeat length were found to be greater than
those of either polymorphism separately [155, 171, 178]. However, the func-
tional significance of this combined effect is not clear.

From the studies discussed above it must again be concluded that, with few
exceptions, no clear or convincing patterns are apparent about associations be-
tween circulating hormone concentrations and prostate cancer risk at the indi-
vidual level. In most studies an association was found between increased risk
and increased ratios of testosterone to DHT, but this was statistically significant
in only three of six studies. Although these findings suggest a relation between
reduced 5a-reductase activity and prostate cancer risk, no associations were
found between risk and the levels of 5a-reduced androgen metabolites that are
indicators of 5a-reductase activity. Significant associations were found between
prostate cancer risk and elevated levels of testosterone and androstenedione
and decreased levels of SHBG and 17b-estradiol, but they each occurred in only
a single study [160, 164] and were not found in other studies. It is possible that
relevant associations may have been missed in most studies, because, except in
the study by Gann et al. [164], the individual hormone data were not adjusted
for concentrations of other hormones, although there are many inter-correla-
tions between these. Eaton et al. [179] conducted a meta-analysis study using
most, but not all, studies included in this overview and some unpublished data
not available to us. They found no significant differences for the ratios of mean
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hormone levels between cases and controls, except for slightly elevated levels of
3a,17b-androstanediol glucuronide. This meta-analysis is in agreement with
our analysis, with the only consistent finding being slightly elevated ratios be-
tween cases and controls of 3a,17b-androstanediol glucuronide in five of five
studies. However, Eaton et al. [179] did not take into account the risk estimates
produced by these studies, which seriously limits their conclusions.

The results of three nested case-control studies on prostate cancer risk and
polymorphisms in the human type II 5a-reductase enzyme gene (SRD5A2) do
not support the hypothesis of an association between risk and increased 5a-re-
ductase activity [153, 168, 175]. There are only contradictory data on a relation
between prostate cancer risk and a polymorphism with unknown functional
significance in the CYP17 gene encoding for the cytochrome P450C17a 17a-hy-
droxylase and 17,20-lyase activity which is involved in androgen biosynthesis
[153, 177].

In five similar studies of polymorphisms in trinucleotide repeats in the an-
drogen receptor gene, a weak association was found between risk and shorter
CAG repeat alleles, which may be related with greater androgen receptor trans-
activation activity, but this association was significant in only one study [155,
169–171, 177]. However, short CAG repeats were also correlated with early on-
set of prostate cancer [172]. An association between risk and polymorphisms in
androgen receptor GGC or GGN repeat lengths is not clear because results of
three studies of this were inconsistent, and the functional significance of these
polymorphisms is not known [155, 171, 178]. There is possibly an interaction
between CAG and GGC/GGN repeat length in relation to prostate cancer risk,
but results of the studies examining this were inconsistent [155, 171, 178].

2.3.3
Critical Interpretation of the Studies

The results of the studies summarized above do not provide unequivocal or
strong evidence for any particular association between prostate cancer risk and
hormone exposure (circulating levels of hormones) or polymorphisms in genes
that encode for proteins involved in steroid hormone action or metabolism. The
only associations with prostate cancer risk that have been observed consistently
in at least three studies are slightly higher circulating testosterone and estrogen
levels in high risk African American men as compared with lower risk
European American men and a functional polymorphism in the androgen re-
ceptor gene; however, these associations are weak at best and mostly not statis-
tically significant. There are no epidemiologic data about prostate cancer risk
and exposure to exogenous hormones, including environmental agents with
hormonal activity.

Several important points should be taken into consideration in interpreting
the above-mentioned observations. First, there are many potential problems
with studies that measure circulating hormone levels such as the usually large
inter- and intra-assay variability in the immunoassays used [121, 173], the fact
that typically only single blood samples are studied, and the problem of within-
subject variations over time and circadian rhythms.Another difficulty relates to
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the interrelationships between various hormones [143, 163] which are taken
into account in very few studies during data analysis [164]. Second, young Asian
men are probably at least partially Westernized in their life-style, and they can-
not simply be compared with older Asians. In addition, young men studied to-
day with respect to their hormonal status probably have a prostate cancer risk
that is different from the risk currently recorded in older men of the same pop-
ulation, as suggested by the rising prostate cancer rates in Japan. Third, as indi-
cated earlier, the factors that cause the differences in prostate cancer risk be-
tween black, white, and Asian men in the US may be different from those that
determine differences in prostate cancer risk between Asian or African popula-
tions and populations in the US or West European countries. Fourth, circulating
hormone levels provide very little information about concentrations at the mol-
ecular targets of these hormones in the prostate gland or about steroid hor-
mone metabolic processes within the prostate. For example, less than 10% of
circulating DHT is produced by the prostate and a substantial amount of serum
3a,17b-androstanediol glucuronide is derived from non-prostatic sources.
Therefore, these two steroids are not very good indicators of prostatic 5a-re-
ductase activity [156–158]. Also, aromatase activity has been reported to occur
in the human prostate and the LNCaP prostate cancer cell line [180, 181], al-
though there are contradictory findings [182, 183]. In addition, estrogen levels
in the human prostate exceed those found in the circulation [184], suggesting
that local formation of estrogens may occur in the prostate and may contribute
to disregulation of prostate growth. Finally, although there are reports of func-
tional polymorphisms in genes encoding for proteins involved in steroid hor-
mone action or metabolism, their influence on steroid hormone metabolizing
enzyme activity or steroid hormone receptor activity within the prostate is not
known. It is likely that these polymorphisms have only limited and probably cell
type-specific influences on these regulatory processes, given the highly complex
and often tissue-specific mechanisms of regulation of gene expression.

On the basis of the above-summarized studies, one may hypothesize that
prostate cancer risk is positively associated with one or more of the following
hormonal factors:

1. Serum levels of (bioavailable) testosterone as indicated by studies comparing
healthy low and high risk men [133, 134, 139, 143, 146]

2. Serum levels of androgen precursors (DHEA) as indicated by a prospective
study [160] and a study comparing healthy Chinese and US Caucasian men
(androstenedione) [142]

3. Peripheral and possibly prostatic activity of 5a-reductase [134, 142, 151, 164]
4. Serum levels of estrogens as indicated by studies comparing healthy low and

high risk men [62–64, 133, 134, 143]
5. Increased androgen receptor transactivation activity [155, 169, 170].

However, for each of these hypotheses there are, as indicated earlier, contradic-
tory data, and the observed associations were at best weak.

Two of the four hypotheses implicate higher bioavailable circulating andro-
gen levels in high risk men in comparison with low risk populations [173], sug-
gesting increased androgen production [135]. However, this seems not to be
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true for all high risk groups. Meikle and co-workers [185, 186] reported that
serum levels of testosterone and DHT were significantly lower, not higher, in
blood relatives of prostate cancer patients (brothers and sons of prostate cancer
patients who have a three- to fourfold excess risk) than in unrelated control
subjects. Zumoff et al. [187] observed that circulating levels of testosterone, but
not DHT, in prostate cancer patients were markedly lower in those younger than
65 years than those of 65 years and older, whereas control subjects had testos-
terone levels that were similar to those of prostate cancer patients of 65 years
and older. In several of the earlier summarized epidemiologic studies, some
hormonal findings were markedly different when comparing younger (18 to 25
–40 years) and older healthy men (over 40 years of age), or comparing younger
(less than 62 to 70 years) and older (older than 65 to 70 years) prostate cancer
patients with their age-matched controls. Circulating testosterone levels para-
doxically decrease with aging, while prostate cancer risk increases [143–145,
188]. At the same time, SHBG levels increase with age and estrogen levels re-
main constant or increase [143, 145, 188]. Thus, bioavailable estrogens and par-
ticularly testosterone decrease with increasing age and increasing risk for
prostate cancer. This may explain the lower prostatic concentrations of DHT
with aging reported by Krieg et al. [184], but is in contrast to increasing pros-
tatic estrogen levels with aging observed by this group.

These studies suggest that the role of androgens and estrogens in prostatic
carcinogenesis may differ in younger men (or perhaps men with early onset
prostate cancer) and older men (or men with late onset cancer), and may be dif-
ferent in men that are at high risk because of familial predisposition and those
at high risk associated with their ethnic background or living environment. It is
also possible that risk-increasing effects of elevated circulating levels of andro-
gens and possibly estrogens may be effectuated early in life [133, 134, 140, 142]
or even before birth [141], rather than in one or two decades preceding the di-
agnosis of prostate cancer.

2.4
Epidemiology: Summary and Conclusions

There are only few clearly established and strong risk factors for prostate can-
cer which are consistently observed in epidemiologic studies: (1) African-
American descent, (2) a Western life style, in particular Western dietary habits,
and (3) a family history of prostate cancer. Less consistently found and weaker
risk factors are a history of venereal disease, and employment in farming, the
armed services, and the nuclear industry.

Elevation of bioavailable and bioactive androgens in the circulation and in
the prostatic target tissue may be an important and biologically very plausible
risk factor. As will be detailed later, the results of several animal model studies
strongly support this contention, but more research is needed to confirm and
further define this association in humans, and to establish its underlying bio-
logical mechanisms (increased androgen production or 5a-reductase activity
and decreased DHT catabolism) (see also [173]). Since circulating testosterone
levels may be lower in men with a family history of prostate cancer than in other
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men, hormonal involvement in familial aggregation of prostate cancer risk
seems paradoxical and the data suggest that the involvement of androgens in
hereditary prostate cancer is different from sporadic prostate cancer. Similarly
paradoxical is the well-established inverse relationship between decreasing cir-
culating androgen levels and increasing prostate cancer risk with aging.
Although body mass index or obesity does not appear to be a risk factor, there
are some indications that muscle mass is positively correlated with risk,
perhaps reflecting exposure to endogenous androgens or anabolic steroids.
Another risk factor may be increased androgen receptor activity related to ge-
netic polymorphisms in the androgen receptor gene. Heavy alcohol use accom-
panied with liver disease may increase risk and be related with decreased clear-
ance of estrogens and elevated circulating estrogen levels. Estrogen levels were
also elevated in healthy black men living in the US or Africa as compared with
European American men, and this is perhaps associated with the very high risk
for prostate cancer of black men living in the US. However, no association be-
tween risk and circulating estrogen levels was found in nested case-control
studies in predominantly European American cohorts. Thus, the epidemiologic
evidence for involvement of androgenic and estrogenic steroid hormones in
human prostate carcinogenesis remains inconclusive (see also [173]).

The strongest single risk factor appears to be a Western life style, particularly
Western dietary habits, including a high fat intake. It is conceivable that dietary
risk factors exert their enhancing effects mediated by a hormonal mechanism
that involves androgens. However, it is unlikely that life style is the sole factor
that explains the differences in prostate cancer risk between Asian and
American populations [10, 135]. The single most important combination of risk
factors is to be of sub-Saharan African descent and to reside in the US – African
Americans have, as a group, twice the risk of white Americans. The reasons for
the black-white disparity in prostate cancer rates in the US are not understood.
While genetic factors, such as genetically determined elevated 5a-reductase ac-
tivity, are possibly involved, environmental exposures (in the broadest sense of
the term) are probably responsible for a large fraction of this disparity [10, 13,
17, 189]. A relation with similar racial disparities in exposure to potential car-
cinogens and high-risk dietary habits has been proposed [13, 22, 58]. A hor-
monal mechanism may be involved as well, possibly acting in utero, because
young African-American men and pregnant African-American women have
been reported to have higher circulating levels of androgens and estrogens than
European Americans [141].

3
Hormonal Induction of Prostate Cancer in Laboratory Animals

With the exception of dogs and humans, spontaneously occurring prostate can-
cer is rare in most species [5–7, 190]. It not understood why prostate cancer is
so common in men whereas it is very rare in almost all other species. As indi-
cated earlier, there are compelling reasons to implicate hormones, particularly
androgenic and estrogenic steroids, in human prostate carcinogenesis. As will
be demonstrated in the following sections, the same steroid hormones are also
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very powerful factors in the induction of prostate cancer in rodent species in
which spontaneous prostate cancer is rare [17, 56, 191]. However, it is important
first to point out that the various lobes of the rat prostate differ in their propen-
sity to develop prostate carcinomas, either spontaneously or induced by car-
cinogens or hormones [17, 190, 191]. The rodent prostate, unlike the human or
canine prostate, consists of distinct paired lobes – the ventral, dorsal, lateral,
and anterior lobes; the dorsal and lateral lobes are often referred to as the dor-
solateral prostate, and the anterior lobe is commonly called the coagulating
gland. These lobes have merged into one gland in the human and canine
prostate, in which different zones have been defined [192]. However, a homo-
logue of the rodent ventral lobe is not present in the human gland [193].

3.1
Induction of Prostate Cancer with Sex Hormones

3.1.1
Androgens

Chronic administration of testosterone induces a low to moderate (5–56%) in-
cidence of prostate cancer in several rat strains [190, 194–199], but not in all
strains [200]. The induced tumors were adenocarcinomas in all studies but one,
in which also some squamous cell carcinomas were observed [197], and these
carcinomas appeared to develop from the dorsolateral prostate and/or coagu-
lating gland, but not the ventral prostate lobe [190, 194–198]. The prostate car-
cinoma incidence in most of these studies was low (5–20%) [190, 194, 197, 198].
Only the studies reported by Pollard and co-workers using the Lobund Wistar
strain sometimes had higher carcinoma incidences, but the incidences varied
considerably (0–60%) [195, 196, 201–204]. In the only other study with the
Lobund Wistar strain, a 7% incidence was found [198]. The actual dose of
testosterone considerably fluctuated over time in many of these studies from
five to ten times control values down to control values [198, 200], but even when
the level of circulating testosterone was kept steadily elevated by two- to three-
fold, prostate carcinomas were induced [199]. These data indicate that testos-
terone acts as a complete carcinogen for the rat prostate.

3.1.2
Estrogen and Androgen Combinations

Noble first demonstrated that testosterone is carcinogenic for the rat prostate,
and he established that sequential treatment with testosterone and estrogens
was even more effective than testosterone per se. Noble used the Noble (or NBL)
rat strain which he developed [194]. Long-term treatment of NBL rats with a
combination of testosterone and 17b-estradiol leads to a high incidence of ade-
nocarcinomas, that develop from the periurethral ducts of the dorsolateral and
anterior prostate [205–207]. The development of these tumors is preceded by
the appearance of epithelial dysplasia in these ducts and in the acini of the dor-
solateral prostate [206–208]. Carcinomas developing from the acinar dysplasia
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in the periphery of the prostate gland have not been reported, and the malig-
nant potential of these lesions, which are morphologically similar to human
prostatic intraepithelial neoplasia (PIN), is not certain [206, 207]. Treatment of
NBL rats with diethylstilbestrol (DES) combined with testosterone resulted in
wide spread dysplasia in the ventral prostate but less dysplasia in the dorsolat-
eral prostate [208]. Long-term treatment of NBL rats with DES and testosterone
induced a low carcinoma incidence in the dorsolateral prostate and some early-
stage carcinomas in the ventral lobe [207]. In summary, the addition of estro-
gen to testosterone treatment of NBL rats markedly increases the incidence of
prostate cancer from 35–40% to 100%.

3.1.3
Perinatal Estrogen Exposure

Carcinogenic effects on the male accessory sex glands have been reported after
perinatal exposure of mice, rats, and hamsters to DES (see [17, 209–211]).
McLachlan and co-workers [209, 212] found that 25% of the male offspring of
CD-1 mice that had been treated with DES on days 9–16 of gestation had nodu-
lar enlargements of the coagulating gland, ampullary glands, and colliculus
seminalis at an age of 9–10 months. One animal had a lesion in the area of the
coagulating gland and colliculus seminalis that resembled early cancer [212]. Of
eight prenatally DES-exposed male mice that survived for 20–26 months, one
had an adenocarcinoma of the coagulating gland, three had hyperplasia of the
coagulating gland, two had hyperplasia of the ventral prostate, one had a carci-
noma of the seminal vesicle, and two had squamous metaplasia of the seminal
vesicle, but no such lesions occurred in control animals [209, 210]. Prenatal DES
exposure of mice also induced testicular tumors (particularly of the rete testis)
and non-neoplastic lesions in the testes and epididymis [213].

Treatment of Han:NMRI mice with DES or 17b-estradiol on the first 3 days
of life resulted in a 90–100% incidence of epithelial dysplasia of the peri-
urethral glands, and the periurethral proximal parts of the dorsolateral
prostate, coagulating glands, and seminal vesicles after 12–18 months [214,
215]. Subsequent treatment with DHT and 17b-estradiol from 9 to 12 months of
age increased the severity of the dysplasia when the prostates were examined at
12 months, suggesting permanent estrogen hypersensitivity of these tissues.
Arai et al. [210] treated Wistar rats with DES for the first 30 days of life. One
group was neonatally castrated and the second group remained intact. Two of
11 castrated, DES-exposed rats developed squamous cell carcinomas in the area
of the dorsolateral prostate, coagulating gland, and ejaculatory ducts, and all
these animals had papillary hyperplasia and squamous metaplasia of the coag-
ulating gland and ejaculatory duct. Squamous metaplasia was also found in
some of eight non-castrated, DES-exposed rats, but no hyperplasia or neoplasia
developed. Vorherr et al. [216] obtained similar results in rats exposed prena-
tally and/or neonatally to DES.

In summary, the results of these studies demonstrate that prenatal and
neonatal estrogen exposure of rodents can be carcinogenic for the prostate.
There are also data to suggest that these treatments may imprint permanent
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alterations in the hormonal sensitivity of the prostate which may play a role in
the carcinogenic effect of perinatal estrogen exposure.

3.2
Induction of Prostate Cancer with Chemical Carcinogens and Sex Hormones

3.2.1
Chemical Carcinogens Combined with Hormonal Stimulation of Cell Proliferation

Induction of prostatic adenocarcinomas by chemical carcinogens is rare. Only
two organic chemical carcinogens, i.e., N-nitroso-bis-(oxopropyl)amine (BOP)
and 3,2¢-dimethyl-4-aminobiphenyl (DMAB), cause prostate adenocarcinomas
upon systemic administration, without any additional concomitant or subse-
quent treatment [217, 218]. Direct application of chemical carcinogens to
prostate tissue in experimental animals produces sarcomas or squamous cell
carcinomas (see [5, 219]).

Hormonal stimulation of cell proliferation in the prostate at the time of car-
cinogen administration has been demonstrated to increase the sensitivity of the
target cells for tumor induction [199, 220–223]. Dorsolateral prostate adeno-
carcinomas have been produced at 5–25% incidence when prostatic cell prolif-
eration was stimulated in combination with treatment with indirect-acting car-
cinogens, such as DMAB and 9,12-dimethylbenz[a]anthracene, and direct-act-
ing chemical carcinogens, such as N-methyl-N-nitrosourea (MNU); except for
DMAB, these carcinogens do not induce these tumors when administered alone
[199, 220–223]. However, not in all studies has this enhancing effect of stimula-
tion of prostatic cell proliferation on prostate carcinoma induction been found
[197, 200, 224, 225]. Nevertheless, stimulation of cell proliferation can be con-
sidered to be co-carcinogenic for prostate cancer induction in rats by many
chemical carcinogens.

3.2.2
Testosterone as Tumor Promotor of Prostate Carcinogenesis

Long-term administration of testosterone to rats markedly enhances prostatic
carcinogenesis following initial treatment with chemical carcinogens that tar-
get the prostate because of tissue-specific metabolism (DMAB and BOP) and/or
concurrent hormonal stimulation of prostatic cell proliferation [69, 70, 191, 196
–200, 202, 203, 226]. The presence and magnitude of this enhancement appears
to depend on several factors [190, 191, 197]. For example, after a single injection
of BOP or MNU given to F344 rats without concurrent stimulation of prostatic
cell proliferation, long-term testosterone treatment did not enhance prostatic
carcinogenesis [200]. High incidences (66–83%) of adenocarcinomas of the
dorsolateral and/or anterior prostate were induced by chronic treatment with
testosterone following a single administration of MNU or BOP given during
stimulation of prostatic cell proliferation in Wistar rats, or during and after ten
repeated biweekly injections of DMAB in F344 rats [69, 70, 190, 191, 197, 199,
200, 226]. This effect is somewhat strain-dependent, because when similar treat-
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ments were given to Lobund Wistar rats, rather variable incidences of between
50% and 97% were reported by Pollard and co-workers [196, 203, 207], and only
a 24% incidence was found by Hoover et al. [198].

The enhancing effect of testosterone on prostate carcinogenesis is remark-
ably confined to the dorsolateral and anterior prostate, and no tumors occur in
the ventral prostate. Moreover, chronic testosterone treatment produces a shift
of the site of DMAB- and BOP-induced carcinoma occurrence from exclusively
the ventral lobe to predominantly the dorsolateral and anterior lobes [197, 200,
226]. The dose-response relationship between testosterone dose and prostate
carcinoma yield is very steep: elevation of circulating testosterone levels by less
than 1.5-fold is sufficient for a near-maximal enhancement of the tumor re-
sponse, and a two- to threefold elevation is sufficient for a maximal response;
these concentrations are within the normal range of circulating testosterone
levels in the rat [199]. Thus, testosterone is a powerful tumor promotor for the
rat prostate.

3.2.3
Effects of Androgens on Prostate Cancer Induction by Cadmium and Ionizing Radiation

Cadmium can be carcinogenic for the rat ventral prostate as demonstrated by
Waalkes and co-workers [227, 228]. The selective sensitivity of the ventral
prostate lobe for the carcinogenic action of cadmium is most likely due to the
lack of cadmium-binding proteins in this lobe [229]. A single injection of cad-
mium chloride produced early stage carcinomas in the ventral lobe, but only
when cadmium-induced testicular toxicity was avoided, either by keeping the
cadmium dose low or by antagonizing the testicular toxicity of cadmium by si-
multaneous administration of zinc. These observations indicate that cadmium
induces proliferative lesions in the rat ventral prostate only when testicular
function, conceivably testosterone production, is intact. In addition, these data
suggest that androgens also act as tumor promotors in this system, but this hy-
pothesis has not been tested. Other mechanisms may also be involved, because,
for example, testosterone considerably increases disposition and retention of
cadmium in the rat ventral prostate [230].

Local radiation (X-ray) exposure of the pelvis has been shown to induce
prostate carcinomas in mice [231] and rats [232]. Prostate carcinomas (33% in-
cidence) developed only in rats that were castrated and received androgen-
replacement prior to irradiation, whereas intact and castrated rats did not
develop prostate cancer following irradiation. These observations suggest that
testosterone treatment was required for tumor development, perhaps as tumor
promotor [232].

3.3
Conclusions

Stimulation of prostatic epithelial cell proliferation by androgens during expo-
sure to chemical carcinogens increases the susceptibility of the rat prostate to
cancer induction as a co-carcinogen. Testosterone is a weak complete carcino-
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gen, but is a very strong tumor promotor for the rat prostate at near-physiolog-
ical plasma concentrations [199]. The very strong tumor-promoting activity of
androgens is perhaps responsible for their weak complete carcinogenic activity
on the rat prostate. A slight elevation of circulating testosterone can lead to a
marked increase in prostate cancer in rat models. This observation is very im-
portant in view of the aforementioned weak association between human
prostate cancer risk and slightly elevated circulating androgen levels found in
some epidemiological studies [173]. Thus, the experimental animal data pro-
vide strong support for the concept that minimal increases in circulating an-
drogens may have substantial enhancing effects on prostate cancer risk. The ad-
dition of 17b-estradiol to chronic androgen treatment strongly enhances the
carcinogenic activity of testosterone for the rat dorsolateral prostate, particu-
larly the proximal periurethral ducts of the dorsolateral and anterior prostate.
The 17b-estradiol plus testosterone treatment also induces acinar lesions that
are similar to human PIN. These observations strongly suggest a critical role for
estrogens in prostate carcinogenesis. Perinatal estrogen exposure can also be
carcinogenic for the male rodent accessory sex glands. The proximal peri-
urethral ducts of the dorsolateral and anterior prostate and seminal vesicle and
the intraprostatic urethral epithelium appear to be the male rodent genital tract
tissues most sensitive to the carcinogenic effects of perinatal estrogen exposure.
Interesting in this regard is the report by Driscoll and Taylor [233] of hypertro-
phy and squamous metaplasia of the prostatic utricle and prostatic ducts in 55
–71% of 31 male infants that had been exposed to DES in utero and had died
perinatally from unrelated causes. Such squamous metaplastic changes have
also been reported to occur in human fetal prostatic tissue transplanted into
nude mice that were subsequently treated with DES [234]. These human obser-
vations suggest that the DES findings in rodents may have human relevance.
There are no other data on carcinogenic effects of environmental hormonal
agents for the prostate in animal models.

4
Mechanisms of Hormonal Prostate Carcinogenesis

As stipulated earlier, there are compelling reasons to assume that androgens
play a critical role in prostate carcinogenesis, and there is experimental evi-
dence to suggest that estrogens are involved as well [55]. Because of the hor-
monal nature of these steroids, receptor mediation has been proposed as the
major mechanism by which androgens and estrogens act in the causation of
prostate cancer [235]. For estrogens, however, non-receptor-mediated genotoxic
effects are conceivable, in addition to receptor-mediated processes [55]. For an-
drogens, mechanisms other than those mediated by androgen receptors seem
unlikely, except for the generation of estrogens via aromatization. These poten-
tial mechanisms are discussed in the following sections.

Prostatic mesenchyme is known to be a mediator of androgen action in the
developing and adult rodent prostate and possibly the human prostate [236,
237]. Therefore, interactions between epithelial and stromal cells in the normal
prostate are undoubtedly critical and may be essential in prostate carcinogene-
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sis. However, there are hardly any studies that have directly addressed the role
of stromal-epithelial interaction in human or rodent prostate carcinogenesis
[238]. Krieg et al. [184] measured steroid hormone concentrations in stromal
and epithelial compartments of normal human prostates from subjects varying
from 20 to 80 years of age. Epithelial DHT concentrations decreased consider-
ably with aging, but they remained stable in stromal cells and testosterone con-
centrations appeared unaffected by age in either cell type. Thus, the activity of
5a-reductase in the epithelium may decrease with aging, but perhaps remains
intact in the stroma. However, concentrations of 17b-estradiol and estrone in
the stroma, but not the epithelium, increased markedly with aging. These find-
ings suggest that the prostatic stroma is an important site for both androgen
and estrogen action and metabolism such as aromatase activity, which seems 
to increase with aging because estrogens accumulate with aging and androgen 
levels remain stable, in contrast to concentrations of estrogens and androgens
in the circulation or in epithelial cells which decrease with aging. Thus, it is con-
ceivable that, with increasing age and increasing risk for prostate cancer, the
prostatic stroma continues to be an important androgen signal mediator to the
epithelium and is an increasingly important local producer of estrogens.

4.1
Androgens and Prostate Carcinogenesis

Results from the earlier summarized rodent experiments clearly indicate car-
cinogenic and strong tumor promoting properties of androgens, and the results
of a limited number of epidemiological studies provide some support for the
concept that androgens may have such effects in humans. The mechanisms of
the carcinogenic and tumor-promoting effects of androgens on the rodent
prostate are not known with certainty. The very steep relationship between
testosterone dose and prostate carcinoma response in rat models suggests in-
volvement of an androgen receptor-mediated mechanism [199]. However, other
mechanisms may also be involved. For example, Ripple et al. [239] observed in-
creased oxidative stress in androgen-sensitive LNCaP human prostate cancer
cells exposed to DHT, but it is possible that these effects were androgen recep-
tor-mediated.

4.1.1
Stimulation of Cell Proliferation and Carcinogenic and Tumor-Promoting Effects 
of Androgens

Androgen receptor-mediated stimulation of prostatic cell proliferation by an-
drogens has been implicated in human prostate carcinogenesis [135, 235].
However, there is no direct evidence that elevation of circulating testosterone
leads to increased cell proliferation in the human prostate. Androgen adminis-
tration to castrated rodents causes elevation of prostatic cell proliferation sim-
ilar to that observed in cell cycle synchronization experiments with cells in
vitro [240]. The increase in prostatic cell proliferation caused by androgen ad-
ministration to castrated rodents is only transient, and after a few days cell
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turnover returns to its normal very low level [240]. Thus, continued androgen
treatment of rodents does not result in constantly elevated rates of cell prolifer-
ation in the male accessory sex glands, but probably only supports differentia-
tion. DHT may even suppress prostatic cell proliferation in intact rats [206].
Thus, continuous stimulation of cell proliferation is unlikely be the major
mechanism of the enhancing effects of androgens on prostate carcinogenesis in
rodents and possibly humans. There are conceivably also other, non-hormonal,
factors that affect prostatic cell proliferation, such as inflammatory insults
(prostatitis) [241, 242] and possibly sexual activity. Strong support for a cell
proliferation hypothesis is derived from rodent experiments that indicate that
increased prostatic cell proliferation at the time of exposure to carcinogens can
enhance the sensitivity of the tissue to the carcinogenic effects of these agents
[199, 220–223]. Stimulation of cell proliferation during carcinogen exposure
increases the likelihood that promutagenic DNA damage, such as carcinogen-
DNA adducts, will be fixed as permanent somatic mutations. Increased cell
proliferation may thus enhance the carcinogenic effects of low level exposure to
environmental and endogenous carcinogens in humans.

Importantly, the rate of cell proliferation at the time of carcinogen exposure
may be only one of several androgen-related factors that determine sensitivity
of the prostate to cancer induction by carcinogens through androgen-receptor
mediated mechanisms. For example, Sukumar et al. [243] have hypothesized
that prostate cells that have undergone critical genetic alterations (activating
mutations in oncogenes or inactivating alterations in tumor suppressor genes)
may be selectively sensitive to stimulation of cell proliferation by androgens.
These cells could thus have a selective growth advantage over normal cells,
which do not respond to chronic testosterone treatment with sustained prolif-
eration, but with cellular differentiation [200]. However, this hypothesis has not
been critically tested. It is also possible that androgens, in addition to other fac-
tors, influence the effectiveness of indirect-acting carcinogens that are metabo-
lized in the prostate itself.

4.1.2
Androgen Metabolism and Androgen Receptor Sensitivity

Any hypothesis implicating androgens in prostate carcinogenesis has to con-
sider androgen receptor function and androgen metabolism. Ross et al. [135]
have developed the concept that genetically determined differences in androgen
receptor activity as well as the activities of steroid biosynthetic enzymes, 5a-re-
ductase, and enzymes that metabolize DHT are major determinants of risk both
at the population and individual levels (see also [18]). Functional polymor-
phisms in the genes that encode for these enzymes and the androgen receptor
have been hypothesized to be at the core of this notion [18, 135].

The earlier summarized and evaluated results of endocrinological studies
and evidence for a role of these polymorphisms in human prostate carcinogen-
esis lead to the following conclusions: to date there is little evidence that func-
tional polymorphisms in the 5a-reductase gene and differences in 5a-reductase
activity are important determinants of prostate cancer risk. However there is
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some evidence [155, 169–171, 177] to suggest that risk is associated with a func-
tional polymorphism in the androgen receptor gene resulting in short lengths
of CAG repeats in the transactivation domain of the protein which are linked
with increased transactivation activity in vitro [136–138]. Several other poly-
morphisms with as yet unknown functional significance have been identified in
genes encoding for androgen metabolizing enzymes (cytochrome P45017a
(CYP17) involved in androgen biosynthesis, and type II 3b-hydroxysteroid de-
hydrogenase catabolizing DHT) and the androgen receptor (GGC/GGN repeat
length). These have been found unevenly distributed among populations that
differ in prostate cancer risk [153–155] or to be associated with risk in case-
control studies [154, 155, 171, 176, 178].

The observation of slightly higher circulating testosterone levels in high risk
African American men compared to lower risk European men suggests that
their rates of androgen biosynthesis may be higher. Lower as well as higher
serum testosterone concentrations have been found in low risk Asian or African
men as compared with higher risk European or African Americans. However,
testosterone levels were lower in Asians living in Asia than in American popu-
lations, regardless of their ethnicity, in the only two studies that included Asian
populations. In addition, testosterone production rates measured directly were
lower in Chinese in China than in either Chinese Americans or European
Americans [146]. These observations are consistent with the hypothesis that en-
vironmental factors such as diet determine prostate cancer risk at the popula-
tion level by influencing androgen production.

Evaluation of the role of androgens in prostate carcinogenesis is complicated
by the fact that not only the epithelium but also the stroma is an important site
for androgen action and metabolism in the prostate. Clearly, studies of circulat-
ing androgenic (or other) hormone levels or genomic polymorphisms in rele-
vant genes do not necessarily provide relevant information about processes at
the level of the prostatic epithelial cell and its important immediate environ-
ment, the prostatic stroma.

4.2
Estrogens and Prostate Carcinogenesis

As summarized earlier, the results of epidemiological studies provide limited
evidence for an association between prostate cancer risk and circulating levels
of estrogens, which appear to be higher in African American men (under 50
years of age) than in European American men. This observation suggests that
estrogens may be involved in prostate carcinogenesis, because men of African
descent living in an American environment have the highest risk for prostate
cancer world-wide. However, most direct evidence in support for a role of es-
trogens in prostate carcinogenesis is derived from studies with treatment of
NBL rats with testosterone and 17b-estradiol [206, 207, 244]. The mechanisms
involved in the prostatic effects in this model are a mixture of estrogen recep-
tor-mediated and non-receptor processes. In addition, there is evidence to sug-
gest that the mechanisms involved in hormonal induction of rat prostate carci-
nomas, which originate from the periurethral prostatic ducts, are different from
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those involved in the induction dysplastic lesions, the dorsolateral prostate
acini in this model.

There is evidence for the presence of the CYP19 enzyme aromatase in the hu-
man prostate which could provide a local source of estrogens from conversion
of testosterone [177–181], but reports are contradictory [182, 183]. The local
production of estrogens in the prostate is possibly a stromal process, and stro-
mal aromatase activity may increase with aging [184]. Data on the presence of
aromatase in the rodent prostate are also somewhat contradictory, because aro-
matase activity has been reported in the rat ventral prostate and a trans-
plantable rat prostate carcinoma [245] but it was not detectable in mouse
prostate [246]. These discrepancies may be due to species or methodological
differences.

4.2.1
Estrogen Receptor-Mediated Mechanisms

The prostate contains estrogen receptors, and both the estrogen receptor-a and
-b are present in the rat prostate [247]. Thus, involvement of direct receptor-me-
diated effects of estrogens in prostate carcinogenesis is plausible, but rodent
studies using anti-estrogen treatments (such as tamoxifen and ICI-182,780)
have yielded contradictory results. The prostate tumor-promoting effects of
testosterone may involve estrogen generated by aromatization. However, simul-
taneous administration of testosterone and tamoxifen did not alter the prostate
carcinogenesis enhancing effect of the androgen in experiments in rats injected
with prostatic carcinogens prior to the hormone treatment [248; McCormick
and Bosland, unpublished data]. On the other hand, ICI-182,780 blocked the in-
duction of epithelial dysplasia in the prostatic periphery in NBL rats treated
with testosterone and 17b-estradiol [249]; the effects of this antiestrogen on in-
duction of periurethral prostate carcinomas are not known.

Dorsolateral prostatic tissue with epithelial dysplasia from NBL rats treated
with testosterone and 17b-estradiol for 16 weeks accumulates 17b-estradiol
and 5a-androstane-3b,17b-diol, a weak estrogenic agonist; this does not occur
in the ventral lobe, which also does not develop dysplasia [206, 208]. In rats
treated with testosterone and DES for 16 weeks, dysplasia developed more
distinctly in the ventral than in the dorsolateral prostate, coinciding with a
preferential accumulation of 17b-estradiol and 5a-androstane-3b,17b-diol in
the ventral prostate [208]. These observations suggest that increased levels of
estrogenic species in prostatic target tissue may be causally related with the
development of hormone-induced dysplasia and possibly carcinomas in the
NBL rat model [208].

In dorsolateral prostatic peripheral tissue with epithelial dysplasia from rats
treated with testosterone and 17b-estradiol for 16 weeks, elevated levels have
been found of nuclear but not cytosolic type II (intermediate-affinity) estrogen
binding sites, but not type I (high-affinity) binding sites [206, 248]. The type II
estrogen receptor is believed to be a cell proliferation marker and a key factor
in normal and aberrant growth regulation in female estrogen target tissues
[206, 248]. In addition, mitotic indices in testosterone plus estrogen-treated
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NBL rat dorsolateral prostate were increased over control values; this increased
mitotic activity was largely confined to the dysplastic lesions [206, 248]. These
data indicate that continued stimulation of cell proliferation may be involved in
the development of hormone-induced NBL rat prostate dysplasia [206, 248].

Estrogen treatment in rodents stimulates prolactin secretion, raising the pos-
sibility that some or all estrogen effects on the rodent prostate may be mediated
through prolactin. Transplantation of a prolactin-producing pituitary tumor
into rats treated with the carcinogen DMAB enhanced the formation of pre-
neoplastic lesions, but not carcinomas, in the ventral prostate; treatment with
bromocryptine, a prolactin secretion suppressing agent, counteracted this effect
[250]. Bromocryptine also decreased the formation of ventral prostatic atypical
hyperplasia and carcinomas in rats treated with only DMAB [250], and it
blocked the development of epithelial dysplasia in the dorsolateral prostatic
periphery of NBL rats treated with testosterone and 17b-estradiol, but effects
on periurethral carcinoma development were not studied [251]. Thus, there is
evidence to suggest that prolactin may modulate the induction of preneoplastic
lesions in the rat prostate, but the relevance of these findings for prostate cancer
development is not clear.

In conclusion, there are several lines of evidence suggesting that estrogen re-
ceptor-mediated mechanisms contribute to the induction of prostate cancer in
rats by hormonal treatments, but conclusive evidence is lacking and there are
no human data in this regard.

4.2.2
Non-Receptor Mechanisms

Estrogens are capable of producing DNA damage in the target tissues for estro-
gen carcinogenicity, independent of their interaction with the estrogen receptor
[252]. Gladek and Liehr [253] have found a direct DES-DNA adduct in the kid-
ney of male hamsters treated with DES, as well as indirect estrogen-generated
DNA adducts (perhaps of endogenous origin and of undetermined structure)
detectable by 32P-postlabeling [254]. Both observations are thought to be related
with the formation of catechol estrogens that undergo redox cycling during
which reactive intermediates and reactive oxygen species are generated and
lipid peroxidation can be initiated [252]. In the NBL rat, treatment for 16 weeks
with testosterone plus 17b-estradiol enhanced the formation of a chromato-
graphically unique endogenous adduct selectively in the periurethral region of
the rat dorsolateral prostate, which is the site of the carcinogenic effect of this
treatment [255, Bosland, unpublished data]. Ho and Roy [256] found increased
single strand DNA breaks and accumulation of fluorescent lipid peroxidation
products in the dorsolateral prostate of NBL rats after this treatment, but they
did not separately analyze the periurethral and peripheral areas of the prostate.
In addition, elevated levels of 8-hydroxydeoxyguanosine and lipid hydroperox-
ides have been found at the periurethral tissue but not in the peripheral area of
these glands [Bosland, unpublished data]. Lower, but still elevated, levels of the
endogenous DNA adduct detectable by 32P-postlabeling, 8-hydroxydeoxyguan-
osine, and lipid hydroperoxides were also found in the periuretheral prostate of
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rats treated only with testosterone, perhaps due to formation of estrogens by
aromatization [Bosland, unpublished data]. The enhancement of endogenous
DNA adduct formation, oxidative DNA damage, and lipid peroxidation selec-
tively at the site of tumor formation and preceding it strongly suggest that these
effects are causally involved in the carcinogenic effect of the hormone treat-
ment. It is conceivable that exogenously administered estrogens or formation of
estrogen from testosterone by aromatization, as well as a genotoxic mechanism
are critical to the carcinogenic effect of this hormone combination for the rat
prostate, rather than receptor-mediated mechanisms.

This hypothesis implicates that catechol estrogen formation occurs at the rel-
evant site within the prostate [252]. Lane et al. [257] demonstrated that micro-
somes isolated from the dorsolateral prostate of NBL rats treated with testo-
sterone plus 17b-estradiol do not generate the catechol estrogens 2- and 4-hy-
droxy-estradiol and 2- and 4-hydroxy-estrone. However, because periurethral
prostate tissue was not analyzed and the relevance of microsomal assays for the
in vivo situation is unclear, these data do not refute the possibility of catechol
estrogen formation in the periurethral prostate. In addition, it is conceivable
that the mechanisms of induction of dysplasia in the dorsolateral glandular
prostate are estrogen receptor-mediated, possibly not involving estrogen-gen-
erated genotoxic processes, and that the mechanism involved in the induction
of periurethral prostatic carcinomas is estrogen-generated genotoxicity, but
possibly no estrogen receptor mediation. Thus, testosterone may act as a tumor
promotor and estrogens as genotoxic “tumor initiators” in the testosterone-
plus 17b-estradiol-treated NBL rat model of (periurethral) prostate carcino-
genesis; the androgen may also act as enhancer of induction of dysplasia (pe-
riphery) in this model, which requires conjunct action of estrogen via estrogen
receptors. These hypotheses remain to be critically tested.

The human relevance of these findings in the NBL rat model remains unclear
at present. However, oxidative DNA damage and lipid peroxidation reflective of
reactive oxygen damage have been observed in the human prostate [258], and
increased oxidative stress has been found in prostate cancer patients as com-
pared with controls [259]. Whether these observations are related with estrogen
exposure or associated with other risk factors such as a high fat diet [242] is not
known, but they suggest that endogenous oxidative stress may be important in
human prostate carcinogenesis, and they are consistent with the hypothesis of
estrogen-generated oxidative DNA damage as an important factor.

4.2.3
Perinatal Estrogen Exposure: Hormonal Imprinting

Perinatal estrogen exposure of mice resulted in epithelial dysplasia of the peri-
urethral proximal parts of the dorsolateral and anterior prostate and seminal
vesicles [214, 215], as well as in carcinomas in these areas [212], as summarized
earlier. In addition, mice that were neonatally estrogenized hyper-responded to
secondary estrogen treatment [214]. These very same tissue areas contain es-
trogen receptors which indicates their estrogen sensitivity [214]. However, the
activity of 17b-estradiol hydroxysteroid oxidoreductase, believed to be a mar-

58 M.C. Bosland



ker of estrogen sensitivity, and incorporation of tritiated thymidine in epithelial
compartments of these tissues were not changed in response to secondary
treatments with estrogen in neonatally estrogenized mice [214, 215]. In re-
sponse to secondary androgen treatment, tritiated thymidine incorporation
was markedly increased selectively only in the stromal cells of the anterior and
ventral prostate, indicating a lasting effect of neonatal estrogen exposure on the
androgen-responsiveness of the stromal component of the mouse prostate
[214]. These observations suggest that perinatal estrogen exposure of mice im-
prints lasting alterations in estrogen as well as androgen responsiveness of the
male accessory sex glands.

The precise mechanism of these complex imprinting effects is not clear.
Perinatal estrogen treatment may act indirectly on the male accessory sex
glands by imprinting permanent alterations in the secretion of pituitary hor-
mones and testicular androgen, or directly by imprinting altered expression of
androgen, estrogen, and prolactin receptors or changes in steroid metabolism
in the accessory sex gland [260–263]. For example, in neonatally estrogenized
mice, the plasma levels of luteinizing hormone and follicle stimulating hor-
mone were elevated [261], while circulating testosterone levels were decreased
[260, 263] or unchanged [261]. Prostatic DHT formation via 5a-reductase was
impaired in adult mice neonatally treated with DES [246]. Nuclear androgen re-
ceptor levels in these mice were decreased in dorsal and ventral prostate but not
affected in the lateral lobe, and the numbers of androgen receptor-positive stro-
mal cells was increased in all three lobes [263]. However, although the exact
mechanisms of the carcinogenic effects of perinatal estrogen exposure for the
prostate remain unclear, there appear to be lasting direct and indirect effects of
this treatment on the mouse prostate. No abnormalities in circulating estrogen
and androgen levels were found in boys that had been exposed to DES in utero
[264]. Thus, the human relevance of the effects of perinatal estrogen exposure
in mice remains uncertain at present.

5
Summary and Conclusion

There are no known exogenous hormonal or non-hormonal exposures that are
associated with prostate cancer risk, with the exception of “exposure” to a west-
ern life style (including a high fat diet), to an African American “environment”,
and, perhaps, to venereal disease, unknown factors related to farming, and em-
ployment in armed services and the nuclear industry. None of these associa-
tions point to specific chemicals, hormones, or other factors. In view of the high
frequency of this malignancy in Western countries, this lack of known specific
risk factors is remarkable and may indicate that there are many exogenous risk
factors for prostate cancer which are too ubiquitous and overlapping to be de-
tectable by epidemiologists. It is also possible that there are strong endogenous
determinants of prostate cancer risk which are “overwhelming” most exoge-
nous risk factors in epidemiological analyses. Androgenic hormones and an-
drogen receptor mechanisms are prime candidates to be such important strong
endogenous factors, but the epidemiological evidence for this is weak. There are
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some indications that muscle mass is positively correlated with risk, perhaps re-
flecting exposure to endogenous androgens or anabolic steroids. Elevation of
bioavailable and bioactive androgens in the circulation and in the target tissue
as an important risk factor is biologically highly plausible, and the results of
several animal model studies strongly support this notion. Some of these ex-
periments indicate that substantial enhancement of prostate carcinogenesis can
be achieved by only very small elevations of circulating testosterone. This find-
ing, if also valid for humans, may explain why the epidemiological associations
between circulating androgen levels and prostate cancer are at best weak. There
is also epidemiological evidence for increased transactivation activity of the an-
drogen receptor to be associated with increased prostate cancer risk, both at the
population and individual levels. However, more research is needed to confirm
and further define these associations in humans, and to dissect further the bio-
logical mechanisms that underlie the increased risk that is probably associated
with elevated circulating androgen levels and increased androgen receptor sen-
sitivity.

African American men have a twofold higher risk than European American
men, which is probably related to unknown environmental and genetic factors
that may act though modifying their hormonal status. Indeed, circulating levels
of androgens and, in men under 50 years, estrogens appear to be higher in
African American men than in European American men. Such hormonal fac-
tors perhaps act as early as in utero, because circulating levels of androgens and
estrogens have been reported to be higher in young men and pregnant African
American women than in European American women.

Familial aggregation of prostate cancer risk is consistently observed and con-
fers a considerable increased risk, but explains 10% or less of all cases. Putative
susceptibility loci have been identified on chromosome 1q and the X chromo-
some, but there are no indications that these are related to hormonal factors.
The role of hormones in familial aggregation of prostate cancer risk is unclear,
since circulating testosterone levels appear to be lower in men with a family his-
tory of prostate cancer than in other men.

Hormonal stimulation of prostatic epithelial cell proliferation enhances the
susceptibility of the rat prostate to chemical carcinogens. Testosterone at near-
physiological plasma concentrations is a weak complete carcinogen and a
strong tumor promotor for the rat prostate. The weak complete carcinogenic ac-
tivity of androgens can perhaps be explained by their very strong tumor pro-
moting activity. The precise mechanism of the tumor-inducing and -promoting
activities of androgens for the rat prostate remains unknown. It is unlikely that
chronic stimulation of prostatic cell proliferation rates by androgens is in-
volved. However, it is conceivable that prostatic epithelial cells carrying critical
genetic alterations have a selective growth advantage over normal cells and do
not respond to androgens by differentiation, as normal cells would, but by pro-
liferation.

Chronic exposure to testosterone plus 17b-estradiol is strongly carcinogenic
for the dorsolateral prostate of some rat strains, while testosterone alone is only
weakly carcinogenic. The mechanism of the carcinogenic effect of estrogen plus
androgen in the rat prostate is incompletely understood, but it appears to in-
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volve estrogen-generated oxidative stress and genotoxicity, in addition to an-
drogen receptor- and estrogen receptor-mediated processes such as changes in
sex steroid metabolism and receptor status. There is evidence for the presence
of the enzyme aromatase in the human and rat prostate providing for a local
source of estrogens, which in humans seems to increase in stromal cell activity
with aging. Perinatal estrogen exposure is carcinogenic for the rodent male ac-
cessory sex glands. Hyperplastic and squamous metaplastic changes have been
reported in human male genital tract tissues following prenatal DES exposure,
suggesting that prenatal exposure to DES may also target the human prostate.
The mechanisms of these prenatal estrogen effects are not clear but may involve
permanently imprinted changes in hormone production and hormone sensi-
tivity of prostatic tissues.

These observations lead to a multifactorial general hypothesis of prostate
carcinogenesis in which androgens are strong tumor promotors acting via an-
drogen receptor-mediated mechanisms to enhance the carcinogenic activity of
endogenous genotoxic carcinogens, reactive estrogen metabolites, estrogen-
and prostatitis-generated reactive oxygen species, and possibly unknown weak
environmental carcinogens. In this concept, all of these processes are modu-
lated by a variety of environmental factors such as diet and by genetic determi-
nants such as hereditary susceptibility and polymorphic genes that encode for
receptors and enzymes involved in the metabolism and action of steroid hor-
mones. It is conceivable that environmental agents with hormonal activity are
involved in prostate carcinogenesis, but their identity, role, and importance have
not been defined.
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Dietary estrogens, also known as phytoestrogens, represent a family of plant compounds
which are of biological interest because they exhibit both in vivo and in vitro weak estrogenic
and anti-estrogenic properties. Phytoestrogens appear to exert their physiological effects
through a variety of possible mechanisms, such as their ability to bind to estrogen receptors
and their actions on tyrosine kinases and growth factors. Phytoestrogens can be classified into
three main categories consisting of isoflavones, lignans, and coumestans. A variety of com-
monly consumed foods contains appreciable amounts of these plant compounds which have
been identified in various human body fluids, such as plasma, urine, bile, saliva, feces, breast
milk, prostatic fluid and semen. Accumulating evidence from both clinical and epidemiologi-
cal studies has suggested that dietary estrogens may potentially affect the human endocrine
system. The existing evidence reviewed here will identify the current research in this area,
which will include both the possible beneficial and adverse effects which dietary estrogens
may have on the human endocrine system as it relates to breast, prostate and colon cancer, en-
dogenous hormones, the menstrual cycle, menopausal symptoms, coronary heart disease, and
osteoporosis. Moreover, the issue of infants fed soy-based formulas will be addressed.
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1
Introduction

Considerable effort has been directed towards identifying constituents in the
diet that either prevent or contribute to human disease. The human diet con-
tains several plant-derived, non-steroidal estrogenic compounds known as phy-
toestrogens [1]. By utilizing modern techniques such as high pressure liquid
chromatography (HPLC) and gas chromatography-mass spectrometry (GC-
MS), it has been possible to isolate and characterize biologically active com-
pounds in plants. More than 300 plants contain phytoestrogens, but there is
considerable variability in hormonal potency within each category of phyto-
estrogen, which include isoflavones, lignans, and coumestans. Certain com-
pounds may be quite estrogenic while others may have no activity at all. Some
of the biologically active compounds are not found in plant food itself, but are
produced from plant precursor compounds by bacterial metabolism in the
colon. These dietary estrogens mimic endogenous estrogens and may produce
many of the same physiological effects [2].

Endogenous estrogens influence the growth, differentiation and functioning
of many target tissues. These include tissues of the female and male reproduc-
tive systems such as the mammary gland, uterus, vagina, ovary, testes, epi-
didymis, and prostate [1]. Estrogens also play an important role in bone main-
tenance, in the central nervous system, and in the cardiovascular system [1, 3–
5]. Estrogens diffuse in and out of cells but are retained with high affinity and
specificity in target cells by an intranuclear binding protein, termed the estro-
gen receptor (ER). Once bound by estrogen, the ER undergoes a conformational
change allowing the receptor to interact with chromatin and modulate tran-
scription of target genes [6–8]. Dietary estrogens, however, bind to ERs with a
much lower affinity than does endogenous estrogen. The mechanisms of these
phytoestrogens are complex because, like steroids, phytoestrogens may bind to
one or more proteins, including hormone receptors, hormone binding proteins
in serum and enzymes that metabolize steroid hormones. The extent of inter-
action of phytoestrogens with one or more of these proteins could modulate
steroid hormone action to produce profound physiological effects [2]. For the
most part, focus has been on understanding phytoestrogen binding to steroid
receptors and determining if phytoestrogens act as either a steroid hormone
agonist or antagonist in regulating transcription of steroid-dependent genes. In
addition, phytoestrogens have also been shown to function through steroid-in-
dependent mechanisms.

Phytoestrogens are thought to function both as weak estrogens and as anti-
estrogens. This hormonal duality is part of the reason these compounds seem
to exert such a range of health effects. For example, the estrogenic effects of
phytoestrogens could potentially reduce the risk of cardiovascular disease and
osteoporosis, while their anti-estrogenic effects have been linked to protection
from breast cancer. It may seem paradoxical that phytoestrogens can act as
both an estrogen and an anti-estrogen, but this phenomenon is also demon-
strated by drugs such as tamoxifen, which have estrogenic effects on the heart
and bones, but anti-estrogenic effects on breast tissues [9]. The chemical struc-
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ture of phytoestrogens is strikingly similar to that of endogenous estrogens
(Fig. 1). This structural similarity allows phytoestrogens to bind to the ER. The
most potent of the endogenous estrogens, 17b-estradiol (E2), is usually the
measure against which estrogenic activity is compared. Even the most potent
of the plant estrogens have only about 0.001 the potency of E2 [10]. Although
relatively weak, phytoestrogens can potentially exert biological effects when
consumed in large amounts [11]. The serum levels of these dietary estrogens
in populations who consume phytoestrogen-rich foods can be as much as
10,000 times higher than serum levels of E2 [12]. Several lines of evidence (in-
cluding human, animal and in vitro research) are beginning to accrue which
suggests that phytoestrogens may begin to offer protection against a wide
range of human conditions, including breast, prostate, and colon cancers, car-
diovascular diseases, osteoporosis and menopausal symptoms. Epidemio-
logical studies suggest that populations that consume a diet high in phyto-
estrogens have a lower risk of these diseases [13]. These dietary estrogens are
of great interest because they could explain why diets containing large
amounts of plant foods are associated with lower mortality and morbidity in
adult life.Vegetarians, for example, have strikingly lower overall mortality rates
than omnivores [14]. This chapter reviews the current literature regarding
both the beneficial and adverse endocrinological effects of dietary estrogen
consumption in humans in relation to breast, prostate and colon cancer, en-
dogenous hormones, menopausal symptoms, the menstrual cycle, coronary
heart disease, osteoporosis and infant soy formulas.

2
Metabolism of Dietary Estrogens

The major isoflavones, genistein and daidzein, commonly exist as inactive gly-
cosides [11]. They are derived from precursors, biochanin A and formononetin,
which are converted to genistein and daidzein, respectively, after breakdown by
intestinal glucosidases [15]. Daidzein is further metabolized to the mammalian
isoflavone metabolites, equol and O-demethylangiolensin (O-Dma) (Fig. 1) [15,
16]. Absorbed phytoestrogen metabolites undergo enterohepatic circulation
and may be excreted in the bile as the 7-O-b-glucuronide conjugate [17–19], de-
conjugated by intestinal flora, reabsorbed, reconjugated by the liver and ex-
creted in the urine [15, 20–22]. Not all humans produce equol from daidzein,
presumably due to differences in colonic bacterial populations among individ-
uals. Since the conversion of daidzein to equol occurs by the action of gut mi-
croflora, it has been proposed that the type of bacteria found in the colon of
equol excreters is different from those of non-excreters. Moreover, it has been
reported that an individual is consistently either an equol excreter or non-ex-
creter, suggesting that the individual variability may be intrinsic or perhaps
even genetically determined [23]. In a large study conducted by Lampe et al.
[24], 30 men and 30 women consumed a soy protein beverage containing 22 mg
genistein and 8 mg daidzein for 4 days as a supplement to their habitual diets.
Approximately one-third of the participants excreted equol after 3 days of con-
suming the soy supplement. There appears to be no difference in equol excre-
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Fig. 1. A comparison of the chemical structures of 1) isoflavones: a) formononetin, b) daid-
zein, c) equol*, d) biochanin A, e) genistein; 2) lignans: a) secoisolariciresinol, b) enterodiol*,
c) matairesinol, d) enterolactone*; 3) coumestan: coumestrol; 4) endogenous estrogen: 17b-
estradiol; 5) synthetic molecules: a) synthetic estrogen diethylstilbestrol, b) synthetic anti-es-
trogen tamoxifen, c) synthetic analogue ipriflavone. (*Mammalian phytoestrogens found in
tissues and biological fluids which were derived from plant phytoestrogen precursors)
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tion prevalence between men (43%) and women (27%). Daily excretion of
daidzein, genistein and O-Dma was similar between equol excreters and non-
excreters and between men and women [24].

The factors that contribute to the use of a particular isoflavone metaboliz-
ing pathway (e.g., the capacity to produce equol) are unknown, but several ex-
planations have been proposed. Setchell et al. [25] hypothesized that the com-
position of the intestinal microflora, intestinal transit time and variability in
the redox potential of the colon might contribute to variation in equol pro-
duction in humans. The intestinal bacteria vary widely between individuals,
and only selected strains are capable of hydrolyzing plant b-glucosides [26]. In
addition, the relative stability of the composition of human intestinal mi-
crofloral population may account for the consistent patterns of isoflavone ex-
cretion. However, external and internal conditions influence microbial popula-
tions and their activities and contribute to interindividual differences in bac-
terial populations. Dietary intake is one of these factors which can mediate its
influence directly through a change in substrate availability or indirectly
through its effect on host metabolic functions [27]. Adlercreutz et al. [28] re-
ported that equol excretion was positively associated with intake of fat and
meat in a Japanese population and suggested that individuals consuming more
fat and meat have an intestinal microfloral population capable of producing
equol from daidzein. Kelly et al. [23] had observed that the patterns of iso-
flavone excretion remain consistent over several years and postulated that
some inherent factor probably plays a more significant role than diet in deter-
mining isoflavone metabolism. Concentrations of the different phytoestrogen
metabolites vary widely between individuals even when a controlled quantity
of an isoflavone or lignan supplement is administered. Since dietary phyto-
estrogen metabolism is predominantly determined by gastrointestinal flora, a
variety of factors can modify metabolism such as antibiotic use, bowel disease,
and gender [25, 29–31].

Phytoestrogens can be measured in urine, plasma, feces, prostatic fluid, se-
men, bile, saliva, and breast milk [18, 32–38]. Both unconjugated (free) and con-
jugated forms of isoflavones circulate in the human body. Many investigators
have measured dietary estrogens in body fluids in correlation with dietary in-
take of phytoestrogens. For example, urinary and blood levels of isoflavones
have been correlated with an increase with supplements of soybean. Blood lev-
els of isoflavones increase within 30 min of consumption of a soybean supple-
ment, and begin to decline after 5 h ingestion, although elevated levels remain
at 24 h [36]. However, only 7–30% of the ingested amount may be recovered in
the urine [22, 23, 39]. Postmenopausal Australian women consuming a tradi-
tional diet supplemented with soy flour or clover sprouts had the respective
concentrations of equol, daidzein and genistein reach 43, 312, and 148 ng·ml–1,
respectively [40]. However, not all subjects were able to produce equol from
daidzein. In a study conducted by Seow et al. [41], the distributions of dietary
soy isoflavonoids (daidzein, genistein, and glycitein), urinary soy isoflavonoids
and their metabolites (daidzein, genistein, glycitein, equol and O-Dma) among
147 Singapore Chinese of age 45–74 years were assessed.Among study subjects,
there were statistically significant, dose-dependent associations between fre-
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quency of overall soy intake and levels of urinary daidzein and the sum of uri-
nary daidzein, genistein and glycitein. In contrast, there were no associations
between frequency of overall soy intake and levels of the two daidzein metabo-
lites equol and O-Dma in urine. This study suggests that within the range of ex-
posures experienced by Singapore Chinese, the urinary levels of daidzein or the
sum of daidzein, genistein and glycitein obtained from a spot sample can serve
as a biomarker of current soy consumption in epidemiological studies of diet-
disease associations. Several studies have shown that Japanese men and women
who consume a traditional diet have high levels of isoflavonoids in both urine
and plasma [42]. Japanese women were found to excrete 10 times more daidzein
and 20–30 times more equol and O-Dma than women in Boston and Helsinki
[32]. In Western populations, urinary excretion of isoflavonoids appears high-
est among macrobiotic women, who consume mainly cereals, grains, legumes,
and vegetables, followed by vegetarians, who in turn have higher levels than
omnivores [32, 43]. Using a 3-day food diary, Adlercreutz et al. [28] demon-
strated a significant correlation between urinary excretion of daidzein, equol
and O-Dma with intakes of beans and pulses, soy products, and boiled soybeans
in 19 Japanese men and women. Subjects were fed a soy beverage for a period
of 2 weeks (~42 mg of genistein and ~27 mg of daidzein per day) and the mea-
sured plasma levels of genistein and daidzein ranged from 0.55–0.86 µM,
mostly as glucuronide and sulfate conjugates. Horn-Ross et al. [44] examined
the racial/ethnic differences in urinary phytoestrogen levels in 50 Japanese,
Caucasian, African American and Latina young women (ages 20–40 years) re-
siding in the San Francisco Bay Area (SFBA). There was substantial variation in
phytoestrogen levels along with racial/ethnic differences. The highest levels of
coumestrol and lignans were observed in white women and the lowest levels in
Latina and African American women. Genistein levels, however, were highest in
Latina women. Other isoflavones levels did not differ significantly by race/eth-
nicity. Latina SFBA women, who were observed to have the highest urinary ex-
cretion of genistein and daidzein, reported consuming more beans and chili
with beans. Although different varieties of beans contain different amounts and
types of phytoestrogens [45], the urinary excretion of genistein and daidzein
among these women is similar to that among persons consuming an experi-
mental diet including garbanzo beans [46], which contains biochanin A, a pre-
cursor of genistein.

The lignans enterolactone and enterodiol form another class of phenolic
compounds. Enterodiol and enterolactone are derived from the colonic micro-
bial fermentation of seco isolariciresinol and matairesinol, respectively (Fig. 1)
[15, 47]. These lignan precursors occur in the aleuronic layer of the grain close
to the fiber layer. Seco isolariciresinol and matairesinol have glucose residues
attached to the hydroxy (OH) groups. During fermentation, the colonic bacter-
ial flora remove both glucose and methoxy groups to form the diphenols, en-
terodiol and enterolactone, which are structurally similar to E2 (Fig. 1). After
absorption, these mammalian lignans also are excreted in urine. Urinary levels
of lignans increase substantially when supplements of linseed are fed to human
subjects [48, 49]. There is also a moderate increase in urinary excretion follow-
ing vegetable supplementation [46]. Macrobiotic and other vegetarians, such as
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Seventh Day Adventists, have the highest excretion values of lignans [29].
Postmenopausal Australian women consuming a traditional diet supplemented
with linseed had combined levels of enterolactone and enterodiol which
reached 500 ng·ml–1 [40].

3
Sources and Typical Intake Levels of Dietary Estrogens

Phytoestrogens are present naturally in many foods of plant origin (e.g., rice,
rye, bran, pomegranates, apples, wheat, garlic, oats, coffee, fennel, licorice, bar-
ley, parsley, cherries, yeast, potatoes, soybeans, and soy-based products, includ-
ing animal feeds). They have also been identified in alcoholic beverages.
Phytoestrogens have been isolated from beer made from hops and bourbon
made from corn [10, 50–55]. The type of isoflavone differs according to how the
soybean is treated and its origin. Japanese soybean varieties contain different
proportions of isoflavones to those grown in the United States (US), and fer-
mented products, such as miso, contain more unconjugated isoflavones rather
than daidzin and genistin [56]. Variation in phytoestrogen content can also oc-
cur because of genetic differences in plants such as soy varieties, location, sea-
son, infection with fungal diseases, and processing [57]. The main isoflavones of
interest from a dietary perspective are genistein, daidzein, and glycitein (in mi-
nor amounts). Soy is essentially the only significant source of the isoflavones in
foods with concentrations up to 1–3 mg·g–1 of daidzein, genistein, and glyci-
tein [56–61]. Low levels of some isoflavones are also found in other legumes,
such as lentils and beans (e.g., mung, haricot, broad, kidney, lima) and in prod-
ucts that contain most or all of the soybean (e.g., soy meal and flour, tofu and
soy milk) [62]. Soy sauce, however, contains few isoflavones.

Lignans are obtained from high-fiber foods. Lignans are more widespread in
plants where they form the building blocks of lignin in plant cell walls. Flaxseed
(also known as linseed) is the richest source of lignan precursor compounds,
but other good sources include other seeds (e.g., sesame and sunflower seeds),
whole grain cereals, bran of rye, barley, wheat, fruits and vegetables that have a
tendency to become woody or fibrous (e.g., carrots, broccoli, asparagus, and
squash) [10, 15, 63].

Legumes are the only known dietary sources of coumestans. Soy sprout is a
potent source of coumestrol, the major coumestan [10]. Coumestrol is also
found in other sprouted legumes such as alfalfa and clover sprouts.

Americans are exposed to very little isoflavones in their diet, usually no more
than 1–3 mg per day [64]. In some countries, women consume on the average
20–50 times more soy products per capita than Americans [64]. Soy contains
significant amounts (1–3 mg·g–1) of the isoflavone phytoestrogens genistein
and daidzein [65]. Messina has estimated intakes of isoflavones to be approxi-
mately 30 mg per day in the Japanese population [64]. Asian populations, such
as those in Japan, Taiwan, Indonesia and Korea, are estimated to consume 20–
150 mg per day of isoflavones with a mean of about 40 mg from tofu and miso
[29]. The median daily intake of soy protein among Chinese male and female
subjects from Singapore were 2.0 and 2.1 g, respectively [41]. In Shanghai and
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Tianjin, China, median intake levels among control subjects in two case-control
studies of breast cancer were 3.5 and 2.8 g, respectively [66]. In an earlier case-
control study of breast cancer in Singapore, a median daily level of 2.5 g was re-
ported among control subjects [67].

4
Biological Potencies of Dietary Estrogens

Phytoestrogen are of biological interest because they exhibit both in vivo and in
vitro weak estrogenic and anti-estrogenic actions through their binding to ERs
[68]. The dual action of phytoestrogens as agonists and antagonists has resulted
in a general confusion in the literature regarding the role these compounds may
play in disease progression and/or protection. In common with many other
weak estrogens, isoflavones have been shown to be anti-estrogens in model sys-
tems, competing for E2 at the receptor complex, yet failing to stimulate a full es-
trogenic response after binding to the nucleus [69]. This raises the possibility
that they may be protective in hormone-related diseases, such as breast cancer
[25]. In vitro studies have established that phytoestrogens are weakly estro-
genic, since they have the ability to bind to mammalian ERs to a low degree. The
relative potencies, determined by human cell culture bioassays (compared with
E2, to which an arbitrary value of 100 was given) are: coumestrol 0.202, genis-
tein 0.084, equol 0.061, daidzein 0.013 and formononetin 0.0006 [70]. The bio-
logical potency of these compounds, in animal and in vitro models, varies con-
siderably and may depend on many factors including target tissue, functional
state of the target tissue, species, age of the subject, route of delivery, dose,
length of exposure, and metabolism. Furthermore, it is important to note that
these wide ranges are derived from studies of cell-culture systems or animal
models, rather than from direct effects in humans.

The human, rat and mouse ER exists as two subtypes, ERa and ERb, which
differ in the C-terminal ligand-binding domain and in the N-terminal transac-
tivation domain. Kuiper et al. [71] investigated the estrogenic activity of phy-
toestrogens in competition binding assays with ERa or ERb protein and in a
transient gene expression assay. In most instances, the relative binding affinities
(RBA) of phytoestrogens are at least 1000-fold lower than that of E2. Some phy-
toestrogens, such as coumestrol and genistein, compete more strongly with E2
for binding to ERb than to ERa. Phytoestrogens can stimulate the transcrip-
tional activity of both ER subtypes at concentrations of 1–10 nM. The ranking
of the estrogenic potency of phytoestrogens for both ER subtypes in the trans-
activation assay is different; that is E2 >coumestrol>genistein>daidzein>bio-
chanin A>formononetin=ipriflavone for ERa and E2 >genistein=coumestrol
> daidzein > biochanin A > formononetin = ipriflavone for ERb. The binding
affinity of coumestrol to ERb is 7-fold higher in comparison to ERa, whereas
genistein has a 20- to 30-fold higher binding affinity for ERb. The exact position
and number of the hydroxy substituents on the isoflavone molecule seems to
determine the ER binding affinity. For example, the isoflavone genistein has a
particular high binding affinity for ERb, but elimination of one hydroxy group
(e.g., daidzein, biochanin A) or two hydroxy groups (e.g., formononetin) causes
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a great loss in binding affinity (Fig. 1). Anti-estrogenic activity of the phyto-
estrogens could not be detected in this particular study. However, the estrogenic
potency of phytoestrogens in this study is significant, especially for ERb, and
they may trigger many of the biological responses that are evoked by the phys-
iological estrogens. Interestingly, ERb shows a different anatomical distribution
from ERa, being expressed more prominently in tissues such as the brain,
ovary, uterus, prostate, lung and urinary tract [72]. ERb is also expressed in
breast cells, although apparently weakly [73].

In vitro research has played an important role in determining the biological
potencies of dietary estrogens. In cultured cells, both proliferative and anti-pro-
liferative effects have been ascribed to genistein [74–77]. Wang et al. [68] ob-
served that genistein stimulated estrogen-responsive pS2 mRNA expression,
and this effect could be inhibited by tamoxifen. Thus, the estrogenic effect of
genistein would appear to be a result of an interaction with the ER. At lower
concentrations (10–8 to 10–6 M), genistein stimulated growth of ER-positive
cells, but at higher concentrations (>10–5 M), genistein inhibited growth.
Genistein failed to stimulate the proliferation of ER-negative cells at low con-
centrations. The biphasic effects of genistein on growth at lower concentrations
appeared to be via the ER pathway, while the effects at higher concentrations
were independent of the ER. These effects might appear to be involved in the
mechanism by which genistein contributes to the decreased risk in hormone-
dependent cancers associated with ingestion of soy products. However, this may
be unlikely since the human circulating level of genistein does not exceed
2.5¥10–5 M [78]. Even with increased intake of soy products, circulating levels
of genistein normally do not exceed 10–6 M. It is more likely that the effects of
dietary genistein on tumorigenesis are mediated through the ER, for which it
has a relatively high affinity. Taken together, the results support the idea that
genistein, at physiologically achievable concentrations, may interfere with the
action of estrogen through direct competition for binding to ER and by reduc-
ing ER expression. These effects could be considered anti-estrogenic, consistent
with the proposed cancer-preventive effects of soy diet. In addition, prolonged
experimental exposure to phytoestrogens may result in the reduction of ER ex-
pression and hence lead to decreased responsiveness to endogenous estrogens
since prolonged exposure to genistein resulted in a decrease in ER mRNA level,
as well as a decrease in response to stimulation by E2 [68].

Although there have been many interesting studies on the effects of
isoflavones on biochemical targets in tissue culture experiments, the concen-
trations used by investigators have exceeded 10 µM in most cases. Based on
simple pharmacokinetic calculations involving daily intakes of isoflavones, ab-
sorption from the gut, distribution to peripheral tissues, and excretion, it is un-
likely that blood isoflavone concentrations, even in high soy consumers, could
be greater than 1–5 µM [17]. Although the plasma genistein levels achievable
with soy food feedings are unlikely to be sufficient to inhibit the growth of ma-
ture, established breast cancer cells by chemotherapeutic-like mechanisms,
these levels are sufficient to regulate the proliferation of epithelial cells in the
breast and thereby may cause a chemopreventive effect. For breast cancer and
prostate cancer, delivery of genistein via the blood supply is the only route

78 D.M. Tham



available physiologically. The effective concentration of genistein in blood will
therefore depend on plasma protein binding. Physiological steroids are 98%
bound to plasma proteins, thereby leaving less than 2% available for uptake
into tissues.

There are several other anti-cancer effects of isoflavones which do not in-
volve ER mechanisms. Genistein is known to inhibit protein tyrosine kinases
(PTKs), which are responsible for phosphorylating proteins required for the
regulation of cell function, including cell division [75]. These enzymes appear
to be necessary for epidermal growth factor function and the action of other
growth factors, which indicate the anti-proliferative potential of this iso-
flavonoid. Since many of the protein products of human oncogenes were found
to take part in growth factor signaling through PTKs, a rationale was developed
for the role of genistein in cancer prevention [79]. Genistein can inhibit cell cy-
cle progression in tumor cells independent of action at the ER [80–82].
Genistein has also been shown to inhibit the DNA repair enzyme topoisomerase
[83], and to act as an antioxidant, thus potentially preventing apoptosis, or pro-
grammed cell death, a protective mechanism induced in cells that have been
damaged in order to prevent the proliferation of harmful mutations and possi-
ble cancer [84]. Alternative mechanisms of action of genistein have also been
postulated. They include the effects of reactive oxygen species [85], and the ex-
pression of DNA transcription factors c-fos and c-jun [86]. Recently, genistein’s
regulation of the level of transforming growth factor b (TGFb), an inhibitor of
the G1/S phase of cell cycle control, has been identified [87]. It has also been
shown to inhibit ras gene expression in a rat pheochromocytoma cell line [88].
In addition, genistein has been shown to inhibit angiogenesis, the formation of
new blood vessels, which is an abnormal event that occurs as a part of the
growth and expansion of malignant tumors [76]. It has been pointed out that
many of these effects have also been shown with very high concentrations, and
not in cells treated with the levels likely to be achieved in plasma of human sub-
jects eating foods containing phytoestrogens [17]. For example, 100 µM con-
centrations were needed for a significant suppression of angiogenesis, although
proliferation was inhibited at 5 µM levels [76]. This compares with plasma lev-
els of about 0.4 µM in Japanese men and women fed on dietary supplements of
isoflavones [40, 78, 89] and peak levels of about 4 µM in women receiving
126 mg isoflavones as soy milk, rising to 12 µM when receiving 480 mg
isoflavones per day [22, 90].

5
Potential Health Benefits of Dietary Estrogens

Both clinical and epidemiological data suggest that dietary estrogens may have
a beneficial effect on the human endocrine system. Breast cancer, prostate can-
cer, colon cancer, menopausal symptoms, heart disease, and osteoporosis share
a common epidemiology in that they are rare in Far Eastern populations eating
traditional diets containing soybean products compared with Western popula-
tions. However, with Westernization and loss of traditional eating patterns, the
pattern of disease incidence is also changing in these countries. Cross-sectional
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studies have shown higher phytoestrogen levels in the urine and plasma of pop-
ulations at lower risk of these diseases [28, 91]. This section will focus on the
beneficial role which phytoestrogens may play in breast cancer, prostate cancer,
colon cancer, endogenous hormones, the menstrual cycle, menopausal symp-
toms, cardiovascular disease, and osteoporosis.

5.1
Breast Cancer

Breast cancer is the most common cancer of women living in Western popula-
tions [92]. The incidence of disease and death from breast cancers in the US
and Western Europe substantially exceeds rates observed in most of Southeast
Asia [93–95]. Incidence and mortality rates of breast cancer in Chinese and
Japanese women in Asia are reported to be significantly lower than those of
Chinese and Japanese women living in the US. The age-adjusted death rates
from breast cancer are 2- to 8-fold lower in Asian countries than in the US and
Western Europe [96]. This difference in breast cancer incidence has been cor-
related with differences in dietary patterns [93]. A large body of literature, in-
cluding epidemiological, human, animal, and in vitro data, supports a benefi-
cial role for dietary estrogens, particularly as a protective agent against breast
cancer. Migration studies have indicated that the differences in these rates are
dissipated after one generation following emigration from Southeastern Asia
to the US [97]. Breast cancer rates of North American-born Japanese and
“early” Japanese immigrants are almost identical to those of Caucasian North
Americans, whereas “late” immigrants have an incidence rate intermediate be-
tween the former groups and that of Japanese residing in Japan [97]. Such find-
ings support the role for environmental conditions in the etiology of breast
cancer. Hirayama [98] reported a significant graded inverse association in
Japanese women between risk of breast cancer and consumption of miso (soy-
bean paste soup). A diet high in soy products conferred a low risk of breast
cancer in premenopausal women in Singapore [67]. Wu et al. [99] have report
that the risk of breast cancer was lowered in association with the number of
servings of tofu consumed per week. A review of existing epidemiological data
on the role of soy in the risk of cancer revealed some evidence of a preventive
effect [64].

Genistein has been the phytoestrogen of great interest in the reduction of
breast cancer risk because it has been shown to exert both proliferative (estro-
genic) and anti-proliferative (anti-estrogenic) effects in human cell lines [68,
100]. In the human ER-positive MCF-7 breast cancer cell line, these effects are
biphasic and concentration-dependent with stimulation of cell growth occur-
ring at low concentration of genistein (10–5 to 10–8 M) and dose-dependent
inhibition at higher concentrations (10–4 to 10–5 M) [68, 75, 84, 100–108].
Sathyamoorthy et al. [100] have demonstrated a similar stimulatory effect with
daidzein, equol and enterolactone at 10–6 M concentrations. The anti-prolifera-
tive effects of genistein described above occurred in both ER-positive and ER-
negative cell lines and thus appear not to be mediated by the ER activity alone
[68]. Extrapolation of cell culture studies to humans is questionable, especially
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in terms of tumor growth inhibition. A high soy diet results in an approximate
plasma level of 1–5 µM of genistein [40, 109], whereas the studies describing an
anti-proliferative effect indicate a minimum cell culture concentration of 10–
100 µM of genistein [64, 70]. Dees et al. [110] demonstrated that dietary estro-
gens at low concentrations do not act as anti-estrogens, but stimulate human
breast cancer cells to enter the cell cycle. This paradoxical role of the growth-
promoting effects of genistein on ER-positive breast cancer cells in vitro and the
apparent preventive and tumor growth-inhibitory actions of genistein in vivo
maybe most plausibly explained by genistein’s ability to mediates its action via
ER as an estrogen agonist while also cross-talking with other ER-independent
cellular mechanisms at higher concentration to inhibit cell proliferation in-
duced by genistein through ER pathways. Collectively, these data support the
hypothesis that the actions of genistein on ER and on inhibition of cell prolif-
eration are a result of distinctly different cellular mechanisms.

Isoflavones have been shown to exhibit anti-carcinogenic activity in vivo.
Laboratory animals fed soy-fortified diets have demonstrated protective effects
as measured by a decrease in breast tumor proliferation, tumor number, inci-
dence, metastases and an increase in latency, after stimulation with direct-act-
ing, e.g., N-methyl-N-nitrosourea (NMU) and indirect-acting, e.g., dimethyl-
benz[a]anthracene (DMBA) tumor-inducing agents [111–113]. In addition,
pre-pubertal genistein-treated rats developed fewer mammary gland terminal
end buds, with significantly fewer cells in the S-phase of the cell cycle, and more
lobules than controls at 50 days of age [114]. Interestingly, emerging evidence
from animal studies suggests that short-term exposure to dietary isoflavones
neonatally or pre-pubertally decreases carcinogen-induced differentiated cells
in the mammary gland [114]. These studies support a concept derived from
other epidemiological investigations that the protective effect of the Asian diet
occurs early in life [115]. Perhaps the early administration of genistein resulted
in a more mature gland with less-susceptible structures to later initiation by the
chemical carcinogen [111, 112]. This may explain why the epidemiological stud-
ies, which in essence focus on the adult consumption of soy, are relatively unim-
pressive. Recently, Yan et al. [116] investigated the effect of dietary supplemen-
tation of flaxseed, the richest source of lignans, on experimental metastasis of
murine melanoma cells in C57BL/6 mice. The median number of tumors in
mice fed the flaxseed-supplemented diets were not only lower than that of the
controls, but the addition of flaxseed to the diet also caused a dose-dependent
decrease in the tumor cross-sectional area and the tumor volume. These results
provide experimental evidence that flaxseed reduces metastasis and inhibits the
growth of the metastatic secondary tumors in animals. Dietary supplementa-
tion of soybeans, a rich source of isoflavone phytoestrogens, was also able to re-
duce experimental metastasis of melanoma cells in mice [117]. From these re-
sults, it has been suggested that flaxseed and soybeans may be a useful nutri-
tional adjuvant to prevent metastasis in cancer patients.

Human data regarding phytoestrogens and breast cancer are limited. Two
early prospective investigations on breast cancer were the studies in Hawaii by
Nomura et al. [118] and by Hirayama in Japan [98]. Both studies found that the
fermented soybean paste, miso, appeared to have a protective effect against
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breast cancer in premenopausal women. Using a case-control study design, Lee
et al. [67] reported a significantly lower risk of breast cancer in premenopausal
Chinese women in Singapore who consumed soy. Many studies thus far have at-
tempted to correlate an increase in consumption of dietary estrogens with a de-
crease in breast cancer risk by measuring urinary excretion of phytoestrogens.
Maskarinec et al. [119] conducted a cross-sectional study to investigate the as-
sociations between urinary isoflavone excretion and self-reported soy intake of
102 women of Caucasian, Native Hawaiian, Chinese, Japanese and Filipino an-
cestry. Japanese women excreted more daidzein, genistein, and glycitein than
did Caucasian women, whereas Caucasian women excreted slightly more
coumestrol than any other group. Equol was excreted at the highest rate by
Chinese women, whereas all other women excreted equol at a very low rate.
These results demonstrate differential intestinal absorption by ethnic groups.
Dietary soy protein and isoflavone intakes during the previous 24 h were posi-
tively related to urinary isoflavone excretion. The strong correlation between
urinary isoflavone excretion and self-reported soy intake validates the dietary
history questionnaire which can now be used in studies exploring dietary risk
factors for breast cancer. A study from California [44] has also reported urinary
isoflavone excretion by ethnic group. In this study, no statistically significant
difference among various ethnic groups for isoflavone excretion was found, but
the small group of Japanese women (n=5) excreted slightly more isoflavones
than did other ethnic groups. Their results also showed that Japanese women
excreted very low levels of coumestrol compared with Caucasian women.
Ingram et al. [120] conducted a case-control study to assess the association be-
tween phytoestrogen intake (as measured by urinary excretion) and the risk of
breast cancer. Women with newly diagnosed early breast cancer and controls
had their urine analyzed for the isoflavone phytoestrogens daidzein, genistein
and equol, and for the lignans enterodiol, enterolactone and matairesinol. After
adjustment for age at menarche, parity, alcohol intake, and total fat intake, high
excretion of both equol and enterolactone was associated with a substantial re-
duction in breast cancer risk.

Currently, there are no reported toxic effects in humans from eating soy pro-
tein. Asian women, who for centuries have consumed soy as a staple of the diet,
have not experienced any evident adverse effects on their hormonal and repro-
ductive systems. It remains to be determined if dietary estrogens are beneficial
or, as suggested by some in vitro studies, constitute an additional carcinogenic
risk factor for tissues where proliferation is controlled by estrogens. If the
amount of estrogens that can be derived from the dietary sources does not con-
tribute a level high enough to suppress ER-positive cell growth, dietary estro-
gens may increase the risk of breast cancer. The molecular effects of dietary-de-
rived estrogen on the ER-positive breast cancer cells appear to be complex. The
effects of dietary estrogens may be concentration-dependent and may interact
with synthetic and natural estrogens. It may be premature at this time to sug-
gest dietary changes that significantly alter the amount of dietary-derived es-
trogens until additional research can fully elucidate the effects they have on the
reproductive tissues in terms of dose, tissue-specific effects, and potential in-
teraction with other estrogenic compounds.
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5.2
Prostate Cancer

Prostate cancer is the most common hormone-related cancer in men and the
incidence in the United Kingdom (UK) has been rising rapidly by about 3–4%
per year [92]. High-fat and high-meat diets are currently linked to increased
risk of the disease, and like breast cancer, it is comparatively rare in Far Eastern
populations consuming soybean. The incidence of and mortality from prostate
cancer is very much lower in Asian men in comparison to men from the West
[121]. In addition, men who adopt a vegetarian diet are also at lower risk from
prostate cancer [122]. The diets of Asian and vegetarian men are not only much
lower in fat than the traditional diet of omnivorous Western man, but they are
also a rich source of weak dietary estrogens [13]. It has been estimated that the
traditionally-eating Chinese man consumes, on average, 35 times more soy than
the North American man [56]. Lifetime exposure to the isoflavonoids in soy
may play a significant role in the low incidence of prostate cancer in Asian men.
Mills et al. [122] reported that increased consumption of beans, lentils and peas,
tomatoes, and dried fruits was associated with significantly decreased prostate
cancer risk in 14,000 Seventh Day Adventist men. Hirayama [98] reported that
the protective effects from prostate cancer were correlated with the consump-
tion of green leafy vegetables. A prospective study of men of Japanese ancestry
living in Hawaii has demonstrated a decreased prostate cancer risk in those
who consume rice and tofu [123], and a study of Japanese immigrants to North
America reported an increase in the incidence rate of prostate cancer with
younger age at immigration, supporting the hypothesis that environmental
changes, including diet, can impact on cancer risk even in later life. In men, phy-
toestrogen levels have been evaluated in plasma, prostatic fluid and semen.
Morton et al. [36] measured isoflavonoid and lignan levels in the prostatic fluid
of men from the UK, Portugal, Hong Kong and China. The mean levels of the
isoflavone equol observed in the prostatic fluid from men in Hong Kong
(29.2 ng·ml–1) and China (8.5 ng·ml–1) was 17 times higher than those from
Britain and 5 times higher than those from Portugal. Similarly, the prostatic
fluid of men from Hong Kong and China also had the highest mean concentra-
tions of the soy-derived isoflavone, daidzein at 70 and 24.2 ng·ml–1, respec-
tively, which was 15 times greater than those from Europe. The highest mean
concentration of the lignans, enterodiol (13.5 ng·ml–1) and enterolactone
(162 ng·ml–1) were found in the prostate fluid of men from Portugal. The
plasma levels of free non-conjugated enterolactone have been reported to range
from 3.1 to 6.3 ng·ml–1 where total levels were much higher, between 11 and
38 ng·ml–1 [33]. In human semen, the values were approximately 5-fold greater
[33].Adlercreutz et al. [78] has reported plasma concentrations of isoflavones in
Japanese males to be 7–110 times higher than in Finnish males. Urinary excre-
tion of genistein is 40 times higher in the Japanese than in Caucasian popula-
tions [28]. The higher levels of isoflavones in Japanese men relative to American
and European men have been correlated to Japan’s low mortality rate for
prostate cancer [78]. These epidemiological data provide evidence of an inverse
relationship between soy ingestion and the development of clinically significant
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prostate cancer [123], suggesting that phytoestrogens may play a protective role
against the development of prostate cancer [42].

The physiological significance of the inhibitory effects of genistein on
prostate cancer has been evaluated in animal and in vitro experiments. In hu-
man prostate cancer cell lines, high concentrations of genistein and biochanin A
inhibit the growth of androgen-dependent and -independent cells. However,
fairly high concentrations of genistein were required to achieve this effect [124].
These are much higher doses than can be achieved with the human diet. Using
the two soybean isoflavones genistein and daidzein and their glucosides
genistin and daidzin, Onozawa et al. [125] tested for their effects on cell growth
and apoptosis of LNCaP human prostatic cancer cells. Among these isoflavones,
genistein was found to inhibit the growth of LNCaP most effectively with an IC50
value of 40 µM. Inhibition of cell growth by genistein was accompanied by the
suppression of DNA synthesis and the induction of apoptosis. Expression of
prostate specific antigen (PSA) in LNCaP cells was also significantly reduced by
treatment with genistein. These results suggest that genistein might primarily
influence prostate cancer development by reducing tumor growth. In a study
conducted by Dalu et al. [126], genistein fed to rats at 1.0 mg·g–1 was able to
down-regulate EGF and ErbB2/Neu receptors in the rat prostate, with no toxic-
ity to the host. The levels of circulating total genistein (252–2,712 pmol·ml–1) in
these rats are comparable to those in Asians consuming a traditional diet con-
taining soy products with an average of 276 pmol·ml–1; one Japanese subject
had circulating levels of genistein exceeding 2,400 pmol·ml–1 [78]. Genistein’s
inhibition of the EGF signaling pathway suggests that this phytoestrogen may 
be useful in both protecting against and treating prostate cancer.

There are very few studies which have evaluated humans and the effects di-
etary estrogens can have on the progression of prostate cancer. Genistein and
biochanin A were found to inhibit 5a-reductase in the lysate of human genital
skin fibroblast and prostatic tissue [127]. Like isoflavones, lignans also inhibit
5a-reductase [127]. Genistein and other isoflavonoids were found to inhibit the
activity of 3- and 17b-hydroxysteroid dehydrogenase [128]. Thus far, there has
been one unique case of prostate cancer regression in a 66-year-old patient di-
agnosed with high-grade adenocarcinoma of the prostate gland. The subject
took phytoestrogens in a pill form (160 mg per day) for 1 week before under-
going radical prostatectomy. Stephans [129] reported an increase in apoptosis
or cell death, in the resected prostate gland. The potential benefits of soy con-
stituents, phytoestrogens, has been speculated in the treatment of prostate can-
cer. Some investigators have moved beyond simple speculation and have begun
clinical trials addressing the role of phytoestrogens in patients with prostate
cancer. Rosenthal et al. [130] have commenced a large clinical study examining
the effects of soy ingestion in men with rising serum PSA levels after radical
prostatectomy and in men at high risk of recurrent disease after radical prosta-
tectomy. Eventually, Rosenthal’s group would like to undertake a true chemo-
prevention study of soy protein in patients at high risk for developing clinically
significant prostate cancer. Clinical trials of soybean in men with abnormal PSA
are also reported to be in progress [131]. Further human studies are needed to
evaluate the role of phytoestrogens in prostate cancer.
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5.3
Colon Cancer

Cancer is one of the main causes of mortality in the industrialized world, yet the
incidence of colon cancer varies worldwide. Bowel cancer is the second most
common cancer in the UK, after breast cancer in women and lung cancer in
men. Far Eastern populations, such as China and Japan, used to have a much
lower incidence [132]. Up to the 1960s, prostate cancer was rare in Japan and Far
East countries. The apparent protection of an Asian heritage is speculated to
probably be dietary which can be lost upon adoption of a Western style diet
[118, 133]. Soy is a particular component of Far Eastern diets, not present in the
traditional Western diet. There have been several case-control studies examin-
ing a role for soybean in protection against colo-rectal cancer, in China, Japan
and in Japanese migrants to the US [64]. However, there is not a clear relation-
ship because studies have yielded non-significant results.

Many hypotheses have suggested lignans to be the active chemoprotective
agent, but there has been little investigation of lignan intake or excretion in re-
lation to bowel cancer [134, 135]. Many speculations which have suggested lig-
nans’ role in the protection against colon cancer have been extrapolated from
the beneficial effects of a well-balanced diet, which is high in dietary fiber.
Slattery et al. [136] evaluated the diet diversity, diet composition and risk of
colon cancer in an incident population-based study of 1,993 cases and
2,410 controls. Total diet diversity was not associated with colon cancer.
However, eating a diet with greater diversity of meats, poultry, fish and eggs, was
associated with a 50% increase in risk among all men with a slightly stronger
association for younger men and men with distal tumors. A diet with a greater
number of refined grain products was also associated with increased risk
among men. Women who ate a diet with a more diverse pattern of vegetables
were approximately at a 20% lower risk than women who had the least diverse
diet in vegetables. In addition, a high intake of dietary fiber has been thought to
reduce the risk of colorectal cancer and adenoma [137]. However, in a recent
large prospective study with a follow-up extending to 16 years, Fuchs et al. [138]
found no association between the intake of dietary fiber and the risk of col-
orectal cancer.

Colon cancer does not have a strong association with hormone status, but
there are a number of other possible mechanisms whereby lignans or iso-
flavones could be involved in the etiology of bowel cancer. For example, there
may be a role for isoflavones to inhibit endogenous N-nitrosation that occurs
when meat is consumed via suppression of inducible NO synthase [139]. In an-
imals, aberrant crypts are accepted early markers of colon cancer which can be
induced by standard chemical carcinogens. One study has shown that linseed is
able to reduce the numbers of these aberrant crypts formed in such animal
models, and another study has shown that genistein has the same effect [140,
141]. Genistein was found to inhibit azoxymethane (AOM)-induced formation
of aberrant crypts in the colon of male F344 rats [142]. These studies provided a
rationale for the evaluation of genistein in the long-term pre-clinical colonic
tumor assay for a closer assessment of the potential utility of this agent. In
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addition, Sung et al. [143] determined that, at 100 µM concentrations, lignans
significantly reduced the proliferation of colon tumor cells. The growth was not
affected by the presence of E2, implying that these cells are not estrogen-sensi-
tive. Although evidence for the presence of ER in the colon in inconsistent [144],
tamoxifen, a synthetic anti-estrogen, has demonstrated growth inhibitory effects
on colon tumor cells [145]. In contrast, Rao et al. [146] demonstrated that the ad-
ministration of genistein significantly increased non-invasive and total adeno-
carcinoma multiplicity in the colon, compared to the control diet, but had no
effect on the colon adenocarcinoma incidence or on the multiplicity of invasive
adenocarcinoma. The results of this investigation emphasize that the biological
effects of genistein may be organ specific, inhibiting cancer development in
some sites yet showing no effect or enhancing effects on the tumorigenesis at
other sites, such as the colon. The exact mechanism(s) of colon tumor enhance-
ment by genistein remains to be elucidated. The data regarding dietary estro-
gens and colon cancer are still limited and need to be investigated further.

5.4
Endogenous Hormones

Steroidal estrogens which circulate in blood are associated with serum proteins.
E2 is primarily bound with high affinity to glycoproteins, such as a-fetoprotein
in mice and rats or sex hormone-binding globulin (SHBG) in humans, and with
low affinity to serum albumin [147, 148]. Of the total serum E2 in adults, typi-
cally only 1–3% is able to pass into cells and bind to intracellular receptors [148
–151].When the protein-bound and free fractions of E2 are near steady state, the
free fraction is the concentration that determines receptor occupancy and ulti-
mately the level of response. Such carrier proteins have at least two roles in hor-
mone action, i.e., sequestering of the hormone which reduces metabolism by en-
zymes, and modulation of the concentration of hormone that is available to the
target cell [152, 153]. The activity of carrier proteins would be affected by dietary
estrogens which may displace the steroid from its carrier. Of great importance,
although often overlooked, is that dietary estrogens which do not bind to serum
proteins will escape this mechanism to limit cell uptake. A number of phytoe-
strogens, including genistein and coumestrol, bind poorly to SHBG [101]. These
phytoestrogens, that show less binding to serum proteins than E2, may have a
greater proportion of their total concentration in serum available to interact
with intracellular ERs and this would increase their effective estrogenic activity
in serum. Nagel et al. [154] developed the relative binding affinity-serum modi-
fied access (RBA-SMA) assay to compare the competition of unlabeled phytoe-
strogens with [3H]-E2 in the presence and absence of serum to determine the ef-
fect of serum on the access of phytoestrogens to ERs in intact cells. They found
that several phytoestrogens, including coumestrol, equol, genistein, and
daidzein, showed greater access to ERs than E2 in the presence of adult serum,
indicating that the activity of these dietary estrogens could be underestimated in
serum-free or low serum assays. Conversely, the phytoestrogen, biochanin A,
showed decreased access relative to E2, and the activity of these compounds
could be overestimated when the effects of serum are not taken into account.
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It has been suggested that phytoestrogens would exert their effects via the
stimulation of SHBG, reducing the proportion of free estrogens circulating in
plasma. This observation is based on cross-sectional comparisons and some
studies with cell lines [42]. However, cross-sectional comparisons are difficult
because SHBG can be affected by many factors, such as changes in body weight.
In controlled intervention studies, there appears to be no effect of soybean on
SHBG levels in premenopausal women [39, 155, 156]. There is also no effect in
premenopausal women receiving lignans [157]. Hence, existing evidence to date
suggests that a protective effect of phytoestrogens is unlikely to be brought
about by lowering the levels of free estrogens in plasma, since they do not seem
to have a direct effect on serum E2 or SHBG levels. Nagata et al. [12] examined
a cross-sectional relationship of soy product intake to serum concentrations of
E2 and SHBG in 50 healthy premenopausal Japanese women. The intakes of soy
products was inversely correlated with E2 on days 11 and 22 of the cycle after
controlling for age, body mass index, cycle length and intakes of total energy, fat
and crude fiber. No significant correlation was observed between soy product
intake and SHBG. These results suggest that the consumption of soy products
lowers the risk of developing breast cancer by modifying estrogen metabolism.
The results of this cross-sectional study also reflect the association of the hor-
monal status with the usual diet of the subjects over periods longer than that
described in the intervention studies. Shoff et al. [158] conducted a cross-sec-
tional study examining the relations between consumption of phytoestrogen-
containing foods and serum sex hormones and SHBG in a population-based
sample of postmenopausal women. Partial correlations between hormones and
intake of phytoestrogen-containing foods were computed with adjustment for
age, body mass index, years since menopause, and total energy intake. Number
of standard servings per week of whole grain products from the dark bread
group was inversely associated with total testosterone.Although not statistically
significant, other hormones displayed similar inverse associations with dark
bread consistent with a common metabolic pathway.Although the magnitude of
association was small, the data are consistent with the possibility that con-
sumption of some phytoestrogen-containing food may affect levels of testos-
terone in postmenopausal women. The lack of associations between hormones
and other phytoestrogen-containing foods is likely due to infrequent consump-
tion and/or lower levels of phytoestrogens in particular food items. Addi-
tionally, interindividual variability in serum phytoestrogen concentration due
to differences in gut microflora (those responsible for phytoestrogen conver-
sion to estrogen-like compounds) may attenuate associations of dietary intake
and steroid hormone levels. Isoflavones and lignans are thought to interfere
with intestinal microflora in their metabolic pathway [23, 159] which would
have an effect on the reabsorption of E2 and secondarily, their levels in the
blood. Adlercreutz and associates [31] found a significant inverse correlation
between the urine excretion of equol and the plasma percent free E2 in Finnish
women. In addition, the urinary excretion of the lignan metabolite, enterolac-
tone was significantly and inversely correlated with percent free E2. Their find-
ings for equol and enterolactone might reflect the effect of isoflavones and lig-
nans on E2 metabolism. It is more likely that isoflavones and their metabolites
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may alter the intestinal steroid hormone metabolism, which affects E2 concen-
tration since such a mechanism is postulated for the role of fiber intake in the
prevention of breast cancer [160].

5.5
Menstrual Cycle

Soy intake exerts pronounced physiological effects on the menstrual cycle
length (which has been associated with breast cancer risk) and serum concen-
trations of follicle-stimulating hormone (FSH) and luteinizing hormone (LH)
in premenopausal. Cassidy et al. [155] monitored the effect of a diet rich in
isoflavones on the menstrual cycle of premenopausal women. The results from
their study demonstrated that a high intake of soy protein (60 g per day con-
taining 45 mg isoflavones) increased the length of the follicular phase and/or
delayed menstruation by 2–3 days. No effects were shown with supplements
from which isoflavones had been removed. The midcycle surges of LH and FSH
were also significantly suppressed during the soy-diet period. Another study
with a soy drink caused an ‘erratic’ elevation throughout the cycle [156]. Twelve
ounces of soy milk 3 times per day decreases serum E2 and luteal phase serum
progesterone in 22- to 29-year-old females [161]. A cyclic pattern of lignan ex-
cretion has been observed during the menstrual cycle in humans [162]. In an-
other study, flax seed supplementation (10 g per day) increases luteal phase du-
ration, but with no difference in follicular phase length in normally cycling
women [157]. Soya milk supplements induced a 3-day increase in menstrual cy-
cle length [161]. These observations suggest that the agonist-antagonist effect of
the phytoestrogens present in soy may be responsible for these hormonal mod-
ifications of the cycle.An increase in the menstrual cycle length reduces the life-
time exposure to estrogens [163]. This, as well as the concomitant lengthening
of the follicular phase, would be beneficial in lowering breast cancer risk since
the mitotic activity of the breast tissue is reported to be 4-fold higher in the
luteal phase than during the follicular phase. What is of greater interest in the
context of these findings is that two of the women who had the highest urinary
equol excretion showed the largest increase in follicular phase length [39].
These effects of soybean in women are coupled with the fact that breast cancer
rates are low and menstrual cycle lengths longer in Far Eastern populations
where the traditional diet is rich in soybean [164].

5.6
Menopausal Symptoms

One of the most disruptive and classic aspects of the menopause is the hot flash.
In Western societies, it is the most common symptom of the menopause, al-
though the prevalence is much lower in Japan [165, 166]. This and the rarity of
the problem in soybean-consuming populations have prompted investigations
to determine whether phytoestrogens have a similar effect. Hormone replace-
ment therapy (HRT) generally alleviates the hot flashes, as well as the vaginitis
occurring at the menopause due to atrophy. More recently, postmenopausal
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HRT has been seen as a specific treatment for symptoms in the short-term and
preventative therapy in the long-term [167]. Postmenopausal hormone therapy
has both benefits and hazards, including a decreased risk of osteoporosis and
cardiovascular disease and an increased risk of breast and endometrial cancer
[168, 169]. In a prospective study conducted by Grodstein et al. [170], the rela-
tion between postmenopausal hormones and mortality was examined to pro-
vide a balanced assessment of the risks and benefits of hormone use. On aver-
age, mortality among women who use postmenopausal hormones is lower than
among non-users. However, the survival benefit diminishes with longer dura-
tion of use and is lower for women at low risk for coronary disease. In a sys-
tematic review of scientific and lay literature, the strongest controlled study
data of alternative treatment for menopausal symptoms supports phytoestro-
gens for their role in diminishing menopausal symptoms related to estrogen de-
ficiency and for possible protective effects on bones and the cardiovascular sys-
tem [171]. Seidl and Stewart [172] conducted a qualitative study of women’s ex-
periences with alternative treatments for symptoms attributed to menopause.
Women perceived alternative treatments to be safe and somewhat effective be-
cause of their “natural” origin. Factors influencing the use of alternative thera-
pies included personal control over health, confidence in advice from non-
physicians, perceived pressure from physicians to use HRT, and physicians dis-
interest and frequently negative attitudes towards alternatives. Despite medical
evidence for HRT, the women interviewed were mostly against HRT, predomi-
nantly for fear of cancer. The scientifically proven benefits of HRT (e.g., short-
term symptom relief, cardiovascular and bone protection) were not seen to out-
weigh the potential risks and side effects of HRT.

Hot flashes are related to the fall in circulating estrogen, rather than absolute
levels, and are associated with surges of gonadotropins from the pituitary, e.g.,
LH. As ovarian activity declines during menopause, serum estrone and E2 fall
and remain low. It has been hypothesized that phytoestrogen consumption, due
to ER binding affinity, may exert an estrogenic effect in the postmenopausal
woman. Japanese women are reported to have a lower frequency of hot flashes
compared with postmenopausal Western women, which has been attributed to
their high phytoestrogen consumption [173]. Two studies have demonstrated
that phytoestrogens, either as soybean or lignans, lower plasma gonadotropins
after the menopause, although FSH rather than LH is lowered [39, 174].
However, two other studies showed no effects [175, 176]. Several studies have ex-
amined the effects of phytoestrogens on menopausal symptoms. One study has
reported an improvement with 45 g raw soybean flour per day, but an impro-
vement occurred also with white wheat flour which contains little phyto-
estrogens [176]. Significant decreases in hot flashes have also been demon-
strated with the consumption of 45 g linseed [177], 80 g soy protein drink [178],
and 80 g of tofu and miso plus 10 g linseed [179]. Several studies have investi-
gated the effects of phytoestrogen supplements on vaginal cytology. One study
reported an increase in vaginal cell proliferation, which is a sensitive and spe-
cific indicator of estrogen response, using a mixture of soybean clover and lin-
seed [174]. Significant effects on vaginal cytology have also been reported in
studies using 45 g of soy grit enriched bread [177] and 80 g of tofu and miso plus
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10 g linseed [179]. In another study, 91 postmenopausal women were studied af-
ter ingesting a diet containing soy-based foods (165 mg isoflavones) or a usual
diet for 4 weeks. Although anticipated, no estrogenic effects were seen in the
liver or pituitary as measured by no change in SHBG or gonadotropin levels. The
overall vaginal maturation index did not differ between the groups, but the per-
centage of vaginal superficial cells increased slightly [175]. No effects were
found, however, in another intervention in which postmenopausal women were
asked to add 45 g raw soybean flour to their diet [176]. There is inconsistency in
the data pertaining to menopausal symptoms and phytoestrogens, and this
variability may be due to differing study designs (particularly with respect to
duration of exposure), phytoestrogen sources, individual variability in response
or non-response, the natural resolution of symptoms over time, and populations
studied [180]. Overall, however, more studies show a beneficial effect of these
compounds than no effect. At present it would appear that an increase in
phytoestrogens in the diet may assist women with mild menopause symptoms
to a small degree, which may be an indication of estrogenic activity with rever-
sal of menopausal atrophy.

5.7
Coronary Heart Disease

Coronary heart disease (CHD) is a multifactorial disease, for which the main es-
tablished risk factors are raised serum cholesterol, raised blood pressure and
smoking. The proportion of both men and women who are hypertensive
steadily increases with age. Compared with men, serum cholesterol levels are
lower in women up to the age of 50 years. After the menopause, levels of serum
cholesterol in women exceed those of men. In women, therefore, the relative im-
portance of CHD as a cause of death steadily increases with age, whereas in
men, its importance declines after 55–64 years of age [181]. CHD accounts for
23% of deaths in women in the UK, and 30% of deaths in men, although rates
have been falling since the late 1970s. Rates are low in Far East countries, such
as Japan, and also declining [181, 182]. Postmenopausal estrogen replacement
has been shown to decrease lipoprotein (a) [Lp(a)] [183, 184]. The synthetic
anti-estrogen, tamoxifen, has also been shown to beneficially alter serum lipid
and Lp(a) concentrations [184, 185]. In addition, there may be similar beneficial
effects of estrogen on low density lipoprotein (LDL) and high density lipopro-
tein (HDL) cholesterol concentrations in men [186–188].

The importance of lowering serum cholesterol in reducing the risk of CHD
and total mortality is now well established. It has been estimated that a 1%
lowering of plasma cholesterol translates on a population basis to a 2–3% re-
duction in risk of CHD [181]. Decreases in serum cholesterol concentrations of
~5.5 mM, even within subjects with average total cholesterol concentrations,
can reduce cardiovascular disease risk [189]. Cholesterol reduction can be
achieved by a reduction in the saturated fatty acid content of the diet and by
drugs. Both estrogens in HRT and the anti-estrogen tamoxifen can lower LDL
cholesterol although the decrease in LDL is complemented by an increase in
HDL levels with HRT [190, 191]. Much of the effect of soybean in lowering
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serum cholesterol has been attributed to the phytoestrogens [192, 193]. There is
evidence to support the hypothesis that phytoestrogen consumption con-
tributes to the lower incidence of cardiovascular disease in Asian countries and
in vegetarians and that phytoestrogens may be cardioprotective [13]. However,
the mechanism is uncertain, since genistein is reported to both up- and down-
regulate LDL receptors, and some of the products used in studies reporting cho-
lesterol-lowering effects contained unexpectedly low levels of isoflavones [194].
In addition, because of its effects on tyrosine kinases, genistein may have a role
in the suppression of the cellular processes which lead to thrombus formation
and eventually, atherosclerosis. In cell lines, genistein has been found to inhibit
the proliferation brought about by platelet-derived growth factor in the artery
wall, and to interfere with release of inflammatory cytokines from macro-
phages. It also inhibits platelet aggregation and acts as a thromboxane receptor
agonist [195, 196]. Some of these effects are brought about at low levels.
Genistein is also able to suppress the release of the endothelial relaxing factor
NO via its effect on inducible NO synthase [174, 197].

Animal studies have demonstrated that the concentration of cholesterol in
blood is lowered by the consumption of soy protein rather than animal protein
[198]. A study of male and female Rhesus monkeys (Macaca mulatta) has
demonstrated that an isoflavone-containing soy protein supplementation re-
sults in a hypocholesterolemic effect when compared with a soy diet depleted of
phytoestrogen [199]. Both male and female animals receiving the soy diet were
observed to have LDL cholesterol and very low density lipoprotein (VLDL) cho-
lesterol values 30–40% lower than controls. HDL cholesterol ratio increased by
50% in female and 20% in male animals. To distinguish the relative contribu-
tions of the protein moiety versus the alcohol-extractable phytoestrogens for
cardiovascular protection, Anthony et al. [200] studied young male cynomolgus
macaques fed a moderately atherogenic diet and randomly assigned to three
groups for 14 months. The groups differed only in the source of dietary protein,
which was either casein/lactalbumin, soy protein with the phytoestrogen intact
(soy+), or soy protein with the phytoestrogens mostly extracted (soy–).
Animals fed soy+ had significantly lower total and LDL plus VLDL cholesterol
concentrations compared with the other two groups. The soy+ animals had the
highest HDL cholesterol concentrations, the casein group had the lowest and
the soy– group was intermediate. Coronary artery atherosclerotic lesions were
smallest in the soy+ group, largest in the casein group and intermediate in the
soy– group. It could not be determined whether the beneficial effects seen in
the soy– group relate to the protein itself or to the remaining traces of phyto-
estrogens. The beneficial effects of soy protein on atherosclerosis appear to be
mediated primarily by the phytoestrogen component. In a study conducted by
Wagner et al. [201], ovarectomized female monkeys fed soy protein compared
with casein consumption resulted in a significant improvement in plasma lipid
and lipoprotein concentration, and a decrease in arterial lipid peroxidation.
This study also demonstrated that E2 reduced the number of CHD risk factors,
and the combination of both soy and E2 resulted in a significant interactive ef-
fect with regard to aortic cholesteryl ester content. Another study examined the
effects of soy phytoestrogens on coronary vascular reactivity in 22 rhesus mon-
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keys with pre-existing diet-induced atherosclerosis. The monkeys were ran-
domized to a soy-enriched or non-enriched diet for 6 months. The soy-enriched
diet enhanced the dilator responses of atherosclerotic coronary arteries to
acetylcholine in female rhesus monkeys [202]. These animal studies further en-
courage studies in humans in this area.

Dietary soy phytoestrogens may provide cardioprotective benefits for hu-
mans via a direct effect on lipids. Many human clinical trials have examined the
effects of dietary estrogens on serum lipids. Meta-analysis of controlled clinical
trials examining soy protein consumption and serum lipid concentrations
found that consumption of 47 g soy protein daily, significantly decreased serum
concentrations of total cholesterol (~9%), LDL cholesterol (~13%) and triglyc-
erides in 34 of 38 studies [192]. Cassidy et al. [39] observed a 9% reduction in
total cholesterol in a small study of normolipemic premenopausal women given
a 60 g soy protein supplement. In another study, men consuming 1 L of soy
drink daily, reduced their elevated cholesterol and LDL cholesterol by 9.3% and
11.3%, respectively [203]. A soybean protein diet in subjects with type II
hyperlipoproteinemia may lower cholesterol on average by 20% [204]. Con-
sumption of 25 g soy protein-enriched bread resulted in a decreased total serum
cholesterol and increased HDL cholesterol in hypercholesterolemic men [203].
A study of normolipidemic postmenopausal women supplemented with a
40 mg phytoestrogen pill demonstrated a 22% increase in HDL cholesterol and
no significant change in other parameters [205]. Another study also observed a
significant increase in HDL cholesterol on subjects consuming soy milk [206].
In a cross-sectional study conducted by Nagata et al. [207], the relationship be-
tween soy products and serum cholesterol concentration in a community in
Japan was examined and a significant trend was observed for decreasing total
cholesterol concentration with an increasing intake of soy products in men af-
ter controlling for age, smoking status and intake of total energy, total protein
and total fat. This negative trend was also noted in women after controlling for
age, menopausal status, body mass index and intake of total energy and vita-
min C. In another study, 66 hypercholesterolemic, free-living, post-menopausal
women were investigated during a 6-months parallel-group, double-blind trial
with 3 interventions [208]. After a control period of 14 days, all subjects were
randomly assigned to 1 of 3 dietary groups (all with 40 g protein): a National
Cholesterol Education Program (NCEP) Step 1 diet with protein from casein
and nonfat dry milk (control), an NCEP Step 1 diet with protein from isolated
soy protein (ISP) containing moderate amounts of isoflavones (ISP56), or an
NCEP Step 1 diet with protein from ISP containing high amounts of isoflavones
(ISP90). Non-HDL cholesterol (LDL and VLDL) in both the ISP56 and ISP90
groups was significantly reduced compared to the control group, whereas total
cholesterol was not changed. HDL cholesterol significantly increased in both
the ISP56 and ISP90 groups, whereas the ratio of total to HDL cholesterol de-
creased significantly in both groups compared with the control. Mononuclear
cell LDL receptor messenger RNA concentrations significantly increased in sub-
jects consuming ISP56 or ISP90 compared with the control. These results indi-
cate that soy protein with different amounts of isoflavones may decrease the
risk of cardiovascular disease via improved blood lipid profiles, and that the

92 D.M. Tham



mechanism by which apolipoprotein B-containing lipoproteins were depressed
may be via alterations in LDL receptor quantity or activity. Low-fat, low-choles-
terol diets similar to the NCEP Step 1 diet have been shown to reduce serum
cholesterol concentrations in humans by as much as 14% [209]. The enhanced
effects on plasma lipoproteins observed with the addition of soy protein to an
NCEP Step 1 diet provide additional evidence that dietary protein influences
the risk of CHD in humans. It is reasonable to postulate that soy protein, by
some not yet understood mechanism, may also increase hepatic LDL receptor
mRNA concentrations to enhance LDL receptor activity. Reductions in LDL-
cholesterol concentrations with soy protein by way of increased LDL receptor
activity in human blood monocytes was demonstrated by Lovati et al. [210],
whereas Angelin et al. [211] documented the effects of estrogen on the up-reg-
ulation of human hepatic LDL receptors. It has also been hypothesized that
isoflavonoid antioxidants derived from soy could be incorporated into lipopro-
teins and could possibly protect them against oxidation, which is regarded as
atherogenic. Six healthy volunteers received 3 soy bars containing 12 mg genis-
tein and 7 mg daidzein daily for 2 weeks [212]. Compared with baseline values,
lag phase of LDL oxidation curves were significantly prolonged by a mean of
20 min during soy intake, indicating a reduced susceptibility to oxidation. These
results suggest that intake of soy-derived antioxidants such as genistein and
daidzein may provide protection against oxidative modification of LDL.
Hodgson et al. [213] conducted a study to determine if isoflavonoids could im-
prove serum lipids in 46 men and 13 postmenopausal women. One tablet con-
taining 55 mg of isoflavonoids (predominantly in the form of genistein) or one
placebo tablet was taken daily with the evening meal for 8 weeks. After adjust-
ment for baseline values, no significant differences in post-intervention serum
lipid and Lp(a) concentrations between groups were identified. Further adjust-
ment for age, gender, and weight did not alter the results. In addition, changes
in urinary isoflavonoids were not significantly correlated with changes in
serum lipids and Lp(a). This study does not support the hypothesis that
isoflavonoid phytoestrogens can improve the serum lipids, at least in subjects
with average serum cholesterol concentrations. The effect of dietary soy protein
on serum cholesterol concentration has been examined in humans in many
clinical trials, but the results have not been consistent. Some factors which may
affect the outcome of these clinical trials include the study design, type of phy-
toestrogen used, dosage and pretreatment cholesterol level. Although some
studies reported a significant decrease in plasma or serum cholesterol concen-
tration in some hypercholesterolemic subjects as a result of soy-protein diets
[203, 204, 214], most studies of normocholesterolemic subjects have shown lit-
tle difference in effects on plasma or serum cholesterol concentration between
soy protein and control diets [215–220].

5.8
Osteoporosis

Osteoporosis is defined as a condition in which the amount of bone per unit
volume is decreased, but the composition remains unchanged. The bone be-
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comes porous due to an imbalance in forming and resorbing bone cells, causing
structural failure and predisposition to fracture. Osteoporosis in women is par-
ticularly associated with the menopause, since the loss of estrogen accelerates
bone loss. Osteoporosis is a major health care problem leading to a high inci-
dence of vertebral, radial and mainly hip fractures that are causes of morbidity
and mortality in an aging population. HRT prevents this loss, at least up to
age 75, if taken for several years early on in the postmenopausal period [221].
HRT prevents the lowering in bone density related to the postmenopausal hy-
poestrogenism [222, 223]. In addition, tamoxifen is known to prevent bone loss
[224]. However, the doses of estrogen required to prevent the postmenopausal
bone loss are generally higher than those required to cure the clinical subjective
symptoms [225]. Thus, when moderate to high estrogen dose administration is
contraindicated, lower estrogen dosages may be sufficient to control subjective
symptoms of menopause, but an additional anti-osteoporotic agent must be
considered to prevent or cure the postmenopausal osteopenia. Dietary factors
have been investigated for their effect in achieving peak bone mass and pre-
venting bone loss in later life. The rates of osteoporosis differ within popula-
tions with a lower incidence in Asian women than Western women [226]. The
hormonal effects of phytoestrogens, coupled with the comparative rarity of the
disease in populations consuming soybean, has prompted investigations of
their effects in osteoporosis. In animal models, dietary soybean prevents signif-
icant bone loss in ovarectomized rats by increasing formation which then ex-
ceeds resorption [227]. Thus far, data are limited on the effect of phytoestrogens
in humans. Postmenopausal women randomized to receive casein, soy protein
with either 1.39 mg total isoflavones g–1 protein (‘ISP’) or 2.25 mg total
isoflavone g–1 protein (‘ISP+’) for six months demonstrated increased bone
mineral content and density with ‘ISP+’ compared with controls [228]. One
study has demonstrated that 45 g soy grits added to bread increased bone min-
eral content by 5.4% after 3 months [177].

A synthetic analogue, ipriflavone (7-isopropoxy-isoflavone), is known to be
effective in inhibiting bone resorption in postmenopausal women, although its
action is not thought to involve direct action with ERs [229]. Ipriflavone is a
synthetic isoflavone-derived compound able to modulate the oxidative phos-
phorylation and to exert a direct inhibitory effect on osteoclastic activity [230–
232]. In different experimental models of osteoporosis, ipriflavone can inhibit
bone resorption in animals [233]. In humans, oral ipriflavone has been shown
to maintain or even increase bone density, to inhibit osteoclast recruitment and
function, and to prevent bone loss at the distal radius in osteoporotic post-
menopausal women, mainly through an inhibition of bone resorption, when
administered at the dose of 600 mg per day [234–241]. The same effect can be
obtained with the combined administration of low dose (400 mg per day) ipri-
flavone with low dose (0.3 mg per day) conjugated estrogens [241]. In another
study, the observed ipriflavone effects on biochemical markers of bone
turnover are somewhat controversial [242]. Although changes were not statisti-
cally significant, the study showed increased levels of bone metabolic markers
after 1 year of treatment. The gain (~3%) was greater in those subjects who
received both ipriflavone and HRT. Furthermore, their in vitro study results
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suggest that ipriflavone and E2 have different mechanisms of action on cell
proliferation and differentiation in culture human vertebrae-derived cells.
Ipriflavone has mild stimulatory effects on osteoblasts, in contrast to E2 which
inhibits cell proliferation and differentiation. Even though ipriflavone potenti-
ates the effect of estrogen in vivo [243], their study suggests that ipriflavone
does not interact with the ER in human vertebrae-derived cells. Cross-talk be-
tween ipriflavone and E2 should be considered and it is essential to understand
the signal pathway to elucidate the mechanism of action of ipriflavone on os-
teoblast activity and bone formation in future studies. Since the positive effect
was more pronounced after 1 year, the possibility of a long-term ipriflavone
treatment must be taken into consideration in the future. Despite its structural
similarity to natural phytoestrogens, ipriflavone has been shown to be devoid
of any estrogenic effect in postmenopausal women [244].

6
Infant Soy Formula

For more than 60 years, soy-based infant formulas have been fed to millions of
infants worldwide and studied in controlled clinical research. The first descrip-
tion of the use of a soy formula in the Modern World as a cow’s milk substitute
appeared in 1909, whereas the use of soybean in infant feeding goes back to
Eastern countries where it was employed for alimentation as early as in 82 BC
[245]. The safety of isoflavones in soy-based products, including infant formu-
las, has been questioned recently owing to reports of possible endocrine effects
in animals and in cultured cells. Based on model systems and pharmacological
principles, isoflavones consumed by infants fed soy formula could theoretically
contribute estrogenic activity (perhaps in addition to endogenous estrogen),
suppress endogenous estrogen levels or have no effect. Among humans, the
highest of all phytoestrogen doses appears to be provided to infants exposed to
soy formula, and this exposure occurs during development, often the most sen-
sitive life-stage for induction of toxicity [246]. Consumption of phytoestrogen-
containing soy products by women produces demonstrable estrogenic re-
sponses at phytoestrogen doses about 5-fold lower than those in soy infant for-
mulas given to infants [39, 246, 247].

Given the relatively broad choice of infant foods becoming available, expo-
sure to dietary isoflavones during the first year of life is virtually ubiquitous.
The isoflavones in soy products are in the form of glycosides whereas those in
breast milk are in the form of glucuronides. The bioavailability of these com-
pounds may be a function of the conjugating group as well as the gut microflora
of the individual, but the absorption and subsequent metabolism of these com-
pounds by infants has not been fully investigated. The possibility that infants
may be exposed to phytoestrogens at concentrations greater than those found
in breast milk is cause for concern, given the evidence that hormonal imbalance
early in life can affect the sexual development of some animal species [248–
252]. We know little about the bioavailability of isoflavones in breast milk and
soy-containing infant formulas. Most of the isoflavones in breast milk and soy
formulas are in the conjugated (bound) form [253], which may be less biologi-
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cally active than unconjugated (free) forms. Thus, biological activity may not be
assumed from the presence of isoflavones alone. Franke and Custer [34] demon-
strated that lactating women consuming a diet with a high phytoestrogen con-
tent will produce breast milk containing the two isoflavones genistein and
daidzein at ~20 µg·L–1, although there is a large variation between individuals.
This is in agreement with the published GC-MS data of Morton et al. [254] who
reported isoflavone concentrations of ~4 µg·L–1 in the breast milk of Hong
Kong women. A typical infant weighing 7 kg and consuming 0.8 L of breast milk
per day should thus have an upper range of isoflavone consumption of ~0.4 µg
·kg–1 body weight per day. Nguyenle et al. [255], using HPLC, reported concen-
trations of the glycoside conjugates equivalent to ~9,000 µg·L–1 for daidzein
and 24,000 µg·L–1 for genistein, averaged over 4 different formulas. Dwyer et al.
[62] used GC-MS and found lower values, but still in the range of 200–1,400 µg
·L–1 for daidzein and 600–3,100 µg·L–1 for genistein. Even considering these
low values, infant formulas clearly contain at least 10-fold the amount of phyto-
estrogen found in breast milk and some data indicate that the difference may be
as much as 1000-fold. This means that the phytoestrogen intake of the infant de-
scribed above would increase from a minimum of 90 µg·kg–1 body weight per
d, up to 4,000 µg·kg–1 body weight per day when fed infant formulas. This is
compared with the intake of an adult consuming a daily ration of 50 g of soy
protein, (e.g., 700 µg·kg–1 body weight per day of isoflavones), an amount
known to cause hormonal effects in premenopausal women [39]. Knight et al.
[256] investigated the phytoestrogen content of different foods, formulas and
drinks that may be consumed by infants during their first year of life in an at-
tempt to define levels of exposure on different feeding regimens. HPLC was
used to determine the levels of genistein, daidzein, biochanin A, formononetin
and equol in samples purchased from Australian supermarkets. All foods tested
contained isoflavones, at varying levels. Casein-based infant formulas contained
between 0.001 and 0.03 mg·L–1. Soy-based infant formulas ranged from 17.2 to
21.9 mg L–1 with the values detected in yogurt at similar levels to that of cow’s
milk. For comparison, the soy-based beverages (which are not recommended
for use under 12 months of age) contained levels of isoflavones from 22.9 to
71.5 mg·L–1. In addition, clover contains isoflavonoids and may, therefore, rep-
resent, via milk, a source of isoflavonoids in the human diet. King et al. [257]
measured cows’ milk samples obtained from 76 farms in 3 Australian states.
Concentrations in all samples were found to be extremely low. The mean
daidzein concentration was <5 ng·ml–1. Mean genistein concentrations ranged
from just detectable (~2 ng·ml–1) in Victorian samples collected during sum-
mer to 20–30 ng·ml–1 in samples from all states collected during spring when
isoflavonoid-containing clover is most dominant. Mean equol concentrations
ranged from 45±10 ng·ml–1 in Victorian farms samples collected during sum-
mer to 293±52 ng·ml–1 in Western Australian samples collected in spring. The
mean concentrations of genistein and equol in post-pasteurization samples col-
lected in spring were approximately double those for samples collected in au-
tumn. Pasteurization had no effect on isoflavonoid concentrations. The concen-
trations of isoflavonoids in Australian cows’ milk are low and therefore are un-
likely to have any pronounced biological effect in human consumers.
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Soy-based infant formulas continue to be a safe, nutritionally complete feed-
ing option for most infants [258]. Clinical cross-reactivity to legumes is very
rare in children, therefore explaining why soy allergy is so uncommon [259].
These products provide essential nutrients required for normal growth and de-
velopment. Iacono et al. [260] performed a double-blind crossover study com-
paring cow’s milk with soy milk in 65 children with chronic constipation. Forty-
five of the 65 children (68%) had a response while receiving soy milk. Anal fis-
sures and pain with defecation resolved. None of the children who received
cow’s milk had a response. In young children, chronic constipation can be a
manifestation of intolerance to cow’s milk. Soy protein formulas are used for
different conditions including cow’s milk allergy, lactose and galactose intoler-
ance and in the management of severe gastroenteritis. Some studies show that
feeding soy protein formulas for the first 6 months of life significantly reduces
the prevalence of atopic diseases in high risk babies [261]. It is also worth not-
ing that infants in soy-consuming communities, such as Japan, China and
Seventh Day Adventists, typically are weaned onto soy products between 6 and
12 months of age and then receive isoflavone-containing foodstuffs (e.g., tofu,
miso, tempeh) on a long-term basis from that time, a period which embraces
the bulk of their reproductive development. A question that needs to be an-
swered is whether it is more important to have eaten phytoestrogen-rich foods
as a child than as an adult. It appears that regulatory pathways for synthesis and
breakdown of hormones or sensitivity to hormonal control can be set very early
in life, even during fetal development, by exposures to certain chemicals, and
have lifelong effects.

Additionally, no increased incidence of endocrine effects has been docu-
mented in infants in Asian populations whose traditional diet includes large
amounts of soy products. There have been no reports of abnormal pubertal de-
velopment in adolescents who received soy-based formulas as infants. Growth
is normal and no changes in timing of puberty or infertility rates have been re-
ported in humans who consumed soy formulas as infants. Similarly, there have
been no reports of infertility in adults who consumed soy-based formula as in-
fants. There have been no reports of infants fed soy-based formulas developing
breast buds. If isoflavones are absorbed in significant amounts and yet do not
cause breast development or increased growth rate, both of which are accepted
as early indicators of estrogenic effect in human children, it is very unlikely that
they cause any other acute or delayed adverse endocrine effects. The lack of re-
ported effects on millions of infants consuming isoflavones in soy formulas sug-
gest there are no biological or clinical effects. The lack of any apparent repro-
ductive and endocrinological dysfunction in these communities compared to
Western communities argues against a detrimental impact of these compounds.

Although large doses of isoflavones have estrogenic effects in some animals,
no parallel effects in human infants have been reported. Furthermore, it may
not be appropriate to extrapolate animal or cultured-cell observations to hu-
man infants who consume modern soy-based infant formulas because it is well
documented that effects of isoflavones are dependent on numerous factors, in-
cluding species, age, dose, duration of exposure, metabolism and individual
variability. In addition, the neonatal rodent and postnatal human are not at
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equivalent morphological stages of development [262] and the neonatal rodent
does not model the infant human. The considerably different timetable of de-
velopmental milestones in laboratory animals in contrast to humans must also
be considered. The maturation of rodent reproductive tracts is ~70 times more
rapid compared with humans suggesting a far greater degree of susceptibility of
the immature reproductive tissues of rodent to possible adverse effects of hy-
per-estrogenicity. Cross species differences in the effects of estrogenic com-
pounds are also well known. For example, tamoxifen is estrogenic in mice, anti-
estrogenic in frogs and chickens and may be estrogenic and anti-estrogenic in
humans, depending on tissue specificity [263]. Toxicological studies of estro-
genic isoflavones in animals and in particular those claiming to show a detri-
mental effect of reproductive tract development in infant animals must be
viewed cautiously. At present, the beneficial effects of soy-based formulas or of
milk from mothers consuming phytoestrogens are speculative, but the same is
true for potential risks.

7
Potential Adverse Effects of Dietary Estrogens

Concern has been expressed that some phytoestrogens may disrupt the devel-
oping endocrine system similarly to the effects of other endogenous estrogens
[264, 265]. Much of this concern has stemmed from animal research. There are
well-described examples of phytoestrogen-containing plants inhibiting fertility
via estrogenic activity in animals. For instance, sheep grazing on Australian
pastures containing a particular type of clover rich in formononetin, which is
converted to daidzein in the rumen during fermentation, developed a wide-
spread infertility in the 1940s [248, 266]. Other examples are the “moldy corn
syndrome” in pigs and cattle fed corn contaminated by Fusarium sp., which pro-
duces the estrogenic b-resorcyclic acid lactone, zearalenone [267], and the inhi-
bition of reproduction of California quail by phytoestrogens produced by
plants growing in dry conditions [266]. The use of soybean in captive cheetah
in Cincinnati zoo was also shown to be responsible for an infertility syndrome,
reversed by its removal from the feed [268]. The phytoestrogen, coumestrol,
which is ~30 times more effective than genistein in mice, is known to cause es-
trogen-related disorders in animals which seem to have a cumulative effect.
Whitten et al. [269] demonstrated the effect of phytoestrogens on the sexual dif-
ferentiation of gonadotropin function by examining neonatal exposure of pups
through milk of rat dams fed coumestrol (100 µg·g–1) during the critical period
of the first 10 postnatal days or throughout the 21 days of lactation. In females,
exposure to coumestrol throughout the period of lactation produced growth
suppression and an acyclic condition in early adulthood resembling the prema-
ture anovulatory syndrome. When the period of treatment was restricted to the
first 10 postnatal days, however, no effects on vaginal cyclicity were seen. The
10-day exposure period produced more marked effects in males, resulting in
transitory reductions in body weight in weaning males and reductions in
mount and ejaculation frequency and prolongation of the latencies to mount
and ejaculate. Testicular weights and plasma testosterone levels did not differ
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among treatment groups suggesting that the deficits in male sexual behavior
were not due to deficits in adult gonadal function. These data provide evidence
that lactational exposure to phytoestrogen diets can alter neuroendocrine
development in both female and male rats. In addition, feeding flaxseed, the
richest source of the mammalian lignan precursor secoisolariciresinol digly-
coside, to rats during a hormone-sensitive period has demonstrated reproduc-
tive effects [270]. The female offspring had shortened anogenital distance,
greater uterine and ovarian relative weights, earlier age and lighter body weight
at puberty, lengthened estrous cycle, and persistent estrus, whereas the males
had reduced postnatal weight gain and greater sex gland and prostate relative
weights, suggesting estrogenic effects. These examples in animals suggest that
the phytoestrogen content of soy products and other dietary products may in-
duce unintended adverse effects on reproduction and development in humans.
A general argument can be made that the long history of apparent safe use of
soy argues that it is not toxic. To date, there are no long-term studies in humans
in which a possible association between soy exposure and toxicity has been
systematically and rigorously explored. Given the prevalence of soy exposure
and the possible health benefits, it is appropriate to include adverse effects in
any future large-scale, long-term epidemiological studies. Because reproductive
and developmental toxicity have been demonstrated in animals and humans
with a wide variety of estrogens, and phytoestrogen exposure has been shown
to induce reproductive and developmental toxicity in experimental animals and
livestock, these endpoints should receive particular attention.

Despite the hypothesized beneficial effects of phytoestrogens in human can-
cer, two reports suggest that caution may be necessary at this stage. In one
study, 29 women took 60 g soybean (containing 45 mg isoflavones) for 14 days
and demonstrated a significant increase in the proliferation rate of breast lobu-
lar epithelium [271]. In an earlier study, Petrakis et al. [156] evaluated the influ-
ence of the long-term ingestion of commercial soy protein isolate on breast se-
cretory activity. It was hypothesized that the features of nipple aspirate fluid
(NAF) of non-Asian women would be altered so as to resemble those previously
found in Asian women. Both pre- and post-menopausal white women ingested
38 g of soy protein isolate containing 38 mg of genistein daily. Unfortunately, the
findings did not support their hypothesis. Compared to baseline values, a 2- to
6-fold increase in NAF volume ensued during ingestion of soy protein isolate in
all premenopausal women. This 6-months pilot study indicates that prolonged
consumption of soy protein isolate has a stimulatory effect on premenopausal
female breast, characterized by increased secretion of breast fluid, the appear-
ance of hyperplastic epithelial cells and elevated levels of plasma E2. Compared
with white and African-American women, hyperplastic, atypical epithelial cells
and apocrine metaplasia were less frequently found in NAF from Chinese and
Japanese women [63, 272–275].

Safety concerns regarding soy-based formulas have been raised despite no
apparent deleterious effects. Unfortunately, there is very little known in regard
to the toxicity of estrogens in human infants. Longer-term studies to assess the
potential benefits or adverse effects of phytoestrogen exposure early in life are
needed. Soy formula feedings in early life have been associated with the devel-
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opment of auto-immune thyroid disorders [276]. The soybean and its products
have been considered goitrogenic in humans and animals. Goiter and hypothy-
roidism were reported in infants receiving soy-containing formula [277–279]
although iodine supplementation of the formula has reversed this problem
[280]. Several investigators have reported induction of goiter in iodine-deficient
rats maintained on a soybean diet [281–284]. Furthermore, Kimura et al. [281]
reported the induction of thyroid carcinoma in rats fed an iodine-deficient diet
containing 40% defatted soybean diet. Genistein and daidzein were found to in-
hibit the thyroid peroxidase-catalyzed iodination of tyrosine at concentrations
that approach the total isoflavone levels previously measured in plasma from
humans consuming soy products [285]. Because inhibition of thyroid hormone
synthesis can induce goiter and thyroid neoplasia in rodents, delineation of
anti-thyroid mechanisms for soy isoflavones may be important for extrapolat-
ing goitrogenic hazards identified in chronic rodent bioassays to humans con-
suming soy products. It is difficult for humans to consume the amounts of
isoflavones from natural soy foods to reach the toxicological levels that induce
pathological effects recorded in animals. However, a trend towards isoflavone
supplements (e.g., in pill form) will facilitate patient intake and the potential
dangerous effects of mega-dosing are a concern. Careful studies of the soy in-
fant formula-exposed population should be undertaken, as it is a well-identified
group and phytoestrogen doses can be estimated with some accuracy. Such
studies should include not only infants currently consuming soy infant formu-
las, but older children, adolescents and adults previously exposed. They should
incorporate estrogenic and thyroid hormone related endpoints, as well as a
wide variety of other endpoints of toxicity.

8
Conclusions

Our understanding of dietary estrogens and their physiological impact on the
human endocrine system is broadening as research in this area is expanding
with both clinical and epidemiological studies. These dietary estrogens are not
only structurally similar to endogenous hormones, but have demonstrated their
ability to bind to ERs and have both estrogenic and anti-estrogenic effects. The
growing interest in this area suggests that these dietary estrogens may confer
significant health benefits related to hormonally-related diseases and condi-
tions such as breast, prostate and colon cancer, menopausal symptoms, the
menstrual cycle, osteoporosis, and coronary heart disease. These compounds
may play a significant role in the molecular processes concerned with the
pathogenesis of these diseases with a real possibility that they can exercise a re-
straining influence on their development. The possibility still exists that the as-
sociation between risk of disease and phytoestrogen intake is not casual.
Despite some of the inconclusive findings, several putative mechanisms that
could account for the hypothesized preventive effects of phytoestrogens have
been proposed. Extrapolating from human cell lines and animal studies has its
limitations. More human studies are needed to establish the role of phytoestro-
gens as estrogen agonists and antagonists and of their actions on tyrosine ki-
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nases and other growth factors. In addition, larger and longer-term studies are
needed to more thoroughly document clinical effects and to examine the target
effects on responsive tissue. Although epidemiological, human and animal data
suggest that phytoestrogens may play a protective role in disease progression,
the adverse effects observed in animals and in cancer cell lines must be inter-
preted with caution because of the difficulty in correlating their phytoestrogen
exposure to the in vivo tissue levels in humans. The determination of the risks
and benefits of human phytoestrogen exposure must be addressed for both
dietary exposure and potential pharmaceutical treatments. Potentially, dietary
estrogens may be an important factor in not only offering protection of the
human endocrine system, but also in providing an alternative therapy against
disease.
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Estrogens play an important role in mammalian reproductive cycles and a disturbance of this
cycle can cause adverse effects like carcinogenicity.A mechanistic modeling approach is help-
ful in attempting to unravel the entanglement of genomic, non-genomic, and feedback signals
involved in endocrine signaling. To make more balanced decisions on possible human health
risks put forth by endocrine active compounds (e.g., estrogens and estrogen-like agents), a
multidisciplinary approach is necessary. Besides traditional epidemiological studies, accu-
mulation of mechanistic data is essential for all classes of agents. Combining all available in-
formation is a positive move towards a more complete risk assessment process.
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1
Introduction

Carcinogenesis has historically been viewed as a disease resulting from genetic
mutations occurring in a particular order with possible selective stimulation of
these mutated cells to grow. This multistage theory of carcinogenesis has
formed the basis for much of our understanding of the cancer process and has
stimulated many of the experimental methods used to assess cancer risks. Only
recently have researchers begun to focus on the effects of secondary pathways
on the initiation, progression, and promotion of carcinogenesis. One area re-
ceiving considerable attention is the impact of modifications of endocrine hor-
mones on cancer risks.

Genomic and non-genomic endocrine signaling pathways are extensively
present in the body and function in a complicated manner. Receptors, ligands,
enzymes, proteins, and catalysts work together closely within the same cell and
between different cells and organ systems. By means of this direct and indirect
signaling, a more or less homeostatic state is preserved.At this moment, it is still
not clear on how this closely regulated system is affected by an exogenous agent.

Increasing interest in this area of research arose after epidemiological stud-
ies identified a significant increase in the incidence of hormone-dependent dis-
eases including cancers of the breast, prostate, and testis, and suggested that en-
vironmental factors may contribute to this increased incidence.

Development of cancers can be influenced by exposure to estrogens or es-
trogenic drugs. This has been demonstrated through experimental initiation/
promotion studies [1], epidemiology studies [2], and efficacy of hormone ago-
nists in treating cancers. It is possible that estrogen-like compounds such as di-
ethylstilbestrol, DDT, dioxins, and bisphenol A could yield similar results.
Widespread exposure and the commercial significance of many of these agents
have made endocrine-disrupting chemicals a contentious health concern and
environmental issue.

Focused studies on the potential for toxicity from endocrine active com-
pounds is a fairly new field of scientific research. Much of the research in this
area has derived from mainly two factors that developed exponentially in the
last few decades. The first is molecular biology. There have been substantial
gains in our understanding of receptor binding, interaction, signaling pathways,
and compounds involved in these processes. This research has explored down
to the level of receptor-types, genetic background, genomic and non-genomic
interactions. The second factor is an enormous increase in “desk” computing
power, making it possible for a scientist to run complicated biomathematical
models, to analyze and test effects resulting from a particular intervention. The
challenge for the coming years is to combine these two aspects. This combina-
tion is only possible when both sides work together. Molecular biologist and
toxicologists need to understand why mathematical modeling is important and
helps in exploring new directions of their own research field. And mathemati-
cians must make great strives to fully understand the biology, focusing on
mechanistic/physiologically based models. Only through the integration of
information can a true, mechanism-based approach to risk assessment be
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achieved.What follows is a discussion of this approach, weighing heavily on our
experience of modeling the estrogen cycle in mammalian systems.

2
Biological Signaling Pathways of Estrogen

The steroid hormone estrogen is distributed by the blood in a mostly bound
fashion to high-affinity plasma proteins, like sex hormone-binding globulin
and corticosteroid-binding globulin, or low affinity, low specificity proteins
like albumin and orosomucoid [3, 4]. However, the concentration of unbound
estrogen is important, as only “free” estrogen is able to trigger an effect at the
target tissue, i.e., tissue characterized by the presence of cytoplasmic and/or
nuclear estrogen receptors (ERs). The way estrogens and estrogen-like com-
pounds are believed to exert their influence on these target cells is described
below.

2.1
Estrogen Metabolism and Fluctuation

Estrogens are formed from androgens by a widely distributed mono-oxygenase
enzyme system called aromatase, containing NADPH-cytochrome c reductase
and cytochrome P-450. Estradiol (i.e., 17b-estradiol, E2), by far the most potent
endogenous estrogen, is synthesized from testosterone by aromatase present in
the ovaries, placenta, and various other estrogen target tissues such as the brain,
prostate, uterus, and mammary gland. In turn E2 can be metabolized to multi-
ple hydroxylated products by enzymes of the P450 family, or broken down to
sulfates, glucuronides, or fatty acid esters. The latter three pathways are also re-
versible, creating active estrogens [5, 6].

In the intact female mammalian system the fluctuation in estrogen levels is
mostly influenced by the estrous cycle. The mechanisms involved in this cycle
are complex and require the signaling interaction of many hormones. To ad-
dress the involvement of estrogen a simplified description is given below.

Following synthesis in the ovaries under the influence of gonadotropic hor-
mones, estrogen is carried to the brain and stimulates the hypothalamus in syn-
thesizing and excreting pulses of gonadotropin releasing hormone (GnRH).
Together with GnRH, estrogen also has an effect on the pituitary gland; while
GnRH pulses induce production and release of luteinizing hormone (LH) and
follicle-stimulating hormone (FSH), estrogen inhibits the production of these
gonadotropins. Thus, by generating changes in LH and FSH concentrations, es-
trogen has an indirect influence on the growth and time of ovulation of the fol-
licles residing in the ovaries, and subsequently on its own synthesis [7].

2.2
Genomic Processes

The most common and established pathway for estrogen as it arrives at the tar-
get cell is to enter the cell by diffusion or in some cases by active uptake [8, 9].
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Subsequently, estrogen binds cytoplasmatic or nuclear ERs (see Fig. 1), which
are members of a large superfamily of receptor proteins that share a similar
configuration and functionality, and play an important role in cell differentia-
tion, growth and metabolism [10–13].

After the ligand binds the receptor this complex forms a dimer and then
binds to specific DNA sequences, called estrogen response elements (EREs), of
a responsive gene. These estrogen-ER complexes are also thought to bind to
other nuclear sites, called activator proteins (AP) and require the transcription
factors Fos and Jun [14] (see Fig. 1). Binding of the estrogen-ER complex to
DNA can alter the transcription of a gene by an RNA polymerase to produce
messenger RNA (mRNA), which in turn is translated to the corresponding pro-
tein by the cytoplasmic ribosomes. The ligand-receptor complex activates, re-
presses, or modifies the level of gene expression, causing a change in the levels
of specific proteins, and, as a result, altering cell function, growth and/or differ-
entiation [8–9, 12]. After dissociation of estrogen from the receptor, or detach-
ment of the complex from the DNA acceptor site, gene transcription will termi-
nate. Estrogen may diffuse out of the cell and be metabolized in the liver to less
or non-active forms, or bind once again to another receptor. Altogether, the
effects of this genomic response are distinguished by a comparatively long
latency and duration of action, on the scale of minutes to hours to days [15].

2.3
Non-Genomic Processes

The second, less recognized, route of estrogen action is via a non-transcrip-
tional signaling pathway which has been observed in the brain, pituitary, vas-
cular smooth muscle cells, and breast cells [16–18]. Both short-term latency
and duration, varying from milliseconds to minutes, are typical for non-tran-
scriptional estrogen action. This possible alternative mechanism to the ge-
nomic route is described by Moss et al. [15] and Zakon [19], containing both ex-
tra- and intracellular non-genomic effects (see Fig. 2).

Extracellular estrogen can bind specific receptors, and subsequently trigger
a G-protein-coupled mechanism. The activated G-protein is linked to the en-
zyme adenylate cyclase (AC), thereby causing the cyclase to produce the second
messenger cyclic-AMP (cAMP). In turn this cAMP will activate protein
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kinase A (PKA), an enzyme which catalyzes the transfer of a phosphate group
from adenosine triphosphate (ATP) to a specific protein. Moss et al. [15] suggest
that phosphorylation by PKA prolongs the opening of specific ion-channels en-
hancing the membrane conductance. The second mechanism, involving intra-
cellular estrogen, is not exactly known. But estrogen could reduce the activity of
phosphodiesterase (PDE), thus decreasing the breakdown of cAMP to AMP, or
assist in releasing more cAMP through interaction with AC.

Nevertheless these two pathways are not completely separate from the tran-
scriptional route as PKA or cAMP might also influence cAMP response elements
(CRE) and hence the transcription of genes. Another possible example of “cross-
talk” is the stimulation of ER transcriptional activity by growth factors such as
epidermal growth factor (EGF) and insulin-like growth factor I (IGF-I) [20].

2.4
Estrogen Receptor Regulation

Besides the estrogen concentration, the response level of a tissue to estrogen is
also dependent on both the state of the ERs (active vs. inactive) and ER con-
centration. After dissociation of estrogen the ER can either be recycled directly
to its active form, reside in a refractory state and become activated later, or de-
grade to an inactive form [9]. It is known that estrogen pretreatment increases
the concentration of ERs in several target tissues and that it is associated with
an increased sensitivity to subsequent estrogen treatments [21]. Our under-
standing of the complexity of estrogen and estrogen receptor interaction in-
creased considerably after Simerly and Young [22] and Shupnik et al. [23]
pointed out that ER expression, induced by estrogen, is down-regulated instead
of up-regulated in tissues like the hypothalamus and uterus, creating a paradox.
However, the recent discovery of a second ER isoform, called ER-b [24] (the tra-

114 B. A.T. Willems et al.

Fig. 2. Possible mechanism for non-genomic pathways of estrogen signaling, where G is a mem-
brane G-protein, AC is adenylate cyclase, ATP is adenosine triphosphate, AMP is adenosine
monophosphate, cAMP is cyclic-AMP, PKA is protein kinase A, and PDE is phosphodiesterase



ditional ER is currently called ER-a), might explain this difference. Because ERs
work as dimers, the complexity is increased since a-a homodimers, b-b ho-
modimers, and a-b heterodimers can form [25]. Barkhem et al. [13] showed
that the two ER isoforms respond similar to some ligands but that there are also
receptor specific responses. This latter action was confirmed by Paech et al. [14].
Different levels of expression of these ER isoforms in different tissues could be
an explanation for the differences in response between target tissues.

3
Endocrine Active Compounds Interactions and Adverse Endpoints

Endocrine active compounds (EACs), or sometimes called endocrine disrupting
chemicals, are a wide class of compounds defined by the EPA as: “Exogenous
agents that interfere with the production, release, transport, metabolism, binding
action or elimination of natural hormones in the body responsible for the main-
tenance of homeostasis and the regulation of developmental processes”. Despite
the “negative” title, endocrine disrupting agents with an anti-estrogenic action
can be used in clinical applications, especially for fertility control or treatment of
certain hormone-dependent cancers. The main anti-estrogen being used to date
is tamoxifen. This non-steroidal EAC has turned out to be effective in the treat-
ment of breast cancer because of its partial agonist effect in decreasing the ac-
tion of estrogen in breast tissue [26]. It also has several beneficial side effects like
maintaining bone-density and reducing blood cholesterol levels. However, while
tamoxifen works as an antagonist in breast cancer cells, it has an agonistic effect
in endometrial cancer cells. Even though there exists a long list of agents that
could be considered EACs, only agents with an estrogenic or anti-estrogenic ca-
pacity will be discussed in this chapter. Synthetic steroids and phytoestrogens
fall into this category and may act as a substitute for the endogenous estrogen at
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the plasma protein level or at the target tissue, thus changing the availability of
this natural hormone, and influence the response in the cells [27].

3.1
Adverse Endpoints

During the last 5–10 years, research has shown that signaling is the predominant
mechanism for toxic effects rather than a direct role of reactive chemicals. As a
result of this shift, subtle biological effects like altered biological signals versus
direct effects like mutations have attracted greater attention [28]. In that light the
U.S. EPA considers endocrine disruption as a step that could possibly cause toxic
effects, and encourages studies to define dose-response relationships across
multiple endpoints, describe mechanisms of action, and determine the complete
organism’s response to an environmental exposure [29]. The minimal system
needed to study alterations in endocrine pathways is displayed in Fig. 3, where a
xenoestrogen or phytoestrogen is able to interfere at any level.

The bioavailability of EACs, their effect on endogenous hormone metabo-
lism, their interaction with hormone receptors and the interaction with cell-sig-
naling pathways, each have a distinct outcome. Whether this outcome, e.g., in-
creased transcription of a particular gene, is considered as an (adverse) effect
or not requires a more defined description of variability in unexposed popula-
tions [28] partially resulting from different sensitivities to agents at different
ages. Secondly, besides intensity, frequency and duration of the exposure, tim-
ing of the exposure should also be taken into account. Third, both primary and
secondary interference can disturb endocrine function [29]. Consideration of
all of the above will allow discrimination between a genuine (adverse) effect, as
a result of the compound’s impact, and the boundaries of normal homeostatic
endocrine functioning. Furthermore, the outcomes can function as precursors,
individually or combined, for intermediate and long-term endpoints. This poses
a second, more philosophical question of which marker best describes an ad-
verse (health) effect. In the long term there are only two actual adverse effects;
increased incidence or earlier onset of illness and/or death. See Fig. 4 for an
overview of (adverse) effects of endocrine disruption.

3.2
Agonists/Antagonists

Estrogenic compounds that are rapidly cleared from target tissues are generally
referred to as short-acting estrogens and can display both agonist and antagonis-
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tic properties [9]. When they are administered by pellet implant (assumed con-
stant blood and tissue levels), they act consistently. When administered as single
exposures, opposite effects of short-acting estrogens can occur. For example, es-
triol administered in a continuous fashion, will act as a full agonist because the
estrogen receptors are continuously occupied [30, 31]. However, in short-term ex-
posures, estriol acts as an antagonist through competitive interaction with E2 for
the ER complexes at the nuclear acceptor sites [32] and is capable of stimulating
metabolic activity of the human breast cell (MCF-7) in culture [33]. Compared to
E2, estriol shows a more rapid loss as it dissociates quicker from the receptor. The
degree of antagonism observed with any estrogen antagonist is related to the dis-
sociation constant (Kd) of the hormone from the receptor [34]. Furthermore,
steroid derivatives like estriol cyclopentyl ether are able to extend the biological
half-life of estrogen and thus are analogous to the hormone implant system [35].

For non-steroidal anti-estrogens like tamoxifen and clomiphene, the relation
between the dissociation constant, Kd, and the degree of antagonism does not
seem to hold [36, 37]. Here the level of antagonism, and even the change to ag-
onistic effects, is dependent on the species, organ, and tissue [37, 38]. Also, ex-
perimental conditions can determine the effect of a compound. For example, an
estrogen antagonist, ICI 164,384, lacked agonist activity in vivo [26] although it
has shown agonistic effects in yeast cell experiments [39].

3.3
Xenoestrogens

Besides tamoxifen, clomiphene, and ICI 164,384, there are many synthetic chem-
icals expressing estrogenicity and/or anti-estrogenicity. Even chemicals that do
not posses a hormone-like design, such as DDT and Kepone, may still display
hormonal activity. Although DDT was banned in many countries in the early
1970s, this chemical recently gained attention once again following linkage of
“feminized” sex-characteristics in male alligators in Lake Apopka to DDT expo-
sure [40]. Also Kepone was shown to have weak estrogenic activity resulting in
possible environmental effects, e.g., decreased sperm count in men exposed to
the chemical after a 1975 spill of the compound [8]. A third synthetic estrogen,
which had clinical applications, is diethylstilbestrol (DES). DES was used as early
as 1948 to prevent miscarriages in women. But in the 1970s daughters of women
who had taken DES sometimes expressed vaginal carcinomas [8]. It also caused
malformations of the male reproductive tract. DES has, compared to E2, little
affinity for extracellular proteins. Thus, at an equivalent concentration in the
blood, a greater fraction of DES is unbound to protein than is E2 allowing for
greater diffusion into cells making DES a more efficient estrogen than the nat-
ural hormone [8]. Similar effects have been shown for o,p¢-DDT [41].

Certain non-estrogenic compounds (e.g., polycyclic aromatic hydrocarbons
or PAHs), can be metabolized into agents with estrogenic activity by adding a
hydroxy group. The estrogenicity of polychlorinated biphenyls (PCBs) is also
enhanced by hydroxylation. But some PCB congeners also have estrogenic ef-
fects by acting as a substrate for the cytochrome P450 enzymes, thus inhibiting
estrogen metabolism. The situation becomes even more complex as PCB con-
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geners can express anti-estrogen behavior by binding to the Ah-receptor, in-
ducing cytochrome P450 1A1 (CYP1A1) and cytochrome P450 1B1 (CYP1B1)
synthesis. These cytochromes catalyze the metabolism of E2 to non-active
forms [42] and their induction by xenobiotics will result in lower natural hor-
mone levels. This latter pathway may also account for the anti-estrogenicity of
2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD) observed in rodent mammary and
uterus and in human breast cancer cell lines [43].

The situations described above only focus on the impact of a single compound
on the endocrine system. Mixtures of chemicals with estrogenic activity have re-
ceived considerable study following a report that four weakly estrogenic pesti-
cides, dieldrin, endosulfan, toxaphene, and chlordane, when combined in differ-
ent combinations, results in dramatic synergy [44]; this report could not be vali-
dated [45] and was later retracted [46]. Synergism is clearly possible and can
result from several mechanisms. For example, multiple chemicals may combine to
form an estrogen-like compound; various xenoestrogens and natural estrogens
may bind to different receptor subunits and thereupon form a functional recep-
tor dimer; the receptor may have two or more interactive binding sites [8, 47] or
combinations of metabolism and gene expression from multiple xenobiotics.

Combining these effects with the persistency of some chemicals in the body
and in the environment may result in a major impact on the human endocrine
system.

3.4
Phytoestrogens

More than 300 species of plants, across more than 16 families are known to con-
tain estrogenic substances [48], also called phytoestrogens, which can be di-
vided into three main classes: isoflavones, lignans, and coumestans. Most of
these agents are non-steroidal in structure and a lot less potent than E2 (10–3 to
10–5 times less potent) [49]. In general lignans and isoflavonoids (i.e., iso-
flavones and coumestans) seem to stimulate the synthesis of sex hormone-
binding globulin in the liver and thus reduce the effect of E2 by lowering the
percentage of free hormone [50, 51].

The phytoestrogen that is of foremost interest at this moment is genistein. Its
action is biphasic causing estrogenic effects by inducing cell-growth at lower
concentrations (10–5 to 10–8 M), and anti-estrogenic effects, inhibiting cell-
growth, at higher concentrations (10–4 to 10–5 M) [52]. At low concentrations,
genistein, competes with E2 for the ER binding sites and stimulates the expres-
sion of specific mRNA markers recognized for estrogen activity [52]. Daidzein
and equol (isoflavones), and enterolactone (lignan) show a similar effect [53].
The anti-proliferative effects of genistein do not seem be caused by the estrogen
receptor [52], but rather by interfering with the kinase pathways [49].

Phytoestrogens not only exert their activity by influencing the sex hormone
metabolism and biological activity but also have an effect on intracellular en-
zymes, protein synthesis, growth factor action, tumor cell proliferation, and an-
giogenesis [54]. And like xenoestrogens, phytoestrogens can express both es-
trogenic and anti-estrogenic effects [55].
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Overall more human studies are needed to verify the role of xenoestrogens
or phytoestrogens as extrapolating from in vitro and in vivo studies for such a
complicated system poses serious difficulties.

4
Carcinogen Risk Assessment

Regulatory agencies need input from the scientific community to develop ade-
quate policies with regard to potentially hazardous agents, such as EACs. The
biological sciences aspect of the risk assessment process includes hazard iden-
tification (qualitative), providing information on effects caused in exposed in-
dividuals, and dose-response assessment (quantitative), linking the size of an
exposure to the response. Estrogenic compounds in the environment have the
ability to cause a variety of (adverse) effects in humans and wildlife. The focus
here will be on the carcinogenic risk assessment for these agents.

4.1
Change in Perspective

Cancer risk assessment of chemical exposure always depended, and still relies,
on animal carcinogenicity bioassays carried out at doses generally higher than
those routinely encountered by humans. In the absence of detailed understand-
ing of the mechanism driving an effect, default assumptions are made in the
risk assessment process. Examples of defaults include assuming the same bio-
logical processes between humans and animals, assuming that time of exposure
and interindividual variance make no difference to a species’ susceptibility for
a compound and/or assuming a specific shape for dose-response below the ex-
perimental/observational range [56]. Generally, the information used for a risk
assessment comes from epidemiological studies, acute and chronic animal tox-
icity studies, teratology and mutagenicity animal studies, and in vitro studies.
Increasingly, the scientific community is endorsing mechanism-based toxicol-
ogy for cancer risk assessment.

The scientific evidence is generally used to classify an agent into one or more
categories of toxicity such as that used by the US National Toxicology Program
for their Report on Carcinogens, and the International Agency for Research on
Cancer Monograph Series. In these classification schemes, mechanistic research
plays a key role in strengthening or weakening a causal relationship between
cancer and exposure. When the mechanisms involved in carcinogenicity result-
ing from EACs are better understood, the prediction of whether a particular
EAC has carcinogenic potential will improve, and be less dependent on arbi-
trary assumptions.

4.2
Modes of Action

Carcinogens are able to work via many different pathways to increase the mu-
tation frequency in DNA and/or increase the number of target cells, both re-
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sulting in a higher probability for a tumor to develop. Direct and indirect geno-
toxicity (altering metabolism, inhibition of repair mechanisms) have an effect
on the mutation ratio and cell division. However, for EACs no direct genotoxic-
ity has yet been found, but xenoestrogens and phytoestrogen may work through
many, if not all, of the other pathways mentioned above. Besides occupational
exposures, the primary exposure route for humans to EACs is through the food
chain, making both the biological pathways and time of exposure important
considerations. Small disturbances for even a brief time may have profound and
long lasting effects on the individual (e.g., in utero exposure to estrogen can
change the differentiation process of the central nervous system, reproductive
tract, and other organ systems [57, 58]).

4.3
Change in Risk Assessment Approach

The default approach to cancer risk assessment as described in the traditional
EPA paradigm derives risk estimates based on observed response in animals or
humans. Since reliable human dose-response studies are rare, theoretically con-
servative methods such as the linearized multistage model (LMS) are used,
along with the default assumptions, to take into account uncertainty when ex-
trapolating from animal studies.

The LMS model is derived as the upper 95% confidence boundary on a poly-
nomial function whose parameters are adjusted to fit the tumor data, predict-
ing a non-zero response for all non-zero exposure levels [59]. Low-dose extrap-
olations with this model are thought to be conservative and thus protective of
the public health. As generally applied, the LMS model excludes mechanistic
data that might be available on the compound being regulated. Use of mecha-
nistic information with this model or others should improve risk estimates and
avoid potential bias introduced by assumptions and the use of less data [60].

In 1996 the EPA revised its guidelines on cancer risk assessment in which a full
characterization is being emphasized, using all the information available to de-
sign dose-response approaches and expanding the role of mechanistic informa-
tion. As a first step in risk estimation, tumor and mechanistic toxicology data are
used to choose a biologically based model for evaluation in the range of observa-
tion. And, as long as it makes biological sense, this model can be used for extrap-
olation to exposures outside of the experimental/observational range (low-dose
area). If biological models are not available, or there are insufficient data to be
able to build a feasible model, curve fitting using standard statistical approaches
becomes necessary [61]. Whether this statistical approach should consider lin-
earity or non-linearity in the low-dose area will depend on the available data. The
most common statistical method used is the “Benchmark Dose Modeling” ap-
proach, defined as a lower statistical confidence limit for the dose corresponding
to a specified increase in level of health effect over the background level [62]. The
benchmark dose can be used for both carcinogenic and non-carcinogenic health
effects; only the carcinogenic effects will be considered in this chapter, although
one can discuss the importance of non-carcinogenic risk assessment for estro-
gens. For agents believed to have a response proportional to dose, the extrapola-
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tion is linear below the benchmark dose (BD), and for others, a predetermined
margin of exposure (MOE) is used to get an idea on how far exposed humans are
from the effect actually observed in animals (see Fig. 5).

Incorporating biologically-based models for EACs into the risk assessment
process for these compounds, can potentially reduce uncertainties in each step
of this operation. These models reduce reliance upon assumptions for extrapo-
lation issues, like high exposure to low exposure, animal to human, homoge-
neous populations to large heterogeneous populations and combining informa-
tion from in vivo and in vitro systems, are addressed on a scientific basis.
Furthermore, in many cases, exogenous and endogenous hormones work as ag-
onists, antagonists, or as synergists. Even though it is a complicated, interactive
system, the endocrine system is largely available for modeling because much is
known about the regulation, effect, and interactions of natural hormones on
various organ systems.

Biologically-based models also provide mechanistic understanding of phar-
macokinetic and pharmacodynamic behavior, and provide an objective, quanti-
tative structure useful for hypothesis testing. Furthermore, once a physiologi-
cally-based model has been established, it is possible to simply revise it whenever
new toxicological and biological knowledge and data become available, and the
same model structure can be used for other environmental agents with the same,
or with similar mechanisms. Finally, developing mechanistic links between expo-
sure, target tissue dose, short-term exposure and long-term exposure does not
require a priori knowledge on whether a compound has carcinogenic capabilities.
So when mechanisms are considered, risk-assessment for carcinogens and non-
carcinogens can at least partially use the same knowledge base [63].

The requirement of an extensive, quantitative database, which is expensive
and time-consuming to obtain, is one of the disadvantages of mechanistic mod-
eling at this time. It is also time-consuming to create a reliable model as an it-
erative modeling approach is necessary. After a model has been developed, it
needs to be tested by conducting experiments, evaluated against the data and
modified as needed.
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The diverse information available for the action of endogenous estrogen and
EACs needs to be combined into a single model. Building these models uncov-
ers knowledge gaps about such issues as chemical interactions, feedback sys-
tems, and biological connections. Nonetheless, carcinogen risk assessment
needs to move forward, even in the absence of certain information. Thus, for
now a trade-off between mechanism-based risk assessment and the use of
mathematical methods, like the LMS model or BD approach seems inevitable,
keeping in mind that risk assessment is only as good as the information upon
which it is based.

5
Mechanistic Model Development for Estrogens

As described in the risk assessment part of this manuscript, over the last decade
risk assessment in the United States shows a shift towards using physiologically
realistic mathematical models. In order to get an understanding of the dimen-
sions of the task that still lies ahead concerning mechanistic modeling of estro-
gens and estrogen-like compounds, an ideal situation is proposed. And an ex-
ample of a physiologically-based endocrine system model is presented in the
subsequent section.

5.1
Model Types

Even though many studies addressed the carcinogenic effects of estrogens
and estrogen-like compounds in both humans and animals, hardly any mech-
anistic modeling has been done with regard to this subject. This is quite sur-
prising as there is both a quite vast distribution of estrogenic agents in the ex-
ternal milieu, and a crucial role for endogenous estrogens in the endocrine
system.

An ideal situation for EACs would be an overall mechanism based modeling
structure (Fig. 6), in which they are able to interfere on every level, either direct
or indirect. The change in effects or endpoints over the homeostatic back-
ground level, as a result of exogenous interference or even inter-individual vari-
ability, can subsequently be used for risk assessment.

This overall structure incorporates models that are currently being used in
risk assessment, although they still do not displace the current default methods.
Physiologically-based pharmacokinetic (PBPK) models combine detailed
mechanisms by which chemicals are distributed from the external environment
to the target tissues. Down at the cellular level of an organism, mechanisms by
which target tissue doses are converted to adverse biological effects can be de-
scribed by physiologically-based pharmacodynamic (PBPD) models, enclosing
receptor interactions and cell signaling pathways. The third model type widely
used nowadays to quantify risks, in this case tumor incidence rates, from expo-
sure is a multistage model of carcinogenesis.

The task at hand is not only to merge available knowledge into a suitable
physiological model for estrogenicity and associated risks, but also to link these
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Fig. 6. Schematic overview of a complete mechanism-based mathematical model

models together in order to obtain an overall picture of the consequences of a
possible perturbation. Predictions from this model can then be compared to
data, making it possible to refine the model structure consistent with physio-
logical and biological processes.

5.2
Estrus Cycle Model

The shortened textual description of a physiologically based model of the hor-
monal relationships during the rat estrus cycle, as developed by Willems et al.
[64], is useful in visualizing the complexity of the endocrine system. This estrus
cycle model (ECM) incorporates six physiological compartments belonging to
the endocrine system; the hypothalamus (including the hypothalamus-pitu-
itary portal system), the pituitary, the liver, the ovaries, the gastro-intestinal
tract, and the liver (Fig. 7). The changes in hormone levels between these com-
partments are established with ordinary differential equations.

5.2.1
Hypothalamus System

GnRH is chosen as the starting point for describing the estrus cycle. After its
synthesis and release GnRH is transported from the hypothalamus to the



pituitary via the hypophysial portal veins where it stimulates the release of LH
and FSH. Even though in vivo GnRH is excreted in a pulsatile way, this model
assumes a constant signal produced by the intrinsic rhythm of the GnRH cells
[65–67]. On the level of the hypothalamus, free E2 increases the synthesis of
GnRH by receptor activation, and a partial agonist (PA) can compete with this
free E2 for its receptor. The partial transcriptional activation of the estrogen
receptor by the endocrine disrupter is described by the weighing term w.

Cumulative exposure to E2 causes aging of the neuronal network of the
hypothalamus, resulting in a decrease of its intrinsic signal [68] and modeled as
a degradation of the synthesis rate. This can eventually lead to insufficient GnRH
signaling to the pituitary. A second signal that originates in the hypothalamus is
the neurotransmitter, annex hormone, dopamine (Dop), which is considered to
be the predominant inhibiting factor for prolactin (PRL) synthesis [69].
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Fig. 7. Schematic overview of the estrus cycle model. Each compartment is characterized by
physiological and biochemical parameters. There is a blood flow to each tissue (as a fraction
of the total blood flow). The abbreviations of the hormone names (GnRH, Dop, E2, P, LH, FSH,
PRL, and Inh) indicate in which tissues they are synthesized and where they exert their pos-
itive (+) or negative (–) feedback on the endocrine system



5.2.2
Hypothalamus/Pituitary Portal System

GnRH and Dop are transported to their site of action via the hypophysial por-
tal system, which runs directly from the hypothalamus to the pituitary gland
over a distance of several micrometers. It is assumed here that no weakening of
both signals will take place in this system.

5.2.3
Pituitary

Combined with feedback signals provided by E2 and progesterone (P), GnRH
and Dop control synthesis and release of FSH, LH, and PRL. The production of
the gonadotropins LH and FSH is stimulated by the GnRH signals and inhibited
by the instantaneous levels of free E2 and P in the tissue. This model treats the
LH and FSH signals to the ovaries as continuous serum levels.

The preovulatory gonadotropin surge, necessary for follicle growth and ovu-
lation, is induced by an increase in circulating E2 concentrations that stimulates
the secretion of GnRH from the hypothalamus as described before [70, 71] and
enhances pituitary responsiveness to GnRH [72, 73]. This sudden rise in circu-
lating LH and FSH levels is modeled by amplifying the GnRH signal.

The production of PRL by the lactotropic cells is inhibited by Dop, the in-
hibitory effects of which are blocked by E2 [74]. So when the free E2 concentra-
tion in the model exceeds a critical value, the inhibition of Dop is turned off for
as long as the E2 level is elevated. The decreasing responsiveness of the pituitary
gonadotropic membrane receptors [75] is modeled as a linear function of cu-
mulative E2 exposure.

5.2.4
Ovaries

Recruitment and maturation of follicles, ovulation on the day of estrus and the
differentiation of follicular-tissue into luteal tissue [76–78] is controlled by an
interplay of neuronal and hormonal control mechanisms situated in the pitu-
itary and central nervous system. Follicle cohorts need four cycles to grow to a
size large enough to sustain the estrus cycle [79], and individual follicles (con-
sisting of both theca and granulosa cells) are assumed to follow exponential
growth kinetics under the influence of FSH. After ovulation, occurring as a re-
sult of a LH surge, the follicular tissue starts differentiating to luteal tissue and
simultaneously degenerates.

As the follicles grow, they start producing amounts of E2 and inhibin (Inh).
P is synthesized by the granulosa cells during proestrus and its peak is assumed
to be controlled by the proestrus surge of LH [80]. The second P peak that oc-
curs during the afternoon of metestrus arises from the newly formed corpora
lutea (CL) [81]. Finally, simple first-order kinetics describe E2 and P degrada-
tion in the liver. GnRH, LH, FSH, PRL, Inh, and Dop are degraded in the blood
using first order kinetics.
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The next step would be trying to enhance the model, including possible sig-
naling pathways, other tissues involved in endocrine and estrogen signaling, or
linking it with a multistage cancer model. There seem to be numerous possibil-
ities but also just as many data requirements.

6
Discussion

In this chapter we have given an overview of aspects that should be addressed
when discussing the role of estrogens and estrogen-like agents in mechanism-
based carcinogenic risk assessment. In the last decade, enormous amounts of
information have become available with regard to the endocrine system and the
role of estrogen within that system. It has become clear that estrogen, because
of its extensive array of signaling pathways, wide variety of feedback signals,
and large number of target tissues, is not a hormone that can be considered sep-
arately, apart from its interactive role with other hormones or endocrine active
compounds. A broad toxicological approach is necessary to fully investigate its
effect on human health, as opposed to the majority of toxicological studies
conducted these days in which the effects of a single agent on a single target are
examined. This, of course, complicates the assessment as new ways of dealing
with endogenous and exogenous hormone interactions need to be explored.
Furthermore, because the flow of information from biology (e.g., toxicology,
molecular biology, and endocrinology) has grown exponentially, it is prudent
and obvious that some new structure is necessary to comprehend and evaluate
the available knowledge. These methods should include the recognition of the
most significant data and the identification of knowledge gaps.

Even though a considerable amount of information is already available with
regard to the action of endocrine active agents, it is essential that further re-
search in this area be conducted. Methodologies for assessing human and
wildlife health effects should focus on both endpoint effects and on unraveling
mechanisms of action. Currently, there are inadequate in vitro and in vivo test-
ing methodologies for several known potential targets such as the thyroid and
androgen receptor systems. Furthermore, there is hardly any knowledge on the
mechanisms of action of EACs on other endocrine targets, the effect on signal
transduction, the role of new receptors like ER-b in diverse tissues and crosstalk
between membrane-bound and nuclear receptors [82]. So action should be taken
in the form of in vitro assays, short- and long-term in vivo assays, multigenera-
tional studies and quantitative structure-activity relationship (QSAR) models, to
gain more knowledge in these areas. Naturally, these protocols should be under
close scrutiny to determine their advantages and shortcomings, and to be certain
that the most critical gaps are closed first. The most prevalent areas of concern
regarding the action of hormones are their carcinogenicity, the consequences for
reproduction, their neurological effects, and their immunological effects [29],
especially during development. Because these systems are closely intertwined, it
is obvious that “crosstalk” will also take place at this higher level.

It is imperative that any new methods of analysis be more integrative.Animal
data, in vitro assay results, clinical study outcomes, and physical and chemical
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characterizations need to be combined. A way of doing this is by means of bio-
logically-based mathematical modeling, and even though it seems obvious to
model these interactions, many hurdles still need to be overcome. First, one
should know the size, length and time of exposure to estrogens or estrogen-act-
ing compounds. This can be easily controlled in laboratory circumstances, and
might even be predictable for human exposure to man-made chemicals. But lit-
tle information is available describing the background levels caused by the up-
take of, for example, phytoestrogens. Just as important is the question whether
these background levels are the same throughout human lifetime or do peaks
occur at particular moments? And do these moments coincide with more sen-
sitive periods in human development? Keeping in mind that, even without this
background interference, there is a distribution of homeostatic environments,
no single number or set of numbers exists describing all effects and interactions
for all humans. Furthermore, to create a full mechanism-based mathematical
model, separate submodules need to be built first. Physiologically-based phar-
macokinetic and dynamic models, and multistage cancer models are examples
of these submodules. The next step links together these submodules, putting the
emphasis on receptor interactions, signaling pathways, and crosstalk. It ampli-
fies, once again, the importance of working on mechanisms of action rather
than analyzing a single dataset on a single endpoint. A third problem, in work-
ing towards an integrated model for endocrine action, would be the large num-
ber of endogenous hormones and exogenous agents exerting control over an
endocrine system. This is similar to the question on how to approach the analy-
sis of toxicological interactions of chemical mixtures. It is difficult, possibly im-
possible, to obtain and analyze data for every possible combination in, for in-
stance, a 25 chemical mixture. The only realistic chance to deal with this level of
complexity is the integration of PBPK and PBPD modeling with, e.g., Monte
Carlo simulations or other, similar approaches [83].

Even though the issues described above seem complicated, one should keep
in mind that even a small development is an improvement of the status quo in
risk assessment. If done right, development of biologically-based dose-response
models should logically lead to more precise and realistic estimates of risks
than do default methods. In time, biologically-based modeling should also be
able to improve extrapolation to low-dose areas of the dose-effect curve, pro-
viding curve fitting in this area with a more solid scientific background.
Nevertheless, empirical methods to estimate the risks in the lower area of the
curve have also been improved.

The advantages of simpler techniques like the benchmark dose approach, in
which the shape of a model is used to determine a point of departure for risk as-
sessment (as opposed to the no observed adverse effect level, NOAEL), diminish
when mechanistic information is ignored or used improperly. For example, for
cancer, extrapolation below the benchmark dose is still assumed to be linear for
genotoxins, regardless of the shape of the dose-response curve. This assumption
is not based on data [84] and estimation of the risk in the low-dose area could
thus be too conservative or too tolerant. Risk estimation (either at low doses or at
benchmark responses) with biologically-based mechanistic models is more sen-
sitive as subtle changes in an animal’s response are measurable at low-dose expo-
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sure levels, like altered hormonal levels or change in proliferation rates.Assuming
that physiological mechanisms function similarly at both high and low doses,
these subtle changes can be predictive for all types of toxicity and the model
makes it possible to identify potential non-linearity in low-dose response.

Endogenous levels of estrogen already explain some amount of carcino-
genicity, as is the case for breast cancer. In this case, the expected dose-response
turns from a possible non-linear shape into a shape governed by the addition to
an ongoing process and the ability to saturate response on the upper end of the
response curve [85]. The question is no longer whether people are at risk, be-
cause they are, but whether the exogenous exposure is acting by the same
process (in which case response is likely to be proportionate to exposure) and
whether that process has an upper or lower boundary of activity.

Finally, the success of mechanism-based risk assessment will be decided by
the availability of both quantitative and qualitative information from re-
searchers worldwide, and the willingness of researchers to work together. This
need for cooperation might actually turn out to be one of the most challenging
parts of the whole process.
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In this chapter we will address the following question: to what extent does current evidence
from reproductive biology and epidemiology support a causal role for endocrine disrupting
chemicals (EDCs) in the pathogenesis of altered male reproductive function? We have divided
this discussion into two parts; epidemiology, presented first, followed by the relevant repro-
ductive biology. Our discussion will focus primarily on semen quality, testicular cancer, hy-
pospadias, and cryptorchidism, which we will refer to collectively as “adverse male end-
points”. Other male reproductive parameters, including altered prostate development and
prostate cancer, will also be discussed briefly. An historical overview of EDCs, beginning with
the discovery of the first synthetic estrogen in 1933, is presented first.

The adverse male endpoints discussed here can result from perturbations of the hormonal
environment during critical periods in fetal organogenesis. Such perturbations can result
from multiple causes, including genetic defects and alterations in maternal physiology. These
physiological changes are themselves related to a host of factors, which may include EDC ex-
posure. For example, a number of aspects of pregnancy (e.g., birth order, birth weight, and
multiplicity) or the pregnant woman (e.g., maternal age, ethnicity), referred to here as “preg-
nancy-related factors”, may be directly related to prenatal hormone levels and, consequently,
to adverse male endpoints. Additionally, these pregnancy-related factors may themselves
modify effects of EDC exposures. The multiplicity of factors capable of perturbing the pre-
natal hormonal milieu, and the potential for their interactions, presents a challenge to scien-
tists working in this field.

Hormonal exposures incurred by the fetus during normal pregnancy (“endogenous hor-
mones”) will be discussed as possible factors in the development of adverse male endpoints.
We will also review studies on adverse male development in relation to pharmaceuticals with
hormonal activity, particularly those to which the developing fetus may be exposed. These
pharmaceuticals include oral contraceptives, hormones administered for pregnancy support
including diethylstilbestrol (DES) and its congeners, and hormonal pregnancy tests.

For both endogenous and exogenous hormones, the most critical exposure period for ad-
verse male endpoints appears to occur during organogenesis, during the embryonic and fetal
stages of prenatal development. Changes induced by exposures at this time are typically irre-
versible. Moreover, as discussed below, exposure to extremely low doses during this time of
heightened sensitivity may profoundly alter reproductive development. In contrast, repro-
ductive changes induced during adulthood are usually reversible, and much larger doses are
required to alter the reproductive system [1]. The impacts of such large doses on male repro-
duction can be seen in the occupational literature. Studies that report adverse male endpoints
in association with occupational exposure to chemicals that are known or suspected to alter
endocrine function will be summarized. There are also limited data from industrial accidents
that have resulted in population exposure to EDCs and subsequent reproductive damage that
will also be mentioned briefly.
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We then turn to a discussion of the relevant reproductive biology. We begin this section
with a discussion of the biological plausibility that EDCs play a causal role in the develop-
ment of adverse male endpoints. We review laboratory studies showing a causal relationship
between EDCs and adverse male endpoints in animals. We note, however, that these adverse
endpoints can also occur as the result of a variety of factors in addition to developmental ex-
posure to EDCs. This complicates the assessment of causality in studies investigating the re-
lationship of EDCs to adverse male endpoints in human populations. In this regard, we note
the critical absence of literature directly relating adverse male endpoints in humans with
measurements of EDCs at environmental levels. We will discuss reasons for this information
gap and suggest steps to fill it.
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List of Abbreviations

BPA bisphenol A
DAS 4,4¢-diaminostilbene-2,2¢-disulfonic acid
DBCP dibromochloropropane
DDT 2,2-bis(p-chlorophenyl)-1,1,1-trichloroethane
DES diethylstilbestrol
DHT 5a-dihydrotestosterone
EDC endocrine disrupting chemical
EGE ethylene glycol ether
OC oral contraceptive
PCB polychlorinated biphenyl
PSA prostate specific antigen
PVC polyvinylchloride
TTP time to pregnancy

1
Introduction

A broad class of endocrine disrupting chemicals, the polychlorinated biphenyls
(PCBs), were first manufactured in 1929 and widely used in electric transformers,
capacitors, and hydraulic fluids [2]. In 1933, Cook and Dodds described the first
synthetic estrogen and a test for estrogenicity [3]. Three years later Dodds (the
discoverer of diethylstilbestrol, DES) synthesized a class of chemicals with bi-
phenolic structures with full estrogenic activity in rats [4]. Notably this class in-
cluded bisphenol-A (BPA), a chemical subsequently used in the manufacture of
Bakelite and other plastics, and currently the subject of intensive study. DES was
widely distributed soon after its discovery under a variety of trade names and for
a range of indications [5]. Approval for use in pregnancy was obtained in 1947,
despite considerable concern about its carcinogenic potential. Soon afterwards it
was noted that not only pharmaceuticals, but also environmental chemicals, pos-
sessed hormonal activity. In 1950 Burlington published the first observation in
support of the estrogenicity of the widely used pesticide 2,2-bis(p-chlorophenyl)-
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1,1,1-trichloroethane (DDT) [6]. Other reports of the estrogenicity of organo-
chlorine pesticides appeared during the 1950s and 1960s when the use of these
pesticides was at its height in the United States. For example, female-female pair-
ings and significantly decreased male to female sex ratio in gull populations were
observed [7, 8]. In the ensuing years, reproductive damage to wildlife, attributed
to DDT, other pesticides and industrial chemicals with estrogenic, antiandro-
genic, and antithyroid activity, was reported with growing frequency. DDT use
was restricted in the United States in 1972 [9], and PCBs were banned shortly
thereafter, following the enactment of the Toxic Substances Control Act in 1976.

In 1975, the first Conference on Estrogens in the Environment was held to ad-
dress concerns that environmental chemicals with estrogenic properties could
alter sexual development in the exposed offspring. The immediate focus of con-
cern was a large cluster of premature breast development in Puerto Rico, which
has continued until the present. This phenomenon remains largely unex-
plained, though hormone contaminated food products and waste products
from the manufacture of oral contraceptives were suspected [10]. The suspicion
that an estrogenic compound was a likely explanation had been heightened by
the discovery in 1971 that prenatal exposure to DES resulted in a rare vaginal
cancer in a small proportion of the exposed offspring and also caused numer-
ous other abnormalities in the reproductive system in a much greater propor-
tion. DES was thus identified as a human transplacental carcinogen [11] and as
a teratogen targeting the developing genital tract [12]. By the mid-1970s it was
well established that exposure to DES during prenatal development was capable
of profoundly altering reproductive development in both males and females. In
the quarter century that followed, these initial DES findings were replicated and
model systems developed to explicate mechanisms of action. These findings
profoundly influenced the ensuing science. One consequence was the develop-
ment of the field of teratology, a discipline devoted to the study of adverse ef-
fects of such prenatal exposures.

At the same time as DES was becoming recognized as a transplacental car-
cinogen, transplacental effects were reported in children exposed to potent en-
docrine disruptors, not through pharmaceuticals, but in environmental set-
tings, e.g., in Yusho [13] and Yu-Cheng [14]. In addition, sterility or subfertility
was documented following high exposures in occupational settings, e.g., dibro-
mochloropropane [15], ethylene dibromide [16], and kepone [17]. These
episodes alerted the scientific community to the range of organic chemicals ca-
pable of profoundly altering human reproductive development. Further, several
widely used environmental chemicals had been shown to alter endocrine func-
tion in the laboratory, and there was growing evidence that these chemicals
were disrupting development in wildlife. However, it was not until the first
Wingspread Conference in 1991 that the potential of these chemicals to impact
profoundly human health at background levels present in the environment be-
gan to be appreciated [18]. By then concern about the potential health effects of
environmental estrogens had broadened to encompass a variety of chemicals
that had the potential to alter endocrine function, agents that soon became
known as Endocrine Disrupting Chemicals (EDCs). It has more recently been
recognized that endocrine disruption refers not just to disruption of hormonal
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messengers transported in blood, but to disruption of any component of sig-
naling systems that are involved in intercellular communication.

Concern about the health consequences of environmental EDCs has largely
focused on male reproductive health, in contrast to the research on DES that was
conducted primarily in prenatally exposed females. This may be a consequence,
in part, of the difficulty in examining the reproductive tract of young females, an
examination that requires invasive techniques such as those used to screen DES-
exposed females at puberty or later. Since only the grossest of genital tract de-
fects in females can be ascertained in infancy, no population-based surveillance
data on these hidden reproductive endpoints are available. In contrast, a large lit-
erature describes the etiology and epidemiology of male genital tract anomalies,
outcomes that can be ascertained at birth or by the end of the first year of life.
Furthermore, population studies of biomarkers of female reproductive health
(such as serum hormone levels) have not been conducted until recently. In con-
trast, the literature on semen quality dates from 1929 when the hemocytometer
(designed originally to count white cells) was first used to count sperm [19].

As early as the 1970s, authors expressed concern that environmental factors
may be contributing to a decline in male reproductive function. For example,
Nelson and Bunge found sperm concentrations in 1970–1973 to be markedly
lower than those reported in 1951 [20] and concluded: “The overall decrease in
the sperm concentration and the semen volumes would tend to incriminate an
environmental factor to which the entire population has been exposed” [21].
This study, and other analyses of historical data on semen quality [22, 23], which
found declines in sperm density and suggested environmental causes, went rel-
atively unnoticed. However, a 1992 analysis by Carlsen and colleagues, the most
extensive such analysis published up until that time [24], was widely discussed,
criticized, and reanalyzed, reflecting the considerable controversy concerning
the safety of environmental chemicals in which the sperm decline issue had be-
come imbedded. The link between a decline in sperm count and environmental
factors was made more plausible by experimental evidence that developmental
exposure to doses of estrogenic EDCs within the range of human exposure can
permanently alter testicular function and decrease sperm production in labora-
tory animals [25, 26].

Sharpe and Skakkebaek noted in 1993 that decreasing sperm concentrations in
Western countries were often paralleled by increases in the incidence of testicular
cancer and male genital tract abnormalities. These authors suggested that since
these reproductive endpoints share a common hormonal influence, they may re-
sult from a common cause and suggested prenatal disruption of Sertoli cell for-
mation, a hormonally sensitive process [27]. Several authors [27–29] have hy-
pothesized that these related trends might be the result of prenatal “over exposure”
to endogenous estrogen, or possibly environmental estrogens. However, as these
authors are careful to note, this is,as yet,a hypothesis to be tested in humans.Some
authors have argued that it is unlikely that estrogenic compounds could have pro-
duced these trends. Other authors have questioned the validity of the trend analy-
ses underlying this hypothesis [30, 31]. Here we review these trend analyses, be-
ginning with semen quality and sperm density in particular, the measure of male
reproductive function that has generated the greatest controversy to date.
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2
Temporal Trends and Geographic Variability in Adverse Male Endpoints

2.1
Semen Quality

The question of a possible decline in semen quality was catalyzed in 1992 by the
analysis of sperm concentration from 61 studies that had been conducted
throughout the world and published between 1938 and 1990 [24]. This analysis,
which used simple linear regression to model the changes in sperm concentra-
tion over time, concluded: “. . .reports published worldwide indicate clearly that
sperm concentration has declined appreciably during 1938–1990”.

On visual inspection these data [24] appear consistent with a model in which
sperm density “levels off”, or possibly increases slightly, after 1970 (See Fig. 1).
This observation led several authors to question the use of a linear model [32,
33] and propose alternative models [34]. However, none of the models initially
proposed accounted for the geographic distribution of these 61 studies, which
varied considerably over the study period. For example, 11 of the 13 studies
published before 1970 were conducted in the United States, while non-Western
studies were few (n=14) and not published until 1978. Three analyses at-
tempted to account for this unequal distribution of studies using different sta-
tistical models (see Table 1). Bahadur et al. [35] divided the studies into three
strata, or “regions” (USA, Europe and elsewhere), and fitted separate linear re-
gression models to each of these regions. The analysis by Becker and Berhane
[36] was the first to reanalyze this data set using multiple regression methods.
This latter analysis controlled for geographic region and type of study popula-
tion, as defined by Carlsen (men of proven fertility or not). Becker’s final model,
which compared the slope for US studies to those from non-US studies, fitted
the data somewhat better than did previous models.

Swan et al. [37] abstracted data from the studies analyzed by Carlsen in order
to control for additional variables, such as age, abstinence time, method of spec-
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Fig. 1. Linear regression of mean sperm density reported in 61 publications 1938–1990 (data
from [24])
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Table 1. Global trends in sperm concentration: reanalyses of Carlsen et al. [24]

Author Model Covariates Adjust- Geographic 
(year) ed R2 region(s)

Carlsen Linear None 0.36 All
et al. [24]
Olsen et al. Quadratic None 0.42 All
[34]

Spline None 0.44 All

Step None 0.45 All

Bahadur et Linear None 0.71 USA only
al. [35]

Quadratic None 0.69 USA only

Linear None 0.04 Europe 
only

Linear None 0.00 Other count-
ries only

Becker and Linear Region, 0.51 Single model;
Berhane region¥ USA and 
[36] year, and non-USA

population�

Linear None 0.72 USA only
Linear None 0.02 Non-USA 

only
Linear None 0.07 Europe 

only

Swan et al. Linear Multiple�� 0.80 Single model:
[37] USA, Europe,

Other

Quadratic Multiple�� 0.78 Single model:
USA, Europe,
Other 

Spline Multiple�� 0.79 Single model:
USA, Europe,
Other 

Step Multiple�� 0.72 Single model:
USA, Europe,
Other 

Results

Slope =– 0.93 (<0.0001)

Quadratic term stated to 
be significant 
(no probability given)
Slopes pre-and post-1978:
–1.40 and +0.89 respectively
Mean counts pre- and post-
1964 109.7 and 72.7 
p<0.0001 (no slope given)

p<0.0001 (quadratic term 
not significant)
p=0.32

p=0.46

Significant slope for USA 
(–1.30); non-USA not signi-
ficantly different from USA

Slope –1.30 (p<0.002)
Slope –0.33 (not significant).

Slope –0.47 (not significant 
but not significantly 
different from USA)
Slope for USA (–1.50),
Europe (–3.13) significant;
slope for Other countries 
(+1.56) not significant
Curvature (quadratic terms) 
not significant for any region 

USA slope pre-and post-
1970similar 
(–1.52 and – 1.47)
Post-1970 means (US, Europe,
Other) significantly lower 
than pre-1970 mean in USA 
(67.7, 75.0, 58.3 vs 106.7) 
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Fig. 2. Temporal and regional variation in mean sperm density (1938–1990) controlling for
abstinence time, age, method of specimen collection, fertility status, study goal, and interac-
tion of region and study year [37]

Table 2. Studies of local trends in semen quality: men from infertility clinics

Author (year) Location Years Results

Bendvold et al. [237] Stockholm, 1956–1986 Decrease in total count and normal 
Sweden morphologya

Adamopoulos et al. [238] Athens, 1977–1993 Decrease in total count and volume a

Greece
de Mouzon et al. [239] France 1989–1994 Decrease in concentration by year 

of birth after 1950
Menchini-Fabris et al. Pisa, Italy 1975–1994 Decrease in concentration and motility
[240]
Vierula et al. [241] Two cities, 1967–1994 No change in concentration and count,

Finland decrease in volume
Berling and Wolner- Lund, 1985–1995 Increase in concentration, motility, nor-
Hanssen [242] Sweden mal morphology; decrease in volume
Rasmussen et al. [243] Odense, 1990–1996 No change in concentration or volume 

Denmark by year of birth
Zheng et al. [244] Four centers, 1968–1992 Decrease in concentration by year of

Denmark birth after 1950 (not before)
Younglai et al. [245] 11 centers, 1984–1996 Decrease in concentration 

Canada
Tortolero et al. [246] Merida, 1981–1995 Decrease in % men with high concen-

Venezuela tration (>200¥106/ml)

a Sperm concentration not reported.



imen collection, and percent of men with proven fertility, factors that might ac-
count for the observed decline, in whole or in part. In this analysis, studies were
grouped into those from the US, Europe/Australia, and other (non-Western)
countries. This analysis employed multiple regression analyses that included the
entire data set in a single model, while allowing for different slopes in each re-
gion, a more powerful statistical technique than fitting separate models to each
region. The result was a linear model that fitted the data better than those previ-
ously published and which demonstrated a significant decline, on average, in the
United States (about 1.5% per year) and in Europe/Australia (about 3% per
year) but not elsewhere (Fig. 2). Nonlinear models such as quadratic and spline
did not improve this fit. Restricting the analysis to studies published between
1970 and 1990 demonstrated similar declines in mean sperm density in the US
and Europe/Australia to those seen for the entire study period [38].

Variability between areas in the rates at which mean sperm density declined
was demonstrated in these reanalyses. Heterogeneity is also demonstrated in the
many local trend studies that have been published since 1992. Some of these have
demonstrated declines in sperm density [39–41] within cities or countries, while
others have found no decline or even slight increases in the last 20 years [42–44].
We have separated those studies conducted on men recruited through infertility
clinics (Table 2) and those including candidate semen donors or other men un-
selected with respect to fertility (Table 3). These data demonstrate considerable
temporal and geographic variation in sperm density and other semen parame-
ters. Determining how much of this variation is attributable to environmental
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Table 3. Studies of local trends in semen quality: unselected or fertile men

Author Location Years Source Results

Wittmaack and  Wisconsin, 1978–1987 Candidate No change in concentration 
Shapiro [44] USA donor or motility
Auger et al. [39] Paris, France 1973–1992 Candidate Decrease in concentration,

donor motility and normal 
morphology

Fisch et al. [42] Three cities, 1970–1994 Pre- No change in concentration
USA vasectomy (increase for two cities)

Bujan et al. [247] Toulouse, 1977–1992 Candidate No change in concentration
France donor

Paulsen et al. [43] Washington, 1972–1993 Candidate No change in any parameter
USA donor

Van Waeleghem Ghent, 1977–1995 Candidate Decrease in concentration,
et al. [41] Belgium donor motility and morphology
Irvine et al. [40] Edinburgh, 1984–1995 Candidate Decrease in all parameters

Scotland donor by birth year
Bonde et al. [248] Three cities, 1986–1995 Occupational Decrease in concentration

Denmark cohort and count with year of birth
Gyllenborg et al. Copenhagen, 1977–1995 Candidate Increase in concentration,
[249] Denmark donor decrease in motility 



factors and how much to methodological differences between studies, or true
non-environmental differences (e.g., ethnicity or smoking), requires coordi-
nated multinational studies of the kind we describe in our conclusions.

Have decreases in sperm concentration been accompanied by decreases in
fertility? While one might expect sperm count to be directly correlated with fer-
tility, this relationship is surprisingly complex. It is, first of all, complicated by
the measure of fertility that is used. The simplest, and most uniformly recorded
measure, number of births per population unit (e.g., among couples of repro-
ductive age) reflects multiple factors, including voluntary delay of childbearing
and contraception. For this reason, the reported decreases in fertility in many
parts of the world that utilize this statistic [45] are unlikely to be informative
about trends in true reproductive potential. On the other hand, a relationship
between time to pregnancy (TTP), a more sensitive measure of reproductive ca-
pacity, and sperm density has been demonstrated in a recent Danish study [46].
This study found a significantly longer TTP among men with sperm density be-
low 40¥106/ml. Thus a trend towards decreasing sperm density, particularly
one that implies a substantial increase in the proportion of the male population
with sperm density below 40¥106/ml, would be expected to impact fertility.

2.2
Incidence of Testicular and Prostate Cancer

Testicular cancer incidence has increased significantly for at least the past 20
years in most of the Caucasian populations that have been studied. For exam-
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Fig. 3. Trends in age-standardized (world standard population) incidence rates of testicular
cancer [47]



ple, between 1943 and 1989 testicular cancer incidence increased by 2.3–3.4%
annually in Nordic countries, where rates are high, particularly in men born af-
ter 1950 and in men aged 25–34 [29, 47, 48] (see Fig. 3).

This trend in testicular cancer rates has been particularly marked in
Denmark, where the incidence of both seminomas and nonseminomas has
been rising for several decades [49].

Data from the United States show an overall increased incidence between
1974 and 1994. For white males the increase was similar to that seen in the
Nordic countries, about 2.4 % per year (3.2 per 100,000 to 5.6 per 100,000), with
little change seen among African-American males, in whom testicular cancer
rates remain very low (<1 per 100,000) [50]. For example, in Alameda County,
California, incidence in whites increased 71% between 1964 and 1987 (from 3.1
to 5.9 per 100,000) while only a slight increase was seen in African-Americans
(0.0–0.7 per 100,000) [29]. Recently, increased risks of both seminomas and
nonseminomas have been reported in Canada, particularly among cohorts of
men born after 1950 [51]. Trends in Asian men, in whom testicular cancer rates
are generally low, are inconsistent, with no change seen in China, India, or
Chinese in Singapore, but increases among Japanese living in Japan and Hawaii
[29]. Thus, both incidence rates and trends in testicular cancer rates appear to
vary with both geographic region and ethnicity.

As with testicular cancer, prostate cancer rates showed a steady increase from
the 1960s through the mid-1980s. However, once the use of the prostate specific
antigen (PSA) test became widespread in the mid-1980s, trend data became dif-
ficult to interpret. Prostate cancer rates are highest in Northern Europe and
North America. Unlike testicular cancer, incidence and mortality in the United
States are highest among African-Americans [52]. Why African-Americans
show a markedly higher incidence of prostate cancer and a markedly lower in-
cidence of testicular cancer relative to Caucasians remains unknown.

2.3
Incidence of Hypospadias

An increase in the incidence of hypospadias was reported in 1975 by the newly
instituted Norwegian birth defects monitoring system. While the number of
cases in this report was small [53], a continuation of this initial increase was re-
ported subsequently [54]. Czeizel [55] examined rates of isolated hypospadias
in Hungary between 1971 and 1983 and found that the incidence had increased
significantly (p<0.01). Matlai and Beral [56] examined rates of malformations
reported at birth and found a significant rise in cryptorchidism, hypospadias,
and hydrocele between 1969 and 1983 in England and Wales (all p-values
<0.001). A recent study in the United States reported a doubling of hypospadias
rates between 1970 and 1993 (from 2 per 1000 to 4 per 1000) [57]. This increase
was more marked among the most severe cases, which are least likely to be sub-
ject to diagnostic bias. Recent data from the International Clearinghouse for
Birth Defects Monitoring Systems for 1960–1990 [54] show a leveling off, or a
decline, in hypospadias rates in Hungary, Sweden, England, and Wales, begin-
ning in the early 1980s. More recently Paulozzi [58] reviewed international
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trends through 1997 and found considerably variation within and between re-
gions over time. He also noted that the incidence of hypospadias had leveled off,
or declined somewhat, in the mid-1980s in many countries in which a rise had
been seen previously. While these trends in hypospadias are less variable than
those reported for sperm density and testicular cancer, the populations in
which trends in hypospadias (and cryptorchidism) have been examined are
quite homogeneous, limited, primarily, to Caucasian (European and North
American) populations.

2.4
Incidence of Cryptorchidism

Rates of cryptorchidism are difficult to compare geographically or temporally
because of their sensitivity to such factors as age at diagnosis, diagnostic
practice, and age at orchidopexy. Nevertheless, it is notable that substantial
increases have been reported in many countries in Northern Europe and the
US since the mid-1950s. These trends are consistent with those for testicular
cancer, for which cryptorchidism is a significant risk factor. In 1984 Chilvers
et al. [59] reported an increase in the incidence of cryptorchidism in England
and Wales, most marked among boys under ten years. Using hospital dis-
charge data, the authors estimated that the cumulative incidence of crypt-
orchidism by age 15 had risen from 1.4 % to 2.9 % between 1952 and 1977.
These authors suggested that a trend towards earlier (and possibly unneces-
sary) orchidopexy might have contributed to this increase. The incidence of
cryptorchidism was assessed at three months of age among boys born in the
Oxford area, using studies of similar design, at three points in time. The
incidence among infants born 1984 – 1985 (1.58 %) [60] was somewhat higher
than that reported by Scorer [61] for births in the 1950s (0.96 %). When this
study was repeated for births in 1984 – 1988 the incidence was further
increased (1.85 %) [62], suggesting a doubling of risk between the 1950s and
the late 1980s. In Scotland the number of hospital discharges for crypt-
orchidism among of boys less than 15 years of age increased substantially
between 1961 and 1985. Data from the International Clearinghouse for Birth
Defects Monitoring Systems [54] indicate that between 1974 – 1988 rates of
cryptorchidism had increased throughout Scandinavia, with the exception of
Sweden. In a recent review Paulozzi [58] examined more recent data, both
published and unpublished, to update these analyses. He noted that in several
countries in which incidence of cryptorchidism had been increasing, rates
have remained constant (or in some cases declined) since the mid-1980s.

3
Adverse Male Endpoints in Relation to Exogenous Hormone Exposure

In this section we review the available literature on adverse male endpoints in
relation to prenatal exposure to exogenous hormones, including DES. Often
these exposures were ascertained more than 25 years after their use, making
identification of specific hormones difficult. While some of these studies were
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Table 4. Prenatal exposure to DES and other hormones; risk of testicular cancer

Author N(cases) N(controls) RR

Henderson et al. [250] 78 78 5.0a (p=0.11)
4.3 b (p=0.01) 

Schottenfeld et al. 190c 166 (hospital) 1.8 c (p=0.20)
[251] 143 (neighborhood) 2.0c (p=0.17)
Depue et al. [63] 108 108 8.0 d (p=0.02)
Brown et al. [64] 225 213 0.8 e (NS)
Gershman and Stolley 79 79 Two exposed cases vs 0 
[65] exposed controls c (NS)

a Hormone treatment not further specified.
b Hormone treatment or excessive nausea.
c Drug use for bleeding, spotting and/or threatened abortion (DES, other hormones or 

unknown).
d Exogenous hormones during first trimester of index pregnancy.
e Exogenous hormones during the index pregnancy.

able to estimate associations with DES specifically, others grouped exposures
into such headings as “hormones to prevent miscarriages”. Thus, estimates of
these associations are often imprecise.

3.1
Testicular Cancer

Because of its low incidence, testicular cancer studies are most often of case-
control design. In addition, most studies that examined risk associated with ex-
ogenous hormone use defined prenatal exogenous broadly. These studies are
summarized in Table 4 where exposure definitions are footnoted. Depue et al.
[63] found an eightfold increased risk associated with exogenous hormone use
in the first two months of pregnancy (p=0.02). History of a hormonal preg-
nancy test (estrogen-progestin) was the most frequent source of exogenous es-
trogen exposure. Overall, the associations between prenatal hormone exposure
and testicular cancer tend to be positive, but studies are of limited statistical
power and some studies found no association [64, 65].

3.2
Male Genital Tract Abnormalities and Semen Quality

Several DES-exposed cohorts and appropriate unexposed controls have been
surveyed to examine the relationship between DES and both genital tract mal-
formations and semen quality. Most of these studies demonstrate reproductive
alterations in DES sons (Table 5).

The literature is less consistent with respect to exposure to oral contracep-
tives, or exogenous hormone exposure defined more generally. In an interna-
tional study from eight birth defect monitoring programs, a significant associ-



ation was seen between hormone therapy during pregnancy and hypospadias
(OR=2.8, 95% CI 1.2, 6.9) [66]. In Hungary a significant correlation (R=0.85)
between the sale of progestagens and isolated hypospadias was reported [55]
but this was not confirmed in a later Hungarian study [67]. Rothman and Louik
[68] found an increased risk for cryptorchidism for oral contraceptive (OC) use
within one month of conception in comparison to pregnancies with no OC use
within 36 months of conception (15.3 per 1000 vs 8.1 per 1000). These authors
found no excess (or a possible decrease) in risk of hypospadias associated with
recent OC use. In a matched case-control analysis Depue [69] found a relative
risk of 2.8 (p=0.03) for cryptorchidism associated with exogenous estrogen use
(most often DES), but no increased risk for use of progestins or oral contracep-
tives (OCs) during pregnancy. On the other hand, several authors have found
little or no connection between any exogenous hormone use during pregnancy
and risk of cryptorchidism [70, 71] or hypospadias [72]. In fact, the possible ef-
fects of early exogenous hormonal exposures have not been well studied and,
given the large potential for exposure, this is an important research need.
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Table 5. Prenatal exposure to DES; cryptorchidism and other genital abnormalities

Author DES+ DES– Cryptorchidism Other urogenital Impaired
(DES+ vs DES–) abnormalities semen

(DES+ vs DES–) quality

Henderson et 225 111 3 vs 1 (no Difficulty passing Not studied
al. [252]; p-value given) urine (p=0.0003) 
Cosgrove et al. and penile 
[253] abnormalities 

(p=0.017)
Andonian and 24 24 Not reported 13% vs 8% (NS) 17% vs 20% 
Kessler [254] (NS) a

Gill et al. [255] 308 307 5.5% vs 0.3% 31.5% vs 18% vs 8% a

(p<0.005) 7.8% p<0.005 b (p<0.05)
Driscoll and 31 Two control Not reported p<0.001 d Not applicable
Taylor [229] c groups:

31 each
Leary et al. 265 274 Not reported No significant No significant 
[256] differences differences
Shy et al. [257] 51 29 8% vs 0% 35% vs 4% 21% vs 0% 

(p=0.07) (p=0.0006) e (p<0.025) f

Wilcox et al. 253 241 Not reported 15% vs 5% Not reported
[258] (p<0.01) g

a Severe pathological changes (Eliasson score >10).
b One or more of: epididymal cysts, hypoplastic testis, microphallus.
c Autopsy findings in male perinates exposed to estrogens with or without progestins.
d Prostate abnormalities; high ratio of Leydig cells to spermatogenic cells in the testis.
e Any genital abnormality except varicocele by physical exam.
f Only poor forward progression more frequent in exposed men.
g Significantly higher rate of abnormalities among men exposed before week 11 of gestation.



4
Adverse Male Endpoints in Relation to Endogenous Hormone Exposure

While few data are available on pregnancy hormone levels in relation to adverse
male endpoints, the literature supports relationships between these endpoints
and several other pregnancy-related factors. There are also data suggesting that
these factors, in turn, are reflective of the hormonal milieu of pregnancy. Birth
order (and the correlated variable, maternal age) is quite consistently associated
with adverse male reproductive outcomes, with risks of testicular cancer (par-
ticularly seminomas), cryptorchidism, and hypospadias greater among first
birth. This elevated risk may be related to a higher level of estradiol [73–75],
particularly unbound estradiol [76], in first compared to later pregnancies. The
increase in risk was, in some studies, most marked among women experiencing
their first birth at an older age. This finding may reflect a higher level of free
estradiol in pregnancy among women delaying their first pregnancy until later
in life. Bernstein et al. found free estradiol to be similar in young nulliparas and
parous women, but to be higher among women having their first birth after age
34 [77]. Increased testosterone levels seen in the first trimester of first pregnan-
cies (compared to later pregnancies) may also play a role in the increase in risk
of these adverse male outcomes in first births [75].

Most studies also support an increased risk of testicular cancer, hypospadias,
and cryptorchidism in association with low birth weight (and the correlated
variable, prematurity). As discussed below, it is likely that this increase in risk
reflects intrauterine growth retardation rather than preterm birth, per se.

We attempted to examine risks of these adverse male endpoints in relation to
ethnicity. However, ethnic categories are themselves quite heterogeneous, and
vary from one region to another, making it difficult to draw conclusions about
ethnic variation. The strongest and most consistent association with ethnicity is
seen for testicular cancer. The incidence of testicular cancer varies about ten-
fold, worldwide, from 0.7 per 1000 in African Americans to nearly 1% (8.4 per
1000) in Denmark. This may be related to a lower serum testosterone level dur-
ing the first trimester of pregnancy that has been reported in whites compared
to African-Americans 78 which would suggest a role for reduced testosterone
levels during early pregnancy in the etiology of testicular cancer and possibly
cryptorchidism. The negative association for fetal serum testosterone and sub-
sequent testicular cancer suggested by this comparison of testicular cancer
rates in African-Americans and Caucasians appears inconsistent with the posi-
tive association suggested by the comparison of first with subsequent births de-
scribed above. This suggests that any association between prenatal testosterone
exposure and testicular cancer risk may be modified by ethnicity. In any case,
the data presented here are inadequate to conclude that association between
ethnicity and testicular cancer is, in whole or part, attributable to differences in
endogenous hormone levels.
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4.1
Testicular Cancer

First-born children have been found to be at increased risk of testicular cancer,
though not consistently. The influences of birth order and maternal age appear
to interact. The picture is further complicated by different patterns of associa-
tion for seminomas and nonseminomas. Møller and Skakkebaek [79] examined
this question and found that for seminomas the increased risk conveyed by older
maternal age was most marked for first births (OR=4.1, 95% CI 1.1–14.6).
However, this pattern was not seen for nonseminomas. Consistent with this find-
ing, Akre et al. [80] found the associations between maternal age and the risk of
seminomas and nonseminomas to be opposite; risk increased 1.13 per 5 years of
age for seminomas but decreased 0.86 per 5 years for nonseminomas (p=0.054
for difference in trend). Prener et al. [81] found the risk of testicular cancer to be
greater in first births; adjusted relative risk (ARR) for births of order four or
higher relative to first births was 0.3 (95% CI 0.1–0.8). This association was par-
ticularly strong for seminomas (ARR=0.1, 95% CI 0.02–0.9). On the other hand,
Westergaard et al. [82] found the association between testicular cancer and birth
order to be similar for seminomas and nonseminomas, while Moss et al. [83]
found no association between testicular cancer risk and either birth order or
maternal age.

Most studies that have examined testicular cancer risk in relation to low
birth weight and prematurity found one or the other of these correlated vari-
ables to be associated with increased risk. Brown et al. [64] examined the joint
effect of these variables and found a 12-fold increased risk for testicular cancer
among infants weighing 5 lb. or less (95% confidence interval (CI 2.8–78.1)), a
risk that was greater for shorter gestation (RR=16.9, 95% CI 2.3–346.7).
However, fetal age at birth (gestational age) was not associated with risk of testis
cancer independent of birth weight. Similarly, Møller and Skakkebaek [79]
found significantly increased risk for births less than 3000 and 2500 g (OR=1.5
and 2.6 respectively) but no association with gestational age. Depue [69] found
a threefold increased risk of testicular cancer among infants weighing less than
6 lb. (95% CI 1.2–8.4). This study did not examine prematurity. Gershman and
Stolley [65] found a significant tenfold increase in risk of testicular cancer for
premature births, but did not examine birth weight. Two studies that examined
seminomas and nonseminomas separately [79, 80] found the association of
these variables to be stronger with nonseminomas than seminomas.

Risk of testicular cancer has also been studied in twins compared to single-
ton pregnancies. While little difference in testicular cancer incidence was seen
relative to the general population for monozygotic twins, among dizygotic
twins there was a 60% excess incidence (p<0.05). The ratio of observed to ex-
pected cases was greatest in men less than 35 years old (O/E ratio=2.6, 95% CI
1.1–4.2) [84]. This may be related to the elevation in maternal hormonal levels
in twin pregnancies relative to singleton pregnancies, with the greatest differ-
ences seen in dizygotic pregnancies. These increases, summarized by Braun et
al. [84], include a doubling of estrogen, human chorionic gonadotropin, and hu-
man placental lactogen.
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With respect to prostate cancer, there is no evidence that either birth order
or maternal age is related to risk [85]. In relation to low birth weight and pre-
maturity, the pattern for prostate cancer appears to be opposite to that seen for
testicular cancer. Ekbom et al. [85] found no premature births among 80 cases,
compared to 6% of 196 controls (p=0.02) although mean birth weight was
higher, though not significantly, among cases. Ross and Henderson [86] suggest
that the dramatic (approximately 30-fold) difference in risk of prostate cancer
between African-American and Japanese and Chinese men may be due, in part,
to differences in androgen secretion and metabolism. For example, higher
testosterone levels have been found in maternal serum of African-Americans
[78], as well as in young adult males [87].

4.2
Cryptorchidism

Depue [69] suggested that elevated levels of free estradiol, particularly early in
the first trimester, may produce hypoplastic testis, a risk factor for crypt-
orchidism [88]. Bernstein et al. [89] reported a significant 20% elevation in free
estradiol in cryptorchid males compared to normal controls. Burton et al. [90],
on the other hand, reported a 30% lower estradiol level in cases, though this was
not statistically significant, and free estradiol was not examined, so these find-
ings are not necessarily inconsistent. Key et al. [75] found serum testosterone in
case mothers to be 25% lower in gestational weeks 6–14 (n=18, p=0.06), but
22% higher in weeks 15–20, though this latter group was small (n=10, p=0.18).
This suggests that failure to control for gestational age at the time of serum
sampling may account for some of the differences between study results.

Consistent with the findings on testicular cancer, a higher risk of crypt-
orchidism has been seen for first births [91, 92] though this too has not been
seen consistently. Møller and Skakkebaek [79] reported a strongly decreased
risk with higher birth order (AOR=0.5 for birth order 4+, p-value for trend=
0.03), and Hjertqvist et al. [92] reported a significantly increased risk for first
births (p<0.001). On the other hand, Key et al. [75] found no association be-
tween birth order and risk of cryptorchidism.

Low birth weight is consistently associated with an increased risk of crypt-
orchidism, independent of gestational age. Møller and Skakkebaek [79] found
the risk of cryptorchidism to be inversely correlated with birth weight, with
odds ratios ranging from 0.4 for births of 4500+ g to 2.3 for births less than
2500 g (p-value for trend, 0.001). These authors found little association between
cryptorchidism and gestational age. Similarly, Jones and colleagues [93] found
low birth weight to be significantly associated with cryptorchidism, with no ef-
fect of gestational age after controlling for birth weight.

In one study, geometric mean testosterone during gestational weeks 6–14
was reduced 25% (p=0.06) in whites compared to African-Americans [75]. A
threefold greater risk of cryptorchidism in births to whites compared to
African-Americans was reported in Los Angeles [78], a difference consistent
with the far greater incidence of testicular cancer in whites in the United States.
On the other hand, a cohort study in New York found no significant differences
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in ethnicity-specific prevalence rates of cryptorchidism at three months or one
year of age [94].

We have focused this discussion on the maternal environment. However,
there are two findings suggesting a possible role for paternal influence. Sweet
and colleagues [95] reported a greater incidence of scrotal and testicular anom-
alies of the scrotum or testes in fathers of cases of hypospadias compared to
normal controls (35% vs 3%, p<0.001). Sperm concentration was also reduced
among case fathers, but numbers were small. More recently, Fritz and Czeizel
[96] reported poorer semen quality in fathers of cases of hypospadias com-
pared to controls; p<0.02 for differences in sperm concentration, percent
motile, and several morphological defects.

4.3
Hypospadias

Hypospadias, which arises between weeks 6–14 of human embryonic develop-
ment, can be regarded as a mild form of incomplete masculinization, a process
that is androgen driven, and thus plausibly linked to endogenous hormone levels
during pregnancy. Few studies on hypospadias have examined the association
with birth order. Kallen et al. [97] found no association between birth order and
hypospadias overall, but a higher risk among women over 40 at first birth, con-
sistent with findings of Hay and Barbano [98], and consistent with the increase in
risk of testicular cancer among women having their first birth at an older age.

Kallen et al. [97] reported an approximately doubled incidence of low birth
weight (under 2500 g) in cases of hypospadias from seven national registries.
An increased risk for premature birth was seen only among infants weighing
less than 2500 g. An association between hypospadias and low birth weight is
strengthened by the recent finding from a study of monozygotic twins discor-
dant for hypospadias; in 16 out of 18 twins, the hypospadias occurred in the
twin of lower birth weight (mean difference in birth weight 498 g; p<0.01) [99].

In the Collaborative Perinatal Project, which recorded diagnoses of hy-
pospadias at birth hospital across the United States, rates in whites were some-
what elevated compared to African-Americans (8.1 per 1000 vs 6.9 per 1000)
and Puerto Rican (5.2 per 1000) births. Based on data from The International
Clearinghouse for Birth Defects Monitoring Systems (ICBDMS) rates of
hypospadias in Asian populations (Tokyo and Szechwan) were reduced relative
to those in the United States. However, comparisons across registries are highly
problematic because of the range of diagnostic definitions that may be
utilized.

5
Exposure in the Workplace and from Industrial Accidents

Exposure to a variety of chlorinated and brominated pesticides, organic sol-
vents, and other probable EDCs in occupational settings and in communities
exposed as a result of industrial accidents have been shown to alter male repro-
ductive function. Findings in occupationally exposed cohorts are summarized
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in Table 6. A dramatic example of an occupational exposure to a male repro-
ductive toxicant was reported in 1977. Whorton and Meyer [100] found a his-
tory of infertility in male workers strongly linked to the manufacture of the ne-
matocide dibromochloropropane (DBCP). This finding was confirmed and ex-
posure-dependent effects on sperm counts, LH and FSH, and impaired sperm
motility and morphology documented [100]. Similar findings were reported in
DBCP-exposed occupational cohorts in Israel [101] and Hawaii [102]. More re-
cently, a decreased sex ratio has been reported in offspring of exposed workers
who recovered sufficient sperm function to conceive [103, 104].

Other chlorinated pesticides, including ethylene dibromide [16, 102, 105, 106],
carbaryl [107, 108], and chlordecone [17, 109] have been shown to impair semen
quality among cohorts exposed occupationally. Organic solvents including per-
chlorethylene [110] and ethylene glycol ethers (EGE), a class of organic solvents
widely used in semiconductor manufacture, shipyard paints, and other industrial
uses, have been shown to be spermatotoxic in several occupational settings [111
–113]. These solvents have also been shown to increase time to pregnancy [114].

Occupational exposure to polyvinyl chloride (PVC), but not other plastics,
has been associated with increased risk of testicular cancer. In a case control
study including 148 cases, the odds ratio for PVC exposure was 6.6 (95% CI 
1.4–32). The association was strongest in men without a history of crypt-
orchidism, and was limited to seminomas [115].

The stilbene derivative 4,4¢-diaminostilbene-2,2¢disulfonic acid (DAS) is pro-
duced in the manufacture of whitening agents and laundry detergents and is
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Table 6. Adverse male endpoint in relation to occupational exposure to EDCs

Exposure Endpoints References

Dibromochloropropane Azoospermia and oligospermia [15, 101, 102, 259]
(DBCP) Decreased motility and morphology

Elevated FSH and LH
Deficit of male births [103, 104, 260]

Ethylene dibromide (EDB) Decreased sperm counts [16, 102, 105, 106]
Chlordecone (kepone) Oligospermia, decreased sperm motility [17, 109]
Perchloroethylene (PCE) Dose-related morphological changes [110]
Carbaryl Impaired semen quality [107, 108]
Ethylene glycol ethers (EGE) Decreased sperm counts [111, 112, 113]

Decreased fertility
TCDD (dioxin) Reduced serum testosterone, increased LH [261]

Deficit of male births [262]
p-Nitrophenol (PNP) Decreased sperm concentration [263]

Decreased percent motile sperm
Increased serum LH [264]

4,4¢-Diaminostilbene- Reduced serum testosterone [117]
2,2¢-disulfonic acid (DAS) Impotence [116]
Ethinyl estradiol Gynecomastia, impotence [265]



structurally similar to diethylstilbestrol. A study in 1981–1983 of 39 DAS work-
ers reported low testosterone in 37% of men tested, as well as impotence [116].
A follow-up study found significantly reduced testosterone (both total and free)
in both current and former DAS-exposed workers compared to unexposed con-
trols [117]. Thus, it is clear that at the high levels present in the work place, a va-
riety of EDCs have the capacity to alter significantly male reproductive func-
tion.

6
Plausibility of Adverse Effects of EDCs: Mechanisms of Gonadal 
and Accessory Reproductive Organ Differentiation

The determination of gonadal sex in mammals is dependent on the presence of
different sex chromosomes in males and females. Specifically, a gene on the Y
chromosome in genetic males interacts with genes on other chromosomes to
produce a signal that leads to the development of the testes. Gonads in embryos
whose cells lack a Y chromosome, or whose Y chromosome lacks this gene, de-
velop into ovaries [118]. The germ cells migrate into the nondifferentiated go-
nad, and differentiation commences by week 6 of gestation in human males and
day 12 in male mice and rats [119, 120]. In males, the seminiferous cord mes-
enchyme differentiates into Sertoli cells, which form intimate contact with, and
both support and regulate, the undifferentiated germ cells [1]. Sertoli cell pro-
liferation begins on embryonic day 14 and ends between the second and third
week of postnatal life in the mouse [121, 122].

The initial period of differentiation into a testis or ovary is not dependent on
gonadal steroids in either males or females [123, 124]. Thus, mammals are un-
like fish, amphibians, and reptiles, where gonadal differentiation (primary sex
determination) is dependent on environmental factors, such as temperature,
that appears to operate through altering gonadal steroid levels in some species
[125, 126]. This fact makes it plausible that in lower vertebrates environmental
EDCs can alter primary sex ratio in a population by directly influencing go-
nadal differentiation, and the resultant sex-reversed offspring are all fertile and
“normal” in other respects [126, 127]. In contrast, in birds and mammals, high
levels of hormones can interfere with normal gonadal differentiation, but sex
reversal (for example, development of functional ovaries in genetic males) does
not occur. The consequence of endocrine disturbance during gonadal develop-
ment for birds and mammals is thus infertility and, with exposure to potent
chemicals such as DES, quite often reproductive organ tumors [128–131].

While a switch in the course of differentiation of the gonads does not occur
in mammals due to environmental factors, it is possible for EDCs to influence
the early processes of testicular differentiation. There is a direct relationship be-
tween the number of Sertoli cells and the number of germ cells; the number of
Sertoli cells is correlated with daily sperm production in rats [132]. This has led
to the hypothesis that prenatal exposure to estrogen may permanently reduce
Sertoli cell numbers, resulting in subsequent decreases in adult sperm output
[27]. This could occur, for example, via an effect on FSH or thyroid hormones.
It has been shown that, during testicular differentiation, FSH levels are posi-
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tively related to Sertoli cell number and subsequent testicular sperm produc-
tion [133, 134]. In addition, an experimental decrease in circulating thyroid hor-
mone during testicular differentiation results in an increase in adult testicular
sperm production [135]. There are thus multiple endocrine pathways via which
testicular function can be influenced by developmental exposure to EDCs, and
these developmental effects are permanent. While this hypothesis remains un-
examined in humans, the animal data reviewed below suggest that such a rela-
tionship is plausible and worthy of study.

There are a number of experimental studies in laboratory animals relating
developmental exposure to EDCs to changes in testicular function in adult-
hood. For example, a single administration of a low dose (50 ng/kg to 1 µg/kg of
body weight) of dioxin to pregnant female rats on gestational day 15 resulted in
altered sexual differentiation in male and female offspring [136]. The lowest
dose of dioxin tested (50 ng/kg body weight) resulted in a concentration in fe-
tal organs of approximately 5 parts per trillion (5 pg/g tissue). Since this dose is
within the range of human exposure [137], these results are environmentally
relevant. A single administration of dioxin to pregnant female rats produced a
decrease in circulating testosterone and in anogenital distance in male off-
spring at birth. Effects on adult sex behavior in male offspring included changes
in mounting, intromitting, number of ejaculations and latency to ejaculation, as
well as the exhibition of the female sexually receptive posture (lordosis). Some
of these effects were observed at prenatal doses as low as 50 ng/kg. In addition,
monotonic dose-related decreases in testis and epididymis, as well as seminal
vesicle and ventral prostate, weights were observed, as were decreases in daily
sperm production and numbers of ejaculated sperm in males, although there
was no effect on fertility [136, 138–142]. Changes in development of the repro-
ductive system in female rat fetuses have also been observed following one-time
maternal administration of dioxin on gestation day 15 of the same low doses
(0.05–1.0 µg/kg) [143, 144].

Developmental exposure to low doses of estrogenic chemicals has been re-
lated to a permanent decrease in testicular function in rats and mice. Sharpe et
al. [145] fed octylphenol (an alkylphenol surfactant used in detergents, plastics,
and many other products) to pregnant and lactating rats and reported a decrease
in daily sperm production in the adult male offspring. Specifically, developmen-
tal exposure to a dose of octylphenol estimated to be within the range of 100–
400 µg/kg/day, while not influencing body weight of adult males, significantly re-
duced the ratio of testes/body weight, as well as weight of kidneys and ventral
prostate, relative to untreated males. In addition, daily sperm production was
significantly reduced. Moreover, administration of only 20 µg/kg/day dose of
octylphenol to pregnant mice during days 11–17 resulted in a small (15%), but
significant, decrease in daily sperm production in adult male offspring [146].

The effect of plasma steroid binding proteins on the bioactivity of octylphe-
nol is unclear at this time. This is an important issue, since in vitro tests of po-
tency of estrogenic EDCs are typically conducted using culture media that con-
tains only a very small amount (or none) of these plasma proteins, which act in
vivo to regulate the uptake into cells of steroids and lipophilic EDCs [147].
There are contradictory reports concerning the interaction of octylphenol with
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plasma binding proteins. There is a report that octylphenol shows low binding
to plasma proteins and thus, when tested in vivo, an increase in bioactivity rel-
ative to estradiol [148]. In contrast, Nagel et al. [146] reported increased bind-
ing of octylphenol in human serum and thus decreased bioactivity relative to
estradiol when tested in vivo.

Dodds and Lawson [4] synthesized the estrogenic chemical bisphenol A
(BPA) in 1936. They showed by administration to ovariectomized rats that BPA
and other chemicals with a structure similar to that of BPA had full estrogen
agonistic activity (i.e., elicited a maximal response in the female reproductive
system, similar to that elicited by estradiol). Subsequently, polymer chemists
discovered how to create the polymer polycarbonate, and many other resin ma-
terials, by polymerizing BPA. Today, over two billion pounds of BPA are pro-
duced annually for use in lining metal food and beverage cans and to make
many products, such as baby bottles, CDs, and food storage containers.

It is now recognized that exposure to BPA in the low ppb range can also oc-
cur due to eating canned foods [149] or drinking canned beverages [150]. It has
been shown that BPA leaches out of plastic into food or beverages, particularly
when heated [150, 151]. It has also been shown that leaching of BPA into water
placed into the container occurs at room temperature [152] after polycarbonate
is subjected to repeated washing and shows evidence of wear (scratching and
discoloration). While new polycarbonate baby bottles release approximately 
1 part per billion (ppb, which is a billionth of a gram per ml fluid) of BPA when
heated, there is an increase in release of BPA (up to 6.5 ppb) from used poly-
carbonate baby bottles relative to new bottles [150, 153]. Human exposure re-
sulting from use of a dental sealant made from BPA was approximately 13 ppb
during the first hour after application of the sealant [154]. These findings pro-
vide the basis for determining the appropriate dose range to be used when con-
ducting animal tests for BPA, a dose range that is relevant for human (environ-
mental) exposure (expressed as dose per kg body weight). Whether exposures
from typical use and disposal of environmental EDCs such as BPA are sufficient
to alter human reproduction is a critical issue.

When doses of 2 and 20 µg per kg per day (2 and 20 ppb) of BPA were ad-
ministered to pregnant mice for seven days, these doses altered development in
the male and female offspring [26, 146]. The 20 ppb dose resulted in a 20% de-
crease in daily sperm production per g testes. The 2 ppb dose decreased weight
of epididymides and seminal vesicles, and increased weight of prostate and
preputial glands in the male offspring in adulthood [26, 146]. The 2 ppb dose
also advanced the timing of puberty in female offspring, and the body weight at
weaning was increased for both male and female offspring relative to controls
[152]. Another study showed that prenatal exposure to a low (50 µg/kg/day)
dose of BPA also permanently increased prostate size in mice and increased
prostatic androgen receptors. In contrast, this low dose of BPA led to develop-
ment of a significantly smaller epididymis. In addition, the developing urogen-
ital sinus (from which the prostate differentiates) from gestation day 17 male
mice was placed into culture medium with a physiological concentration of
testosterone, and addition of 50 pg BPA/ml culture medium significantly in-
creased the growth of the developing prostate and again increased prostatic an-
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drogen receptors, similar to effects of a 0.1 pg/ml culture medium dose of DES
[155]. These findings, as well as others [156, 157], suggest that the dose of BPA
of 50 µg/kg/day, previously estimated by the FDA to be “safe” for daily human
consumption, may need to be lowered.

An important aspect of the rodent studies reviewed above is that estrogenic
chemicals were administered to the mother, not directly to the offspring, and
the offspring were seen to exhibit effects of maternal exposure. Thus, for exam-
ple, during the initial period of testicular differentiation prior to birth, exposure
to these chemicals would be across the placenta via transport through the ma-
ternal-fetal circulation. It is recognized that small lipophilic chemicals, such as
DES, octylphenol, and BPA, readily cross the placenta, and DES remains in the
fetal reproductive tract longer than it is retained in the pregnant female’s organs
[158]. BPA accumulates in pregnant mice when they are fed this chemical only
once per day, so exposure of fetuses to such EDCs toward the end of pregnancy
is being underestimated when estimates are based solely on daily dose.

Laboratory stocks of male mice subjected to selective breeding for high fe-
cundity typically do not exhibit impaired fertility when exposed to low doses of
estrogenic chemicals [159]. For example, when Newbold [130] examined the
fertility of adult male CD-1 mice prenatally exposed to a range of doses of DES
(0.1–100 µg/kg), fertility was only affected at the 100 µg/kg dose. Infertility can
arise by multiple mechanisms and is a poor predictor of sperm count (partic-
ularly in these laboratory animals), as significant decreases in testicular or epi-
didymal sperm reserves are not directly correlated with fertility [160].

7
Effects of Estrogenic Chemicals on Accessory Reproductive Organs:
Interaction with Endogenous Androgens

The period of differentiation of the accessory reproductive organs varies from
species to species. In long-gestation mammals, such as humans and pigs, differ-
entiation of reproductive organs occurs primarily during prenatal life, although
some aspects of sexual differentiation may occur after birth. In species with a
very short gestation length, such as the mouse (18–19 days) and rat (21–23
days), gonadal and secondary sexual differentiation begins during the middle of
gestation and continues into postnatal life for varying periods of time for dif-
ferent organs [161].

Between the seventh and eighth week of gestation in humans, stromal tissue
in the developing testes derived from mesenchyme differentiates into the
steroid secreting Leydig cells, which are located in the interstitial area between
the seminiferous cords [162]. The Leydig cells rapidly begin secreting testos-
terone [163], the primary androgen secreted by testes in fetuses as well as
adults. In addition, Müllerian inhibiting hormone (MIH), a glycoprotein, is se-
creted by the Sertoli cells and acts locally to suppress the development of the ip-
silateral Müllerian duct [164, 165], and may also be involved in testicular devel-
opment [166].

The secretion of androgen by the fetal testes is a necessary prerequisite to
masculinization of the accessory reproductive organs, external genitalia, liver,
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kidney, and brain in males; in the liver, kidney, genitals, and brain, an important
effect of androgen is the “imprinting” of enzyme systems that markedly influ-
ence tissue function and, more generally, homeostasis, throughout the remain-
der of life [1]. Without the secretion of androgen by the fetal testes, the sec-
ondary sexual characteristics are those typical of females. However, there is also
evidence that estrogen plays an important role in the normal processes of mas-
culinization of the brain and accessory reproductive system [161, 167, 168]. As
a result, EDCs that interfere with the normal activity of either androgen or
estrogen can disrupt the processes mediating the differentiation of accessory
reproductive organs in males; these include the efferent ducts, epididymides,
vas deferens, and seminal vesicles, which differentiate from the Wolffian
(mesonephric) ducts under the local (not systemic) action of testosterone. In
contrast, circulating testosterone mediates the differentiation of the external
genitals and the urethra and associated glands, including the prostate and other
periurethral glands; in rodents these include preputial glands which release
pheromones involved in regulating social behaviors. These organs develop from
tissues in the embryonic urogenital sinus and perineum and express the en-
zyme 5a-reductase during fetal (and in rodents also neonatal) life and differ-
entiate under the control of 5a-dihydrotestosterone (DHT). Testosterone in the
systemic circulation serves as the substrate for 5a-reductase rather than diffu-
sion of testosterone from the ipsilateral testis, which controls differentiation of
only the adjacent Wolffian duct.

The importance of the conversion of testosterone to DHT in selected target
tissues is that DHT is as much as ten times more potent relative to testosterone
[169]. Thus, while testosterone levels in the circulation are too low to induce dif-
ferentiation of the Wolffian ducts without supplemental diffusion from the adja-
cent testis, 5a-reductase serves to amplify the action of testosterone in tissues by
virtue of converting testosterone into the more potent DHT. Any chemical that
interferes with the action of 5a-reductase will thus profoundly alter the differ-
entiation of organs that express this enzyme during sexual differentiation [161].

This information is relevant to this discussion, since estrogen exerts an in-
hibitory effect on 5a-reductase and other steroid metabolizing enzymes, such
as 17a-hydroxylase, which is involved in androgen biosynthesis [170].When ex-
posure occurs during fetal and neonatal life in rats, this effect is permanently
imprinted in cells [171]. Both enzyme activity and steroid binding in male ac-
cessory reproductive organs are highly sensitive to the permanent, organiza-
tional effects of estrogen during fetal life [155, 167, 172].

In a number of studies involving BPA (e.g., see above), opposite effects of es-
trogenic chemicals have been observed on organs which differentiate from the
urogenital sinus (prostate and preputial glands) relative to effects on organs
which differentiate from the Wolffian ducts (epididymides and seminal vesi-
cles). While such findings might appear confusing or contradictory, it is not un-
expected that chemicals will exert different effects on embryonic tissues in
which the hormonal mechanisms regulating differentiation differ.

Studying the (permanent) effects of fetal exposure to estrogenic chemicals
on the brain (and behavior) and reproductive organs (preputial glands,
prostate, seminal vesicles, epididymides, and testes) of mice increases insight
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into the multiple mechanisms by which EDCs act in different species. In mice,
for example, preputial gland pheromones are involved in social communication
between males and females [173] and influence aggressiveness between males
[174, 175]. Preputial gland secretions pass through ducts which empty into the
prepuce, which is specially adapted in mice for depositing urine marks [176].
The placing of these pheromones into a male mouse’s environment via urine
marking behavior is influenced by dominance status; dominant males mark at
high rates, and subordination inhibits this behavior [177]. Fetal exposure to
very low doses, within an environmentally relevant range, of estrogenic chemi-
cals such as o,p¢-DDT, increases preputial gland size and the rate at which male
mice deposit urine marks in a novel environment [171], as well as inter-male ag-
gressiveness [178]. This suggests that environmental estrogens may influence
brain development and socio-sexual behaviors, as well as alter the functioning
of organs involved in socio-sexual communication. In addition, these same
chemicals can alter sperm development, sperm motility, and enzymes essential
for fertilization. They may also alter the functioning of sperm after they are de-
posited in the female reproductive tract, for example by altering the function-
ing of the seminal vesicle and prostate glands that produce the components of
seminal fluid [26, 179–181].

Differences and similarities in molecular systems across species are not well
known, including species differences in the response to estrogens. However, at
the receptor level, there is little evidence for significant differences between ver-
tebrate species in the affinity of estradiol for estrogen receptors [182].
Therefore, if estradiol (and potentially other estrogenic chemicals) reaches es-
trogen receptors in target cells, the capacity to generate responses may not be
very different among vertebrate species, although specific responses will vary
not only between species, but within a species, as a function of age.

While the response of breast cancer cells and tissues in rodents and humans
to estrogen appears to be very similar [183], comparisons of the sensitivity of
different species to estrogenic chemicals are still needed. However, it is likely
that individual differences in the response to estrogens as well as species differ-
ences are not mediated by differences in affinity of ligands for either the alpha
or beta form of the estrogen receptor. Instead, such differences may be mediated
by events that occur after a chemical has bound to the receptor, and these in-
termediate events are different in different target tissues [184].

8
Hormonally Mediated Variability in Mammalian Development:
Relationship to Bioactive Serum Concentration of Natural Hormones
and Endocrine Disruptors

Considerable individual variability in plasma steroid concentrations appears to
be a normal part of pregnancy and is typically reported in studies of fetuses, e.
g., humans [185], monkeys [186], rats [187], gerbils [188], and mice [189]. Since
hormones regulate mammalian sexual differentiation (other than gonadal sex),
it would be expected that sexual phenotype (morphology, physiology, and be-
havior) and their alterations by EDCs would also be highly variable. There is
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also considerable variability in the responsiveness of organs in different indi-
viduals to the same blood concentrations of hormones [159, 190]. This is not
surprising, since, as described above, in addition to genetic factors, the response
of tissues to hormones (including activity of metabolizing enzymes and hor-
mone receptor numbers) is differentially “imprinted” in tissues as a conse-
quence of variation in hormone levels during development.

Naturally occurring variation in the levels of testosterone and estradiol in
both male and female mouse, rat, and gerbil fetuses (due to being positioned in
utero between male or between female fetuses) leads to marked differences in a
wide range of reproductive traits: morphology and functioning of internal and
external genitals in males and females, and aggressive and sexual behavior in
males and females [190–192]. The magnitude of the differences in hormone lev-
els between male fetuses that develop in utero between two males (2M males)
and male fetuses that develop between two females (2F males) in mice is signif-
icant. For example, on gestation day 18, one day after the initiation of prostate
development, 2F males have significantly higher (101 pg/ml) total serum estra-
diol relative to levels in 2M males (78 pg/ml). 2F males average 0.2 pg/ml free
serum estradiol, while 2M males average 0.16 pg/ml free serum estradiol. These
findings suggest that a difference between 2M and 2F males in free serum estra-
diol of 0.04 pg/ml during sexual differentiation contributes to differences in the
brain (and behavior), as well as virtually every aspect of reproductive function
that has been examined. This hypothesis was verified in a study in which an ex-
perimental increase in free serum estradiol of 0.1 pg/ml during the last third of
pregnancy in mice (via a maternal Silastic implant containing estradiol) resulted
in enlargement of the prostate in male offspring, similar to the difference seen in
comparisons of 2F and 2M mice [172]. Only males situated between a male and
a female fetus (1MF males) were used in this study [167].

It is generally understood that the biologically active portion of total circu-
lating steroid is the fraction that is not bound to plasma binding proteins [193].
These plasma-binding proteins are particularly important during pregnancy; in
rodents, there is approximately a tenfold increase in circulating proteins that
bind estradiol, relative to levels in adults. As a result, while the total amount of
circulating estradiol is much higher in rat and mouse fetuses than in adults, the
concentration of free estradiol, which is not bound to plasma proteins and thus
can freely diffuse into cells and bind to receptors (the bioactive concentration),
is actually very similar in fetuses and adults [194]. For example, in adult male
mice, the total serum concentration of estradiol is approximately 5 pg/ml, with
about 4% free, yielding a free estradiol concentration of approximately 0.2 pg/
ml. In male fetuses about 0.2% of estradiol is free, due to the markedly higher
levels of binding proteins relative to adults [195] leading to a free estradiol con-
centration of 0.2 pg/ml in male mouse fetuses [167].

The characterization of many estrogenic chemicals in the environment as
“weak” and therefore not capable of causing effects at environmentally relevant
doses does not take into consideration the very high potency and very low cir-
culating free serum concentration of the reference hormone estradiol. The pre-
viously described experiment implies that the reference dose of an EDC suffi-
cient to change the course of fetal development would be one that led to an in-
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crease in estrogenic activity in fetal serum equivalent in potency to an increase
in free serum estradiol of between 0.04–0.1 pg/ml. To determine the biologi-
cally active concentration in fetal serum of an estrogenic chemical administered
to a pregnant female would thus require knowledge of the affinity of that chem-
ical for estrogen receptors expressed relative to estradiol, the total circulating
concentration of the chemical, and the percent of the total concentration that is
free in fetal serum. This information is available for a number of estrogenic en-
docrine disrupting chemicals and has proved very useful in predicting the
bioactive dose in fetuses [146, 147]. The data presented above suggest that the
disruption of normal development by low (ppb) concentrations, a common
level of concentration for many estrogenic EDCs [147, 183, 196], is plausible.

9
Issue of Dose in Toxicological Studies:
Importance of Non-Monotonic (Inverted-U) Dose-Response Curves

The issue of the sensitivity of fetuses to extremely small differences in circulat-
ing gonadal steroid levels is critical with regard to the very high doses tradi-
tionally used in toxicological studies. In the following two sections we will dis-
cuss data that demonstrate opposing effects of high and low doses of natural
hormones, vitamins, and EDCs. These results suggest that it is inappropriate to
assume that one can predict effects of low doses of EDCs from results obtained
at high doses.

The dose level used in toxicological studies had not previously been consid-
ered a critical issue, since the dose-response curve had been assumed to be mo-
notonic (e.g., assuming that response increases or remains constant with in-
creasing dose). In sharp contrast, the endocrine literature provides abundant
examples of hormones and hormone-mimicking chemicals with non-monoto-
nic dose-response curves (e.g., the slope of the dose response curve changes
with increasing dose). In this literature it is well known that dose is critical with
regard to the effects that are observed. For example, there is experimental evi-
dence from both in vitro and in vivo studies with natural and manmade estro-
gens and other EDCs (for example, dioxin, and aldicarb) that non-monotonic
dose-response relationships can occur [167, 171, 197–201].

Normal development occurs within a limited physiological range for mole-
cules that have a signaling function. For hormones and vitamins that operate
via binding to receptors (such as thyroid hormone, vitamin A, and folic acid),
either a deficiency or an excess (relative to normal physiological levels) can lead
to adverse effects on development [202]. For example, retinoid (vitamin A) de-
ficiency during pregnancy causes fetal death, or if fetuses survive, malforma-
tions in numerous organs (the vitamin A-deficiency syndrome) [203, 204].
Studies have also identified birth defects due to developmental exposure to high
concentrations of a large number of natural and synthetic retinoids in numer-
ous species [205, 206]. Thus, the dose-response curve for vitamin A forms a U-
shaped function, with increased risk seen in response to vitamin A deficiency
(below the normal range) and excess (above the normal range). The adverse ef-
fects of a developmental deficiency as well as a developmental excess of thyroid
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hormone are also well known [207]. The literature on deficiency and excess of
hormones and vitamins has not yet been utilized in the design of developmen-
tal studies of EDCs that act as hormone-agonists or antagonists.

The issue of non-monotonicity of dose response curves and the use of very
high doses to predict effects at low doses has only recently been raised in the
context of the effects of EDCs [167, 202]. Therefore, the mechanisms that might
give rise to inverted-U dose-response functions have not been well studied.
There is, however, some understanding of the mechanisms that operate to re-
duce response to hormones at high doses. Factors such as down-regulation of
receptors in the presence of high doses of a hormone may partially account for
this phenomenon [208]. For example, different doses of estradiol administered
to adult female rats via Silastic implants lead to up-regulation (an increase) of
uterine estrogen receptors at a low dose and “down regulation” (a decrease) at a
higher dose [209]. Other possibilities may involve the stimulation of response
systems that are antagonistic to the initial response as saturation of that re-
sponse occurs with the saturation of receptors [197]. There is considerable evi-
dence for cross talk between estrogen and receptors for other steroids. These in-
teractions do not normally occur when endogenous estrogens are present at
physiological concentrations (due to low binding affinity for other receptors
relative to the concentration of circulating estrogen), but are seen with addition
of exogenous estrogens when total estrogenic activity in blood exceeds the
physiological range [210]. The expectation is that cross talk between estrogen
and receptors for other steroid hormones would result in inhibitory effects,
rather than the responses typically seen in the binding of the appropriate
steroid to its receptor.

The findings discussed above lead us to propose that there has been selection
for hormones, vitamins, or other signaling molecules to operate within defined
physiological ranges, with each individual exhibiting a unique “set point” within
their range [190]. Disruption of normal development can occur either by in-
creasing or decreasing the effective concentration of these signaling com-
pounds possibly through the action of EDCs. As a result of developmental ex-
posure to EDCs, the total hormonal activity (endogenous plus exogenous dose)
would thus be different from that which would have occurred naturally. These
chemicals may thus have the potential to disrupt the course of development.

10
Development of the Prostate:
Example of Opposite Effects of High and Low Doses

We focus here on the effects of estrogens on the prostate, since this is the most
disease-prone organ in the human body. Prostatic buds form from the urogen-
ital sinus just below the developing bladder. Buds begin forming from the uro-
genital sinus on gestation day 17 in mice and week 10 in humans; at birth, the
mouse is similar to a human fetus at approximately week 17 of gestation [191].
The prostatic glands empty into the portion of the urethra surrounded by the
prostate. Urogenital sinus mesenchyme, which shows estrogen as well as andro-
gen binding [192, 211–213], regulates differentiation of the prostatic duct ep-
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ithelium during fetal and neonatal life in mice [191, 214–217]. One mechanism
through which estrogens affect epithelial cell differentiation in the prostate is
through modulation of the action of androgen during prostate development.

In a recent study of developmental effects of natural and synthetic estrogens
[167], evidence for an inverted-U dose response relationship in the prostate was
obtained for both estradiol and DES. Specifically, as serum estradiol concentra-
tions were increased in male mouse fetuses (via maternal Silastic implants)
from 50–800% relative to controls, first an increase, and then a decrease in
adult prostate weight was observed in male offspring. The 50% increase in free
serum estradiol from 0.2 pg/ml (in controls) to 0.3 pg/ml. This 0.1 pg/ml
(0.1 ppt) increase in free serum estradiol increased the number of developing
prostate glands during fetal life and resulted in a permanent, sixfold increase in
prostatic androgen receptors and a heavier (by 40%) prostate in adulthood rel-
ative to prenatally untreated males. In contrast, an eightfold increase in free
serum estradiol in male fetuses significantly decreased adult prostate weight
relative to the males exposed to the 50% increase in estradiol.

With maternal ingestion of 0.02, 0.2, or 2 ng of DES/g body weight/day, low
dose stimulation of prostate growth in male mice occurred, while the high dose
of 200 ng DES/g body weight/day (200 ppb) significantly decreased adult
prostate weight [167]. This latter finding is consistent with numerous prior
findings that exposure to a high dose of DES during development results in an
abnormally small prostate in adulthood as well as a decrease in prostatic an-
drogen receptors [167, 213, 218]. Stimulation of prostate development with a
low dose (0.2 µg/kg/day) of DES and inhibition of development at a high dose
(200 µg/kg/day) of DES, as well as low-dose stimulation and high-dose inhibi-
tion of androgen receptors has also been reported [155]. Damage to reproduc-
tive organs in females as well as males is seen with developmental exposure to
high doses of synthetic estrogens [130, 219–222]. There was also a non-monot-
onic, inverted-U dose-response relationship between the maternal dose of DES
and territorial behavior in male offspring [171]. Taken together, the above find-
ings provide evidence that, at least in some cases, the effects at high doses of
natural or manmade estrogens cannot be used to predict effects at low doses.

These findings demonstrate that the hypothesis of a monotonic relationship
between dose and response for EDCs is not necessarily valid. This has particu-
lar significance with regard to assessing risks from exposure to low doses of
EDCs. Thus, at least in some cases, the strategy currently used by the United
States EPA and FDA of only testing chemicals at a few high doses and using a
mathematical model to predict effects at much lower doses will lead to incor-
rect estimates of safe doses [202].

11
Developmental Exposure to Diethylstilbestrol (DES)

There is an extensive literature concerning the long-term effects of exposure to
high doses of potent manmade estrogens, such as DES, during fetal/neonatal life
in human [219, 222] and animal [130, 223, 224] studies, some of which is dis-
cussed above in Sect. 4. While the focus of most studies of DES has been the re-
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productive organs, effects on other tissues, such as bone, have been noted [225].
The overwhelming proportion of this research, at least in humans, has been
conducted in the female offspring, with ongoing follow-up of thousands of DES
daughters. Follow-up on the DES sons, on the other hand, has been limited to
cohorts of only a few hundred exposed males. Therefore, while the conse-
quences of prenatal DES exposure to females are now well established, the ef-
fects on human males are less certain. As seen in Table 7, the reproductive con-
sequences of prenatal DES exposure are highly similar in mouse and man, and
when the appropriate exposure window is considered, the effective doses are of
the same order of magnitude. The high doses of DES used in animal studies
have been selected to be similar to the doses that were administered to pregnant
women during the 1950s and 1960s, and thus have clinical relevance. DES has a
higher potency than estradiol during development [226, 227], due to limited
binding by DES to plasma estrogen binding glycoproteins (sex hormone bind-
ing globulin in humans and alphafetoprotein in rodents) [147, 228].

Typically, estrogenic EDCs have a lower intrinsic estrogenic activity than
DES [147, 171, 183, 196]. Since the very high doses of DES that have been used
in prior animal studies were chosen for their clinical relevance, findings from
these studies may not predict effects seen with environmentally relevant doses
of estrogenic EDCs. However, the DES studies do provide valuable information
linking effects in controlled animal studies with clinical outcomes of DES ex-
posure in humans. Thus, information concerning exposure in early life to DES
provides a link between animal and human responses to a man-made estrogen

160 S.H. Swan · F.S. vom Saal

Table 7. Abnormalities in males subsequent to prenatal exposure to diethylstilbestrol a

Abnormality Organ Outcome in humans 
(References)

Cancer Testis Positive [63, 250] or
inconclusive [64, 65, 251]

Prostate No data available

Other Penis Reduced size; hypospadias 
genital tract [252, 255, 258, 269]
changes Testis Cryptorchidism, hypertro-

phy, capsular induration,
epididymal cysts 
[68, 69, 255, 258, 269]

Prostate Hyperplasia and meta-
plasia of prostatic ducts 
[229, 230]

Adverse Impaired semen quality
reproductive and sperm concentration;
outcomes impaired fertility incon-

sistent [254–258, 269]

a Adapted from Newbold [130].

Outcome in rodents
(References)

Adenocarcinoma of the rete testes,
interstitial cell carcinoma [266, 267]
Squamous cell cancer of dorsolat-
eral prostate [268]
Hypospadias [130, 270]

Cryptorchidism [128, 270, 271],
epididymal cysts [128, 130]

Abnormal development, squamous
metaplasia of prostatic and coagu-
lating gland ductal epithelium 
[128, 167, 213, 231, 232, 268]
Impaired semen quality and sperm
concentration; impaired fertility
[130, 270]



and identifies the types of clinical outcomes that should be examined when as-
sessing effects from an EDC exposure.

Treatment of pregnant females with high doses of DES interferes with the ac-
tion of Mullerian inhibiting hormone on Mullerian duct regression in male
mice [128] and humans [229]. The utricular remnant within the prostate, which
is of Mullerian origin, is enlarged and there is marked hyperplasia and meta-
plasia of prostatic ducts in the central zone of the adult prostate [229, 230]. As
mentioned above, exposure of the neonatal mouse to high doses of DES has
been shown to interfere with normal development of the prostate [213, 231,
232]. Squamous metaplasia of prostatic and coagulating gland (dorsocranial
prostate) ductal epithelium in male mice and rats has also been reported after
exposure to exogenous estrogen or estrogenic chemicals during early life [128].
This endpoint is also characteristic of the effect of estrogen on rat prostatic cells
in culture [200]. Exposure of rats and mice to high doses of DES during devel-
opment also alters testis development, leading to a decrease in testis size, sperm
numbers, undescended testes, and epididymal cysts and infertility [130].

In some studies, the effects of exposure to DES during development were not
noticeable prior to the animals reaching old age. For example, treatment of male
rats with DES during the first month after birth did not result in observable ma-
lignancies at 6–9 months of age, but by 20 months (old age), squamous cell can-
cer was detected with involvement of the dorsolateral prostate, coagulating
glands (dorsocranial prostate) and ejaculatory ducts [233]. There are not yet re-
ports of prostate abnormalities in men exposed to DES during fetal life.
However, DES was used in pregnancy during 1947–1971, with peak use in the
1950s and 1960s, so most DES sons are 40–50. Since few of these men have
reached the age at which benign prostatic hyperplasia (BPH) or prostate cancer
increases in frequency, prostate abnormalities in DES sons have not yet been
studied and it is important that this cohort be monitored for these endpoints.

12
Conclusions and Future Research Needs

In this chapter we have provided indirect evidence from studies in laboratory
animals that suggest that EDCs at environmental levels can induce adverse male
endpoints in humans. However, the absence of data directly correlating low lev-
els of EDC exposure with reproductive endpoints in humans is a critical gap
that remains to be filled. We see several reasons for this gap.

First, the long latency until expression of an adverse reproductive outcome
when exposure occurs prenatally (or during the early postnatal period) makes
determining the consequences of endocrine disruption during development ex-
tremely difficult, particularly in humans. Scientists have only recently appreci-
ated that endocrine factors related to decreased sperm count, testicular cancer,
and genital tract defects should be sought in the man’s own gestational period,
which occurred decades before the diagnosis of his cancer or reproductive ab-
normality. Moreover, adult biomarkers of exposure are more likely to reflect
childhood and adult exposures and are therefore not likely to be markers for his
prenatal exposure; data regarding prenatal PCB exposure support this hypoth-
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esis [234]. For biomarkers of prenatal exposure, maternal serum, stored since a
male’s gestation, is required. Therefore, studies linking prenatal EDC levels to
male reproductive outcomes in humans, either retrospectively using archived
maternal serum, or prospectively, are essential. These studies must be of suffi-
cient statistical power to detect effects in sensitive sub-populations and small,
but biologically important changes in larger populations.

Second, assays for biomarkers of EDC exposure have, until very recently,
been quite limited both in sensitivity and range, and very costly. Until the last
few years, almost all studies that included biomarkers of exposure assayed only
for DDT and its metabolites, PCBs, and, occasionally, dioxin. Furthermore, the
high cost of these assays limited their usefulness for large cohort studies.An ad-
ditional complicating factor is that exposure is typically to mixtures of chemi-
cals with different mechanisms of action, making predictions of outcomes ex-
tremely difficult.

Third, results from animal studies suggest that changes induced by EDCs at
environmental levels may be subtler than those usually studied by epidemiolo-
gists. Epidemiology must develop studies capable of detecting subtle changes
and patterns of minor variations analogous to those that have been demon-
strated as a consequence of low level EDCs in animal studies. We suggest, there-
fore, that epidemiologists seek “low level effects” from “low level exposures” and
not limit their studies to the detection of isolated gross abnormalities such as
hypospadias and sterility. While it is unlikely that additional evidence will be
obtained linking historical trends in sperm density or other reproductive para-
meters to environmental factors, there is an indirect means of addressing this
question. Factors influencing male reproduction, unless uniformly distributed
geographically (or no longer present), would be expected to produce not only
temporal variation in sperm density but also geographic variation in today’s
populations. Therefore, carefully controlled, cross-sectional studies conducted
in several cities, with differing types and levels of environmental exposures,
would be invaluable for assessing such geographic variation and its causes. If
such a study identified significant differences between geographic areas in, for
example, sperm density, differences that are not explained by host factors (such
as age and ethnicity), or personal behaviors (such as smoking and drinking), it
might be possible, using biomarkers of environmental exposures, to identify
environmental factors that have contributed to these differences.

An international study of semen quality in partners of pregnant women, on-
going in the United States, Europe, and Japan, was designed to meet these objec-
tives. Considerable effort is being made to standardize procedures and question-
naires so that results will be comparable across study centers. Within a few years
more definitive information on the magnitude of geographic variation in sperm
density will be available. Long-term follow-up of these study populations will
provide invaluable information about trends in these parameters in the future. If
differences in male reproductive parameters remain after controlling for non-
environmental factors, environmental causes will be investigated. In addition to
other sources of variation, possible chemical causes will be investigated. Can-
didate chemicals will include not only EDCs, but also chemicals (such as metals)
that may alter reproduction through non-endocrine disrupting pathways.
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Based on the information provided here, there is good reason to question the
validity of currently established “safe” levels for specific chemicals. However,
with the exception of pesticides and food additives, there are as yet no require-
ments for testing EDCs such as BPA, octylphenol, or nonylphenol. The U.S.
Environmental Defense Fund reported that for over 75% of the highest volume
chemicals (those for which over one million pounds are produced annually), no
information on health effects is available [235]. This report notes that claims
that the majority of the greater than 75,000 chemicals in use today are safe are
thus based on the absence of any data. The assumption that chemicals for which
there is very high human exposure are safe until “clear and convincing” evi-
dence of human harm is demonstrated has been the subject of heated debate. It
is challenged by those who prefer to assume that those chemicals that are per-
sistent and bioaccumulate are harmful to humans until proven otherwise; e.g.,
to apply the “Precautionary Principle” [236].
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Concerns have been raised regarding the reproductive and health hazards of chemicals in the
environment that have potential endocrine disrupting effects. These concerns include in-
creased incidences of breast, ovarian, and uterine cancer, endometriosis, fibroids, infertility,
and early menopause in women; in men, alterations in sex differentiation, decreased sperm
concentrations, benign prostatic hyperplasia, prostatic cancer, testicular cancer, and repro-
ductive problems have been suggested. Studies with the potent synthetic estrogen diethyl-
stilbestrol (DES) have shown that exogenous estrogen exposure during critical stages of de-
velopment results in permanent cellular and molecular alterations in the exposed organism.
These alterations manifest themselves in the female and male as structural, functional, or
long-term pathological changes including neoplasia. Although DES is a potent environmen-
tal estrogen, studying its effects at low dose levels in an experimental animal model offers a
unique opportunity to identify adverse effects that may be caused by weaker environmental
estrogens which fit the category of endocrine disruptors.

Keywords. Diethylstilbestrol, DES, Estrogenic, Estrogen, Estrogen receptor, Embryogenesis,
Perinatal exposure, Reproductive tract development, Genital tract, Sex hormones, Sex differ-
entiation, Infertility

1 Introduction . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 172

2 Prenatal DES Exposure as an Example  . . . . . . . . . . . . . . . . . 173

3 Effects on Males  . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 174
3.1 Fertility  . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 175
3.2 Cancer  . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 175

4 Effects on Females  . . . . . . . . . . . . . . . . . . . . . . . . . . . . 176
4.1 Fertility  . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 177
4.2 Cancer  . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 178

5 Mechanisms of Reproductive Tract Toxicity  . . . . . . . . . . . . . . 180

6 Multigenerational Effects  . . . . . . . . . . . . . . . . . . . . . . . . 181

7 Not Just DES – Other Examples  . . . . . . . . . . . . . . . . . . . . . 182

8 Summary and Conclusions  . . . . . . . . . . . . . . . . . . . . . . . 184

9 References  . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 185

CHAPTER 6

The Handbook of Environmental Chemistry Vol. 3, Part M
Endocrine Disruptors, Part II
(ed. by M. Metzler)
© Springer-Verlag Berlin Heidelberg 2002



List of Abbreviations

DES diethylstilbestrol
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1
Introduction

Recently there has been increasing concern among the scientific community,
policy makers, and general public regarding the role of environmental en-
docrine disrupting chemicals as possible contributors to increased incidences
of various reproductive and health hazards. Sharpe and Skakkebaek [1] have
postulated that environmental chemicals with hormone-like activity may be the
underlying cause of falling sperm counts and increases in testicular cancer, un-
descended testis, and malformations of the male genital tract that have been re-
ported over the last half of this century. Furthermore, another report from
Scotland revealed that men born after 1970 have sperm counts that are 25%
lower than those born before 1959; this is an average decline of 2.1% per year
[2]. They also reported that lower sperm counts were associated with poor se-
men quality [2]. On the contrary, Olsen and colleagues found that the average
sperm count was not decreasing if they used alternative statistical models to an-
alyze the data [3]. The debate continues; changes over time in semen quality and
quantity remain a topic of controversy and have been recently reviewed by
Swan et al. [4].

Extending the correlation of adverse health effects in men, Davis et al. [5]
suggested that exposure to environmental endocrine disrupting chemicals was
also responsible for the increased incidence of breast cancer in women that has
been reported over the same time interval. Publication of the book “Our Stolen
Future” [6] further raised concerns about endocrine disrupting chemicals not
only for various human health consequences but also for damaging effects on
wildlife. Thus, some environmentalists and researchers believe that wildlife and
human species are approaching a fertility and reproductive health crisis, while
others think that the available data are just too insufficient to support global
concern. Although definitive data does not exist to prove that exposure to envi-
ronmentally relevant levels of endocrine disrupting chemicals has a casual role
in the development of adverse human health consequences, epidemiological
studies and experimental animal models reveal a strong link between hormonal
exposure and infertility/neoplasia.

It has been well documented that endogenous estrogens are a main risk fac-
tor in the development of breast cancer [7]. Further, estrogen replacement ther-
apy has been shown to increase the incidence of endometrial cancer [8]. While
these adverse effects have been mainly identified in individuals exposed to hor-
mones after maturity, of greatest concern is the exposure of the fetus and/or
neonate to chemicals with hormonal activity because of the increased suscepti-
bility of this stage of development to environmental insult [9]. Considering
what is currently known about chemicals that can disrupt the endocrine sys-
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tem, their effects (a) may be manifested differently, and with permanent conse-
quences, in the embryo, fetus, and neonate as compared to effects resulting from
exposure to adults, (b) can alter the course of development for the exposed or-
ganism, with the outcome dependent on the specific developmental exposure
periods, and (c) are often delayed and not recognized until the organism
reaches maturity or perhaps even later in life, although the critical period of ex-
posure occurred during embryonic, fetal, or neonatal life.

As an example, the profound effects of estrogens on the developing repro-
ductive tract have been demonstrated by prenatal exposure to the synthetic es-
trogen, diethylstilbestrol (DES) [10].

2
Prenatal DES Exposure as an Example

The scientific community has had a long history with teratogenic and carcino-
genic effects of synthetic estrogenic compounds.Although it was recognized for
centuries that the ovary controlled the estrous cycle, not until the early twen-
tieth century were the biologically active substances produced by the ovary de-
scribed. The term “estrogens” was coined for these substances because of their
ability to induce estrus in animals. Many laboratories extensively studied the
physiological, biochemical, and pharmacological properties of estrogens and
the search for a synthetic substitute followed. DES, a nonsteroidal compound
with properties similar to the natural female sex hormone, estradiol, was first
synthesized in 1938. This potent synthetic estrogen was specifically designed
for its estrogenic activity and ready solubility. Like many of today’s environ-
mental estrogens, DES was not structurally similar to the natural estrogens [11].
In fact, early research with DES demonstrated that compounds with widely di-
verse structures could exhibit similar biological functions associated with es-
trogens. A historical account of the development and use of DES and the early
search for compounds with estrogenic activity has been previously summa-
rized [12]. DES also demonstrated another significant point, the potential toxic
effects of estrogens.

For almost 30 years, physicians prescribed DES to women with high-risk
pregnancies to prevent miscarriages and other complications of pregnancy. In
1971, a report associated DES with a rare form of reproductive tract cancer
termed “vaginal adenocarcinoma” which was detected in a small number of
adolescent daughters of women who had taken the drug while pregnant.
Subsequently, DES was also linked to more frequent benign reproductive tract
problems in an estimated 90–95% of the DES-exposed daughters; reproductive
organ dysfunction, abnormal pregnancies, reduction in fertility, immune sys-
tem disorders, and multiple other effects have been reported. Similarly, DES-ex-
posed male offspring demonstrated structural, functional, and cellular abnor-
malities following prenatal exposure; hypospadias, microphallus, retained
testes, inflammation, and decreased fertility were reported [10]. DES became
one of the first examples of an estrogenic toxicant in humans; it was shown to
cross the placenta and induce direct effects on the developing fetus. Although
DES is no longer used clinically to prevent miscarriage, a major concern re-
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mains that when DES-exposed women age, and reach the time at which the in-
cidence of reproductive organ cancers normally increase, they will show a much
higher incidence of cancer than unexposed individuals. Further, the possibility
of second-generation effects has been suggested [13–15], which puts still an-
other generation at risk for developing problems associated with DES treatment
of their grandmothers. Thus, the DES episode continues to be a serious health
consequence and is a reminder of the potential toxicities that can be caused by
hormonally active chemicals. The well-documented effects in DES-exposed hu-
mans serve to justify the concern of developmental exposure to other environ-
mental estrogens and endocrine disrupting chemicals.

Questions of the mechanisms involved in DES-induced teratogenic and car-
cinogenic effects prompted the development of experimental animal models to
study the adverse effects of estrogens and other endocrine-disrupting chemi-
cals on reproductive tract development and differentiation. A description fol-
lows of one murine animal model that has been used successfully to replicate
and predict adverse effects in humans with similar DES exposure. First, some of
the most significant findings are discussed in males.

3
Effects on Males

To study the effects of prenatal exposure to DES, outbred CD-1 mice were
treated subcutaneously with DES on days 9–16 of gestation, the period of ma-
jor reproductive tract organogenesis. The doses of DES ranged from 0.01 to
100 µg/kg during pregnancy, which is equal to or less than doses given thera-
peutically to pregnant women. In fact, the lower DES doses are comparable to
weaker estrogenic compounds found in the environment. Mice were born on
day 19 of gestation, and the offspring were followed as they aged. As seen in
Table 1, the effects of prenatal exposure to DES on male mice and humans are
comparable. Abnormalities such as undescended and hypoplastic testes, infer-
tility, epididymal cysts, sperm abnormalities, hypospadias, microphallus, re-
tained Mullerian duct remnants, prostatic inflammation, and squamous meta-
plasia of the prostatic ventricle have been reported in both species. The simi-
larity of effects in mice and humans recommends the murine model as a good
comparative study. Thus, treatment with DES during critical stages of differen-
tiation permanently alters the developing male reproductive tract in both
species.
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Table 1. Similar developmental effects of prenatal exposure to DES in mice and humans –
male offspring

Reproductive tract dysfunction
Subfertility/infertility 
Undescended and hypoplastic testes
Epididymal cysts
Sperm abnormalities
Hypospadias and microphallus
Increased reproductive tract tumors



3.1
Fertility

Subfertility has been reported in both humans and mice following develop-
mental exposure to DES. For mice, this parameter was assessed in the animal
model by breeding prenatal DES-exposed male mice to control females of the
same strain. In the DES-exposed mouse, a slight reduction in fertility was seen
at the DES-10 µg/kg dose, but the two higher doses (50 and 100 µg/kg) were
associated with noticeable decreases in reproduction; only 50 % of DES-male
offspring treated with 50 µg/kg, and 40 % treated with 100 µg/kg, were fertile.
It is interesting to note that rodent models have been reported to be insensi-
tive to toxic insult with chemicals, requiring almost tenfold sperm count re-
duction to occur before fertility is affected [16]. Therefore, the decline in fer-
tility that is seen in mice following prenatal DES exposure is probably biolog-
ically significant and relevant to humans. An extrapolation to humans,
however, remains difficult. Even in unexposed humans, sperm counts differ
widely; moreover, some individuals have counts that make them subfertile,
and some have counts that are in a range at which any reduction would shift
them into a subfertile category. Thus, these difficulties may help explain some
of the inconsistencies in fertility reported in the prenatal DES-exposed hu-
man data [17, 18], as well as in humans exposed to environmental estrogenic
contaminants [3, 19 – 22].

In summary, multiple factors appear to be related to the observed decreased
fertility in the rodent model including (a) retained testes and Mullerian rem-
nants, (b) abnormal sperm morphology and motility, (c) lesions in reproductive
tract tissues, (d) abnormal reproductive tract secretions, and (e) inflammation.
Cellular alterations in the testis, retained Mullerian ducts, and differentiation of
Wolffian duct structures are further discussed.

3.2
Cancer

In men exposed prenatally to DES, several studies have reported an increased
incidence of testicular seminomas [23, 24]. To examine the long-term effects of
DES in mice and to determine if a similar increase in testicular tumors occurs,
or if there is an increased incidence of tumors in other reproductive organs,
male mice treated prenatally with DES were followed to 18 months of age. In
these aged DES-treated mice, retained cryptorchid testes were a common find-
ing; this abnormality was seen in the younger animals and persisted through-
out their life. As expected, these retained gonads had a high degree of degener-
ation and some even showed mineralization in reminiscent seminiferous
tubules. Sperm granulomas were also frequently seen. Interstitial cell tumors of
the testes were seen in approximately 3% of the DES-exposed males but were
not seen in the control CD-1 males that were used in this study. Interstitial cell
hyperplasia and carcinoma have been produced experimentally in some strains
of mice after prolonged treatment with estrogenic compounds [25], but in the
prenatal DES-exposed males there were more interstitial cell carcinomas in
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proportion to interstitial cell tumors than those reported in other strains fol-
lowing prolonged estrogen treatment. Together these findings suggested that
indeed DES had increased the incidence of testicular tumors in prenatal DES-
exposed mice.

Further support for this statement can be seen with the increased incidence
of another rare form of testicular cancer, rete adenocarcinoma. Rete testes hy-
perplasia (56%) and adenocarcinoma (5%) were also seen in aged prenatal
DES-exposed mice [26]. This particular tumor has never been seen in any con-
trol males in our studies and is reported to be equally rare in humans. To date,
rete adenocarcinoma in DES-exposed humans has not been reported, although
it has been suggested that this lesion can be misdiagnosed as seminoma. Thus,
the cases of seminoma that were reported in DES-exposed males [24] deserve
careful re-examination in light of the rare finding of rete adenocarcinoma in the
mouse model [26].

In addition to testicular cancer, increased incidence of tumors in retained
Mullerian ducts and other reproductive tract tissues including prostate and
seminal vesicle were also seen in the DES animal model. To date, an increased
incidence of prostate cancer has not been reported in DES-exposed humans,
but it may be due to their young age. Most of the DES-exposed human popula-
tion is just reaching the fifth decade of life, a time when reproductive tract tu-
mors, for example prostatic lesions, would be expected to increase. Since the
mouse model has been predictive of other findings, continued close surveil-
lance of DES-exposed men is warranted.

4
Effects on Females

As described for the prenatally DES-exposed males, outbred CD-1 mice were
treated with subcutaneous injections of DES on days 9–16 of gestation at doses
ranging from 0.01 to 100 µg/kg during pregnancy. Mice were born on day 19 and
female offspring were followed for effects on fertility and incidence of repro-
ductive tract neoplasia later in life.As seen in Table 2, the effects of prenatal DES
exposure on female mice and humans are comparable. Abnormalities such as
reproductive tract dysfunction, structural malformations, and increased tu-
mors in the reproductive tract were observed in both species.
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Table 2. Similar developmental effects of prenatal exposure to DES in mice and humans –
female offspring

Reproductive tract dysfunction
Subfertility/infertility 
Structural malformations
Oviduct, uterus, cervix, vagina; paraovarian cysts of mesonephric origin
Increased reproductive tract tumors
Vaginal adenosis and adenocarcinoma



4.1
Fertility

To assess the effects of prenatal DES exposure on postnatal reproductive tract
function, the fertility of DES female mice was determined using a continuous
breeding protocol [27]. The most striking effect observed was a dose-related de-
crease in reproductive capacity, ranging from minimal subfertility at the lower
DES doses to total sterility at the highest DES doses (Fig. 1). It is interesting to note
that over the course of the breeding schedule, even the low doses of DES
(0.01 µg/kg/day) exhibited subfertility. The observed reduced reproductive capac-
ity appeared to be a reflection of a decrease in the total number of litters and in
litter sizes.A major component of the sterility seen in females that were given high
doses of DES was in the oviduct and ovary; the number of ova recovered from the
ampulla of the oviduct after induced ovulation was less than 30% that of the
controls. Also, structural abnormalities were observed in the oviduct, uterus,
cervix, and vagina, which contributed to subfertility. Together these data sug-
gested that in utero exposure to DES, even at low doses, results in the permanent
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Fig. 1. Total reproductive capacity of mice exposed prenatally to DES. Mice were CD-1 female
offspring exposed prenatally to DES on days 9–16 of gestation. Postnatal fertility was deter-
mined by a repetitive breeding technique and expressed as the total number of live young
born per mouse over an 8 months (32 weeks) interval. The cumulative number of young per
mouse is plotted on the x-axis. Note that there is a dose-related decrease in fertility at all DES
doses and that even the mice exposed to low doses of DES exhibit decreased fertility as com-
pared to corresponding control mice. This figure is reproduced from [27] with permission



impairment of female mouse reproductive capacity. Numerous reports of altered
pregnancy outcomes and decreased fertility in young women exposed in utero to
DES [10], as well as accidental DES exposure to wildlife resulting in infertility,
further point out the importance of these findings in mice, and demonstrate that
environmental estrogens play an important role in decreased female fertility.

4.2
Cancer

To assess the long-term effects of prenatal DES exposure on the female, mice
were sacrificed at 12 to 18 months of age, and reproductive tract tissues were
studied for histological alterations. Histological examination revealed lesions
throughout the reproductive tracts [28]. The vagina of DES-exposed mice was
characterized by excessive keratinization and female hypospadias (urethra
opens into the vagina rather than the vulva), and at the highest dose
(100 µg/kg), 25% had epidermoid tumors of the vagina. Vaginal adenocarci-
noma was seen in the 2.5, 5, and 10 µg/kg DES dose groups although its fre-
quency was rare. The cervix of DES-exposed offspring was often enlarged, but
the size of cervical lumen was not different from control untreated mice.
Stromal stimulation was responsible for the enlargement in the cervical region.
Further evidence of stromal alterations were documented by a low prevalence
of benign (leiomyomas) and malignant (stromal cell sarcomas and leiomyosar-
comas) tumors in the cervix. In the uterus, epithelial and stromal stimulation
were also observed, and cystic endometrial hyperplasia was common even in
the lower DES-dose animals; a low incidence of benign (leiomyomas) and ma-
lignant (stromal cell sarcomas and leiomyosarcomas) uterine tumors was also
observed. The ovaries of prenatally DES-treated females were more cystic than
controls; at the highest dose (100 µg/kg), ovarian tumors were noted and 100%
of the oviducts were inflamed and congenitally malformed. Taken together,
these data suggested that in utero exposure to DES results in not only subfertil-
ity/infertility and reproductive tract abnormalities including malformation, but
also an increase in reproductive tract tumors.While this increase was low, it was
still a significant increase as compared to untreated mice.

Since data from the literature suggested that developmental exposure to DES
just during neonatal life resulted in a high incidence of vaginal abnormalities
[29–31], we compared prenatal and neonatal DES exposure and resulting ab-
normalities. Outbred CD-1 mice were treated neonatally with DES (2 µg/pup/
day) on days 1–5. This treatment resulted in a high incidence (90–95%) of
uterine cancer when the mice aged to 18 months [32, 33]. Other species includ-
ing rats and hamsters [34, 35] neonatally exposed to DES have also been re-
ported to have a high incidence of reproductive tract abnormalities including
uterine tumors. Thus, the neonatal mouse model replicates tumors seen in
other experimental models and therefore may be predictive of the carcinogenic
potential of estrogens in the adult human uterus as it ages. A representative his-
tological picture of the murine uterine carcinoma associated with neonatal
treatment with DES is shown in Fig. 2. These tumors rarely metastasized but, in
aged animals (24 months of age or older), the lesions sometimes showed spread
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to para-aortic lymph nodes or direct extension to contiguous organs. It is sig-
nificant that the mouse tumors progress through the same morphological and
biological continuum of hyperplasia to atypical hyperplasia to neoplasm as
seen in women. Uterine carcinoma were not observed in the uterus of untreated
control CD-1 mice at corresponding ages, nor after similar adult short-term ex-
posure to estrogens, suggesting that the developmental stage of the uterus and
the time of estrogen exposure were important factors in the development of the
lesions.
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Fig. 2. A, B Uterine carcinoma – the most common pattern seen is irregularly shaped glands
that vary from dilated structures to almost solid nests of cells (≠) (¥10). B Uterine carcinoma
– high power view of A showing solid nests of cells (≠) and columnar and cuboidal cells lin-
ing glandular elements of the tumor (¥20)

A

B



For the female, perinatal exposure (prenatal or neonatal) to DES resulted in
subfertility/infertility and increased incidences of reproductive tract tumors
(benign and malignant). For the most part, tumor incidence was increased, but
still low, after prenatal treatment, whereas neonatal exposure caused a higher
incidence of tumors. Teratogenic (malformations) abnormalities were higher in
animals prenatally exposed rather than neonatally exposed. Since developmen-
tal events in the reproductive tract occurring in early neonatal life for the
mouse occur entirely prenatally in humans, the perinatal mouse (prenatal and
neonatal) is useful to model human fetal development. This is schematically ex-
plained in Fig. 3. This figure illustrates, as previously stated, that the timing of
exposure or the stage of tissue differentiation determines the subsequent re-
sulting abnormalities.

5
Mechanisms of Reproductive Tract Toxicity

Many studies have demonstrated that perinatal exposure to DES interferes with
the normal differentiation of both female and male reproductive tract.
Although the mechanisms are not completely understood, epigenetic and/or
genetic components may be involved. Recent studies [36, 37] have suggested a
molecular mechanism responsible for the structural alterations observed in
oviduct, uterus, cervix, and vagina. Cellular changes may also be closely linked
to these structural alterations. Furthermore, we have described permanent ab-
normal gene imprinting in which neonatal exposure to DES causes demethyla-
tion of an estrogen-responsive gene in the mouse uterus [38]. We are currently
investigating the relationship of this finding to tumor induction.
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The role of the estrogen receptor (ER) in the induction of abnormalities and
tumors following developmental exposure to DES has also been studied using
transgenic mice which overexpress ERa (MT-mER). Transgenic ER mice were
treated with DES during neonatal life as described for the CD-1 mice and fol-
lowed as they aged. We hypothesized that because of the abnormal expression
of the ER, the reproductive tract tissues of the MT-mER mice would be more
susceptible to tumors after neonatal exposure to DES. In fact, it is interesting to
note that mice overexpressing ER were indeed at a higher risk of developing ab-
normalities including uterine adenocarcinoma in response to neonatal DES as
compared to DES-treated wild type mice; at 8 months, 73% of the DES-treated
MT-mER mice compared to 46% of the DES-treated wild type mice had uterine
adenocarcinoma. Further, these abnormalities occurred at an earlier age as
compared to wild type DES mice [39]. These transgenic mouse studies sug-
gested that the level of ERa present in a tissue may be a determining factor in
the development of estrogen-related tumors. However, the specific role of ER in
the induction and progression of the lesions requires additional study. Other
transgenic mouse models which express variant forms of ER or the ER knock-
out, as well as experimental models constructed with ERb, will also aid in de-
termining the role of the ER in the development of these reproductive lesions.
Since various estrogenic compounds have been reported to bind preferentially
to either ERa or ERb, these murine models will be essential in extrapolating hu-
man health risks to various environmental estrogen exposures.

6
Multigenerational Effects

As described, prenatal exposure of humans and perinatal exposure of experi-
mental animals to DES have been associated with the subsequent development
of reproductive tract abnormalities, including poor reproductive outcome and
neoplasia in both males and females. Additional concerns with DES and other
endocrine disrupting chemicals, however, hypothesize that adverse effects may
be transmitted to subsequent generations [40–42]. In fact, experimental animal
studies with various chemical carcinogens have suggested that this may indeed
be a valid concern [43–45]. With this as background, we evaluated whether DES
adverse effects could be passed on to succeeding generations. Outbred CD-1
mice were treated with DES either prenatally or neonatally: the prenatal group
was treated (2.5, 5 or 10 µg/kg maternal body weight) on days 9–16 of gestation,
which is the time of major organogenesis; the neonatal group was treated on
days 1–5 of neonatal life (0.002 µg/pup/day). The doses that were chosen for
these multi-generation studies were in the low dose range of the perinatal stud-
ies described earlier in the text because higher doses were not compatible with
fertility. Fertility (the ability to produce a second-generation study) actually set
the doses used in the multigeneration experiment. Female mice (F1) in each
DES group were raised to sexual maturity and bred to control males. As de-
scribed earlier, fertility of the F1 DES-exposed females was decreased in all
groups. Female offspring (DES lineage or F2) of these matings were raised to
maturity and housed with control males for 20 weeks. The fertility of these DES
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lineage female mice was not affected by DES exposure of their “grandmothers”.
DES lineage mice were sacrificed at 17–24 months of age. An increased inci-
dence of malignant reproductive tract tumors, including uterine adenocarci-
noma, was seen in DES-lineage mice; the range and prevalence of tumors in-
creased with age. Because uterine adenocarcinomas were seen in both prenatal
and neonatal groups, both developmental exposure periods were considered
susceptible to the adverse effects of DES. These data suggested that the reduced
fertility observed in the DES F1 female mice was not transmitted to their de-
scendants; however, increased susceptibility to tumor formation was apparently
transmitted to subsequent generations. More details of the multi-generation ef-
fects of DES can be found in another publication [15]. Additional studies with
the F2 male siblings showed that there is also an increased incidence of repro-
ductive tract tumors in these mice as they age [46]. Furthermore, studies from
other laboratories have shown similar findings of DES lineage effects [13, 14,
47]. While our studies have only focused on adverse effects that are carried
through the female (F1), studies from Turusov et al. [13] have reported similar
increased tumor incidences being passed through DES males (F1).

The mechanisms involved in these transgenerational events remain un-
known. Because DES has been reported to have genetic/epigenetic effects [36–
38, 48–53], damage or altered imprinting of the germ cell is a possibility.

It is important to point out that increased occurrence of reproductive tract
tumors in DES-lineage humans has not been reported; however, these people
have not reached a comparable age at which the mice tumors were observed.
Since the DES mouse studies have been predictive of other human abnormali-
ties, continued close surveillance of the prenatally DES-exposed cohort and
their offspring (grandchildren) is certainly advised. With regards to other en-
docrine disrupting chemicals, DES demonstrated that multigenerational effects
are possible if exposure to estrogenic compounds occurs at critical stages of
development.

7
Not Just DES – Other Examples

To determine if the adverse effects observed with perinatal exposure to DES
were unique to DES or were common to other environmental compounds, we
looked at other chemicals with estrogenic activity. Structural diversity of envi-
ronmental estrogens has been previously reported [41]. Note the diversity of the
compounds that we studied, which are illustrated in Table 3. We focused on only
treatment during the neonatal period and only on uterine tumor induction; no
multigenerational studies were included. In brief, mice were treated neonatally
on days 1–5 with varying compounds and sacrificed from 12–18 months of age.
A wide dose range was used for most compounds. Uterine tumor induction is
summarized in Table 3. All compounds tested thus far have been carcinogenic to
the neonatal mouse except methoxychlor. This is probably due to the use of the
pure compound which is only weakly estrogenic unless metabolized to more ac-
tive estrogenic substances. Since the neonatal mouse is not capable of significant
metabolism to convert the pure compound to active estrogenic metabolites,
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Table 3. Uterine tumor induction following neonatal treatment with various estrogens

Chemicals Structure Tumor

DES

Estradiol

Hexestrol

Tetrafluoro-DES

Tamoxifen

Genistein

2-OH-Estradiol

4-OH-Estradiol

Ethinyl
Estradiol



methoxychlor had little effect. Data from bisphenol A is still under study and
evaluations are not complete. It is interesting to note that 17b estradiol was also
carcinogenic in this experimental model, but only at high doses (three times
greater than DES) [33]. Thus far the general trend for all of these compounds is
that carcinogenesis is related to estrogenicity.

8
Summary and Conclusions

Sufficient evidence has now been accumulated by many laboratories that shows
perinatal exposure of the developing fetus or neonate to exogenous estrogens
like DES adversely affects reproductive tract function. Further, it is increasingly
clear that long-term changes, including benign and malignant tumors, also oc-
cur. Fertility was decreased in mice after perinatal DES exposure in a dose-de-
pendent manner, but it was adversely affected in low dose estrogen-exposed 
animals only later in life. Therefore fertility may not be a sensitive marker of
reproductive toxicants in rodents until they age. Reproductive tract tumors
were also seen in the animals as they aged, even animals that were exposed 
to low doses of environmental estrogens. Of particular significance is the in-
creased prevalence of tumors that is apparently passed on to subsequent gen-
erations.

Although DES is a potent estrogenic compound, it provides markers of the
adverse effects of exposure to estrogenic and other endocrine-disrupting sub-
stances if exposure occurs during development. These exposures may come
from naturally occurring chemicals, synthetic or environmental contaminants,
and/or pharmaceutical agents. While the mature organism may suffer adverse
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Table 3. (continued)

Chemicals Structure Tumor

Bisphenol A

Nonylphenol

Methoxychlor



effects to these chemicals, the developing animal is particularly sensitive to per-
turbation by these compounds and experience may permanent, long-lasting
consequences. Ongoing mechanistic studies will help us further assess the risks
of exposure to various endocrine-disrupting chemicals in the environment.
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In addition to their hormonal activity, endocrine active compounds may have the potential to
cause DNA adducts, oxidative DNA damage, and disturbances of the mitotic apparatus of the
cell. They can therefore give rise to gene mutations as well as structural and numerical chro-
mosomal aberrations in the same way as do chemical carcinogens. This genotoxic potential is
independent of the hormonal activity and often related to metabolic activation. For 17b-estra-
diol and the equine estrogens equilin and equilenin, the formation of catechols, in particular
by hydroxylation at C-4, and subsequent oxidation to ortho-quinones appears to be an impor-
tant pathway to the ultimate carcinogenic metabolite. Some phytoestrogens, e.g., genistein and
coumestrol, exhibit clastogenic and mutagenic effects without metabolic activation. The syn-
thetic antiestrogen tamoxifen is a potent liver carcinogen in rats and forms DNA adducts af-
ter allylic hydroxylation followed by sulfation. Diethylstilbestrol, an established human and
animal carcinogen, can also be activated to DNA binding metabolites, but is a powerful aneu-
ploidogenic agent by disturbing the assembly of microtubules even without metabolism.
Likewise, bisphenol A and 17b-estradiol are able to interfere with the mitotic apparatus and
cause near-diploid aneuploidy. Thus, certain endocrine active compounds of both natural and
anthropogenic origin are capable of causing various kinds of genotoxic effects, which may act
in concert with the hormonal activity in the initiation of estrogen-induced carcinogenesis.
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List of Abbreviations

BPA bisphenol A
CMTC cytoplasmic microtubule complex
COM coumestrol
CREST calcinosis, Raynaud’s phenomenon, oesophagal motility 

abnormalities, sclerodactyly, and telangiectasia
CYP cytochrome P450
DAI daidzein
DES diethylstilbestrol
E estrogen
E1 estrone
E2 17b-estradiol
EAC endocrine active compound
EN equilenin
END enterodiol
ENL enterolactone
EQ equilin
GEN genistein
GSH glutathione
hprt hypoxanthine phosphoribosyl transferase
MAT matairesinol
MT microtubule
MTP microtubule proteins
ROS reactive oxygen species
SEC secoisolariciresinol
SHE Syrian hamster embryo
TAM tamoxifen

1
Introduction

Whereas there is no doubt that endogenous steroidal estrogens are indispens-
able for normal growth and development of mammalian organisms, there is in-
creasing concern about possible adverse effects of the very same hormones, in
particular when an individual is exposed at the wrong time of development or to
unphysiological concentrations. Estrogen-associated diseases include cancer of
the breast and uterus in women and of the prostate and testes in men, as well as
developmental disorders, e.g., premature thelarche in girls and cryptorchidism
and hypospadias in boys. The concern has considerably increased with the ob-
servation (i) that numerous environmental agents, termed endocrine active
compounds (EACs), of both natural and anthropogenic origin can mimic the
hormonal activity of the endogenous steroid estrogens, (ii) that the incidence of
estrogen-associated human diseases is on the rise in Western industrialized
countries, and (iii) that adverse developmental effects typical of sex hormones
are observable in wildlife inhabiting areas of heavy chemical contamination.
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Of particular concern is the association of endogenous estrogens and exoge-
nous estrogen-like compounds with cancer in humans. For example, cumulative
and excessive exposure to endogenous steroidal estrogen, the most active of
which is 17b-estradiol (E2), is considered a risk factor for mammary and uter-
ine tumors. An example of a carcinogenic exogenous hormone-like agent is the
estrogenic drug diethylstilbestrol (DES), prescribed in the USA and other coun-
tries between 1952 and 1970 to pregnant women to prevent miscarriage. DES is
now known to be the cause of vaginal and cervical tumors in the female off-
spring and of testicular cancer in the male progeny of the treated women.

The increasing evidence for the carcinogenicity of at least certain estrogens
from epidemiological studies and also from experimental studies with labora-
tory animals has raised interest in the molecular mechanisms of hormonal car-
cinogenesis. One important question is whether the carcinogenic effect of an es-
trogenic agent is exclusively due to its hormonal activity or whether it involves
the induction of genetic damage, which is generally considered a hallmark in
the mechanism of carcinogenesis induced by chemicals. There is no dispute that
the hormonal activity, e.g., the stimulation of cell proliferation, plays an impor-
tant role in estrogen-mediated neoplasia. In contrast, the role of genetic dam-
age in the process of estrogen carcinogenesis is still controversial. This chapter
briefly reviews the present evidence for the genotoxic potential of several major
EACs. In addition to E2 and DES, the equine estrogens equilin (EQ) and equi-
lenin (EN), the phytoestrogens genistein (GEN) and coumestrol (COM), and the
synthetic compounds tamoxifen (TAM) and bisphenol A (BPA) will be dis-
cussed. The chemical structures of these compounds are depicted in Fig. 1.

2
Natural Compounds

2.1
Steroidal Estrogens

2.1.1
Estradiol and Estrone

The mammalian estrogens E2 and estrone (E1), which are interconvertible in
the cell by the enzyme 17b-hydroxysteroid dehydrogenase, are human and ani-
mal carcinogens [1]. An established animal model is the male Syrian golden
hamster, in which carcinogenic estrogens lead to a 100% incidence of kidney
tumors. The observation that several potent steroidal estrogens, e.g., 17a-
ethinyl-E2 and 2-fluoro-E2, are virtually noncarcinogenic for the hamster kid-
ney [2] is not consistent with the paradigm that the stimulation of cell prolifer-
ation and the eventual accumulation of spontaneous mutations [3] is the cause
of hormonal cancer. This was one of the reasons that prompted several labora-
tories to study other mechanisms, in particular the role of genotoxic metabo-
lites. Several recent reviews have detailed the current state of knowledge in this
field [4–10]. As depicted in Fig. 2, the major pathways in the oxidative metabo-
lism of E2 and E1 comprise hydroxylation at C-2, C-4, and C-16. The catechol es-
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trogens 2-hydroxy-E and 4-hydroxy E can either be conjugated, e.g., methy-
lated, or further oxidized to semiquinones and quinones. The latter are reactive
metabolites, covalently binding to glutathione (GSH), proteins, and DNA.
Several adducts of the catechol estrogens with the DNA bases guanine and ade-
nine have been identified in in vitro systems and, to a limited extent, also in
vivo. The chemical structures of the adducts show that the 3,4-quinone reacts
primarily through C-1 with the N7-position of guanine, whereas the 2,3-
quinone tautomerizes to a quinone methide prior to reacting through C-6 with
the exocyclic amino groups of adenine and guanine. The DNA adducts of the
2,3-quinone are chemically stable, in contrast to the adduct of the 3,4-quinone
which is released from the DNA by spontaneous depurination.

It is believed that 4-hydroxylation is the critical pathway for the carcino-
genicity of E2. The major reasons for this proposition are (i) 4-hydroxy-E2 but
not 2-hydroxy-E2 is carcinogenic in the Syrian hamster kidney and also in an-
other animal model, the neonatal CD-1 mouse uterus [11], (ii) 4-hydroxylation
is predominating over 2-hydroxylation in the target tissues of E2 carcinogenic-
ity, e.g., the hamster kidney and the human breast and uterus, due to the activ-
ity of the hydroxylating enzyme cytochrome P4501B1 (CYP1B1), and (iii) the
depurinating DNA adducts are considered a more critical lesion for the initia-
tion of cancer than the stable DNA adducts. Moreover, 4-hydroxy-E are less
rapidly methylated by catechol-O-methyltransferase and thus less efficiently in-
activated than their 2-hydroxylated isomers.

In addition to the formation of direct DNA adducts, catechol estrogens can
give rise to indirect DNA adducts through redox cycling (Fig. 2). The generation
of reactive oxygen species (ROS) can lead to oxidative DNA damage and lipid
peroxidation, the latter generating reactive aldehydes which adduct DNA. Both
types of ROS-mediated DNA modifications have been observed with E2 in tar-
get tissues in vivo.

Due to their potential to cause DNA damage, E2 and its catechol metabolites
should give rise to gene mutations. Whereas earlier studies in standard muta-
genicity test systems such as the Ames test gave negative results, a weak muta-
genic response was found in more recent studies [12, 13]. Interestingly, E2 mu-
tagenicity was only observed at very low (10–100 pmol/l) and relatively high
(0.1–1 µmol/l) concentrations in one of the studies [12]. This may be due to the
fact that catechol estrogens have both prooxidant and antioxidant properties,
and the prooxidant effects may only be detected at certain concentrations [14].
Moreover, it may be assumed that E2 exhibits only very weak mutagenicity,
which is not readily detected by the conventional short-term assays designed
for strong mutagens.

The third major metabolite of E2, namely 16a-hydroxy-E1 (Fig. 2), has also
been implicated in the mechanism of E2 carcinogenesis [15, 16]. Due to the abil-
ity of the 17-keto group to form a Schiff base with amino groups and subse-
quently undergo an Amadori rearrangement with the 16a-hydroxyl group, this
metabolite can form a stable protein or DNA adduct. It has been postulated that
such a covalent modification of the estrogen receptor could lead to a persistent
stimulation of cell proliferation in the mammary epithelium and thus favor the
neoplastic progression of breast cancer.
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To increase further the complexity of possible mechanisms of genetic toxicity
of E2, numerical chromosomal aberrations (aneuploidy) have been observed
with E2 and its catechol metabolites in vitro and in vivo. E2 and E1 caused ane-
uploidy and neoplastic transformation in cultured Syrian hamster embryo
(SHE) fibroblasts even in the absence of detectable gene mutations [13]. The bio-
chemical mechanisms underlying the aneuploidogenic effects are still poorly
understood: E2 does not interfere with the mitotic spindle and may act through
other components of the mitotic machinery, whereas the catechol metabolites,
after oxidation to the quinones, bind covalently to critical sulfhydryl groups of
tubulin and inhibit microtubule assembly and spindle formation [17].

In view of the plethora of effects of E2 and some of its metabolites on the ge-
netic material, future in-depth mechanistic studies are required to clarify fur-
ther the mechanism of E2-mediated carcinogenesis.

2.1.2
Equine Estrogens

Long-term estrogen replacement therapy of postmenopausal women is associ-
ated with a clear risk for endometrial cancer and a possible risk for mammary
cancer [18, 19]. The most widely prescribed estrogen replacement formulations
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in the USA are derived from the urine of pregnant mares (e.g., Premarin) and
contain, in addition to E2 and E1, significant amounts of steroidal estrogens
with an unsaturated B ring, i.e., equilin (EQ) and equilenin (EN). Both EQ and
EN are carcinogenic in the Syrian hamster kidney model [20]. Studies on the
metabolism and genotoxicity of EQ and EN have recently been summarized by
Bolton et al. [21]. In analogy to E2 and E1 (see above), EQ and EN undergo
metabolic hydroxylation at C-2 and C-4 to yield catechols (Fig. 3). Interestingly,
increasing the number of double bonds in the B ring favors hydroxylation at C-
4 over C-2. As discussed above for the 4-hydroxylated E1 and E2, this pathway
may lead to carcinogenic metabolites. It has been observed that both 4-hy-
droxy-EQ and 4-hydroxy-EN readily autoxidize to the respective ortho-
quinones, and the quinone of 4-hydroxy-EQ isomerizes and autoxidizes to the
quinone of 4-hydroxy-EN (Fig. 3). 4-Hydroxy-EN appears to undergo redox cy-
cling and to generate ROS, as it causes DNA single strand breaks and oxidative
damage to DNA bases in cell-free systems and also in human breast cancer cell
lines [22, 23]. Reaction of 4-hydroxy-EN and also 4-hydroxy-EQ with DNA or
deoxynucleosides in vitro gave rise to several different types of lesions includ-
ing bulky stable adducts and apurinic sites [24]. More recently, 4-hydroxy-EN
was shown to induce ROS, DNA single strands breaks, and oxidized DNA bases
in two murine fibroblast cell lines to a much greater extent than 4-hydroxy-E1
[25]. The occurrence of DNA lesions in whole animals after administration of
EQ and EN and the mutagenicity of these equine estrogens or their metabolites
remain to be demonstrated.

2.2
Phytoestrogens

More than 300 plants are known to contain compounds exhibiting estrogenic
activity [26]. Typical examples of such phytoestrogens are the isoflavones GEN
and daidzein (DAI, Fig. 4), prominent in soy beans, the coumestan COM, pre-
sent in sprouts of soy beans and alfalfa, and lignans, present in oilseeds, vegeta-
bles, and fruit. The two major plant lignans, secoisolariciresinol (SEC) and
matairesinol (MAT, Fig. 4), are metabolized by intestinal bacteria to the mam-
malian lignans enterodiol (END) and enterolactone (ENL). Depending on the
diet, some phytoestrogens may be ingested in considerable amounts, e.g., GEN
and DAI with soy-based food and SEC and MAT with food containing flaxseed,
and lead to plasma levels in the micromolar range [27]. Recently, isoflavones
and lignans have gained interest due to their putative beneficial health effects.
Consequently, there is an increasing tendency to consume phytoestrogens as di-
etary supplements.

Despite their widespread occurrence and dietary consumption, as well as
their structural similarity with carcinogenic estrogens like DES and E2, very lit-
tle is known about the genotoxic potential of phytoestrogens and their metabo-
lites. The results of recent studies on the effects of several prominent phyto-
estrogens in cultured Chinese hamster V79 cells at various endpoints of genetic
damage, e.g., induction of micronuclei, interference with cytoplasmic and mi-
totic microtubules, and mutations at the hprt gene locus [28, 29], are summa-
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rized in Table 1. A clearly distinct genotoxic profile was obtained for the seven
phytoestrogens: whereas the four lignans and DAI did not show an effect at any
of the endpoints, the induction of micronuclei containing acentric chromoso-
mal fragments (as tested with the antikinetochore CREST antibody) and gene
mutations at the hprt locus were observed for GEN and COM. GEN also proved
mutagenic in human lymphoblastoid cells [30] and caused DNA strand breaks
in the human colon tumor cell line HT29 [31]. The clastogenicity of GEN and
COM, but not DAI, was also clearly demonstrated in cultured human peripheral
blood lymphocytes [32]. It should be noted that GEN and DAI differ by just one
hydroxyl group (Fig. 4), indicating that the genotoxicity is closely associated
with the chemical structure. The specificity of the genotoxic effect is also illus-
trated by comparing COM with the structurally similar DES (Fig. 1): whereas
COM is a clastogen and gene mutagen in V79 cells without any aneuploidogenic
potential, DES is a clear aneugen in the same cells without any clastogenicity
(see Sect. 3.2).

The biological significance of the clastogenicity and mutagenicity of GEN re-
mains to be studied. With the exception of a recent report associating leukemia
in Japanese infants with a soy diet [33], no epidemiological studies appear to ex-
ist linking isoflavones to increased cancer incidence in humans. A long-term
carcinogenicity study in rodents is currently being conducted by the National
Toxicology Program. In neonatal CD-1 mice, an animal model used to demon-
strate the carcinogenicity of E2 (see Sect. 2.1.1) and DES (see Sect. 3.2), GEN in-
duced the same incidence (about 30%) of uterine adenocarcinoma as did DES
when administered at an equiestrogenic dose [34]. However, it is still unclear
whether genotoxicity plays a role in the mechanism of estrogen carcinogenesis
in this animal model.

In addition to the parent phytoestrogens, their metabolites, in particular hy-
droxylation products, may contribute to a possible genotoxic risk. At present,
however, no data exist on the genotoxic potential of phase I or phase II metabo-
lites of isoflavones and lignans. Surprisingly little was known until recently
about the phase I metabolism of prominent phytoestrogens in humans and ex-
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Table 1. Genotoxic effects of various phytoestrogens in cultured V79 cells, according to [28]
and [29]

Effect GEN DAI COM END ENL SEC MAT

Induction of micronuclei
CREST-positive – – – – – – –
CREST-negative +++ – ++ – – – –

Interference with MT
Disruption of CMTC – – – – – – –
Mitotic spindle – – – – – – –
Cell-free MT assembly – – – – – – –

Induction of mitotic arrest – – – – – – –
Mutations at hprt locus (+) – ++ – – – –



perimental animals other than the biotransformation by intestinal bacteria.
However, both isoflavones and lignans appear to be substrates for mammalian
cytochrome P450, as rat and human hepatic microsomes are capable of gener-
ating several hydroxylated metabolites of DAI and GEN [35–38], and of END
and ENL [39]. Most of these oxidative in vitro metabolites have also been de-
tected in the urine of humans after ingestion of a diet containing soy or flaxseed
(Table 2). All of the GEN and DAI metabolites are catechols, whereas the major
metabolites of END and ENL are hydroquinones. It should prove interesting to
examine the genotoxic potential of these metabolites.

3
Synthetic Compounds

3.1
Tamoxifen

The anti-estrogen TAM has been widely used since 1971 for adjuvant therapy in
the treatment of women with breast cancer. It is currently tested on a large scale
as a chemopreventive agent in healthy women with a high familial risk for
mammary tumors. In both breast cancer patients and healthy women treated
with TAM, a small increase in the incidence of endometrial cancers was ob-
served, as reviewed in [41]. In male and female rats, but not mice, TAM induced
a high incidence of hepatocellular carcinomas. No uterine tumors were ob-
served in adult rats or mice after treatment with TAM [41]. However, exposure
of newborn CD-1 mice [42] and Wistar rats [43] to TAM during the first five
postnatal days led to a significant increase in uterine tumors late in life.

In order to assess better the carcinogenic risk of TAM for humans, several
laboratories are working on the mechanisms underlying the observed carcino-
genic effects in rodents. There is general agreement that TAM acts as a geno-
toxic agent in the rat liver due to the formation of one or more reactive metabo-
lites causing DNA adducts. TAM is metabolized via N-desmethylation, 4-hy-
droxylation, a-hydroxylation, and N-oxidation in rat hepatic microsomes, rat
hepatocytes, and in vivo [44]. a-Hydroxylation and 4-hydroxylation of TAM
may represent the initial steps of metabolic activation (Fig. 5). For the genotox-
icity of TAM in the rat liver, a-hydroxylation followed by sulfation appears to be
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Table 2. Oxidative metabolites of GEN, DAI, END and ENL identified in human urine after in-
gestion of soy and flaxseed, according to [36] and [40]. HO, hydroxy; position of HO- see
Fig. 4. The sequence of listing does not reflect the amount of the respective metabolite

Phyto- Metabolites
estrogen

GEN 6-HO-GEN, 8-HO-GEN, 3¢-HO-GEN, 3¢,6-diHO-GEN, 3¢,8-diHO-GEN
DAI 6-HO-DAI, 8-HO-DAI, 3¢-HO-DAI, 6,8-diHO-DAI, 3¢,6-diHO-DAI, 3¢,8-diHO-DAI
END 2-HO-END, 4-HO-END, 6-HO-END
ENL 2-HO-ENL, 4-HO-ENL, 6-HO-ENL, 2¢-HO-ENL, 4¢-HO-ENL, 6¢-HO-ENL



the critical pathway leading to DNA adduction. The two major DNA adducts
from the liver of TAM-treated rats were identified by mass spectrometry and
comparison with authentic reference compounds [45, 46] and are derived from
the reaction of the exocyclic amino group of guanine with the a-position of
TAM and N-demethyl-TAM (Fig. 6). 4-Hydroxy-TAM is not DNA reactive per se
but can be oxidized to a quinone methide (Fig. 5), which reacts in vitro with
DNA by a 1,8-Michael addition to yield (E)- and (Z)-a-(deoxyguanosin-N2-yl)-
4-hydroxy-TAM (Fig. 6) as the major adducts. However, when 4-hydroxy-TAM
was administered to rats or incubated with rat hepatocytes, no adducts could be
detected in liver cell DNA by the 32P-postlabeling technique [47, 48]. This sug-
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gests that neither 4-hydroxy-TAM nor the product of subsequent hydroxylation,
3,4-dihydroxy-TAM (Fig. 5), play a significant role in the hepatocarcinogenicity
of TAM in the rat.

Presently there are no epidemiological data suggesting that TAM is carcino-
genic in the human liver. No TAM-specific DNA adducts were detected by 32P-
postlabeling in liver biopsy samples of TAM-treated breast cancer patients [49],
and incubation of human hepatocytes with TAM or a-hydroxy-TAM failed to
yield significant levels of characteristic DNA adducts [50].

The etiology of the aforementioned endometrial cancer observed at low in-
cidence in TAM-treated women is much less clear than that of TAM-induced rat
liver cancer. Since previous attempts to detect DNA adducts in endometrial tis-
sue failed or gave ambiguous results, a hormonal mechanism due to the partial
estrogenic effect of TAM on the human uterus has been assumed. However, by
using an ultrasensitive modification of the 32P-postlabeling technique, DNA
adducts were recently detected in the endometrium of 6 out of 13 breast cancer
patients but not in control subjects, and were identified as E- and Z-isomers of
a-(N2-deoxyguanosinyl)-TAM [51], the same type of adduct as identified in rat
liver (Fig. 6). The level of the endometrial adducts was in the range of 1–10 per
108 nucleotides, which is two orders of magnitude below the adduct level in rat
liver at doses giving rise to tumors.

Why is TAM a potent genotoxic hepatocarcinogen in the rat and a poor geno-
toxin, if at all, in humans, in spite of the fact that the critical metabolite, a-hy-
droxy-TAM, is formed in both species? Studies by Glatt et al. [52] provide an ex-
planation. Genetically engineered Salmonella typhimurium and Chinese ham-
ster V79 cells, expressing various forms of rat and human sulfotransferases,
were used to study the ability of a-hydroxy-TAM to induce DNA adduct forma-
tion and gene mutations in these cells. a-Hydroxy-TAM was mutagenic and
gave rise to the same pattern of DNA adducts as observed in rat liver in vivo
only in cells expressing rat hydroxysteroid sulfotransferase a, a liver-specific en-
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zyme. Cells expressing the corresponding human sulfotransferase or six other
human xenobiotic-metabolizing sulfotransferases, including the two sulfo-
transferases identified in endometrium, were at least 20 times less active in
metabolizing a-hydroxy-TAM to a genotoxin. This strongly suggests that the
species difference between rat and mouse with respect to the genotoxicity of
TAM resides in the different activities of a phase II enzyme, sulfotransferase,
necessary to generate the ultimate carcinogen, i.e., the sulfate conjugate of a-
hydroxy-TAM. The fact that the human liver and the human endometrium sul-
fotransferases are not capable of activating a-hydroxy-TAM should provide
some degree of protection.

3.2
Diethylstilbestrol

DES is a diphenolic compound synthesized in 1938 [53] in the search for an
orally effective estrogen. It matches E2 in terms of its affinity to the estrogen re-
ceptors and is superior in terms of oral efficacy. DES contributed much to the
present concern about carcinogenic effects of estrogens, as it proved to be the
culprit of a rare form of vaginal and cervical tumors discovered in 1970 by
Herbst et al. [54] and was shown to be a potent carcinogen in several animal
models including the Syrian hamster kidney [55] and the neonatal mouse
uterus [56]. Despite the efforts of several laboratories, its mechanism of tu-
morigenesis is still poorly understood. The formation of reactive metabolites
has been demonstrated and their involvement in DES-mediated carcinogenesis
proposed as early as 1975 [57, 58]. Today, several pathways for the metabolic ac-
tivation of DES are discussed; for review see [6, 9, 10]. The best studied route for
the generation of reactive metabolites is depicted in Fig. 7 together with the as-
sociated biochemical effects. Briefly, DES can be oxidized by cytochrome P450
or peroxidases to its 4¢,4¢¢-semiquinone and 4¢,4¢¢-quinone, which tautomerizes
spontaneously to Z,Z-dienestrol. This metabolic sequence has been shown with
microsomes from various organs and is believed to occur in target tissues of
DES carcinogenicity. The semiquinone intermediate may reduce oxygen to su-
peroxide radicals and thus give rise to ROS, which in turn causes lipid peroxi-
dation and oxidative DNA damage. Moreover, DNA may be adducted by the
electrophilic DES-4¢,4¢¢-quinone and by reactive products of lipid peroxidation.
Both types of adducts have been demonstrated by the 32P-postlabeling tech-
nique in the Syrian hamster kidney, together with oxidized DNA bases. Other
pathways of DES metabolism proposed for metabolic activation are the forma-
tion of the catechol 3-hydroxy-DES with subsequent oxidation to the respective
ortho-semiquinone and -quinone in analogy to the activation of E2 and EN dis-
cussed earlier (see Sect. 2.1), and a-hydroxylation at C-2 or C-5 of the ethyl
groups to yield an allylic alcohol which becomes reactive after sulfate conjuga-
tion [59], as described for tamoxifen (see Sect. 3.1). By the same token, it can be
speculated that 1-hydroxy-Z,Z-dienestrol, which is also an allylic alcohol, can be
activated by sulfation. Thus, DES can cause DNA lesions by various mecha-
nisms. It remains to be demonstrated which are relevant for its carcinogenic
effects.
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In addition to damaging DNA, DES has been shown to give rise to numerical
and structural chromosomal aberrations in cultured cells [60] and in target or-
gans of DES carcinogenesis, e.g., the Syrian hamster kidney [61]. As depicted in
Fig. 7, DES and several of its oxidative metabolites affect microtubule proteins
(MTP) through different mechanisms [17]. Binding to MTP inhibits the assem-
bly of microtubules and disrupts the mitotic spindle, thereby causing aneu-
ploidy. DES itself binds to the major MTP, the heterodimer of a- and b-tubulin,
in a colchicine-like manner. The binding of DES-4¢,4¢¢-quinone and Z,Z-diene-
strol to MTP has been less well characterized, but both agents inhibit cell-free
MT assembly [62].

Induction of aneuploidy represents an important mechanism of neoplastic
cell transformation [63, 64]. DES was shown to induce near-diploid aneuploidy
as well as morphological and neoplastic transformation of primary Syrian
hamster embryo (SHE) fibroblasts in the absence of detectable gene mutations
or DNA damage [60, 65, 66]. However, gene mutations were observed in the
same cells with DES in the presence of exogenous metabolic activation [67].
Both aneuploidy induction and DNA adduct formation correlated with DES-in-
duced cell transformation and may be important in the mechanism of DES car-
cinogenesis [65].

3.3
Bisphenol A

BPA is a diphenolic compound with a chemical structure similar to that of DES
(Fig. 1) but a much lower estrogenicity. It is widely used, e.g., for the production
of polycarbonates and epoxy resins, and produced in large amounts. Some of
the materials are used for containing food and potable water and provide a
source for human exposure, since BPA has been reported to leach from such
containers.

Conventional short-term assays have shown no evidence for genotoxicity (as
summarized by Tsutsui et al. [68], and a carcinogenicity bioassay in male and
female Fischer 344 rats and B6C3F1 mice was negative with the exception of a
marginally significant increase in leukemia in male rats only [69].

More recently, the potential of BPA to form DNA adducts and to induce ane-
uploidy has been studied. BPA was chemically (with potassium nitrosodisul-
fonate) and enzymatically (with peroxidase/hydrogen peroxide) oxidized to a
catechol and subsequently to the respective ortho-quinone (Fig. 8), which gave
rise to several DNA adducts under cell-free conditions [70]. After oral or in-
traperitoneal administration of a very high dose (200 mg/kg body weight) of
BPA to male CD-1 rats, two major and several minor DNA adducts were de-
tected in the liver at a level of about 10 total adducts per 109 nucleotides using
the 32P-postlabeling technique [71]. The major in vivo liver DNA adducts of
BPA matched two of four products of the cell-free reaction of BPA-quinone with
DNA in thin layer chromatography. This led the authors to conclude that the
quinone of a BPA-catechol is the DNA-binding metabolite (Fig. 8). However, the
exact chemical structures of the adducts have not yet been reported, nor has the
unequivocal formation of BPA catechol in vivo. An in vitro study with hepatic
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microsomes from aroclor-induced male rats showed a very poor oxidative me-
tabolism of BPA with the formation of only trace amounts of BPA catechol, and
no type I binding spectrum to cytochrome P450 with BPA concentration up to
20 nM; higher concentrations caused denaturation of microsomal proteins [72].
Recent reports have studied the inhibitory effects of BPA on various hepatic cy-
tochrome P450 activities of rats [73] and humans [74] in detail. A recent study
on the metabolism of 14C-labeled BPA in Fischer 344 rats showed that orally ad-
ministered BPA is rapidly glucuronidated [75]. These data imply that BPA, in
contrast to other phenolic compounds discussed above, like E2, EN, GEN, and
DES, is a poor substrate for catechol formation. This fact and the rapid glu-
curonidation of BPA render it unlikely that significant DNA adduction will oc-
cur at low levels of exposure.

Because of the structural similarity of BPA to DES, the potential of BPA to in-
terfere with microtubules (MT) and to induce aneuploidy has been studied.
Indeed, BPA inhibited cell-free MT assembly and induced mitotic arrest and
micronuclei containing whole chromosomes in cultured V79 cells in a DES-like
manner, although with a lower activity [76, 77]. Treatment of SHE cells with BPA
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induced morphological transformation and near-diploid aneuploidy but failed
to induce gene mutations [78], also behaving like DES in this respect (see
Sect. 3.1). When four other bisphenols structurally related to BPA were studied,
a good correlation of cell-free MT inhibition and micronucleus induction in
V79 cells [76] with aneuploidy induction and cell transformation in SHE cells
was observed [68]. As discussed above for DES, aneuploidy induction may also
play an important role in the genotoxicity of BPA and other bisphenols.

4
Conclusion

This paper summarizes the current evidence suggesting that several prominent
EACs not only exert hormonal effects on cells but also have the potential to in-
flict lesions of the genetic material which are well established in the field of
chemical carcinogenesis. Such lesions include DNA adducts and oxidative DNA
damage as well as structural and numerical chromosomal aberrations. With
most of the EACs, these genotoxic effects and their sequelae, i.e., gene muta-
tions and near-diploid aneuploidy, are subtle and not easily detectable in con-
ventional short-term assays or in whole-animal studies. Systematic studies of a
large number of steroidal estrogens and their metabolites as well as synthetic
EACs have been carried out in SHE cells over the past years [13, 60, 65, 67, 68,
78]. SHE cells are primary fibroblasts that allow one to measure cellular trans-
formation and various genetic effects in the same target cells. Moreover, SHE
cells do not express measurable levels of estrogen receptors, and estrogen treat-
ment does not stimulate cell growth. Thus, any observed alterations of the cells
cannot be due to receptor-mediated hormonal effects of the tested EAC. On the
other hand, SHE cells do have endogenous enzymes with cytochrome P450 and
peroxidase activity and are therefore able to metabolize EACs. It has been ob-
served that many, but not all, tested EACs lead to a concentration-dependent
morphological and neoplastic transformation of SHE cells, and that the trans-
forming activity corresponds to at least one of the genotoxic effects of the EAC
tested, i.e., aneuploidy, structural chromosome aberration, or gene mutation
(reviewed by [65]). This and the observation from whole-animal studies that
not every powerful estrogen is a carcinogen [2] strongly suggest that genotoxic
effects are involved in the initiation of EAC-induced carcinogenesis. It appears
that estrogen-mediated carcinogenesis is the combined effect of hormonal
stimulation of cell proliferation, heritable reprogramming of cellular differenti-
ation, and genotoxicity [65, 79].

The proposition that EACs are not alike in terms of their carcinogenic po-
tential has important implications for their risk assessment. First, it means that
testing of the hormonal activity of a presumed EAC is not sufficient to assess its
potential carcinogenic risk. Second, it may allow a better understanding of pos-
sible interactions of EACs with other environmental or dietary factors. For ex-
ample, it has been reported that catechol metabolites of polychlorinated
biphenyls inhibit the catechol-O-methyltransferase-mediated metabolism of
catechol estrogens [80], which may modify the carcinogenicity of E2 and other
EACs activated via catechol formation (see Sect. 2.1.). Similarly, the carcino-
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genic activity of phenolphthalein, used in over-the-counter laxatives, may in
part be explained by the observation that its catechol metabolite also inhibits
catechol-O-methyltransferase, thereby potentiating the genotoxicity of endoge-
nous catechol estrogens [81].

Finally, a better understanding of the role of genotoxicity in the carcinogenic
effects of estrogens may eventually help risk assessment regulatory agencies to
establish tolerable concentrations of EACs. For compounds causing exclusively
or predominantly aneuploidy, the linear dose-response relationship used for
classical gene mutagens to extrapolate from high to low concentrations may not
apply, and a threshold of action may exist. Indeed, a recent study on the induc-
tion of hyperdiploidy and polyploidy by DES and E2 in cultured human lym-
phocytes has shown sublinear dose-response relationships with likely threshold
concentrations [82].
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Wildlife populations from contaminated ecosystems display a variety of reproductive alter-
ations including cryptorchidism in the Florida panther, small baculum in young male otters,
small penises in alligators, sex reversal in fish, and altered social behavior in birds. In some
cases, clear cause and effect relationships exist between exposure to endocrine disrupting
chemicals (EDCs) and adverse effects in fish, wildlife, and domestic animals. The formation
of biologically plausible hypotheses regarding toxicant-induced disruption of reproduction
can be facilitated by definitive mechanistic rodent studies. To this end, we have investigated
the in vivo and in vitro effects of suspect antiandrogenic and dioxin-like substances. In vivo
studies examined short-term effects, effects on puberty, and toxicant-induced alterations of
rat sexual differentiation. We utilize short-term in vivo and in vitro assays (receptor binding,
transfected cell, and steroidogenesis assays) in order to confirm the suspected mechanism of
action. To date, in vitro and in vivo studies have identified several antiandrogenic toxicants
including vinclozolin, procymidone, linuron, several phthalate esters, and p,p¢-DDE, all of
which alter male rat sex differentiation. 2,3,7,8-Tetrachlorodibenzo-p-dioxin (TCDD) and the
TCDD-like congener PCB 169 affect both male and female offspring, inducing dramatic re-
ductions in ejaculated sperm numbers at low dosage levels. In utero exposure to antiandro-
genic and TCDD-like chemicals result in profiles of effects in the offspring that are pathog-
nomonic for each mechanism of action. Mechanistic information from rodent studies using
dosing regimes that produce relevant toxicant tissue levels, coupled with an understanding of
the endocrine factors regulating reproductive development in the species of concern, can en-
hance our ability to predict the effects of EDCs on human and wildlife reproduction. For
some EDCs (i.e., PCBs, PCDDs, PCDFs, or p,p¢-DDE), developmental effects are seen in rats
using dosing regimes that produce fetal exposure levels that appear to be within the reported
range of some segments of the human population.

Keywords. Sexual differentiation, Androgens, Dioxins, PCBs Vinclozolin, Procymidone, DDT
and DDE, Linuron, Pesticides, Toxic substances, Pulp mill effluent, Intersex
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List of Abbreviations

AGD anogenital distance
AR androgen receptor
ATPase adenosine triphosphatase
BBP benzyl butyl phthalate
CHO Chinese hamster ovary
CNS central nervous system
DAS 4,4¢-diaminostilbene-2,2¢-disulfonic acid
DBCP dibromochloropropane
DBP dibutyl phthalate
p,p¢-DDD 2,2-bis(p-chlorophenyl)-1,1-dichloroethane
p,p¢-DDE 2,2-bis(p-chlorophenyl)-1,1-dichloroethylene
o,p¢-DDT 2-(p-chlorophenyl)-2-(o-chlorophenyl)-1,1,1-trichloroethane
p,p¢-DDT 2,2-bis(p-chlorophenyl)-1,1,1-trichloroethane
DEHP di-2-ethylhexyl phthalate
DEP diethyl phthalate
DES diethylstilbestrol
DHT 5a-dihydrotestosterone
DOP dioctyl phthalate
DOTP dioctyl terephthalate
DRE dioxin response elements
EC50 effective concentration for 50% effect
ED50 effective dose for 50% effect
EDC endocrine disrupting chemical
EE ethinyl estradiol
EPA Environmetal Protection Agency
ER estrogen receptor
ERKO estrogen receptor knock-out
ET eggshell thinning
FQPA Food Quality Protection Act
FSH follicle stimulating hormone
GD gestational day
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IQ intelligence quotient
KME kraft mill effluent
LE Long Evans
LH luteinizing hormone
LOAEL lowest observed adverse effect level
MEHP mono-2-ethylhexyl phthalate
MMTV mammary tumor virus
NOAEL no observed adverse effect level
NOEL no observed effect level
PCB polychlorinated biphenyl
PCDD polychlorinated dibenzo-p-dioxin
PCDF polychlorinated dibenzofuran
PH pseudo hermaphrodite

pseudo hermaphroditism
PME paper mill effluent
PND postnatal day
PPS preputial separation
RAR retinoic acid receptor
RXR retinoid receptor
SD Sprague-Dawley
SG shell gland
TCDD 2,3,7,8-tetrachlorodibenzo-p-dioxin
TEQ toxic equivalent
TH true hermaphrodite, true hermaphroditism

1
Introduction

Currently, the potential effects of “endocrine disrupting chemicals” (EDCs) on
human health and the proven effects of EDCs on wildlife are a major focus
among the scientific community. In 1996 the US Environmental Protection
Agency (USEPA) was given a mandate under the Food Quality Protection Act
(FQPA) and Safe Drinking Water Act to develop test protocols to screen for en-
docrine effects. The initial impetus for these actions arose from a Work Session
in 1991 on “Chemically Induced Alterations in Sexual Development: The Wild-
life/Human Connection” [1]. The consensus of the group was that “Many com-
pounds introduced into the environment by human activity are capable of dis-
rupting the endocrine system of animals, including fish, wildlife, and humans.
Endocrine disruption can be profound because of the crucial role hormones play
in controlling development” [2]. Among these chemicals are pesticides and in-
dustrial chemicals, pharmaceuticals, phytochemicals, and other anthropogenic
products. These scientists also “estimated with confidence” that developmental
impairments in humans have resulted from exposure to endocrine disruptors
that are present in the environment from human activities. Laboratory studies
corroborate the abnormalities of reproductive development observed in the field
and, in some cases, provide mechanisms to explain the effects.
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Recent findings have contributed to these concerns; for example, it has been
suggested that in utero exposure to environmental estrogens, antiandrogens, or
chemicals like 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD) could be responsi-
ble for the reported 50% decline in sperm counts in some areas and the appar-
ent increases in cryptorchid testes, testicular cancer, and hypospadias [3–5]. In
females, exposure to EDCs during development could contribute to earlier age
at puberty [6] and to increased incidences of endometriosis [7] and breast can-
cer [8]. Concerns about the effects of exposure to endocrine disruptors during
development led the National Academy of Sciences to release a report on
“Pesticides in the Diets of Infants and Children”, which suggested that the
young are a special concern with respect to pesticide exposures [9].

In the past, the discussion of “endocrine disruptors” was focused on toxi-
cants reported to possess estrogenic activity, with little consideration given to
other mechanisms of endocrine toxicity; mechanisms that, in fact, may be of
equal or greater concern. In addition, there has been a great deal of misinfor-
mation communicated on issues concerning endocrine disruptors; for exam-
ple, nonestrogenic chemicals (i.e., phthalates and p,p¢-DDE) are repeatedly re-
ported to be estrogenic. There is a lack of appreciation for the fact that many
endocrine disruptors (i.e., TCDD, ethinyl estradiol) are very potent reproduc-
tive toxicants. In addition, there has been a tendency to dismiss the wildlife
data as correlative, ignoring examples of clear cause and effect relationships
between chemical exposure and reproductive alterations (e.g., DDT metabolite
effects in birds, PCB effects in fish, and environmental estrogen effects in do-
mestic animals). There is a lack of recognition that subtle, low dose reproduc-
tive effects seen in laboratory studies with endocrine disruptors will be diffi-
cult, if not impossible, to detect in typical epidemiological studies because of
high variability normally seen in human reproductive function (e.g., time to
fertility, fecundity, and sperm measures), the delayed appearance of the repro-
ductive lesions, and a lack of exposure data. There is a lack of appreciation for
the complexity of the multiple mechanisms by which a single chemical can al-
ter the endocrine milieu, to say nothing of the complex endocrine alterations
induced by mixtures of chemicals.

Although several reviews, including our own, have been published within the
last decade [1, 3, 10–22], recent scientific developments within the last year or
so are changing the “landscape” of this issue. Several new studies have refined
our understanding of some issues. For example, the increased incidence of tes-
ticular cancer in many areas of the world appears real [3, 23]. While it appears
more certain that hypospadias and cryptorchidism are increasing in the indus-
trialized world as well, one cannot rule out some confounding variables [23, 24].
The differences in sperm counts between regions are so large that they cannot
be explained by methodological biases and “environmental effects are entirely
plausible” [23]. In addition, new trends in human health have been reported in-
cluding altered sex ratios. Toxicant exposure has been associated with fewer hu-
man male births and skewed sex ratios in rodents in the wild. New classes of
toxicants have been shown to alter reproductive function via mechanisms of ac-
tion beyond those originally considered by the scientific community. It is now
apparent that entire classes of chemicals, like the phthalates which display sig-
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nificant antiandrogenic activity, have not been adequately tested, such that nei-
ther claims of “safety” nor “eminent hazard to children” can be adequately sup-
ported by the available toxicological data. In other cases, as adequate dose-re-
sponse data are developed, adverse effects are being noted in rodents at dosage
levels below former lowest observed adverse effect levels (NOAELs) which, in
some cases, appear to overlap with human exposure levels. Scientists from sev-
eral laboratories are reporting the discovery of androgens in the environment.
We are now not only concerned about pesticides and other toxic substances in
the environment, but the issue has broadened considerably due to the growing
awareness that the list of EDCs present in the environment from human activi-
ties includes potent pharmaceutical products and phytosterols. Among these
drugs are estrogens, antibiotics, betablockers, antiepileptics, and lipid regulat-
ing agents. One study reported that the pharmaceuticals found as contaminants
of aquatic systems included 36 of 55 pharmaceuticals and 5 of 9 metabolites
measured including antiepileptic drugs [25].Another reported that several lipid
regulating agents were present in the effluents near mg/l concentrations [26],
while a third reported concentrations of antibiotics in hog lagoons in North
Carolina, USA as high as 700 µg/l [27].

In the area of wildlife toxicology and ecosystem health, one challenge in in-
terspecies extrapolation is to link laboratory mechanistic studies with EDCs to
both individual and population effects in the field. Furthermore, the value of
wildlife as sentinel species, forewarning potential adverse effects in humans,
will be enhanced by mechanistic linkages among the vertebrates. In this area, it
is even more apparent that clear cut cause and effect relationships exist between
exposure to EDCs and adverse effects in several vertebrate classes from fish to
mammals. In Lake Apopka, for example, normal agricultural pesticide use from
the 1940s to the 1970s, coupled with the ongoing Lake Apopka Restoration
Project, which contaminated the lake with pesticides by flooding muck farms at
the northern end, resulted in the deaths of thousands of fish-eating birds from
contaminant exposures that were underestimated in the ecological risk assess-
ment process. It also appears that the effect of DDT metabolites on vertebrate
eggshell thinning (ET) is mediated via endocrine mechanisms that do not in-
volve estrogenicity or the estrogen receptor (ER). Many of the effects seen in
lower vertebrates have been linked to estrogens in the environment, while other
effects arise from different mechanisms of action.

Finally, the legislation of 1996 mandated that the USEPA establish validated
screening and testing procedures for estrogens and other substances as deemed
appropriate. In addition, the FQPA of 1996 mandated that the risk assessment
process considers combinations of chemicals rather than evaluates the potential
risk on a chemical by chemical basis. The development of EDC screening and
testing procedures is underway and remains contentious. Reports of U-shaped
(nonmonotonic), ultra-low dose effects and non-threshold effects for EDCs are
challenging some of the basic assumptions of risk assessment for noncancer
endpoints. While the focus of this debate has centered on the low dose effects of
bisphenol A [28, 29], U-shaped dose response curves are known from other in
vitro and in vivo studies. For example, administration of testosterone produces
a well-characterized and reproducible U-shaped dose response for spermatoge-
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nesis [30–32] in the intact adult male rat. In vitro studies show that such re-
sponses do not always involve multiple mechanisms of action. Several androgen
receptor (AR) ligands, antagonists at low to moderate concentrations, became
AR agonists at high concentrations [33]. Furthermore, the basic tenet of toxi-
cology from Paracelcus (1564) (cited in [34]) that “dose alone determines the
poison” is too limited for some EDCs because the timing of exposure dictates
not only the effect but also whether the effects are adverse or beneficial. Even
when administered during adult life, drugs with EDC-activity can simultane-
ously have a beneficial effect on one tissue and an adverse effect on another.

While progress has been made on several fronts, considerable research needs
to be done. In several areas it is unclear if research funding is adequate or will
be long-term enough to provide answers to some of the more currently in-
tractable problems. In particular, linking human health effects to EDCs would
require studies over several decades as the exposures of concern occur early in
life but the effects may not appear until after puberty or old age. While global
research plans for EDCs have been developed, it is not clear that current fund-
ing levels for EDC research on human and wildlife health will be sustained long
enough or if the current approach to funding EDC research provides a coordi-
nated program that addresses the highest priority issues.

In the following review, we will provide an update on many of the issues pre-
sented above, focusing on new data and concerns about EDCs. The review will
focus primarily, but not exclusively, on effects of androgenic and antiandro-
genic chemicals.

2
Effects of Endocrine Disrupting Chemicals (EDCs)

The list of chemicals that are known to affect humans, domestic animals, and/or
wildlife via functional developmental toxicity or endocrine mechanisms in-
cludes TCDD, polychlorinated biphenyls (PCBs) and polychlorinated dibenzo-
furans (PCDFs), methylmercury, ethinyl estradiol (EE), alkylphenols, plant
sterols, fungal estrogens, chlordecone, dibromochloropropane (DBCP), o,p¢-
DDD (Mitotane), o,p¢-DDT, and p,p¢-DDE. In addition to these xenobiotics,
more than 30 different drugs taken during pregnancy have been found to alter
human development as a consequence of endocrine disruption [35]. These
drugs are not limited to estrogens like diethylstilbestrol (DES). EDCs are known
to alter human development via several mechanisms besides the estrogen re-
ceptor (ER): this includes binding to the AR or retinoic acid (RAR, RXR) recep-
tors, and by inhibition of steroidogenic enzymes or the synthesis of thyroid
hormones [35]. Recent findings on the effects of background levels of PCBs on
the neurobehavioral development of the child have contributed to the concerns
about the effects of EDCs on human health via alteration of hormone function
including the thyroid [36].

Wildlife populations from contaminated ecosystems display a variety of re-
productive alterations including cryptorchidism in the Florida panther [37, 38],
small baculum in young male mink and otter [39], small penises in alligators,
sex reversal in fish, and malformations, failed reproduction, and altered social
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behavior in birds. The existence of cause-and-effect relationships for EDCs and
reproductive alterations in wildlife continues to be a subject of debate because
consistent criteria for the effects of contaminants of wildlife reproductive suc-
cess have not been rigorously applied on a case-by-case basis. To this end, we
developed a list of criteria that can be applied to different examples to deter-
mine the strength of the association between an EDC and observed effects in
wildlife [22]. In several instances, most of the criteria are satisfied while in other
cases additional research is needed to clarify the relationship between the con-
taminants and the observed reproductive alterations.

2.1
Cause-and-Effect Relationships for EDCs

Several examples of cause-and-effect relationships for EDCs in wildlife and hu-
mans are listed in Table 1. Details on these examples can be found in published
reviews [10–17, 40].
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Table 1. Selected examples of cause-and-effect relationships for EDCs and effects in wildlife
and humans

A. Wildlife
Cause-and-effect established
Minks and PCBs
Fish-eating birds and PCBs and TCDD
Estrogens and vitellogenin production and intersex gonads
Kraft mill effluent and reduced gonad function and masculinization in fish
p,p¢-DDE and eggshell thinning in birds and reptiles
Strong correlation with exposure and effects at the population level
Sex reversal of bloater chub (99% female) in Lake Michigan associated with o,p¢- and p,p¢-

DDTs and their metabolites

B. Domestic Animals
Cause-and-effect established
Phytoestrogens
Fungal mycotoxins
PCBs and TCDD

C. Humans
Cause-and-effect established
DES
Androgenic and antiandrogenic drugs
Retinoids
PCBs and development
Phytoestrogens (miroestrol), menstrual cyclicity and fertility
Phytoantiandrogens (permixon) and prostatic function
Mitotane (o,p¢-DDD) and adrenal function and fertility
DDTs and adrenal function
Ethinyl estradiol and reproductive function
Chlordecone (kepone), DBCP, and amsonic acid (DAS), and infertility and lower testosterone

in workers



2.2
Known Effects of Drugs on Human Sexual Differentiation

In humans (and rodents), exposure to hormonally active chemicals during sex
differentiation can produce pseudohermaphroditism [21, 35]. In addition, ex-
posure to the androgenic substances, danazol or methyltestosterone, masculin-
izes human females (i.e., “female pseudohermaphroditism”). Progestins act
both as androgen antagonists, demasculinizing males such that they display
ambiguous genitalia with hypospadias [35], and as androgen agonists, mas-
culinizing females. Laboratory studies demonstrate that these chemicals alter
sex differentiation in rodents as well [21]. The drug aminoglutethimide, which
alters steroid hormone synthesis in a manner identical to many fungicides, also
masculinizes human females following in utero exposure.

Diethylstilbestrol (DES) provides an unfortunate example of how in utero
exposure to a potent endocrine disruptor with estrogenic activity can alter re-
productive development in humans. Although a few cases of masculinized fe-
males were noted in the late 1950s, most of the effects of DES were not appar-
ent until after the children attained puberty. Transplacental exposure of the de-
veloping fetus to DES causes clear cell adenocarcinoma of the vagina, as well as
gross structural abnormalities of the cervix, uterus, and fallopian tube. These
women are more likely to have an adverse pregnancy outcome, including spon-
taneous abortions, ectopic pregnancies, and premature delivery [41]. Some of
the pathological effects that develop in males following fetal DES exposure ap-
pear to result from an inhibition of androgen action or synthesis (hypospadias,
underdevelopment or absence of the vas deferens, epididymis, and seminal
vesicles) and anti-Mullerian duct factor (persistence of the Mullerian ducts)
[35, 41, 42]. DES also causes epididymal cysts, hypotrophic testes, and infertility
in males. Some males have reduced ejaculate volume with reduced numbers of
motile sperm, and some also experience difficulty in urination [41].

It has also been reported that DES can alter sex differentiation of the human
brain. Several behavioral alterations have been observed in some DES daugh-
ters [43, 44]. Meyer-Bahlburg et al. [43] reported that women exposed to DES in
utero were found to have less well established sex-partner relationships, and to
be lower in sexual desire and enjoyment, sexual excitability, and coital func-
tioning. In addition, Hines and Shipely [45] found that DES-exposed women
showed a more masculine pattern of cerebral lateralization on a verbal task
than did their sisters.

2.3
Known Effects of Plant and Fungal Estrogens in Animals and Humans

The phytoestrogens and fungal mycotoxins provide some of the most conclu-
sive data demonstrating that environmental estrogens are toxic to mammalian
reproductive function under natural conditions. Naturally occurring com-
pounds with estrogenic and other endocrine activities are widespread in na-
ture. Farnsworth et al. [46] listed over 400 species of plants that contain poten-
tially estrogenic isoflavonoids or coumestans or were suspected of being estro-
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genic based on biological grounds. Plants contain many other compounds in
addition to estrogens that can affect reproductive performance [47], such as the
antiandrogenic activity in the oil from saw palmetto.

Although most environmental estrogens are relatively inactive, when com-
pared to steroidal estrogens or DES, the phytoestrogen miroestrol or ethinyl
estradiol (EE) are as potent as estradiol in vitro and even more potent than
estradiol when administered orally. In addition, many plant estrogens occur in
such high concentrations that they induce reproductive alterations in domestic
animals [48]. “Clover disease”, which is characterized by dystocia, prolapse of
the uterus and infertility, is observed in sheep grazed on highly estrogenic
clover pastures. Permanent infertility (defeminization) can be produced in ewes
by much lower amounts of estrogen over a longer time period than are needed
to produce “clover disease”. In domestic animals, feeds contaminated with the
zearalenone-producing fungus (Fusarium sp.) induce adverse reproductive ef-
fects in a wide variety of domestic animals, including impaired fertility in cows
and hyperestrogenism in swine and turkeys [48].

In World War II, people in the Netherlands consumed large quantities of tulip
bulbs, containing high levels of estrogenic activity, and many women displayed
signs of estrogenism, including uterine bleeding and other abnormalities of the
menstrual cycle [48–50]. In addition, an extract from the roots of Pueraria mir-
ifica in Thailand yielded miroestrol, an estrogenic substance that was as potent
in increasing uterine weight in rats as DES when administered orally (both of
which are orders of magnitude more potent than oral estradiol) and about 70%
as active as estradiol when administered by subcutaneous injection [51]. A lim-
ited clinical trial with miroestrol was carried out to examine the utility of this
plant estrogen for treatment of amenorrhea in women. When miroestrol was
administered orally at doses of 1 or 5 mg per day for several days, marked es-
trogenic responses were seen, but the onset of effects was slow and in some
cases persisted after the cessation of treatment. More recently, Cassidy et al. [52]
reported that addition of 45 mg of dietary isoflavones given for one month to
six regularly cycling women increased the duration of the follicular phase or de-
layed menstruation. Mid-cycle luteinizing hormone (LH) and follicle-stimulat-
ing hormone (FSH) surges also were suppressed, suggesting that dietary
isoflavones display estrogenic activity on the hypothalamic-pituitary axis.

2.4
Known Effects of Plant Antiandrogens in Humans and Rodents

Permixon is an antiandrogenic extract of the saw palmetto that is used in some
European countries to treat androgen-dependent prostatic diseases [53].
Clinical studies indicate that it is effective in this regard. Mechanistically, it has
been reported to act as an AR antagonist [54] and to inhibit the activity of 5a-
reductase activity, which metabolizes testosterone to dihydrotestosterone
(DHT) [55]. Rhodes et al. [56] reported that permixon failed to inhibit testos-
terone- or DHT-stimulated prostate growth in castrated rats, suggesting that it
was not antiandrogenic, while, in contrast, Paubert-Braquet et al. [57] reported
that the lipidosterolic extract of Serenoa repens (permixon) inhibited the effects
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of estradiol in combination with testosterone on prostatic growth in castrated
male rats. The developmental effects of this plant extract have not been
determined.

2.5
Known Effects of Pesticides and Toxic Substances on Endocrine Function 
and/or Reproduction in Humans

2.5.1
Known Effects of PCBs, PCDDs, and PCDFs in Humans

In addition to drugs and plant substances, several pesticides and toxic sub-
stances have been shown to alter human reproductive function (listed above).
An accidental high dose in utero exposure to PCBs and PCDFs has been associ-
ated with reproductive alterations in boys, increased stillbirths, low birth
weight, malformations, and IQ and behavioral deficits [58]. In addition to the
effects associated with this inadvertent exposure, relatively subtle adverse ef-
fects were seen in infants and children exposed to relatively low levels of PCBs,
PCDDs, and PCDFs [36]. The authors reported that the LOAELs for develop-
mental neurobehavioral and reproductive endpoints, based on body burdens of
toxic equivalents (TEQs) in animals, are within the range of current human
body burdens.

2.5.2
Known Effects of DDTs in Humans

One metabolite of DDT was found to alter adrenal function with sufficient po-
tency to be used as a drug to reduce adrenal androgen production. o,p¢-DDD
(mitotane) is used to treat adrenal steroid hypersecretion associated with
adrenal tumors. In addition to this usage, lower doses of mitotane restored
menstruation in 13 of 15 women with spanomenorrhea associated with hyper-
trichosis. Pregnancies occurred in 5 of 15 women during the treatment period
[34, 59]. In addition to direct effects on adrenal steroid producing cells, mi-
totane is also useful in controlling excessive androgen levels in the blood by in-
creasing androgen metabolism.

2.5.3
Occupational Exposure to Chlordecone and Dibromochloropropane

Occupational exposure to pesticides and other toxic substances, i.e., chlorde-
cone and dibromochloropropane (DBCP), in the work place have been associ-
ated with reduced fertility, lowered sperm counts, and/or endocrine alterations
in male workers. Workers in Hopewell, Virginia, exposed to high levels of
chlordecone, an estrogenic and neurotoxic organochlorine pesticide, displayed
obvious signs of intoxication which included severe neurotoxicity and abnor-
mal testicular function [60]. As this cohort was not followed, it is not known if
the effects of chlordecone were completely reversible. DBCP is a pesticide that
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appears to alter the endocrine system indirectly. DBCP-exposed workers were
infertile, displaying reduced sperm numbers and altered Sertoli cell function, as
indicated by an elevation of serum FSH (presumably through a decline in
Sertoli cell inhibin secretion) [61]. When administered to rats during perinatal
life, the effects of DBCP are more complex. Prenatal DBCP-treatment alters sex-
ual and testicular differentiation [62]. Male rat offspring, whose dams were
treated with 25 mg DBCP/kg on days 14 to 19 of pregnancy, displayed a 90% re-
duction in testis weight, altered hypothalamic morphometry, a lack of male
mating behavior, and increased female-like sex behavior. Taken together, these
results indicate that DBCP-treatment during sexual differentiation interferes
with testicular development and testosterone production, resulting in antian-
drogenic effects in the male offspring.

2.5.4
Occupational Exposure to Amsonic Acid

It is surprising to learn that occupational exposures to potential EDCs at effective
concentrations apparently have not been eliminated from the workplace.A series
of publications from about 1990 to 1996 presented documentation of sexual im-
potence in chemical factory workers exposed to a DES-like stilbene derivative.
The National Institute of Occupation Safety and Health conducted two studies in
response to complaints of impotence and decreased libido among male workers
involved in the manufacture of 4,4¢-diaminostilbene-2,2¢-disulfonic acid (DAS), a
key ingredient in the synthesis of dyes and fluorescent whitening agents. Both
current and former workers had lower serum testosterone levels [63] and re-
duced libido [64] as compared to control workers. In addition, duration of em-
ployment was negatively correlated with testosterone levels. These studies repli-
cated the observations reported by Quinn et al. [65] who reported low levels of
serum testosterone and problems with impotence in male workers. In an
uterotropic assay, while DAS was only weakly to negligibly estrogenic [66, 67], a
single subcutaneous 30 mg/kg dose of 4-nitrotoluene, a precursor of DAS, in-
creased uterine weights without producing overt toxicity. Samples of DAS from
the workplace displayed estrogenic activity. In addition, 4-nitrotoluene in the
feed impairs testicular function and alters estrous cycles in rats [68].

3
Environmental Androgens Revealed

Within the last decade, several pesticides and toxic substances have been identi-
fied as “environmental antiandrogens” which are of sufficient potency to induce
hypospadias and ambiguous genitalia in rats. Although environmental chemi-
cals with androgenic activity had not previously been detected, it is now evident
that there are “environmental androgens”. Three independent research groups
have detected androgenic activity in paper mill effluent (PME) [69–71]. Two
groups have found that kraft mill effluent (KME) from sites on the Fenholloway
river in Florida, which contain masculinized female fish (Gambusia holbrooki),
contains a chemical mixture that binds AR and induces androgen-dependent
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(but not glucocorticoid-dependent) gene expression in vitro. Water samples col-
lected from three sites downstream from the discharge point of the PME all dis-
play androgenic activity while, in contrast, water samples upstream of the plant
or from a nearby river do not display androgenicity. Female mosquito fish from
the contaminated sites display an anal fin that is enlarged into a male-like
gonopodium [72–74]. Masculinization can also be achieved in female mosquito
fish and killifish in the laboratory with exposures to KME and from microbial
(Mycobacterium smegmata) metabolites of phytosterols present in the KME
[73]. Similar in vivo and in vitro responses have been reported from a paper mill
on Jackfish Bay, Lake Ontario, by another group of investigators. Using cytosolic
preparations of fish testes, gonad, and brain, this group found substances in PME
that bound AR and they also identified this activity in PME constituents (b sito-
sterol, flavonol, and flavone) [70]. In addition, male and female white sucker fish
(Catostomus commersoni) exposed to effluent in the field displayed a variety of
reproductive effects, including an increase in size and number of reproductive
tubercles, which are an androgen-dependent sex trait of males.

4
Potential Effects of Toxicants on Sex Ratio in Humans and Animals

The effects of exposure to endocrine disruptors during sex differentiation are of
special concern for a number of reasons: this process is very sensitive to the ef-
fects of relatively low doses of endocrine disruptors, the effects are irreversible,
i.e., the system is “imprinted” by the initial hormonal environment, functional
alterations of the sex differentiation are often not apparent until after puberty or
even later in life, and the abnormalities, which include malformations and infer-
tility, cannot be predicted from the transient alterations in hormone levels pro-
duced by similar exposure in adult animals. It is important to understand the key
role that animal models play in this research as developmental reproductive tox-
icity data are often critical in the assessment of noncancer health effects of
EDCs. Furthermore, when similar congenital reproductive abnormalities have
been detected in laboratory species, they have dramatically facilitated our un-
derstanding of genetic errors of steroid metabolism and receptor function in hu-
mans. For this reason, rodent and other models have great utility for evaluating
the potential of xenobiotics to alter human reproductive development.We do not
have to wait until adverse effects appear in the human population, as we did with
DES and other drugs, to take precautionary action.

The role of hormones in sex differentiation in mammals is well understood.
Even the most severe alterations of this process are not lethal. The normal de-
velopment of the sexual phenotype from an indifferent state entails a complex
series of events [75]. Genetic sex is determined at fertilization and this normally
governs the expression of the “male factor” and the subsequent differentiation of
gonadal sex. Prior to sex differentiation, the embryo has the potential to develop
a male or female phenotype. Following gonadal sex differentiation, testicular se-
cretions induce differentiation of the male duct system and external genitalia.
The development of phenotypic sex includes persistence of either the Wolffian
(male) or Mullerian (female) duct system, and differentiation of the external
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genitalia and the central nervous system (CNS). Other organ systems, like the
liver, muscles, and brain, are “imprinted” as well. The male phenotype arises due
to the action of testicular secretions, testosterone, and Mullerian inhibiting sub-
stance. Testosterone induces the differentiation of the Wolffian duct system into
the epididymis, vas deferens, and seminal vesicles, while its metabolite DHT in-
duces the development of the prostate and male external genitalia. It has been
suggested that in the absence of these secretions, the female phenotype is ex-
pressed (whether or not an ovary is present). This hypothesis is supported by the
observation that when estrogen receptor a and b genes are both knocked out
(abERKO mouse) the female mouse still develops a complete reproductive tract
[76]. However, there is some indication of intersex in the ovaries as Sertoli-like
cells, normally found in the testis of the male, are found within the ovary. In the
CNS, testosterone is aromatized (via the steroidogenic enzyme aromatase) to
estradiol and reduced via 5a-reductase to DHT in a species-specific manner. It
has been suggested for some species that all three hormones (testosterone, DHT,
and estradiol) play a role in the masculinization of the CNS.

Reports of EDC-induced alterations of sex ratios and possible production of
intersex in wildlife presents a new scientific challenge. A decline in the number
of males born has been reported in the zone of Seveso contaminated with
highest levels of TCDD [77], and the general decline in the percentage of males
born in industrialized nations world-wide also has been linked to the EDC is-
sue [78–82]. However, Jacobsen et al. [83] and Biggar et al. [84] suggested that
this trend was more likely related to family size, not EDCs, while Vartiainen et
al. [85] reported that the changes in male proportions did not correlate with in-
dustrialization or the use of pesticides or hormonal drugs, rendering a causal
association unlikely. In addition, such a trend was not observed in Ireland,
which industrialized at about the same time at the rest of Europe [86].

Data from animal studies suggest that alterations of the hormonal environ-
ment can result in changes in sex ratios in the offspring [87, 88]. Vandenbergh
and Huggett [89] reported that in mice the mother’s intrauterine position dur-
ing fetal development affects the sex ratio of her offspring. Females adjacent to
two males, presumably exposed to higher androgen levels, produced first litters
that were 58% males vs females that were adjacent to two females in utero, which
had fewer (42%) males in the first litter. Likewise, the intrauterine position of
gerbils appears to alter the sex ratio in a similar fashion [87].Asynchronous mat-
ing, in which the time of mating varies from the time of ovulation, has been
shown to alter sex ratios in several mammalian species [90, 91]. In the field,
mammalian populations can show significant changes in sex ratio that are re-
lated to environmental factors. Kruuk et al. [92] reported that dominant female
red deer (Cervus elaphus) produce more males at low population levels, an effect
that disappeared as the population increased to carrying capacity, implying a so-
cial influence on sex determination which could be mediated via endocrine
mechanisms. In a human study, Sas and Szollosi [93] reported that the sex ratio
of children born to fathers treated with methyltestosterone was 67% male.While
such observations appear in conflict with the concept of Mendelian genetics,
mechanisms that could explain altered sex ratios have been identified. For ex-
ample, hormones or other factors that regulate genes present on the Y chromo-
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some that control sperm motility by modulating the activity of sperm motility
kinases could alter the probability of Y sperm fertilizing the egg [94].

In most cases, mammalian hermaphrodites are pseudohermaphrodites
(PHs) rather than true hermaphrodites (THs) [95–97]. In PHs, varying degrees
of intersex of the hormone-dependent tissues is achieved but gonadal differen-
tiation is consistent with the genetic sex of the individual. The degree of natural
PHs among species can vary greatly with some species normally having mas-
culinized females like the spotted hyaena (Crocuta crocuta) [98] or polled goats
[95]. Genetic mapping of the autosomal region in XX sex-reversal and horn de-
velopment revealed that in goats, abnormalities in sex determination are inti-
mately linked to a dominant Mendelian gene coding for the “polled” (hornless)
character [99]. This species provides an interesting animal model for cases of
SRY-negative XX males. In the absence of information about what is “normal”
it is difficult to interpret whether or not a female PH rate of 1.5% for the polar
bear is abnormal [100].

In THs, the “intersex” individual has both ovarian and testicular tissue [96,
97]. Unilateral THs have an ovary on one side and a testis on the other or an
ovotestis on one side and an ovary or a testis on the other. Bilateral THs have
ovarian and testicular tissue on both sides, usually in the form of an ovotestis.
The nature of the gonad influences the differentiation of the ipsilateral repro-
ductive tract and only a very small percentage of TH humans are fertile. In ad-
dition, only a handful (reported as four) [101] of TH individuals, including all
mammalian species, have been shown to have bilateral TH with separate ovary
and testis on both sides and a complete male and female reproductive tract.

In humans, TH is generally related to one of several different errors of genetic
sex determination: There are a number of genetic errors involving sex determin-
ing mechanisms which result in either TH or PH including complete and incom-
plete sex reversals (XX males and XY females); sex chromosome anomalies [97],
single gene defects coding for a defective steroidogenic enzyme, which leads to
reduced synthesis of sex steroids (20,22-desmolase; 17-ketosteroid reductase; and
5a-reductase deficiency), defective steroid receptor, resulting in abnormal han-
dling of androgens in the target tissues (complete androgen insensitivity syn-
drome, Reifensten syndrome), and various other genetic defects (LH deficiency
and lack of responsiveness to human chorionic gonadotropin) [97].

In wildlife there are some rather unusual examples of altered sex ratios in
lemmings. Lyon [96] reviewed the sex ratios of different types of “female” wood
lemmings (Myopus schisticolor), in which the percentage of females born ranges
from 50% in one type (XX) to 100% in another type of female (XY). In the lat-
ter case, XY females develop carrying mutation on their single deviant X chro-
mosome, which prevents development of the male phenotype. These XY fe-
males are fertile but they produce only daughters (50% XX and 50% XY). A
similar condition exists in the varying lemming (Dicrostonyx torquatus).

TH is also common in some mammalian species. TH has been identified in
four species of European moles (insectivora, mammalia). In Talpa occidentalis,
T. europaea, T. romana, and T. stankovici all XX individuals are intersex, whereas
XY individuals have a normal male phenotype. Intersex XX females had bilateral
ovotestes with a small portion of histologically normal ovarian tissue and a vari-
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ably sized large mass of dysgenetic testicular tissue, accompanied by a small epi-
didymis. SRY gene was found to be present in males but not females [102].

TH has been identified in a St Lawrence beluga whale (Delphinapterus leu-
cas) by De Guise et al. [101]. This animal had two testes, two separate ovaries,
and the complete ducts of each sex, but the cervix, vagina, and vulva were ab-
sent. Unilateral TH has been noted in an FVB/N mouse [103] with male and fe-
male gonads and reproductive tissues on opposite sides.

Our interest in the ability of EDCs to induce TH was stimulated by reports of
possible TH appearing simultaneously in 1998 in 29/87 small mammals at two
sites in California, including a former wildlife refuge, which was closed due to
extensive selenium contamination. In the process of collecting animals for as-
sessment of contaminant levels by overnight snap-trapping, it was noted that
four species (house mouse – Mus musculus, deer mouse – Peromyscus manicu-
latus, California vole – Microtus californicus, and the western harvest mouse –
Reithrodontomys megalotis) appeared to be bilateral THs, displaying tissues
which were tentatively identified as paired separate ovaries and scrotal testes
and uterine tissue. Externally, the animals were phenotypic males. A collection
of animals several years prior to the present sampling in 1995 revealed a lower
incidence (3 of 105) of possible intersex small mammals [104]. In this regard,
we examined reproductive tissues from six animals (four Mus musculus and two
Reithrodontomys megalotis) from one site (not Kesterson) identified as possible
intersex based upon the tentative identification of the presence of ovarian, tes-
ticular, and uterine tissues. The entire reproductive tract plus gonads were pre-
served as a unit in fixative in the laboratory after trapping [104]. These tissues
were trimmed, embedded in paraffin, sectioned, stained with hematoxilin and
eosin, and evaluated by a veterinary pathologist (Pathco, Inc, Research Triangle
Park) for the microscopic appearance of the tissues and tissue identification. In
general, the tissues submitted were in various stages of advanced autolysis,
which accounts for the difficulty in identification of organs during gross
necropsy. However, the microscopic appearance of the tissues was adequate for
identification purposes. Each animal was confirmed as a male, and no female
tissues were identified from any of the animals. Male tissues confirmed were
testis, epididymis, seminal vesicles, and other sex accessory tissues. In some
cases the testes were mature and sperm was present in the epididymis. Serial
sections through the enlarged cephalic portions of the seminal vesicles (initially
identified as possible ovaries) confirmed only seminal vesicle tissue.

The fact that TH was not identified in these animals, which had been ini-
tially identified as possible “intersex”, is consistent with our initial expecta-
tions. Not only is the occurrence of TH animals with paired, separate ovaries
and testis, along with both a male and female duct system extremely rare, but
also the simultaneous appearance of this form of TH in four species of rodents
in less than a decade would seem to be of very low probability. However, as
indicated above, marked deviations from the standard mammalian plan for sex
determination have been noted in rodents (voles and moles). For this reason,
it was critical that these gross observations be confirmed or refuted with a
histological examination. Initially, the preliminary diagnosis of TH was linked
by the press to contaminants at the former wildlife refuge, and had such a
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profound effect been confirmed, there was concern for the induction of simi-
lar alterations in other species, including humans.

5
Vinclozolin

5.1
In Vitro and In Vivo Effects

Of the antiandrogenic EDCs, the cellular and molecular mechanisms of action of
the fungicide vinclozolin is one of the most thoroughly characterized (see else-
where in this volume).Vinclozolin metabolites, M1, and M2 but not vinclozolin it-
self, competitively inhibit the binding of androgens to the mammalian AR. M1
and M2 also inhibit DHT-induced transcriptional activity in cells transfected
with the human AR. More recently, Kelce et al. [105] demonstrated that vinclo-
zolin treatment altered gene expression in vivo in an antiandrogenic manner. In
contrast to their ability to bind to the AR, neither vinclozolin nor its antiandro-
genic metabolites display affinity for the ER, although they do have weak affinity
for the progesterone receptor. Vinclozolin, M1, and M2 do not inhibit 5a-reduc-
tase activity in vitro, the enzyme required for the conversion of testosterone to the
more active androgen DHT. Androgen-induced gene expression is a multistep
process. Agonist-bound AR undergoes conformational changes, loses heat-shock
proteins, forms homodimers, is imported from a perinuclear region into the nu-
cleus, and binds androgen response elements on regulatory sequences on the
DNA “upstream” from androgen-responsive genes, activating mRNA synthesis.
Binding of antagonists to AR results in conformations that differ from that ob-
tained with the natural ligands such that AR-DNA binding and gene expression
are blocked. In addition, vinclozolin inhibits growth of androgen-dependent tis-
sues in the castrate-immature-testosterone treated and pubertal male rat. In the
intact pubertal and adult male rat, vinclozolin treatment also alters hypothala-
mic-pituitary-gonadal function. Oral treatment with vinclozolin causes eleva-
tions of serum LH and testosterone. In contrast to vinclozolin, treatment with
some other antiandrogens like p,p¢-DDE [106] and methoxychlor [107, 108] fail to
induce any significant change in serum LH or testosterone levels.

5.2
Dose-Response of Developmental Effects

Oral administration of vinclozolin at 100 or 200 mg/kg/day to pregnant rats
during sexual differentiation (gestational day 14 to postnatal day 3) demas-
culinizes and feminizes the male offspring. Vinclozolin-treated male offspring
display female-like anogenital distance (AGD) at birth, retained nipples, cleft
phallus with hypospadias, suprainguinal ectopic testes, a blind vaginal pouch,
epididymal granulomas, and small to absent sex accessory glands. In contrast,
the testis is a relatively insensitive target for antiandrogens as compared to the
external genitalia and sex accessory glands, and female offspring do not display
malformations or permanent functional alterations. A comparison of the in
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vitro dosimetry data with the biological effects of vinclozolin suggest that when
M1 and M2 concentrations in maternal serum approach their respective Ki val-
ues for AR, male offspring would display hypospadias [109].

When we administered vinclozolin by gavage to the dam at 0, 3.125, 6.25, 12.5,
25, 50, or 100 mg/kg/day from gestational day (GD) 14 to postnatal day 3 [110],
doses of 3.125 mg/kg/day and above reduced AGD in newborn male offspring
and increased the incidence of nipples/areolas in infant male rats. These effects
were associated with permanent alterations in other androgen-dependent tis-
sues. Ventral prostate weight in one year old male offspring was reduced in all
treatment groups (significant at 6.25, 25, 50, and 100 mg/kg/day) and permanent
nipples were detected in males at 3.125 (1.4%), 6.25 (3.6%), 12.5 (3.9%), 25
(8.5%), 50 (91%), and 100 (100%) mg/kg/day. To date, permanent nipples in
adult male offspring (not to be confused with areolas or what some authors in-
correctly described as “retained nipples” in infant male rats) have never been ob-
served in a control male from any study in our laboratory.Vinclozolin-treatment
at 50 and 100 mg/kg/day induced reproductive tract malformations, reduced
ejaculated sperm numbers, and fertility. Even though all of the effects of vinclo-
zolin likely result from the same initial event (AR binding), the different end-
points displayed a wide variety of dose-response curves and ED50s and some of
these dose response curves failed to display an obvious threshold.

These data demonstrate that vinclozolin produces subtle alterations in sex
differentiation of the external genitalia, ventral prostate, and nipple tissue in
male rat offspring at dosage levels below the previously described no-observed-
effect-level (NOEL). Some of the functional and morphological alterations were
evident at dosage levels one order of magnitude below that required to induce
malformations and reduce fertility. Hence, multigenerational reproduction stud-
ies of antiandrogenic chemicals conducted under the “old” multigenerational
test guidelines that did not include endpoints sensitive to antiandrogens at low
dosage level could yield a NOEL that is at least an order of magnitude too high.

Another study was designed to determine the most sensitive period of fetal
development to the antiandrogenic effects of vinclozolin [111]. Pregnant rats
were dosed orally with vinclozolin at 400 mg /kg/day on either GD 12–13, GD
14–15, GD 16–17, GD 18–19, or GD 20–21, with corn oil vehicle (2.5 ml/kg).
Malformations and other effects were seen in male rat offspring dosed with vin-
clozolin on GD 14–15, GD 16–17 and GD 18–19, with the most pronounced ef-
fects resulting from exposure on GD 16–17. These effects include reduced AGD,
increased number areolas and nipples, malformations of the phallus, and re-
duced levator ani/bulbocavernosus weight. The fetal male rat is most sensitive
to antiandrogenic effects of vinclozolin on GD 16 and 17, although effects are
more severe and 100% of male offspring are affected with administration of
vinclozolin from GD 14 through GD 19.

5.3
Effects During Puberty

Peripubertal administration of EDCs can alter the onset of pubertal landmarks
in male [107, 112] and female rats [20, 107]. Androgens play a key role in pu-
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bertal maturation in young males [113] and antiandrogens like vinclozolin pro-
duce predictable alterations in this process. The ease with which a delay in
preputial separation (PPS), a landmark of puberty in the rat, can be measured
enables us to use this endpoint to evaluate chemicals for this form of endocrine
activity. A “pubertal male assay” including an assessment of PPS is being con-
sidered by the USEPA and others [114] for screening chemicals for endocrine
activity, as mandated by 1996 US legislation (the Food Quality Protection Act
and Safe Drinking Water Act).

Peripubertal treatment with the antiandrogen p,p¢-DDE [105] or methoxy-
chlor [107], which is not only antiandrogenic but also displays estrogenic activ-
ity, delays the onset of androgen-dependent PPS. Pubertal delays have also been
detected following exposure to weakly antiandrogenic toxicants like linuron
and di-n-butyl phthalate [115]. In contrast, reproductive toxicants like carben-
dazim that indirectly alter FSH levels without affecting serum testosterone fail
to delay PPS even at dosage levels that cause profound alterations of testicular
and hypothalamic-pituitary (FSH secretion) function [116].

We conducted a study to examine the effects of peripubertal oral adminis-
tration of vinclozolin (0, 10, 30, or 100 mg/kg/day) on morphological landmarks
of puberty, hormone levels, and sex accessory gland development in male rats
[112]. Since binding of the M1 and M2 to AR alters the subcellular distribution
of AR by inhibiting AR-DNA binding, we examined the effects of vinclozolin on
AR distribution in the target cells after in vivo treatment, and measured serum
levels of vinclozolin, M1, and M2 in the treated males so that these could be re-
lated to the effects on the reproductive tract and AR distribution. Vinclozolin
treatment delayed pubertal maturation, and retarded sex accessory gland and
epididymal growth (at 30 and 100 mg/kg/day). Serum LH (significant at all
dosage levels), testosterone and 5a-androstane-3a,17b-diol (at 100 mg/kg/d)
levels were increased. Testis size and sperm production, however, were unaf-
fected. It was apparent that these effects were concurrent with subtle alterations
in the subcellular distribution of AR. In control animals, most AR was in the
high salt cell fraction, apparently bound to the natural ligand and DNA.
Vinclozolin treatment reduced the amount of AR in the high salt (bound to
DNA) fraction and increased AR levels in the low salt (inactive, not bound to
DNA) fraction. M1 and M2 were found in the serum of animals from the two
highest dosage groups at levels well below their Ki values. These results suggest
that when the vinclozolin metabolites occupy a small percentage of AR, this
prevents maximal AR-DNA binding, alters in vivo androgen-dependent gene
expression and protein synthesis, which in turn results in obvious alterations of
morphological development and serum hormone levels.

5.4
Effects on the Liver and Adrenal

Although vinclozolin and its metabolites do not bind the glucocorticoid recep-
tor [109], treatment has been shown to alter the pituitary-adrenal axis in several
mammalian species. Also noteworthy are the effects of vinclozolin and flu-
tamide on liver function. Although short-term (7 day) and chronic treatments
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with these two chemicals increase liver size, the mechanism of action for the he-
patic effects of these antiandrogens has not been elucidated, and the role of AR
in this process, if any, is unknown.

5.5
Effects in Lower Vertebrates

It is generally held that mammals possess a single AR [117] as evidenced by the
complete phenotypic sex reversal displayed in humans with complete androgen
insensitivity syndrome as a consequence of a single base substitution in the AR
[117]. In contrast, two marine fish species, the kelp bass (Paralabrax clathratus)
and Atlantic croaker (Micropogonas undulatus), have at least two ARs, termed
AR1 and AR2 [118].AR1 in the brain displays binding affinities for ligands quite
distinct from AR2. AR2 from gonadal tissues of the Atlantic croaker and kelp
bass has similar ligand affinities to mammalian AR. AR2 has been shown to
bind p,p-DDE and vinclozolin metabolites, M1 and M2, demonstrating the ho-
mology of AR function in vitro among diverse classes of vertebrates. In vivo,
vinclozolin treatment induces intersex in the Medaka (Oryzias latipes), a fish
species with a “mammalian type” sex differentiation process (male heteroga-
metic – androgen mediated). In contrast, the fact that Makeynen et al. [119] did
not obtain sex reversal in the fathead minnow with vinclozolin treatment may
be related to several factors including a lack of metabolic activation of vinclo-
zolin and undefined role for androgens in the sex differentiation process of this
species. However, they also reported that M1 and M2 did not bind AR in the fat-
head minnow. The effects of vinclozolin also were studied in ovo in both birds
and reptiles. Crain et al. [120] reported that in ovo treatment with vinclozolin
failed to induce sex reversal in either male or female alligators, a lack of effect
that is not too surprising given the key role that estrogen plays in sexual differ-
entiation in this species. In contrast, 17b-estradiol and tamoxifen caused sex re-
versal from male to female, with a corresponding increase in aromatase activ-
ity. In the Japanese quail, however, male behavior was partially demasculinized
by in ovo vinclozolin-treatment [121]. It is noteworthy, that in these species, as
in many other vertebrates, the role of androgens in sexual differentiation is not
well defined and differs from species to species.

6
Procymidone

6.1
In Vitro Effects

Procymidone is a dicarboximide fungicide structurally related to vinclozolin.
In vitro, procymidone inhibits DHT-induced transcriptional activation at
0.2 µmol/l in CV-1 cells cotransfected with the human AR and a mouse mam-
mary tumor virus (MMTV)-luciferase reporter gene; at 10 µmol/l, DHT-in-
duced transcriptional activity is completely inhibited [122]. Using a Chinese
hamster ovary (CHO) cell promoter interference assay, we demonstrated that
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1 µmol/l procymidone also blocked DHT-induced AR-DNA binding. The fact
that these effects were seen at a concentration more than a 1000-fold below the
Ki of the parent material for AR suggests that a procymidone metabolite(s) is
the active antiandrogenic compound(s).

6.2
Dose-Response of Developmental Effects

When administered by gavage at 100 mg/kg/day on GD 14 to day 3 after birth,
procymidone reduces AGD in male pups and induces retained nipples, hy-
pospadias, cleft phallus, a vaginal pouch, and reduced sex accessory gland size
in male rat offspring [123]. When administered at lower dosage levels using the
same protocol (25, 50, 100, 200 mg/kg/day), effects were noted at all dosage lev-
els [122]. Procymidone exposure reduced AGD (at 25 mg/kg/day and above), in-
duced nipples (25 and above), permanently reduced the size of several andro-
gen-dependent tissues (levator ani and bulbocavernosus muscles (25 and
above), prostate (50 and above), seminal vesicles (100 and above), Cowper’s
gland (100 and above), and glans penis (100 and above)) and induced malfor-
mations (hypospadias (50 and above), cleft phallus (50 and above), exposed os
penis, vaginal pouch (50 and above), and ectopic, undescended testes (200)).
Procymidone had a marked effect on the histology of the dorsolateral and ven-
tral prostatic and seminal vesicular tissues (at 50 mg/kg/day and above). The ef-
fects consisted of fibrosis, cellular infiltration, and epithelial hyperplasia [122].
In contrast to the developmental effects, procymidone has less effect on the re-
productive tract of the adult male rat (two weeks at dosage levels as high as
2000 ppm in the diet) [124].

Since the role of androgens in mammalian sexual differentiation is highly
conserved, it is likely that humans would be adversely affected by vinclozolin or
procymidone in a predictable manner if the human fetus were exposed to suffi-
cient levels of the active metabolite(s) during critical stages of intrauterine life.

7
Linuron

7.1
In Vitro and Short-Term In Vivo Effects

Linuron is a urea-based herbicide with an acute oral LD50 for rats of
4000 mg/kg. Existing in vitro data demonstrate that linuron is a weak AR lig-
and [125, 126] with an EC50 of 64–100 µmol/l. However, it has not been deter-
mined if linuron is an AR agonist or antagonist, and the antiandrogenic po-
tential of linuron has not been studied using sensitive in vivo assays at non-
toxic dosage levels. Lambright et al. [127] utilized a battery of in vivo and in
vitro assays to assess whether linuron altered AR function. Linuron competed
in vitro with an androgen for rat prostatic AR (EC50=100–300 µmol/l) and
human AR (hAR) in a COS cell whole cell binding assay (EC50=20 µmol/l),
and linuron inhibited DHT-hAR induced gene expression in CV-1 and MDA-
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MB-453 cells (EC50 =10 µmol/l). Linuron treatment (100 mg/kg/day oral for 7
days) reduced testosterone- and DHT-dependent tissue weights in the
Hershberger assay [128] (using castrate-immature-testosterone propionate-
treated male rats), and linuron treatment (100 mg/kg/day oral for 4 days) al-
tered the expression of androgen-regulated genes in ventral prostate in situ.

7.2
Developmental Effects

The antiandrogenic effects of linuron are difficult, if not impossible, to detect
in adult animals, but are quite apparent in the offspring when administered dur-
ing gestation. In a modified multigenerational study, the only effects seen in P0
male rats when linuron was administered from weaning through puberty, breed-
ing, and lactation at 0, 20, or 40 mg/kg/day by gavage in oil was a 2.5 day delay in
PPS and a small reduction in seminal vesicle and cauda epididymal weights.
Fertility and serum hormone levels were unaffected in the P0 generation at
dosage levels up to 40 mg/kg/day [115]. In contrast, dramatic effects were seen in
the F1 generation, including malformations and subfertility. The F1 pairs sired
fewer pups under continuous breeding conditions (63 pups vs 104, mated con-
tinuously over 12 breeding cycles) and the F1 males had reduced testes and
epididymal weights, and lower testes spermatid numbers. These developmental
effects were surprising because it has been reported that when linuron was
administered in the diet at concentrations up to 125 ppm over three generations,
reproductive malformations were not reported [129] and Khera et al. [130]
reported that linuron was not teratogenic in the rat at dosage levels up to
100 mg/kg/day.

To resolve this apparent discrepancy, we administered linuron by gavage in oil
at 100 mg/kg/day from days 14–18 of gestation [115]. AGD in male offspring, ad-
justed by analysis of covariance for body weight, was reduced by about 30% (pup
weight was down 20%), and the incidence of areolas (with and without nipples)
seen in the male offspring as infants was increased from 0% in controls to more
than 44% in the linuron-treated males. Linuron treatment also induced epispadias
in 1/13 males (partial hypospadias with the urethral opening half way down the
phallus) and several androgen-dependent tissues were reduced in size in linuron-
treated male rats, including the seminal vesicles, ventral prostate, levator ani/bul-
bocavernosus muscles, and epididymides. While the above effects are consistent
with the action of a relatively weak AR antagonist, the high incidences of epididy-
mal and testicular malformations (>50% of the linuron-treated males displaying
agenesis or atrophy of one or both organs) were surprising. The epididymal mal-
formations seen in treated male offspring included agenesis of the caput and/or
corpus epididymides,while some testes were atrophic, fluid filled,and flaccid [115,
127]. These malformations are also produced at lower dosage levels. McIntyre et
al. [131] detected malformations in male rat offspring at dosage levels of linuron
as low as 12.5 mg/kg/day (GD 10–22), the lowest dose examined. These data
demonstrate that linuron is an AR antagonist both in vivo and in vitro. However,
linuron produces a profile of malformations that differs from the standard AR
antagonist, one that curiously resembles the effects seen with di-n-butyl phthalate
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or di-(ethylhexyl) phthalate treatment (see below). It remains to be determined if
linuron alters sexual differentiation by additional mechanisms of action in addi-
tion to AR antagonism or if tissue specific metabolites are formed.

8
DDT and DDE

8.1
Background

Although use of DDT has been banned in some countries, it is still in use in
many parts of the world and all wildlife and humans are exposed, with some
exposures in the high ppm range.A world-wide ban of this pesticide is currently
being considered, but this has become very controversial because DDT is used
to control vectors of malaria, a disease which accounts for many deaths.
Although agricultural usages of DDT is declining and will eventually end, hu-
man exposure from DDT use continues. Hence, it is now more important than
ever to determine the potential effects of continued usage of this pesticide on
humans. In addition, high concentrations of DDT and its metabolites, especially
p,p¢-DDE, persist in North American fields, farms, orchards, and Superfund
sites. As a result, some wildlife populations still display incredibly high total
DDT residues [i.e., 16, 132, 133]. Over the decades of use, some orchards may
have had more than 1000 kg DDT applied per hectare [132], while around Lake
Apopka it was reported that DDT was sometimes applied on a daily basis [133].
In the orchards and fields sampled by Elliott et al. [132], both migratory and
nonmigratory birds had high tissue levels of p,p¢-DDE (up to 103 mg/kg), while
at Lake Apopka fat samples in birds were orders of magnitude higher. Elliott et
al. [132] concluded that levels of 100 ppm in passerines were sufficiently high to
present a considerable toxic hazard to birds of prey.

8.2
In Vitro and Developmental/Reproductive Effects of p,p¢-DDE

In 1995 Kelce et al. [106] reported that p,p¢-DDE displayed antiandrogenic ac-
tivity both in vivo and in vitro that was similar to vinclozolin, both being AR
antagonists. In vitro, p,p¢-DDE binds to the AR and prevents DHT-induced tran-
scriptional activation in cells transfected with the human AR and inhibits an-
drogen-dependent gene expression in vivo [105]. Interestingly, Wakeling and
Visek [134] reported that several chlorinated pesticides including dieldrin and
o,p¢-DDT inhibited binding of DHT to proteins in the rat prostate cytosol (they
did not examine p,p¢-DDT or DDE).

When p,p¢-DDE is administered by gavage in oil during gestation, treatment at
100 mg/kg/day on GD 14–18 reduces AGD and induces hypospadias, retained
nipples, and smaller androgen-dependent tissues in treated Long Evans Hooded
(LE) and Sprague-Dawley (SD) male rat offspring [115]. While the alterations
were evident in both rat strains, the SD strain appeared to be more affected: only
the SD strain displayed hypospadias, and other effects were of a greater magni-
tude in the treated SD than in the LE rats. It is uncertain if this reflects a true strain
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difference in sensitivity or if it merely results from experiment to experiment
variation.You et al. [135] studied the effects of p,p¢-DDE on the male offspring us-
ing the same protocol, and they also found that p,p¢-DDE induced antiandrogenic
effects on AGD and areola development in both LE and SD rat strains. Following
oral treatment with p,p¢-DDE at 100 mg/kg/day as above, fetal rat tissue p,p¢-DDE
levels ranged from 1 to 2 µg/g during sexual differentiation in this dosage group
[136], a concentration well below that seen in human fetal tissues from the late
1960s in areas of normal DDT use in the USA and Israel [137, 138].

When p,p¢-DDT, which also is antiandrogenic [106], was administered to
Dutch Belted rabbits during gestation (does treated) and lactation (pups
treated) at a weekly dose of 25 mg/kg (dams) and 10 mg/kg (pups), reproduc-
tive abnormalities were displayed by male offspring [139]. Infantile exposure
alone resulted in delays in testicular descent, while combined gestational plus
lactational exposure induced uni/bilateral cryptorchidism. Serum levels of p,p¢-
DDT and DDE in offspring were 208 ppb p,p¢-DDT and 38 ppb p,p¢-DDE. These
levels are well below the concentrations of p,p¢-DDT and DDE seen in human fe-
tal tissues in the USA, in areas of normal pesticide use during the late 1960s
[138]. Taken together, these data indicate that adverse developmental reproduc-
tive effects are seen in rats and rabbits at levels (based on tissue residues) that
are within the range reported for the human fetus in the late 1960s, exposed to
DDT at this time through legal applications [137, 138].

This antiandrogen produces subtle changes in pubertal development in the
male rat. When p,p¢-DDE is administered at 0, 30, or 100 mg/kg/day from wean-
ing until about 50 days of age, PPS was delayed about five days in male rats
treated with the high dose, but sex accessory weights and serum hormone lev-
els were not significantly altered [106, 112].

8.3
Potential Antiandrogenic Effects of p,p¢-DDE in Wildlife

The antiandrogenic activity of p,p¢-DDE may be one of the mechanisms by
which it produces adverse effects in wildlife. The high incidence of undescended
testes in the Florida panther could be the result of the high levels of p,p¢-DDE in
the food chain [37, 38]. In the alligator, p,p¢-DDE exposure has been linked to de-
velopmental reproductive abnormalities (small penis, abnormal hormone levels,
skewed sex ratio with an increase in the percentage of intersex and decrease in
the percent male offspring) in Lake Apopka [15, 120, 140–144]. Although alliga-
tor eggs from Lake Apopka contained levels of p,p¢-DDE (5.8 ppm) and several
other contaminants [15], p,p¢-DDE concentrations alone were above the concen-
tration that block AR function in vitro, and some of the effects are likely the con-
sequence of this chemical acting via multiple endocrine mechanisms.

8.4
Endocrine Mechanisms of Eggshell Thinning

The most widely know adverse endocrine effect of p,p-DDE is its ability to in-
duce eggshell thinning (ET) in avian and reptilian oviparous vertebrates.
Reviews indicate that DDE induces ET by an endocrine mechanism via an inhi-
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bition of prostaglandin synthesis in the shell membrane [40, 145]. Many avian
species are susceptible to p,p¢-DDE-induced ET. Toxicant-induced ET, especially
in predatory birds, can result in cracked or broken eggs and other adverse re-
productive effects [10, 146–151]. Although p,p¢-DDE exposures were accompa-
nied by exposures to other pollutants, careful field studies indicated that p,p¢-
DDE rather than PCBs or dieldrin was responsible for most, if not all, of the ET.
These observations were verified in several laboratory studies using a variety of
susceptible avian species. Although several toxicants (e.g., PCBs, lindane, dield-
rin, dicofol with DDT as a byproduct) [145, 152] can also induce ET via a variety
of mechanisms, these effects typically differ from that induced by p,p-DDE, be-
ing of lesser magnitude (up to 10%) and persisting, in some cases, for only a few
days after cessation of treatment. Some of these effects of toxicants (lindane) or
dietary restriction of calcium on ET can be reversed by estradiol administration
[153]. In addition, laboratory studies also demonstrate transgenerational effects
of estrogenic chemicals [154]. In ovo treatment with DES, estradiol, or o,p¢-DDT
(the estrogenic isomer) results in female progeny that lay eggs without shells on
a regular basis and some females have extra oviductal tissue.

The site of action of p,p¢-DDE on ET appears to be located in the mucosal cell
of the shell gland (SG) of the oviduct and the probable endocrine mode of action
involves altered calcium metabolism in the shell gland (reviewed by [145]) within
the SG mucosa. In some of the early work it was observed that dietary p,p¢-DDT
inhibited carbonic anhydrase and reduced serum estradiol levels [148]. However,
since p,p¢-DDE injections also caused ET and reduced carbonic anhydrase with-
out lowering serum estradiol, it was proposed that reduced serum estradiol was
not responsible for p,p¢-DDE-induced ET. More recently, it was proposed that in-
hibition of Ca2+-Mg2+-ATPase activity in the SG by p,p¢-DDE was responsible for
ET; however, Lundholm [145] reported that this effect, although prominent in
vitro, was only occasionally affected in vivo. Rather, Lundholm proposed [145,
155, 156] that p,p¢-DDE induced ET by inhibition of prostaglandin synthesis in
the SG mucosa. He demonstrated that decreased PGE2 blocks HCO3

– transport,
which in turn reduces Ca2+ transport. However, he also observed that the reduc-
tion in HCO3

– transport did not result from an inhibition of HCO3
– stimulated

ATPase activity, as proposed earlier by other investigators. In support of his hy-
pothesis, Lundholm and Bartonek [157] found that indomethacin treatment,
which inhibits prostaglandin (PGF2 alpha and PGE2) synthesis in the SG at the on-
set of shell calcification, reduced eggshell thickness by 21% 14 h after treatment
while calcium level in the SG mucosa was increased by 153%.

8.5
p,p¢-DDE and Lake Apopka Alligators and Birds

Although we generally consider that the problems of some chemicals like DDT
are behind us, the situation in Lake Apopka demonstrates that this is not the
case. Furthermore, ecological risk assessments sometimes fail to consider ade-
quately how contaminants from normal agricultural uses (“brown-farms”) that
ended nearly 30 years ago can still elicit adverse effects on wildlife. In Lake
Apopka, Florida, reproductive problems in alligators (Alligator mississippiensis)
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and other species have been well documented. This 12,500-hectare lake is 
polluted with contaminants from agricultural activities around the lake, sew-
age treatment from a nearby town, and a “spill” in 1980 at Tower Chemical
Company. Although this spill reportedly resulted in contamination of the lake
with dicofol, DDT, and sulfuric acid, some confusion exists about the actual
contaminants released into the lake [158]. Shortly after this spill, there was a 90
% decline in the alligator population that persisted from 1980–1984 and the
population remains depressed to date. Alligator egg clutch viability was de-
pressed due to an embryonic mortality rate of 80% in the first month after fer-
tilization [140]. In addition, juvenile alligators continue to display endocrine
and morphological abnormalities [15, 140]. Lake Apopka female alligators dis-
played polyovular follicles in their ovaries with multinucleated oocytes, males
exhibited plasma testosterone levels one-third those of Lake Woodruff males
(the reference site), phalli were 24% smaller than Lake Woodruff male alliga-
tors, and abnormal structures were observed within the seminiferous tubules of
the testes [143]. In addition, testicular estradiol synthesis was elevated threefold
in Lake Apopka males over males from Lake Woodruff. Freshwater turtles from
this lake show developmental abnormalities of the gonad and plasma sex
steroids similar to those seen in alligators [141].

An initial analysis of the contaminants in alligator eggs from Lake Apopka
indicate that these reptiles are exposed to several pesticides, with p,p¢-DDE be-
ing the most abundant, occurring at levels (5.8 ppm in alligator eggs) [159]
above those known to reduce embryo viability in avian eggs [140]. In addition
to p,p¢-DDE, these eggs contained not detectable (ND) to 1.8 ppm p,p¢-DDD,
0.02–1.0 ppm dieldrin, and ND to 0.25 ppm chlordane. More recently, Guillette
et al. [16] detected 16 (of 18 measured) organochlorine pesticides or metabo-
lites and 23 (of 28 measured) congener-specific PCBs in juvenile alligator serum
from Lake Apopka, Orange Lake, and Lake Woodruff National Wildlife Refuge
(the two reference sites). Lake Apopka alligators had higher levels of p,p¢-DDE,
dieldrin, mirex, endrin, chlordane, total DDTs, and total PCBs vs alligators from
the other lakes, and the Lake Apopka alligators had lower serum testosterone
and smaller phalli (adjusted for body size) than animals from Lake Woodruff,
replicating effects seen in earlier studies in a different cohort of animals [143].

The fact that p,p¢-DDE displays antiandrogenic activity in mammalian in
vitro and in vivo assays led Guillette et al. [141] and Kelce et al. [106] to hy-
pothesize that the small phallus size could result from an antiandrogenic effect
of p,p¢-DDE in juvenile male alligators. On the other hand, Guillette et al. [141]
proposed that the increase in testicular abnormalities could result from an “es-
trogenic environment” created by the mixture of pesticides in the tissues
through inhibition of testosterone action via the AR, by lowering plasma levels
of testosterone, and increasing synthesis of testicular estradiol. They also noted
that polyovular follicles with multinucleated oocytes is pathognomonic of in
utero DES exposure in female mice, suggesting that some estrogenic effector
may be present in the Lake Apopka ecosystem.

Beginning in 1998, wildlife populations at Lake Apopka suffered a new, major
and unanticipated insult from pesticide contaminants that had persisted in the
soil of muck farms since their use was banned [133, 160]. As part of the Lake
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Apopka Restoration Project, muck farms on the northern end of the lake were
flooded in 1998, which inadvertently mobilized pesticide residues that had accu-
mulated for decades. Since the flooding, thousands of piscivorous birds (peli-
cans, wood stork, herons, etc.) have been found dead or dying around the lake.
Tissue residue analyses from the moribund animals reveals lethal levels of pesti-
cides including, p,p¢-DDE, toxaphene, dieldrin, and chlordane. One great blue
heron fat sample contained 2.3% (23,000 ppm) p,p¢-DDE alone. The effects on
other fish and wildlife species or humans who fish in the lake have not been rig-
orously evaluated at this time. It seems likely that other species will be adversely
affected as well. If some way is found to reduce the release of pesticides into the
lake and partially remediate this problem, one would anticipate that reproduc-
tive problems in fish and wildlife will persist well after the residues decline be-
low lethal levels. If the restoration project continues to mobilize these pesticides
into the biota of the lake, it is unclear how these contaminants can be controlled.
Clearly, the lack of concern about the EDC issue [160], which was raised by some
scientists prior to the flooding, and lack of consideration of the lethal and re-
productive effects of pesticides on fish and wildlife populations in the risk as-
sessment process, coupled with the failure to adequately sample these farms for
residues, led to this disaster, one that should not be repeated, especially as con-
sideration is being given to restoration of the nearby Everglades ecosystem.

9
Antiandrogenic Effects of Phthalate Esters During Development

Recently, concerns about exposure of children to phthalates in toys and other
products have resulted in a ban of phthalates in certain toys by the European
Union. Although industry has repeatedly assured the safety of these chemicals
[161], most of them, including di-2-ethylhexyl phthalate (DEHP), have never
been rigorously examined by the manufacturers for multigenerational effects.

The phthalates represent a class of toxicants which alter reproductive devel-
opment via a mechanism of action that does not appear to involve AR or ER
binding. Although many of the same effects are seen in animals exposed in
utero to AR antagonists, like vinclozolin, in vitro studies, conducted to deter-
mine the biochemical mechanism responsible for the adverse developmental ef-
fects of DEHP, found that neither DEHP nor the primary metabolite mono-2-
ethylhexyl phthalate (MEHP) compete with androgens for binding to the an-
drogen receptor [162]. While some have suggested that di-n-butyl phthalate
(DBP) was estrogenic [163], this activity is only displayed in vitro. For example,
we have found that DBP did not produce any signs of estrogenicity in the
ovariectomized female rat [115]. DBP (by subcutaneous injection at 200 or
400 mg/kg/day or by gavage at 1000 mg/kg/day, administered for two days, fol-
lowed on the third day by 0.5 mg progesterone subcutaneously) did not induce
a uterotropic response or estrogen-dependent sex behavior (lordosis). In addi-
tion, phthalate-treatment did not increase uterine weight [164] in juvenile fe-
male rats, and oral DBP-treatment (250, 500, or 1000 mg/kg/day from weaning
through adulthood) failed to accelerate vaginal opening, or to induce constant
estrus in intact female rats [115].
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Recent publications demonstrate that perinatal exposure to a number of
phthalate esters alters development of the male reproductive tract in an antian-
drogenic manner, causing underdevelopment and agenesis of the epididymis at
relative low dosage levels. Arcardi et al. [165] reported that administration of
DEHP in the drinking water to the dam during pregnancy and lactation (esti-
mated LOAEL of 3 mg/kg/day) produced testicular histopathological alterations
in male rat offspring. Although DEHP is not an AR antagonist in vitro at con-
centrations up to 10 µmol/l, it inhibits fetal Leydig cell testosterone synthesis in
vivo when orally administered to the dam at 0.75 g/kg/day starting at day 14 of
pregnancy. As a consequence, fetal testosterone concentrations are reduced in
males to female levels from day 17 of gestation to 2 days after birth. This re-
duction in testosterone levels results in a wide range of malformations of the
androgen-dependent tissues in male rats including reduced AGD, retained nip-
ples, hypospadias, cleft phallus, vaginal pouch, agenesis of the gubernacula
cords and sex accessory tissues, underdevelopment of levator ani muscles, un-
descended testis, hemorrhagic testes, epididymal agenesis, and testicular atro-
phy. Mylchreest et al. [166] observed similar malformations in male rat progeny
after prenatal oral exposure (GD 10–22) to DBP with effects occurring at
dosage levels as low as 100 mg/kg/day. In our multigenerational assessment of
the reproductive effects of DBP on the male and female parents and their prog-
eny, daily oral administration of 500 mg/kg/day by gavage delayed puberty in
male rats and reduced fertility in both male and female rats [115] while
250 mg/kg/day induced reproductive tract malformations and reduced fecun-
dity in the offspring. In addition, when dams were dosed by gavage with 500 mg
DBP/kg in oil or an equimolar dose of DEHP (750 mg/kg/day) during sexual
differentiation (GD 14 – PND 4) the male offspring were profoundly mal-
formed. More limited dosing in “pulses” during 4-day periods of gestation
demonstrated that DBP at this dose was most effective on days 16–19 [115].

In a recent investigation [167] we examined several phthalate esters to deter-
mine if they also altered sexual differentiation in an antiandrogenic manner.We
hypothesized that the phthalate esters that altered testes function in the puber-
tal male rat [168] would also alter testis function in the fetal male and produce
malformations of androgen-dependent tissues. In this regard, we expected that
benzyl butyl phthalate (BBP) and DEHP would alter sexual differentiation,
while dioctyl terephthalate (DOTP), diethyl phthalate (DEP), and dimethyl
(DMP) phthalate would not. We also expected that the phthalate mixture, di-
isononyl phthalate (DINP), would be weakly active due to the presence of some
phthalates with a 4–7 carbon side chain. DEHP, BBP, DINP, DEP, DMP, or DOTP
were administered orally to the dam at 0.75 g/kg from gestational day 14 to
postnatal day 3. Male, but not female, pups from the DEHP and BBP groups dis-
played shortened AGDs (25%) and reduced testis weights (30%). As infants,
males in the DEHP, BBP, and DINP groups displayed female-like areolas/nipples
(86%, 70%, and 22%, respectively) vs 0% in other groups and they displayed
reproductive malformations. The percentage of males with malformations was
91% for DEHP, 84% for BBP, and 7.7% (p<0.04) in the DINP group. These
phthalate esters produced a wide range of malformations of the external geni-
talia, sex accessory glands, epididymides, and testes. In the DINP group, 2/52
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males (from 2/12 litters) displayed nipples, another male from one of the above
litters displayed bilateral testicular atrophy, and a fourth male in the DINP
group, from a third litter, displayed unilateral epididymal agenesis with hy-
pospermatogenesis and scrotal fluid-filled testis, devoid of spermatids. In sum-
mary, DEHP, BBP, DBP, and DINP all induce antiandrogenic effects on sexual
differentiation. DEHP and BBP were of equivalent potency while DINP was
about an order of magnitude less active.

It is evident that the phthalate esters are high production volume toxic sub-
stances that have not been adequately tested for transgenerational effects. It is
also clear that standard developmental toxicity studies are inadequate in their
assessment of the effects of antiandrogens like the phthalates on the reproduc-
tive system [169, 170]. Developmental toxicity studies, conducted in several rep-
utable laboratories using dosage levels well above those used herein, have failed
to detect these malformations. There are many reasons for the insensitivity of
the developmental toxicity test to detect reproductive tract malformations in
the offspring. In studies conducted under regulatory test guidelines prior to
1998, exposure to the dams was on GD 6 to 15 in the rat, which is prior to the
development of the fetal reproductive tract. In 1998, the period of exposure was
extended to GD 19. However, this change did not resolve the major limitation of
this protocol. Even when dosing is continued to GD 19, very few of the repro-
ductive malformations cited above will be detected in a routine teratologic eval-
uation. Not only are some of these tissues very small and only detectable histo-
logically, but also the process of sexual differentiation continues through peri-
natal life in the rat and some reproductive tissues are not fully differentiated
until puberty is complete. For these reasons, the reproductive system cannot be
fully evaluated during perinatal life.

10
Polychlorinated Aromatic Compounds

10.1
TCDD: A Putative Antiandrogen?

Exposure to aromatic hydrocarbon (Ah) receptor agonists such as TCDD, PCBs,
and PCDFs is causally linked to developmental/reproductive toxicity in hu-
mans, nonhuman primates, rodents, mink, fish, and other wildlife species [171].
Effects are expressed in vertebrates at ppt concentrations. TCDD and other ag-
onists bind a cellular steroid hormone-like receptor, termed the Ah receptor,
forming a complex that acts as a transcriptional factor by binding to specific
dioxin response elements (DREs) on specific genes. Some, if not all, of the tox-
icity of TCDD appears to result from activation of the Ah receptor. TCDD is an
“endocrine disruptor” that acts on multiple components of the endocrine axis.
TCDD exposure alters the levels of many hormones, growth factors, and their
receptors.

In addition to the effects of these chemicals seen in humans (discussed ear-
lier), exposure to very low doses of TCDD produces infertility in rodent prog-
eny [172–180]. Exposure to a single low dose of TCDD ranging from 50 ng to
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2 µg/kg during sex differentiation of the rat or Syrian hamster results in a num-
ber of unusual reproductive alterations in male and female progeny [181–184].
In the female rat, oral treatment with 0.2–1 µg TCDD/kg on GD 15 induced
clefting of the phallus with a mild degree of hypospadias in females and a per-
manent “thread” of tissue across the opening of the vagina of the progeny [184].
Female progeny treated earlier in gestation with 1 µg TCDD/kg displayed re-
duced fecundity, a high incidence of constant estrus, and cystic endometrial hy-
perplasia at middle age. Female hamsters, treated by gavage on GD 11 with 2 µg
TCDD/kg, also display clitoral clefting, reduced fertility as a result of several
functional reproductive problems, but they did not display the vaginal thread.
In TCDD-treated male rat and hamster offspring (dosing as per female off-
spring above), puberty was delayed, ejaculated and epididymal sperm numbers
are reduced, while the reductions in ventral prostate, seminal vesicle, and testis
size, displayed during peripubertal life (49–63 days of age), are attenuated with
age. Mating behavior was normal in male hamsters, while male rats had some
difficulty achieving intromissions. No malformations were noted in male rat or
hamster offspring at these dosage levels, although epididymal agenesis has been
reported in males exposed orally to doses above 1 µg TCDD/kg on GD 15 [185].

Studies indicate that development of the reproductive system is seriously al-
tered when fetal TCDD concentrations reach 50 ppt, produced by dosing the
dam with 1 µg TCDD/kg on GD 15 [186]. Our two lowest dosage levels (0.2 and
0.05 µg/kg on GD 15), which lower sperm counts and induce anomalies in fe-
male offspring, occur at fetal TCDD levels of about 5–10 ppt [187]. Similar or
slightly higher levels are toxic to some embryonic fish [188] and avian [189]
species in the field and in the laboratory.

10.2
PCB 169: A Putative Antiandrogen?

The PCB congener 169 is an Ah receptor agonist with a toxic equivalency factor
of about 0.001, as compared to the potency of TCDD. PCB 169 treatment during
pregnancy (administered as a single dose of 1.8 mg/kg to the dam on GD 8) al-
ters reproductive development of LE hooded male and female rats in a manner
almost identical to TCDD [115]. However, the sensitive androgen-dependent
measures (AGD, areolas, and nipples) were not altered in treated males. Similar
to TCDD treatment, PCB 169 treatment accelerated the age at eye opening and
induced vaginal threads and mild hypospadias (urethral opening separate from
the vaginal canal with cleft phallus) in female offspring, without reducing AGD
or inducing areolas or nipples in males. In this regard, these organs were more
affected in PCB 169-treated males at 65 days of age than in middle-aged males.
PCB 169 treatment in utero increased the incidence of prostatitis in the dorso-
lateral lobe of the prostate of old male rats from 2/15 in controls to 7/10 in the
treated males (p<0.01) [115].

It is evident that the overall profile of effects seen in TCDD- and PCB 169-
treated male and female offspring bears only limited resemblance to that seen
in animals exposed to known antiandrogens. The fact that PCB 169 treatment
fails to reduce AGD and induce areolas, retained nipples, and male hypospadias,
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hallmarks of antiandrogenic action, at a dosage level that produces significant
reproductive toxicity suggests that the Ah receptor agonists may be affecting
these tissues via alternative pathways, ones that do not involve the androgens or
their receptor. Many other growth factors (i.e., epidermal growth factor) and
hormones (i.e., prolactin, thyroid, and growth hormones) also are required for
maximal development of these tissues. In addition, PCB 169 and TCDD induce
many effects that are clearly unrelated to androgen action (eye opening, and fe-
male effects like cleft phallus and vaginal threads).

11
Inhibitors of Steroid Hormone Synthesis

11.1
Ketoconazole

Several fungicides inhibit fungal membrane synthesis and growth by inhibiting
specific cytochrome P450 enzymes, especially 14a-demethylation of lanosterol
in the sterol pathways. The process of steroidogenesis is sufficiently conserved
that these chemicals also inhibit mammalian steroidogenesis. In general, how-
ever, at relatively high concentrations these fungicides are nonspecific in-
hibitors of CYP450 enzymes. Hence, effects in vertebrates may not be limited to
the reproductive system and include adrenal and liver steroid metabolism and
ecdysteroid synthesis in invertebrates.

Goldman et al. [190] produced male PH in rats with inhibitors of steroid 17a-
hydroxylase and C17–20 lyase. Developmental alterations can also be obtained
from in utero treatment with drugs that inhibit 5a-reductase, which is not a
P450 enzyme, blocking the conversion of testosterone to DHT [191, 192]. The
antifungal imidazole derivative, ketoconazole, inhibits various enzymes which
belong to the cytochrome-P450-dependent mono-oxygenases in rodents and
humans such as side chain cleavage of cholesterol, 11b-hydroxylase in the
adrenal, and 17a-hydroxylase and C17–20 lyase in rat and human testes. For
example, human testicular mono-oxygenase activities in vitro are reduced by
50% by 3.1 µmol/l ketoconazole. Schurmeyer and Nieschlag [193] demonstrated
that ketoconazole and other imidazole fungicides inhibited testosterone pro-
duction in males, while Pepper et al. [194] reported that ketoconazole was use-
ful in the treatment of ovarian hyperandrogenism in women. Ketoconazole also
has been shown to alter hepatic testosterone metabolism [195]. Four hours after
male CD-1 mice were orally treated with ketoconazole from 0 to 160 mg/kg,
serum testosterone levels, gonadal testosterone production, and hepatic testos-
terone hydroxylase activities were decreased in a dose-related manner.

We found that administration of ketoconazole by gavage from GD 14 in the
rat at 100 mg/kg/day leads to reduced maternal weight gain and whole litter loss
within a few days of the initiation of treatment [115]. These effects are consis-
tent with the ability of this fungicide to inhibit progesterone synthesis. When
the dosage level of ketoconazole was lowered to 0, 12.5, 25, or 50 mg/kg/day
from GD 14 to PND 3, treatment delayed the onset of parturition by as much as
three days and reduced the numbers of live pups at all but the lowest dosage
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level. Surviving male pups in the 12.5 and 25 mg/kg/day dose groups (there was
only one pup at 50 mg/kg/day) did not display any indication of being demas-
culinized or feminized [115].

11.2
Fenarimol

Aromatase inhibitors prevent the conversion of androgens to estrogens. This
P450 enzyme is highly conserved in a wide variety of tissues and many species,
but the overall homology of the gene with other cytochrome P450s is only about
30%. Hence, this enzyme is considered to be in a separate gene family within
the overall superfamily. As a consequence of the lack of sequence homology
with other P450 enzymes in the steroid pathway, inhibitors of aromatase can
display more specific activities than drugs like ketoconazole. In this regard, aro-
matase inhibitors have significant clinical uses and often present fewer unto-
ward effects on other endocrine organs. Several fungicides like fenarimol in-
hibit aromatase activity [196] in mammals, resulting in infertility in both sexes.
In our study, fenarimol was administered daily by gavage from weaning,
through puberty, mating, gestation and lactation to the P0 generation (at 0, 17.5,
35, or 70 mg/kg/day) while the F1 offspring were only exposed indirectly
through the placenta and milk. Fenarimol treatment inhibits male rat mating
behavior (some males would not mount a sexually receptive female rat) in the
P0 generation, presumably by inhibiting the conversion of androgens to estro-
gens in the brain [20]; it also inhibits parturition in P0 female rats because of
the critical role of estrogens near term in the induction of labor in this species.
Although fertility in the P0 generation was reduced by fenarimol treatment, the
F1 generation, exposed indirectly only during pregnancy and during lactation,
was unaffected. This pesticide also has effects in invertebrates, inhibiting ecdys-
teroid synthesis [197], while in reptiles, other aromatase inhibitors inhibit fe-
male gonadal sex determination [120].

12
Conclusions

It is well documented that substances present in the environment from human
activities (pesticides, other toxic substances, phytochemicals, pharmaceuticals)
with EDC activity have altered sexual differentiation and/or reproductive func-
tion in fish, wildlife, and domestic animals in the field [1, 2, 10–17, 48, 70–74,
140–151, 188, 189]. In many cases, such observations are supported by labora-
tory investigations and the mechanisms of action are known. As discussed
herein, EDCs act via several distinct mechanisms. In the laboratory, we can al-
ter sexual differentiation in rodents with some of these EDCs and, in some
cases, the dosage levels that produce effects in laboratory animals overlap with
background levels seen in the human population [36, 136–139, 183, 184, 186,
187]. In other cases, our low dose animal studies are relevant to the adverse ef-
fects of synthetic EDCs seen only in more highly exposed workers [60, 61, 63–
66], accidental exposures [58, 77], or medical usages. Fortunately, in other cases,
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adverse effects from an EDC in an animal study occur only at dosage levels that
exceed any real-world exposure. More often than not, however, we do not have
sufficient field exposure or laboratory dose response or exposure data to deter-
mine in which of the above categories the EDC resides. One question that needs
to be considered is: if humans are being affected by EDCs, how are these effects
likely to be expressed? We can make some predictions based on what we know
from (i) the malformations produced in humans by drugs with EDC activity
[35] and (ii) effects in animals in the field and the laboratory. We know that ex-
posure to individual EDCs and mixtures of EDCs varies over several orders of
magnitude among animal and human populations. For this reason, rather than
expecting global changes or “trends” in reproductive health, where much of the
current attention is focused, we would expect that the prevalence and severity
of the reproductive and developmental effects displayed would vary consider-
ably from group to group based on historical and current EDC exposures.
Except for high dose accidental or occupational exposures [58, 171], the effects
seen in humans exposed to EDCs would often be latent, subtle (both hard to de-
tect, but still potentially serious), functional reproductive alterations in highly
exposed individuals or their progeny, with rare malformations occurring in
only the most susceptible individuals. Compared to fish and wildlife, the effects
of EDCs on human health are more the subject of debate than investigation. In
regards to the current knowledge base about the effects of EDCs on human
health, we must consider that “The absence of evidence is not evidence of ab-
sence” [198]. Some additional uncertainties in the risk assessment for EDCs are
(i) what are the characteristics of the dose-response curves in the low dose
range (threshold or not, monotonic or U-shaped), (ii) how will real-world mix-
tures of EDCs interact, and (iii) what other important mechanisms of endocrine
action will be displayed by synthetic chemicals besides those (estrogen, antian-
drogen, and antithyroid) that we are currently focused on?
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Since the middle part of this century, humans have become increasingly aware of their im-
pact on the environment. Some examples of human impact on the environment include the
developmental deformities and population declines of several species of birds around the
Great Lakes, acid rain-associated loss of fish in northeast USA lakes, and human reproductive
health problems attributed to industrial dumping at Love Canal, New York, USA. These and
other examples have changed the way humans view their impact on the environment.
Concern over the health and welfare of humans, as well as other organisms, has driven
mankind to try to understand and manage this impact. One of the areas that scientists are
focusing on is the alteration of normal endocrine system function by chemicals in the envi-
ronment. In this chapter we present a brief review of the developmental and reproductive ab-
normalities associated with exposure to endocrine disrupting chemicals (EDCs). Although
this chapter focuses on data from wildlife research, where necessary, we also provide exam-
ples from research conducted on domesticated animals from aquaculture, agriculture,
and laboratory studies. We begin with a definition and a historical perspective of the field 
of toxicology. Following a definition of the endocrine disruption hypothesis, we present 
a synthesis of some of the data. This presentation is organized around four hierarchical 
levels of endocrine system function that include the control, production, availability, and
action of hormones. Next, we discuss areas of cutting edge research, suggest areas for future
study, and underscore the need to explore possible population-level effects of exposure to
EDCs.
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DDT dichlorodiphenyltrichloroethane
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E2 estradiol-17b
EDC endocrine disrupting chemical
EROD ethoxyresorufin-O-deethylase
F cortisol
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GH growth hormone
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GnRH gonadotropin releasing hormone
GtH gonadotropin
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LD lethal dose
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SXR steroid-xenobiotic receptor
T testosterone
T3 triiodothyronine
T4 thyroxine
TBG thyroxine-binding globulin
TRH thyrotropin releasing hormone
TSH thyroid-stimulating hormone
Vtg vitellogenin

1
Introduction

1.1
Toxicology and Past Perspectives

Toxicology has been described as the study of the adverse effects of xenobiotics.
Xenobiotics are chemicals that an organism is usually not exposed to, and can
be of natural or anthropogenic origin. The discipline dates back to the earliest
humans who made use of natural venom and poisons taken from animals and
plants to assist them in hunting or in battle (for a historical perspective of tox-
icology, see [1]). The science of toxicology developed from the desire to safe-
guard human and environmental health. Modern toxicology was born in the
early 1960s in the USA with the publication of Rachel Carson’s Silent Spring and
the development of sensitive analytical tools. Following establishment of the US
Environmental Protection Agency and related agencies worldwide, the field of
toxicology grew to include risk assessment [2].

Traditionally, research by human toxicologists focused on high concentra-
tion exposures and examined endpoints such as death (LD-50 or LC-50 – the
dose or concentration of a chemical necessary to cause the death of 50% of the
experimental organisms), birth defects (teratology), and cancer (uncontrolled
cell division) [3]. The main concern was to prevent the death of the individual
human. In contrast, wildlife toxicologists are concerned with a lower level of
certainty, and their concern is to safeguard the population or keep a population
from going extinct [4, 5].

1.2
Brief History of the Field of Endocrine Disruption Research

The understanding that certain chemicals can interact with the nervous and
endocrine systems of an organism has been known since at least the early 1950s.
Pesticides like dichlorodiphenyltrichloroethane (DDT) were and are currently
used because of their ability to act as neurotoxins and interfere with membrane
ion transport (e.g., calcium), inhibit selective enzyme activities, or alter the re-
lease or removal of neurotransmitters at neuronal synapses. In the early 1960s,
Rachel Carson wrote about the relationship between DDT, eggshell thinning, and
the demise of the bald eagle and other bird populations around the Great Lakes.

Developmental and Reproductive Abnormalities Associated with Endocrine Disruptors in Wildlife 251



During that same period, doctors were prescribing a synthetic estrogen, diethyl-
stilbestrol (DES), to pregnant women desiring to reduce spontaneous abortions
and other complications associated with high risk pregnancies [6]. Simul-
taneously, the growth of the petrochemical industry was occurring, promising
their customers extended lives full of convenience, health, and plentiful food.

In the 1970s, concern mounted over the widespread use of DES as an ana-
bolic agent in animal husbandry, and its identification as the causative agent in
the transgenerational effects observed in the reproductive health of daughters
and sons of DES mothers [7]. Due in large part to this concern, a meeting was
convened in 1979 by the US National Institute of Environmental Health
Sciences (NIEHS), called “Estrogens in the Environment” [8]. Discussions from
this first meeting, as well as a subsequent NIEHS sponsored meeting in 1985 [9]
and a related 1991 meeting organized by the World Wildlife Fund, called
“Chemically Induced Alterations in Sexual Development: The Wildlife/Human
Connection” [10] were the beginnings of the field of endocrine disruption re-
search (for an in-depth historical discussion, see [11]). It was at these first meet-
ings that researchers from various disciplines including wildlife biology, repro-
ductive physiology, endocrinology, neurology, immunology, molecular biology,
and toxicology came together and realized there was a common thread running
through all of their research. That common element can be summarized in the
consensus statement of the 1991 meeting: “We are certain of the following: A
large number of man-made chemicals that have been released into the environ-
ment, as well as a few natural ones, have the potential to disrupt the endocrine
systems of animals, including human” [10].

1.3
Definition of the Endocrine Disruption Hypothesis

The endocrine disruption hypothesis suggests that certain chemicals in the
environment, some naturally occurring and others produced by humans, have
the ability to alter the development and reproduction of organisms by disrupt-
ing the normal functioning of the endocrine system [5, 10]. This could be
caused by xenobiotics changing the normal internal hormonal environment of
an organism.

Anthropogenic chemicals, such as pesticides, surfactants, industrial com-
pounds, and heavy metals are widely distributed throughout the planet [12–
16]. Given the interaction between the nervous, endocrine, and immune
systems [17], and the ability of many of these compounds effectively to mimic,
inhibit, or block the actions of native hormones and other signaling systems,
there is concern for wildlife, domestic-animal, and human health [3, 10].

1.4
Traditional Methods of Investigation

By definition, an endocrine disrupting chemical (EDC) is a compound that is
foreign to the organism, yet can bind to the hormone receptors within the or-
ganism or alter other aspects of normal endocrine system function. EDCs are

252 E.F. Orlando · L.J. Guillette Jr



termed agonists if they bind the receptor and induce hormone action (for a
comparative discussion of short-term assays for certain EDCs see [18]). EDCs
are antagonists if they bind the native receptor, yet block hormone action.
Traditionally, investigators have used receptor-binding assays to measure rela-
tive binding affinity of a suspected EDC [19]. Here, a graded concentration se-
ries of the suspected EDC are combined with radiolabeled forms of the native
hormone. Competition for the receptor will yield information about the relative
affinity of the EDC compared to the native hormone. Yet, information from
binding affinity assays is incomplete, because these assays do not demonstrate
if the EDC bound to the hormone receptor will function as an agonist, resulting
in hormone action or as an antagonist, actually inhibiting that action. To ad-
dress these functional questions, endocrinologists have traditionally used in
vivo tissue response assays (e.g., prostate growth [20]), or in vitro cell culture
assays (e.g., E-screen, MCF-7 human breast cancer cells [21]). More recently,
transgenic organisms (e.g., yeast with human estrogen or androgen receptor
[22, 23]) and knock-out organisms (e.g., mice without functional estrogen re-
ceptors [24]) have become available to elucidate hormone or EDC action. These
assays have produced some interesting results. Xenobiotics, such as chlorde-
cone, phenol, and o,p¢-DDT, were considered estrogen agonists because they
bound the estrogen receptor. These results were obtained from experiments
where each compound was examined singly. In mixtures, some xenoestrogens
functioned as antagonists or anti-estrogens in a gene expression assay when
combined with the native hormone, estradiol [25].

2
Normal and Altered Endocrine System Function

2.1
Normal Endocrine System Function

The timing of reproduction is thought to be under the direct control of the hy-
pothalamus of the brain (for an in-depth discussion see [26, 27]) (Fig. 1).
Pulsatile secretions from the hypothalamus of gonadotropin releasing hormone
(GnRH) are known to induce the synthesis and release of gonadotropins (GtHs)
from the pituitary. In most vertebrates, these gonadotropins are called follicle-
stimulating hormone and luteinizing hormone (FSH and LH, respectively) be-
cause of their original association with ovarian follicle development and the be-
ginning of the luteal or postovulatory phase in mammals. GtHs are carried in
the blood to the gonads, where they induce production of steroid hormones,
such as progestins, androgens, and estrogens, as well as gamete growth and dif-
ferentiation. Androgens and estrogens play a major role during sexual differen-
tiation of the embryo [28]. In the adult, these steroid hormones are responsible
for the formation of gametes and development of secondary sex characteristics
including reproductive behavior [26, 27]. Steroid hormones are lipophilic and
do not dissolve easily in water.A very small percentage of the hormones are free
in the blood, and most are carried bound to serum binding proteins (SBPs),
such as sex hormone binding globulin. Hormones bound to SBP are protected
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from degradation by the liver and are also thought to function as a reserve of
available hormone. The concentration of SBPs and the rate of degradation and
excretion from the organism regulate the availability of steroid hormones to
their target tissue [22, 29, 30]. Hormone action, thus a biological response, re-
sults from the binding of a hormone with its receptor (Fig. 2). Most commonly,
steroid hormones move through the cell membrane and bind intracellular re-
ceptors. This hormone-receptor complex attaches to a particular site on the
DNA (hormone response elements) and induces transcription [26]. Recently,
membrane-bound steroid hormone receptors have been discovered [31–35].
Various nongenomic functions, such as ion channel regulation and enzyme ac-
tivation, have been proposed as additional functions for steroid hormones. In
summary, the brain controls steroid synthesis, steroid production is in the go-
nads, the liver regulates steroid availability, and steroid action is a function of
receptor location.

There are several axes that are under the control of the hypothalamus – pi-
tuitary regions of the brain. These include the reproductive, growth, thyroid,
and stress axes (Fig. 3).Any chemical that can mimic an endogenous compound
has the potential to interact with and potentially disrupt the normal function-
ing of any of these axes. In addition, there are two nonsteroid hormone mem-
bers of the nuclear receptor superfamily: retinoic acid and vitamin D3. Both sys-
tems have been shown to have the potential for disruption by xenobiotics [36].
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Fig. 1. Four hierarchical levels of endocrine system function include control (hypothalamus
and pituitary of the brain), production (gonad), availability (steroid hormone metabolism/
xenobiotic detoxification and serum binding protein synthesis in the liver), action (receptors
in the brain, gonad, and liver). The potential for alteration of steroid hormone concentration
exists at each of these levels



These hormone systems do not work in isolation, but cross talk or interaction
between these axes is known to occur, and together they control development
and reproduction in an organism [37, 38].

The potential for endocrine system disruption is complex and can occur in
different organs (e.g., the hypothalamus, pituitary, and gonad and liver), and at
different biochemical levels (e.g., receptors, serum binding proteins, enzymes
for synthesis or degradation, hormone response elements) [35, 36]. Given the
fact that endocrine axes are related by their interactive effects on both develop-
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Fig. 2. Steroid hormone action depicted at the cellular level. Most of the steroid hormones are
transported in the blood bound to serum binding proteins, whereas most endocrine disrupt-
ing chemicals (EDCs) that have been examined circulate freely. Both steroid hormones and
EDCs can bind to membrane-bound or intracellular receptors. Membrane-bound receptors
help regulate cellular activity and provide a rapid response to changes in the extracellular en-
vironment. Intracellular receptors regulate transcription and the response period is relatively
slower compared to the action of the membrane-bound receptors



ment and reproduction, the disruption of one axis could impact another axis
(e.g., the stress axis and its effect on the reproductive axis [39]).

2.2
Altered Endocrine System Function

Chemicals that disrupt the endocrine system can have profound effects on the de-
velopment and reproduction of organisms (for examples see Table 1). A classic
example is the in utero exposure of young boys and girls to the pharmaceutical
estrogen, diethylstilbestrol (DES). The majority of the children born of mothers
given DES during pregnancy had measurable alterations of their reproductive or-
gans [40]. Many of the DES daughters exhibit lower fertility or infertility, and sons
have elevated occurrence of cryptorchidism and testicular cancer. EDCs, such as
DES, have the potential to disrupt the endocrine system by modifying hormone
synthesis, control, production, availability, and action. We will briefly document
how EDCs can act at each of these levels in the following sections.
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Fig. 3. These four endocrine axes (stress, thyroid, reproductive, and growth) are related be-
cause they control the development and reproduction in a typical vertebrate. Each of these
axes integrates external signals from the environment, transduced by the hypothalamus and
pituitary of the brain, into internal signals or hormones produced by the target tissues. EDCs
have the potential to alter the normal function of any of these axes. Furthermore, since these
axes are known to interact, modification of one axis could affect another axis
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Table 1. Examples of developmental and reproductive abnormalities associated with en-
docrine disrupting chemicals

Taxa Animal Putative EDC Citation

Invertebrates
Mud snail Tributyl tin [73]
Mussel Tributyl tin [74]
Whelk Tributyl tin [75]

Vertebrates
Fish Atlantic PCBs/ [76]

croaker Cadmium

Common Sewage [42]
carp
Common 4-tert-pentyl- [77, 78]
carp phenol
Largemouth Industrial [43]
bass effluent
Mosquito- Paper mill [79]
fish effluent
Rainbow Sewage [80]
trout effluent 
Rainbow Surfactants [81]
trout
Roach Sewage [82]

effluent
White Paper mill [41, 83]
sucker effluent

Flounder Sewage [84]
effluent

Amphibian Cricket frog PCBs and [85]
PCDFs

Frogs and Agricultural [86]
toad runoff
Leopard frog Acetochlor [87]
Senegal DDT [88]
walk ing frog

Reptiles Alligator Dicofol, p,p¢- [49, 44]
DDE, atrazine

Red-eared PCBs, nona- [89, 90]
slider chlor,p,p¢-

DDE, chlordane
Snapping Organo- [91]
turtle chlorines

Noted effect

Masculinization of females
Ø Aromatase activity
Masculinization of females

Arochlor 1254: Ø GtH, ovary
growth and E2. Cd: ≠ ovary
growth and E2
Ø Plasma T, Vtg induction

Ø PGCs, Vtg induction, Ø sper-
matogenesis, developed oviducts
Ø Plasma T, ≠ liver size, Vtg in-
duction
Masculinization of females

Vtg induction in males Ø testes
size
Ø Growth/ovosomatic index

Vtg induction in males, intersex-
uality in gonads
Ø Gonad size, age to maturation,
sex steroids and GtH-II, ≠ liver
size, ≠ EROD
Vtg induction in males, mal-
formed testes

Sex ratio reversal

Limb deformities

≠ T3-induced metamorphosis
Corticosterone-like developmen-
tal abnormalities

Ø T, and phallus size in males;
≠ aromatase activity in males,
≠ E2 and ovarian abnormalities
in females
Sex reversal

Alteration of secondary sex
characteristics



2.2.1
Brain – Hormone Synthesis Control

There are several endocrine axes that are controlled by the hypothalamus-pitu-
itary regions of the brain, such as the reproductive, growth, thyroid, and stress
axes. Within the reproductive axis, gonadotropins from the pituitary, such as go-
nadotropin II (GtH-II) found in fish, alter steroid hormone production in the go-
nad [26]. Experimental exposure of feral white sucker fish (Catastomus commer-
soni) to bleach kraft mill effluent (BKME) stimulated a 30- to 50-fold decrease in
GtH-II concentrations and fish given a synthetic gonadotropin releasing hor-
mone (sGnRH-A) released GtH-II at a significantly lower rate when compared to
controls [41]. Further, ovulation in BKME-exposed females did not occur after
injection of the GnRH analog as occurred in all control fish. BKME-exposed fish
showed a transitory increase in testosterone in response to a sGnRH-A injection,
whereas controls had higher concentrations of plasma testosterone and did not
respond to treatment with a further elevation [41]. These data suggest that en-
docrine disruption can occur at the hypothalamic-pituitary axis. Further, alter-
ations can occur in gonadotropin release or response. To date, few studies have
examined endocrine disruption at this level of organization; that is, the hypo-
thalamus-pituitary control of steroid hormone production.

2.2.2
Gonad – Hormone Production

A common observation in wildlife exposed to various forms of environmental
contamination is an alteration in gonadal hormone production. These alter-
ations can occur in adults or be due to developmental alterations in the gonad.
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Noted effect

Eggshell thinning, embryo 
mortality
Crossbills, altered reproductive
behavior
Altered reproductive behavior
Ø Metabolic enzyme activity, Ø
plasma B

Cryptorchidism

Ø In reproductive success
Ø T, developmental/behavioral 
alterations
Ø Thyroid hormones
Ø In reproductive success

Table 1 (continued)

Taxa Animal Putative EDC Citation

Birds Bald eagles DDT [92, 93]

Cormorants Organo- [94, 95]
chlorines

Gulls DDT [96]
Gulls Organo- [97]

chlorines

Mammals Florida Organo- [98]
panther chlorines
Seal PCBs [99]
Rat Vinclozolin, [72, 100]

p,p¢-DDE
Rat PCB mixture [101]
Seal PCBs [99]



Male carp (Cyprinus carpio) and largemouth bass (Micropterus salmoides) ex-
posed to sewage effluent and effluents from various industrial sources, respec-
tively, exhibit a significant depression in circulating testosterone concentrations
[42, 43]. This is assumed to be due to altered gonadal steroidogenesis, but the
mechanism has not been clarified.

Male American alligators (Alligator mississippiensis) exposed to endocrine
disrupting contaminants in ovo exhibit altered plasma concentrations of testos-
terone at hatching [44], and juvenile alligators from a contaminated lake had re-
duced penis size compared to alligators from a reference lake [45]. These ab-
normalities apparently persist, as depressed plasma testosterone concentra-
tions and reduced phallus size has been observed in animals as old as 8–9 years
[46–48]. The depressed androgen levels are due, in part, to an altered go-
nadotropin response [49, 50]. As described above for the white suckers, gonadal
responsiveness to gonadotropin stimulation can be altered by exposure to envi-
ronmental chemicals. BKME-exposed fish showed a transitory increase in
testosterone in response to an sGnRH-A injection [41]. Testosterone synthesis
is not the only gonadal hormone affected by contaminants. Plasma estradiol-
17b synthesis was also observed to be altered in alligators exposed to pesticides.
Hatchling females have elevated plasma estradiol concentrations whereas juve-
nile females have significantly lower plasma concentrations [47–49].

As observed in alligators, white suckers exposed to BKME in Jackfish Bay,
Lake Superior had decreased plasma sex steroid concentrations [51, 52]. In ad-
ditional studies, white suckers collected from 12 areas receiving effluents from
paper mills using chlorine-based or sulfite-based processes were also exam-
ined. Fish exposed to sulfite-based mill effluents exhibited decreased steroid
levels [53].

Other steroid synthetic pathways in other organs can also be affected, as
plasma cortisol concentrations were suppressed in BKME-exposed fish from
Jackfish Bay subjected to stress during sampling [54]. Fish exposed to environ-
ments contaminated with polycyclic aromatic hydrocarbons (PAHs), polychlo-
rinated biphenyls (PCBs), or heavy metals also show a suppressed stress re-
sponse as measured by plasma cortisol concentrations [54, 55]. In contrast, fish
exposed to pesticides can exhibit an augmented stress response and elevated
plasma cortisol concentrations compared to reference fish (Orlando, Binczik,
Kroll, and Guillette, unpublished data). Likewise, alligators living in a pesticide-
contaminated lake exhibit similar basal concentrations of corticosterone [47]
but show a more rapid response to stressful stimuli when compared to reference
animals [56].

2.2.3
Liver – Hormone Availability

Research in rats indicates that embryonic steroid exposure establishes sexual
dimorphism of steroid-metabolizing enzymes in the liver. Male and female ro-
dents exhibit different patterns of hepatic steroid metabolism, and these pat-
terns are organized during development by exposure to androgens [57–59]. For
instance in rats, gonadectomy of males results in female-pattern steroid degra-
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dation, whereas administration of testosterone to a gonadectomized male re-
sults in male-pattern steroid degradation [60]. It is clear that sex steroids affect
liver metabolism, such that exogenous androgens can masculinize a female liver
and exogenous estrogens can feminize a male liver [59].

Recent evidence indicates that exposure to contaminants can alter hormone
metabolism in laboratory mammals [61, 62] and various wildlife species such as
the fathead minnow (Pimephales promelas) [63, 64] and American alligator
(Gunderson, LeBlanc, and Guillette, unpublished data). Although many previ-
ous researchers have observed that toxins induce hepatic enzyme induction,
these recent studies demonstrate that specific enzymes associated with hor-
mone degradation and clearance are altered in specific ways. For example, in
the fathead minnow, exposure to industrial effluent altered testosterone bio-
transformation processes [64]. Exposed minnows eliminated a variety of testos-
terone metabolites at a faster rate compared to nonexposed fish. Interestingly,
many of the hepatic enzymes used for testosterone biotransformation and elim-
ination are used in the gonad for ‘normal’ steroidogenesis presenting an inter-
esting evolutionary dichotomy (for discussion, see [65, 66]). Differential induc-
tion of these enzymes in the liver and gonad occurs but little is known about the
factors controlling the differential up-regulation of these enzymes in wildlife.

In addition to steroid hormone metabolism, the liver is responsible for an-
other factor that affects the availability of steroid hormones to the cells. Serum
binding proteins (SBPs), produced in the liver, transport the lipophilic steroid
hormones in the plasma. Examples of SBPs include sex hormone binding glob-
ulin (SHBG), corticosteroid and thyroid-retinoic acid hormone binding globu-
lins [27]. Most (>95%) of the steroid hormone titer is bound and not free in the
plasma, yet only the free fraction of the steroid can produce a biological effect.
The bound fraction is thought to function as a storage mechanism for steroid
hormones. As long as the hormone is bound to the SBP it is protected from me-
tabolism and excretion [67]. To date, little research has been conducted on the
interaction of EDCs with SBPs. Certain contaminants seem to have very low
affinity for SBPs. For example, the estrogenic activity of DES, octylphenol, and
o,p¢-DDT were poorly inhibited by the presence of SHBG or albumin (nonspe-
cific SBP) in an in-vitro assay when compared to the total inhibition of estra-
diol activity [22]. This suggests that certain EDCs have their effective plasma
concentration increased because they do not bind to the SBPs. This enables
most of the compound to remain free in the plasma and therefore more avail-
able to the cells. Some EDCs could alter availability of native hormones by ac-
tually binding to the SBP, causing displacement, metabolism, and excretion of
the hormone. Hydroxylated non-ortho PCB metabolites were shown to bind
thyroid-retinoic acid hormone binding globulin, displacing the native thyroid
hormone [68]. This increase in the free fraction of the hormone resulted in a de-
crease in plasma concentration (thus bioavailability) due to an increase in me-
tabolism and excretion. Another way that EDCs could alter the availability of
hormones in an organism is to induce the production of SBPs, thus binding
more free hormone and reducing their bioavailability to the cells. Some plant
compounds, such as lignans and isoflavonoids, seem to stimulate SHBG synthe-
sis in the liver in vivo and in vitro [69].
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To summarize, many hormones are transported in the blood by SBPs.
Because of a low binding affinity for the SBP, many EDCs are effectively more
available to enter the cells. Also, the relationship of EDCs with these SBPs could
affect the availability of hormones to cells by increasing their storage or their
metabolism and excretion.

2.2.4
Receptors in Brain, Gonad, and Liver – Hormone Action

Action or biological effect of a hormone as well as an EDC are generally thought
to depend on that compound binding to its receptor (for a more detailed discus-
sion of contaminant interactions with steroid receptors see [70]). Larger, more
hydrophilic hormones, such as the gonadotropins or adrenocorticotropic hor-
mone, bind to membrane-bound receptors. Steroid hormone receptors belong to
the nuclear receptor superfamily, which also includes thyroid hormones, retinoic
acid, and vitamin D3 [26, 27]. These hormones bind to their receptors in the cy-
toplasm or nucleus of the target cell, where they cause gene transcription (Fig. 2).

Most research in the field of endocrine disruption has focused on xenobi-
otics that mimic estrogens, although more recently some research has been car-
ried out on environmental androgens, antiandrogens, and antiestrogens.
Environmental xenobiotic compounds such as pesticides, surfactants from de-
tergents, industrial waste, sewage treatment plant effluent, paper mill effluent,
heavy metals, and phytosterols have been shown to be estrogenic [71]. Certain
fungicides, such as the metabolites of vinclozolin, have been identified as an-
tiandrogens in rats. Interestingly, metabolites of other compounds can have
very different receptor-binding affinity from the parent compound. For exam-
ple, o,p¢-DDT is a known estrogen agonist, and one of its metabolites p,p¢-DDE
is antiandrogenic in rodents [72].

3
Possible Future Areas of Research

In this chapter we have presented research strongly suggesting an association be-
tween xenobiotics and altered development and reproduction in wildlife. Most of
that research to date has focused on steroid hormone mimics and antagonists, es-
pecially estrogenic and androgenic EDCs. To begin to understand fully the possi-
ble impact of xenobiotics on wildlife and humans, we must broaden our research
plans to include (1) other hormone axes and possible levels of disruption, (2) var-
ied methods of investigation and analysis, (3) an emphasis on embryonic/pre-
adult life stages, and (4) levels of biological organization beyond the organism.

3.1
Other Hormone Axes and Possible Levels of Disruption

There are other hormone axes similar in structure to the reproductive axis.
These include the growth, thyroid, and stress axes (Fig. 3). The proper biologi-
cal function of each axis depends on the concentration of hormones, whose
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control, production, availability, and action are similar to the reproductive axis.
Because of these structural parallels, each of these endocrine axes has the po-
tential for modulation by xenobiotics [102, 103]. Few studies have been de-
signed to examine the possible effects of xenobiotics on these other axes. It is
important that we examine these possible direct effects as well as the indirect
effects that could occur through cross talk or interaction between axes.

As an example, the stress axis is known to affect the reproductive and growth
axes in fish. Increases in stress hormones are associated with impaired reproduc-
tive function and decreases in growth rate [39]. There is still a great deal of re-
search needed to understand the normal endocrine mechanisms involved in
these relationships. Recently, glucocorticoid receptors were immunolocalized in
the neurons in the part of the brain associated with the control of reproduction
and the pituitary of rainbow trout (Oncorhynchus mykiss) [104]. This research
suggests a mechanistic connection between stress hormones and the brain-level
control of reproductive steroid hormones.A few studies have examined the mod-
ulation of the stress axis in fish by xenobiotics such as paper mill effluent and
PCBs and heavy metals [54, 55, 105]. Even fewer studies have been implemented
to look at the possible effects of the stress response on reproductive steroid hor-
mones of contaminant-exposed fish [54]. Given the presence of the glucocorti-
coid receptor in the brain and pituitary of certain fish, it is important that we ex-
amine the role of xenobiotics as stressors in the modulation of reproduction.

As members of the nuclear superfamily, reproductive and stress steroid hor-
mone receptors belong to a group of hormones that include thyroid hormones,
retinoic acid, and vitamin D3 [106]. In the past, these hormones were believed
to act strictly as intranuclear transcription regulators. Recent studies have
found the existence of membrane bound receptors for estrogens in fish and
mammals [32, 33, 107]. Membrane bound receptors would add another function
to the steroid hormone and possibly other members of the nuclear superfamily.
In addition to their role as transcription regulators, estrogens acting through
membrane receptors and secondary messenger systems could mediate cell
activity (enzyme activation/inhibition and intracellular ion concentration)
(Fig. 2). Future research should examine steroid membrane receptor nonge-
nomic function alone or perhaps in conjunction with nuclear receptors of na-
tive hormones and xenobiotics.

Among the nuclear receptor superfamily there are receptors with unidenti-
fied ligands (hormones) called orphan receptors [108]. Some of these orphan
receptors are now receiving names as their ligands are discovered. For example,
the steroid-xenobiotic receptor (SXR) is a nuclear receptor that has been shown
to activate transcription when bound by certain native steroid hormones or
xenobiotics. SXR appears to induce transcription of xenobiotic and steroid hor-
mone detoxification and metabolizing enzymes [37]. Steroidogenic factor-1
(SF-1) is still an orphan receptor because its ligand remains unidentified.
However, it has been associated with regulation of some P450 steroidogenic en-
zymes, and more recently was shown to play an important role in the develop-
ment of the gonad and adrenal glands in mice [109] and gonadal sex-differen-
tiation in the chicken [110]. The obvious influence of former and present
orphan receptors on development and reproduction in lab animals strongly
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suggests that more research is required into the relationship of xenobiotics with
these receptors. One has to be curious about what future research will uncover
concerning the roles of the remaining orphan receptors.

3.2
Methods of Investigation

Traditionally we have examined the effects of single compounds on in vitro can-
cer cell lines or transfected yeast cells. These assays are effective as a first screen
for possible endocrine disruption as measures of receptor binding and gene
transcription. Data from these assays typically are further tested using in vivo
standardized assays on laboratory strains of rodents, with domestically bred
fish (e.g., fathead minnow and medaka) or birds (e.g., chicken and quail). Each
of these assays is appropriate for addressing certain questions.

For a thorough understanding of the effects of xenobiotics on the develop-
ment and reproduction of wildlife, there is a need to complement the afore-
mentioned assays with field and laboratory experiments done with wild ani-
mals that are native to the area of land or water being investigated. Studies car-
ried out with wild animals, if designed correctly and backed up with controlled
laboratory experiments, have the potential to give us the most accurate infor-
mation about the health of the environment [111, 112]. Field studies can pro-
vide information about (1) the effects of greater genetic diversity, (2) the effects
of contaminant mixtures and exposure duration in long-lived predators, (3)
food chain effects such as biomagnification, and (4) the ability to measure ef-
fects on the population, community, and ecosystem levels. Laboratory studies
on wildlife could be implemented to test the data collected from the field stud-
ies. This approach had been effectively implemented to study EDCs, but more
work on a greater range of species is needed (for examples see [83, 113–115]).
Treatment studies should be done during early developmental stages when the
actual development of reproductive systems is in progress. We know that the
most sensitive period to EDCs is during embryogenesis and early post-hatching
life stages [7]. It is during these periods that ephemeral developmental windows
occur. At these times, exposure to endogenous hormones regulates tissue and
organ formation. For example, estrogen receptors and mERR-2 (another or-
phan receptor) gene transcription are known to be restricted to discrete devel-
opmental stages [116, 117]. Additionally, the concentration and type of xenobi-
otic(s) should mirror what was measured in the animals from the field study,
i.e., appropriate xenobiotic mixtures and their concentrations must be used in
treatment experiments so that laboratory conditions can mimic the environ-
mental conditions the animal experiences.

3.3
Methods of Analysis

The needs of traditional toxicology were to safeguard humans against genotoxic
effects of xenobiotic exposure leading to birth defects, cancer, and death. One of
the classic tools of toxicology is to examine the effect of treatment of a labora-
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tory rat using a range of concentrations of the xenobiotic under investigation
[118, 119]. These concentrations are typically quite high, often 4–5 orders of
magnitude above what would normally be experienced by a human. Using
mathematical models, the data are extrapolated along a linear dose response
curve to doses estimated to cause risks in 1 out of 1,000,000 people [119].

As a criterion of risk assessment for nongenotoxic xenobiotics, toxicologists
use the estimate of no observable adverse effect level (NOAEL) [2, 120]. NOAEL
is that level – or threshold – of exposure to a xenobiotic below which no adverse
effect is observed. It has been argued that the threshold hypothesis may not be
valid for EDCs, chemicals that operate through the same receptor-based path-
ways as the native hormone [121, 122].With many of these compounds, the dose
response curve is not linear, but actually approximates an inverted U shape, so
extrapolations could yield inaccurate estimates of risk [20, 122]. In developing
embryos steroid hormones at particular concentrations enable sexual differen-
tiation of the organism [123]. If an embryo is already experiencing a threshold
for the native hormone, then any amount of the EDC would be above the
threshold. There may be no threshold concentration of an EDC in a developing
embryo [120, 122]. Future studies need to examine the possible nonlinear dose
response curves and test the concept of the no threshold concentration for
EDCs.

Another consideration is the way data are analyzed. The differences between
experimental and reference groups could very well be obscured by the natural
and induced variation in natural populations exposed to xenobiotics. If we are
only examining endpoint means from each group and the variance about the
mean is great enough to eliminate a statistical difference, we may be missing a
subtle yet important difference between the groups [124]. Important differences
may lie at the extremes of the sample distributions. Differences in performances
on neurophysiological tests tend to be modest, where nonsignificant differences
based on p values proves to be an inappropriate method of analyzing the data and
in this case could lead to an inaccurate conclusion of the risks of exposure.
Instead of looking for measures of central tendency, in cases where subtle
differences can lead to unacceptable adverse effects, perhaps we should be exam-
ining distributions [124]. For example, only a shift of five IQ (intelligence quo-
tient) points, associated with lead exposure in humans, can be amplified greatly
at the extremes of the distribution. In a population of 100 million a shift in mean
IQ from 100 to 95 decreases the number of people with scores above 130 from 2.3
million to 990,000. The number of people with scores below 70 (which mandates
special classrooms and other services) increases from 2.3 to 3.6 million [124].

There may be another important reason to reevaluate how we analyze data
when looking at the health of our ecosystems. Contaminate-induced increases
in variation of a measured endpoint may have important consequences for the
population [125]. That is, evolution of a population works not on the mean but
on the extremes. The increased variation that has been observed in some stud-
ies could be a mechanism for evolution. Organisms continue to live in polluted
environments. The xenobiotic may be a selection force effectively removing
those organisms from the population that are unable to survive or breed. If we
examine populations by using only broad-based measures such as number of

264 E.F. Orlando · L.J. Guillette Jr



organisms or sex ratio, we may be missing a more subtle change that could be
occurring in the genetic makeup of the population.

3.4
Going Beyond the Organism

All of the past, present, and future research in the field of endocrine disruption
will forever beg the question of “so what?” Do the alterations in control, pro-
duction, availability, and action of hormones have an effect at the population,
community and ecosystem levels? Future research must rapidly move to ad-
dress this question whatever model or system is being investigated.

There is a growing need for a blending of the strengths of the fields of ecology
and toxicology. There is a dearth of studies that have examined the effects of en-
docrine disruption at the population level. A new way to ask questions about the
effects of xenobiotics on the environment will need to include an integration of
the best of both disciplines and recognition of each field’s weaknesses [4, 126].
Toxicologists bring an understanding of controlled laboratory experiments and
the focus on the organismal, cellular, and molecular levels of biological hierarchy.
In comparison, ecologists bring an aptitude for examining the larger picture and
how each individual organism relates to the population, community, and ecosys-
tem levels. These disparate pursuits must integrate to enable us to understand
truly the full impact of EDCs on the long-term welfare of wildlife and humans.
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Fig. 4. A model of xenobiotic action in an organism. Traditionally, toxicology was concerned
with safeguarding human health and measured genotoxic effects of xenobiotics, including
birth defects, cancer, and death. More recently, certain xenobiotics have been identified as
mimics and antagonists of steroid hormones, especially estrogens. These xenobiotics are
known to alter the normal development and reproduction of wildlife by modifying endocrine
system function. Crosstalk between the nervous, endocrine, and immune systems integrate
these systems and enable maintenance of homeostasis in a dynamic environment. Future re-
search should expand to include examination of possible xenobiotic modification of these
signaling systems

Xenobiotics



4
Conclusion: The Field of Signal Modification?

The importance of endocrine hormones to the integration of a multicellular or-
ganism is widely accepted. Organisms live in a dynamic external environment
yet must maintain a relatively constant internal environment to enable proper
enzyme action, which underpins metabolism. We know that a range of animal
and plants use signaling systems to control other organisms or synchronize re-
production. Certain legumes use flavonoids to activate nitrogen fixing bacteria,
sheep are rendered infertile by the phytochemicals produced in the clover
plants they graze upon, and the timing of gamete release in certain corals has
been associated with the release of estrogen (for a discussion of estrogens as en-
vironmental signals, see [102]). These studies suggest that we have just begun to
uncover the intricate signaling systems used by organisms. We know that the
nervous, endocrine, and immune systems are integrated to support homeosta-
sis [17]. All of these systems deliver a set of signals, whether they are called neu-
rotransmitters, hormones, or cytokines, whose biological action is realized
when that signal is received by a receptor of some kind. Traditional toxicology
began the investigation of the dramatic genotoxic effects of high concentration
exposure to xenobiotics. The field of endocrine disruption has emphasized the
more subtle adverse effects of steroid hormone mimicry by xenobiotics (Fig. 4).
We suggest future research should expand its questions to include not just the
endocrine but also the nervous and immune systems. Perhaps the current
exploration of the phenomenon of endocrine disruption should likewise be
expanded to signal modification?
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Although the words ‘endocrine disruption’ were introduced only relatively recently, some of
what are now considered the clearest and best documented examples of endocrine disrup-
tion in aquatic organisms were first described 20 or more years ago. These include imposex
in molluscs induced by tributyl tin (TBT) and masculinisation of some species of fish living
downstream of where pulp mill effluent is discharged. There are now reasonably well-docu-
mented examples of what is probably endocrine disruption in a wide range of aquatic
organisms from some invertebrates through to reptiles. However, despite this, much still has
to be learnt about what chemicals cause these disturbances to the endocrine systems of
exposed aquatic organisms, how they do so, and what the consequences of the effects are.
The last issue is of particular importance: only in the case of TBT-induced imposex in
molluscs has it been shown that exposure to an endocrine disrupting chemical (or mixture
of chemicals) can lead to population declines. More research into the consequences of
endocrine disruption to wildlife is required before the gravity of this type of toxicity can be
determined. Only then can endocrine disruption be assessed in comparison to other factors,
such as habitat loss and over-exploitation, which also undoubtedly adversely affect wildlife
populations.
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List of Abbreviations

p,p¢-DDE 2,2-bis(p-chlorophenyl)-1,1-dichloroethylene
DDT 2,2-bis(p-chlorophenyl)-1,1,1-trichloroethane
EDC endocrine disrupting chemical
OECD Organisation for Economic Cooperation and Development
PCB polychlorinated biphenyl
STW sewage treatment work
TBT tributyl tin
TIE toxicity identification and evaluation

1
Introduction

Endocrine disruption has become one of the ‘hottest’ topics in environmental
science today, and in the last few years major, multi-disciplinary research pro-
grammes on the issue have been initiated in many countries. However, despite
the current intense activity, and the fact that the term ‘endocrine disruption’ was
coined only very recently, for over two decades it has been apparent that expo-
sure to anthropogenic chemicals present in the environment can cause sub-
lethal, but still deleterious, effects to wildlife. In many cases reproduction has
been adversely affected (such an effect is often quite noticeable, of course, which
may well account for why reproduction has received much of the attention), and
in at least some of these cases this disruption has been shown to be, or presumed
to be, a consequence of disruption of the endocrine control of reproduction.

Most reported examples of what would now be considered cases of en-
docrine disruption of reproduction in wildlife have occurred in aquatic organ-
isms, or species that feed on aquatic organisms. Thus, for example, some of the
most widely reported incidences have been observed in fish (e.g. [1, 2]), alliga-
tors [3] and fish-eating birds such as gulls and terns [4]. This is probably not co-
incidental; it seems likely that, on average, aquatic species receive a higher ex-
posure to most pollutants than do terrestrial organisms, for the simple reason
that the aquatic environment is the ultimate sink for most wastes. Thus, for ex-
ample, very high volumes of effluents of domestic and industrial origins are in-
tentionally added to many rivers and inshore marine waters (Tokyo Bay re-
ceives about 4.7 km3 of liquid wastes per year, for example), and unintentionally
many chemicals (of both natural and man-made origin) are washed from the
surrounding land into the aquatic environment.

Exactly which organisms could, or should, be considered ‘aquatic’ is a moot
point. I have ‘stretched’ the interpretation of an aquatic species to include ani-
mals that either spend only part of their lives in water (e.g. many amphibians),
or those that live both in water and on land (e.g. many reptiles), but have cho-
sen to exclude other groups of organisms, such as aquatic birds, which other
authors may have included. I have also excluded mentioning plants (except
here!), even though many are truly aquatic; however, I know of no example of
confirmed endocrine disruption in plants (which does not mean that none will
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ultimately be discovered: plants have hormones, and hence these could, at least
theoretically, be disrupted by exposure to exogenous hormone-mimicking
chemicals). Due to my particular interest in fish, I have undoubtedly given re-
search into this group prominence. However, I have tried to balance this bias by
including discussion of endocrine disruption in other groups of aquatic organ-
isms, covering both vertebrates and invertebrates. My admittedly selective cov-
erage has, nonetheless, allowed me to discuss most, if not all, of the major issues
in this area of research.

I have chosen to consider reproductive effects only, despite the fact that it is
inevitable that examples of endocrine disruption will include many, and varied,
non-reproductive effects; in fact, some have already been reported, e.g. the ef-
fects of alkyl phenolic chemicals on growth of fish [5].

I have tried to provide a fairly balanced account. However, in a still very con-
troversial area, with many different, and often powerful, stakeholders, what is
balanced to one interested group of people will undoubtedly be biased to an-
other. Such a situation is always going to occur when an issue, which could be
very important, is in its infancy; only further research will allow a more in-
formed and reasoned opinion to be reached.

2
Endocrine Disruption in Aquatic Organisms

2.1
Invertebrates

In 1970, Blaber [6] reported that many female dogwhelks (Nucella lapillus) in
Plymouth Sound (UK) had a penis-like structure behind the right tentacle. This
was the first report of what is now probably the clearest, and best documented,
case of endocrine disruption in any organism. It is so because there is unequiv-
ocal evidence, from both field and laboratory studies, on the cause of the mas-
culinisation, the effects are well described, and the consequences of these ef-
fects, at both the individual and population level, are known. It is also the only
documented example of endocrine disruption where remedial action has been
shown to lead to recovery of populations of affected organisms [7].

Following Blaber’s report [6], Smith [8] reported similar structural mas-
culinisation of the American mud snail (Ilyanassa obsoleta) along the
Connecticut coast. He coined the term imposex to describe these female snails
which had a penis and a vas deferens (the sperm duct), the latter often disrupt-
ing the oviducts and hence egg laying. Nevertheless, it was a decade later that it
was first suggested [9–11] that this superimposition of male characteristics in
females was caused by exposure to antifouling paints, in particular tributyltin
(TBT) and related compounds used as biocides.

A large amount of subsequent research (reviewed in [12]) has supported the
earlier reports. For example, there is strong evidence from studies in coastal
European [13] and American [14] waters of imposex in gastropod molluscs
caused by TBT. Imposex has been observed in areas where the concentration of
TBT is only 1 ng/l; where concentrations have reached 6–8 ng/l, complete
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reproductive failure and local extinctions due to sterility of females has occurred.
Even in the middle of the North Sea (between the UK and the Netherlands), tens
of miles from land, the incidence of imposex in a whelk (Buccinum undatum) has
been strongly correlated with the intensity of shipping traffic.

Laboratory studies have been used to investigate the species specificity of the
phenomenon of intersexuality caused by TBT, the dose-response relationship, the
critical period when exposure causes imposex, the permanence of the effect, and
the mechanism of action of TBT (specific references can be found in [12]). The
latter issue is not yet completely resolved, although it seems likely that TBT acts
as a competitive inhibitor of aromatase (the enzyme that converts androgen to
oestrogen). TBT also appears to inhibit the conjugation of androgens (which
would normally de-activate these steroid hormones). Both mechanisms of action
would lead to elevated androgen concentrations, and hence masculinisation.

Because the ‘TBT story’ is so well documented (and accepted), the pressure
to ban the use of TBT-based antifouling paints has grown relentlessly, and it
looks presently as though a world-wide ban can be achieved in the next few
years. Hopefully, a ban would lead to the recovery of mollusc populations.

Ironically, other than this extremely well documented example of endocrine
disruption in some species of molluscs, there is very little evidence available
presently to suggest that any other invertebrates are adversely affected by en-
docrine disrupting chemicals (EDCs). Of course this absence of evidence does
not imply that other groups of invertebrates are not experiencing endocrine
disruption, but rather that the necessary studies do not appear to have been un-
dertaken yet (though some are in progress). Some recent laboratory-based
studies (e.g. [15]) have shown that reproduction of water fleas (daphnids) is af-
fected by exposure to nonylphenol, an oestrogenic xenobiotic, but such studies
are at a very early stage, and the significance of the results is presently unclear.
Aquatic invertebrates are a very large, very heterogeneous group of organisms,
often with unique hormones (e.g. the ecdysteroids, which are not found in
vertebrates), that deserve serious study. I would not be at all surprised if other
examples (besides TBT-induced imposex in some molluscs) of endocrine
disruption in aquatic invertebrates came to light.

2.2
Vertebrates

2.2.1
Fish

More than twenty years ago, Howell et al. [16] reported the presence of mas-
culinised female mosquito fish (Gambusia affinis) in a small creek downstream
of a paper mill discharging bleached kraft mill effluent. Subsequently, mas-
culinised females of other (but not all) species were found, and laboratory stud-
ies showed that exposure to bleached kraft mill effluent induced male sec-
ondary sexual characteristics [17]; thus, it appeared that the effluent contained
an androgenic chemical, or mixture of chemicals.A comprehensive review of all
the work on endocrine disruption in mosquito fish can be found in [1]. Very
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recently, spawning female channel catfish (Tetalurus punctatus) exhibiting male
secondary sexual characteristics have been reported to be present in the Red
River of the North in North Dakota, USA. [18]. There are no paper mills
discharging effluent into this river, although it does receive waste water from a
sewage treatment plant and a sugar beet processing plant; however, further
investigation is required to identify the cause of masculinisation.

More recently, research has focused on the mechanisms whereby bleached
kraft mill effluent has been shown to affect reproduction adversely by reducing
plasma sex steroid hormone concentrations, delaying sexual maturity, reducing
vitellogenin concentrations, and reducing gonad and egg size (e.g. [19, 20]).
These multiple effects, which are undoubtedly effects of bleached kraft mill ef-
fluent on the endocrine system, are difficult, if not impossible, to classify as pri-
marily androgenic or oestrogenic. This is unsurprising when one considers that
the effluent is a highly complex mixture of natural and anthropogenic chemi-
cals, many of which have been shown to alter the endocrine control of repro-
duction in various species.

It is also 20 years ago that grossly hermaphrodite (intersex) fish were found
in the settlement lagoons of two sewage treatment works (STWs) in England. In
the UK, and many other densely-populated, developed countries, effluents from
STWs often contribute 50 % of the flow of rivers, a figure that can rise as high
as 90% (or more!) in periods of low rainfall (when demand for water is high-
est). Thus, the fish in such rivers live in diluted, treated effluent, not clean water.

Research on the fisheries implications of effluents affecting sex determination
began in the late 1980s. It was soon discovered that STW effluent was oestrogenic
to fish [21]. Specifically, when caged trout were maintained in effluent channels,
they responded by synthesising vitellogenin, which serves as a very sensitive and
specific biomarker for exposure to ‘oestrogens’ [22]. Follow-up research in rivers
receiving varying amounts of STW effluents showed that significant stretches of
river downstream of major STWs were oestrogenic to caged fish [23, 24]. In the
worse case, an entire 5-km stretch of river downstream of a large STW was ex-
tremely oestrogenic; maximum vitellogenesis occurred in the caged fish [24].
Further, not only were plasma vitellogenin concentrations extremely high, but
the testes of the caged male trout were much smaller than those of control fish.

Extensive studies, such as those done in the UK and summarised above, have
not yet been conducted in other countries. However, fairly small scale, prelimi-
nary studies have shown that feral male carp (Cyprinus carpio) captured near a
major sewage treatment plant in the US have elevated plasma vitellogenin con-
centrations [25], and that vitellogenin was present in some male and immature
brown trout (Salmo trutta) captured downstream of sewage treatment plants in
Switzerland [26].Very recently, a caged fish study in Sweden showed massive in-
duction of vitellogenin in fish exposed to STW effluent [27]. All these studies
suggest that the oestrogenic effects observed in the UK in fish exposed to efflu-
ent from STW [21] and in rivers receiving effluent [23, 24] will prove not to be
unique to the UK, but rather to be a general phenomenon. However, it is likely
that the oestrogenic potency of effluent will vary from effluent to effluent (and
hence from river to river), depending on the ‘strength’ of the effluent, the size
and efficiency of the sewage treatment plant, and the degree of dilution of the
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effluent in the receiving water, besides (probably) many other factors that will
emerge as research proceeds.

The discovery that effluent from STWs is oestrogenic to fish raises the issue of
whether wild fish, living in rivers receiving significant inputs of effluent, are be-
ing adversely affected. Until very recently, there was very little evidence to suggest
that they are. If effluents were ‘feminising’ wild fish populations, then one might
expect to find elevated vitellogenin concentrations, and intersexuality (specifi-
cally, ovarian tissue in the testes of males), possibly even all-female populations.
In fact, reports of occasional, individual intersex fish, or of a small proportion of
intersex fish amongst a large sample, have regularly appeared (e.g. [28, 29]).
Sometimes these instances have even been linked to environmental conditions
[28], although the specific cause has remained unknown. This situation has now
changed, with the publication of an extensive field study of intersexuality in one

276 J.P. Sumpter

A B

DC

Fig. 1 A-D. The histological apperance of the gonads of normal and intersex roach (Rutilis ru-
tilis) caught in British rivers. A A normal male. The testis is full of lobules in which sper-
matogenis takes place. B A normal female. The overy is full of oocytes at different stages of
growth. The large oocytes are undergoing vitellogenesis, whereas the smaller (primary)
oocytes have not yet entered vitellogenesis. C A mildly intersex fish. Most of the gonad has
the appearance of a testis: it is full of lobules in which spermatogenesis is taking place. Six
primary oocytes are scattered amongst the testicular tissue. D A severely intersex fish. This
picture shows one large, vitellogenic oocyte and a number of smaller, primary oocytes, ap-
parently physically separated from an area of reasonably normal-looking testicular tissue. All
pictures were taken at the same magnification. (¥ 100).



species of native freshwater fish, the roach (Rutilis rutilis) [2]. This study set out
to address the question of whether exposure to effluent from STWs caused oes-
trogenic responses in wild fish.Populations of roach were sampled both upstream
and downstream of STWs on eight rivers and from five reference (control) sites
throughout the British Isles; the rivers selected represented a range with regard to
general water quality (from very good to poor). Histological examination of the
gonads revealed that a high proportion of the ‘males’ were, in fact, intersex, as de-
fined by the simultaneous presence of both male and female gonadal characteris-
tics (Fig. 1). Intersex fish were found at all sites, although the incidence was much
higher in rivers that received STW effluents than at the control sites; the incidence
of intersexuality in ‘male’ fish ranged from 4% (at two control sites) to 100% in
two populations of roach living downstream of major STWs in heavily impacted
rivers. There was a highly significant positive correlation between the degree of
intersexuality in the ‘male’ fish and their plasma vitellogenin concentrations [2],
suggesting (but not proving) that both parameters were caused by the same fac-
tor (STW effluent). These results provide compelling evidence that populations of
wild fish inhabiting many rivers in the UK are being exposed to oestrogenic
chemicals, and that these are, in most cases, present at higher concentrations in
stretches of river directly downstream from large STWs. However, the ecological
significance of these results remains unclear presently.

Endocrine disruption has also been observed in marine fish. Following up on
the report by Lye et al. [30] of reproductive problems in flounders (Platichthys
flexus) exposed to effluents from a STW, Matthiessen and colleagues have con-
ducted a very extensive investigation of endocrine disruption in flounder from
estuaries and marine waters around the UK [31]. Vitellogenin concentrations
were found to be significantly elevated, often markedly so, in flounder living in
many estuaries, especially those that receive large amounts of industrial efflu-
ent. At two locations, some of the fish were hermaphrodite, with their testes
containing large numbers of oocytes amongst apparently normal looking tes-
ticular tissue. The causative substances are unknown, but there was a clear re-
lationship between vitellogenin induction and the volume of industrial (but not
domestic) effluent discharged into the estuaries.

2.2.2
Amphibians

As far as I am aware, presently there is no strong evidence to suggest that wild
populations of amphibians are experiencing endocrine disruption. However, a
recent discovery may – and only may – turn out to be one such example. The
first hint of a problem in frogs came in 1993, when a group of schoolchildren
discovered frogs with deformed and missing limbs in a Minnesota farm pond,
and posted their finding on the Internet! In the following years, similar defor-
mities in many different species of amphibia have been reported from many dif-
ferent locations throughout the USA and Canada (e.g. [32]), despite the fact that
they were (apparently) not present until very recently. The incidence of these
limb abnormalities was as high as 60% (though usually considerably lower)
amongst some frog populations.
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No consensus has yet been reached regarding the cause of the deformities;
possibilities include chemical pollutants, increased UV radiation (due to ozone
depletion), and parasitic infestations. Many of the sites at which deformed frogs
have been found are close to agricultural fields that are intensively sprayed with
pesticides and herbicides at certain times of the year. Hence, it has been sug-
gested that one or more of these chemicals might be disrupting normal frog de-
velopment. It has long been known that retinoic acid, a metabolite of vitamin A,
plays an important role in limb formation during metamorphosis of amphib-
ians. It has been shown that exogenously applied retinoic acids (or antagonists)
disrupt limb formation. A recent report [33] has now suggested that products 
of the degradation of S-methoprene, a very widely used insect growth regulator
(i.e. a pesticide) dramatically interferes with normal amphibian development,
inducing limb deformities similar to those observed in wild amphibians.
Further, the metabolites probably cause these effects because they are structural
similar to some known teratogenic retinoic acids.Although (as the authors state
clearly) their research does not prove that the reported limb deformities in
many wild amphibians are caused by degradation products of an insecticide, it
certainly provides a plausible explanation. If this explanation is confirmed, it
would be an example of endocrine disruption in amphibians.

2.2.3
Reptiles

One of the most influential studies concerned with endocrine disruption in
aquatic wildlife is that of Guillette and co-workers on the alligators of Florida.
The genesis of this ongoing study was the finding that one particular popula-
tion of alligators (Alligator mississippiensis), living on Lake Apopka, showed a
dramatic decline during the 1980s that continues to the present day [34]; popu-
lation density on this lake is now only about one-tenth of what it was in the
1970s. Lake Apopka is a pollution “hot spot”, due to the fact that it was contam-
inated by a major pesticide spill in 1980 (see [35] for details of exactly what pol-
lutants were released). The lake is also located in a heavily agricultural area, and
hence probably receives significant pollution via run-off.

Guillette et al. [3] studied juvenile alligators from Lake Apopka, and com-
pared them with animals of similar age from Lake Woodruff, a control (unpol-
luted) lake. They found that juvenile female alligators from Lake Apopka had
plasma oestradiol concentrations 50% higher than those in females from the
control lake. The Apopka females also exhibited abnormal ovarian morphology,
with large numbers of polyovular follicles and polynuclear oocytes. Males were
also affected; juvenile male alligators from Lake Apopka had much lower plasma
testosterone concentrations compared to the concentrations found in the con-
trol males. Further, males from Lake Apopka had poorly organised testes and
abnormally small penises [3, 36]. It is thought that these effects were induced by
pollutants at a very early stage of development of the alligators, probably in ovo;
that is, they are so-called organisational effects. Subsequent research has shown
that at least some of these effects persist for years [37], and that alligators in
other lakes subjected to man’s influence also appear to have been affected [37].
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As will be discussed later, it has proved very difficult to determine exactly what
caused these effects on the reproductive axis of alligators.

Very little evidence for (or against) endocrine disruption in other reptiles
has been published. However, these are often large, and hence difficult, species
to study, so perhaps this is not too surprising. A few papers (e.g. [38]) have re-
ported preliminary data which have been interpreted to suggest that environ-
mental contaminants might be adversely affecting some, but not all, reproduc-
tive indices in other species of reptiles, such as snapping turtles (Chelydra ser-
pentina), but presently the available data are too sparse to reach any
conclusions.

3
The Causative Chemicals

Probably the most difficult problem in this difficult area of research is to link
exposure to specific chemicals to the effects observed in wild populations of or-
ganisms (such as those described above); that is, to identify the chemicals caus-
ing endocrine disruption in wildlife. The reason for this is that we know rela-
tively little about what chemicals (either natural or man-made) are present in
the aquatic environment, or about their concentrations (which will be variable,
and depend on the specific situation). The problem is easily understood when
it is realised that around 70,000 man-made chemicals are in everyday use. Many,
if not most, of these will enter the aquatic environment, where they will degrade
at varying rates, and varying extents, to produce many more chemicals. In ad-
dition there will be many, probably very many, natural chemicals present. This
very large number of chemicals makes it likely that we will never have a com-
plete picture of what chemicals are present, and at what concentrations. Even if
all the chemicals in a particular aquatic environment could be identified and
their concentrations determined, this may not help a great deal. In cases where
direct exposure (e.g. water to organism) occurs, then knowledge of what is pre-
sent in the water will be very helpful, but in cases where indirect exposure oc-
curs (as might well occur in the case of top predators, which probably ingest
contaminants in their food, and subsequently pass them to their offspring via
the yolk in their eggs), knowledge of contaminant concentrations in the water
and/or sediment might not be very informative, and may even mislead.

One of the most useful approaches adopted to date has been that of Toxicity
Identification and Evaluation (TIE), which incorporates a chemical fractiona-
tion procedure with a method of detecting endocrine activity in the fractions.
Essentially, a very complex effluent is split into fractions of decreasing com-
plexity, with each fraction being analysed for oestrogenic activity (or whatever
endocrine activity is of interest). Fractions identified as active are separated
further, until they are simple enough to be analysed by a technique such as gas
chromatography-mass spectrometry, leading to the identification of the active
chemicals.

Such a TIE approach was used to identify the main oestrogenic chemicals in
the effluents of seven UK STWs receiving primarily domestic influent. These
were found to be the natural hormones oestradiol and oestrone, and the syn-
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thetic hormone ethinyl oestradiol [39], which presumably were excreted by
(primarily) women. These steroids were detected as ‘free’ hormones, yet they
are excreted as conjugates (primarily sulfates and glucuronides) which are bio-
logically inactive. This suggested that de-conjugation must occur in the sewage
system, a suggestion supported by the study of Panter et al. [40], who showed
that conjugated steroids are very readily de-conjugated (to the active steroid) by
minimal microbial activity.

To verify that the right chemicals had been identified, laboratory experi-
ments were conducted in which fish were exposed to varying concentrations of
these oestrogens, centred around the concentrations present in effluents. It was
found that vitellogenin concentrations were elevated in a dose-dependent man-
ner [41], thus demonstrating that environmentally-relevant concentrations of
natural and synthetic oestrogens are alone sufficient to account for the elevated
vitellogenin concentrations observed in both wild fish [2] and caged fish [24]
living downstream of STW discharges in British rivers. Subsequent research
from a number of other European countries has verified that natural and syn-
thetic oestrogens are present in STW effluent at concentrations similar to those
reported to be present in UK effluents [42–44].

Although this particular example demonstrated the power of the TIE ap-
proach, it was aided both by the fact that the chemicals of interest were known
to be oestrogenic (because they led to elevated vitellogenin concentrations
[22]), and that relatively straightforward assays for oestrogens are widely avail-
able. However, if it is unclear what type of endocrine activity is responsible for
the effects observed, then the TIE approach becomes problematical, because it
is not clear what bioassay should be used to guide the chemical fractionation.
Ideally, the bioassay should be based upon the effects observed in the wild ani-
mal (perhaps, for example, vitellogenin induction), but this is rarely feasible; in-
stead, a more simple (usually in vitro) assay is used. Such an approach can, how-
ever, mislead, because most relatively simple in vitro assays for endocrine ac-
tivity do not represent factors such as bioaccumulation and metabolism, which
occur in vivo and can be critical factors in determining the effects of chemicals.
Furthermore, although many different in vitro assays for oestrogens (and mim-
ics) are widely available, this is not true for other endocrine activities – for ex-
ample, androgenic activity. Thus, further advances in the techniques used to
measure different types of endocrine activity are needed before the TIE ap-
proach can be used widely. When the effects observed in wild animals are
caused by many chemicals having different mechanisms of action (as may often
be the case), then again the TIE approach is made much more difficult.

The only other realistic approach (besides TIE) to identifying the causative
chemicals is to screen chemicals in different, usually in vitro, assays to identify
those possessing appropriate endocrine activity. Rather than conduct a random
screen (which would anyway be impractical, considering the very large number
of chemicals present in the aquatic environment), the chemicals tested should
be those likely to be present in the particular environment in which the affected
organisms were found. For example, if pesticides are suspected of causing the
adverse effects (as is the case with alligators on Lake Apopka), then it would ob-
viously be appropriate to screen a selection of such chemicals. This approach
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has been quite widely used, sometimes because it is readily “doable”, rather than
because it is the most appropriate to the situation under investigation. Thus, for
example, Jobling et al. [45] used such an approach to demonstrate that many
common aquatic pollutants, including some phthalates, are weakly oestrogenic,
findings that have since been corroborated by many other studies. However, de-
spite phthalates being ubiquitous aquatic pollutants, there is presently no evi-
dence showing that they cause endocrine disruption in wild fish (or any
wildlife). This example demonstrates the difficulties associated with this ap-
proach; the ease of conducting many in vitro assays has led to many chemicals
being tested in such assays, and to quite a few being shown to possess one, or
more, types of endocrine activity. However, demonstrating that a particular
chemical is present in the environment at concentrations which cause en-
docrine disruption to wildlife has proved infinitely more difficult. To date, this
“shotgun” approach to identifying chemicals with endocrine activity has not
led, to my knowledge, to a single example of the identity of a chemical causing
endocrine disruption in wildlife actually being revealed.

These problems serve to highlight just some of the many difficulties that are
encountered in trying to identify the chemicals responsible for endocrine dis-
ruption in aquatic organisms. They help explain why, with few exceptions (e.g.
TBT and imposex in molluscs), the causative chemicals remain elusive. Yet, un-
less the chemical, or mixture of chemicals, is identified, appropriate laboratory
studies (which can best address many aspects of endocrine disruption) cannot
be undertaken, and remedial action, to reduce or eliminate the problem, cannot
be considered.

Most of the issues associated with identifying the chemical, or chemicals,
causing endocrine disruption in wildlife are summarised in Table 1. This con-
siders just three chemicals (17b-oestradiol, ethinyl oestradiol and nonylphenol)
which probably all play a role in causing the “feminisation” reported in freshwa-
ter fish in the UK. The factors that need to be considered are the potencies (effi-
cacies) of these chemicals, their concentrations in the aquatic environment, their
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Table 1. Factors to consider when attempting to assess the relative contributions of different
oestrogenic chemicals to the “feminising” effects of effluent from sewage treatment works.
Some of the information is taken from publications, but some is my own “best guess”, based
sometimes on relatively little information

Chemical Concentration Biocon- Potency Minimum Half-life
in effluent centration effective

factor concentra-
tion in vivo

Nonylphenol Low µg/l 500 Low 10 µg/l Long
(daysÆmonths)

Oestradiol ng/l Low? High 10 ng/l Short (hours?)
Ethinyl Low ng/l 500 Very high 1 ng/l Intermediate 
oestradiol (days?)



fate and behaviour in the aquatic environment, and their fate and behaviour in
aquatic organisms (that is, their persistence, accumulation and metabolism
within the organisms of interest). Note that, even with these three chemicals,
which have been extensively studied in the last few years, quite a lot of the data
required are not available, or supported by very little information. Nevertheless,
Table 1 illustrates the difficulty in determining whether an extremely potent oes-
trogen, ethinyl oestradiol, but one which is present in the aquatic environment at
extremely low concentrations (parts per trillion, or lower), is more, or less, im-
portant than nonylphenol, a rather weak oestrogen, but one which is widespread
and often present at appreciable concentrations (parts per billion in solution and
higher in sediments). Even this type of approach is very simplistic (and proba-
bly unrealistic), because aquatic wildlife are very rarely ever exposed to an indi-
vidual chemical, but instead are nearly always exposed to highly complex, unde-
fined, mixtures of chemicals simultaneously. Such an exposure scenario makes it
extremely difficult to identify the chemical(s) causing the adverse effects; in
many cases I suspect that it may never be possible to pin-down the causative
chemicals (this has been achieved surprisingly rarely, despite more than two
decades of research on endocrine disruption in wildlife). Further, the exposure
regime is usually not static, but instead is constantly changing as the use of
chemicals waxes and wanes, their rates of release into the environment change,
and waste treatment processes (prior to release of effluent into the aquatic envi-
ronment) change and improve. Thus, when effects are observed in wildlife, espe-
cially in adult animals, the exposure responsible for the effects may no longer
persist by the time the (long-lived) effects are noticed, probably making it im-
possible ever to link cause with effect with certainty.

4
Laboratory Studies

To some extent because of the many difficulties associated with the study of en-
docrine disruption in wild populations of animals, a significant amount of lab-
oratory-based research into endocrine disruption has been undertaken. Also
driving such research has been the need to develop standardised test protocols
that can be used to assess the (potential) endocrine-disrupting activities of
chemicals to aid hazard and risk assessment. Results obtained from laboratory
studies on the effects of EDCs on aquatic organisms (usually, to date, fish) are
almost always much easier to interpret than those obtained from fieldwork
studies, primarily because in the laboratory studies fish are usually exposed to
only one (known) chemical, at defined concentrations, for fixed periods of time.
For example, many studies have been conducted using alkylphenols, particu-
larly nonylphenol, and these have shown that the chemical is indeed an oestro-
gen in vivo (as suggested by in vitro assays), leading not only to typical oestro-
genic responses, such as elevated vitellogenin [46] and zona radiata protein [47]
concentrations, but also in males to reduced testicular growth, impaired sper-
matogenesis, reduced secondary sexual characteristics, and formation of an
oviduct [48–50], and in females reduced fecundity and egg quality (our un-
published results).
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These effects are dose-dependent; for example, nonylphenol can cause inter-
sexuality at “high” concentrations [51], but not at lower concentrations [52].
One challenge now is to try and relate the concentrations of the test chemicals
that cause adverse effects in these laboratory studies to environmental concen-
trations of the same chemicals. Put another way, there is little, if any, doubt that
many EDCs can cause adverse effects in laboratory studies, but whether they do
so at the concentrations present in the environment is often less clear. It is good
to see that in some recent studies this issue has been a major concern from de-
sign of the study through to its interpretation [48, 52].

Laboratory studies not only complement fieldwork; they can sometimes ad-
dress, in a controlled manner, issues that are difficult, if not impossible, to tackle
in any other way. For example, laboratory studies can address the question of
when fish are most susceptible to EDCs. Such studies have shown that early life
stages are particularly sensitive (e.g. (49]), and also that some effects are irre-
versible. They can also be used to study responses of fish to defined mixtures of
chemicals (rather than to a single chemical). Such studies are extremely impor-
tant because they much more realistically mimic the ‘real world’. However, the
design of such studies, including the analysis of the results obtained, is quite
complicated (even uncertain), and to date no reliable studies have been pub-
lished.

Laboratory studies have also been conducted on reptiles and, to a lesser ex-
tent to date, amphibians. Although many aquatic reptiles are very large (when
adult), and hence unsuitable for laboratory studies, most species are oviparous
(they lay eggs), and this presents an ideal situation in which the effects of de-
fined chemical exposures on sex determination can be investigated. Many
species of aquatic reptiles (e.g. most turtle species and all crocodilians) appear
to lack sex chromosomes, and instead sex is determined by the incubation tem-
perature of the egg. Thus, for example, in the red-eared slider turtle (a common
species in the southern US), eggs incubated at 26°C will produce male offspring,
whereas eggs incubated at 31°C produce females; intermediate temperatures
produce mixed sex ratios. Because temperature can be manipulated experi-
mentally so readily (in an incubator) to produce the desired sex, the effects of
sex steroid hormones (androgens as well as oestrogens), their mimics, and
chemicals which affect the synthesis of sex steroid hormones, can all be readily
investigated. For example, applying oestrogens to the eggs of the red-eared
slider turtle during incubation over-rides male-producing temperature effects,
and produces females [53].

Using this very useful laboratory model, it was soon established that certain
polychlorinated biphenyls (PCBs, which can have endocrine-disrupting effects)
reverse sex in red-eared slider turtles [54]. Recent research has expanded these
findings, and shown that environmentally-relevant doses of some xenobiotics
(applied to turtle eggs at concentrations present in alligator eggs obtained from
a contaminated lake), particularly chlorinated pesticides (e.g. nonachlor, aro-
chlor, and metabolites of DDT) caused a significant degree of sex reversal [55].
Such results demonstrate the considerable promise of so-called egg assays, but
much validation work still needs to be completed before the promise of these
assays is fully realised. In particular, clear-dose-response relationships need to
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be established, and shown to be reproducible. The degree of variability between
species in their responses to reference sex steroids, and to EDCs, needs to be
determined; as the ‘low’ incubation temperature can produce males in some
species, but females in others, it is likely that different chemicals will cause dif-
ferent effects (or degree of effect) to different species. Only when all of these
studies have been completed should the interactive effects of chemicals (i.e.
mixtures of chemicals) be investigated (I realise that this is the goal, of course,
and hence there is an understandable temptation to “jump-the gun” before all
the validation work has been completed).

Laboratory studies on endocrine disruption in amphibians are at an even
earlier stage, and to date relatively little has been published. Recently, prelimi-
nary results showing that not only oestradiol, but also the xenoestrogens
nonylphenol, octylphenol, bisphenol A, and even the extremely weak oestrogen
butylhydroxyanisol, can “feminise” larval frogs (Xenopus laevis) [56] were pub-
lished. These results, although undoubtedly preliminary, will hopefully encour-
age others to investigate the in vivo effects of EDCs on this important (and de-
clining) group of vertebrates. One area in which amphibians should prove ideal
experimental models is in the investigation of xenobiotics with thyroidal/anti-
thyroidal activity, because metamorphosis (which is very easy to assess) is con-
trolled by thyroid hormones.

One finding of considerable relevance that has come out of many of these
laboratory-based studies is the exquisite sensitivity of some (possibly many)
aquatic organisms to the chemicals of concern presently. For example, follow-
ing on from the realisation that natural oestrogens are present in many efflu-
ents, many carefully-conducted studies have shown that fish are extremely
sensitive to water-borne 17b-oestradiol; concentrations in the low tens of nano-
grams per litre range cause pronounced effects (e.g. [21, 52, 57]). Although less
data are available on ethinyl oestradiol, it is likely to be even more potent, and
concentrations below 1 ng/l are likely to cause significant, and probably ad-
verse, effects [21, 27]. Similarly, nonylphenol is surprisingly potent as an oes-
trogen when administered to fish via the water; concentrations in the low mi-
crogram per litre range cause pronounced and adverse effects [46, 48]. The
reasons behind such exquisite sensitivity to water-borne oestrogens and xe-
noestrogens probably include the continuous exposure (unlike the situation
when a chemical is injected) for long periods of time (weeks to months), the
ease with which the chemical enters the blood stream of the fish through the
gills (though this is not proven), and the fact that the test chemical reaches
most organs without passing first through the liver, where it would be me-
tabolised (and probably de-toxified). Likewise, exogenous treatment of reptile
eggs has shown that they are also exquisitely sensitive to applied chemicals;
nanogram amounts of potent chemicals such as oestradiol, and low micro-
gram, or even high nanogram, quantities of xenobiotics alter sex-determina-
tion [53, 55]. The preliminary experiments reported by Kloas et al. [56] also
suggest that amphibian sex-determination is extremely sensitive to EDCs pre-
sent in the water. As discussed previously, many species of molluscs are also
adversely affected by very low (nanogram per litre) concentrations of TBT.
Collectively, these results, although yet not always as firmly established as one
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would like, demonstrate that a variety of chemicals can cause effects at con-
centrations which might intuitively seem surprisingly low, and they strongly
caution against any attempt to question the significance of endocrine disrup-
tion on the grounds that “the chemical is present at a very low concentration,
surely too low to cause such effects”.

Finally, when discussing laboratory studies, there is the pressing need to es-
tablish reproducible, standardised, and fully validated laboratory testing proce-
dures that can be conducted by any competent laboratory wanting to assess the
endocrine disrupting effects of a chemical. A start on developing such tests has
recently been reported (e.g. [52, 58]). Factors to be investigated include the
species of fish (or other organism) to be used in the tests, the age of the test or-
ganism (juveniles may be more sensitive to EDCs than adults), the length of ex-
posure (generally the shorter the better) and the endpoints to be monitored. It
is unlikely that a single species can be agreed upon by all countries; it is more
likely that a small number of species, including the medaka (Oryzias latipes),
the fathead minnow (Pimepehales promelas), the rainbow trout (Oncorhyrichus
mykiss) and the zebrafish (Danio rerio) will be acceptable; each has advantages
and disadvantages as a test species. It is possible that specific strains of species
will form the basis of a testing protocol. For example, sex-linked colour variants
of medaka exist, allowing easy external sexing of fish and, possibly, also provid-
ing a secondary sexual characteristic (body colour) that changes in response to
hormones and hormone-mimicking chemicals. Another, related, approach
would be to use single sex populations of fish, which can readily be produced in
some species using techniques developed initially for use in aquaculture.
Gimeno et al. [59] advocated the use of such fish, and used them very intelli-
gently to demonstrate that a very weak oestrogenic chemical, 4-tert-pentylphe-
nol, could feminize sexually undifferentiated juvenile male carp.

Agreement on a standardised suite of endpoints will also not be easy. In the
case of oestrogenic (and possibly anti-oestrogenic) chemicals, there is little
doubt that vitellogenin will serve as a very informative parameter, but it is less
clear presently what parameters will serve as indicators of exposure to andro-
genic and anti-androgenic chemicals (and possibly other endocrine activities,
if these are deemed important). It is also very likely that gonadal histology (as
well as the size of the gonads) will be incorporated into any routine testing
protocol. Other parameters that might well prove informative include fre-
quency of egg laying (of females), number of eggs laid (i. e. fecundity), ap-
pearance and size (if quantifiable) of any secondary sexual characteristics
(such as gonopodium length in some species of fish) and the plasma concen-
trations of some hormones (especially sex steroids and thyroid hormones).
Standardised testing protocols, supported by the relevant regulatory bodies
(e. g. OECD), will undoubtedly be developed, validated and then implemented,
though the completion of these stages, prior to routine adoption of the tests,
will take a number of years. Tests based upon other groups of organisms, such
as amphibia, will probably take even longer to establish, primarily because our
existing knowledge of their underlying reproductive endocrinology is poor,
and hence baselines will need to be established before any disruption can be
identified.
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5
Mechanisms of Action

Surprisingly little is also known about the mechanisms of action of many (per-
haps most) EDCs. Some are certainly oestrogenic, and much attention has been
focused on these chemicals, primarily because some of the best-documented ex-
amples of endocrine disruption in wildlife (e.g. the ‘feminisation’ of male alliga-
tors in the US [3] and fish in the UK [2]) appear to be due to exposure to oestro-
genic chemicals. Further, the wide availability of in vitro assays for oestrogens has
meant that it is relatively easy to screen chemicals for oestrogenic activity. Such
screening has demonstrated that a surprisingly diverse range of chemicals, such
as some alkylphenols, phthalates, bi-phenolic chemicals and pesticides, all of
which are well-documented aquatic pollutants, are oestrogenic, albeit usually
only weakly so (e.g. [45, 60]). A relatively small proportion of these chemicals has
also been shown to demonstrate oestrogenic activity in vivo; the well documented
increase in the plasma vitellogenin concentration of fish in response to nonylphe-
nol is probably the best example [46]. However, because a chemical demonstrates
oestrogenic activity does not necessarily mean that any effects it causes in vivo
are a consequence of the oestrogenic activity of the chemical. For example, p,p¢-
DDE is weakly oestrogenic in vitro, but shows anti-androgenic effects in vivo [61],
leading to the suggestion that some of the ‘oestrogenic’ effects observed in wildlife
are, in fact, caused by the anti-androgenic nature of some chemicals [61]. The gen-
eral message that is slowly appearing is that many EDCs may well have multiple
endocrine activities (i.e. a chemical could have oestrogenic and also anti-andro-
genic activities [62]), and hence presumably have multiple mechanisms of action
in vivo, though this has yet to be demonstrated (and will be difficult).

Besides interacting directly (as agonists or antagonists) with steroid hor-
mone receptors, and thus influencing the rates of transcription of the many
genes regulated by steroid hormones, many EDCs probably also exert more in-
direct effects on reproduction. For example, it is likely that many of the enzymes
involved in the biosynthesis of steroid hormones are themselves affected by
EDCs. These effects could include altering the rates of expression of the genes
coding for the enzymes (and hence affecting the levels of the enzymes), and act-
ing as surrogate substrates for these enzymes (if chemicals with endocrine ac-
tivity can mimic the structures of natural sex steroids, then they can presum-
ably also act as substrates for enzymes that play roles in the biosynthesis of
steroids).Although there are limited data available presently to support my con-
tention that EDCs will have multiple mechanisms of action, especially in vivo, it
has already been shown that nonylphenol affects a number of enzymes of the
cytochrome P450-dependent monooxygenase system [63], which plays a central
role in the oxidative metabolism or biotransformation of a wide range of for-
eign and endogenous compounds.

With so many potential mechanisms of action, it will not be an easy task to
clarify exactly how a particular chemical, let alone a mixture of chemicals,
causes a particular effect, or suite of effects; in the case of fish exposed to very
complex, ill-defined, mixtures of chemicals, it may well never be possible to be
certain exactly what chemicals cause the effects, or how they do so.
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6
Conclusions

Our understanding of endocrine disruption in the aquatic environment has
progressed considerably in the last few years, and is likely to improve further in
the foreseeable future, as the intensive research activity underway presently in
many countries comes to fruition. It is also likely that the ongoing research ef-
forts will raise (possibly unexpected) new issues, which will in turn need ex-
ploring. I suspect that a great deal more research will be required (particularly
in areas relatively uninvestigated presently, such as endocrine disruption in in-
vertebrates) before it is possible to answer the many important questions that
have arisen. Presently, the list of things that we do not know is much longer than
the list of things we do know! The most important of these unanswered ques-
tions is whether or not endocrine disruption leads to population-level effects.
In some cases it undoubtedly does; the example of TBT and its effects on mol-
luscs should serve as a constant reminder that unexpected effects can be devas-
tating. However, our understanding of the major factors (such as disease, habi-
tat loss and over exploitation) controlling population numbers of most organ-
isms (e.g. fish) is often very poor, and hence it will not be an easy task to put the
importance of endocrine disruption into context with these other factors. Our
aim should be to have enough understanding and knowledge to be able to pre-
vent catastrophes, such as the complete elimination of some mollusc popula-
tions by TBT.

Endocrine disruption research is already having broad impact, and this is
likely to increase. For example, the realisation that TBT causes imposex in many
species of molluscs, leading ultimately to population-level declines, has led al-
ready to severe restrictions on the use of antifoulants containing TBT, and a
worldwide ban on their use now looks, not before time, to be achievable. The
rapidly increasing body of knowledge about the oestrogenic effects of
nonylphenol (and related chemicals) has led already to a reassessment of the
hazard posed by these chemicals to aquatic wildlife, and this is likely to lead to
further restrictions in the permitted uses of the parent alkylphenol poly-
ethoxylates from which nonylphenol derives. In other cases, where endocrine
disruption is caused by natural chemicals (e.g. oestrogens excreted by humans
and farm animals) or synthetic chemicals of profound importance, and where
no obvious substitute exist (e.g. ethinyl oestradiol), the only feasible regulatory
approach is to improve waste treatment processes, and hence increase the
degradation of chemicals prior to their release (in effluents) to the aquatic en-
vironment. Thus, one of the outcomes of our rapidly increasing understanding
of endocrine disruption will be further pressure to improve waste water treat-
ment processes (this will have the added advantage of lowering the concentra-
tions of other, non-endocrine active, chemicals entering the aquatic environ-
ment). This situation of regulatory action following conclusive evidence of ad-
verse effects on wildlife caused by EDCs is reminiscent of the processes that
followed the realisation many years ago that many chlorinated pesticides (e.g.
PCBs and DDT) posed significant risks to wildlife, and in this regard endocrine
disruption is no different from many other ecotoxicological issues.
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