
Foreword

Endocrine disruptors, also called endocrine-active compounds, endocrine 
modulators, environmental hormones, hormone-related toxicants etc., are
compounds that exhibit the potential to interfere with the endocrine system of
humans and animals. The endocrine system uses endogenous hormones, i.e.
compounds produced by certain glands, to communicate with various tis-
sues and regulate body functions such as growth, development and repro-
duction. The group of endocrine disruptors comprises a large and still increas-
ing number of natural and anthropogenic agents with diverse chemical struc-
tures.

Wide scientific and public interest in endocrine disruptors has evolved about
ten years ago, when evidence that chemicals may adversely affect the sexual
development of a number of wildlife species was presented at a Workshop con-
vened by Theo Colburn (Proceedings: T. Colburn and C.R. Clement, eds. Chem-
ically-induced Alterations in Sexual and Functional Development: The
Wildlife/Human Connection. Princeton, NJ: Princeton Scientific Publishing Co.
1992). Subsequent reports, showing that numerous everyday chemicals exhibit
hormonal activity, and linking male reproductive problems such as low sperm
counts and increased rates of testicular cancer in young men to environmental
hormones, increased the concern about endocrine disruptors.As a consequence,
endocrine disruptors have become over the past years, and will continue to be
over the next years, a “hot” topic at toxicological Meetings, in public media, and
also in the political arena.

Although the general interest in endocrine disruptors is relatively recent, sci-
entific interest dates back to the sixties and early seventies when the adverse
effects of a synthetic estrogen, diethylstilbestrol (DES), on experimental animals
and also on humans were reported for the first time. Based on these observa-
tions, a Confererence was convened by John A. McLachlan in 1979, at which the
basic questions of endocrine disruptors, i.e. “what an estrogen is and how it
works, and what effects estrogenic substances might have on human health”(cit-
ed from the foreword of the Proceedings: John A. McLachlan, ed. Estrogens in the
Environment. New York: Elsevier North Holland Inc. 1980) were already raised
and addressed for estrogenic compounds, which still constitute the major group
of endocrine disruptors. The environmental occurrence and impact of estro-
genic agents of natural and man-made origin were also extensively discussed at
this Meeting and at a subsequent Conference in 1985 (Proceedings: John A.
McLachlan, ed. Estrogens in the Environment II. Influences on Development. New
York: Elsevier Science Publishing Co., Inc. 1985). These two Conferences and the



pioneering work of John McLachlan, Howard Bern and a few other investigators
have laid the ground for the present endocrine disruptor field.

Research in this area so far has clearly shown that the answers for the two
basic questions of endocrine disruptors, posed above for estrogens, will not be
easy and straightforward. The structural requirements and mechanisms of
action of endocrine disruptors are complicated by the fact that multiple ways
exist to interfere with the endocrine system. For example, endocrine disruptors
can (i) mimic or block the binding of endogenous hormones to their receptors,
(ii) affect cell signaling pathways in a direct, i.e. non-receptor-mediated manner,
or (iii) alter the production or metabolism of endogenous hormones. The effects
on human and animal health may be even more difficult to assess due to the
complexity of the endocrine system. They appear to depend on the chemical
structure and dose of the individual compound, the duration of exposure, and
the species, developmental stage (age) and gender of the organism. The expo-
sure to hormonally active compounds does not necessarily lead to adverse
effects, as is demonstrated by the putative anti-carcinogenic effects of certain
plant estrogens in Asian populations. To sort out the adverse and beneficial
effects of endocrine disruptors and the underlying mechanisms will be a chal-
lenging scientific and also an important practical task, since exposure to such
compounds through food, air, water and many household products is ubiquitous
and unavoidable.

The present book provides an overview on important aspects of endocrine
disruptors. The handbook comprises 19 chapters and is divided into two parts.
Part I addresses the mechanisms and detection of hormone action, and the
chemistry of and exposure to the various classes of natural and anthropogenic
endocrine disruptors. Part II focuses on the association of sex hormones with
diseases in humans, on the effects of endocrine-active compounds in experi-
mental systems, and on the association of endocrine disruptors with environ-
mental effects.

The chapters were authored by scientists who are highly recognized in their
areas of research. The editor is greatly indebted to all of them as well as to the
staff of Springer for their commitment. It is hoped that the result of this joint
effort may prove as an useful and inspiring source of information for everybody
interested in the multifaceted issue of endocrine disruptors.

Karlsruhe, June 2001 Manfred Metzler

XIV Foreword



Mechanisms of Estrogen Receptor-Mediated Agonistic
and Antagonistic Effects

Stefan O. Mueller, Kenneth S. Korach

National Institutes of Health, National Institute of Environmental Health Sciences, Labor-
atory of Reproductive and Developmental Toxicology-Receptor Biology Group, PO Box
12233, Research Triangle Park, NC 27709, USA
e-mail: korach@niehs.nih.gov

Estrogenic compounds exert a vast variety of effects in wildlife and humans. Endogenous es-
trogens, like estradiol, regulate growth and development of their target tissues. Exogenous
compounds with estrogenic and/or anti-estrogenic activities may disrupt these regulatory
pathways. Environmental or industrial chemicals and phytoestrogens interfering with the
hormonal or endocrine system are defined as endocrine disruptors. The estrogen receptor is
the major regulatory unit within the estrogen-signaling pathway. Effects mediated by the es-
trogen receptor are not solely defined by its ligand but are rather modulated by the tissue ex-
pression of the receptor, and the cellular and genetic environment. Endocrine disruptors are
able to mimic estrogens by binding to the estrogen receptor and induce or inhibit estrogenic
response. Phenolic compounds, pesticides, phytoestrogens, and synthetic estrogens like di-
ethylstilbestrol are examples of endocrine disruptors or so-called endocrine active com-
pounds. The potential of these chemicals to interfere with the endocrine system is primarily
defined by their interaction with the estrogen receptor. However, the observed physiological
effects are the result of a complex interplay between the estrogen receptor, its ligand, co-reg-
ulators, and other cell signaling pathways dependent on the target tissue.

Keywords. SERM, Endocrine active compounds, Estrogens, Anti-estrogens, Xenoestrogens,
Tissue-specificity

1 Introduction  . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 3

2 Nuclear Receptor Superfamily  . . . . . . . . . . . . . . . . . . . . 3

3 Estrogen Receptors a and b  . . . . . . . . . . . . . . . . . . . . . . 4

4 Tissue Distribution of ERa and ERb  . . . . . . . . . . . . . . . . . 5

5 Mechanism of Estrogen Receptor-Mediated Hormone Action  . . . 7

5.1 Binding of Ligand and Ligand-Dependent AF-2  . . . . . . . . . . . 8
5.2 Dimerization and DNA Binding of the ER  . . . . . . . . . . . . . . 9
5.3 Transcriptional Activation Via AF-1 and AF-2  . . . . . . . . . . . . 10
5.4 Co-Activators and -Repressors  . . . . . . . . . . . . . . . . . . . . 10
5.5 Estrogen Responsive Elements (EREs)  . . . . . . . . . . . . . . . . 11
5.6 Cross-Talk with Other Signaling Pathways  . . . . . . . . . . . . . . 11
5.7 Estrogen-Regulated Genes  . . . . . . . . . . . . . . . . . . . . . . . 11

CHAPTER 1

The Handbook of Environmental Chemistry Vol. 3, Part L
Endocrine Disruptors, Part I
(ed. by M. Metzler)
© Springer-Verlag Berlin Heidelberg 2001



6 Substances Interacting with the ER . . . . . . . . . . . . . . . . . . 12

7 Mechanisms of Receptor-Agonists and/or -Antagonists  . . . . . . 16

8 Endocrine Active Compounds: Estrogens or Antiestrogens,
or Both?  . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 20

9 References  . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 21

List of Abbreviations

AF activation function
AP-1 activator protein 1
cERE consensus estrogen responsive element
CoA co-activator
DES diethylstilbestrol
DBD DNA binding domain
E estrogen
EAC endocrine active compound
EGF epidermal growth factor
ER estrogen receptor
ERE estrogen responsive element
ERKO estrogen receptor knock-out mouse
GF growth factor
GTA general transcription assembly
Hsp heat-shock protein
IGF insulin-like growth factor
LBD ligand binding domain
MAPK mitogen-activated protein kinase
nERE non-consensus estrogen responsive element
NLS nuclear localization signal
NR nuclear receptor
OH-PCB polychlorinated hydroxy-biphenyls
OHT 4-hydroxytamoxifen
PK protein kinase
Pol polymerase
RAP receptor associated protein
RRE raloxifene response element
SERM selective estrogen receptor modulator
SHR steroid hormone receptor
TBP TATA binding protein
TeBG testosterone binding globulin
TF transcription factor

2 S.O. Mueller and K.S. Korach



1
Introduction

Estrogens exert a vast variety of effects in wildlife and humans. They regulate
development and growth by inducing cell proliferation and cell differentiation.
Observations of developmental abnormalities in wildlife exposed to chemicals
and rising incidences of hormone-dependent cancers in humans have raised
concerns in the public and the scientific community [1, 2]. Experimental data
on chemicals like diethylstilbestrol (DES) [3] confirmed the potential of xeno-
biotics to impair the endocrine system, especially estrogen function, and to
cause developmental abnormalities and cancer.

How is hormonal regulation disrupted by exogenous compounds? The en-
docrine system utilizes hormones secreted by the specific hormonal glands di-
rectly into the bloodstream. The secreted hormones are in part bound to serum
proteins and transported to the target organ or cell [4]. These hormones can
also be metabolized, resulting in either an activation or deactivation. The re-
sponse of the cell to the active hormone is dependent for the most part on the
presence of specific hormone receptors. The affinity and specificity of the re-
spective receptor to the external signal (hormone) determines whether the par-
ticular hormone is bound by the receptor. The receptor with its bound ligand,
i.e., the hormone, transmits the signal resulting in a specific biological re-
sponse. In the case of steroid hormones the main cellular response is an activa-
tion of gene transcription (genomic effects), although “non-genomic,” rapidly
occurring effects have also been discussed [5]. Any exogenous substance could
potentially interfere with any of the steps described above to cause a disruption
of the endocrine system. These substances are therefore referred to as endocrine
disruptors.

In this chapter we will focus on the last step of the cascade of hormone ac-
tion, namely receptor mediated effects of xenobiotics. Xenobiotics can mimic
steroids by binding to the receptor and induce (agonize) or inhibit (antagonize)
the steroid response. These different actions are not only due to the respective
compound but are dependent on the cellular and genetic context and, probably,
on the receptor subtype present in the target cell or tissue.

2
Nuclear Receptor Superfamily

Hormone receptors comprise membrane-bound receptors, like trophic peptide
hormone (e.g., gonadotropin, insulin, and growth hormone) and growth factor
(e.g., epidermal growth factor (EGF) and insulin-like GF-I (IGF-I)) receptor,
and nuclear receptors. Nuclear receptors are located within the nucleus of the
cell. The nuclear receptor superfamily consists of steroid hormone, thyroid,
retinoid, and a growing number of orphan receptors with unknown physiolog-
ical ligands [6–8].

The steroid hormone receptors (SHR) comprise the glucocorticoid, mineral-
corticoid, progesterone, androgen, and estrogen receptors [8]. Steroid hor-
mones play a major part in the regulation of development, homeostasis, and
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stimulate growth and differentiation of their target cells [4]. These effects are
mediated by the respective SHR. The SHRs, like other members of the nuclear
receptor superfamily, have a modular structure, i.e., they are composed of dis-
tinct functional domains (Fig. 1) [8–10]. Functionally, SHRs can be character-
ized as ligand-inducible transcription factors. Upon binding of the steroid hor-
mone (ligand) to its cognate receptor (LBD, domain E, Fig. 1), the receptor
dimerizes (domains C and E) and binds to specific hormone responsive DNA
sequences (DBD, domain C, Fig. 1). The DNA bound SHR activates in concert
with co-regulators and, depending on the cell type and the promoter, specific
genes, which are consequently defined as hormone-regulated genes.

In the following sections we will describe and discuss the effects mediated by
the estrogen receptor.

3
Estrogen Receptors a and b

After the cloning of the human estrogen receptor (ER), ERa, in 1986 [11, 12] 
it was well accepted that there was only one form of the ER. Surprisingly, a sec-
ond ER, termed ERb, was discovered [13], which was identified in cDNA li-
braries of rat prostate [13] and human testis [14]. In Fig. 2 the protein structure
and homology between the estrogen receptors from human and mouse are
given.

ERa and ERb show high sequence homologies in the DNA binding domain
(>90%) and to a lesser extent in the ligand binding domain (~60%). The hu-
man ERa (hERa) is a 595-amino acid-containing protein, with high inter-
species homologies (88% to the mouse ERa, Fig. 2) [15]. The originally cloned
human ERb [14] represents a 477-amino acid-protein. Shortly after that the
full-length cDNA for hERb was cloned, consisting of 485 amino acids [16], and
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Fig. 1. Modular structure of steroid hormone receptors. Distinct domains are designated A–F.
The NH2-terminal domain A/B contains the ligand-independent activation function (AF-1);
the highly conserved DNA binding domain (DBD) recognizes specific DNA sequences (hor-
mone response elements) and is located in domain C, which also contains a dimerization and
nuclear localization signal (NLS). Domain E is connected by the so-called hinge region (D)
and is responsible for ligand binding, dimerization, and also contains a ligand-dependent
NLS. The ligand-dependent activation function (AF-2) is also located within domain E. The
F domain is highly variable between different species



now appears to be the “short” form of the ERb. The “long” form contains 45 ad-
ditional amino acids at the amino terminus belonging to AF-1 (domain A,
Fig. 1) [17–19]. Physiologically, the “long” form is considered possibly to be the
predominant ERb. However, in vitro data of different laboratories indicate that
no striking differences in their biological activity exist.

Normal and neoplastic estrogen target tissues not only express ERa and/or
ERb, but also express ER mutants and variants. In different neoplastic tissues a
vast variety of receptor mutants are found [20–27]. These mutants include re-
ceptors with point mutations, truncated transcripts, or insertional mutations.
Data indicate that some mutants are stably expressed in vivo, which would sup-
port the idea that ER mutants are functional in the estrogen-signaling pathway.
A mutated receptor, which shows increased activity without any ligand (consti-
tutively active receptor) could be responsible for estrogen-independent growth
of breast tumors. Indeed, in estrogen-unresponsive breast cancer specimens a
truncated ERa was found to be highly expressed [24]. On the other hand, mu-
tations in the ER could lead to an increased ligand-dependent activity.
Catherino and colleagues [28] showed that a naturally occurring mutant exhib-
ited increased activity in breast cancer cells when treated with an antiestrogen.
These results indicate that receptor variants may play a highly influential role in
tumor development and progression.

4
Tissue Distribution of ERa and ERb

Since estrogenic action is mediated mainly through the ER (see following sec-
tion) an estrogen target tissue is defined as one expressing functional estrogen
receptor and showing a distinct response when exposed to estrogen. The tissue
distribution of the ER also characterizes the potential target for any compound,
agonist and/or antagonist, acting through the ER. In Fig. 3, a qualitative sum-
mary of the tissue distribution and abundance of ERa and ERb is given. The
data shown were compiled from humans, mice, and rats, and are given repre-
sentatively for humans. Figure 3 is not intended to give a precise quantitative

Mechanisms of Estrogen Receptor-Mediated Agonistic and Antagonistic Effects 5

Fig. 2. Homologies between human (h) and mouse (m) ERa and ERb. The modular domain
structure of the ER is shown schematically on the top (see Fig. 1). Homologies are given in
percent for each domain for hERa. mERa and hERb are compared to hERa, and mERb is
compared to hERb. Numbers indicate the numbers of amino acids at borders between do-
mains
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Fig. 3. Examples of qualitative tissue expression of ERa and ERb. The font sizes of the re-
spective ER reflect the relative expression of ERa and ERb in each tissue. The figure summa-
rizes published data on cells and tissues of humans, mice, and rats. Data include RNA- and
protein expression (data from [14, 29–40]



measure, but rather should be interpreted as an estimate overview for ER ex-
pression (data from [14, 29–40]).

The diversity of estrogen target tissues is illustrated in Fig. 3. Furthermore,
there are certain tissues with predominant expression of ERb, that are mainly,
with the exception of the ovary, non-classical target tissues [40]. The knock-out
mice for ERa (aERKO) and ERb (bERKO) are excellent models to determine
the importance of the respective receptor in development, normal physiology,
and neoplasia [41–44]. Studies done with these knock-out mice indicate that
most aberrant phenotypes – hypotrophy of the uterus, infertility, and rudimen-
tary mammary gland development, to mention only a few – appear to be de-
pendent on ERa. Studies so far showed that the major influence of ERb in the
female is restricted to ovarian function [41, 44]. Further studies on the effect of
ERb (and ERa) in other tissues (e.g., skeletal, immune-, cardiovascular system,
and male reproductive tract) will define the role of ERb in signaling and its ef-
fects. The presence of the respective estrogen receptor in a specific tissue leads
to a potential target-site for pharmaceutical drugs and xenobiotics.

5
Mechanism of Estrogen Receptor-Mediated Hormone Action

Most endogenous estrogen (17b-estradiol and estrone) in women is produced
in the granulosa cells of the ovary. Precursor molecules, like androstenedione,
secreted by the adrenal gland, can be metabolized by aromatization to estrone
(e.g., in adipose tissue or brain). During pregnancy the placenta produces large
amounts of 17b-estradiol (estradiol). The plasma level of estradiol, the most
predominant estrogen, is around 20–60 pg/ml in adult, premenopausal women
(maximum during the menstrual cycle up to 700 pg/ml), which drops below
20 pg/ml during postmenopause. Males also produce estradiol (~20 pg/ml,
young male). In males, estrogen is predominantly formed by aromatization of
androstenedione (via estrone) in peripheral tissues with a small amount se-
creted by the testes. Estrone is metabolized by 17b-hydroxysteroid dehydroge-
nase to estradiol [45].

Estradiol and estrone are, like exogenous estrogens or antiestrogens, trans-
ported via the bloodstream to their target cell. Since estrogens are water insol-
uble, circulating estrogens are bound to the carrier proteins albumin with low
affinity and with higher affinity to testosterone binding globulin (TeBG). Only
free estrogen can enter the cell by diffusion due to its apolarity (Fig. 4A).
Therefore, not the total plasma level of estrogen, but the free, unbound estrogen
level determines the amount of estrogen capable of entering the cell and induc-
ing a specific response. Figure 4 gives a schematic overview of the molecular
mechanism of estrogen receptor action.

The capacity of a specific cell to respond to estrogen is dependent on the
presence of its specific receptor, ERa or ERb. Although the ERs show differen-
tial tissue distribution and may also exert different effects, described below, the
high degree of homology contributes to the general opinion that the molecular
mechanism of ER action is conserved.

Mechanisms of Estrogen Receptor-Mediated Agonistic and Antagonistic Effects 7



5.1
Binding of Ligand and Ligand-Dependent AF-2

The ER is located within the nucleus. In its inactive state the receptor is bound
to different chaperones like heat shock proteins (Hsp90) and immunophilins
(p59) [46, 47]. It is believed that steroid receptors undergo a so-called chaper-
one cycle resulting in a mature complex. The receptor protein is stabilized in its
hormone binding conformation within the mature complex from which the ER
is spontaneously released [46]. The free receptor can then bind hormone
(Fig. 4C). The ER also undergoes further modifications like phosphorylation
[48] (reviewed in [49]). More recent data provided further evidence for the need
of phosphorylation for ER-mediated activation [50, 51]. However, a clear im-
portance or requirement for receptor signaling is not yet fully evaluated.
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Fig. 4. Mechanism of estrogen receptor action. (A) Estrogens (E) like estradiol are bound to
carrier proteins in the serum. Upon dissociation from these proteins, (B) E can pass the cell
membrane easily by diffusion due to their apolarity. The estrogen receptor (ER) is located
within the nucleus. Inactive ER is bound to various receptor associated proteins (RAP), like
heat-shock proteins (Hsp90). (C) The RAPs are displaced and the ligand (E) binds to the ER.
The ER dimerizes and (D) the dimer binds with its DNA binding domains to the estrogen re-
sponsive element (ERE) located within the control region of the target gene promoter. (E) In
concert with the general transcription assembly (GTA), which comprises various transcrip-
tion factors (TF), the RNA polymerase (RNA Pol) and other proteins, specific genes are tran-
scribed into the respective mRNA. The GTA binds through the TATA binding protein (TBP)
to the TATA box within the promoter. Co-activators (CoA) such as CBP/p300 and SRC-1 most
likely link the ER-dimer with the GTA. (F) Translation of the mRNA results in a specific pro-
tein (e.g., growth factors) which results in the cell-specific and promoter-specific response
(see text for more details)



Estrogen fits into the hydrophobic cavity of the ligand binding domain
(LBD) of the ER. Helix 12 of the LBD functions as a “lid” sealing the hydropho-
bic cleft and stabilizing the binding of estrogen (Fig. 5) [52, 53]. Conformational
changes in the protein LBD allow an active, ligand-dependent transactivation
function AF-2 to occur [53, 54]. Katzenellenbogen and colleagues showed that
the LBD and the AF-2 are structurally distinct units, although they are located
within one protein domain (see also Fig. 1) [55].

5.2
Dimerization and DNA Binding of the ER

Dimerization of the ER is dependent on specific regions within the C- and E-
domains (Fig. 1). The ER binds through its DNA binding domain (DBD) to 
a specific DNA sequence, termed an estrogen response element (ERE)
(Fig. 4D, E). The consensus ERE (cERE) consists of an inverted repeat of six
bases with a three base spacer (Fig. 4E) [8, 9]. This inverted repeat allows the
binding of the ER dimer. The DBD contains two zinc finger motifs. In each mo-
tif the zinc ion is complexed by four cysteine residues connected by a short b-
sheet (between cysteine 1 and 2) and by a a-helical structure (between cysteine
2, 3, and 4). The latter one, the so-called P-box in motif one is responsible for
binding and discrimination of DNA bases of the ERE (reviewed in [9, 56]). The
so-called D-box in the second motif is important for the contribution of the C-
domain to dimerization and consists of a short stretch of amino acids between
cysteines 1 and 2 [10]. All three possible dimers of the ER, ERa or ERb homo-
dimer and ERa/ERb heterodimer, bind to an identical ERE due to their high
homologous DBD (see Fig. 2) [57–59]. Each homodimer and heterodimer can
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Fig. 5. Overall structure of the DES-ERa LBD-GRIP1 complex. The LBD is shown as ribbon
drawing. The co-activator peptide GRIP1 is colored black and helix 12 (labeled H12) is col-
ored gray, both shown as cylinders. DES is shown in space-filling representation. Drawn ac-
cording to [53] using Molscript with the coordinates from the Brookhaven protein databank
(accession 2ERD)



transactivate gene expression. Interestingly, ERb homodimers appear to be less
active than ERa/ERb heterodimers [17, 57].

5.3
Transcriptional Activation Via AF-1 and AF-2

Data of several laboratories [60–62] revealed that AF-1 functions as a ligand-
independent transcription activator, dependent on the cell- and promoter con-
text. These reports also confirm that AF-2 acts in a ligand-dependent manner.
Both functions can activate gene expression on their own depending on the cell
type and promoter used, as mutational analysis showed. However, full agonistic
activity is dependent on both activation functions [63]. A third activation func-
tion, termed AF-2a, was discovered by mutational analysis of the human ERa in
a yeast system [64]. This AF-2a located within domains D and E (LBD, Fig. 1)
was found to be transcriptional, active on its own using a chimeric receptor.
Data on ERa/ERb heterodimers indicate that AF-1 is the dominant activation
function and that the AF-2 domains of both ERa and ERb are necessary for ac-
tivation [65].

5.4
Co-Activators and -Repressors

After binding its ligand the ER dimer assumes a certain conformation and
binds to its ERE. A major question for years dealt with how this ligand-receptor
complex induces a differential gene activation or suppression depending on the
target cell. It is obvious that the ER transcription complex (ER dimer bound to
the ERE) has to interact with the general transcription assembly (GTA) bound
to the TATA box within the respective gene promoter (Fig. 4E). The GTA re-
sembles TATA binding proteins (TBP) and various transcription factors (TF)
like TFIIA, TFIIB, and TFIID [66] (reviewed in [67–69]). Onate and colleagues
[70] were first to clone a co-activator for an SHR. They showed that ER interacts
with SRC-1 to induce gene transcription. CBP/p300 is believed to be an essen-
tial co-activator interacting with SRC-1 and the GTA [71, 72] (for a review see
[73]). Several other co-activators (RIP140, GRIP1 (RIP160 or ERAP-160)) were
found and are known to enhance transactivation by ER [73–75] (for reviews see
[76, 77]). Recently, an RNA molecule acting as a co-activator, called steroid re-
ceptor RNA activator or SRA, was discovered [78]. SRA was found to be selec-
tive for SHR and to mediate gene activation via the N-terminal AF-1 of the
progesterone receptor [78]. To make the ER action even more complex co-re-
pressors were also identified [79, 80]. The co-repressors SMRT and N-CoR were
found to inhibit basal promoter activity of the thyroid and retinoic acid recep-
tor when no ligand was bound (for a review see [77]). Montano and colleagues
[81] identified a specific repressor of ER gene activation. This co-repressor,
termed REA, for repressor of ER activity, was also able to inhibit liganded ER
and to reverse activation by SRC-1 [81]. The discovery and identification of co-
activators and co-repressors provided crucial insights into ER action. The lig-
and-bound receptor has to be capable of interacting with its co-activators for
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gene activation and to displace co-repressors to prevent gene silencing. The
structural basis of this interaction was provided recently by Shiau and col-
leagues [52]. They reported the crystal structure of the LBD of human ERa with
the agonist diethylstilbestrol (DES) in addition to the binding of the co-activa-
tor GRIP1 (Fig. 5). Co-activators like SRC-1 and GRIP1 (ERAP160) bind to a
short LXXLL (where L is leucine and X any amino acid) motif in the AF-2 do-
main, referred to as nuclear receptor (NR) box. When DES is bound, helix 12
covers the ligand pocket as described above and allows binding of GRIP1
(Fig. 5). Binding of ER agonists, like DES, induces the conformational changes
in the ER necessary for interaction of AF-2 with co-activators leading to full
transcriptional activation. This activation takes place depending on the DNA
sequence, i.e., the ERE, recognized by the DBD of the ER.

5.5
Estrogen Responsive Elements (EREs)

The ERE is another variable determining ER action. In Fig. 4 (E) the consensus
ERE (cERE) is shown, but the ER also recognizes other EREs with base substi-
tutions resulting in an imperfect palindrome (non-consensus ERE, nERE) [82].
Several functional nEREs are known to occur in certain cell-types within dif-
ferent gene promoters [83, 84]. This means that, depending on the presence of
an ERE within the regulatory unit of a specific gene present in the target cell,
the ER could activate or suppress expression of this gene. However, the presence
of an ERE within a gene promoter and the availability of co-factors in a specific
cell does not necessarily result in an ER gene regulation. The regulatory DNA
sequences are packed into chromatin which restricts the accessibility of the
ERE and the gene promoter to the ER and the TFs [82]. For an overview of
mechanisms of chromatin remodeling by SHR and histone acetylation, medi-
ated by co-activators like CBP/p300, to allow binding to DNA sequences and
gene transcription, see [10, 54, 77, 82, 85–88].

5.6
Cross-Talk with Other Signaling Pathways

The actions of the ER are also modulated by cross-talk with other signaling
pathways, like protein kinases (e.g., MAPK) and growth factors (e.g., EGF, IGF-
I). This cross-talk modulates not only estrogenic but also anti-estrogenic action,
which will be discussed below (for a more detailed discussion see [89–91]).

5.7
Estrogen-Regulated Genes

The expression of a specific gene depends on the accessibility of the ERE, the
gene promoter used, and the presence of cell specific co-activators and/or co-
repressors. The physiologically observed estrogenic effects are due to this gene
activation. Estrogen-regulated genes comprise a wide variety of genes, many of
which have unknown activities or importance. Examples of estrogen-respon-
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sive genes with known functions are SHR (progesterone receptor), interleukin
4 receptor (part of inflammatory processes), growth factors (EGF, IGF) and
growth factor receptors (EGF receptor), cathepsin D (important factor for
metastasis of breast tumors), proto-oncogenes (c-myc, c-fos/c-jun), and cell
cycle regulatory proteins (cyclin D1) [92–99]. In general, estrogen upregulates
cell cycle promoting factors like proto-oncogenes and cyclin D1. The mitogenic
effects of estrogenic compounds (e.g., in breast and uterus) are most likely due
to these events. The observations that these estrogen-regulated genes are often
overexpressed in breast tumors strongly confirm the general notion that acti-
vation of the ER is a critical element in tumor progression. Again, it is impor-
tant to keep in mind that the gene regulation is dependent on the cellular con-
text. This is also illustrated by the induction/suppression of tissue specific genes
in bone and heart [100, 101]. In the heart, estrogen is believed to induce various
genes (e.g., nitric oxide synthase, myosin) leading to beneficial effects for the
cardiovascular system (reviewed in [101]). In bone, estrogen induces osteoblast
cell proliferation depending on the differentiation stage, bone matrix protein
(e.g., collagen, alkaline phosphatase) synthesis, and growth factors (transform-
ing GFb (TGFb), IGFs). These effects lead to improved bone maintenance (re-
viewed in [100]).

6
Substances Interacting with the ER

Compounds which bind to the ER and induce an ER mediated response, are
termed estrogens or ER agonists. Classically, ER antagonists or anti-estrogens
are defined as substances preventing or inhibiting the estrogen response. As we
have seen in the preceding sections, the ER mediated action is not solely defined
by the ER ligand, but rather is the result of the cellular and genetic context. The
tissue-dependent activity of ER ligands is highlighted by the drug tamoxifen,
used in the treatment of breast cancer, which acts as an ER agonist in the uterus
and bone, but as an ER antagonist in the breast. Therefore, the term selective ER
modulators (SERMs) was introduced [102]. A variety of environmental or in-
dustrial chemicals and also naturally occurring substances (phytoestrogens)
were found to exert estrogenic or endocrine activity and are referred to as en-
docrine disruptors [1, 2]. These compounds do not comprise a uniformly acting
class, but show mixed (estrogenic and/or anti-estrogenic) activities. Since this
could potentially lead to beneficial effects (e.g., anti-estrogenic phytoestrogens
and the risk of breast cancer [103]) the term endocrine active compounds
(EACs) was later introduced [104].

Table 1 gives an overview of selected different estrogens, anti-estrogens,
SERMs, and EACs.

The most abundant endogenous estrogen is 17b-estradiol (estradiol,
Table 1). Synthetic estrogens used as pharmaceutical drugs are the well investi-
gated diethylstilbestrol (DES) and ethinyl estradiol. Tamoxifen is one of the best
known and studied SERMs used for breast cancer (antagonistic effects) and
more recently also for osteoporosis (agonistic effects) treatment (e.g., [105–
108]. Another class are the pure anti-estrogens like ICI 182,780 (ICI) [109–112].
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Table 1. Estrogens, antiestrogens, selective estrogen receptor modulators (SERMs), and en-
docrine active compounds (EACs)

Type of Estrogen Class Activity Compound Structure

Endogenous Steroid Pure agonist 17b-Estradiol
estrogen (Estradiol)

Synthetic Stilbene Pure agonist Diethyl-
“estrogen” stilbestrol

(DES)

SERM Non- Mixed Tamoxifen
steroid

Anti-estrogen 7a-sub- Pure ICI 182,780
stituted antagonist
Steroid

EACs
Phytoestrogens Isoflavone Agonist?/ Genistein

mixed

Lignan Antagonist Enterolactone

Fungal metabolite Macrolide Agonist/ Zearalenone
Antagonist



Phytoestrogens/anti-estrogens comprise two main groups: the isoflavones/
flavones and lignans (Table 1) [103, 113]. Coumestrol found in lucernes and
clovers and the fungal metabolite zearalenone are another class of widely stud-
ied potential EACs [113, 114]. Genistein (isoflavone) shows agonistic activity in
vitro and is supposed to reduce breast cancer risk by anti-estrogenic action
[113, 115]. However, other mechanisms (inhibition of tyrosine kinases, antiox-
idative properties) may be responsible for the observed cancer preventive ef-
fects. Interestingly, genistein acts in mice as an agonist in bone, without induc-
ing any uterine hypertrophy, indicating its potential as a SERM. Isoflavones
were also shown to inhibit estrogenicity of pesticides and phenols in mam-
malian cells [116]. The lignans have been shown to exert antiestrogenic activ-
ity, whereas the fungal metabolite zearalenone is mainly an estrogen agonist, al-
though some mixed agonism/antagonism was found via ERb in vitro [113, 115].

A vast variety of environmental and/or industrial compounds was shown to
exert estrogenic or anti-estrogenic effects in vitro (e.g., ER binding, gene trans-
activation) and in vivo (e.g., uterotrophic effects). These industrial or environ-
mental EACs comprise phenolic compounds, organochlorines, and phthalates
(Table 1) [115, 117–119]. Bisphenol A and o,p’-DDT showed estrogenic activity
in vitro and in vivo [120, 121]. Other phenolic compounds (e.g., nonylphenol,
octylphenol) and pesticides (e.g., toxaphene, dieldrin, methoxychlor) also
showed weak estrogenic activity in vivo and in vitro [115, 120, 122]. The poly-
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Table 1 (continued)

Type of Estrogen Class Activity Compound Structure

Environmental Phenol Agonist Bisphenol A
chemicals

Organo-
chlorines
Pesticide Agonist o,p’-DDT

PCB/Hy- Agonist/ 2¢,4¢,6¢-tri-
droxy-PCB Antagonist chloro-4-

biphenylol

Phthalate Agonist Di-n-butyl-
phthalate ester



chlorinated biphenyls (PCBs) and their hydroxy derivatives (OH-PCBs) are an-
other class of EACs. 2¢,4¢,6¢-Trichloro-4-biphenylol was found to be the most ac-
tive congener, inducing estrogenic effects in vivo and in vitro [115, 119, 123].
Other OH-PCBs were found to be antiestrogenic [117]. Phthalates are suspected
EACs, showing estrogenicity in vitro but not in vivo [124].

The chemicals shown in Table 1 comprise a wide array of compounds with
strong agonistic (DES), antagonistic estrogenic activity (ICI 182,780) or mixed
activity depending on the target tissue analyzed (tamoxifen). Environmental
chemicals show mostly relatively low estrogenic activity (ER binding affinities
in vitro Kd~ 100–1000 nmol/l, estradiol ~0.1 nmol/l), whereas the phytoestro-
gens show stronger, but still low, estrogenicity (isoflavones) and anti-estro-
genicity (lignans) (Kd~ 10 nmol/l). Phytoestrogens also show differences in
binding and activity for ERa vs ERb, with a preference for ERb. Moreover, these
phytoestrogens, especially the lignans, occur in much higher abundance than
the environmental chemicals depending on the diet.

Not much is known of the mixed activities of the EACs in comparison to the
pharmaceutically used SERMs. Often only one estrogenic response (e.g., cell
proliferation) and receptor binding was measured in one tissue or cell type.
Another important feature that should be taken into account is the activation or
deactivation of the parent compound by metabolism in vivo. A weak EAC could
be metabolized into a strong EAC with agonistic or antagonist estrogenic prop-
erties (e.g., a metabolic activation by hydroxylation is discussed for bisphenol
A [121]). This is exemplified for tamoxifen, which itself is a weak SERM.
Tamoxifen is metabolized in animals and humans mainly to N-desmethylta-
moxifen, which has similar estrogenic properties to tamoxifen. Another
metabolite is 4-hydroxytamoxifen (OHT, Fig. 6) which shows much higher ER
binding affinity and antiestrogenic activity, and can therefore be referred to as
the hormonally active metabolite of tamoxifen [125].
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Fig. 6. Metabolism of the SERM tamoxifen results in the active metabolite 4-hydroxytamox-
ifen (OHT)



7
Mechanisms of Receptor-Agonists and/or -Antagonists

As we have seen in the preceding subheadings, the binding of a ligand to the ER
results in activation (receptor agonism) or in an inhibition of ER mediated ac-
tion (receptor antagonism) depending on the promoter and cellular context.
Since it is well known that compounds like tamoxifen act not as a pure antago-
nist, but as a selective ER modulator, i.e., as an agonist in uterine, but as an an-
tagonist in breast tissues, one cannot discriminate estrogenic from anti-estro-
genic action solely on the ligand structure. However, based on the conforma-
tional changes of the ER upon binding of the respective ligand, steroidal
estrogens are distinct from SERMs.

Binding of estrogen induces the active conformation of the ER (see Sect. 5).
As described above, the binding of the estrogen agonist DES to the LBD of the
ER induces helix 12 to reposition over the hydrophobic cavity, activates AF-2,
and allows binding of co-activators like GRIP-1 (Fig. 7A and Fig. 5) [52, 53].
OHT, in contrast, occupies more space in the hydrophobic cleft, leading to a dis-
tortion of the structure of the LBD (Fig. 7B). The OHT side-chain causes the
“misfit” in the binding cavity and forces helix 12 out of its “active” position, pre-
venting binding of GRIP1. The displacement of helix 12 prevents subsequent ac-
tivation by AF-2. The inhibition of AF-2 is therefore thought to be responsible
for the antiestrogenic (antagonistic) activity of OHT [62]. OHT also acts as an
agonist, as demonstrated by its uterotrophic action in vivo. Mechanistic studies
done in the group of Pierre Chambon revealed that the agonistic activity of
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Fig. 7 A, B. A Overall structure of the DES-ERa LBD-GRIP1 complex as in Fig. 5. The LBD is
shown as ribbon drawing. The co-activator peptide GRIP1 is colored black and helix 12 (la-
beled H12) is colored gray, both shown as cylinders. DES is shown in space-filling represen-
tation. B Overall structure of the OHT-ERa LBD complex. The LBD is depicted as a ribbon
drawing.As in A, helix 12 is colored in gray. OHT is shown in space-filling representation. The
positioning of the OHT sidechain and OHT-mediated structural distortions in and around
the ligand-binding pocket stabilizes the conformation of helix 12. Drawn according to [53]
using Molscript with the coordinates from the Brookhaven protein databank (accessions
2ERD and 2ERT)



OHT is due to the AF-1 domain in a cell-type and promoter-dependent manner
[61]. This suggests that AF-1 is recruiting specific co-activators that are present
in the target cell leading to gene activation. Indeed, agonistic response of cells
to OHT was enhanced by addition of SRC-1. This activation was independent of
AF-2 as shown by AF-2 defective ER mutants [126]. Based on the distinct con-
formation of the ER induced by each SERM, McDonnell et al. proposed differ-
ent types of SERMs [63]. OHT belongs to type IV, raloxifene to type III (both
classical type I antiestrogens [108]), whereas the pure antiestrogen ICI 182,780
(ICI) is a type II antiestrogen (classical type II antiestrogen [108]). The differ-
ent, ligand-dependent structures were confirmed just recently using affinity se-
lection of different peptides [127]. The selective peptides were used as probes
for different conformations of the ER and showed that estrogen and OHT in-
duce distinct receptor conformations upon binding. The ICI compound also
leads to a unique ER structure. Although the pure antagonism of ICI was be-
lieved to be due to a complete prevention of the binding of the ER to the ERE,
it is known that ICI-bound ER can bind to its ERE, albeit to a reduced extent
[63, 128]. However, the transcriptional unit is inactive. Most likely ICI prevents
the transport of the newly synthesized receptor to the nucleus and/or induces
rapid degradation of the receptor upon ligand binding [108, 112].

The promoter context is another regulating factor. Tzukerman and col-
leagues [62] showed that tamoxifen acts as an agonist via AF-1 only on certain
promoters like the complex complement C3 promoter, whereas the vitellogenin
promoter showed activation only when both AF-1 and AF-2 were functional
[62, 63]. Different functional non-consensus ERE sequences were found by
Dana and colleagues [84]. Interestingly, one of the sequences showed a higher
sensitivity to the agonistic activity of tamoxifen than the cERE. A so-called
antiestrogen response element (raloxifene response element, RRE) was re-
ported to occur in bone leading to a stronger transcription of the bone-remod-
eling gene TGFb3 by raloxifene than by estrogen [129]. Yang and colleagues
showed that the isolated RRE may also act in different promoter context, pref-
erentially with raloxifene, although this element alone is not sufficient for full
transactivation [129, 130].

To summarize these findings, the proposed mechanistic model includes a
distinct shape of the ER upon binding of the ligand. In the case of estrogens, this
allows full agonistic activity via AF-1 and AF-2. When SERMs like OHT are
bound, AF-2 is inactive resulting in inhibition of ER action. But agonistic activ-
ity via AF-1 alone can take place. This AF-1 mediated transactivation depends
on the ERE (or antiestrogen response element), the promoter context, if co-re-
pressors can be displaced from the promoter and co- activators recruited in the
respective target cell. In contrast, pure antiestrogens, like ICI, prevent any acti-
vation via AF-1 or AF-2.

The function of the F-domain of the ER (Fig. 1) is not well defined. Since this
carboxy-terminal region has a high interspecies variability, its impact on ER
function was supposed to be negligible. However, Montano and colleagues [131]
found that the F-domain might modulate the antiestrogenic activity of SERMs
like OHT. In human breast cancer (MDA-MB 231) and Chinese hamster ovary
(CHO) cells, OHT was able to inhibit estradiol-induced activity by an F-deletion
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mutant of ER to a much higher extent than by the wild type (F-containing) ER.
This F-domain dependent impediment of the antiestrogenic properties of OHT
was not seen in other cell types [131].

The activator protein-1 (AP-1) site is one of the best-studied examples for the
differential usage of regulatory DNA sequences by ER bound to estrogen or
anti-estrogen. AP-1 is the cognate binding site for the transcription factors or
proto-oncogenes Fos and Jun and does not represent an ERE. Binding of the
heterodimer Fos/Jun can lead to abnormal cell proliferation and transforma-
tion and is most likely involved in neoplastic transformation [132, 133]. The AP-
1 site is known to be activated by estrogen and the ER [134–136]. Interestingly,
tamoxifen and ICI are both able to activate transcription from AP-1 sites via
ERa [137, 138]. Tamoxifen showed a higher transactivation capacity in uterine
cells than in breast cancer cells. This indicates that the tissue-specific agonistic
action known in vivo could be mediated by AP-1 sites [138]. When the same
type of experiments were done with ERb, it was found that the SERMs tamox-
ifen, raloxifene, and ICI activated AP-1 sites also via ERb, but estradiol and DES
showed no transactivation. Moreover, estradiol and DES inhibited the SERM in-
duced ERb-dependent transcription from the AP-1 site [137]. Notably, the ICI
compound, which is considered to be a pure antiestrogen without estrogenic ac-
tivity in any tissue yet investigated, activated transcription via ER. This trans-
activational capability of ICI was supported by studies on DNA binding of ER
[58]. Pace and colleagues [58] showed that ICI stabilized the binding of ERb to
DNA, but not of ERa. The approach of Paige and colleagues [127] confirming
the different receptor conformation of estrogen or OHT complexed ER, as de-
scribed above, also revealed differences between ERa and ERb. The two ER sub-
types showed structural differences when bound to the same ligand [127].
These studies highlighted the potential of differential action of estrogens and
SERMs via ERa and ERb. Indeed, several SERMs and ICI showed differential
binding affinities to ERa and ERb and also different transactivational capaci-
ties [139]. The potential of ERb to mediate different or even antagonistic effects
when compared to ERa may also play a role in regard of EACs. Kuiper and col-
leagues [29] found for some phytoestrogens, like genistein, higher binding
affinities to ERb than to ERa. Accordingly, they also found stronger inhibition
of estradiol action on ERb than on ERa [29].

Another important factor for discrimination between estrogens and SERMs
or possibly EACs is cross-talk with other signaling pathways. Work from the
group of Benita Katzenellenbogen showed that enhancement of protein kinase
activity synergizes with ER mediated gene transcription (reviewed in [89, 140]).
This synergism can be abolished by pure antiestrogens, like ICI [140]. Kinase
pathways can also elevate agonistic action of tamoxifen and reduce its antago-
nistic activity, whereas no effect was seen for ICI [141]. These results indicate
that the described cross-talk of ER action could modulate or possibly reverse
the activity of SERMs. Estradiol also activates another mitogenic pathway, the
tyrosine kinase/p21ras/mitogen activated protein kinase (MAPK) signal trans-
duction cascade, which plays a major role in cell proliferation [142]. These pro-
liferation-enhancing pathways can be inhibited by ICI. Tamoxifen and ICI also
inhibit the mitogenic effects of estrogens via growth factors TGFa and IGF-I
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and cell cycle regulatory proteins (cyclin D1) (reviewed in [108]). In breast can-
cer cells, tamoxifen and ICI inhibited IGF-I action [143, 144], whereas only ta-
moxifen induced IGF-I in the uterus, which may then be responsible for its
uterotrophic response [145]. This emphasizes that differential cross-talk with
other signaling pathways could lead to a tissue-specific response of SERMs. The
above-mentioned induction of AP-1 activity by estrogens was seen in ER posi-
tive human breast cancer cells, but not in other cell types transiently transfected
with ER. Tamoxifen and ICI inhibited activation of growth factors via ER and
the AP-1 site in breast cancer cells [146]. These reports suggest that SERMs can
antagonize the mitogenic effects of estrogen in concert with other signal trans-
duction cascades in a cell-type specific manner.

Interaction of target cells with SERMs could also lead to a variety of effects
not directly mediated by the ER. These include degradation or loss of the re-
ceptor and could induce resistance to antagonistic activity of SERMs unfortu-
nately seen during the treatment of breast cancer with antiestrogens (for a re-
view see [108, 147]). Studies in vitro showed that cell lines growing in estrogen-
free medium for an extended period of time are losing functional ER and grow
maximally without estrogen [148–151]. The SERM tamoxifen stabilizes ER pro-
tein in cells, whereas ICI reduces ER protein levels, potentially leading to a loss
of ER and estrogen resistance [152].

The preceding sections showed that the actions of estrogens, anti-estrogens,
SERMs, or EACs are a complex array of the ER signal transduction and its in-
teraction with other cell signaling pathways. Katzenellenbogen and colleagues
[153] have proposed the tripartite model of receptor action. In this model, the
ligand-receptor complex defines the efficacy of the interaction with the so-
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Fig. 8. Schematic illustration of the complexity of ER mediated responses induced by differ-
ent ligands. Examples of the different variables are given in the boxes. On the top, the general
prerequisites, depending on the target cell or tissue, for ligand-induced ER action are shown.
How this action is mediated and modulated by is shown at the bottom. Arrows between the
boxes indicate the various possibilities of actions leading to different responses mediated by
the ligand bound to the ER. cERE, consensus ERE; nERE, non-consensus ERE; RRE, raloxifen
RE; AP-1, activator protein-1 binding site; SRC-1/GRIP1, co-activators; SMRT/NcoR/REA, co-
repressors; GF, growth factor; PK, protein kinase; egf, epidermal growth factor gene. See text
for details



called effector system. The receptor-effector complex then defines the re-
sponses or effects. The coupling of the ligand-receptor complex with the effec-
tor system comprises all modulating factors shown in Fig. 8. This scheme em-
phasizes the variety of factors modulating ER action induced by different lig-
ands. The respective ligand forces the receptor into a specific conformation.
Depending on the ER subtype present in the target cell, the accessibility of the
regulatory DNA sequences containing cERE, nERE, or antiestrogen response
elements (e.g., RRE) and the promoter being present, the active ER (as a homo-
and/or heterodimer) has to replace co-repressors and recruit co-activators to
transcribe a specific gene. All these modulating factors are dependent on the
cellular context and can be enhanced or inhibited by cross-talk with other sig-
naling pathways. The proteins expressed as a result of this complex concert
then exert their effects on the target cell and consequently define the tissue re-
sponse (Fig. 8).

In conclusion, the potency of the effect of the ER action induced by a specific
ligand, estrogen, antiestrogen, SERM, or EAC is not solely defined by the ligand
structure but rather by the interaction of the receptor-ligand complex with var-
ious modulating factors. The interplay between ligand bound ER and these fac-
tors determines the response depending on the target cell.

8
Endocrine Active Compounds: Estrogens or Antiestrogens, or Both?

A vast variety of xenobiotics has been shown to act via the ER. The complex
action of well studied compounds like tamoxifen via the ER, acting as estrogen
and anti-estrogen, exemplifies that the effects of one xenobiotic cannot be de-
duced from its structure or one functional assay alone. The term endocrine ac-
tive compound (EAC), therefore, describes the potential differential activity
better than the term xenoestrogen. Studies on the interaction with the ER in
vitro define the potential of a compound to interfere with ER signaling. The in
vivo effects of this compound can then be assessed in animal assays (for an
overview of screening and testing of EACs see [154, 155]). The potency of a
particular compound to disrupt the endocrine system is not a single function
of its receptor binding affinity, but rather is defined on the interaction of the
ligand-receptor complex with the transcription machinery and other signaling
pathways. Furthermore, the bioavailability of the compound (exposure vs in-
ternal dose), the time window of the exposure (e.g., critical developmental
stages, high proliferating tissues), potential synergistic or antagonistic effects
of chemical mixtures, metabolic activation or deactivation, and interaction
with other endocrine systems or receptors, such as Ah-receptor, retinoic acid
receptor, or androgen receptor, will certainly modulate the compound’s physi-
ological effects (for a discussion of doses and physiological effects of EACs see
[104, 156]).
It is therefore necessary to study thoroughly the cellular and molecular interac-
tions with the ER, regarding different target tissues, level of ER expression, cell
signaling pathways, and target genes in vitro and in vivo to assess the potential
of a chemical to disrupt ER mediated signaling.
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rupting properties of chemical substances and common mixtures. The program will evaluate
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are relatively rapid and inexpensive, and they allow for the testing of multiple chemicals over
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List of Abbreviations

BPA bisphenol A
E2 17b-estradiol
EDSP Endocrine Disruptor Screening Program
ER estrogen receptor
HPTE 2,2-bis(p-hydroxyphenyl)-1,1,1-trichloroethane
HRP horseradish peroxidase
RBA relative binding affinity
USEPA United States Environmental Protection Agency

1
Introduction

In response to concern over possible human exposure to endocrine active
chemicals, changes were made in 1996 to the Food Quality Protection Act and
the Safe Drinking Water Act which mandated the United States Environmental
Protection Agency (USEPA) to develop a screening and testing strategy for en-
docrine active chemicals by August 1998 and implement the plan by August,
1999. USEPA has proposed an Endocrine Disruptor screening program (EDSP)
to evaluate endocrine-disrupting properties of chemical substances and com-
mon mixtures. The program will evaluate more than 87,000 industrial chemi-
cals including commercial chemicals, active pesticides ingredients, ingredients
in cosmetics, nutritional supplements, and food additives. The enormous scope
of this program necessitates a tiered approach that will include priority setting,
Tier 1 screening, and Tier 2 testing. The priority setting and Tier 1 stages will
include in vitro tests designed to identify chemicals capable of interacting with
steroid hormone receptors.

In vitro assays for characterizing chemical interaction with steroid hormone
receptors include receptor binding, cell proliferation, and reporter gene assays.
Many of these in vitro assays can be adapted for use as screening tools and
some are likely to be considered by the USEPA as part of a screening strategy
for endocrine active chemicals. Moreover, in addition to their utility to screen
chemicals for interactions with steroid hormone receptors, in vitro assays can
be used to obtain mechanistic information that can aid in understanding and
predicting the in vivo effects of endocrine active chemicals.

2
Competitive Binding Assays

A competitive binding assay measures the binding of a single concentration of
radiolabeled ligand in the presence of various concentrations of competing un-
labeled ligand [1–3]. This is a rapid and inexpensive method for determining
whether a chemical interacts with the hormone-binding pocket (site) of a spe-
cific steroid hormone receptor [4–7]. Hormone receptor preparations can be
obtained from various tissue or whole cell homogenates, or as purified recom-
binant protein. The receptor is incubated with radiolabeled ligand in the pres-
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ence or absence of increasing concentrations of unlabeled test chemical. If the
chemical competes with the radiolabeled ligand for receptor binding it will dis-
place a fraction of the radiolabeled ligand from the receptor in a concentration
dependent manner. Receptor bound radiolabeled ligand is separated from un-
bound ligand by filtration, hydroxyapatite extraction, or other methods and
quantified by scintillation counting. Data can be analyzed by nonlinear regres-
sion to obtain an IC50, or the concentration of unlabeled ligand that displaces
50% of the bound radioligand from the receptor. The relative binding affinity
(RBA) is determined by dividing the IC50 value for a test chemical by the IC50
value for a standard receptor ligand or the radioligand itself. RBA values of test
chemicals can then be compared as a measure of their relative binding affinity
for the receptor. It is important to remember that the IC50 value is a property of
the experiment. By changing experimental conditions (such as changing the ra-
dioligand or its concentration, or changing the source of the receptor prepara-
tion) you can change the IC50.

A competitive binding assay comparing the relative estrogen receptor bind-
ing affinity of estradiol (E2) and bisphenol A (BPA), a monomer used in the
production of polycarbonate and epoxy resins, and 2,2-bis(p-hydroxyphenyl)-
1,1,1-trichloroethane (HPTE), a metabolite of the pesticide methoxychlor, is
presented in Fig. 1. The results show that BPA and HPTE have an approximately
3000-fold and 95-fold lower binding affinity for the estrogen receptor (ER), re-
spectively, than does E2.

A method that uses fluorescence polarization to monitor displacement of a
fluorescent ligand has recently been used to characterize chemical interaction
with the ER [8]. Fluorescent polarization is a measure of the speed of rotation
of a fluorescent molecule. When a fluorescently labeled ligand binds to a recep-
tor its size and rotation are altered. The polarization value is converted into the
concentration of bound ligand and the resulting binding data are analyzed as
described for traditional competitive binding assays. This method offers several
advantages over traditional binding assays in that it does not require radioac-
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Fig. 1. Competitive binding assay comparing the relative binding of estradiol and bisphenol
A to the purified recombinant human estrogen receptor. Estradiol, HPTE, and bisphenol A
were combined with 5 nmol/l [3H]-estradiol and recombinant human estrogen receptor.
After overnight incubation the receptor complex was precipitated with hydroxyapatite and
the radioactivity of the pellets was determined using a scintillation counter



tivity, no separation step is required since the method gives a direct measure of
bound versus free fluorescent ligand, and binding reaction kinetics can be mon-
itored.

Competitive binding assays are quick, sensitive, and specific, and they allow
for the testing of a chemical over a wide dose range. However, competitive bind-
ing assays do not distinguish between receptor agonists and antagonists. Thus,
from the results presented in Fig. 1 it cannot be determined whether BPA or
HPTE are ER agonists or antagonists. Competitive binding assays may also yield
false negative results if metabolic activation is required before binding to the
steroid receptor. In addition, results may be artifactual if the receptor is altered
by detergent or denaturation effects of a test chemical.

3
Yeast-Based Steroid Receptor Assays

Yeast do not contain endogenous steroid hormone receptors; however, mam-
malian steroid hormone receptors introduced into yeast function as steroid-de-
pendent transcriptional activators [9–15]. As a result, yeast serve as a useful tool
for studying mammalian steroid hormone receptor function in isolation from
confounding factors found in mammalian cells. To perform a yeast-based steroid
hormone receptor assay, DNA encoding a reporter gene linked to a steroid hor-
mone responsive element is introduced into the yeast along with DNA encoding
the appropriate steroid hormone receptor. The stably transfected yeast is incu-
bated with the test chemical for several hours and then lysed and assayed for re-
porter gene activity. Reporter genes used in these assays produce an easily mea-
surable protein product such as b-galactosidase and luciferase. Chemical inter-
actions with the receptor can be determined by measuring b-galactosidase
activity using a standardized enzyme assay on a microplate reader for b-galac-
tosidase or luciferase activity using a luminometer. The ER activity of E2, BPA
and HPTE were determined using a yeast-based ER assay (Fig. 2). The results
confirm initial findings obtained with a competitive binding assay that, like E2,
HPTE and BPA induce ER-mediated reporter gene activity.
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Fig. 2. Yeast-based estrogen receptor assay comparing the relative estrogenic activity of estra-
diol, HPTE, and bisphenol A. Yeast were incubated overnight with the indicated concentra-
tions. Following incubation the cultures were then assayed for b-galactosidase activity



A yeast-based steroid hormone receptor assay differs from a competitive
binding assay in that it not only determines the ability of a chemical to bind to
a receptor but also its ability to activate the receptor. Additional advantages of
using yeast to study steroid hormone receptor function include ease of manip-
ulation, rapid attainment of stable transformants, ability to process a large
number of samples quickly and inexpensively, and limited metabolic capabili-
ties. The yeast-base steroid hormone receptor assay has been used to charac-
terize the interaction of a number of chemicals with the human estrogen, an-
drogen, and progesterone receptors [16–29].

Recently a novel yeast-based assay was described that screened for chemicals
with steroid receptor activity by detecting the ability of chemicals to induce in-
teraction of nuclear hormone receptor with coactivators [30]. The assay utilizes
a two-hybrid system in which yeast are transformed with nuclear hormone re-
ceptors as well as coactivators known to interact with steroid receptors.
Transcription is induced if the test chemical interacts with the nuclear receptor
and induces a conformation of that receptor that facilitates interaction with the
coactivator. This assay may overcome differences in the transcriptional ma-
chinery that exists between yeast and mammalian cells.

Yeast assay systems vary in their ability to discriminate between agonists and
antagonists. In some systems pure antagonists such as ICI 164,384 behave as ag-
onists [20, 31–34]. Others have reported the ability to detect antagonists using
yeast-based assays [24, 26, 35].A disadvantage of a yeast-based assay is the pres-
ence of yeast cell wall and active transport mechanisms that may vary from
those found in mammalian cells and may affect the activity and potency of
some test chemicals.

4
Mammalian-Based Reporter Gene Assays

Mammalian-based reporter gene assays circumvent some of the problems as-
sociated with yeast-based reporter gene assays such as yeast-specific transcrip-
tional factors and differences in cell wall composition. In addition, unlike most
yeast-based assays, mammalian-based assays can distinguish between cell-spe-
cific steroid receptor agonists and antagonists. A number of different mam-
malian-based reporter gene assays have been developed to characterize the in-
teraction of chemicals with steroid receptors [3, 4, 6, 36–53]. For some assays, a
steroid-responsive reporter gene is transfected into a cell that already contains
the steroid receptor of interest, such as an ER-expressing human breast cancer
cell line. In other assays, a vector expressing the steroid receptor of interest and
a reporter gene are co-transfected into a cell that does not express sufficient lev-
els of the receptor of interest. The reporter gene may be linked either to a syn-
thetic steroid-responsive promoter or to a natural steroid-responsive promoter.
Utilization of mammalian cells allows the investigator to determine species, tis-
sue, and promoter-specific steroid hormone receptor-mediated responses to
various ligands of interest.

Calcium phosphate, DEAE-dextran, lipofection, and electroporation are the
most commonly used transfection methods to introduce (transfect) DNA into
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cells [54]. The first three methods enhance DNA interactions with the cell sur-
face and therefore augment DNA uptake by endocytosis. Electroporation relies
on electrically induced pores through which DNA passively enters. Expression
of transfected DNA can be monitored as early as 12 h and as late as 72 h after
transfection. Assays performed during this time interval are referred to as tran-
sient transfection assays. Transfected genes are gradually lost after 72 h. The
amount of DNA taken up by cells during transient transfections often varies
significantly. Cotransfection of multiple reporter genes provides a convenient
means of controlling for transfection variability. Cells are cotransfected with a
DNA mixture composed of two separate plasmids each harboring a different re-
porter gene, such as a steroid-responsive luciferase reporter gene and a b-galac-
tosidase reporter gene controlled by a constitutively active regulatory element.
The resultant activity of the steroid-responsive reporter is normalized to the ac-
tivity of the constitutively-expressed reporter.

DNA can be introduced into cellular chromatin to form stable transformants
at low frequency (0.001–1%). Stable transformants can be isolated under selec-
tive pressure. An advantage of a stable transformant is that a heritable genotype
is produced. Experiments can be performed without transfecting each time,
thereby improving reproducibility and making stable transformants more at-
tractive for major screening efforts. Benefits of transient transfections are that
they are more flexible and can be modified to study any receptor or reporter
gene of interest. In addition, transient transfections generally have a higher
level of reporter gene induction, thus increasing assay sensitivity.

The activities of E2, HPTE, and BPA were examined in human HepG2 he-
patoma cells transiently transfected with an estrogen receptor alpha expression
plasmid along with an estrogen-responsive luciferase reporter gene and a con-
stitutively expressed b-galactosidase reporter gene (Fig. 3). Transfected cells
were incubated overnight in the presence of E2, HPTE, or BPA. Following incu-
bation the cells were lysed and assayed for b-galactosidase and luciferase activ-
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Fig. 3. HepG2 estrogen receptor assay comparing the activity of estradiol, HPTE, and bisphe-
nol A. HepG2 cells were transiently cotransfected with human estrogen receptor, an estrogen
responsive luciferase reporter gene, and a constitutively active b-galactosidase reporter gene
(transfection control). The transfected cells were treated with estradiol or bisphenol A for
24 h and then assayed for both luciferase and b-galactosidase activities. Results are presented
as luciferase values normalized to b-galactosidase activity



ity. The assays were performed in 96-well plates, allowing for rapid quantifica-
tion of a large number of samples. The potency of BPA and HPTE relative to E2
in the HepG2 cells varies significantly from the relative potency for BPA deter-
mined in the yeast assay. The reason for this difference in relative potency be-
tween the HepG2 assay and the yeast assay may be due in part to the presence
of steroid hormone binding globulin that is in the serum-containing medium
used for the HepG2 assay and which is also produced by the HepG2 cells them-
selves. Some of the E2 added to the HepG2 cultures will bind to steroid hor-
mone binding globulin; as a result, less free hormone will be available for bind-
ing to the ER and that will cause a shift in the E2 dose-response curve to the
right. This assay has also been used to characterize chemical interactions with
the androgen receptor [40].

5
Cell Proliferation Assays

Cell proliferation assays are relatively easy to perform and only require cell cul-
ture facilities. Numerous human and rodent steroid-responsive cell lines de-
rived from mammary, uterine, ovarian, and prostatic tissue have been described
[38, 55–62].

One of the most commonly used cell lines for assessing chemical interaction
with the ER has been the MCF-7 human breast cancer cell line [55, 63, 64]. These
cells proliferate in response to estrogen. To perform a cell proliferation assay,
MCF-7 cells are plated in a medium containing serum that has been stripped of
endogenous hormones. Test chemical is added to the cultures and cells are al-
lowed to proliferate for five to six days. Proliferation can be determined by a
number of methods including counting cells or nuclei in a Coulter Counter or
by using indices of proliferation including the metabolic reduction of soluble 3-
(4,5-dimethylthiazol-2-yl)-2,5-diphenyltetrazolium bromide (MTT) or alamar
blue, and incorporation of tritiated thymidine. A chemical is designated an ER
agonist if it significantly increases cell proliferation relative to a control. A
chemical is an ER antagonist if it inhibits proliferation when added in culture
along with an inducing dose of E2. This assay is routinely performed in a 12-
well plate but can be adapted to a 96-well format [65].

Cell proliferation assays have several limitations. Other growth regulatory
factors and steroids such as insulin, insulin like growth factor, epidermal
growth factor, transforming growth factor-b, androgens, and retinoic acid can
alter cell proliferation [64, 66–74]. Thus a positive response cannot be attrib-
uted strictly to estrogen receptor agonists. In addition, cell lines undergo
genetic drift over time and, as a result, multiple strains of these cell lines exist
with varying responsiveness to steroids [63, 64, 75]. Thus it is important when
establishing a cell proliferation assay to screen for steroid hormone responsive-
ness. Once a steroid responsive strain has been obtained it must be carefully
maintained and monitored.

There are few cell culture models for studying chemical interaction with the
androgen receptor. The human prostate cell line LNCaP has been used as a
model to study androgen-induced cell proliferation [76–78]. However, the an-
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drogen receptor in this cell line has a mutation in the androgen binding domain
that alters binding and, as a result, this cell line may not be useful for screening
[79]. A nontumorigenic rat prostate epithelial cell line that responds to andro-
gens with enhanced proliferation has been described [60]. Cell lines have been
described which show inhibition of proliferation by androgens. MCF-7 cells
transfected with the androgen receptor are inhibited from proliferation by an-
drogens [61, 80, 81]. The utility of these cell lines as screening assays for chem-
ical interaction with the androgen receptor has yet to be determined.

6
Peptide Probes

Ligand binding to a steroid hormone receptor causes a conformational change
in that receptor. A recent publication described a method that used affinity-se-
lected, phage-displayed peptides to probe the conformational changes that oc-
cur with the ER after binding various ligands [82]. In this manuscript it was
demonstrated that different peptide-binding surfaces on the ER are exposed in
response to binding different ligands.

To perform a phage display assay ER is immobilized on 96-well plates and
then incubated for 1 h with test compound (Fig. 4). Phage expressing ER-spe-
cific peptides are added directly to the wells and incubated for 30 min. Unbound
phage is removed by washing and bound phage is detected by using antibody
coupled to horseradish peroxidase (HRP).Assays are developed and absorbance
measured in a microplate reader.

The authors demonstrate that a fingerprinting technique using multiple pep-
tides can be used to classify ER ligands quickly into different categories such as
agonist (resembling the E2 pattern), antagonist (resembling the ICI 182,780 pat-
tern), mixed agonists/antagonists (resembling the tamoxifen pattern), or novel
effectors. Fingerprints may also be used to determine structure activity rela-
tionships.

A strength of this fingerprinting technique is that it is broadly applicable to
any protein or receptor that undergoes structural changes on binding to a lig-
and or substrate. This method offers an advantage over a traditional binding as-
say in that additional information is gained regarding the type of interaction
(agonist vs antagonist). Another advantage of this assay over reporter gene as-
says and cell proliferation assays is that toxicity and metabolism are not a con-
cern. The reliability and utility of this assay for screening structurally diverse
endocrine active chemicals remain to be determined.

7
Summary

In summary, our results demonstrate the utility of in vitro assays for character-
izing chemical interaction with steroid hormone receptors. These assays are rel-
atively rapid and inexpensive, and they allow for the testing of multiple chemi-
cals over a wide dose range. As a screening tool, in vitro assays cannot account
for the complexity of an in vivo response but can help predict the type of re-
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Fig. 4 a – c. A Phage display assay. Biotinylated vitellogenin estrogen responsive element (ERE)
is immobilized on 96-well plates precoated with streptavidin. The ER is then immobilized on
the ERE before the addition of phage. HRP, horseradish peroxidase. B Fingerprint analysis of
ER modulators on ERa. C. Fingerprint analysis of ER modulators on ERb. Immobilized ER
was incubated with estradiol (1 mmol/l), estriol (1 mmol/l), premarin (10 mmol/l), 4-OH ta-
moxifen (4-OH Tam, 1 mmol/l), nafoxidine (10 mmol/l), clomiphene (10 mmol/l), raloxifene
(1 mmol/l), ICI 182,780 (1 mmol/l), 16a-OH estrone (10 mmol/l), diethylstilbestrol (DES,
1 mmol/l), or progesterone (Prog, 1 mmol/l). Adapted from [82] with permission from the
National Academy of Sciences, USA

a

b c



sponse to expect in vivo. In addition, these assays are useful for gaining mech-
anistic information that can be used in the design and interpretation of in vivo
studies.
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Steroid hormone receptors regulate embryonic development and sex differentiation by acting
as ligand inducible transcription factors. Disrupting these processes can result in transient
yet irreversible developmental defects. Several environmental chemicals have recently been
identified with antiandrogen activity that have the potential to disrupt normal male sex de-
velopment in utero. Detection of chemicals with the potential to disrupt normal androgen ac-
tion is critical to protect human and ecological health. The molecular mechanisms by which
several of these environmental chemicals act have been characterized and yielded insight into
the development of in vitro and in vivo screening assays to detect chemicals with antiandro-
gen activity. These mechanisms and efforts to develop screening assays are discussed in the
context of current endocrine disruptor screening and testing strategies.
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List of Abbreviations

AR androgen receptor
DDT 1,1,1-trichloro-2,2-bis(p-chlorophenyl)ethane
DHT 5a-dihydrotestosterone
ED endocrine disruptor
EDSP EPA Endocrine Disruptor Screening Program
EDSTAC Endocrine Disruptor Screening and Testing Advisory

Committee
EPA US Environmental Protection Agency
HPTE 2,2-bis(p-hydroxyphenyl)-1,1,1-trichloroethane
M1 {2-[(3,5-dichlorophenyl)-carbamoyl]oxy}-2-methyl-3-butenoic

acid
M2 3,5-dichloro-2-hydroxy-2-methylbut-3-enanilide
methoxychlor 2,2-bis(p-methoxyphenyl)-1,1,1-trichloroethane
MPA medroxyprogesterone acetate
N/C AR NH2-/carboxyl-terminal
OECD Office of Economic Cooperation and Development
p,p¢-DDE 1,1-dichloro-2,2-bis(p-chlorophenyl)ethylene
procymidone N-(3,5-dichlorophenyl)-1,2-dimethylcyclopropane-1,2-dicar-

boximide
R1881 methyltrienolone
US United States
vinclozolin 3-(3,5-dichlorophenyl)-5-methyl-5-vinyloxazolidine-2,4-dione

1
Introduction and Background

Chemicals enter the environment through a number of routes, the most preva-
lent being from the use of pesticides, herbicides, and fungicides and from waste
water. Some of these chemicals have structural features that allow them to bind
to different classes of nuclear receptors within the endocrine system.

Steroid hormone receptors regulate embryonic development and sex differ-
entiation by acting as ligand inducible transcription factors. Disrupting these
processes can result in transient yet irreversible developmental defects. Several
environmental chemicals have recently been identified with antiandrogen ac-
tivity that have the potential to disrupt normal male sexual development in
utero. In all instances thus far, the parent chemicals that were used in the envi-
ronment as fungicides or pesticides themselves were mostly biologically inac-
tive in terms of endocrine mechanisms. Each had to be metabolized in the body
or bioactivated in the environment to compounds with potent antiandrogen ac-
tivity. The environmental antiandrogens discovered thus far include the M2
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metabolite of vinclozolin, a fungicide used widely in the treatment of fruit
crops. A second is p,p¢-DDE which is the long acting stable metabolite of p,p-
DDT, a pesticide that was banned in the United States but continues to be used
in neighboring countries such as Mexico from where the US imports food prod-
ucts. The most recent environmental antiandrogen identified is HPTE, the ac-
tive metabolite of methoxychlor and an ingredient presently in use in house-
hold pesticides and marketed throughout the United States.

The study of these so-called environmental endocrine disruptors (EDs) is
critically important at this time because a wide variety of chemicals have the
potential to impact adversely human reproductive health. Adverse reproductive
effects are being observed in wildlife populations living in highly contaminated
areas, such as the demasculinization of male alligators in Lake Apopka, Florida
[1]. Inadvertent exposure to environmental chemicals may account for the re-
ported increases in human developmental abnormalities such as hypospadias
in the newborn male. The above-mentioned demasculinization of male alliga-
tors was due to contamination with p,p-DDT and other organochlorine pesti-
cides. Our studies have focused on environmental chemicals that cause devel-
opmental reproductive effects through mechanisms directly involving the an-
drogen receptor (AR). Other pathways for endocrine disruption include the
inhibition of steroid hormone biosynthesis, transport, and degradation.

Public concern with EDs has driven the United States public policy makers
to mandate, via the Food Quality Protection Act (Public Law 104–170) and the
Safe Drinking Water Act (Public Law 104–182), that the US Environmental
Protection Agency (EPA) develop and implement a screening and testing pro-
gram for environmental chemicals that produce estrogen-like, antiandrogen,
or other effects as deemed appropriate by the EPA. While media attention and
scientific reports have been instrumental in bringing the field of endocrine 
disruption to the forefront of scientific research, definitive data will be required
to ensure public safety.

As scientists in this developing field of endocrine toxicology, we believe that
the mechanistic information inherent to in vitro screening assays should be
combined with information from more apical short-term in vivo tests in order
to support hazard assessment issues for endocrine active chemicals. The devel-
opment of specific ED screening strategies will improve our ability to identify
and evaluate, in the context of production volume and environmental exposure
data, the potential of chemicals to induce adverse effects in wildlife and/or hu-
man populations. In addition to efforts within the United States, other countries
led primarily by Japan, and the Office of Economic Cooperation and Devel-
opment (OECD) member countries, are developing approaches to screen chem-
icals for endocrine activity. Standardization of definitive, sensitive and accurate
ED screening assays among all countries should be a high priority.

In response to the US Congressional mandates outlined above, the EPA
formed the Endocrine Disruptor Screening and Testing Advisory Committee
(EDSTAC). The EDSTAC committee was comprised of stakeholders from gov-
ernment, industry, academia, and special interest groups and was charged with
recommending a strategy to screen chemicals for endocrine activity. The 
EDSTAC recommended that EPA broaden its scope to include screening chem-
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icals for estrogen, androgen, and thyroid hormone activity, and to expand the
screening process itself to include non-mammalian species such as avian, am-
phibian, and aquatic species. The comprehensive screening program recom-
mended by EDSTAC is a two-tiered strategy. Tier I screening assays are de-
signed to detect chemicals with the ability to interact with the endocrine sys-
tem, while tier II testing determines and characterizes the endocrine disrupting
effects for subsequent hazard assessment.

Before implementation of tier I screening, EDSTAC recommended that the
87,000 chemicals in the EPA database be prioritized using factors such as pro-
duction volume, potential for human exposure, and high-throughput prescreen-
ing for estrogen, androgen, and thyroid hormone receptor activity. While indus-
try in the United States generally applauds a prioritization process, there has been
concern that high-throughput prescreening could prematurely and perhaps in-
appropriately label a commodity chemical as an ED. A concern among industry
is the availability of definitive tier I screens at the time of high-throughput pre-
screening so that positive chemicals can be definitively assessed in more compre-
hensive tier I screens before being prematurely labeled and deselected by the
public. The role and implementation of high-throughput prescreening in the EPA
Endocrine Disruptor Screening Program (EDSP) has yet to be defined.

Assays recommended for tier I screening include in vitro receptor binding
and transcriptional activation assays together with short-term in vivo assays.
The objective of tier I screening is to determine the ability of chemicals to in-
teract with the estrogen or androgen receptor and/or influence thyroid hor-
mone action. Transcriptional activation assays are preferred over receptor
binding because agonist and antagonist activities can be distinguished. The
ability of increasing concentrations of exogenous chemical to induce reporter
gene expression in a dose-response manner is indicative of agonist activity,
while the ability of the same doses to reduce agonist-stimulated expression is
indicative of antagonist activity.Antagonist activity must be distinguished from
cell cytotoxicity, as both mechanisms reduce reporter gene expression.

Assays recommended for in vivo tier I screening include short term animal
studies such as the Hershberger assay. This assay assesses the ability of exoge-
nous chemicals to increase sex accessory organ wet/dry weight in either imma-
ture intact male rats or castrated adult male rats. Its basis is that androgens bind
the AR in sex accessory organs to increase the rate of cell growth and/or de-
crease the rate of apoptosis. The Hershberger assay has been a standard bioas-
say for antiandrogen activity in the pharmaceutical industry for years. Both the
immature and adult rat assays detect ED activity; however, the timing of dosing
is far more critical with intact immature rats, as the results can be confounded
by changes in body weight. Both assays are being examined in detail in the
United States, Europe, and Japan. In addition to the Hershberger assay, a 15-day
adult or 28-day pubertal male repeat-dosing assay has been recommended to
screen chemicals for antiandrogen as well as thyroid hormone activity. Details
of these procedures can be found in appendix L in the finalized EDSTAC docu-
ment on the world wide web at http://www.epa.gov/opptintr/opptendo/.
Concerted efforts to develop and standardize these in vitro and in vivo test
methods among countries and regulatory agencies is an important goal. We fa-
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vor accreditation of endocrine disruptor testing labs based on performance in
assessing ED activity using a standard general protocol and a set of standard
chemicals with known activity. Predefined assay performance criteria would
then be used to assess the ability of the individual labs and their specific proto-
cols to conduct adequately ED studies.

This review focuses on the molecular mechanisms by which environmental
antiandrogens inhibit androgen activity using as examples specific environ-
mental antiandrogens discovered to date. Androgen action and the role of an-
drogens in normal sex differentiation and development are discussed. Data in-
dicating additive interactions at the level of the AR are presented as examples of
mixtures acting through common mechanisms, a topic important to the char-
acterization of relative risk to human and ecological health. Finally, suggestions
are presented to harmonize tier I in vivo screening assays among the EPA
Endocrine Disruptor Screening Program, the High-Production Volume screen-
ing program, and the Children’s Health Test Rule. The reader is referred else-
where for discussions of general mechanisms of environmental EDs [2–5], ef-
fects of environmental EDs on wildlife [6, 7], effects of environmental estrogens
in the male [8], clinical implications of these chemicals in humans [5, 9], and
proposed research needs for risk assessment [10].

2
Mechanisms of Androgen Action

Testosterone is the major circulating form of the biologically active androgens.
Testosterone is metabolized to 5a-dihydrotestosterone (DHT) (Fig. 1) in pe-
ripheral tissues. Both testosterone and DHT bind the same AR; however, DHT is
more potent because of its slower dissociation rate [11] which imparts greater
stabilization of the AR against degradation [12]. High affinity androgen bind-
ing induces an intermolecular interaction between the NH2- and carboxyl-ter-
minal regions of AR that facilitates AR dimerization and stabilization [13, 14].
The N/C mediated dimerization is required for agonist activity at low physio-
logical androgen concentrations [15]. Receptor dimerization is necessary for
specific DNA binding and subsequent transcriptional activation [16].

Antiandrogen binding induces a different conformation of the AR which can
disrupt the NH2-/carboxyl terminal interaction. In most cases of moderate
affinity antagonists, this results in loss of DNA binding and thus loss of andro-
gen induced transcriptional activation. However, certain higher affinity antian-
drogens may compete for androgen binding but display partial agonist activity
at sufficiently high concentrations. It remains to be established by what mecha-
nisms higher affinity antagonists have dual functions as androgen antagonists
and agonists. Thus far androgen antagonists, particularly those identified
among the environmental chemicals, are amongst a group known as type 1 an-
tagonists. These bind steroid receptors but prevent receptor binding to DNA.
This applies to the metabolites of the fungicide, vinclozolin [17], and the pesti-
cide, p,p¢-DDT [18]. There are several possible mechanisms for AR inhibition by
low to moderate affinity binding chemicals. These include increased AR degra-
dation due to the absence of the NH2-/carboxyl-terminal interaction or in-
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Fig. 1. Chemical formulae of androgens, antiandrogens, and environmental antiandrogens
and parent compounds. Shown are the chemical structures of the biologically active andro-
gens, testosterone and dihydrotestosterone; the synthetic androgen methyltrienolone
(R1881); the fungicide vinclozolin (3-(3,5-dichlorophenyl)-5-methyl-5-vinyloxazolidine-2,4-
dione) and its metabolites, M1 ({2-[(3,5-dichlorophenyl)-carbamoyl]oxy}-2-methyl-3-
butenoic acid) and M2 (3,5-dichloro-2-hydroxy-2-methylbut-3-enanilide); the antiandrogens
hydroxyflutamide and cyproterone acetate; the pesticide p,p’-DDT and its biologically stable
metabolite, p,p¢-DDE; the fungicide procymidone; the pesticide methoxychlor (2,2-bis(p-
methoxyphenyl)-1,1,1-trichloroethane) and its metabolite HPTE (2,2-bis(p-hydroxyphenyl)-
1,1,1-trichloroethane); and the synthetic progestin medroxyprogesterone acetate (Provera)



creased dissociation of bound ligands that fail to stabilize the AR. Environ-
mental antiandrogens may prevent AR dimerization or cause the release of re-
ceptor associated proteins that are necessary for specific DNA binding and
transcriptional activity, or for the association of corepressors that inhibit tran-
scriptional activation.

3
Alterations in Sex Differentiation

Disruption of male sex differentiation and development in utero is not lethal.
Deviations in sex development of the newborn have been observed in wildlife
and humans populations. Genetic sex determined at fertilization results in the
expression of the SRY gene on the Y chromosome [19] which directs differen-
tiation of the indifferent gonad into testes that produce testosterone, which in
turn induces differentiation of the male internal ducts and external genitalia
[20]. During human fetal development, testosterone synthesis begins at about
65 days gestation, inducing the formation of the epididymides, vas deferens, and
seminal vesicles from the Wolffian ducts. DHT, a testosterone metabolite, in-
duces development of the prostate and male external genitalia. In the absence
of testosterone, or in complete androgen blockade due to antiandrogens or to
mutations in the AR gene, the female external phenotype is expressed in the
46XY individual independent of the presence of an ovary. A single gene for the
AR is expressed on the long arm of the X chromosome at Xq11–12 [21] that
codes for the 114 kDa AR comprised of 919 amino acids [22].

An important consideration in establishing the potential detrimental effects
of environmental EDs is their ability to interfere with fetal development, par-
ticularly in the male. Since the male fetus depends on androgen exposure at
critical periods during gestation, competing chemicals at this time have the po-
tential to cause irreversible developmental changes as the male reproductive
system is sensitive to low dose chemical disruption. Even though chemical ex-
posure may be transient, the effects on reproductive capacity can be irre-
versible. The enhanced sensitivity of the developing male fetus to antiandrogen
effects of environmental chemicals likely results from reduced levels of circu-
lating endogenous androgens. Thus, endocrine disruption in the fetus is more
likely to occur than in the adult environment where circulating androgen levels
are higher. Another consideration that complicates cause and effect evaluations
of environmental chemicals is that functional alterations may not manifest un-
til later in life. It is therefore the developing fetus that is a primary focus for en-
docrine disruption by environmental chemicals with antiandrogen activity. Our
studies have focused on environmental chemicals that cause developmental re-
productive effects through mechanisms directly involving the AR. Other path-
ways for endocrine disruption include the inhibition of steroid hormone
biosynthesis, transport, and degradation.
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4
Environmental Antiandrogens

The properties of several environmental chemicals that have antiandrogen ac-
tivity both in vitro and in vivo are described below. To date relatively few chem-
icals have been tested for ED activity. This results in part from the labor inten-
sive methods required for detecting these activities. However, as in vitro meth-
ods for screening and testing chemicals for ED activity become automated,
more will likely be identified. Furthermore, more diverse mechanisms of inhi-
bition may be discovered that involve receptor stabilization, DNA binding, and
coactivator interactions. A summary of the properties of the environmental an-
tiandrogens discovered thus far is shown in Table 1.

The environmental antiandrogens identified have only moderate to low
binding affinity for the AR in the micromolar range, compete for testosterone
or DHT binding to the AR, and inhibit AR binding to androgen response ele-
ment DNA resulting in inhibition of transcriptional activation [17]. However,
some environmental compounds may be discovered that belong to a group of
higher affinity antagonists that display partial agonist activity at high concen-
trations. It is the dilemma of both antagonist and agonist activity by the same
compound that has raised mechanistic questions.

We [17] and others [23, 24] have proposed that antagonism of steroid recep-
tors results from the formation of dimers where each steroid receptor monomer
is bound with a different ligand. Same ligands bound to both receptor
monomers would result in agonism. These mechanisms could explain why, un-
der some conditions, antagonists are partial agonists as recently shown for es-
triol. When administered repeatedly, estriol is an agonist, but when given in the
presence of estradiol it acts as an antagonist [24]. We observed similar results
with pharmaceutical antagonists, although as yet not with the environmental
antiandrogens.
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Table 1. Summary of the properties of three environmental chemicals with antiandrogen ac-
tivity. The pesticides DDT and methoxychlor are each metabolized to active compounds p,p¢-
DDE and HPTE, respectively, which bind the AR with moderate affinity and act to inhibit
transcriptional activation mediated by the AR [18, 37]. Properties of the active metabolite M2
of the fungicide vinclozolin were previously described [17, 27]. Inhibition constants (KI) were
determined using rat ventral prostate cytosol as previously described [18]. The N/C interac-
tion, DNA binding and transactivation assays were performed as previously described
[13–15, 17]

Environmental antiandrogens

Environ- Parent Active KI Inhibit AR Inhibit AR
mental use compound metabolite mmol/l N/C inter- DNA bind-

action ing/transact

Pesticide DDT p,p¢-DDE 3.5 + +
Pesticide Methoxychlor HPTE 1.4 + +
Fungicide Vinclozolin M2 9.7 + +

+ indicates activity detected in the assay.



It is conceivable that the formation of mixed-ligand dimers causes rapid dis-
sociation of androgen. Under normal conditions, androgen dissociates from the
AR with slow kinetics, with a dissociation t1/2 of about 2.8 h at 37°C determined
using the synthetic radiolabeled, high-affinity AR agonist, [3H]methyl-
trienolone ([3H]R1881) [12]. Preliminary studies with certain high affinity an-
tagonists indicate that they dissociate from AR with rapid kinetics, t1/2 5 min at
37°C [15]. The presence of an antagonist in the AR dimer may enhance the dis-
sociation of bound androgen.AR would be more rapidly degraded and thus un-
available to activate transcription, resulting in androgen antagonism. This pu-
tative mechanism may account for the antiandrogen activity of the environ-
mental chemicals discovered thus far. The mixed-ligand dimer-induced rapid
dissociation is consistent with empirical data for the dicarboximide fungicides,
p,p¢-DDE and methoxychlor.

4.1
Dicarboximide Fungicides

Vinclozolin (3-(3,5-dichlorophenyl)-5-methyl-5-vinyloxazolidine-2,4-dione) (see
Fig. 1) is a dicarboximide fungicide used in the United States and Europe to pro-
tect crops from fungal disease. In studies performed at the US EPA, exposure of
pregnant rats to 100 mg/kg/day vinclozolin from gestational day 14 to postna-
tal day 3 caused reduced anogenital distance in male pups, nipple development,
cleft phallus with hypospadias, suprainguinal ectopic testes, vaginal pouches,
and atrophy of the seminal vesicles and prostate [25, 26]. Exposure to
50 mg/kg/day vinclozolin during gestational day 14 to postnatal day 3, the crit-
ical period of sex differentiation in the rat, resulted in infertility and reduced
sperm counts in adult male offspring associated with severe hypospadias. The
results confirm that the developing fetus is sensitive to endocrine disruption by
environmental chemicals.

The antiandrogen activity of vinclozolin results from its metabolic conver-
sion to M1 ({2-[(3,5-dichlorophenyl)-carbamoyl]oxy}-2-methyl-3-butenoic
acid) and M2 (3,5-dichloro-2-hydroxy-2-methylbut-3-enanilide) (Fig. 1). It is
these biologically active metabolites that inhibit androgen binding to AR [27]
with subsequent inhibition of AR DNA binding and transcriptional activation
[4]. It is noteworthy that there is structural similarity between M1, M2, and the
potent antiandrogen, hydroxyflutamide [17]. Molecular studies with trans-
fected CV1 cells expressing human AR indicate that both M1 and M2 inhibit an-
drogen-induced transcriptional activation. Electrophoretic mobility DNA band
shift assays demonstrate an inability of antiandrogen-bound AR to bind andro-
gen response element DNA, accounting for transcriptional inhibition [17].

Procymidone (N-(3,5-dichlorophenyl)-1,2-dimethylcyclopropane-1,2-dicar-
boximide) (Fig. 1) is another dicarboximide fungicide currently in use in
Canada, Europe, and Japan, and approval is being sought in the United States.
The parent compound has a low affinity for AR [28, 29] but preliminary evi-
dence indicates that treatment of COS cells expressing human AR with pro-
cymidone causes AR import to the nucleus and inhibition of AR androgen
binding. In transcriptional activation studies using CV-1 cells, procymidone in-
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hibits DHT-induced transactivation [30]. Procymidone has been shown in ear-
lier studies at the Environmental Protection Agency to inhibit male sexual dif-
ferentiation following in utero exposure similar to the results with vinclozolin,
although the potency of procymidone was approximately 2.5-fold less than that
of vinclozolin [30]. When administered to rats, procymidone causes increased
serum testosterone levels, and in competitive binding studies has a low affinity
for AR [28, 29]. Like the other environmental antiandrogens, procymidone is
likely metabolized to an active compound yet to be identified.

4.2
p,p’-DDT

DDT (1,1,1-trichloro-2,2-bis(p-chlorophenyl)ethane) is an organochlorine pes-
ticide that was banned from use in the United States in 1973.Yet DDT continues
to be produced and shipped to neighboring countries and worldwide. DDT 
is metabolized to p,p¢-DDE (1,1-dichloro-2,2-bis(p-chlorophenyl)ethylene)
(Fig. 1) which bioaccumulates in the environment with a half-life in the body of
more than 50 years. When administered to pregnant rats from gestational day
14 to 18, p,p¢-DDE (100 mg/kg/day) reduces anogenital distance and causes re-
tention of thoracic nipples in male progeny [18], both indicative of prenatal an-
tiandrogen exposure [31]. p,p¢-DDE binds AR with moderate affinity and in-
hibits DHT-induced transcriptional activation with a potency similar to that of
the antiandrogen, hydroxyflutamide [18]. Although DDT persists in the envi-
ronment, it remains to be established to what extent it is a threat to the human
population, particularly from imported food. Its effectiveness in malaria con-
trol made it the pesticide of choice in many developing countries.

The in vivo and in vitro effects of environmental antiandrogens were re-
cently summarized [10].

4.3
Methoxychlor

Methoxychlor (2,2-bis (p-methoxyphenyl)-1,1,1-trichloroethane) is a DDT ana-
logue currently in use as a pesticide in the United States and worldwide. Like the
environmental antiandrogens described above, methoxychlor is metabolized to
an active metabolite, HPTE (2,2-bis(p-hydroxyphenyl)-1,1,1-trichloroethane)
(Fig. 1). Methoxychlor is a well recognized environmental estrogen that in-
creases uterine weight, glycogen deposition, and ornithine decarboxylase activ-
ity in immature or ovariectomized adult rat uterus [32–34] and causes preco-
cious vaginal opening, vaginal cornification, and permanent estrus in adult fe-
male mice and rats exposed neonatally [35, 36]. Methoxychlor induces estrogen
receptor dependent MCF-7 cell proliferation and reporter gene activity follow-
ing transient and stable transfection [37]. Despite its known estrogen activity,
methoxychlor and HPTE were tested for antiandrogenic activity. In addition to
confirming the estrogenic activity of HPTE using a human mammary carci-
noma MCF-7 cell proliferation assay and stable transfection assays, HPTE is a
potent environmental antiandrogen [37]. Methoxychlor administered to adult
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male rats delays the age of balano-preputial separation and decreases seminal
vesicle weight despite normal plasma levels of testosterone, prolactin, and
luteinizing hormone, suggesting a dual potential to act as an estrogen agonist
and androgen antagonist. HPTE is likely the active antiandrogen because it, and
not the parent compound, methoxychlor, competes for AR binding of
[3H]R1881 and inhibits androgen-induced transcriptional activation in tran-
sient transfection assays. Like the metabolites of DDT and vinclozolin, HPTE
acts as an antiandrogen by inhibiting AR binding to androgen response element
DNA [37]. In light of the apparent dual activities of HPTE as an ER agonist and
AR antagonist in cell-free equilibrium binding assays, transfected cell lines, and
in vivo, HPTE has the potential to disrupt reproductive development and func-
tion through separate steroid receptor pathways. As some male developmental
processes are adversely affected by both ER agonists and AR antagonists, these
results provide a mechanism for synergistic toxicity by single environmental
chemicals through dual steroid receptor pathways.

5
Additivity Effects of Environmental Antiandrogens:
Mixtures and Common Mechanisms

Single chemical exposures are rare in biological systems. Even in the laboratory
setting where test systems such as cells, tissue slices, or animals are dosed with
presumed single chemicals, exposure is often to a complex mixture of vehicle,
test chemical metabolites, and/or stereoisomers of the parent chemical. In the
field or work environment, multiple chemical exposures are commonplace. The
issue of multiple chemical exposure and chemical interactions has surfaced in
the ED field. A question of fundamental importance to the US EPA is how to as-
sess the effects of exposure to mixtures of endocrine active environmental
chemicals. This task is complicated because single formulated products pur-
chased by the consumer are often themselves mixtures of surfactants, safeners,
and active ingredients, each of which may exhibit hormone or antihormone ac-
tivity. In the simplest case of chemical mixtures acting through a common re-
ceptor mechanism, empirical data suggest that interaction effects of antiandro-
gens on AR-induced transcriptional activation are approximately additive in
magnitude rather than synergistic, suggesting that a toxic equivalency factor
approach is appropriate.

The toxic equivalency factor method was proposed for use in human and
ecological risk assessment for polyhalogenated aromatic hydrocarbons acting
at the level of the arylhydrocarbon receptor [38]. This method assigns a frac-
tional potency of a chemical relative to a standard and is calculated as the ratio
of ED50 (the dose that causes 50% effect) values. Fractional potency is multi-
plied by the tissue concentration of the chemical to determine its toxic equiva-
lence relative to the standard. The toxic equivalency factor method assumes that
chemical interaction is additive, so that toxic equivalents for all chemicals in a
complex mixture can be simply added to determine the total equivalents con-
centration. The assumption of additivity and the toxic equivalency factor ap-
proach appears to be appropriate for risk assessment of chemicals acting
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Fig. 2 A , B. Hypothetical three-dimensional contour plot of the additive effects of: A weak;
B high affinity antihormones on transcriptional activation as a function of the final concen-
tration of both chemicals in the mixture and the relative percent of one chemical in the mix-
ture to the other. As the antihormone potency of the mixture increases, the slope of the plane
increases
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through the arylhydrocarbon receptor [39], is generally thought to be appro-
priate for the nuclear steroid hormone receptors, and has recently been applied
to environmental endocrine active substances [40, 41], although more than ad-
ditive [42, 43] and less than additive [44] effects have been observed.

The transcriptional effects of two chemicals interacting at the level of the AR
is itself complex. The response can be additive, less than additive, or more than
additive compared to either chemical acting alone. The molecular mechanism
for the altered response to multiple ligands can involve competition among lig-
ands for monomer binding, the formation of same or mixed-ligand receptor
dimers that intrinsically activate or inhibit transcription, and/or the competi-
tion of same vs mixed-ligand dimers for binding to regulatory regions of an-
drogen dependent genes, or specific co-activator/co-repressor proteins manda-
tory for transcriptional activity. The measured effect is thus altered as a result
of exposure to multiple chemicals.

To assess the interaction effects of environmental antiandrogen mixtures on
transcriptional activity, a Chinese hamster ovary cell line that stably expresses
the recombinant human AR together with a mouse mammary tumor virus-dri-
ven luciferase reporter was developed. While many different statistical and
methodological approaches have been used to analyze chemical interaction

Fig. 2 . (continued) C Hypothetical plot of the additive effects of different potency antihor-
mones on transcriptional activation. As the potency of one of the chemicals in the mixture
increases relative to the other, the plane slopes toward the more potent chemical. These three-
dimensional contour plots in Fig. 2A–C provide a quick method to visually inspect mixture
data for additive interactions and relative potency
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Fig. 3 A, B. Three-dimensional contour plot of empirical data representing the additive effects
of: A moderately potent; B weak antiandrogenic chemicals on transcriptional activation as a
function of the final concentration of both chemicals in the mixture and the relative percent
of one chemical in the mixture to the other. HPTE and M2 are equipotent antiandrogens with
a moderate potency in inhibiting DHT-induced AR-mediated transcriptional activation. The
effects of these two chemicals are interpreted to be additive since a plane is produced with a
moderately steep slope (A). In contrast, vinclozolin and its metabolites are more potent an-
tiandrogens than procymidone or its metabolites, leading to an additive interaction where
the plane slopes toward the reader (B)
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data [45–51], a simple three-dimensional contour plot of the transcriptional ac-
tivity of two interacting chemicals as a function of both final mixture concen-
trations and the ratio of one chemical to the other in the mixture is useful for
visual inspection of the data. In our studies with environmental antiandrogens,
the resulting contour plot approximates a geometric plane where the slope of
the plane for two equipotent chemicals reflects total antiandrogenic potency.
Flat-sloped planes are indicative of weak antiandrogenic potency (Fig. 2A) and
steep-sloped planes indicate strong antiandrogenic potency (Fig. 2B). Mixtures
of two chemicals that are not equipotent result in a plane that tilts toward the
corner representing the more potent chemical in the mixture (e.g., chemical B
in Fig. 2C).

Empirical data from four of the antiandrogenic chemicals discussed above
are presented in Fig. 3A, B. Mixtures of moderate affinity equipotent antian-
drogens such as HPTE and M2 result in a plane with moderate slope, while in-
teraction effects between the more potent antiandrogen vinclozolin with the
less potent procymidone result in a plane tilted toward the reader or toward the
corner representing the highest ratio of vinclozolin. The fact that the response
surface is a plane suggests that all of the interaction effects of these chemicals

Fig. 4. Three-dimensional contour plot of the effects of two antihormones that interact syn-
ergistically to inhibit transcriptional activation. These hypothetical data are plotted as tran-
scriptional activity as a function of the final concentration of both chemicals in the mixture
and the relative percent of one chemical in the mixture to the other. A concave surface is pro-
duced representing the greater effect on transcriptional activation when both chemicals are
present in equimolar amounts. A convex surface would be expected for two chemicals that
acted synergistically as receptor agonists



on AR-induced transcriptional activity are additive. More than additive antian-
drogenic effects would result in a concave response surface similar to that illus-
trated in Fig. 4. While these experiments have been engineered to be simple in
design, i.e., interactions through a single receptor via a common mechanism,
the results support the assumption of additivity for simple mixtures of antian-
drogenic chemicals.

6
Screening Assays for Measuring AR Agonist and Antagonist Activities
of Environmental Chemicals

Detecting ED activity in chemicals that are introduced to the environment 
has become a pressing issue. The United States Environmental Protection
Agency is presently issuing guidelines that will require the testing of new and
existing chemicals for ED activity. With evidence for decreasing sperm counts
in some parts of the world, an increasing incidence of hypospadias deform-
ity (incomplete masculinization of the external genitalia) in newborn males,
and the widespread importation of food products from other countries, it is 
increasingly important that chemicals with antiandrogen activity be identi-
fied.

A number of assays have been developed to determine AR agonist or antag-
onist activity. These include ligand binding, DNA binding, and transcriptional
activation or inhibition assays in yeast or mammalian cells. These approaches
provide a first step toward the identification of potential EDs, but must be fol-
lowed by in vivo whole animal experiments to clarify the role of ligand metab-
olism and body clearance rates that could activate, inactivate, concentrate, or
minimize the parent compound. Environmental antiandrogens identified to
date require metabolic conversion to the active forms. It is our experience, how-
ever, that some metabolites formed in vivo are recapitulated in cell culture. A
potential complication particularly in yeast is that metabolism of the parent
compound and the presence of steroid transporters [52] differ between yeast
and mammalian cells and tissues in vivo.

6.1
Ligand Binding

Competitive binding assays using [3H]R1881 can establish the apparent equi-
librium inhibition constant of unlabeled compounds. Assays are performed us-
ing monkey kidney COS cells transfected with the full-length human AR ex-
pression vector pCMVhAR [17]. Because the amino acid sequence of the rat and
human AR steroid binding domains are identical, similar studies are performed
using rat tissue extracts [18]. However, in the latter case, care must be taken to
minimize proteolytic breakdown of AR, particularly in androgen responsive
tissues such as prostate [53]. Cells are labeled with [3H]R1881 in the presence
and absence of test compounds. Inhibition of [3H]R1881 binding using concen-
trations of the test chemicals up to 50 mmol/l is indicative of AR binding. Higher
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concentrations can cause cell toxicity and therefore would not reflect binding
inhibition.

6.2
DNA Binding and Transcriptional Activation Assays

DNA binding assays make use of baculovirus expressed human AR because suf-
ficient quantities of soluble receptor can be obtained. The use of 32P-labeled,
double-stranded oligonucleotides with androgen response element sequence
allows for the visualization of AR-DNA complexes in nondenaturing gels [16,
17, 37]. Androgen agonists promote AR DNA binding whereas antagonists dis-
rupt this activity.

Compounds are also tested in transient cotransfection assays in monkey kid-
ney CV1 cells to establish their effect on androgen-induced AR-mediated tran-
scriptional activity. Alternatively, human cells that express the androgen recep-
tor endogenously can be transfected with the reporter to assess effects on tran-
scriptional activity. By including the test compound in the presence of
0.1 nmol/l DHT, antagonist activity is assessed. Controls for cellular toxicity in-
clude the use of the constitutively active AR NH2-terminal and DNA binding
domain fragment AR1–660, and the glucocorticoid receptor [18], or a constitu-
tively active reporter. No change in these activities indicates a compound is
probably not toxic to cells and transcriptional inhibition results from antago-
nist activity. Agonist activity is tested in the same cotransfection assay except
incubations are performed in the absence of DHT. We typically observe at least
40-fold induction of luciferase activity with 0.1 nmol/l DHT using cell lines that
express the receptor endogenously or in CV-1 cells using 25 ng of the AR ex-
pression vector and 5 µg of the mouse mammary tumor virus promoter linked
to the firefly luciferase reporter gene using a calcium phosphate-DNA precipi-
tation transfection method. Metabolism studies are required to establish the
stability of the compounds during in vitro cell culture.

6.3
N/C Interaction Assay

The NH2- and carboxyl-terminal regions of the AR interact [13, 14] in such a
way as to augment the agonist activity of low physiological androgen concen-
trations [15]. This conclusion is based on the observation that deletion of the
NH2-terminal region causes an increase in the dissociation rate of bound an-
drogen without altering the equilibrium binding affinity [12], suggesting that
the association rate is similarly increased. A direct test of the NH2-/carboxyl-
terminal (N/C) interaction using a two-hybrid protein interaction assay in
Chinese hamster ovary cells revealed that it depends on androgen binding to
the ligand binding domain [13]. Specific mutations in the AR gene that cause
androgen insensitivity have provided evidence that the N/C interaction occurs
intermolecularly, is associated with receptor dimerization [14], and has its in-
teraction site in the activation function 2 region of the AR ligand binding do-
main [54]. The N/C interaction is inhibited by lower affinity antagonists such as
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hydroxyflutamide and those found to be active in the environment due to pes-
ticide or fungicide use. However, high affinity antagonists with partial agonist
activity may disrupt the N/C interaction. In this case, agonist activity occurring
in the absence of the N/C interaction would require higher hormone concen-
trations through an as yet unknown mechanism. The influence of AR antago-
nists on this intermolecular interaction may be indicative of their activity in
vivo.

Previous androgen agonist and antagonist assays made use of the entire AR
coding region of the AR gene. In contrast, the N/C assay is based on the molec-
ular interaction between two domains of the AR that is specific for androgen
binding and disrupted by antagonists. The N/C interaction can be performed by
cotransfection of mammalian or yeast cells. The human AR ligand binding do-
main residues 624–919 are expressed as a fusion protein with the GAL4 DNA
binding domain, and the AR NH2-terminal and DNA binding domain residues
1–660 are expressed as a fusion protein with the VP16 transactivation domain.
The reporter vector G5E1bLuc contains the firefly luciferase coding sequence
preceded by 5 GAL4 binding sites and the E1bTATA promoter. Because there are
numerous interactions involved in transcriptional activation by the full-length
AR, this assay was developed to focus on a single androgen specific interaction
that is sensitive to endocrine disruption. The assay can be scaled up to screen
large numbers of samples using automation.

To establish whether this mammalian cell-based assay is effective as a screen-
ing method for environmental chemicals with androgen agonist or antagonist
activity, we tested the compounds listed below with known or unknown AR ac-
tivities to establish the in vitro criteria necessary to predict in vivo agonist and
antagonist activity. The N/C interaction is induced by 0.1–1 nmol/l DHT, testos-
terone, or by the synthetic androgens methyltrienolone and mibolerone. Also,
the much lower affinity anabolic steroids oxandrolone and fluoxymesterone in-
duce the N/C interaction [15].

Shown in Table 2 are the approximate concentrations required for 50% inhi-
bition of the N/C interaction induced by 1 nmol/l DHT. The dose dependence of
inhibition of the N/C interaction correlates with AR antagonist activity, with the
most potent antagonists, such as hydroxyflutamide, inhibiting the DHT-in-
duced N/C interaction at lower concentrations. The concentration dependence
of inhibition of the N/C interaction appears to provide a measure for in vivo AR
antagonist activity. The most effective environmental inhibitors, HPTE, M2, and
p,p¢-DDE, were shown previously to be environmental antiandrogens [17, 18,
37]. The AR N/C screen will therefore be useful in testing additional compounds
for AR antagonist activity. For the environmental compounds, inhibition of the
N/C interaction paralleled the antagonist potency determined previously in
vivo.

Recent studies indicate, however, that compounds that bind the AR with high
affinity and have agonist activity in transient transfection assays do not neces-
sarily display agonist activity in vivo. This was demonstrated most strikingly
with medroxyprogesterone acetate (MPA), available for clinical use as Provera.
MPA is a weak androgen in vivo that binds AR with high affinity but is the most
effective inhibitor of the N/C interaction yet identified. The N/C interaction in-
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duced by 1 nmol/l DHT is inhibited 50% by 1 nmol/l MPA whereas 50 times
higher concentrations are required for similar inhibition by hydroxyflutamide.
MPA activates luciferase activity in transient assays at concentrations of
0.1 nmol/l, about 100-fold higher concentration than for similar activation by
DHT. Failure of MPA to induce the N/C interaction may result in the higher con-
centrations necessary to activate AR. This was in agreement with the higher
concentrations of MPA required for AR stabilization against degradation. It in-
dicates, however, that sufficiently high levels of a ligand can induce AR agonist
activity even if it does not induce the N/C interaction. The results suggest that
the N/C interaction facilitates agonist activity at the low circulating androgen
concentrations during fetal development and later in life.

Until recently, no environmental AR agonists have been identified. None of
the compounds listed above induce the N/C interaction in the absence of an-
drogen, suggesting they lack AR agonist activity in vivo, in agreement with in
vivo studies. However, such compounds likely exist in the environment because
of the report of a female to male shift in sex ratios among mosquitofish ob-
served downstream of paper mills [55]. While preliminary evidence suggested
a possible role of b-sitosterol, a steroid produced by bacterial degradation of
wood products and identified in the effluent of paper mills, it appears more
likely that steroidal metabolites of b-sitosterol account for the androgen activ-
ity. Studies are in progress that make use of the techniques described above to
identify what would be the first environmental androgen that would account for
the masculinization of exposed female fish.
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Table 2. Concentration dependence of inhibition of the AR NH2- and carboxyl-terminal
(N/C) interaction. The N/C interaction was performed in CHO cells by transient transfec-
tion of plasmids expressing the AR NH2-terminal 1–660 amino acid residues as a fusion
protein with the VP16 transactivation domain, and the AR carboxyl-terminal ligand binding
domain 624–919 amino acid residues as a fusion protein with the GAL4 DNA binding do-
main as previously described [13, 14]. Shown are the approximate concentrations of the indi-
cated compounds that reduced the N/C interaction by 50% in the presence of 1 nmol/l DHT.
ND denotes no detectable inhibition when tested up to concentrations of 10 mmol/l test com-
pound

Ligand concentrations that inhibit the N/C interaction induced by 1 nmol/l DHT

Hydroxyflutamide 50 nmol/l Bisphenol A 10 mmol/l
Cyproterone acetate 50 nmol/l Dibutyl phthalate 10 mmol/l
HPTE 200 nmol/l o,p¢-DDT ND
M2 500 nmol/l Benzyl butyl phthalate ND
p,p¢-DDE 500 nmol/l Iprodione ND
Vinclozolin 1 mmol/l Kelthane ND
Methoxychlor 1 mmol/l Bisphenol A 3EO ND
Octylphenol 1 mmol/l Bisphenol A 2EO ND
Procymidone 5 mmol/l Butylphenol ND
M1 10 mmol/l Nonylphenol ND



6.4
In Vivo Assays

In vivo assays recommended by EDSTAC to screen environmental chemicals for
antiandrogen activity include the 7-day Hershberger assay, a 15-day adult male,
and a 28-day pubertal male repeated dosing assay. However, the 15-day adult
male assay fails to detect the antiandrogen effects of p,p¢-DDE in some rat
strains [56] and the Hershberger assay does not detect the antiandrogen activ-
ity of dibutyl phthalate [57]. In contrast, the pubertal male rat assay detects an-
tiandrogen activity for both chemicals [58] suggesting it is more predictive than
the other in vivo assays.

Balano-preputial separation in the male pubertal assay for antiandrogen ac-
tivity is also the endpoint for the Office of Economic Cooperation and
Development Test Guideline Protocol (proposed revisions to OECD 416) for the
High-Production Volume Program and the EPA Health Effects Test Guidelines
(870.3800) for the Children’s Health Test Rule Program.Assessment of this same
endpoint using the 28-day pubertal male assay in the EPA ED screening pro-
gram would help to standardize these assessment protocols. Similarly, the 28-
day pubertal female assay reveals the age at vaginal opening as the endpoint for
detecting chemicals with estrogen activity in the High-Production Volume and
Children’s Health Test Rule Programs. With the detection of antithyroid hor-
mone activity included in both pubertal tier I screening assays, selection of
these two pubertal screening assays for the ED screening program would move
toward standardizing these three screening programs for the three hormone ac-
tivities.

Potential drawbacks of these in vivo assays are that preputial separation may
not be as sensitive as assessing sex accessory organ weight in the Hershberger
assay. However, preputial separation as an endpoint will likely drive risk assess-
ment of environmental antiandrogens via multigenerational assays, so its use in
screening assays is appropriate. Opposition to this recommendation will likely
be based on objections to using screening data for risk assessment, which was
not the intent of the EDSTAC recommended tier I assays. To avoid use of inap-
propriate screening data for risk assessment, additional dose groups could be
used where animals are dosed by the most appropriate route and over a wide
dose response range in addition to the route and dose range recommended by
EPA for the tier I screening assay. In this way, issues related to the relevance of
the route of chemical administration and dose level could be included in the
risk assessment process. For pesticide chemicals supported by past multigener-
ational studies under outdated EPA guidelines, it would not be unreasonable to
use the results from these antiandrogen screening assays in lieu of a full multi-
generational study, since preputial separation is the new endpoint assessed in
the new guidelines that detects antiandrogen activity. The burdens placed on
industry and government for ED screening and testing are challenging and 
require the conservation of efforts and standardization of protocols where pos-
sible.
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7
Conclusions

With the aim toward completing the EDSTAC recommendations to broaden
the scope of potential ED activity and the affected species, a series of potential
assay protocols for detecting estrogen, androgen, and thyroid hormone activi-
ties is being outlined by the EPA EDSP Task Force. Once a consensus is
reached, protocols will be standardized and validated through a multi-chemi-
cal and multi-laboratory validation process. Standardized and validated assays
will be used to assess ED activity of a number of marketed chemicals that will
be prioritized based on production volume, potential for human exposure, ex-
isting ED data, and results of the high-throughput prescreening effort.
Standardizing endocrine testing strategy, criteria, and procedures will make
possible the identification of potentially hazardous chemicals with ED activity.
Furthermore, continued basic research, like that described here for the AR, will
be pivotal in the development of simpler and more comprehensive screening
assays, together with the identification of additional receptor and/or develop-
mental systems for which screening is necessary to protect human and ecolog-
ical health.
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Research over the past years has revealed that numerous compounds present in our environ-
ment exert hormonal activity and thus have the potential to interfere with the endocrine
system of humans and animals. These endocrine active compounds comprise both naturally
occurring substances and man-made chemicals, and their chemical structures are surprisingly
diverse. This chapter provides an overview of the chemical structures of typical endocrine
active compounds, which are discussed in other chapters of this book with respect to 
their occurrence, mechanisms of action, implications for human health, and environmental
significance.
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Abbreviations

BADGE bisphenol A diglycidyl ether
BBP butyl benzyl phthalate
BPA bisphenol A
BPA-DMA bisphenol A dimethacrylate
DAS 4,4¢-diaminostilbene-2,2¢-disulfonic acid, amsonic acid
DBCP 1,2-dibromo-3-chloropropane
p,p¢-DDE 2,2-bis(p-chlorophenyl)-1,1-dichloroethene
o,p¢-DDT 2-(o-chlorophenyl)-2-(p-chlorophenyl)-1,1,1-trichloroethane
p,p¢-DDT 2,2-bis(p-chlorophenyl)-1,1,1-trichloroethane
DEHP di(2-ethylhexyl) phthalate
DES diethylstilbestrol
DHT 5a-dihydrotestosterone
E1 estrone
E2 17b-estradiol
E3 estriol
EAC endocrine active compound
HPTE 2,2-bis(p-hydroxyphenyl)-1,1,1-trichloroethane
NDGA nordihydroguaiaretic acid
PCB polychlorinated biphenyls
PCDD polychlorinated dibenzo(p)dioxins
PCDF polychlorinated dibenzofurans

1
Introduction

Numerous physiological processes are regulated by endocrine hormones, which
are delivered from their tissues of production to their target organs via the
blood stream [1]. One important group within the large and diverse family of
endocrine hormones are sex hormones, which play multiple and important
roles in mammalian organisms during virtually every stage of life from con-
ception to old age, as will be discussed in several chapters of this book. Over the
past years, evidence is accumulating that numerous compounds present in our
environment have the potential to interfere with the actions of endogenous hor-
mones [2]. These compounds are called endocrine active compounds (EAC).
Most EAC known to date affect the target tissues of sex hormones, although
other organs may also be affected. It is usually believed that EAC cause adverse
effects. This has expanded the interest in sex hormones and their correspond-
ing EAC from medicine and basic research into the public and political arena.

The large number of sex hormone-related EAC and their structural diversity
are confusing to the layman and sometimes even to scientists. The purpose of
this chapter is to review the most pertinent chemical structures. Many EAC with
sex hormone activity are naturally occurring, whereas others are man-made.
The number of individual compounds in both categories will undoubtedly grow
over the coming years, as assays for detecting EAC are improved and widely
used.
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2
Sex Hormones and Natural Sex Hormone-Like Compounds

In this chapter, the term sex hormones will be reserved for the physiological
compounds formed in endocrine glands, sometimes also called endogenous sex
hormones. Other naturally occurring substances able to mimic or antagonize
the action of the endogenous sex hormones are termed sex hormone-like com-
pounds. According to their physiological effects, sex hormones and sex hor-
mone-like compounds are classified as estrogens, androgens or progestins.

2.1
Estrogens

2.1.1
Mammalian Estrogens

In mammalian organisms including humans, the physiological estrogens are
steroids derived from 5a-estrane. 17b-Estradiol (E2, Fig. 1) is the steroidal es-
trogen with the highest activity. Characteristic chemical features of E2 are the
aromatic ring (ring A) with a hydroxy group at C3, and a second hydroxy group
at the C17 position of ring D. The formula of E2 in Fig. 1 also indicates the con-
formation of rings B, C, and D, and the orientation of the C17 hydroxy group. It
is common to use simplified formulas not showing the stereochemistry of the
ring system, such as for the two other important steroidal estrogens estrone
(E1) and estriol (E3). E3 and 16a-hydroxy-E1 are major metabolites of E2 and
E1, respectively, but hydroxylations at other positions also take place in the me-
tabolism of E2 and E1, e.g., at C2, C4, C6, etc.

In the urine of pregnant mares, the steroidal estrogens equilin and equilenin
(Fig. 1) are excreted in significant amounts. These estrogens are widely used as
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estrogen replacement for the treatment of menopausal symptoms, e.g., as the
drug Premarin.

2.1.2
Phytoestrogens

It has long been known that certain plants contain compounds able to mimic the
biological effects of steroidal estrogens [3]. Today, such phytoestrogens have been
detected in more than 300 plants, some of which (like soy beans) are widely used
for human nutrition [4]. Until recently, the chemical structures of about twenty
phytoestrogens were elucidated and categorized into the three classes isoflavones,
coumestans and lignans. Due to the present interest in environmental EAC, new
phytoestrogens either within these classes or with novel structures are being
identified at an accelerated rate. Some examples will be given below.

Although the hormonal activity of the phytoestrogens known to date is two
to five orders of magnitude below that of E2, their high concentration in certain
plants and their slower metabolic disposition can lead to tissue levels exceeding
those of the endogenous estrogens by a factor of thousand or more (see
Chap. Dietary Estrogens of Plant and Fungal Origin: Occurrence and Exposure
(Part I)). At these concentrations, even the low intrinsic activity of phytoestro-
gens may suffice to cause hormonal effects.

Isoflavones, which share the 3-phenylchromone ring system, represent the
largest group of phytochemicals with estrogenic activity. Important members of
this group are displayed in Fig. 2. Their occurrence, effects and association with
disease are dealt with in Chap. Dietary Estrogens of Plant and Fungal Origin:
Occurrence and Exposure (Part I) and Beneficial and Adverse Effects of Dietary
Estrogens on the Human Endocrine System: Clinical and Epidemiological Date
(Part II). Daidzein, genistein and, to a lesser extent, glycitein are common in soy
and many soy-derived food items. In general, isoflavone phytoestrogens are 
present as glycosides in the plant and are hydrolyzed to the free aglycones either
during processing of the food (e.g., in fermented soy products) or after ingestion
in the intestine. Intestinal bacteria are thought to play a major role in glycoside
hydrolysis.Another important metabolic reaction of the gut flora is the reduction
of the isoflavone ring, converting for example daidzein to equol and O-
desmethylangolensin.

The major representative of the coumestane phytoestrogens, which all con-
tain a 2-phenylcoumarin ring system, is coumestrol (Fig. 3). Coumestrol ex-
hibits the highest hormonal activity of all known phytoestrogens in most assay
systems, which is about 1% that of E2.

A more recent class of phytoestrogens is represented by the lignans.
Although long known as important phytochemicals of numerous plants, the lig-
nans enterodiol and enterolactone (Fig. 4) were first detected in the urine and
plasma of humans about twenty years ago [5]. Shortly thereafter, it was dis-
closed that enterodiol and enterolactone, which are now called mammalian lig-
nans, are derived from the plant lignans secoisolariciresinol and matairesinol
[6]. The latter occur in numerous plants, in particular grains and legumes (see
Chap. Dietary Estrogens of Plant and Fungal Origin: Occurrence and Exposure
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(Part I)). The highest concentrations of secoisolariciresinol and matairesinol
are found in flaxseed. Other lignans recently identified in flaxseed are isolari-
ciresinol and pinoresinol, whereas lariciresinol and nordihydroguaiaretic acid
(NDGA) were not detected [7]. NDGA and guaiaretic acid are major con-
stituents of chaparral, a desert shrub dwelling in the southwestern USA and
Mexico, and used in folk medicine for herbal infusions [8].

Lignans have two or more chiral carbon atoms and may exist as enantiomers
or diastereomers. The stereochemistry has been well studied for plant lignans
in conjunction with their biosynthesis [9] but not for mammalian lignans.
Therefore, the chemical formulas of mammalian lignans (Fig. 4) are based on
the assumption that the chirality of the plant lignans is not changed during
their bacterial conversion to mammalian lignans.

Recently, it has been disclosed that some flavonoids have estrogenic activity
[10]. Flavonoids comprise flavones (containing the 2-phenylchromone moiety)
like apigenin, flavonols (containing the 2-phenyl-3-hydroxychromone moiety)
like kaempferol, flavanones (containing the 2-phenylchromanone moiety) like
naringenin, and flavanols (containing the 2-phenyl-3-hydroxychromane moiety)
like catechin and epicatechin (Fig. 5). Flavonoids represent a very large group of
phytochemicals and are found in numerous plants. 8-Prenylnaringenin (Fig. 5) is
one of the more recently identified phytoestrogens, shown to occur in high con-
centrations in hops and in low concentrations in beer [11]. Surprisingly, 8-prenyl-
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naringenin proved to be more estrogenic than any other known phytoestrogen
[11]. Catechin is a typical flavonoid of red wine [12], which has recently been as-
sociated with reduced rates of coronary heart disease mortality [13].

Finally, hydroxylated stilbenes, another well-known class of phytochemicals,
have recently gained renewed interest because of the putative beneficial health
effects of some of their congeners [14]. Typical compounds are resveratrol and
piceatannol (Fig. 6), the trans- and cis-isomers of which occur in red wine as
glucosides at the 3-hydroxy group [15]. The glucoside of resveratrol is named
piceid and that of piceatannol is called astringin. Lower concentrations of pi-
ceid and astringin were also detected in white wines [15].

2.1.3
Mycoestrogens

Several strains of Fusarium molds, which frequently infest corn (Zea mays) and
other crops, produce a resorcylic acid lactone called zearalenone (Fig. 7).
Zearalenone is held responsible for the fertility problems and estrogenization of
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farm animals, in particular pigs, observed after feeding of contaminated hay or
corn (“moldy corn disease”, see Chap. Dietary Estrogens of Plant and Fungal
Origin: Occurrence and Exposure (Part I)). The name zearalenone indicates both
the biological source of this estrogenic fungal product as well as some of its char-
acteristic structural features, i.e., the double bond at C11 and the keto group at C7.
Reduction of the keto group gives rise to a- and b-zearalenol, whereas reduction
of the double bond leads to zearalanone (Fig. 7). The products of reduction of
both groups are a- and b-zearalanol. a-Zearalanol (zeranol) is more estrogenic
than its b-isomer (taleranol), and is used as a growth promotor in cattle in the
USA and other countries (trade names Ralgo®), Ralabol® and others). Zeranol is
also formed in cattle, probably in the rumen, from zearalenone and even to a
higher extent from a-zearalenol but not from b-zearalenol after ingestion [16].
a-Zearalenol and b-zearalenol are products of the fungal synthesis of resorcylic
acid lactones as well as bovine metabolites of zearalenone.

2.2
Androgens and Progestins

The natural sex hormone of males, produced mainly in the Leydig cells of the
testis, is testosterone, a steroid with 19 carbon atoms (Fig. 8). In most androgen
target tissues, e.g., the prostate, the hormonally more active 5a-dihydrotesto-
sterone (DHT) is generated from testosterone by the enzyme 5a-reductase. See
textbooks on endocrinology, e.g., [1], for details about the biosynthesis, metab-
olism and physiological effects of androgens.

The physiological progestin is progesterone (Fig. 8), a C21-steroid produced
in females mainly in the follicle after ovulation. Most biological effects of prog-
esterone depend on the presence of estrogens. As outlined in textbooks on en-
docrinology, both the ratio of progesterone to estradiol concentration and the
sequence of action of the two hormones are of importance for the effects.
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3
Anthropogenic Sex Hormone-Like Compounds

Man-made compounds mimicking or antagonizing the effects of the endoge-
nous sex hormones have been designed and produced by pharmaceutical com-
panies for several decades for a variety of uses in human and veterinary medi-
cine. Examples for such applications of synthetic hormone-like compounds are
the substitution of endogenous hormones of women after menopause or in cer-
tain diseases, the synchronization of estrus in farm animals, or the prevention
or stimulation of conception. Anthropogenic sex hormone-like compounds of
this “pharmaceutical” type are generally characterized by a high intrinsic activ-
ity and oral efficacy. Only recently has this group been joined by a growing
number of anthropogenic compounds produced for completely different pur-
poses, e.g., as pesticides or plastic monomers, but fortuitously also possessing
hormonal activity. These “industrial” sex hormone-like compounds exhibit, in
most cases, very low intrinsic hormonal activity but are often persistent in the
body and environment. Although this latter group enjoys a lot of scientific and
public attention, it should not be forgotten that the “pharmaceutical” hormone-
like compounds are still produced and applied on a large scale, and that the
waste of their production and consumption also enters the environment.

3.1
Pharmaceutical Compounds

Most of the pharmaceutical-type of sex hormone-like compounds are derived
from the natural endogenous hormones and still contain the steroid moiety.
Only in the case of man-made estrogenic substances, have other chemical
classes been successfully synthesized, e.g., stilbene-type estrogens and tri-
phenylethylene-type antiestrogens.

3.1.1
Estrogens and Antiestrogens

Representative examples of steroidal and stilbene-type estrogens and triphe-
nylethylene-type antiestrogens are depicted in Fig. 9. The steroid 17a-
ethinylestradiol has been known as a powerful estrogen since more than fifty
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years; it is superior to E2 with respect to oral efficacy and elimination half-life,
and widely used directly or as its 3-O-methyl ether (mestranol) in oral contra-
ceptives. The C7-alkyl-substituted E2 derivatives ICI 164,384 and ICI 182,780
are pure antiestrogens (see Chap. Mechanisms of Estrogen Receptor-Mediated
Agonistic and Antagonistic Effects (Part I)) and often used in studies on the
mechanisms of estrogen action. The triphenylethylene derivative tamoxifen is
very popular in clinical practice for the treatment and prophylaxis of breast
cancer, whereas clomiphene is often used for the induction of ovulation. 4-
Hydroxytamoxifen, formed as a metabolite from tamoxifen, has an increased
hormonal activity. Raloxifene is chemically related to the triphenylethylene-
type compounds. The stilbene-type agents diethylstilbestrol (DES), E,E-dienes-
trol and meso-hexestrol were synthesized in the late 1930s and are among the
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first man-made estrogens used for human treatment [17]. Shortly after their in-
troduction into human medicine, they were also employed on a large scale as
growth promoters in livestock. Both of these uses are banned today due to their
carcinogenicity for humans and several animal species.

3.1.2
Androgens and Antiandrogens

Typical examples for synthetic steroidal androgens are 17a-alkylated derivatives
of testosterone, e.g., methyltestosterone (Fig. 10). This chemical modification of
the testosterone molecule increases oral efficacy and elimination half-life.
Elimination of the C19 methyl group decreases androgenic activity while main-
taining anabolic activity. A compound related to 19-nortestosterone is 17b-tren-
bolone (Fig. 10), the acetate of which is used as growth promotor in cattle in sev-
eral countries. An important antiandrogen with wide clinical use is cyproterone
acetate (Fig. 10), which resembles synthetic progestins (see below) and has a pro-
nounced progestagional activity. A synthetic antiandrogen without progestin-
like side effects is the non-steroidal flutamide (structure not shown).

3.1.3
Progestins and Antiprogestins

Pharmaceutical progestins are either derivatives of 17a-hydroxyprogesterone
or of 17a-ethinylated testosterone or 19-nortestosterone. Typical representa-
tives of the first category are medroxyprogesterone acetate, megestrol acetate,
and melengestrol acetate (Fig. 11). Melengestrol acetate is used to promote
cattle growth in the USA and other countries. The second class of man-made
progestins comprises ethisterone and norethisterone (Fig. 11). An important
antiprogestational compound is mifipristone, better known as RU 486 and used
for the interruption of early pregnancy.

3.2
Industrial Chemicals

As noted above, numerous chemicals produced for diverse industrial purposes
exhibit sex hormone-like activities. Such compounds have been preferentially
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found in certain chemical classes, e.g., phenols, halogenated substances and
phthalates. Typical representatives will be discussed below. It can be expected that
the number of substances with hormonal activity and the number of chemical
categories will increase in the future as more industrial chemicals will be tested.

3.2.1
Phenolic Compounds

The phenolic A ring of steroidal estrogens has long been considered a pre-
requisite for estrogenicity. The phenolic hydroxy groups are also of paramount
importance for the high estrogenic activity of DES and other stilbene-type
compounds. In early studies aiming to synthesize powerful estrogens, it has
been observed that numerous other phenols exhibit hormonal activity [18].

Among the numerous phenolic compounds produced by the chemical in-
dustry, two classes are presently in the focus of scientific and public interest as
potential endocrine disruptors, viz., alkylphenols and bisphenols. Both are pro-
duced in large quantities, and substantial amounts are released into the envi-
ronment. Their production, use, exposure, bioaccumulation, biodegradation
and biological effects are discussed in detail in Chap. Alkylphenols and
Bisphenol A as Environmental Estrogens (Part I).

Alkylphenols are simple compounds (Fig. 12) that are either used directly,
e.g., as antioxidants, or released from alkylphenol polyethoxylates widely used
in the plastic and textile industry, in agriculture and for household and per-
sonal care items.

The prototype of bisphenols is bisphenol A (BPA, Fig. 12), used in large
amounts for the production of polycarbonate plastics and epoxy resins (see
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Chap. Alkylphenols and Bisphenol A as Environmental Estrogens (Part I)). For
the latter, derivatives of BPA such as the diglycidyl ether (BADGE) and the
dimethacrylate (BPA-DMA) are important. Their chemical structures are de-
picted in Fig. 12. Other bisphenols closely related to BPA carry different sub-
stituents at the benzylic carbon atom or additional groups at the phenolic rings.

Another bisphenol is phenol red (Fig. 12), which is a pH indicator commonly
used in cell culture media. It was first reported that phenol red stimulates the
growth of estrogen-responsive human breast cancer (MCF-7) cells and binds to
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Fig. 12. Chemical structures of phenolic industrial chemicals



the estrogen receptor in these cells [19]. Subsequent studies revealed that the es-
trogenicity is due to a minor impurity, identified as bis(4-hydroxyphenyl)-[2-
(phenoxysulfonyl)phenyl]methane (Fig. 12), in the commercial preparations of
phenol red [20].

3.2.2
Polychlorinated Compounds

It has been known since the 1950s that the then widely used insecticide 2,2-
bis(p-chlorophenyl)-1,1,1-trichloroethane (p,p¢-DDT) is weakly estrogenic (see
Chap. Antiandrogenic Effects of Environmental Endocrine Disruptors (Part I)).
The chemical structure of p,p¢-DDT (Fig. 13) resembles that of bisphenols in
which the phenolic groups are replaced by chlorine atoms. The isomeric o,p¢-
DDT (Fig. 13), which is present as an impurity in commercial p,p¢-DDT, also ex-
hibited estrogenic activity. 2,2-Bis(p-chlorophenyl)-1,1-dichloroethene (p,p¢-
DDE, Fig. 13), a major metabolite of p,p¢-DDT, has recently been demonstrated
to exhibit significant antiandrogenic activity (see Chap. Antiandrogenic Effects
of Environmental Endocrine Disruptors (Part I)). The estrogenicity of
methoxychlor (Fig. 13) is probably accounted for by a metabolite formed by 
oxidative demethylation; this metabolite, 2,2-bis(p-hydroxyphenyl)-1,1,1-
trichloroethane (HPTE, Fig. 13), contains a bisphenol structure.

Other chlorinated pesticides, e.g., dieldrin, endosulfan and chlordecone (ke-
pone, Fig. 13) were also disclosed as being weakly estrogenic in a systematic study
screening environmental pollutants for their ability to elicit cell proliferation and
other estrogenic effects in cultured human breast cancer (MCF-7) cells [21].

Polychlorinated dibenzo(p)dioxins (PCDD), polychlorinated dibenzofurans
(PCDF) and polychlorinated biphenyls (Fig. 13) are dealt with in
Chaps. Hydroxylated Polychlorinated Biphenyls (PCBs) and Organochlorine
Pesticides as Potential Endocrine Disruptors (Part I) and Alterations in Male
Reproductive Development: The Role of Endocrine Disrupting Chemicals (Part
II). PCDD and PCDF are ubiquitous byproducts of the combustion of organic
materials, in particular of plastics containing chlorine. The most toxic member
of this class of compounds is TCDD.

Polychlorinated biphenyls (PCB) are among the most persistent and ubiqui-
tous environmental pollutants. Whereas the PCB themselves have no or at best
marginal estrogenicity, significant hormonal activity may be entailed to these
molecules by hydroxylation [22]. For example, 4-hydroxy-2¢,4¢,6¢-trichlorobi-
phenyl (Fig. 13) was about 0.01% as estrogenic as E2 in cultured MCF-7 cells
[21]. See Chap. Hydroxylated Polychlorinated Biphenyls (PCBs) and
Organochlorine Pesticides as Potential Endocrine Disruptors (Part I) for a de-
tailed account of hydroxylated PCBs.

3.2.3
Phthalates

Another class of widely used industrial chemicals comprises the diesters of
phthalic acid with various aliphatic alcohols. Worldwide, about sixty different
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phthalates are produced and applied for very diverse purposes. The most im-
portant phthalate in terms of production and use is di(2-ethylhexyl) phthalate
(DEHP, Fig. 14). DEHP is primarily employed to improve the technological
properties of various plastic materials such as polyvinyl chloride, but cosmet-
ics, adhesives, paints and other every-day-chemicals may also contain DEHP.
Another prominent phthalate is butyl benzyl phthalate (BBP, Fig. 14), which is
mainly used in vinyl floor tiles.

Phthalates are able to leach from plastic or other materials and may thus con-
taminate food or other biological samples. Due to their high lipophilicity, they
are readily absorbed through the skin, lung or from the gastrointestinal tract.
Certain phthalates exhibit developmental toxicity on the male genital tract in
rodents and display estrogenic activity in in vitro systems. A detailed account of
the human and environmental exposure to phthalates, as well as their metabo-
lism, toxicity and hormonal activity is provided in Chap. The Endocrine
Disrupting Potential of Phthalates (Part I).

3.2.4
Miscellaneous Compounds

In addition to the compounds belonging to certain chemical classes as dis-
cussed above, there is an increasing number of substances with diverse chemi-
cal structures, which exhibit endocrine activity through multiple mechanisms.
These compounds range from simple structures such as 1,2-dibromo-3-chloro-
propane (DBCP, Fig. 15), which is used as a fumigant to kill insects, nematodes,
fungi, etc., to rather complex molecules such as the antifungal agent ketocona-
zole. The mechanisms of their endocrine disrupting activity are described in
detail in other chapters of this book. Vinclozolin, procymidone and linuron are
fungicides discussed in Chaps. Antiandrogenic Effects of Environmental
Endocrine Disruptors (Part I) and Emerging Issues Related to Endocrine
Disrupting Chemical and Environmental Androgens and Antiandrogens (Part
II). Amsonic acid (4,4¢-diaminostilbene-2,2¢-disulfonic acid, DAS) is a DES-like
stilbene compound important for dyes and fluorescent whitening agents, and
fenarimol is another fungicide (see Chap. Emerging Issues Related to
Endocrine Disrupting Chemical and Environmental Androgens and Antiandro-
gens (Part II).
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4
Conclusion

This paper focuses on the chemical structures of typical compounds known to-
day to exert sex-hormone-like activity. The diversity of structures is surprising,
in particular for agents acting as estrogens or antiestrogens. As scientific and
public interest in EAC prevails, and assays for their detection are improved and
widely used, the list of such compounds will undoubtedly grow over the com-
ing years. Moreover, the number of EAC must be expected to further increase
when the metabolites of natural and anthropogenic chemicals are taken into ac-
count. Most in vitro assays for hormonal activity do not have the ability to me-
tabolize the test compound. Therefore, chemicals needing metabolic alteration
to unfold their hormonal activity must be expected to give negative results in
such in vitro assays. Conversely, agents that are hormonally active per se may
lose their activity upon biotransformation. Thus, not only the activity of the
parent substance but also of its metabolites must be known before the potential
of a compound to affect the endocrine system can be assessed.
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The present review summarizes data on the time course and physiological function of the
three major endogenous estrogens estrone (E1), 17b-estradiol (E2), and estriol (E3) during
the different phases of life in the human female and male. During fetal life, E3 is the most
abundant estrogen produced by the fetoplacental unit. E3 affects cerebral development,
leads to breast gland swelling in both girls and boys and promotes uterine growth up to a size
that is not reached again until puberty. In infancy and childhood estrogen levels are low be-
fore the ovaries are stimulated to increase the production of E2 at puberty. In the complex
course of maturation, the onset of puberty is characterized by a gradually increasing pulsatile
secretion of hypothalamic gonadotropin-releasing hormone followed by a gradual rise of cir-
culating gonadotropin levels. Increasing E2 concentrations in girls promote development of
female sex characteristics, menarche, behavioral changes, pubertal growth spurt and finally
the closure of epiphysal growth zones. Throughout fertile life of the human female, ovarian
E2 remains the major endogenous estrogen. It is produced by the granulosa cells of the grow-
ing follicle as well as by the corpus luteum. Among other functions, it is important for en-
dometrial proliferation, as a prerequisite for blastocyst implantation and pregnancy. E2 in-
duces growth of the uterus and maturation of the breast. E2 production declines gradually
during late reproductive life; as a consequence, menstrual bleeding ceases with menopause.
During postmenopause, the predominant endogenous estrogen is E1, which is mainly pro-
duced by adipose tissue from androgenic precursors secreted by the ovarian stroma and the
adrenal gland. Decreased estrogen concentrations lead to atrophy of the inner and outer gen-
italia, osteoporosis, an increased risk of cardiovascular disease, hot flashes and emotional in-
stability.

In summary, exposure to endogenous estrogens during lifetime in the female varies by
several orders of magnitude. The time course of estrogen concentration is characterized by a
high-estrogen environment during pregnancy, a decline following birth to the low levels dur-
ing prepuberty. Onset of sexual maturation is indicated by the rising levels of E2 reaching
adult concentrations some years after menarche.
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Abbreviations

cAMP cyclic adenosine monophosphate
DHEA dehydroepiandrosterone
DHEAS dehydroepiandrosterone sulfate
E1 estrone
E2 17b-estradiol
E3 estriol
ERa estrogen receptor alpha
ERb estrogen receptor beta
FSH follicle-stimulating hormone
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GnRH gonadotropin-releasing hormone
16a-HO-DHEA 16a-hydroxydehydroepiandrosterone
16a-HO-DHEAS 16a-hydroxydehydroepiandrosterone sulfate
IgA immunoglobulin A
IgG immunoglobulin G
LH luteinizing hormone
SHBG sex hormone-binding globulin

1
Introduction and Physiology of Estrogen Metabolism

1.1
Biochemistry of Endogenous Estrogens

The most important endogenous estrogens in humans are 17b-estradiol (E2),
estrone (E1) and estriol (E3, Fig. 1). They all are steroids consisting of 18 carbon
atoms and characterized by an aromatic A ring. For the specific estrogen effect
the aromatic A ring and hydroxy groups at positions 3 and 17 are indispensable.
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Fig. 1. Chemical structures of the three most important endogenous estrogens estradiol,
and estrone estriol



E2, the most potent and important estrogen in non-pregnant women, is pre-
dominantly produced by the granulosa cells of the active follicle from andro-
gens delivered by the theca interna (two-cell hypothesis). During pregnancy, E3
produced from androgenic precursors provided by the fetus and the mother, re-
spectively, represents the major estrogen [1]. E1, the third of the major endoge-
nous estrogens, exists in metabolic equilibrium with E2 due to the action of
17b-hydroxysteroid dehydrogenase. In the classic pathway, the estrogen synthe-
sis starts from cholesterol provided by lipoproteins (Fig. 2).

Estrogens are biologically inactivated and excreted after sulfation or glu-
curonidation, respectively, allowing renal excretion of the inactivated steroids.
Although considerable amounts of conjugated estrogens are excreted into the
bile, only a small fraction appears in the feces. The majority of the conjugates is
reabsorbed after hydrolysis by bacteria from the gastrointestinal tract (entero-
hepatic circulation).

The majority of E2 (98%) circulates bound to albumin or to sex hormone-
binding globulin (SHBG), a specific carrier protein that binds estrogens and 
androgens with high affinity.
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Fig. 2. Enzymatic steps in the classical pathway of estradiol biosynthesis in the ovary



1.2
Action of Estrogens in the Target Cell

Estrogens can enter their target cells via passive diffusion through the cell
membrane. There is, however, increasing evidence for an active transport me-
diated by a specific importer localized within the plasma membrane. After
transport through the cell membrane, estrogens bind to specific receptors lo-
cated within the nucleus of the target cells [2, 3]. There are two different recep-
tors for E2: estrogen receptor alpha (ERa) and estrogen receptor beta (ERb)
that can form heterodimers exhibiting different affinities to specific DNA se-
quences termed estrogen response elements [4–7]. As evidenced by knockout
mice experiments, the ERa appears to be more important for gene transcrip-
tion in the target tissues. ERb knockout mice are less severely affected resulting
predominantly in subfertility [4]. In conjunction with a number of local growth
factors, estrogens stimulate growth and differentiation of tissues and organs.
See Chap. 1 for a detailed description of estrogen action in target cells.

The estrogenic activity of E1, E2 and E3 varies considerably when expressed
on a molar basis. While E2 represents the most active compound, exerting all
estrogenic effects, the biological activity of E3 and E1 appears to be much
lower.

E2 induces the transcription of its own receptors and stimulates the biosyn-
thesis of progesterone receptors as a prerequisite of progesterone action.
Conversely, progesterone and other progestins inhibit the transcription of es-
trogen receptors. Therefore, progestins exhibit an anti-estrogenic effect.

1.3
Physiology of Estrogen Action

Estrogens are responsible for the emergence of secondary sex characteristics.
These include breast development, typical female body proportions, distribu-
tion of subcutaneous adipose tissue and the characteristic estrogen-dependent
changes of the female genital tract. Target organs for the estrogens are the ex-
ternal genitalia, vagina, uterus, fallopian tubes and the ovaries. Target tissues
outside the reproductive organs are, among others, skin including its annexes,
bones, the cardiovascular system, the central nervous system, and the liver.

In the reproductive organs, endogenous estrogens promote cell proliferation.
Blood flow, water retention, and the accumulation of amino acids and proteins
are increased. The uterine cervix is stimulated by estrogens to secrete mucus.
Estrogens stimulate alveolar growth of the breast; however, for full maturation
of the mammary gland the additional action of progestins, prolactin as well as
glucocorticoids and insulin are necessary.
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2
Estrogens in Fetal Life, Infancy and Prepubertal Childhood

2.1
Fetus and Neonate

The fetus is exposed to very high estrogen concentrations due to the enormous
E3 production by the placenta (see below). Estrogens in fetal life seem to be im-
portant for the development of a number of functions, including brain devel-
opment [8, 9]. Newborn female as well as male knockout mice for ERa have se-
vere abnormalities of the reproductive tract: female mice exhibit a hypoplastic
uterus and hemorrhagic ovaries [4, 10], whereas male mice show testicular dys-
genesis. Both genders are infertile. On the other hand, ERb knockout mice have
a normal phenotype and only female mice are subfertile. The knockouts of both
receptors show an even more severe phenotype than the ERa knockouts.

However, in humans estrogens do not appear to be essential for fetal survival,
placental growth, or male and female sexual differentiation. This is concluded
from studies on estrogen deficiency due to mutations in the aromatase gene and
estrogen resistance due to disruptive mutations in the estrogen receptor gene
[11]. Also sulfatase deficiency does not lead to an abnormal fetal development.

Quite frequently, human newborns of both sexes exhibit hypertrophy of the
breast glands. Since lactation is initiated by a drop of circulating estrogens, the
sudden decline of serum estrogen levels after clamping the umbilical cord may
even lead to temporary mammary secretion called “witch’s milk”. In newborn
female babies the uterine size is much larger than that of older infants and in-
volutes to about one third of its birth size during the following 6–12 months.
Intrauterine endometrial proliferation induced by estrogens may result in with-
drawal bleeding in the female newborn [12]. The vaginal epithelium right after
birth resembles that of the fertile woman, exhibiting low pH and glycogen stor-
age. After the first week of life there is a significant rise of gonadotropin con-
centrations due to the drop of estrogen levels and the loss of the feedback inhi-
bition on pituitary gonadotropin secretion. As a consequence, pulsatile secre-
tion of gonadotropin-releasing hormone (GnRH) promotes the release of
follicle-stimulating hormone (FSH), resulting in follicular growth in the new-
born girl’s ovary as may be demonstrated by ultrasonography. On the average,
E2 levels in newborn girls are slightly higher than in boys as a consequence of
the increased ovarian activity.

2.2
Infancy and Childhood

Until the end of the second year of life the pulsatile GnRH secretion continu-
ously diminishes, resulting in a decline of pituitary gonadotropin secretion and
a reduction of ovarian stimulation. In toddlers, GnRH release is severely re-
duced as indicated by the low-amplitude, low-frequency peaks of luteinizing
hormone (LH) that occur every three to four hours during sleep [13]. E2 con-
centrations are usually at or below the detection limit, although newer, more
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sensitive assays for the detection of E2 show certain fluctuations during that 
period of life. Using an ultrasensitive assay, elevated E2 concentrations can be
detected in girls with idiopathic premature telarche [14].

Between the sixth and ninth year of life, the hypothalamic activity increases
slowly as reflected by the increase of the number and amplitude of FSH and LH
pulses. Via a G-protein-coupled receptor, FSH increases intracellular cyclic
adenosine monophosphate (cAMP) concentrations leading to an induction of
the aromatase that is essential for estrogen synthesis. However, FSH and estro-
gen levels still remain low until the onset of puberty.

3
Role of Estrogens During Puberty

3.1
Female Puberty

In female infancy and childhood, the activity of the hypothalamic pulse gener-
ator that directs GnRH release is almost completely inhibited and LH and FSH
serum levels are low. Small increases of serum E2 are sufficient to further in-
hibit pituitary gonadotropin secretion. The mechanisms inhibiting hypothala-
mic GnRH release are not known at present [15, 16] nor are the mechanisms re-
sulting in the release of inhibition during puberty [17]. From studies in ovariec-
tomized primates it is known that estrogens are not decisive for the activation
of the GnRH pulse generator but rather have modulating effects on gonado-
tropin release [18]. As a consequence of ovarian stimulation by gonadotropins,
E2 levels in serum increase. In conjunction with adrenal as well as ovarian an-
drogens, pubic hair develops. Ovaries, uterus, the fallopian tube, vagina, and
breast glands grow under the influence of E2. In puberty stage 3–4 according to
Tanner, when E2 levels of approximately 40 pg/mL (140 nmol/L) are reached,
the endometrium has sufficiently proliferated to allow withdrawal bleedings af-
ter gestagen administration. However, the first menstrual bleeding, the menar-
che, is usually a result of a temporary slight drop in E2 concentrations leading
to an estrogen withdrawal hemorrhage. In Europe, menarche occurs around a
mean age of 13.4 (11–15.6) years. Interestingly, 150 years ago the mean age of
menarche was 17 years [19, 20].

While there is no doubt that estrogens as well as androgens have profound
effects on behavior, controversy persists as to whether these effects are perma-
nent (imprinting) or not [21–23]. The classic example of brain imprinting by
sex steroids, the androgen-induced permanent inactivation of the LH surge
mechanism described in the laboratory rodent, does not seem to occur in pri-
mates or in humans [24, 25].

One important role of endogenous E2 is the promotion of growth and epi-
physial closure to induce growth arrest. Estrogen deficiency due to mutations in
the aromatase gene and estrogen resistance due to disruptive mutations in the
estrogen receptor gene lead to absence of the pubertal growth spurt, delayed
bone maturation, unfused epiphyses, continued growth into adulthood and
very tall adult stature in both sexes [11].
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3.2
Male Puberty

In about 60% of healthy pubertal boys there is clinically visible development of
breast tissue that is called gynecomastia of puberty. Although these boys have
normal serum concentrations of E2, testosterone, LH and FSH, an increased ra-
tio of E2 to testosterone has been reported [26]. However, this observation has
not been confirmed in more recent studies. Other investigators have observed
elevated E2 concentrations in the early morning hours. Breast swelling in boys
may also be explained by the combined effects of an androgen-induced decline
in hepatic SHBG synthesis and the higher affinity of SHBG for testosterone as
compared to E2, resulting in a shift of the balance between androgens and es-
trogens in favor of estrogenic hormones as long as androgen levels in plasma
have not yet reached final adult levels [27, 28].

Estrogens increase the number of prolactin receptors in breast tissue. Also,
E2 has a direct effect on the growth of mammary ducts. In some boys there is a
familial increase in the extraglandular aromatization of C19-steroids raising
serum E1 concentrations and increasing the incidence of gynecomastia [29]. In
addition to the extraglandular estrogen synthesis, e.g., in adipose tissue, E2 is
produced in testicular tissue leading to E2 concentrations in the pubertal boy
that are much higher than those found before puberty.

Estrogen deficiency due to mutations in the aromatase gene and estrogen re-
sistance due to disruptive mutations in the estrogen receptor gene have no ef-
fect on normal male sexual maturation in puberty [11].

4
Role of Estrogens in the Adult Woman and Man During 
Reproductive Age

4.1
Estrogens During the Menstrual Cycle Regulation of the Ovarian 
and Uterine Function

Increasing concentrations of FSH induce the aromatization of androgens in the
granulosa cells of the ovary, thus elevating E2 concentrations. E2 and FSH in-
crease the FSH receptor concentration of the granulosa cells of the ovarian fol-
licle. The peripheral E2 concentrations increase further and lead, together with
ovarian inhibin, to a feedback inhibition of FSH secretion. When E2 levels ex-
ceed a certain threshold for a defined period of time, indicating the full matu-
ration of the ovarian follicle, a massive increase of pituitary LH and FSH secre-
tion is induced resulting in ovulation and corpus luteum formation. However,
the growth of preovulatory follicles can proceed with minimal concentrations
of LH and FSH in the presence of low peripheral estrogen levels [30]. Oocyte
maturation and fertilization may proceed independently of ambient estrogen
levels. This leads to the assumption that estrogens exert a minimal autocrine-
paracrine function [31].
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The rising E2 levels in the follicular phase result in proliferation of the uterine
endometrium and in an increase of the number of glands. There is an increase in
the amount and a change in the physicochemical properties of the cervical mu-
cus (Spinnbarkeit). The decline of E2 and progesterone in the late luteal phase
leads to a loss of endometrial blood supply and eventually to the onset of menses.

4.2
Estrogen Regulation of the Mucosal Immune System

The mucosal immune system in the female reproductive tract is the first line of
defense against pathogenic organisms. Immunoglobulin A (IgA) and IgG levels
in uterine secretions change markedly during the rat estrous cycle, with higher
levels measured at ovulation than during any other stage of the cycle [32].When
ovariectomized animals are treated with E2, IgA and IgG levels markedly rise
relative to untreated controls. These results underline the role of estrogens in
the regulation of the local uterine defense mechanisms, enabling a pathogen-
free environment for the implantation of the blastocyst.

4.3
Estrogen Effects Outside the Reproductive System

The protective effects of endogenous estrogens against disorders of the cardio-
vascular system, the skeletal system and central nervous functions have been
thoroughly investigated with respect to the estrogen deficiency after meno-
pause. Therefore, these aspects will be discussed in the section on the meno-
pause. It should be stated, however, that young women with estrogen deficiency
due to mutations in the aromatase gene and estrogen resistance due to disrup-
tive mutations in the estrogen receptor gene achieve no normal bone mineral
mass and have disturbances in insulin sensitivity and lipid homeostasis [11].
Similar observations were made in young women with amenorrhea.

4.4
Adverse Effects of Endogenous Estrogens

Despite the protective effects of estrogens on many organ systems in adult
women, it is well known that some effects on the breast and the uterine en-
dometrium are undesirable. Long-lasting uterine exposure to E2 alone results
in endometrial hyperplasia and may ultimately promote endometrial cancer.
The role of endogenous estrogens for the development of breast cancer is less
clear. Estrogen receptor variants and mutations have been shown to be associ-
ated with a higher risk of breast cancer [33]. It could be demonstrated by a
number of groups that blocking of the estrogen-receptor by the anti-estrogen
tamoxifen lowers the recurrence of breast cancer or reduces the size of the tu-
mor. Moreover, the additional production of estrogens by the adipose tissue
may enhance the risk of breast cancer in premenopausal as well as post-
menopausal women [34]. However, it is not clear to what extent these observa-
tions depend on changes in the metabolism of progestins.
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4.5
Role of Endogenous Estrogens for the Fertile Man

The role of estrogens in the genesis of gynecomastia during puberty has already
been discussed. However, elevated estrogen concentrations may also lead to
gynecomastia in the adult man. A typical example is found in hepatic cirrhosis
that results in a reduced hepatic ability to conjugate active estrogens and to ren-
der them inactive.

Endogenous estrogens are absolutely necessary for the reproductive capabil-
ities in mice. Knockout experiments clearly show that male mice lacking the es-
trogen receptor alpha are infertile [10]. These mice exhibit atrophy of the testes
and dysmorphogenesis of the seminiferous tubule. The prenatal development of
the reproductive tract, however, is not affected by the estrogen receptor knock-
out. In human males, however, estrogen deficiency due to mutations in the aro-
matase gene and estrogen resistance due to disruptive mutations in the estro-
gen receptor gene is predominantly associated with reduced bone mass and 
delayed epiphysial closure [10, 11].

5
Role of Estrogens in Conception and Pregnancy

5.1
Conception and Blastocyst Implantation

In the ovary, follicles grow under the influence of gonadotropins and local growth
factors. During the normal menstrual cycle, only one follicle of the cohort of
growing follicles reaches the preovulatory stage while the remaining follicles un-
dergo atresia. In humans, the E2 levels rapidly increase during the last five days
before ovulation.After ovulation, the ruptured follicle luteinizes and the resulting
corpus luteum secretes progesterone and E2. E2 secretion is increased during the
luteal phase, corresponding to the increase in progesterone. The magnitude of the
E2 secretion increase during the luteal phase, however, is not as high as during the
follicular phase [35]. The time course of E2, progesterone, LH, FSH and prolactin
secretion during the menstrual cycle is shown in Fig. 3.

After conception, E2 plays an important role for the implantation of the blas-
tocyst in the uterus. It has been shown in ovariectomized rodents that the pre-
exposition of the uterus to progesterone alone does not lead to a successful im-
plantation of the blastocyst [36]. Implantation can be induced in ovariec-
tomized mice and rats by doses of estrogens that are much smaller than those
needed for behavioral changes [37]. The estrogen action is mediated by growth
factors at the local sites [36].

5.2
Estrogen Production in Pregnancy

The regulation of estrogen production during pregnancy has been thoroughly
investigated two to three decades ago. Prior to four weeks of gestation, the ma-
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jority of E2 secreted into maternal blood is synthesized in the maternal ovaries
[38].After the fourth postovulatory week, however, bilateral oophororectomy or
surgical removal of the corpus luteum does not diminish the levels of estrogens
excreted in urine [39]. By seven weeks of gestation, the majority of estrogens
entering both maternal and fetal compartments is of placental origin [40].

Near term, estrogen production is 1000 times the average daily estrogen pro-
duction in normal ovulatory women. As a consequence, the maternal plasma
concentration of E3, the most important estrogen in pregnancy, reaches levels
at term that are 1000-fold those in the plasma of non-pregnant women [41].
Similarly, the maternal E2 and E1 concentrations in plasma increase from
50–100 pg/mL (on average) to 30,000 pg/mL at term [42]. Fifty percent of E2
near term is derived from fetal adrenal dehydroepiandrosterone sulfate
(DHEAS) and 50% from maternal DHEAS (Fig. 4). On the other hand, 90% of
E3 in maternal plasma is produced by the placenta from fetal plasma 16a-hy-
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droxydehydroepiandrosterone sulfate (16a-HO-DHEAS) and only 10% from all
other sources. 16a-HO-DHEAS is produced by the fetal liver by sulfation of
16a-hydroxydehydroepiandrosterone (16a-DHEA), which is synthesized by the
fetal adrenal gland. Due to the absence of 17a-hydroxylase (see Fig. 2), the de
novo synthesis of estrogen from cholesterol or C21 steroids in human placenta is
impossible [1]. 80–90% of the steroids produced in the placenta are secreted
into the maternal blood [1]. Details of the synthesis of estrogens in the placenta
and of the function of the fetoplacental unit are shown in Fig. 4.

5.3
Impact of Estrogens on the Mother During Pregnancy

The elevated estrogen concentrations during pregnancy induce the synthesis of
transport proteins like thyroxin-binding globulin, transcortin and SHBG in the
liver. Due to the high exposure to E3 in pregnancy, a number of tissues are stim-
ulated to proliferate. In particular, uterine size increases up to 300-fold, an ef-
fect that is not observed in ERa knockout mice [10]. The development of the
breast ducts is also highly stimulated. Together with a number of other hor-
mone systems that are activated in pregnancy, E3 is the predominant estrogen
in pregnancy leading to water and electrolyte retention and a number of other
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Fig. 4. Estrogen biosynthesis in the human placenta. Estriol, quantitatively the most impor-
tant estrogen produced by the placenta, is synthesized from 16a-hydroxydehydroepiandros-
terone sulfate (16a-HO-DHEAS), which is predominantly supplied by fetal blood. Estradiol is
also produced by the normal placenta from dehydroepiandrosterone sulfate (DHEAS) pro-
vided by fetal and maternal blood [1]



well known gestational changes. However, at least in the human female, E3 does
not appear to be of critical importance for the maintenance of pregnancy, since
sulfatase deficiency, a disorder resulting in extremely low E3 concentrations in
maternal plasma, has no apparent adverse effect on the course of pregnancy.

5.4
Role of Estrogens for Lactation

During pregnancy, the role of the endogenous estrogens is to stimulate the
growth of breast gland ducts [43], whereas the alveolar development is pre-
dominantly induced by progesterone. The high E3 concentrations later in preg-
nancy delay the actual onset of lactation. Therefore, only after removal of the
placenta as the major source of estrogen synthesis, does the effect of prolactin
on milk production become evident. Induction of milk production and galac-
torrhea have also been observed after betamethasone administration for pro-
phylaxis of the respiratory distress syndrome of the neonate. Betamethasone is
known to reduce E3 serum levels [44]. Similar effects on lactation are observed
after a rapid decline of E3 serum levels related to fetal distress.

6
Menopause and Postmenopause

6.1
Physiology and Estrogen Concentrations

Over the past ten years, the menopause has probably been the most investigated
field of research dealing with endogenous and exogenous estrogens [45]. Only
the role of estrogens and antiestrogens in the treatment of breast cancer has
been of similar interest. Menopause is defined as the last spontaneous men-
struation. In Europe, the mean age of menopause is 51 years. In contrast to
menarche, the age of menopause has not changed throughout the last century.
Approximately five years prior to the absolute failure of ovarian hormone pro-
duction, the first clinical indicators of disturbances of estrogen and proges-
terone production manifest with irregular menstrual bleedings. This phase is
referred to as premenopause [46]. Whereas progesterone production drops rel-
atively fast during that phase (Fig. 5), E2 synthesis decreases more gradually.
These hormonal changes reflect the loss of ovarian follicles that may be stimu-
lated. In addition, ovarian blood vessels show regressive changes and eventually
obliterate.

With the progression of menopause, the E2 levels in the circulation decrease
considerably until they reach concentrations that are frequently below 20 pg/
mL. These concentrations are insufficient to induce adequate endometrial pro-
liferation and subsequent menstrual bleeding. Ovariectomy in postmenopausal
women does not lead to a further decrease in E2 concentrations, indicating the
absolute loss of ovarian function [47]. Because the negative feedback on pitu-
itary gonadotropin secretion is lost, there is a significant continuous increase in
serum LH and FSH concentrations (Fig. 5).
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However, even after menopause there is endogenous estrogen production.
One source of small amounts of E2 is the adrenal cortex. In addition, androgen
precursors like DHEA, DHEAS, testosterone and androstenedione are the sub-
strates for E1 synthesis by the enzyme aromatase in adipose tissue [48]. There
is a positive relationship between the amount of adipose tissue and the aro-
matase activity. As a consequence, overweight postmenopausal women show
higher serum E1 levels than their lean peers. Therefore, some of these women
have clear signs of estrogen effects in their target organs.

6.2
Consequences of Decreasing Estrogen Concentrations During Menopause

The earliest symptoms of the imminent menopause are menopausal hot flashes.
These are characterized by an abrupt increase of skin temperature associated
with tachycardia, flushing of the skin and sweating. They are caused by an
abrupt change of the setpoint of the hypothalamic temperature center to a
lower level, resulting in peripheral vasodilation and increased sweating that is
mediated by sympathetic nerve activity as part of a compensatory mechanism
regulating body temperature. It has been demonstrated that the administration
of exogenous estrogens but not progestins may reverse the menopausal hot
flashes [49].

Apart from these immediate consequences of E2 withdrawal, the target or-
gans suffer from a lack of estrogens and show a number of adverse reactions
during the postmenopausal phase. Two major organ systems that are affected
by these changes are the cardiovascular system and the skeletal system [50]. The
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Fig. 5. Schematic drawing of the mean serum levels of E2 and E1 in relation to progesterone
(P), LH, and FSH during pre- and postmenopause (modified according to ref. [56])



cardiovascular system of the fertile woman is considerably less susceptible to
arteriosclerosis than that of their male peers. This is at least partially due to an
interaction of estrogens with the nitric oxide system that protects against the
emergence of arteriosclerotic plaques [51]. Moreover, there are favorable im-
pacts on plasma lipids as well as anti-platelet and antioxidant effects [52]. As
soon as estrogen serum levels drop in the postmenopausal phase, there is a
rapid increase in the formation of arteriosclerosis in all arterial vessels and a
substantial increase in the risk of myocardial infarction or cerebrovascular
thrombosis.

In fertile women between age 30 and 40 years, the annual loss of the bone
mass ranges from 0.5 to 1 percent. Due to the lack of E2, this process is acceler-
ated up to 10% in the first year after menopause, if estrogens are not replaced.
Apart from the mineral components of the skeletal system, the organic sub-
stances, i.e., predominantly collagen type I, are removed [53].As a consequence,
the risk of bone fractures increases dramatically within the first 10–20 years af-
ter menopause. Certainly, the loss of bone mass is not exclusively caused by the
lack of estrogens. It is also influenced by a lack of physical activity, poor calcium
intake and decreasing concentrations of growth hormone.

One novel aspect of the adverse effect of E2 withdrawal during menopause is
the impairment of cognitive functions. Basic neuroscience studies have eluci-
dated mechanisms of action of estrogens on the structure and function of brain
areas known to be critically involved in memory. Controlled clinical studies
show that the administration of estrogens to postmenopausal women enhances
verbal memory and maintains the ability to learn new materials. These obser-
vations are supported by investigations of healthy, elderly women and by a
study in which younger women received a gonadotropin-releasing-hormone
analogue that suppressed ovarian function [8, 9].

As a consequence of the collagen type I loss, the skin is affected by the ces-
sation of adequate estrogen supply as well. Water content decreases and the epi-
dermis becomes thinner. There is also an atrophy of the secretory components
of the skin. Vagina, uterus and breasts involute as a consequence of estrogen
withdrawal. These organs decrease in size and especially the vagina is more sus-
ceptible to trauma. Similar changes are seen in bladder and urethra. Due to the
involution of these organs, there is a higher incidence of functional urinary in-
continence in postmenopausal women.

Because of all these complications, estrogen replacement therapy is generally
recommended. The correct hormonal treatment, including careful monitoring
of its side effects (like an increased susceptibility for breast cancer), may reduce
general mortality by 30–50% [45].

7
Tables of Concentrations of Estrogens During Different Phases of Life

It has to be emphasized that the determination of plasma estrogen levels varies
considerably with the method used. Therefore, three conditions are compulsory
for any specific assay measuring the three major endogenous estrogens E2, E1
and E3:
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(1) reference values must be provided for every assay,
(2) the reference values must not be related to the age but to the different de-

velopmental stage, i.e., puberty and menopause, and
(3) the assay must be specific.

The reference values shown below in Tables 1–3 were established using ra-
dioimmunoassay after chromatographic separation. Lately, ultrasensitive assays
for the determination of E2 concentrations have been introduced. Under certain
pathophysiological situations like the premature telarche these new assays al-
low for discrimination even in prepubertal girls [14].
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Table 1. Serum estradiol (E2) concentrations during infancy, childhood, different stages of
puberty according to Tanner [54], and adulthood [55]

Age/Phase Reference values Reference values 
(conventional units) (SI units)

Girls 1 week–7 months < 7–55 pg/mL < 26–201 pmol/L
6–12 months < 7–44 pg/mL < 26–162 pmol/L
2nd year < 7–24 pg/mL < 26–88 pmol/L
2–7 years < 7–12 pg/mL < 26–44 pmol/L
P I and > 7 years < 7–20 pg/mL < 26–73 pmol/L
P II < 7–35 pg/mL < 26–129 pmol/L
P III 7–60 pg/mL 26–220 pmol/L
P IV 12–93 pg/mL 44–341 pmol/L
P V 12–250 pg/mL 44–918 pmol/L

Boys 1 week–7 months < 7–25 pg/mL < 26–92 pmol/L
6–12 months < 7–19 pg/mL < 26–70 pmol/L
2nd year < 7–17 pg/mL < 26–61 pmol/L
2–7 years < 7–11 pg/mL < 26–40 pmol/L
P I and > 7 years < 7–14 pg/mL < 26–51 pmol/L
P II < 7–15 pg/mL < 26–55 pmol/L
P III 8–26 pg/mL 29–96 pmol/L
P IV 9–32 pg/mL 33–118 pmol/L
P V 12–39 pg/mL 44–142 pmol/L

Women Follicular phase 30–300 pg/mL 110–1100 pmol/L
Ovulation 300–400 pg/mL 1100–1450 pmol/L
Luteal phase > 130 pg/mL > 470 pmol/L
Postmenopause < 20 pg/mL < 70 pmol/L

Men < 50 pg/mL < 180 pmol/L



Table 2. Serum estrone (E1) concentrations during infancy, childhood, different stages of
puberty according to Tanner [54], and adulthood [55]

Age/Phase Reference values Reference values 
(conventional units) (SI units)

Girls 1 week–7 months < 7–27 pg/mL < 26–100 pmol/L
6–12 months < 7–16 pg/mL < 26–60 pmol/L
2nd year < 7–14 pg/mL < 26–52 pmol/L
2–7 years < 7–17 pg/mL < 26–63 pmol/L
P I and >7 years < 7–29 pg/mL < 26–107 pmol/L
P II < 7–37 pg/mL < 26–137 pmol/L
P III 8–53 pg/mL 26–196 pmol/L
P IV 10–53 pg/mL 44–285 pmol/L
P V 12–142 pg/mL 44–525 pmol/L

Boys 1 week–7 months < 7–21 pg/mL < 26–78 pmol/L
6–12 months < 7–21 pg/mL < 26–78 pmol/L
2nd year < 7–18 pg/mL < 26–68 pmol/L
2–X7 years < 7–13 pg/mL < 26–48 pmol/L
P I and >7 years < 7–19 pg/mL < 26–70 pmol/L
P II 11–30 pg/mL 41–111 pmol/L
P III 11–31 pg/mL 41–115 pmol/L
P IV 15–41 pg/mL 56–152 pmol/L
P V 21–47 pg/mL 78–174 pmol/L

Women fertile phase 20–182 pg/mL 74–673 pmol/L
postmenopause 15–80 pg/mL 53–280 pmol/L

Men 22–48 pg/mL 81–178 pmol/L

Table 3. Estriol (E3) concentrations in the maternal serum during the course of gestation [55]

Week of gestation Reference values (conventional units) Reference values (SI units)

20 1.3–3.2 ng/mL 4.5–11.1 nmol/L
21 1.3–3.6 ng/mL 4.5–12.5 nmol/L
22 1.4–4.0 ng/mL 4.9–13.9 nmol/L
23 1.4–4.4 ng/mL 4.9–15.3 nmol/L
24 1.5–5.0 ng/mL 5.2–17.4 nmol/L
25 1.6–5.2 ng/mL 5.6–18.0 nmol/L
26 1.8–5.6 ng/mL 6.2–19.4 nmol/L
27 2.0–6.0 ng/mL 6.9–20.8 nmol/L
28 2.2–6.5 ng/mL 7.6–22.6 nmol/L
29 2.4–6.9 ng/mL 8.3–23.9 nmol/L
30 2.6–7.2 ng/mL 9.0–25.0 nmol/L
31 2.8–7.7 ng/mL 9.7–26.7 nmol/L
32 2.9–8.4 ng/mL 10.1–29.1 nmol/L
33 3.0–10.0 ng/mL 10.4–34.7 nmol/L
34 3.2–12.0 ng/mL 11.1–41.6 nmol/L
35 3.5–13.8 ng/mL 12.1–47.9 nmol/L
36 4.0–16.0 ng/mL 13.9–55.5 nmol/L
37 4.8–18.0 ng/mL 16.7–62.5 nmol/L
38 5.5–19.5 ng/mL 19.1–67.7 nmol/L
39 6.0–20.0 ng/mL 20.8–69.4 nmol/L
40 6.4–20.3 ng/mL 22.2–70.4 nmol/L
41 6.7–20.0 ng/mL 23.2–69.4 nmol/L
42 6.0–19.5 ng/mL 20.8–67.7 nmol/L
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Phytoestrogens and mycoestrogens are naturally occurring dietary compounds that strongly
resemble the structure of the mammalian steroidal estrogens. Lignans, isoflavones, and
coumestans are the three major classes of phytoestrogens to which humans and animals 
are exposed. Animals may be exposed to high levels of phytoestrogens while grazing in pas-
tures or consuming feed rich in clover or alfalfa. Domestic livestock may be exposed to my-
coestrogens, primarily zearalenone, by consuming feed that is contaminated with Fusarium
spp. toxins. Livestock consuming feed is exposed to 907–1195 mg of isoflavones/kg of feed. In
clover pastures, livestock is exposed to isoflavones at a level of 0.05–4.8% (dry weight).
Mycoestrogen exposure varies according to the level of contamination of feed. The zear-
alenone content of animal feed is estimated to be within 14–215 ng/g depending on the geo-
graphical region and type of grain or cereal consumed. With respect to human exposure, lig-
nans and isoflavones are most commonly found in foods containing flaxseed or soybeans, re-
spectively. Since the extent of phytoestrogen exposure is dependent on dietary composition,
vegetarians or infants receiving soy-based infant formulas have a significantly higher level of
exposure to phytoestrogens. Humans may be exposed to trace or low levels of mycoestrogens
via consumption of cereal or cereal products that are mildly contaminated with zearalenone.
Dietary intakes of zearalenone are estimated to be 100–500 ng/kg body weight per day. Both
animal and human studies have demonstrated that exposure to phytoestrogens and myco-
estrogens can result in estrogen-like or antiestrogen-like effects depending on the timing of
exposure in the life-cycle, the duration of exposure, and the dose administered. Accordingly,
these compounds can have adverse effects or health benefits. Alterations in reproductive in-
dices that lead to reduced fertility rates have been reported in animals grazing in pastures
containing phytoestrogens or consuming feed contaminated with mycoestrogens. Impair-
ments in sexual behavior and alterations in measures of masculinity as well as modifications
in carcass composition have been reported in animals implanted with a synthetic analogue of
zearalenone. In humans, the progression of diseases in which estrogen may play a role, such
as cancer, cardiovascular disease, and osteoporosis, may be attenuated with phytoestrogen ex-
posure. Exposure to phytoestrogens during critical developmental periods may reduce the
risk of disease development in later life.
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1
Introduction

Scientific investigation into the effects of dietary estrogens on animal and hu-
man health has proliferated over the past decade. The interest in phytoestro-
gens, particularly in relation to animal and human health, is due to the estro-
gen-like biological activity of these compounds. Endogenous estrogen is an im-
portant modulator of growth, reproduction, cardiovascular health, and bone
metabolism. Thus, whether or not consumption of naturally-occurring estro-
gens may mimic or antagonize the biological action of endogenous estrogen
has direct implications for animal and human health. In addition, three of the
major diseases afflicting populations in industrialized countries – cancer, car-
diovascular disease, and osteoporosis – are diseases in which estrogen can have
a role in disease etiology due to anticarcinogenic, antioxidant, and/or antire-
sorptive properties, respectively. Thus, elucidating the ability of dietary estro-
gens to prevent, treat, or perhaps perpetuate the disease process is an active area
of investigation. This review will provide the reader with an understanding of
the natural abundance of estrogens in animal and human foods, the extent of
exposure, the metabolic action, and fate of dietary estrogens, and the implica-
tions of consumption of dietary estrogens on normal animal and human health
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as well as in specific human disease states in which estrogen may be implicated
in the disease process.

2
Occurrence and Metabolism of Dietary Estrogens

2.1
Phytoestrogens

The three main classes of phytoestrogens are lignans, isoflavones, and coumes-
tans. As indicated by the term phytoestrogens, these compounds are naturally
occurring estrogens of plant origin. A common feature of the lignans,
isoflavones, and coumestans is their striking structural similarity to 17b-estra-
diol and the synthetic estrogen, diethylstilbestrol (Fig. 1).

Lignans are abundant in cereal brans, whole cereals, oilseeds, legumes, fruits,
vegetables, and seaweeds, but the richest source of lignans is flaxseed. In vitro
fermentation of 68 common plant foods with human fecal microbiota for 48 h
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Fig. 1 A, B. A The structure of 17b-estradiol and of the synthetic estrogen, diethylstilbestrol.
B Metabolism of secoisolariciresinol diglycoside and matairesinol to the mammalian lignans.



demonstrated that flaxseed contains at least 100 times more lignans than other
foods, including other oilseeds [1, 2]. Dried seaweed was the second highest lig-
nan-containing food [1]. The lignan concentrations of a variety of plant foods,
organized by food group, are summarized in Table 1.

The isoflavone concentrations of a variety of foods have also been measured
and reported. While isoflavones are most abundant in soybeans and soy prod-
ucts such as tofu, a variety of beans, sprouts and legumes are also rich sources
of isoflavones [2, 3]. Table 2 summarizes a selection of foods that have the high-
est concentrations of isoflavones.

The major coumestan, coumestrol, is present in several types of sprouts (al-
falfa, soy, clover, and bean) as well as bean seeds (pinto, kala chana, and mung)
(Table 3). Clover sprouts are a very rich source of coumestrol, containing more
than 3 times the level of other foods. Several foods that contain measurable
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Fig. 1 C, D. (continued) C Metabolism of the major isoflavones, biochanin A and for-
mononetin. D Coumestrol, the major coumestan



quantities of coumestrol, such as clover sprouts, pinto bean seeds, and kala
chana seeds, are also sources of isoflavones.

Phytoestrogens exist as glycosides in food products. Thus, after ingestion of
a phytoestrogen-containing food, bacterial beta-glycosidases in the colon hy-
drolyze the glycosides into aglycones.Aglycones can be directly absorbed or un-
dergo further metabolism before absorption in the gastrointestinal tract [4].
The bacterial metabolism of these three major classes of phytoestrogens and
the structures of the metabolites are illustrated in Fig. 1.

The two predominant lignan precursors are secoisolariciresinol diglycoside
(SDG) and matairesinol. SDG and matairesinol are metabolized to the mam-
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Table 1. Mammalian lignan production from several plant food groups

Food group Mammalian Lignans a,b (mg/100 g samplec)

Flaxseed (an oilseed) 67,541
Other Oilseeds 638 ± 219
Dried Seaweeds 900 ± 247
Whole Legumes 562 ± 211
Cereal Brans 486 ± 90
Legume Hulls 371 ± 52
Cereals 359 ± 81
Vegetables 144 ± 23

a Data are expressed as the mean of the respective food group ± standard deviation, except
for flaxseed.

b Lignans include enterolactone and enterodiol as determined using GC/MS.
c Sample weight is expressed as a wet weight.
(Summarized from [1]).

Table 2. Plant foods with the highest concentrations of isoflavones

Plant food Isoflavones a,b (mg/kg sample)

Dried soy bean seeds 1953.0
Soy flour 1777.3
Dried black soybean seeds 1310.7
Tofu 278.8
Fresh soy bean seeds 181.7
Dried green split peas 72.6
Clover sprouts 30.6
Dried kala chana seeds 19.0
Soy bean hulls 18.4
Dried black eyed bean seeds 17.3
Dried small white bean seeds 15.6
Dried garbanzo bean seeds 15.2
Dried pink bean seeds 10.5

a Data are expressed as the mean value.
b Isoflavone concentrations were determined by HPLC and were a mixture of daidzein, genis-

tein, formononetin and biochanin A.
(Modified from [3]).



malian lignans enterodiol (ED) [2,3-bis(3-hydroxybenzyl)butane-1,4-diol] and
enterolactone (EL) [trans-2,3-bis-(3-hydroxybenzyl)butyrolactone], respec-
tively, via a series of dehydroxylation and demethylation reactions. ED, derived
from SDG, can be further oxidized to EL by bacteria in the colon.

The major isoflavones are biochanin A (5,7-dihydroxy-4¢-methoxy-iso-
flavone), formononetin (7-hydroxy-4¢-methoxy-isoflavone), genistein (4¢,5,7-
trihydroxy-isoflavone) and daidzein (4¢,7-dihydroxy-isoflavone). While genis-
tein and daidzein do exist as inactive glycosides in foods, these compounds can
also be formed from biochanin A and formononetin, respectively [5]. Daidzein
can also be further metabolized to equol. Coumestrol, the major coumestan, ex-
ists in foods as an inactive glycoside and is converted to its aglycone form by
colonic bacteria. After absorption, phytoestrogens and/or the corresponding
metabolites are conjugated in the liver with glucuronic acid or sulfate, undergo
hepatic circulation, and are excreted in the bile [2, 6]. Since a proportion of
phytoestrogens and/or their metabolites are excreted in the urine, quantifying
urinary lignans is a useful indicator of phytoestrogen intake.

Other plant components reported to have estrogenic activities include the
flavonoids (flavones, flavonols, and flavonones), resveratrol, indole-3-carbinol,
and unidentified components in various herbs and spices (Fig. 2). In addition,
synthetic forms of isoflavones, such as ipriflavone have been reported.

Flavonoids provide pigmentation to seeds, leaves, petals, and fruits of flow-
ering plants. They typically exist as sugar conjugates [7]. Specific flavonoids
(4¢,7-dihydroxyflavone, 4¢,5,7-trihydroxyflavone or apigenin, 4,5,7-trihydrox-
yflavanone or naringenin) can exert estrogen-like effects by competing with
17b-estradiol for binding to the estrogen receptor [7]. More recently, the effects
of resveratrol (3,4¢,5-trihydroxystilbene), present in the skin of dark-skinned
grapes, and indole-3-carbinol (indole-3-methanol), abundant in cabbage, broc-
coli, and brussels sprouts, have been studied. Resveratrol exists as a glycoside in
grapes and red wine, and its structure is similar to that of diethylstilbestrol, a
synthetic estrogen. In humans, it is currently unclear whether resveratrol is ab-
sorbed in a sufficient amount to mediate biological effects [8, 9] but adminis-
tration of moderate levels of red wine containing resveratrol to rats resulted in
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Table 3. Coumestrol concentrations of various plant foods

Plant food Coumestrol a,b (mg/kg sample)

Clover sprouts 280.6
Dried, round split peas 81.1
Dried kala chana seeds 61.3
Alfalfa sprouts 46.8
Dried pinto beans 36.1
Dried, large, lima bean seeds 14.8
Dried red bean seeds Trace

a Data are expressed as the mean value.
b Coumestrol concentrations were determined by HPLC.
(Modified from [3]).



measurable levels of resveratrol in several different biological tissues including
heart, liver, kidney, plasma, and urine [10]. Indole-3-carbinol exists as a glu-
cosinolate and is converted to several biologically active polyaromatic indolic
compounds in the acidic environment of the stomach [11]. The ability of 150
different herbs, foods, and spices to bind the estrogen receptor has been re-
cently evaluated [12]. In addition to soy milk and red clover, several herbs and
spices, including licorice, mandrake, blood root, thyme, yucca, turmeric, hops,
verbenna, yellow dock, and sheep sorrel, were shown to bind the estrogen re-
ceptor with binding affinities equivalent to 0.5–2 mg of estradiol per 2 g of dry
herb [12].

2.2
Mycoestrogens: Zearalenone

Mycoestrogens are dietary estrogens of fungal origin. Cereals that are stored
under moist conditions can be contaminated with molds that produce myco-
estrogens [13]. Consequently, both domestic livestock and humans can con-
sume significant quantities of mycoestrogens via the consumption of contami-
nated rice, corn, wheat, and barley. The major mycoestrogen, zearalenone, is a
metabolite of naturally occurring Fusarium spp. toxins [14]. Zearalenone is a re-
sorcylic acid lactone [6-(10¢-hydroxy-6¢-oxo-trans-1¢-undecenyl)-b-resorcylic
acid lactone]. As shown in Fig. 3, zearalenone can be metabolized to zear-
alanone, zearalenol, and zearalanol.

Several factors have been shown to influence the metabolism of zearalenone
to the various metabolites. These factors include the age and sex of the animals,
the species, and enzyme activity [14]. Based on in vitro studies, the major en-
zymes involved in the metabolism of zearalenone are reductase and 3a-hy-
droxysteroid dehydrogenase enzymes that require NADH or NADPH as coen-
zymes [14].

Dietary Estrogens of Plant and Fungal Origin: Occurrence and Exposure 107

Fig. 2. The structures of the ipriflavone, trans-resveratrol, apigenin and naringenin



3
Domestic Animals

3.1
Exposure to Dietary Estrogens

Domestic livestock can be exposed to both phytoestrogens and mycoestrogens.
Animals grazing in pastures can consume many different estrogenic plants such
as alfalfa, soybeans, annual medics, as well as white, red, or subterranean clover.
Estimates regarding the level of isoflavone exposure to domestic animals has
been provided by a Swedish study in which the levels of daidzein, genistein, for-
mononetin, and biochanin A in several major constituents of livestock feed and
samples of silage from two different storage sites were quantified [15].As shown
in Table 4, red clover contained more than 10 times the level of isoflavones of
the soybean meals.

In comparison to red clover, silage samples contain lower quantities of
isoflavones. In pastures containing clover, the level of isoflavones is reported 
to be 0.05–4.8% (dry weight basis). There are 3 different types of clover: sub-
terranean, red, and white clover with 0.8–4.8%, 0.27–1.95%, and 0.05%
isoflavones, respectively. These ranges include the findings from 7 different sub-
terranean, 3 red clover, and 1 white clover genotypes [16–18]. Within a clover
plant, the isoflavone concentration is highest in the leaves and lowest in the
roots and stems, and intermediate in the flowers [19]. In addition, environmen-
tal factors such as temperature, mineral status, water deficiency, or water excess
can alter isoflavone concentrations of plants [16, 19–22].
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There is limited information about the levels of zearalenone or other myco-
estrogens in animal feed. Canada’s Health Protection Agency reported that the
zearalenone content of a variety of grains was 23–215 ng/g [23]. Wheat samples
from the Midwestern United States are reported to contain 35–155 ng zear-
alenone/g [24]. A study from China reports that corn contains 14–169 ng zear-
alenone/g [25]. The actual level of mycoestrogens that domestic animals are ex-
posed to is likely highly variable, being dependent on the storage and composi-
tion of the feed as well as geographical location. Experimental studies, in general,
have tested the effects of zearalenone or zeranol, a synthetic derivative of zear-
alenone, at a concentration of 1 mg/kg body weight [26, 27]. One study in cattle
reported that zeranol may be formed in vivo by the presence of the Fusarium spp.
toxins. It was reported that Fusarium spp. toxins were present in 32% of bile sam-
ples tested [28]. Thus, herd contamination with Fusarium spp. appears to be an
additional factor affecting exposure to zearalenone and/or zeranol.

3.2
Implications for Domestic Animal Health

There have been many reports of phytoestrogens disrupting reproductive activ-
ity in sheep. One of the earliest reports of the impact of phytoestrogens on do-
mestic animal health arose from the observation that sheep grazing in pastures
with a high content of clover experienced fertility abnormalities, including a de-
creased number of births and prolapse of the uterus [29]. It was later demon-
strated that effects on fertility can be temporary or permanent depending on the
duration of exposure to phytoestrogens [30, 31]. For example, fertility can be re-
stored if ewes are relocated to a pasture devoid of phytoestrogens if they have
been exposed to phytoestrogen-rich pastures for less than 3 years. Temporary in-
fertility is attributed to increased embryo mortality and a reduction or cessation
in ovulation. Permanent infertility is purported to occur after 3 years of exposure
to dietary estrogenic compounds. This infertility is due to permanent changes in
the architecture of the cervix and also changes in the viscoelasticity of the mucus
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Table 4. Concentration of specific isoflavones in the components of animal feed and two dif-
ferent silage samples

Sample Daidzein Genistein Formononetin Biochanin Totala

(mg/kg) (mg/kg) (mg/kg) (mg/kg) (mg/kg)

Red Clover 530 1060 13220 8330 23140
Toasted and defatted 616 753 ND ND 1369
soybean meal
Whole soybean meal 706 1000 ND ND 1706
Silage sample A 38 36 562 271 907
Silage sample B 67 52 654 422 1195

a Isoflavone concentrations were determined by HPLC.
ND, not detectable.
(Modified from [15]).



in the cervix which prevents the transport of sperm through the cervix [30, 31].
In addition to these effects on the cervix, phytoestrogens have been shown to ex-
ert effects on estrogen-sensitive tissues such as the mammary gland and female
reproductive organs of ewes. These estrogen-like effects include the enlargement
of the mammary gland and the production of a milky fluid by the mammary
glands, hypertrophy of the teats, an increase in the size of the uterus, and an in-
crease in the thickness and keratination of the vaginal epithelium [30, 31].
Isoflavones can also be accumulated in the body fat of animals exposed to phy-
toestrogen-containing pastures [32]. The impact of this to animal reproduction
and the health of humans who consume animal meat are uncertain.

Cattle have also been shown to be sensitive to the estrogen-like effects of di-
etary phytoestrogens. Specific observations include the swelling of the vulva,
discharge of cervical mucus, uterus enlargements, and cystic ovaries. Moreover,
irregular estrus cycles including periods of anestrus and decreased rates of con-
ception have been reported [33]. Similar to sheep, these effects are only tempo-
rary as the symptoms resolve after placement in a pasture devoid of phyto-
estrogens [34].

There are two main reasons why the impact of mycoestrogens on animal
health have been studied and both are based on the knowledge that mycoestro-
gens may have weak estrogenic activity. The first reason arises from the fact that
animal feed can be contaminated with mycoestrogens that may alter fertility
and other reproductive indices. The second reason stems from the economic
desire of producing livestock with a more favorable body composition. It is well
established that providing anabolic agents to domestic animals (e.g., cattle,
swine) effectively influences body composition. Thus, whether the administra-
tion of natural, dietary components could also have an anabolic effect has been
investigated. The impact of zearalenone consumption on reproductive indices
which includes age at puberty onset, pregnancy, and rebreeding, and the num-
ber of fetuses or live births per litter, has been extensively studied. In swine, sev-
eral studies have provided evidence that consumption of zearalenone can pre-
vent pregnancy, stimulate regression of the corpus luteum, impair the develop-
ment of the blastocyst, and decrease the average number of fetuses per sow [25,
27, 35]. However, interestingly, gilts who were fed zearalenone prior to puberty
did not experience any adverse effects. Age at puberty onset, conception and
ovulation rates, and the number of fetuses were unaltered compared to gilts not
receiving zearalenone [36]. These findings suggest that the timing of exposure
may be the critical variable. In addition, piglets born to sows who had received
dietary zearalenone throughout pregnancy and lactation did have heavier
testes, uterine, and ovarian weights, indicative of an estrogen-like effect.
However, the reproductive ability of these offspring was unaffected [37] and
provides evidence that zearalenone does not have a sustained effect on off-
spring exposed to mycoestrogens in utero through lactation.

With respect to carcass composition, lambs implanted with zeranol, a syn-
thetic form of zearalenone, had a more favorable lean to fat tissue ratio at
slaughter. The alteration in body composition was attributed to a rise in circu-
lating growth hormone and insulin-like growth factor-I [38]. Growth hormone
affects nutrient partitioning, promoting the deposition of lean mass and the
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mobilization of fat mass. In bulls, zeranol implantation from birth to slaughter
also resulted in a greater lean mass compared to untreated bulls [39]. Of poten-
tial concern were the findings that behavioral development and masculinity
were delayed as evaluated by bunting, mounting attempts, facility rubbing, and
a smaller scrotal circumference. There were no measures of reproductive activ-
ity in these bulls so it is not known whether the delay in behavioral develop-
ment or altered masculinity affected reproductive ability.

While agricultural studies have mostly focused on the impact of phytoestro-
gens and mycoestrogens on domestic animal health, other studies have been
conducted in rodents, particularly mice and rats, to gain a more thorough un-
derstanding of how phytoestrogens can influence human health. These studies
will be discussed in the next section.

4
Humans

4.1
Exposure to Dietary Estrogens

The extent to which a person is exposed to dietary estrogens depends on the
type of diet consumed. Thus, exposure may be estimated by calculations based
on food intakes or measurement of markers of phytoestrogen intakes such as
urinary phytoestrogen excretion or plasma phytoestrogen levels. The isoflavone
and lignan content of many foods are known and reported in databases [1, 3,
40]. Therefore, the extent of human exposure to dietary lignans or isoflavones
from dietary questionnaires can be calculated and differences in phytoestrogen
exposure among populations with diverse dietary habits can be evaluated.
Dietary lignan intake and production can be estimated by using the mean in
vitro lignan production values from whole grains, fruits, and vegetables [1]. If
individuals consume the upper limit of the current recommendations of 8 serv-
ings of whole grains and 8 servings of fruits and vegetables, lignan intake is ap-
proximately 4.6 mmol (1380 mg) per day [41]. In contrast, the lignan intake and
production of vegetarians who have an ideal intake of 9 servings of whole
grains, 10 servings of fruit and vegetables, 2 servings of legumes, and 1 serving
of oilseeds (e.g., flaxseed) is 7.4 mmol (2220 mg) per day [41]. Thus, it appears
that vegetarians have a higher lignan intake and production than non-vegetar-
ians. Interestingly, further calculations demonstrate that, due to the high level of
lignans produced from oilseeds, particularly flaxseed, omnivores consuming an
additional 2 slices of flaxseed bread with approximately 3 g of flaxseed per slice
could raise their intake by 7.4 mmol (2220 mg) of lignans per day and thereby
have a higher lignan intake and production than vegetarians. Conversely, diet
supplemented with 25 g of flaxseed can increase the lignan intake by 22 mg.

The other way to estimate human exposure to dietary estrogens is to evalu-
ate plasma and/or urinary phytoestrogen concentrations among different pop-
ulations since these measures are indicators of phytoestrogen exposure. It is re-
ported that 7–30% of ingested isoflavones can be recovered in urine, making it
possible to approximate isoflavone intake [42]. As shown in Table 5, both
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Finnish premenopausal and postmenopausal women who followed a vegetarian
diet had a higher excretion of lignans and isoflavones, indicating a higher phy-
toestrogen intake, than women consuming an omnivorous diet [43]. From these
urinary excretion data, isoflavone intakes of premenopausal Finnish women are
estimated at 2216–9500 nmol per day for vegetarians and 1303–5585 nmol per
day for omnivores while postmenopausal vegetarians and omnivores consume
1077–4614 nmol per day and 318–1361 nmol per day, respectively. Similarly,
both American premenopausal and postmenopausal lacto-ovovegetarian
women had higher isoflavone excretion while urinary lignans were not differ-
ent compared to omnivores [43]. The calculated isoflavone intakes for these pre-
menopausal American women, based on urinary excretion data, are 1717–
7357 nmol per day (omnivores) and 6206–26,600 nmol per day (lacto-ovove-
getarians). For postmenopausal American women, the isoflavone intakes are 
estimated to be 4273–18314 nmol per day (lacto-ovovegetarians) and 593–
2542 nmol per day (omnivores).

Other studies have shown that geography and cultural practices can also in-
fluence exposure to dietary estrogens. Estimates of the total isoflavone intake or
intakes of a specific isoflavone (i.e., genistein) in Japanese populations based on
the isoflavone concentration of soy products consumed are variable, being
20–45 mg of isoflavones [42, 44] or 20–80 mg of genistein per day [45, 46]. In
Western countries, the isoflavone intake is less than 5 mg per day [44] while the
intake of genistein in the United States is estimated at 1–3 mg per day [45, 46].
Japanese women living in Japan were shown to have 1.28 and 2.3 times the level
of urinary isoflavones compared to premenopausal and postmenopausal
women, respectively, who immigrated from Japan to Hawaii [43, 47]. Isoflavone
intakes are estimated to be 1576–6757 nmol per day among Japanese women
living in Japan as opposed to 1223–5242 nmol per day in premenopausal and
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Table 5. Urinary lignan and isoflavone excretion of premenopausal and postmenopausal
women consuming vegetarian, lacto-ovovegeratarian and omnivorous diets

Population Lignans Isoflavones
(mmol/day) (nmol/day)

Premenopausal Finnish women
Omnivores 2.89 391
Vegetarians 4.16 665

Postmenopausal Finnish women
Omnivores 1.99 95.3
Vegetarians 8.09 323

Premenopausal American women
Omnivores 2.22 515
Lacto-ovovegetarians 6.78 1862

Postmenopausal American women
Omnivores 2.07 178
Lacto-ovovegetarians 1.09 1282

(Modified from [43]).



703–3014 nmol per day in postmenopausal immigrants. The higher urinary
phytoestrogen excretion in Japanese women living in Japan may be due to the
fact that soybeans and soy-based foods such as tofu, are common and thus very
accessible for consumption in Japan compared to other countries. Further,
higher rates of hormone-specific cancers, such as breast cancer, in Western
compared to Asian countries are partially attributed to lower phytoestrogen in-
takes. In general, breast cancer patients tend to have lower phytoestrogen in-
takes, as indicated by lower phytoestrogen excretion, compared to vegetarian or
lacto-ovovegetarian women [43]. Premenopausal and postmenopausal women
from Finland with breast cancer had urinary lignans that were 1.8- and 3.9-fold
lower than vegetarian women [43]. In addition, urinary isoflavone excretion
was 2.4- and 3.4-fold lower among Finnish premenopausal and post-
menopausal breast cancer patients compared to vegetarians. The isoflavone in-
takes of these breast cancer patients are estimated to be 930–3986 nmol per day
for premenopausal women and 314–1345 nmol per day for postmenopausal
women. Thus, the extent of phytoestrogen exposure may have important conse-
quences with respect to disease prevention.

There are limited data pertaining to plasma phytoestrogen levels in maternal
and cord blood. In a group of seven Japanese women, isoflavonoid concentra-
tions in maternal and cord blood were 19–744 nmol/l and 58–831 nmol/l while
lignan concentrations were negligible [48]. In these same subjects, amniotic
fluid concentrations of isoflavonoids were 52–779 nmol/l. It is possible that
there is some in utero transfer of isoflavones from the mother to the fetus.

The total isoflavone concentration of five commercially available soy-based
infant formulas has been recently reported [49]. Powdered formulas contain
1931 ± 175 mg and 2170 ± 90 mg isoflavones per gram soy protein and liquid
formulas contain 2275 ± 455 mg, 2284 ± 38 mg, or 2275 ± 328 mg isoflavones per
gram soy protein [49]. Thus, the isoflavone intake of a four-month-old infant
consuming 800–1000 ml of soy-based infant formula is between 35 mg and
50 mg per day [49]. Not surprisingly, circulating isoflavones are 10 times higher
in soy-fed infants compared to infants fed cow’s milk-based infant formula [50].
Breast-fed infants of mothers who consume large quantities of soy or who are
vegetarian and thereby consume large quantities of phytoestrogens, are expos-
ing their infants to higher levels than other infants but the exposure to phyto-
estrogens is much lower than the exposure to infants fed soy-based infant for-
mula (isoflavone intake of 22.5–45 mg per day vs 0.005–0.01 mg per day) [49].
Isoflavones are detectable in breast milk and can be transferred to the infants.
Lactating women who were challenged with soy foods experienced a dramatic
rise in the daidzein and genistein content of their breast milk [49]. It is currently
unclear whether or not exposure to high levels of isoflavones, as can be achieved
by feeding soy-based formula, has metabolic consequences but the consump-
tion of soy products in infancy is generally advocated to be safe for children
[51], and possibly even protective against adult-onset of disease. However, the
long-term effect on whole body metabolism remains unknown as there have
been no reports on the long-term safety. Ongoing studies are evaluating the
safety of administering phytoestrogen-rich formulas and, later in life, foods
which are high in phytoestrogens [52].
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The extent to which humans are exposed to mycoestrogens is uncertain al-
though it is suggested that the range of tolerable daily intake is 100–500 ng/kg
body weight per day [53]. Because zearalenone is predominantly in cereals and
cereal products, individuals with high cereal intakes likely have a higher daily
intake of zearalenone.

4.2
Implications for Human Health

As previously mentioned, 17b-estradiol is an important modulator of postnatal
growth and development, and is also important for maintaining reproductive,
cardiovascular, and bone health. In addition, phytoestrogens appear to have a
role in the etiology of hormone-dependent cancers. Phytoestrogens may medi-
ate estrogen-like effects by direct interaction with the estrogen receptor. It has
recently been established that there are two different estrogen receptors, a and
b, which differ in C-terminal ligand-binding domain and the N-terminal trans-
activation domain [54]. Evaluation of the estrogenic potency of compounds for
both the a and b estrogen receptor has demonstrated that the major phyto-
estrogens interact with both receptors [54]. There is also evidence that phyto-
estrogens may act by estrogen-independent mechanisms, e.g., as antioxidants
and hydrogen peroxide scavengers [55, 56] or by interfering with eicosanoid
[57, 58] and cytokine production and cell signaling [59, 60]. The specific mech-
anisms and implications of phytoestrogen action during the various stages of
the life-cycle and in disease states are described and summarized in the follow-
ing four sections.

4.2.1
Stages of the Life-Cycle

Endogenous steroidal estrogen is an important regulator of normal metabolism
throughout the life-cycle, particularly in women. Physiological levels of estro-
gen change at various stages of the life-cycle. For instance, endogenous estrogen
levels are low during early postnatal life, rising at the end of childhood, and
reaching the highest levels during adolescence before declining during the ag-
ing process. It is hypothesized that when endogenous levels of estrogen are low,
exogenous dietary estrogens may exert estrogen-like effects but when endoge-
nous estrogens are high such as occurs during adolescence and adulthood,
dietary estrogens act as anti-estrogens [61]. There may be an optimal range in
which to maintain estrogen levels in relation to physiological levels, which un-
dergo dramatic changes at various stages of the life-cycle. Thus, appropriately
modifying dietary phytoestrogen intakes may lead to health benefits but po-
tential adverse effects must also be monitored and considered.

The effects of phytoestrogens at various stages of the life-cycle have been
most extensively studied in rats. Some of these studies are summarized in
Table 6.

Anogenital distance, puberty onset, estrous cycling, growth, sex organ
weight, and hormonal profile are indicators of estrogen- or anti-estrogen-like
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Table 6. Biological effects of phytoestrogen exposure during various stages of the life-cycle in rats

Phytoestrogen Stage of Gender Phytoestrogen dose, route of Biological effects Reference
development administration, duration of exposure 

Genistein Gestation Female 5 or 25 mg/day, injected on day 5 mg: Ø AGD, delayed puberty 62
16–20 in utero 25 mg: Ø birthweight

Genistein Gestation Male 5 or 25 mg/day, injected on day 5 mg: Ø AGD 62
16–20 in utero 25 mg: No effects

Coumestrol Neonatal Female 0.01 mg/day, injected on PND 1–10 Ø GnRH-LH, ≠ basal LH
Coumestrol Neonatal Male 0.01 mg/day, injected on PND 1–10 ≠ GnRH-LH, ≠ basal LH
Coumestrol Neonatal Female 0.7–2.0 mg/day, oral, PND 1–21 Ø Growth, lengthened estrous cycle 64

due to ≠ estrus
Coumestrol Neonatal Male 0.7–2.0 mg/day, oral, PND 1–10, Ø Male behavior 65
Genistein Neonatal Female 0.1 or 1 mg/day, injected on PND ≠ GnRH-LH 66

1 mg: Ø GnRH-LH
Genistein Neonatal Male 0.1 or 1 mg/day, injected 0.1 mg: ≠ GnRH-LH 66

on PND 1–10 1 mg: Ø GnRH-LH
Purified SDG Gestation and Female Fed 5 or 10% flaxseed from start 5%: Delayed puberty onset, 67
or Flaxseed Lactation of pregnancy through PND 21 ≠uterine and ovarian weight at

Gavaged 1.5 mg SDG during PND 132
pregnancy 10%: Earlier puberty onset, Ø AGD,

lengthened estrous cycle at PND 50 
and 132, ≠ uterine weight at PND 132
SDG: Delayed puberty onset, ≠ uterine 
and ovarian weight at PND 132

Purified SDG Gestation and Male Fed 5 or 10% flaxseed from start 5%: No effect 67
or Flaxseed Lactation of pregnancy through PND 21 10%: Ø birthweight and weight gain,

Gavaged 1.5 mg SDG during Ø AGD, ≠ sex gland, testes, seminal
pregnancy vesicle and prostate weight at PND 132

SDG: No effect
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Table 6 (continued)

Phytoestrogen Stage of Gender Phytoestrogen dose, route of Biological effects Reference
development administration, duration of exposure 

Flaxseed Postweaning to Female 5 or 10%, fed on PND 21–132 5% and 10%: No effect on puberty 68
Adult onset or estrous cycling

Flaxseed Postweaning to Male 5 or 10%, fed on PND 21–132 5% and 10%: No effect 68
Adult

Flaxseed Gestation to Female 5 or 10%, fed from start of preg- 5%: ≠ Uterine and ovarian weight at 68
Adult nancy through PND 132 PND 132

10%: ≠ Plasma estradiol at PND 50 and 
132, ≠ uterine weight at PND 132

Flaxseed Gestation to Male 5 or 10%, fed from start of preg- 5%: No effect 68
Adult nancy through PND 132 10%: ≠ Plasma testosterone,

≠ sex gland, testes, seminal vesicle,
prostate weight at PND 132

Coumestrol Weanling Female 0.7–2 mg/day, fed on PND 1–10 Early puberty onset 69
Lengthened estrous cycle due to 
prolonged diestrus

SDG Adult Female 0.75–3 mg/day, orally from Lengthened estrous cycle due to 70
PND 57–85 prolonged diestrus

Genistein Adult Female 1–10 mg/day or 0.1 mg/day, 1–10 mg: Ø Progesterone-LH 71
single injection 0.1 mg: ≠ progesterone-LH

AGD, anogenital distance; GnRH-LH, gonadotropin releasing hormones induced luteinizing hormone surge; LH, luteinizing hormone; PND, postnatal
day; SDG, secoisolariciresinol diglycoside.



activity. It is evident that the biological effects due to exposure to genistein,
coumestrol, flaxseed, or purified SDG have profound effects on sex hormones
and sexual differentation in males and females. Of interest is the finding that
genistein exposure in utero and flaxseed exposure during pregnancy and lacta-
tion exerts hormone-like effects that are dose-dependent. Low dose genistein
(5 mg) but not high dose genistein (25 mg) resulted in shorter anogenital dis-
tance in both male and female rats. Similarly, exposure to 5% flaxseed diet dur-
ing pregnancy and lactation resulted in delayed puberty onset, an anti-estro-
genic-like effect, while exposure to 10% flaxseed resulted in an earlier onset of
puberty, an estrogenic-like effect but longer estrous cycles due to prolonged
diestrus, an anti-estrogenic effect [67]. The implications of an earlier or delayed
onset of puberty and subsequent reproductive activity during the life-cycle are
unclear. However, it is clear that the timing of exposure is another important
factor controlling the outcome of exposure to phytoestrogens. Exposure to phy-
toestrogens postweaning through to adulthood did not result in hormone-like
effects as puberty onset, estrous cycling, plasma estradiol, or testosterone and
sex organ weights were unchanged [68]. Together, these studies confirm that
pregnancy and lactation are hormone-sensitive periods of the life-cycle in
which developmental changes in the central nervous system and programming
of the reproductive tract can be permanently altered. Whether a beneficial or
adverse effect occurs depends on the dose of the phytoestrogen, the timing of
the exposure, and the endogenous estrogen status of the rat.

In clinical trials, phytoestrogen intakes are associated with alterations in the
menstrual cycle. In healthy premenopausal women, consumption of 10 g of
flaxseed per day for a period of 3 ovulatory cycles lengthened the luteal phase
but did not affect the follicular phase and overall cycle length was unaffected
[72]. In addition, the ratio of progesterone to estradiol was significantly higher
during the luteal phase, and was largely due to the fact that estradiol levels
tended to be lower during the luteal phase during flaxseed supplementation.
Lower estradiol levels may have been the result of increased estrogen metabo-
lism or inhibition of ovarian aromatase activity [72]. In contrast, isoflavone
supplementation (45 mg per day) increased follicular phase length and the
length of the menstrual cycle without lengthening the luteal phase [73].
Although the consequences of altering menstrual cycle length or the time spent
in specific phases (e.g., luteal vs follicular phase) have not been confirmed, it is
speculated that longer menstrual cycles result in a lesser life-time exposure to
estrogen. Therefore, these findings may indicate that modification of the levels
of isoflavones in the diet may modulate a women’s susceptibility to diseases in
which a greater life-time exposure to estrogen is associated with an increased
risk of disease development (e.g., cancer).

In postmenopausal women, dietary supplementation with flaxseed (25 g per
day) or sprouts (10 g dry seed per day) was shown to alter vaginal cytology [74].
Specifically vaginal cell maturation, a measure of estrogen activity, was shown
to increase with phytoestrogen supplementation and provides evidence that di-
etary phytoestrogens can have an estrogen-like effect in women with low en-
dogenous estrogen production. There are isolated reports that relief from post-
menopausal symptoms such as hot flushes [75–77] occurs with phytoestrogen
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supplementation but to date, randomized controlled trials have not been com-
pleted. One ongoing study is using a specially designed menopausal quality of
life questionnaire to assess the benefits of soybean or flaxseed supplementation
(L. Thompson, unpublished).

4.2.2
Cancer

The hypothesis that phytoestrogens, particularly dietary lignans, may have
cancer protective effects is supported by the fact that breast cancer patients
and omnivores have a lower urinary lignan excretion than vegetarians [78].
Moreover, epidemiological studies have shown that Asian populations, who
consume the highest quantities of phytoestrogens and have the highest uri-
nary lignan excretion, have a sixfold lower incidence of cancer than North
Americans and Western Europeans [79, 80]. A recent case-control study has
also identified an association between phytoestrogen intake, assessed by mea-
suring urinary phytoestrogen excretion, and the risk of breast cancer [81].
Women with the highest intakes of phytoestrogens had the lowest risk of de-
veloping breast cancer after adjusting for other risk factors known to affect
breast cancer risk.

Several in vivo feeding studies have provided evidence that dietary estrogens
can be protective at specific stages of carcinogenesis. In rats, supplementation
of flaxseed at the level of 5% reduced epithelial cell proliferation and nuclear
aberrations in the mammary gland [82], and also, reduced mammary tumor in-
cidence and size in carcinogen-treated animals [83, 84]. Supplementation with
2.5% or 5% flaxseed also reduced early markers of colon cancer risk (e.g.,
epithelial cell proliferation and aberrant crypt foci formation) [85, 86]. While
flaxseed contains several compounds which may be cancer-protective, the lig-
nan precursor, SDG, was shown to be the mediator of these observed effects.
Feeding diets enriched with SDG at the level present in the 5% flaxseed diet had
a similar effect as the diet supplemented with 5% flaxseed (84, 86, 87).

The evidence regarding the anticarcinogenic activity of isoflavones or soy-
beans has been extensively summarized [42, 88–91]. In brief, the majority of
studies have shown that the consumption of soybean products suppressed the
number of benign or malignant tumors in rats, hamsters, or mice treated with
carcinogens [88, 92–97]. Genistein, in particular, has been shown to have anti-
carcinogenic activity. For instance, genistein inhibits the growth of human
prostate cancer cell lines [93] and also inhibits the proliferative growth of hu-
man cancer cell lines [98]. In nude mice, pretreatment of MCF-7 or MDA-MB-
468 cells with genistein prior to implantation reduced the tumorigenic poten-
tial of the cells [97]. With respect to chemoprevention, the timing of phyto-
estrogen exposure may be an important consideration. Rats which were
exposed to genistein during the neonatal or prepubertal stage of development
appear to have some protection against chemically-induced mammary tumors
[88, 99–102]. Rats exposed to genistein during early life experienced a longer la-
tency period until mammary tumors developed and, furthermore, there was a
lower number of tumors compared to rats which had not been exposed to
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genistein. One mechanism of genistein action has been suggested to be medi-
ated via alterations in transforming growth factor-b signaling [103].

Other in vitro studies have provided information regarding the potential
mechanisms underlying the potential anti-carcinogenic effects of phytoestro-
gens. Some of these mechanisms are summarized in Table 7.

Less commonly studied dietary estrogens such as resveratrol and indole-3-
carbinol have also been shown to have cancer-protective effects. Resveratrol
suppressed tumor promoter-induced cell transformation, induced cell death,
and activated the expression and activity of p53 [114]. Resveratrol has also been
shown to have antiproliferative effects by inhibiting the proliferation of human
breast epithelial cells in a dose- and time-dependent manner [115]. Inter-
estingly, resveratrol acted independently of the estrogen receptor. Indole-3-
carbinol may also protect against carcinogenesis by an estrogen independent
pathway. Indole-3-carbinol inhibited the expression of cyclin-dependent kinase
6, a potential regulator of the cell cycle in human breast cancer cells, in a dose-
and time-dependent manner [116]. Addition of indole-3-carbinol also sup-
pressed the incorporation of tritiated thymidine in human MCF-7 breast can-
cer cells, providing evidence of an antiproliferative effect [116]. Further inves-
tigation demonstrated that the addition of indole-3-carbinol and tamoxifen 
as opposed to adding either compound alone more effectively induced growth
arrest in MCF-7 breast cancer cells [117]. Indole-3-carbinol is also reported to
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Table 7. Some potential anticarcinogenic mechanisms of phytoestrogens

Mechanism Reference

Free radical scavenging: prevention of DNA and protein damage and 56
lipid peroxidation 
Inhibition of steroid binding to the sex steroid binding protein 104
Stimulate the growth of MCF-7 cells in the absence of estradiol and 105
inhibit growth of MCF-7 cells in the presence of estradiol
Stimulate DNA synthesis in MCF-7 cells at low concentrations but 107
inhibit DNA synthesis in MCF-7 cells at high concentrations
Inhibit proliferation of ZR-75–1 breast cancer cell line 107
Induces pS2 expression in MCF-7 cells 108
Inhibit cellular proliferation and angiogenesis in human and 109
bovine endothelial cells
Increase sex hormone binding globulin synthesis by Hep G2 liver cells 110
Inhibit 5a–reductase and 17b–hydroxy steroid dehydrogenase in genital 111
skin fibroblasts
Inhibit cell growth by modulation of transforming growth 103
factor-b signaling pathways
Inhibit aromatase activity in JEG human choriocarcinoma cells 112
Bind to rat nuclear type II binding site 110
Binds to a-fetoprotein to compete with estradiol and estrone 113

(Modified from [4]).



alter favorably the ratio of 2-hydroxyestrone to 16a-hydroxyestrone and there-
by reduce the risk of developing cancer [118–120]. Thus, it appears that a variety
of dietary estrogens have anticarcinogenic effects.

4.2.3
Cardiovascular Disease

Some of the strongest evidence to support the fact that estrogen is important
for maintaining cardiovascular health comes from studies in which postmeno-
pausal women, with high levels of total cholesterol, low density lipoprotein,
and/or triglycerides, experience improvements in their blood lipid profile af-
ter starting estrogen replacement therapy. Since the blood lipid profile is a
modifiable risk factor that can potentially be controlled by estrogen, clinical
studies have looked at the effect of dietary phytoestrogens on blood lipids. A
meta-analysis of the relationship between soy protein intake and serum lipids
concluded that the consumption of soy protein had a positive effect on blood
lipid profile [121]. Total cholesterol, low density lipoprotein (LDL), and triglyc-
erides were all shown to be decreased in people consuming soy protein vs an-
imal protein. This meta-analysis included findings from 38 clinical studies.
Since the publication of this report, the findings from several new clinical stud-
ies have been published and are in agreement with this meta-analysis
[122–124].

While elevations in total cholesterol, LDL, and triglycerides are implicated in
the cardiovascular disease process, in vitro and animal studies have provided
evidence of how phytoestrogens may act by other mechanisms to modify car-
diovascular disease progression, and particularly, the formation of an athero-
sclerotic plaque (Table 8).

The formation of an atherosclerotic plaque is a complex and a multi-stage
process, developing over many years [133]. Briefly, the formation of an athero-
sclerotic lesion is initiated by an injury to the vessel wall and the subsequent ac-
tivation of the inflammatory response in which eicosanoids and cytokines
stimulate platelet activation and adhesion as well as the proliferation and re-
cruitment of smooth muscle cells to the injured site of the vessel. As summa-
rized in Table 8, it is predominantly genistein and, to a lesser extent, resveratrol
which have been shown to have potential cardioprotective effects in vitro.
Genistein acts by inhibiting tyrosine kinase activity. Since many of the growth
factors and cytokines involved with the inflammatory response bind to tyrosine
kinase-dependent receptors, genistein has the potential to inhibit platelet acti-
vation and aggregation [59]. Resveratrol inhibits both the cyclooxygenase and
lipoxygenase pathways, thereby inhibiting the production of the inflammatory
eicosanoids, thromboxanes, and leukotrienes [57, 58]. Other isoflavones, in ad-
dition to genistein, as well as purified SDG have been shown to act as antioxi-
dants by preventing the oxidation of LDL [126]. This is important as oxidized
LDL is thought to be an initiator of damage to vessel walls. Improvements in
vascular tone have also been reported. In female macaques with atherosclero-
sis, administration of soybean improved coronary artery endothelium-derived
vasodilation [131, 132]. These in vitro and animal study findings need to be
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confirmed with in vivo studies before the true effect of dietary phytoestrogens
on the progression of cardiovascular disease can be evaluated.

4.2.4
Osteoporosis

Endogenous estrogen is a critical regulator of bone mineral homeostasis, par-
ticularly during the pubertal growth spurt when rapid growth of long bones oc-
curs [134–137]. A recent study in both males and females showed that sex
steroid hormone levels are correlated with bone mineral density and biochem-
ical markers of bone turnover and, furthermore, that the decline in sex hor-
mone levels that accompanies the aging process corresponds with reductions in
bone mineral density [138]. The importance of estrogen for bone maintenance
in both males and females has been extensively revealed in male and female pa-
tients who have genetic abnormalities involving estrogen synthesis (aromatase
enzyme) or estrogen receptor deficiency [135, 139]. In both cases, the lack of
normal estrogen synthesis or activity resulted in undermineralized long bones
and developmental delay of epiphyseal growth. This finding was particularly in-
teresting in the male patient as it provides direct evidence that estrogen is im-
portant for the acquisition of bone mass in males as well as females. During

Dietary Estrogens of Plant and Fungal Origin: Occurrence and Exposure 121

Table 8. Some mechanisms of phytoestrogen action in relation to cardiovascular disease

Phytoestrogen Mechanism Reference

Genistein, Daidzein, Antioxidant effect: prevents oxidation of serum LDL 125, 126
Equol, SDG
Genistein Decrease thrombin-induced platelet aggregation 127
Genistein Inhibit platelet activation by collagen, thromboxane 128, 129

A2 and ADP
Genistein Inhibit tyrosine kinase activity, thereby blocking 59

the activity of growth factors which stimulate platelet 
activation and aggregation (e.g. platelet derived 
growth factor), thrombus formation and the 
proliferation and recruitment of smooth muscle 
cells which ultimately leads to the formation of
atherosclerotic plaques

Genistein Suppress the formation of nitric oxide and 130
contraction of rat aortic rings

Isoflavones Restoration of vascular tone as assessed by normal 131, 132
vasodilation and endothelial-derived vasomotion 
in monkeys with atherosclerotic lesions

Resveratrol Inhibit cycloxygenase pathway and the production 58
of thromboxane A2 by platelets

Resveratrol Inhibit lipoxygenase pathway and the production 57
of leukotrienes by neutrophils

Resveratrol Dose-dependent inhibition of ADP and 58
thrombin-induced platelet aggregation



later life, estrogen has an equally important role in maintaining bone mass. The
loss of estrogen after menopause is accompanied by a loss of bone mass. Since
the phytoestrogens can potentially mimic the biological actions of estrogen,
these compounds may potentially stimulate the accretion of bone mass until the
end of the growth period and be regulators of bone metabolism after long bone
growth is completed.

Most studies that examined the potential therapeutic effects of phytoestro-
gens have been conducted in postmenopausal women (Table 9) or using the ro-
dent osteoporosis model, the ovariectomized rat (Table 10).

Due to the loss of endogenous estrogen production after the menopause,
postmenopausal women can experience rapid bone loss, making this popula-
tion particularly susceptible to developing osteoporosis. As summarized in
Table 9, administration of isoflavone or synthetic isoflavones (ipriflavone) ap-
pears to have a positive effect on bone metabolism in postmenopausal women
by slowing the loss of bone mineral content at the radius, femur, and/or spine
after the menopause. While changes in bone mass have not been evaluated in
women receiving flaxseed supplementation, serum tartrate-resistant acid phos-
phatase, an indicator of bone resorption, was reduced [142].

Several studies, using the ovariectomized rat model have shown that phyto-
estrogen administration prevented significant bone loss in the femur and lum-
bar spine (Table 10). This positive effect may be mediated by an elevation in
transcripts for insulin-like growth factor-I (IGF-I) in the femur after isoflavone
treatment. IGF-I is an essential mediator of bone cell metabolism [150] and
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Table 9. Biological effects of phytoestrogens on bone metabolism in humans

Phytoestrogen Population Phytoestrogen dose, Biological effects Ref.
route of administration,
duration of exposure

Ipriflavone Postmeno- 200 mg, t. i.d, oral for Ø Urinary hydroxy 140
pausal women 2 years proline. Preserved 

radial bone mineral 
density compared 
to controls

Ipriflavone Premeno- 600 mg, t. i.d, oral for Femur and lumbar 141
pausal women, 6 months bone mineral density
medically- was preserved. No
induced changes in biochemical
hypogonadism markers of bone 

formation or resorption
Isolated Soy Postmeno- 1.39 or 2.25 mg iso- 2.25 mg only: 122
Protein pausal women, flavones/g protein ≠ Lumbar spine bone

hypercholes- mineral content and
terolemic bone mineral density

Flaxseed Postmeno- 38 g in the form of Ø Serum tartrate-resis- 142
pausal women bread or muffins/ tant acid phosphatase

day for 6 weeks
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Table 10. Biological effects of phytoestrogens on bone metabolism in rats

Phyto- Population Phytoestrogen dose, Biological effects Ref.
estrogen route of administration,

euration of exposure

Ipriflavone Healthy, Adult 200 or 400 mg kg–1 400 mg only: 143
Male Rats body weight/d, oral ≠ femur bone mineral

gavage for 1 month density, improved bone 
biomechanics (impact 
strength)

Isoflavones Ovariectom- Fed 2.5 g isoflavones No effect on bone min- 144
ized Rats kg–1 diet for 6 weeks eral density or bio-

chemical markers of
bone turnover

Zearalanol Ovariectom- 1 mg, 2 times week–1 Prevented loss whole 144
ized Rats by intramuscular body, femur and lumbar

injection for 6 weeks spine bone mineral 
density

Coumestrol Ovariectom- 1.5 mmol, 2 times Prevented loss of femur 144
ized Rats week–1 by intramuscu- bone mineral density

lar injection for 6 weeks Ø urinary pyridinoline
Genistein Ovariectom- Fed 0.5, 1.6 or 5 mg 0.5 mg: 145

ized, Lactating per day for 2 weeks ≠ femur ash weight.
Rats Greatest preservation of

bone mass observed 
with 0.5 and 1.6 mg dose

Isolated Soy Ovariectom- Fed 22.7 g soy protein Prevented loss of femur 146
Protein ized Rats isolate · 100 g–1 in the bone mineral density as

diet for 1 month well as vertebral calcium 
and phosphorus content 
compared to ovariectom-
ized rats.
≠ serum alkaline 
phosphatase
≠ serum tartrate-resistant 
acid phosphatase 

Isoflavones Ovariectom- Fed 109 or 1088 mg 1088 mg: Prevented loss 147,
ized Rats isoflavones for 65 days of femur bone mineral 148

density
109 and 1088 mg:
≠ urinary hydroxyproline,
≠ Insulin-like growth fac-
tor-I transcripts in femur

Flaxseed Healthy Adult 1.25, 2.5, 5 or 10% Femur zinc content 149
Female and whole flaxseed for decreased with in-
Male Rats 56 days creasing flaxseed dose 

in males and females
Ø Femur calcium, magnesium,
phosphorus in males only
Ø Retention of calcium,
magnesium, phosphorus 
in all flaxseed groups

t. i.d., three times per day.



thus, an increase in IGF-I transcripts in the femur provides some insight into a
potential mechanism of isoflavone action on bone. Whether other growth fac-
tors present in bone are affected by isoflavone administration has not been
studied but may provide a clearer understanding of the mechanisms of
isoflavone action. There is speculation that genistein may act via the trans-
forming growth factor-b signaling pathway [103].

Using an ovariectomized, lactating rat model, genistein preserved bone mass
in a dose-dependent manner. Interestingly, the lowest dose of genistein was
most effective, suggesting that genistein has a biphasic effect [145]. Adminis-
tration of zearalanol and coumestrol reduces bone loss at both the femur and
lumbar spine after ovariectomy [144]. The effects of flaxseed supplementation,
and specifically phytates on bone are less clear as mineral retention in male and
female rats was reduced. The fact that femur zinc content decreased propor-
tionately with increasing flaxseed supplemented supports the fact that phytates
affected mineral metabolism [149].

Although bone mineral density is assumed to be a measure of overall bone
health, the quality of the bone, as measured by assessing various biomechanical
properties of bone, is another factor to be considered. In healthy adult male rats,
both bone biomechanics and bone mineral density were improved with ipri-
flavone treatment [143]. In vitro studies in bone culture systems have provided
evidence that phytoestrogens, specifically ipriflavone and resveratrol, can affect
both bone formation and bone resorption. Ipriflavone stimulated osteoblast
differentiation and the production of mRNA for type 1 collagen, osteopontin,
and bone sialoprotein by human bone cells [151]. Similarly, resveratrol stimu-
lates proliferation and differentiation of the osteoblast [152]. In mouse calvaria,
femur and tibia cells, ipriflavone inhibited the formation of osteoclasts and pre-
vented the activation of mature osteoclasts [153, 154].

Further research is needed to elucidate the impact of phytoestrogen intake
on developing bone, the potential gender differences at various stages of the
life-cycle, or whether a dose-dependent relationship exists. Answers to these
questions will be critical to determine an optimal dose to maximize bone health
throughout the life-cycle.

5
Conclusions

Animals and humans can be exposed to levels of dietary estrogens which can
have potent effects on health, either harmful or beneficial, depending on the
dose of phytoestrogen, class of compound, stage of the life-cycle, and suscepti-
bility of a disease state. Rigorous assessment of potential toxicological effects,
not only on reproduction but also on other endocrine systems, should be care-
fully examined in order to understand fully the potential for phytoestrogens
and mycoestrogens to act as endocrine disruptors.

Acknowledgement. Wendy Ward holds a postdoctoral fellowship from the National Institute of
Nutrition, Canada.
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A diverse number of chemicals present in the environment may be detrimental to the
development and reproduction of wildlife and humans. These chemicals exert their effect
through mimicking endogenous estrogens. Two xenoestrogens that are currently produced in
large volumes are alkylphenols and bisphenol A (BPA). These chemicals demonstrate estro-
genic activity; they increase the proliferation of estrogen target cells, induce estrogen-specific
genes and reporter genes, increase the wet weight of the uterus, and induce proliferation of
the epithelium in the endometrium and vagina. Alkylphenols are widely distributed through
their use as antioxidants and in the synthesis of alkylphenol polyethoxylates for detergents.
The release of these chemicals into natural waters and wastewater treatment plants results in
exposure of aquatic wildlife. The extent of exposure to non-aquatic organisms is unknown,
but it is likely that exposure occurs in species that eat contaminated fish. Humans are exposed
primarily through the use of spermicides containing nonoxynol. BPA is used in the packag-
ing of food and beverages, and in health-related products. This chemical and its derivatives
leach from such polycarbonate and epoxy resin products leading to exposure of humans pre-
dominantly. Evidence from field studies and laboratory experiments indicate that alkylphe-
nols and BPA have the potential to cause ecological problems and affect human health.
Degradation products of alkylphenol polyethoxylates have caused feminization of fish in ef-
fluent polluted rivers, and can alter reproductive parameters in rodents. BPA is able to induce
feminization of neonatal amphibia, proliferative activity in the uterus and mammary glands,
alterations in the neuroendocrine axis, and compromise fertility. In utero exposure to this
chemical causes alterations in the onset of sexual maturity in females and changes in the de-
velopment of male reproductive organs. The most disturbing findings reveal that low doses
of BPA, which are physiologically relevant to human exposure, cause the most profound 
biological effects. These data attest to the urgent need for re-evaluating issues of production,
use, and waste treatment programs pertaining to all endocrine disrupting chemicals.

Keywords. Alkylphenols, Alkylphenol polyethoxylates, Bisphenol A, Xenoestrogens, Endocrine
disruptors
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1
Introduction

Chemicals can act as endocrine disruptors in a variety of ways. They can 
directly mimic endogenous hormones, antagonize the natural actions of en-
dogenous hormones, or change the rate of synthesis and metabolism of natural
hormones. They may also have the capacity to alter hormone receptor levels [1].

There is evidence to suggest that a single chemical can act through more than
one pathway to disrupt the normal hormone balance. One chemical that acts as
both a partial estrogen agonist and as an androgen antagonist is p,p¢-DDE (2,2-
bis(p-chlorophenyl)-1,1-dichloroethene), a metabolite of DDT (2,2-bis(p-
chlorophenyl)-1,1,1-trichloroethane) [2]. Furthermore, some phthalate esters
are estrogen agonists [3, 4] while diethylhexyl phthalate can alter estrogen syn-
thesis in the ovary, resulting in the suppression of estrous cycles [5]. These find-
ings suggest that endocrine disruptors may utilize pathways other than the clas-
sical receptor pathway. The focus of this chapter is on chemicals that have been
defined as estrogen mimics, yet are suspected to produce endocrine effects that
are not mediated by the classical pathway.

Ovarian estrogens are necessary for the development of the female genital
tract, the neuroendocrine tissues, and the mammary glands. During adulthood,
they exercise primary endocrine control of the ovarian cycle, pregnancy, and
nursing. At the cellular level, estrogens regulate the production and secretion of
cell-specific proteins and control the proliferation of cells in the female sec-
ondary sex organs [6]. These hormones exert their control primarily through
two estrogen receptors (ER), ER-a [7] and ER-b [8]; however, ER-a is the most
widely distributed receptor in the female genital tract [9, 10]. Evidence suggests
that a lifetime of exposure to ovarian estrogens may be a principal risk factor in
the development of breast cancer. Similarly, excessive exposure during in utero
development results in irreversible alterations in the structure and function of
the female genital tract [11, 12].

Estrogens play an important role in the development of the male genital tract
as well. This has become evident on the basis of experimental and clinical stud-
ies. Mice lacking the ER-a have been shown to exhibit a reduction in testicular
weight and sperm counts, resulting in compromised fertility [10]. One clinical
study described a case of male infertility in an adult patient who lacked expres-
sion of ER-a; his phenotype included an absence of epiphyseal plate fusion and
osteoporosis [13]. In rodents, normal variations in exposure to endogenous es-
trogens during development have been shown to influence adult behavioral pat-
terns [14]. These subtle differences in estrogen levels occur as a result of fetal
positioning in utero. Estrogen levels vary depending on whether a fetus is posi-
tioned between two male siblings, two female siblings, or one of each sex.
Exposure of men to excessive estrogens results in symptoms such as gyneco-
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mastia (the development of female-like breasts), decreased libido and impo-
tence, decreased blood androgen levels, and lowered sperm counts [15]. Such ef-
fects are assumed to result from interference with the normal function of the
hypothalamic-hypophyseal-gonadal axis.

Once natural estrogens were isolated and the synthesis of steroidal and non-
steroidal agonists was achieved, clinicians used these compounds for therapeu-
tic purposes. Between the years 1948 and 1971, the synthetic estrogen diethyl-
stilbestrol (DES) was prescribed to millions of women as an anti-abortive mea-
sure in spite of a lack of data to justify its use [16]. Decades later it was found
that this experiment resulted in severe genital tract malformations and clear
cell carcinoma of the vagina in women who were exposed in utero [17]. The use
of DES during pregnancy was banned subsequent to this finding. DES is still be-
ing used today, albeit less frequently than in the past, for the treatment of breast
cancer and to suppress androgen production in prostate cancer patients
[18–20].

The inadvertent exposure of humans and wildlife to synthetic estrogens is a
phenomenon of the last 60–70 years. Massive quantities of the pesticide DDT
were first released into the environment at the start of World War II, with no
knowledge of this chemical’s estrogen mimicking ability [21] that was first re-
vealed in 1950 [22]. In 1962 the public was alerted to the deleterious effects of
pesticides on humans and wildlife with the publication of the book Silent Spring
[23]. In response, action was taken to ban some chemicals including DDT. In the
1970s, as environmental exposure to these chemicals decreased significantly,
the incidence of the most obvious toxic effects such as eggshell thinning de-
creased and the more subtle effects of these chemicals became apparent.
Developmental and reproductive abnormalities have been reported in a wide
variety of animal species. Notable examples are the feminization of male fish in
sewage-fed rivers in Britain [24], of birds exposed in ovo [25], and of male alli-
gators in Lake Apopka, Florida [26].

Generally, in cases of occupational exposure to adults, the deleterious repro-
ductive effects are reversed once exposure to the estrogenic source is removed.
However, research on in ovo exposure of birds to DDT [27] and in utero expo-
sure of rodents and humans to DES [17, 28–30] indicates that the developing
embryo or fetus suffers irreversible damage.

2
Alkylphenols

2.1
Identification of Estrogenic Activity

In 1991, nonylphenol was identified as a contaminant that leached from labora-
tory plasticware during normal use [31]. This compound was shown to be es-
trogenic using the E-SCREEN assay that measures estrogen-induced cell prolif-
eration [32]. Further, nonylphenol was found to induce progesterone receptor
(PR), which is also a marker of estrogenicity, and to induce mitotic activity in
the rat endometrium [31].
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2.2
Production and Uses

2.2.1
Alkylphenol Polyethoxylates

Reports in 1991 show that 450,000,000 pounds of alkylphenol polyethoxylates
were sold in the U.S. during that year [33]. Produced from alkylphenols, these
compounds comprise two major groups, nonylphenol polyethoxylate and
octylphenol polyethoxylate. Nonylphenol polyethoxylate is the most prevalent,
representing 80% of all alkylphenol polyethoxylates. Octylphenol polyethoxy-
late makes up most of the remaining 20% of alkylphenol polyethoxylates.
Although not estrogenic themselves, these compounds degrade to alkylphenols
that are estrogenic [31] during sewage treatment [34]. Currently, there is no
standard for regulation of alkylphenol polyethoxylates in the United States.

Alkylphenol polyethoxylates have a wide variety of applications from indus-
trial and institutional to household usage. Industrial applications comprise
55% of total use, institutional cleaners comprise 30%, and household cleaners
and personal products comprise 15%.

2.2.1.1
Industrial Uses

Extensive reviews of the four major uses for alkylphenol polyethoxylates are
provided by Talmage [35] and Dickey [36]. The first of these uses is in the pro-
duction of plastics and elastomers. In this application they facilitate the poly-
merization process of acrylic and some vinyl acetate products and act to stabi-
lize the final latex [35].

In the textile industry, alkylphenol polyethoxylates are used for cleaning
fibers, scouring wool, and as finishing agents. Due to their good handling and
rinsing characteristics, they are applied as wetting agents for spinning and
weaving [35, 36].

Alkylphenol polyethoxylates are applied in agriculture as emulsifiers in the
production of liquid pesticides, as wetting agents to enhance the adhesion of ac-
tive chemicals to target organisms, and to facilitate spraying [35]. Of the regis-
tered pesticides, 4195 contain alkylphenol polyethoxylates, of which 81% are
nonylphenol polyethoxylates and 19% are octylphenol polyethoxylates [36].
However, these compounds are often not included in the ingredient list of nu-
merous products since they are classified as inert chemicals.

Finally, alkylphenol polyethoxylates are incorporated extensively in the pro-
duction of paper and for recycling. They are used in pulping, which is the
process to dissolve fibers, and for de-inking which is necessary for recycling
print material [35].
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2.2.1.2
Institutional Uses

Within this application, alkylphenol polyethoxylates are contained primarily in
cleaners, with approximately 90% being used as commercial vehicle and metal
cleaners. In addition, they act as non-chlorine sanitizers, deodorizers, and de-
greasers and are often found in both floor care and commercial laundry prod-
ucts.

2.2.1.3
Household Uses

There is an overlap in the use of alkylphenol polyethoxylates between house-
hold and industrial purposes, although the scale is different. In addition to their
inclusion in laundry detergents and hard surface cleaners, they are present in
personal care products such as shampoos, conditioners, hair coloring, and
styling aids. The alkylphenol polyethoxylate, nonoxynol, is used as an effective
spermicide in contraceptive creams and jellies, and prophylactics.

2.3
Human Exposure

Alkylphenol polyethoxylates are used in large volumes, thus providing signifi-
cant potential for their release into the environment. Currently, little or no data
are available on the release of these compounds into the atmosphere or on the
contamination of products used for human consumption. Possible routes of ex-
posure to alkylphenol polyethoxylates via air are from manufacturing plants
and from the dispersal of pesticides during spraying. The direct exposure of
humans to these compounds may occur by ingestion of pesticides on fruit and
vegetables, consumption of fish that have bioaccumulated alkylphenol poly-
ethoxylate metabolites through residence in contaminated waters, and via
leaching of compounds into food and beverages from plastic storage contain-
ers. Research has shown that PVC tubing used in the processing of milk [37]
and plastics used in food packaging [38] leach nonylphenol. Probably the main
source of human exposure is from the use of nonoxynol-containing spermi-
cides. Evidence in rodents shows that alkylphenol polyethoxylates, similar in
nature to those used as spermicides, degrade to free nonylphenol [39].

2.4
Environmental Release

The majority of information available on the environmental presence of
alkylphenol polyethoxylates and their degradation products is from the analy-
sis of municipal wastewater treatment plants, rivers, and other water samples.
The main source of alkylphenol polyethoxylates in water is from sewage dis-
charges. Within the United States, a survey of drinking water in New Jersey re-
vealed that a variety of alkylphenol polyethoxylates and their derivatives were
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present at a concentration of approximately 25 ng/l [40]. These compounds
were also found in the wastewater, groundwater, and sewage on Cape Cod,
Massachusetts, and both nonylphenol tetraethoxylate and octylphenol
tetraethoxylate were found in one drinking water well at a concentration of
32.9 mg/l [41].

The most convincing indication of water contamination by estrogenic com-
pounds has been in the United Kingdom. Reports by anglers of hermaphroditic
fish triggered an investigation into possible sources of estrogenic contamina-
tion in rivers. It was found that the placement of male fish in various locations
downstream of wool mills induced them to produce the female egg protein
vitellogenin, which is normally produced in response to endogenous estrogen.
The causal agents were found to be a mixture of estrogenic chemicals that were
present within the effluent, the most prevalent being alkylphenol polyethoxy-
lates. This effluent constituted as much as 80–90% of the total river flow. The
estrogenic effect on fish was confirmed when some of the wool mills voluntar-
ily ceased using alkylphenol ethoxylates. This coincided with a decrease in the
level of vitellogenin production in the male fish (see chapter by Sumpter:
Endocrine Disruptors in the Aquatic Environment, Part II).

A number of surveys have been conducted to determine the levels of
alkylphenols and alkylphenol polyethoxylates in water sources throughout
Europe and the United States. Levels of these compounds may fluctuate de-
pending on the size of the river, the amount of rainfall, the amount of outflow
from sewage treatment, and the microbial content of the river [42]. The results
for surveys conducted in United States waterways of nonylphenol, nonylphenol
polyethoxylate, octylphenol, and octylphenol polyethoxylate are summarized in
Table 1.

As is evident from Table 1, there is a wide variation in the amounts of
alkylphenol and alkylphenol polyethoxylates found in the environment. A more
extensive survey needs to be undertaken to determine the magnitude of conta-
mination.

2.5
Biodegradation

The wide range of uses for alkylphenol polyethoxylates results in its accumula-
tion in industrial discharges, septic tanks, and sewage treatment plants. It is at
these sites, and in the environment, that degradation by microbial action takes
place. During this process, the polyethoxylate chain is shortened, producing free
alkylphenols, or monoethoxylates and diethoxylates. Carboxylation may occur
at the terminal end of these ethoxylate chains. The rate of degradation is influ-
enced by the structure of the alkylphenol moiety and the length of the ethoxy-
late chain. Alkylphenols with a linear alkyl chain are more biodegradable than
those with a branched chain, and para alkylphenols are more degradable than
meta and ortho alkylphenols. Similarly, long chains take more time to degrade
than shorter chains [44].

Degradation of alkylphenol polyethoxylates occurs through either anaerobic
or aerobic pathways. Anaerobic degradation results in the formation of free
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alkylphenols [34]. Smaller metabolites, such as nonylphenol, nonylphenol mo-
noethoxylate, and nonylphenol diethoxylate, are more persistent in the envi-
ronment and have been found in secondary effluents, sludge and digested
sludge [43]. Both free alkylphenols and alkylphenol diethoxylates are estrogenic
in character [45].

In aerobic degradation, the final products are water and carbon dioxide, this
process being termed mineralization or ultimate biodegradation [46]. However,
there is little evidence of this process occurring in alkylphenol polyethoxylates,
in particular of the way in which the phenol ring is broken or the alkyl chain is
degraded [47]. In the words of Ahel and colleagues, “if existing laws that man-
date 80% biodegradability for surfactants are interpreted in terms of ultimate
degradation to carbon dioxide and water, the alkylphenol polyethoxylates do
not fulfill this basic requirement for environmental acceptability” [48].

Degradation of alkylphenol polyethoxylates within treatment plants is lim-
ited. A study of 16 wastewater treatment plants in Canada measured levels of
4-nonylphenol, nonylphenol monoethoxylate, nonylphenol diethoxylate, and 
4-tert-octylphenol in raw sewage, sludge and effluent compartments. Of the 16
plants sampled, all contained measurable quantities of these phenolic com-
pounds in raw sewage and sludge as expected. However, octylphenol was also
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Table 1. Surveys conducted in United States waterways of nonylphenol, nonylphenol poly-
ethoxylate, octylphenol, and octylphenol polyethoxylate

Concentration Highest
(mg/l) concentration detected

(mg/l)

NP U.S. River Survey a 0.12 0.64
Cape Cod b 29 33

NPE U.S. River Survey 0.09 0.60
Cape Cod 18 21
New Jersey c 0.111

NPE2 U.S. River Survey 0.10 1.20
Cape Cod 7.2 8
New Jersey 0.113

NPE3–17 U.S. River Survey 2.0 14.9
NPE3–7 New Jersey 0.501
OP Cape Cod 0.47 0.74
OP2 New Jersey 0.032

Cape Cod 0.067
OP3–8 New Jersey 0.124

NP = nonylphenol, NPE = nonylphenol monoethoxylate, NPE2 = nonylphenol diethoxylate,
NPE3–17=nonylphenyl polyethoxylates where the carbon chain equals 3–17, OP = octylphe-
nol, OP2 = octylphenol diethoxylate, OP3–8 = octylphenol polyethoxylates where the carbon
chain equals 3–8.
a Talmage [43].
b Clark et al. [40].
c Rudel et al. [41].



present in effluent from 10 of the plants, and nonylphenol, nonylphenol mo-
noethoxylate, and nonylphenol diethoxylate were present in effluent from al-
most all 16 sites [49].

The amount of alkylphenol polyethoxylates removed at wastewater treat-
ment plants is debatable. One report suggests that 40% of incoming nonylphe-
nol polyethoxylates are removed following treatment [48], while an industry-
sponsored study [50] claims that greater than 95% is removed. However, it
should be noted that the term “removal” does not describe the complete trans-
formation of compounds to carbon dioxide and water. Due to their reduced po-
larity, free alkylphenols are adsorbed to the sludge within treatment systems
and are therefore re-released into the environment in an undegraded, concen-
trated state. Reports of adsorption/partition coefficients for octylphenol poly-
ethoxylate (n = 11) and nonylphenol polyethoxylate (n = 10) indicate up to a
1400-fold and 7500-fold concentration of these compounds, respectively, within
sludge [51].

Alkylphenol polyethoxylates contained within sludge may persist in the en-
vironment. Reports indicate that sludge transferred to landfills under anaerobic
conditions show practically no biodegradation of nonylphenol nor nonylphenol
monoethoxylate over a 15-year period [52]. In semiaerobic conditions, degra-
dation was over 90%. There is some suggestion that sludge discharged to sand
beds may percolate and contaminate groundwater [53].

Nonylphenol polyethoxylates degrade naturally within the environment to
form a number of persistent metabolites. A study of two field sites in northern
Switzerland revealed high levels of nonylphenol, nonylphenol monoethoxylate,
nonylphenol diethoxylate, and nonylphenoxycarboxylic acids in rivers.
Significantly lower levels of nonylphenol, nonylphenol monoethoxylate, and
nonylphenol diethoxylate were found in groundwater [54], suggesting that per-
colation through soil may eliminate these compounds.

Finally, in addition to their biodegradation and adsorption to sediment,
nonylphenol and octylphenol migrate from surface waters to the air due to their
volatility [55].

2.6
Bioaccumulation and Metabolism

The accumulation of alkylphenols within aquatic and terrestrial environments
increases their potential to be incorporated into the food cycle. By virtue of
their lipophilic nature, alkylphenols bioaccumulate within adipose tissue of fish
and mammals [56] and therefore are available for consumption by humans.
Vertebrates are unable to degrade the phenol ring, and thus the cycle of envi-
ronmental exposure to alkylphenols is perpetuated by the release of unmetab-
olized compounds from human and animal waste back into the environment.

The bioaccumulation and metabolism of alkylphenols within rainbow trout
have been studied by exposing them to radiolabeled nonylphenol within tanks.
The ratio of radioactivity per gram in the tank water relative to tissues in the
trout (bioaccumulation factor) revealed that nonylphenol accumulates predom-
inantly within the viscera (bioaccumulation factor of 98 relative to that of 24 in
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the carcass) with greatest abundance being in liver, fat, kidneys, and bile [57].
This study may underestimate true aquatic bioaccumulation since it was per-
formed in a static system, in which a finite amount of nonylphenol was avail-
able, rather than in a flow-through system in which nonylphenol would be con-
tinuously present.

These findings concur with other studies in fish. Exposure of rainbow trout
to [3H]-4-nonylphenol revealed accumulation of the parent compound in mus-
cle and the presence of metabolites, specifically glucuronic acid conjugates, in
liver, bile, and feces. The half-life of the radiolabeled nonylphenol was 99 h and
97 h in edible muscle and skin, respectively, and 5 h in liver [58]. Although sig-
nificantly less than the half-life of PCBs (polychlorinated biphenyls), which is
years, these data for nonylphenol are not negligible when environmental expo-
sure occurs daily. Comparable results have been documented using 14C-
nonylphenol [57]. These simulated studies are supported by environmental ev-
idence. The level of alkylphenols in carp residing in the Detroit River, Michigan,
are two- to sixfold greater than in the surrounding sediment, indicating bioac-
cumulation in fat [59].

It has been demonstrated that nonylphenol polyethoxylates are metabolized
in rats [39]. The administration of alkylphenol polyethoxylates, 14C-labeled in
the ethoxylate chain, results in excretion of 14C-labeled nonylphenol poly-
ethoxylate in the feces and urine, and 14C-labeled carbon dioxide through the
lungs. The alkylphenols found in urine were conjugated. In this study, alkylphe-
nol polyethoxylates labeled in the phenol ring never produced 14C-labeled car-
bon dioxide. After 4 days, approximately 90% of the combined nonylphenols
were excreted.

2.7
Biological Effects

There is evidence to suggest that high doses of alkylphenol derivatives have
profound effects on the development of rodents. Oral administration of
250 mg/kg and 500 mg/kg nonoxynol-9 per day to pregnant rats have been
shown to induce a significant decrease in maternal weight gain, and an in-
creased incidence of developmental abnormalities in offspring such as extra
ribs and dilated pelvises [60].

2.8
Developmental and Reproductive Effects

As described in Sect. 2.4, investigators revealed that male fish residing in certain
rivers downstream of wool mills in the United Kingdom produced vitellogenin
in response to estrogenic contamination by effluent [61]. Subsequent experi-
ments revealed the presence of alkylphenols in the sewage effluent. These
chemicals were tested individually for their ability to induce vitellogenin pro-
duction in rainbow trout and in primary cultures of rainbow trout hepatocytes;
4-nonylphenol, 4-nonylphenoxycarboxylic acid, nonylphenol diethoxylate, and
4-tert-octylphenol all induced vitellogenin production in a dose-dependent
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manner. Octylphenol was shown to be the most potent [45]. The chemical 4-
tert-octylphenol caused inhibition of testicular growth by 50%; 4-nonylphenol,
4-nonylphenoxy carboxylic acid, and nonylphenol diethoxylate had the same
effect although to a lesser degree [62].

Purdom and colleagues demonstrated that other species of fish are affected
similarly by these chemicals. Measurements in carp revealed an increase in the
production of vitellogenin [61]. Juvenile Atlantic salmon showed variations in
steroid hydroxylases, cytochrome P450 isozymes, and conjugating enzyme lev-
els caused by nonylphenol [63]. Exposure of Japanese medaka to 50 mg/l and
100 mg/l nonylphenol from the time of hatching to 3 months of age caused some
of the fish to develop ovotestis and an alteration in the ratio of males to females
[64].

The adverse effects of alkylphenols on development and reproduction have
also been documented in mammals. Nonylphenol has been shown to induce cell
proliferation in the luminal epithelium of the endometrium in ovariectomized
rats [65]. Studies in males demonstrated that exposure of neonatal rats to
octylphenol (6 doses of 2 mg over 12 days) caused a reduction in testicular
weight by adulthood, although no change was evident at day 18 [66]. Similarly,
0.8 mg/kg nonylphenol administered to rats caused a dose-dependent decrease
in the relative weights of the testis, epididymis, seminal vesicle, and ventral
prostate. The effects described for this latter study were time-dependent and
were evident in pups dosed before 13 days of age but not subsequent to this pe-
riod [67].

A study by Sharpe et al. [68] demonstrated that a dose of 1000 mg/l octylphe-
nol and octylphenol polyethoxylate administered to rats through their drinking
water induced a small but significant decrease in testicular weight and a
10–21% reduction in daily sperm production. No changes in testicular mor-
phology were evident. However, subsequent attempts made by the same authors
to repeat this study were unsuccessful [69].

3
Bisphenol A

3.1
History

The first phenolic plastic to be manufactured for use in industrial and house-
hold applications was patented under the name Bakelite in 1909 [70]. It was not
until 1993 when Krishnan and colleagues [71] published a serendipitous dis-
covery made while seeking evidence of estrogen production in yeast, that at-
tention was focused on the estrogenicity of phenolic resins. They determined
that a substance, subsequently identified as bisphenol A (BPA, 2,2-bis(p-hy-
droxyphenyl)-propane), leached from laboratory polycarbonate flasks when
autoclaved. This compound was confirmed to be estrogenic by its ability to bind
the ER with an affinity approximately 1:2000 that of 17b-estradiol, upregulate
the expression of PR, and induce cell proliferation in estrogen-sensitive MCF-7
cells cultured in vitro. Almost 60 years earlier BPA had been found to exhibit an
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estrogenic character [72]; however little was made then of this warning in the
context of possible deleterious effects on organisms that came in contact with
this chemical. Currently, BPA is the chemical used most widely in the manufac-
ture of phenolic resins.

3.2
Identification of Estrogenic Activity

The estrogenicity of BPA has been demonstrated in a variety of in vitro and in
vivo assays. It has been shown to induce cell proliferation in MCF-7 cells [71, 73,
74], stimulate release of prolactin from pituitary GH3 cells [75], and induce
transcriptional activation of ER in both yeast-based assays [76] and in human
embryonal kidney cells via the estrogen response element (ERE) [77]. In addi-
tion, BPA has been shown to upregulate the expression of vitellogenin mRNA in
primary hepatocytes from the male Xenopus laevis [78]. BPA binds both ER-a
and b to an equal degree [77].

Our understanding of the true biological significance of exposure to BPA is
currently hindered by a lack of information on the pharmacokinetics and phar-
macodynamics of this compound. In vitro assays such as the E-SCREEN mea-
sure the target tissue doses of xenoestrogens relative to 17b-estradiol. Although
these accurately reflect ER binding [74, 79] they show BPA to be significantly
less potent than 17b-estradiol, as they do not take into account factors such as
uptake, transportation, and metabolism specific to the live animal. As a result,
in vitro assays overestimate the potency of 17b-estradiol relative to BPA and
other xenoestrogens [80].

In the circulation, estradiol is bound to various serum proteins including al-
bumin, sex hormone-binding globulin, corticosteroid-binding globulin, and a-
fetoprotein that act as important modulators of endogenous hormone activity
[81–83]. The binding affinity of endogenous estrogens and xenoestrogens to a-
fetoprotein is of particular importance in rodent fetuses and neonates. This
protein is believed to prevent early exposure of the developing organism to en-
dogenous, natural estrogens, thus inhibiting inappropriate sexual differentia-
tion of the brain [84]. Studies on the binding affinity of BPA to various serum
proteins have demonstrated negligible binding for rat a-fetoprotein and a low
binding affinity for human sex steroid-binding protein (0.01%) and trout sex
steroid-binding protein (0.1%) relative to [3H]dihydrotestosterone (DHT) [85].
Hence, this low affinity for plasma sex steroid-binding proteins may increase
the effective concentration of BPA in circulation, make it more readily available
to the ER, and thus enhance its estrogenic activity relative to the protein-bound
estradiol.

Other bisphenols, such as bisphenol F, bisphenol AF, and additional diphenyl-
alkanes, exhibit estrogenic properties. A correlation between structure and ac-
tivity exists for these compounds such that the longer the alkyl substituents at
the bridging carbon, the higher the estrogenic activity [70].
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3.3
Production and Use

3.3.1
Industrial Production Levels

BPA is a monomer used in the production of polycarbonates and epoxy resins
from which a wide variety of products are generated. These include automotive
lenses, optical lenses, food and beverage containers, protective coatings, adhe-
sives, powder paints, protective window glazing, building materials, compact
disks, thermal paper, paper coatings, as a developer in dyes, and for the encap-
sulation of electrical and electronic parts [86]. Figures from 1995 show that BPA
was one of the top 50 chemicals manufactured in the United States, with an out-
put of over 1.6 billion pounds [87].

3.3.2
Food and Beverage Containers

Epoxy resins are used to lacquer-coat the interior of food cans, wine storage
vats, water containers, and water pipes. Polycarbonate plastics are used to man-
ufacture water carboys, reusable milk containers, food storage vessels, and ba-
bies formula bottles. It has been determined that incomplete polymerization of
these products during manufacture and increased temperatures imposed dur-
ing heating cause unreacted compounds to leach into foods and beverages [88].
BPA has been identified in the liquid within which canned vegetables are stored
in levels ranging from 0–23 mg/can, depending upon the vegetable tested [73].
The highest of these concentrations was sufficient to induce in vitro prolifera-
tion of MCF-7 cells. Extracts from autoclaved cans that contained fatty foods
also induced cell proliferation. It has been demonstrated that the practice of
sterilizing plastic babies bottles and cups causes leaching of 7–58 mg/g BPA
[89]. In addition, both BPA and bisphenol A diglycidyl ether (BADGE) have
been identified in wine, presumably due to contact with epoxy during storage
in vats [90]. Reports from a collaborative effort by the Society of Plastics, Keller
and Heckman, and the National Food Processors Association state that BPA was
found to be undetectable in extracts from beverage cans, but ranged from 0 to
121 parts per billion (ppb) in extracts from some food cans. The highest levels
of BPA were extracted from infant formula and fruit juice cans [91].

3.3.3
Dental Sealants and Composites

The introduction of BPA polymers into dental restorative products occurred in
response to problems associated with the original chemically-cured methacry-
lates. Thus, methacrylate resins containing bisphenol A-diglycerolmethacrylate
(BisGMA) were introduced, proving to be superior due to their greater reten-
tion and ability to form strong cross-links. Triethyleneglycol dimethacrylate
(TEGDMA) was added also to reduce the high viscosity inherent in these prod-
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ucts and to enhance their manipulative properties. These compounds are the
constituents of most commercially available dental sealants, which are used 
as preventive, anti-caries coatings on teeth, and composites, which are white 
fillings. An extensive review of this literature is provided by Soderholm and
Mariotti [92].

These sealants are polymerized by either ultraviolet light or by interaction
with a benzoyl peroxide initiator with a tertiary amine activator. Strong evi-
dence has emerged to suggest that the polymerization process is not always
complete and that BPA and associated polymers leach into the saliva of patients
[93]. Furthermore, enzymatic hydrolysis of methacrylates and mechanical
forces upon the tooth surface contribute to the persistent degradation of dental
resins. In a study that has generated much disquiet in the dental industry, Olea
and colleagues demonstrated the presence of BPA, in addition to other BPA de-
rivatives (bisphenol A-dimethacrylate (BPA-DMA), BisGMA, and BADGE), in
the saliva of patients. The saliva samples, which were collected over a 1-h pe-
riod, were found to contain 90–931 mg following the application of 50 mg of a
commercial BisGMA-based dental sealant to the patients’ molar teeth. The
saliva concentrations of BPA and BPA-DMA were sufficient to induce cell pro-
liferation in MCF-7 cells and increase both PR and pS2 levels, confirming the
compounds’ estrogenic activity. One patient exhibited residual BPA and BPA-
DMA in her saliva from dental work performed 2 years previously, countering
arguments that leakage of BPA products only occurs immediately following the
dental procedure.

Recent studies have confirmed the leakage of TEGDMA, BPA-DMA, and
BisGMA from a group of commercially available sealants; however, they ques-
tion the presence of BPA shown in Olea’s study [94, 95]. This discrepancy may
be due to differences in the experimental protocol. The latter investigations
were performed in vitro and the leachants measured in distilled water and
ethanol washes rather than saliva. None of these studies tested the estrogenic
activity of the leached compounds. However, one study demonstrated that a
dose of 100 mg/kg BisGMA administered subcutaneously to ovariectomized
mice (3 times per week for 3 weeks) induced an increase in uterine wet weight
and collagen content [96]. Currently, the European Union has established a spe-
cific migration limit of 3 mg/kg for BPA and 0.02 mg/kg for BADGE. The Euro-
pean Committee for Food has estimated a daily intake of BPA at 0.05 mg/kg
body weight.

3.3.4
Medical Materials

The use of bioactive bone cement containing BisGMA was introduced into or-
thopedic medicine for applications such as osseous repair of the skull cap, re-
construction of the anterior wall of the frontal sinus, and fixation of alloy im-
plants [97, 98]. Combined with apatite-wollastonite glass ceramic, BisGMA-
based resin provides an effective means of fixing hip prostheses, the
composition of which has been researched in rats [99, 100], rabbits [101], and
dogs [102]. This material’s superior mechanical strength, ability to bond di-
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rectly to bone, and proposed good bioactivity make it an advantageous alterna-
tive to conventional materials such as polymethyl methacrylate cement. The is-
sue of potential leakage of partially polymerized BPA from orthopedic materi-
als and the possible effects has not been addressed in the literature. One study,
describing the advantages of BisGMA/apatite-wollastonite glass ceramic ce-
ment, expressed concern that these materials with high bioactivity are often less
stable and subject to severe biodegradation [100].

3.4
Human Exposure

The application of dental sealants and composites to teeth and their subsequent
degradation by enzymatic and mechanical forces may result in BPA and its de-
rivatives being absorbed through the gingival epithelium or being swallowed.
Evidence in mice suggests that these products enter the gastrointestinal tract
and may be absorbed through its epithelium [103]. Dental personnel may be ex-
posed to BPA and its derivatives through skin contact in the preparation and
application of restorative dental materials. In manufacturing facilities, workers
are generally exposed to large doses of BPA through inhalation and skin con-
tact; the latter has been shown to cause photosensitive dermatitis [104]. In
homes, exposure to unhardened epoxy resins containing BPA occurs predomi-
nantly through skin contact with coated household objects and hobby glues.

3.5
Environmental Release

The figures in 1996 for total environmental release of BPA were approximately
465,000 pounds. Of that, 39.5% comprised total air release, 1% total water re-
lease, 54% total land release, and 5.4% total underground injection (NIH, 1998:
http://toxnet.nlm.nih.gov/servlets/). This environmental waste is most likely
generated in the manufacturing process and released during processing, hand-
ling, and transportation. Of the approximate 1.6 billion pounds produced, the
remaining portion of BPA is present in polycarbonate and epoxy resin products
previously outlined. Recent studies in Cape Cod, Massachusetts, measured BPA
levels of 0.1–1.7 mg/l in untreated septic- and wastewater and 20–44 ng/l in 2 of
28 drinking water wells [41].

3.6
Bioaccumulation

Xenoestrogens are generally lipophilic, a characteristic that may facilitate their
absorption through skin and mucous membranes, and accumulation in food-
producing animals. Elimination profiles of a single dose of 14C-labeled BPA ad-
ministered orally to male CFE rats revealed that 56% was excreted in feces and
28% was excreted in the urine, indicating absorption through the intestinal
wall. After 8 days of a single exposure, there were no traces of radiolabeled BPA
left in the body [105]. In CF-1 mice, elimination profiles of a single dermal ap-
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plication of 14C-labeled BADGE showed that 20% was excreted in feces, 3% 
was excreted in urine, and 66% was extracted from the skin at the area of ap-
plication over 3 days [103]. When BADGE was administered orally in the same
study, 80% was excreted in feces and 11% was excreted in urine over 3 days.
Within 2 days, 88% of the total administered dose was excreted and by 8 days
only 0.1% of the dose remained. Recent studies in pregnant Fischer rats have
demonstrated that BPA, administered in a single oral dose, is able to rapidly tra-
verse the placenta and distribute within fetal organs. Following a single oral
dose of 1 g/kg BPA to rats, the chemical was found to reach a maximal concen-
tration within fetal organs by 20 minutes; after 40 minutes the concentration of
BPA was higher in the fetus than in the maternal blood [106].

In a collaborative effort by a consortium of companies including Shell
Development Company, Dow Chemical Company, and Society of the Plastics
Industry, Staples and colleagues provide an extensive review of the environ-
mental fate, bioaccumulation, and biodegradation of BPA [86]. In the aquatic
models presented, the authors claim that there is a low potential for BPA to
bioaccumulate in microorganisms, algae, invertebrates, and both freshwater
and marine fish. No other recent study is available to challenge or confirm these
assertions.

3.7
Metabolism

There is a paucity of information on the metabolism of BPA and its derivatives
in animals and humans. Studies show that BPA is metabolized to hydroxylated
BPA [105] and then oxidized to form an ortho-quinone. This latter product is
capable of covalently binding with DNA [107], indicating the potential for BPA
to modify DNA nucleotides and cause mutational change. Research in CD-1 rats
demonstrated that BPA produced covalent modifications in testicular DNA in
vivo [108]. Studies of BADGE show that the major metabolic pathway of this
BPA derivative is the hydrolytic opening of the two epoxide groups to form the
bis-diol of BADGE. This compound is excreted in both free and conjugated
forms, although the majority undergoes further metabolic transformations to
form carboxylic acids [109].

3.8
Biodegradation

The review of mostly environmental models by Staples and colleagues [86] con-
cludes that BPA generally undergoes rapid biodegradation in surface waters,
wastewater treatment plants, and biological waste treatment systems at an effi-
ciency of greater than 96%. The short half-life of BPA in test effluent (2.5–
4 days), rapid acclimation of microbial populations to degrade this compound,
and the potential for photo-oxidation are factors that facilitate its rapid
biodegradation in the environment by mineralization. In contrast, studies by
Stone and Watkinson [110] found insufficient evidence to conclude that BPA is
readily biodegraded.
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Research on the bacterial biodegradation pathway of BPA reveals that the
metabolites 4-hydroxyacetophenone and 4-hydroxybenzoic acid are formed in
the major pathway, both of which are rapidly degraded to carbon dioxide and
water. The minor pathway of BPA degradation produces the metabolites 2,2-
bis(4-hydroxyphenyl)-1-propanol and 2,3-bis(4-hydroxyphenyl)-1,2-propane-
diol that could further degrade to form carbon dioxide, be incorporated in bac-
terial cell material, or form miscellaneous soluble organic compounds [111].

3.9
Biological Effects

The various reports on the biological effects of BPA are quite diverse since the
premises upon which the investigations are based differ significantly.
Toxicology studies aim to induce a pronounced biological effect and thus large
doses of BPA have been administered in animal models. In contrast, studies in
which much lower doses are administered to animals and to in vitro systems
question the estrogenic potency of BPA. These investigations are based upon a
rationale that aims to understand the effects of BPA on the development and re-
production of animals, and ultimately humans, at physiologically relevant
doses.

3.9.1
Teratogenic Effects

The in utero exposure of Sprague-Dawley rats to 85–125 mg/kg BPA (gesta-
tional days 1–15) have been shown to cause imperforate anus, incomplete skele-
tal ossification, and enlarged cerebral ventricles [112]. These levels also cause
maternal toxicity, a reduction in the number of pregnant rats, and a reduction
in the number of live fetuses born. In CD rats, doses of 160–640 mg/kg/day de-
livered orally caused a decrease in maternal weight only. When similar experi-
ments were performed on CD-1 mice, doses of 500–1250 mg/kg/day caused an
increase in maternal liver weight and maternal mortality [113]. The highest
dose caused an increase in the resorption rate of fetuses exposed in utero per
litter, and a decrease in both fetal body weight and uterine weight. Alterations
in the gross fetal developmental of either species were not evident.

3.9.2
Developmental Effects

Exposure of the developing male fetus to estrogens causes significant changes
in the reproductive tract in adulthood. The in utero positioning of a male
mouse between 2 female siblings is associated with a 20% increase in prostate
weight [114], a phenomenon that can be reproduced by exposing the develop-
ing male fetus to a minor increase in serum estradiol [115]. BPA has the capac-
ity to induce the same effect. In utero exposure of CF-1 male mice to 2 mg/kg
and 20 mg/kg BPA was found to cause an increase in adult prostate weight by
30% and 35%, respectively. Body weight decreased in response to BPA expo-
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sure, this effect being significant only with the low dose [82]. These findings are
compatible with research revealing that changes in prostate weight follow an in-
verted U curve in response to increasing in utero doses of both 17b-estradiol
and DES [115]. These same doses caused a permanent increase in the preputial
gland size and a decrease in epididymal size in males exposed in utero; 20 mg/kg
BPA caused a decrease in sperm production by 20% [116]. The significance of
these data is of extreme importance considering that the lower of these doses is
less than that reported in saliva after administration of dental sealants [93].

These data confirm the inappropriateness of assuming that, in experimental
conditions, BPA is being administered to estrogen-naïve animals. Fetuses are al-
ready exposed to endogenous estrogens. In view of the results showing a non-
monotonic dose response to BPA, it should be considered that there is no con-
cept of a threshold for hormone mimics [117].

BPA has been shown to cause advancement in the onset of puberty in female
CF-1 mice. In utero exposure of mice to 2.4 mg/kg BPA between gestational
days 11 and 17 caused a decreased survival of female pups between birth and
weaning, an increase in pup weight at weaning, and a decrease in the number
of days between vaginal opening and first uterine estrus [118]. These effects
were enhanced if females were positioned between either 1 or 2 female siblings
in utero.

Exposure of Sprague-Dawley female rats to 100 mg BPA/kg body weight/day
throughout in utero development and lactation has been shown to cause a sig-
nificant increase in body weight at birth. This increase persisted throughout the
observation period which extended to 110 days. A tenfold higher dose resulted
in a significant increase in body weight over controls for the first two weeks
[119]. These data are consistent with other observations of non-monotonic
dose-response curves [115, 120, 121]. In addition, exposure of rats to the high
dose of BPA resulted in a decreased number of animals showing estrous cyclic-
ity at 4 months of age relative to controls.

Recent work in our laboratory has revealed that in utero exposure of CD-1
mice to low, presumably environmentally-relevant doses of BPA (25 and 250 mg/
kg) induced changes in the developmental timing of DNA synthesis within the
epithelium and stroma of the mammary gland. In 6 month-old mice, the his-
toarchitecture of the mammary glands resembled those of early pregnancy (in-
creased presence of all epithelial structures, including an approximate 300% in-
crease in alveolar buds; greater presence of secretory product), and suggested
that prenatal exposure to BPA may predispose the tissue to neoplastic change in
adulthood [122].

Studies in male Wistar rats have demonstrated that exposure to a 0.5 mg in
20 ml injection of BPA on days 2, 4, 6, 8, 10, and 12 of neonatal life caused no
changes in testis weight or seminiferous tubule diameter. Similarly, the immu-
noexpression of follicle stimulating hormone-b (FSH-b) in pituitaries and in-
hibin a-subunit in Sertoli and Leydig cells remained unaltered [66].

It has been shown that BPA has dramatic effects on amphibia as well as on
mammals. The exposure of Xenopus laevis to 10–7 mol/l BPA induced feminiza-
tion of sexual differentiation. This effect was evident by a significant increase in
female phenotypes of larvae compared to controls [78].
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3.9.3
Reproductive Effects

The proliferative effect of natural estrogens on the uterus has traditionally been
the hallmark of estrogen action. This response has formed the basis of the mouse
uterotropic assay [123]. The assay detects the estrogenicity of a suspected com-
pound by its ability to induce an increase in wet weight of a prepubertal mouse
uterus within 3 days [124]. The studies reviewed below reveal that there is a wide
variety of sensitivity to BPA among species and strains of rodents.

Studies in immature CFLP mice showed that doses of 0.05 mg and 0.5 mg per
mouse (assuming a mouse weight of approximately 30 g, this represents a dose
of 1.67 mg/kg and 16.7 mg/kg) were insufficient to induce a uterotropic effect.
Yet a 5 mg (167 mg/kg) dose caused toxicity to the animal [125]. Work in our
laboratory has established a dose-response curve for BPA in the CD-1 mouse,
and has revealed that for the parameters of age of vaginal opening and uterine
wet weight, a non-monotonic dose response exists for this chemical. That is, the
lower (0.1 mg/kg) and higher doses (75 and 100 mg/kg) of BPA induce signifi-
cant changes in these reproductive parameters, while the middle range of doses
have no effect [126].

Immature Alpk:AP rats treated for 3 days with a dose of 400 mg/kg BPA ad-
ministered by either oral gavage or subcutaneous injection showed a significant
increase in uterine wet weight [127]. These findings are consistent with those of
Dodds and Lawson [72], who showed that a total of 100 mg BPA injected twice
daily for 3 days in ovariectomized rats (of an unstated weight) induced persistent
estrus.Assuming a rat weight of 250 g, this represents a dose of 800 mg/kg/day.Yet
another study revealed that a minimum daily dose of 10 mg/kg and 30 mg/kg BPA
delivered orally for 4 days in ovariectomized Sprague Dawley rats induced a 29%
and 37% increase in uterine wet weight, respectively [128].

Steinmetz and colleagues determined that a single 37.5 mg/kg dose of BPA ad-
ministered intraperitoneally to Fischer rats induced a significant increase in bro-
modeoxyuridine (BrdU) labeling of vaginal and uterine epithelial cells 20 h later,
indicating cell proliferation [129].A 50 mg/kg dose of BPA induced an increase in
the expression of c-fos mRNA in the luminal epithelium of the uterus by 14- to 17-
fold and in the vagina by 7- to 9-fold within 2 h. Subcutaneous delivery of ap-
proximately 0.3 mg/kg BPA per day for 3 days caused a marginal increase in uter-
ine wet weight and a 2.5-fold increase in luminal epithelial cell height and mucus
secretion. Proliferation of the vaginal epithelium from 2–3 cell layers to 6–8 cell
layers and cornification were also seen. These changes induced in Fischer 344 rats
were not evident in Sprague Dawley rats at the same dose [129].

Research in Noble rats demonstrated that a 0.1 mg/kg/day and 54 mg/kg/day
exposure to BPA for 11 days induced a 143% and 220% increase, respectively, in
proliferative activity of mammary gland epithelium [130]. These changes were
associated with a significant increase in the conversion of immature to mature
glandular structures in both the low and high dose groups, indicating that low
doses of BPA can induce profound proliferative effects in mammary glands.

Longitudinal studies in rodents suggest that BPA causes reproductive toxic-
ity that persists into the second generation. One study of CD-1 mice revealed
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that exposure to high levels of BPA via ingestion (low dose: 437 mg/kg/day BPA;
medium dose: 875 mg/kg/day; high dose: 1750 mg/kg/day) caused a longer ges-
tation period and decreased litter size in the high dose range [131]. F1 females
appeared to be the most affected as they delivered 51% fewer pups when mated
with control partners. The males sired 25% fewer pups in the high BPA group.
On dissection, both F0 and F1 generations exhibited an increase in liver and
kidney weights. The males exhibited decreased seminal vesicle weight, with
compromised sperm motility in the parents only. In the high dose F1 mice, pup
mortality prior to weaning was significantly increased.

3.9.4
Neuroendocrine Axis

The neuroendocrine axis is an integral part of reproductive function. However,
few studies have been undertaken to assess the response of this system to BPA
exposure. One study on Sprague Dawley rats showed that in utero and lacta-
tional exposure to a minimum dose of 320 mg/kg/day induced an 85% increase
in the volume of the sexually dimorphic nucleus of the preoptic area in the
brain. This effect was seen in neonatal females only [132]. In vitro work revealed
a dose-dependent increase in the release of prolactin from anterior pituitary
cells harvested from ovariectomized Fischer 344 rats in response to BPA [75]. In
the same study, 1 nmol/l BPA induced a threefold increase in prolactin release
from cultured GH3 cells, a somatomammotroph cell line, by 5 days. These ex-
periments translated well into the animal model, which demonstrated that an
exposure of 40–45 mg/day BPA for 3 days induced a 7- to 8-fold increase in
serum prolactin levels in Fischer 344 rats, but not in Sprague Dawley rats.
Assuming a rat weight of 200 g, this represents a dose of 200–225 mg/kg/day.

4
Conclusion

A diverse number of chemicals that exhibit estrogenic activity are currently be-
ing used in large volumes. The potential for these chemicals to disrupt the de-
velopment and normal functioning of organisms has justifiably provoked con-
cern. The issue, therefore, is to determine whether the use of these endocrine
disruptors should be regulated to curtail exposure of humans and wildlife.

The knowledge that alkylphenol polyethoxylates are toxic to aquatic organ-
isms long preceded the findings that alkylphenols are estrogen mimics.
Evidence became apparent when fishes residing downstream of industrial ef-
fluent outlets showed signs of estrogenicity. When the mills switched voluntar-
ily from using alkylphenol polyethoxylates to non-estrogenic detergents (alkyl
ethoxylates), the levels of alkylphenols and signs of estrogenic activity in the
fishes declined concomitantly. There is little data on alkylphenol exposure to
non-aquatic organisms including humans; however, it is reasonable to assume
that aquatic species are the ones most likely to be affected. These species are ex-
posed constantly to phenolic chemicals, while other species may be exposed
only intermittently. Nonetheless, nonylphenol accumulates in the muscle of fish
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and therefore their predators are likely to be affected. The most obvious expo-
sure of alkylphenols to humans is through the use of nonoxynol spermicides.
The effects of such exposure have not been studied in detail as yet.

BPA and other phenolic compounds have been used in the manufacture of
plastics since the introduction of Bakelite, which was patented in 1909. There is
very little information concerning the levels of these compounds in the envi-
ronment. Humans are probably the most exposed species, since BPA products
are used in the food industry and as medical and dental materials.

In vitro studies testing the estrogenic potency of BPA have provided knowl-
edge of the dose required to induce an effect at the target cell. However, such
models are not representative of the fate of this chemical in the organism, and do
not take into account metabolism, binding to plasma proteins and other phar-
macokinetic issues. It is wrong to assume that because these compounds show a
low potency relative to estrogen in vitro that they are harmless. This has moti-
vated scientists to study the effects of BPA in rodents. The uterotropic assay,
which is the classical tool for assessing estrogenicity, appears to be rather insen-
sitive. When other parameters are considered, such as the induction of prolifer-
ative activity in the epithelia of the vagina, uterus, and mammary gland, tissue
changes are observed at doses that are ineffective in the uterotropic assay. The
administration of BPA during prenatal and early postnatal development induces
effects at doses that are orders of magnitude lower than that needed for a posi-
tive uterotropic response. As we learn more about the unintended biological ef-
fect of alkylphenols and BPA, it becomes apparent that their effect is most strik-
ing and irreversible when exposure occurs during embryonic development.

In most toxicological studies, it is assumed that the dose-response curve is
monotonic. It is believed that testing very high doses will suffice to assess all the
effects of a chemical. However, there is evidence to suggest that sex steroids pro-
duce varied effects at different doses. Androgens, for example, induce prolifera-
tion of prostate epithelial cells at a relatively low dose, and inhibit cell prolifer-
ation at higher doses. Furthermore, the effects of estrogens on the developing
genital tract follow an inverted U dose-response curve. These findings are re-
vealing that our general assumptions are wrong. We must look specifically at
low dose effects, that is, those that occur at actual levels of human exposure be-
cause testing at high doses may mask these effects.

This chapter has focused on the properties and biological effects of alkylphe-
nols and BPA individually. Although this is an appropriate beginning, it is be-
coming evident that we must consider these chemicals as part of a mixture. It
should be taken into consideration that wildlife and humans are not exposed to
one single chemical at a time, and that hormone mimics are acting upon or-
ganisms that are already exposed to endogenous hormones and other xenobi-
otics. Thus, the other classical assumption that we need to reject is that of the
existence of a threshold.

The findings of the last decades up until this point have brought us abruptly
to face the facts that tampering with the ecosystem brings unforeseen conse-
quences. Finally we must acknowledge our ignorance and temper our scientific
arrogance. Our quest as scientists now is to look for new ways to study these
complex systems.
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Hydroxylated polychlorinated biphenyls (hydroxy-PCBs) and various organochlorine pesti-
cides have been identified as environmental contaminants, and there has been some concern
regarding their potential adverse effects as endocrine-active agents. Initial studies showed
that two synthetic compounds, 2¢,4¢,6¢-trichloro- and 2¢,3¢,4¢,5¢-tetrachloro-4-biphenylol
(HO-PCB3 and HO-PCB4, respectively), bound to the estrogen receptor (ER) and exhibited
estrogenic activity in both in vivo and in vitro assays. Although these compounds alone 
were weakly estrogenic (>1000 times less potent than 17b-estradiol), there were some reports
suggesting that interactions of these compounds and several organochlorine pesticides 
were synergistic. Subsequent studies in this laboratory have confirmed that HO-PCB3 
and HO-PCB4 were weakly estrogenic and equimolar concentrations of these compounds
gave additive responses. Similar results were obtained for organochlorine pesticides.
Structure-activity relationships for hydroxy-PCBs showed that most compounds were either
weakly estrogenic or inactive; moreover, several compounds exhibited antiestrogenic activity.
Based on their weak estrogenic potencies and low environmental levels, it is unlikely that
hydroxy-PCB and organochlorine pesticides contribute significantly to overall xenoestrogen
action.
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Abbreviations

CAT chloramphenicol acetyltransferase
CKB creatine kinase B
p,p¢-DDE 2,2-bis(p-chlorophenyl)-1,1-dichloroethylene
o,p¢-DDT 2-(p-chlorophenyl)-2-(o-chlorophenyl)-1,1,1-trichloroethane
p,p¢-DDT 2,2-bis(p-chlorophenyl)-1,1,1-trichloroethane
E2 17b-estradiol
ER estrogen receptor
HO-PCB hydroxy-polychlorinated biphenyl
luc luciferase
PR progesterone receptor
RBA relative binding affinity

1
Introduction

Recently there has been considerable scientific, regulatory and public concern
regarding the potential adverse effects of industrial chemicals and their by-
products that act via disruption of endogenous endocrine pathways [1–3]. The
hypotheses suggesting that background levels of organochlorine environmen-
tal contaminants such as 2,2-bis(p-chlorophenyl)-1,1-dichloroethylene (p,p¢-
DDE), polychlorinated biphenyls (PCBs), dibenzofurans and dibenzo-p-dioxins
and related compounds may be causally related to decreased male reproductive
capacity, an increased incidence of breast cancer and neurodevelopmental
deficits in children are based on environmental, laboratory animal and human
data. In 1992, a report by Carlsen and coworkers showed that meta-analysis of
61 sperm count studies from 1940 to 1990 indicated the sperm counts world-
wide had decreased from 113 ¥ 106 to 66 ¥ 106/mL [4]. These data coupled with
increasing incidence of testicular cancer in most countries led to the hypothe-
sis that in utero exposure to environmental estrogens and possibly antiandro-
gens such as p,p¢-DDE [5] were causally linked to decreased male reproductive
capacity. This hypothesis was biologically plausible since it is well known that
offspring from women or laboratory animals exposed to the potent estrogenic
drug diethylstilbestrol exhibit a host of male and female reproductive tract ab-
normalities [6]. These problems have also been observed in some wildlife pop-
ulations exposed to other endocrine-active contaminants [1, 2, 7]. This chapter
will briefly review the endocrine-like activity of two important classes of envi-
ronmental contaminants, namely hydroxy-PCBs and organochlorine pesticides.

2
Hydroxy-PCBs: Origins and Environmental Occurrence

PCB mixtures are industrial compounds that have been widely identified as
persistent environmental contaminants that bioaccumulate in fish, wildlife and
humans. In laboratory animal studies, PCBs induce a diverse spectrum of bio-
chemical and toxic responses that are due, in part, to disruption of endocrine
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pathways [8–10]. In addition, PCBs are metabolized to give multiple products
including hydroxylated metabolites and their conjugates, dihydrodiols, cate-
chols and several methylsulfonyl analogues [11]. Hutzinger and coworkers first
showed that diverse species metabolized individual PCB congeners and mix-
tures to give hydroxylated metabolites that are readily excreted in urine and 
feces [12]. Cytochrome P450-mediated oxidative metabolism of PCBs has been
well characterized and is an important pathway for detoxification and removal
of the parent hydrocarbons [11, 13]. Results of a few studies demonstrated that
hydroxy-PCB metabolites were less toxic than their parent hydrocarbons [14,
15]. Surprisingly, Bergman and coworkers demonstrated that hydroxy-PCBs
were relatively persistent in serum [16], and they identified a diverse spectrum
of highly chlorinated hydroxy-PCBs in human serum, wildlife samples, and in
laboratory rats administered commercial PCB mixtures[17]. Subsequent stud-
ies have confirmed that hydroxy-PCBs persist in serum of humans and other
species [18–20] and therefore effects of these compounds on endocrine re-
sponse pathways may be adverse.

3
Hydroxy-PCBs as Estrogens and Antiestrogens

Korach and coworkers [21] first showed that hydroxy-PCBs competitively
bound the mouse estrogen receptor (ER) and two of the most active ER agonists
in their study were 2¢,4¢,6¢-trichloro-4-biphenylol (HO-PCB3) and 2¢,3¢,4¢,5¢-
tetrachloro-4-biphenylol (HO-PCB4). Structure-activity relationships sug-
gested that the most active congeners contained a single para-hydroxy group on
one of the two biphenyl rings. Interest in hydroxy-PCBs as endocrine disruptors
was heightened by two studies using HO-PCB3 and HO-PCB4 as model com-
pounds. Bergeron and coworkers [22] utilized turtles as a model system for in-
vestigating the estrogenic activity of HO-PCB3 and HO-PCB4. Turtle eggs incu-
bated at 26°C result in 100% males whereas at 32°C all females are produced.
However, temperature-dependent sex reversal can also obtained with 17b-estra-
diol (E2) and they also reported that incubation of turtle eggs with HO-PCB3
and HO-PCB4 resulted in dose-dependent sex reversal (males Æ females).
Moreover, it appeared that a combination of both hydroxy-PCBs synergistically
induced sex reversal. The issue of synergistic interaction of hydroxy-PCBs was
also addressed in a paper by Arnold and coworkers [23] that reported syner-
gistic interactions of HO-PCB3 and HOPCB4 in receptor binding and transac-
tivation assays. This paper was subsequently withdrawn [24]; nevertheless, non-
additive interactions of weakly estrogenic pesticides have been suggested by
other investigators.

3.1
HO-PCB3 and HO-PCB4 Interactions

Studies were initiated in this laboratory [25] to investigate estrogenic activities
of HO-PCB3, HO-PCB4 and their combination in several E2-responsive assays
including: binding to the mouse uterine ER; induction of immature mouse uter-
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ine ER and PR binding, peroxidase activity and wet weight; induction of MCF-
7 human breast cancer cell growth; induction of luciferase activity in human
HepG2, MDA-MB-231 and MCF-7 cells transiently transfected with pC3-luc
(complement C3 gene promoter linked to luciferase reporter gene); induction
of chloramphicol acetyltransferase (CAT) activity in MCF-7 cells transiently
transfected with pCKB (rat creatine kinase B promoter linked to a CAT reporter
gene). In addition, an E2-responsive yeast-based assay was also used. The re-
sults clearly demonstrated that both HO-PCB3 and HO-PCB4 were nearly full
ER agonists in all in vitro assays; however, in the mouse uterine assay (Fig. 1)
submaximal induction was observed at doses as high as 366 µmol/kg/day (for
3 days) and both hydroxy-PCB congeners were >70,000 times less potent than
E2 (Fig. 1). In most of the in vivo and in vitro bioassays, both HO-PCB3 and HO-
PCB4 (10–5 M) induced >50% of the maximal response observed for 10–9 M E2
(Fig. 2) and were generally >10,000 times less active than E2. The major excep-
tion was in the MCF-7 cell proliferation and yeast-based assays, where differ-
ences in estrogenic potency were only 2 to 3 orders of magnitude. Interactions
of HO-PCB3 and HO-PCB4 were examined using equimolar mixtures and the
results were additive for most responses as illustrated in Figs. 1 and 2. The ap-
parent small differences from non-additivity observed in the in vivo studies
(Fig. 1) may be related to differences in animal-responsiveness since HO-PCB3
was investigated in one study and results for HO-PCB4 and the equimolar mix-
ture were determined in a second study, and the E2-induced progesterone re-
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Fig. 1. Estrogenic activity of HO-PCB3, HO-PCB4 and their combination (equimolar) in 21-
day-old B6C3FI mice. Mice were administered the test compounds alone or in combination
on 3 consecutive days; uterine wet weight, peroxidase activity and PR binding were deter-
mined [25] and compared to results obtained with E2 alone (0.0053 µmol/kg for three con-
secutive days)



ceptor (PR) binding and peroxidase activity were significantly higher in the
first study.

There was some initial concern that non-additive interactions of HO-PCBs
and other weakly estrogenic compounds would be observed only at low levels
of ER expression. This point was addressed by determining the effects of HO-
PCB3, HO-PCB4 and their combination in HepG2 and MDA-MB-231 cells tran-
siently transfected with pC3-luc and variable amounts of ER expression plas-
mid. The results showed that induction responses decreased with decreasing ER
levels; however, the effects of HO-PCB3/HO-PCB4 mixture (equimolar) were
similar to those observed for the compounds alone. These results clearly
showed that for an equimolar binary mixture of HO-PCB3 and HO-PCB4, their
estrogenic activities were additive in a battery of in vitro and in vivo assays.

3.2
HO-PCBs as Estrogens/Antiestrogens – Structure-Activity Relationships

Korach and coworkers [21] first reported the estrogenic activity of hydroxy-
PCBs, and HO-PCB3 and HO-PCB4 were the most potent congeners among the
12 different mono- and dihydroxy-substituted biphenyls. Structure-activity re-
lationships among these compounds were not apparent due to their structural
diversity and therefore a more systematic structure-estrogenicity/antiestro-
genicity study for HO-PCBs was initiated. Optimal estrogenic activity was pre-
viously observed for congeners containing a single p-hydroxy group on one
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Fig. 2. Estrogenic activity of HO-PCB3, HO-PCB4 and their equimolar combination in MCF-
7 cells transfected with construct derived from the E2-responsive creatine kinase B (pCKB-
CAT) and cathepsin D (pCD-CAT) gene promoters. The results obtained for HO-PCBs are
compared to responses observed for E2 alone (10–8 M) [25]



phenyl ring (e.g., HO-PCB3 and HO-PCB4), therefore the effects of additional
chlorine substitution ortho or meta to the hydroxy group were determined us-
ing a series of 3-chloro-4-hydroxyphenyl and 2-chloro-4-hydroxyphenyl anal-
ogues [26]. The substitution patterns on the chlorinated ring included 2¢,4¢,6¢-
trichloro-, 2¢,3¢,5¢,6¢-, 2¢,3¢,4¢,6¢- and 2¢,3¢,4¢5¢-tetrachlorophenyl (Fig. 3). Sub-
sequent structure-estrogenicity relationships were determined using the
following bioassays: competitive binding to the rat and mouse cytosolic ER; im-
mature rat and mouse uterine wet weight, uterine peroxidase activity and PR
binding; induction of luciferase activity in HeLa cells stably transfected with a
Gal4: human ER chimera and a 17mer-regulated luciferase reporter gene; pro-
liferation of MCF-7 human breast cancer cells; induction of CAT activity in
MCF-7 cells transiently transfected with a full-length human ER expression
plasmid and a plasmid containing an estrogen-responsive vitellogenin A2 gene
promoter insert linked to a CAT reporter gene. The results obtained from these
assays were highly variable and assay-dependent. For example, an IC50 value for
competitive binding to the rat or mouse ER was not observed for 2¢,3,4¢,6¢-tetra-
chloro-4-biphenylol, whereas the remaining compounds gave variable IC50 val-
ues that were not structure-dependent. Relative binding affinities (RBAs) com-
pared to E2 (RBA = 1.0) varied from 5.3 ¥ 10–6 to 1.4 ¥ 10–3 and 1.3 ¥ 10–4 to 
7.2 ¥ 10–4 for cytosolic uterine rat and mouse ER, respectively. Dose-dependent
induction of uterine wet weight, peroxidase activity and PR binding was not ob-
served for any of the hydroxy-PCB congeners 1–8 in the immature mouse or rat
uterus at doses as high as 100 mg/kg/day (for 3 days). Structure-estrogenicity
relationships for HO-PCBs 1–8 were not observed in MCF-7 cells transfected
with pVit-A2 since only 2 compounds, 2,2¢,3¢,4¢,6¢- and 2,2¢,3¢,4¢,5¢-pentachloro-
4-biphenyloI significantly induced CAT activity at the highest concentration
(10–5 M). In contrast, comparable structure-estrogenicity relationships were ob-
served for MCF-7 cell proliferation assays and induction of luciferase activity in
stably transfected HeLa cells. Four compounds, namely 2,2¢,3¢,4¢,6- and
2¢,3,3¢,4¢,6¢-pentachloro-, 2,2¢,4¢,6¢- and 2¢,3,4,6¢-tetrachloro-4-biphenylol, ex-
hibit ER agonist activity for both responses. In contrast, 2,2¢,3¢,4¢,5¢-, 2¢,3,3¢, 4,5¢-,
2,2¢,3¢,5¢,6¢- and 2¢,3,3¢,5¢,6¢-pentachloro-4-biphenylol did not induced estro-
genic responses (i.e., see Fig. 4). These results demonstrate that chloro substi-
tution in the phenolic ring did not significantly affect activity, whereas 2,4,6-
trichloro- and 2,3,4,6-tetrachloro-substitution on the chlorophenyl ring gave
compounds with the highest estrogenic activity.

Since the hydroxy-PCB congeners (Fig. 3) were weak ER agonists, we also in-
vestigated their antiestrogenic activities in the same assays. Structure-antie-
strogenicity assays were inconsistent in the rodent uterus and in MCF-7 cells
transfected with pVit-CAT. Several hydroxy-PCBs inhibited one or more E2-in-
duced responses in the mouse uterus and one compound, 2,2¢,3¢,4¢,6¢-pen-
tachloro-4-biphenylol, significantly inhibited all three responses (uterine wet
weight increase, PR binding, and peroxidase activity). In contrast, this com-
pound was not a consistent ER antagonist in the in vitro assays, and none of the
hydroxy-PCBs inhibited E2-induced responses in the immature rat uterus.
Interestingly, structure-antiestrogenicity was observed for inhibition of E2-in-
duced cell proliferation and luciferase activity in stabily-transfected HeLa cells;
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the 2¢,3¢,4¢,5¢- and 2¢,3¢,5¢,6¢-tetrachlorophenyl-substituted compounds exhib-
ited antiestrogenic activity whereas the weakly estrogenic 2¢,4¢,6¢-trichloro- and
2¢,3¢,4¢,6¢-tetrachloro-substituted analogues were not antiestrogenic in these as-
says (Fig. 4). Thus, patterns of estrogenic and antiestrogenic activity for this se-
ries of hydroxy-PCBs were highly response-dependent and not readily pre-
dicted from structure.

Kuiper and coworkers [27] recently investigated the RBAs and transcrip-
tional activation of HO-PCB3, HO-PCB4 and the 8 congeners illustrated in Fig. 3
using human ERa and ERb. HO-PCBs 1–8 bound to both ERa and ERb with
comparable affinities but were 200 to 3300 times less active (Fig. 5). In contrast,
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Fig. 3. Hydroxy-PCB congeners used in structure-activity studies [26]

Fig. 4. Estrogenic and antiestrogenic activities of two hydroxy-PCB congeners in stabily-
transfected HeLa cells. Cells were treated with different concentrations of hydroxy-PCBs
alone (�) or in combination with 6 ¥ 10–11 M E2 (�) as described [26]



HO-PCB4 and HO-PCB3 were approximately ten times more active as compet-
itive ligands for ERa and ERb. In transactivation assays, similar potency differ-
ences were observed between HO-PCBs and E2.

3.3
Hydroxy-PCBs in Humans – Estrogenic/Antiestrogenic Activities

Identification of serum-persistent hydroxy-PCBs in humans (Fig. 6) stimulated
research on the estrogenic and antiestrogenic activities of these congeners [28,
29]. Competitive binding to rat cytosolic ER, human ERa and human ERb was
minimal for all these compounds and this paralleled their effects in transacti-
vation assays [27–29]. In contrast, all of the hydroxy-PCBs identified in humans
inhibited one or more E2-induced responses and one congener, 2,2¢,3,4¢,5,5¢,6-
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Fig. 5. Comparative binding of hydroxy-PCBs (1–8) HO-PCB3 and HO-PCB4 to recombinant
human ERa and ERb [27]

Fig. 6. Hydroxy-PCBs identified in human serum



heptachloro-4-biphenylol, inhibited E2-induced transactivation (in HeLa and
MCF-7 cells) and proliferation of MCF-7 cells. These results suggest that the
contribution of hydroxy-PCBs to overall human exposure to xenoestrogens is
minimal.

4
Hydroxy-PCBs and Thyroid Function

Several studies have demonstrated that PCBs and other halogenated aromatic
hydrocarbons alter thyroid hormone status in rodents; this has been attributed,
in part, to altered conjugation of triiodothyronine or thyroxine by induced
phase II drug metabolizing enzyme activities [30–33]. Brouwer and coworkers
initially discovered that unexpectedly high serum levels of hydroxy-PCBs and
other halogenated aromatic hydrocarbon metabolites were due to their com-
petitive binding to transthyretin, the major thyroid hormone serum transport
protein in rodents [34–36]. It has been suggested that interaction of hydroxy-
PCBs with transthyretin can lower circulating thyroxine levels and affect fetal
thyroid hormone uptake. This pathway may be important for subsequent fetal
development and is an area of concern regarding adverse impacts of hydroxy-
lated aromatics on various wildlife species. For example, exposure of pregnant
rats to 3,3¢,4 4¢-tetrachlorobiphenyl gives relatively high concentrations of the
3,3¢,4¢,5-tetrachloro-4-biphenylol metabolite that binds with high affinity to
transthyretin and accumulates in fetal brains [37]. Moreover, similar results
were obtained with the PCB mixture Aroclor 1254 in which selective hydroxy-
PCB metabolites can also be detected in fetal brain [38]. The role of these com-
pounds in fetal development and in the offspring may be important in some ex-
posure scenarios; however, their role in human health is unknown.

5
Organochlorine Pesticides as Endocrine Disruptors

Organochlorine pesticides such as 2,2-bis(p-chlorophenyl)-1,1,1-trichloro-
ethane (p,p¢-DDT) and related compounds have been extensively used for pest
control; however, detection of these compounds in fish, wildlife and humans has
resulted in restricted use or banning of many of these bioaccumulative com-
pounds. Nevertheless, many organochlorine pesticides or their metabolites
have been detected in environmental samples or food products and p,p¢-DDE is
a common persistent pollutant identified in most biotic samples including hu-
mans [39, 40]. Some of the earliest studies on the endocrine activity of
organochlorine pesticides utilized the rodent uterus model to study estro-
genic/antiestrogenic activities and most of the data indicated minimal effects
and these included some antiestrogenic responses that may have been related to
enhanced cytochrome P450 levels and increased estrogen metabolism [41]. In
addition, several studies clearly demonstrated that kepone and 2-(p-chloro-
phenyl)-2-(o-chlorophenyl)-1,1,1-trichloroethane (o,p¢-DDT) competitively
bound the ER and exhibited ER agonist activity (in vivo/in vitro) [42–44]; how-
ever, these compounds are not routinely detected as widespread environmental
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contaminants. More recently, Soto and coworkers showed that several addi-
tional pesticides stimulated MCF-7 human breast cancer cell growth in the E-
screen assay, and these include endosulfan, toxaphene and dieldrin; these com-
pounds were approximately 10,000 times less active than E2 [45, 46].

Major concern regarding estrogenic activities of organochlorine pesticides
followed the report by Arnold and coworkers [23] showing that interactions of
weak environmental estrogens dieldrin, endosulfan, toxaphene and chlordane
gave synergistic ER binding and transactivation responses. For example, “com-
binations of two weak environmental estrogens such as dieldrin, endosulfan or
toxaphene, were 1000 times more potent in hER-mediated transactivation than
any chemical alone”. These synergistic interactions could not be repeated in
other laboratories [47–49], and the original paper was subsequently withdrawn
[24].

Although the concern regarding the estrogenic activity of organochlorine
pesticides has decreased, Kelce and coworkers [5] reported that p,p¢-DDE
bound the androgen receptor (AR) and exhibited a broad spectrum of antian-
drogenic activities in both in vivo and in vitro bioassays. For example, in utero
exposure of pregnant rats to p,p¢-DDE resulted in decreased anogenital distance
in male pups at birth and retained thoracic nipples on postnatal day 13. p,p¢-
DDE-induced antiandrogenic activity was also observed in immature and adult
male rats. Many of these same responses were also observed in another study
utilizing Sprague-Dawley and Long Evans Hooded rats [50] and their results
also showed that effects on male rat sexual differentiation were minimal at ma-
ternal doses below 10 mg/kg (administered daily from gestation day 14 to 18).
Adipose tissue levels in rat pups administered 10 or 100 mg/kg varied from 0.77
to 7.27 ppm, respectively, and p,p-DDE levels of >1 ppm were commonly ob-
served in human populations in the 1970s and 1980s prior to restrictions on ap-
plications of p,p¢-DDT. Fortunately, environmental and human levels of p,p¢-
DDE have declined rapidly in most locations; however, the adverse impacts of
p,p¢-DDE and related compounds as antiandrogens requires further study.

6
Conclusions

It is clear that both hydroxy-PCBs and organochlorine pesticides modulate en-
docrine responses in animal models and cells in culture. However, there is also
considerable debate regarding a linkage between background levels of en-
docrine-active chemicals and decreased male reproductive capacity and these
are briefly summarized below.

1. Recent studies show both decreased or unchanged sperm counts in subjects
from diverse clinics; moreover, important demographic differences have
been observed in the United States, France, Denmark, Scandinavia and
Canada [51–58]. Demography was not taken into account in the original
meta-analysis by Carlsen and coworkers [4].

2. It is unlikely that organochlorine environmental contaminant levels are vari-
able within regions that show major sperm count variability [39].
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3. Although the incidence of testicular cancer is higher in Denmark vs. Finland,
p,p¢-DDE levels in both countries are similar and have been decreasing
(80–90%) over the past 30+ years [59, 60].

4. Correlations between decreased male reproductive capacity and any envi-
ronmental contaminant have not been reported.

The hypothesis that environmental estrogens (or xenoestrogens) are pre-
ventable causes of breast cancer [61] was primarily supported by two small
case-control studies showing that serum DDE or tissue PCB levels were higher
in breast cancer patients vs. controls [62, 63]. Subsequent studies in Europe,
United States and Mexico with a large number of cases/controls have shown
that PCB/DDE levels were not elevated in breast cancer patients vs. controls
[64–67]. A recent report by the National Research Council concluded that “An
evaluation of the available studies conducted to date does not support an asso-
ciation between adult exposure to DDT, DDE, TCDD and PCBs and cancer of the
breast” [68] Thus, although results of some human studies do not support the
endocrine disruptor hypothesis, further research in the area will help resolve
this contentious issue.
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The Endocrine Disrupting Potential of Phthalates
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Phthalate esters are ubiquitous in today’s environment. Both terrestrial and aquatic organisms
are subject to a low level but constant exposure to this class of chemicals. Until very recently,
it was not thought likely that any phthalates would display endocrine activity, and hence very
little, if any, research focused on this possibility. When reproductive effects were observed,
they were not interpreted as being due to any intrinsic endocrine activity of phthalates (or
their products of metabolism), but rather due simply to a “toxicity” of unknown mechanism.
However, recently a small number of phthalates has been found to elicit estrogenic responses
in in vitro assays. None of these, however, have been found capable of inducing specifically
estrogen-dependent effects in vivo. It is unlikely that phthalates alone are responsible for 
what may be endocrine-mediated adverse effects observed in wildlife and humans over the
past few decades, but it is possible that they are a contributory factor to this phenomenon.
Phthalates administered in high doses to adult mammals have caused adverse reproductive
development in their offspring. Recent thinking has proposed that these manifestations 
may be as a result of an anti-androgenic mechanism. This theory should be investigated 
in greater depth, and at environmentally relevant concentrations of the active phthalates.
Before it is possible to assess the risks (if any) of exposure to phthalates, a much wider range
of test species, and a wider range of endpoints, particularly endocrine ones, need to be
assessed.
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OECD Organisation for Economic Cooperation and Development
PVC polyvinyl chloride
TDI tolerable daily intake
Zrp zona radiata proteins

1
Chemistry and Uses

Phthalate esters are among the most widely used industrial chemicals in exis-
tence. They are used principally as plasticisers, to impart flexibility, workability,
and durability to polymers, but they can also be found in products such as
paints, adhesives, inks, and cosmetics. Millions of tonnes of phthalates are pro-
duced world-wide every year, with hundreds of thousands of tonnes being used
in Europe alone (see Table 1). The significance of phthalate consumption lies in
the fact that their applications are widespread and extremely diverse. This, to-
gether with the fact that their very nature determines that they are fluid within
the materials to which they are added and thus can leach from these media,
leads to the ubiquitous presence of phthalates in environmental samples. On the
positive side, however, phthalates are far more reactive than many other indus-
trial organic contaminants with low solubilities, and therefore degrade more
easily in the environment; thus although the input is constant, the final concen-
tration may be lower than initially expected. Consequently, major questions
that arise are “to what do they degrade?”, and “are the intermediate degradation
products harmful in themselves?”
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Table 1. Use of phthalates. Figures are given for the European consumption of the most
widely used phthalates. Note that this information will differ from the consumption of ph-
thalates in other continents.Values of water solubility and log Kow are taken as recommended
by Staples et al. [6], indicating the extremely low solubility of this class of chemicals, partic-
ularly those with longer side-chains

Name Abbr. Molecular Water  [6] log Kow Mass consumed
weight solubility [6] in Europe

(mg/L) (tonnes annum–1)

Di-2-ethylhexyl phthalate DEHP 390 0.003 7.50 400,000–500,000
Diisononyl phthalate DINP 425 < 0.001 > 8.0 100,000–200,000
Diisodecyl phthalate DIDP 447 < 0.001 > 8.0 100,000–200,000
Butyl benzyl phthalate BBP 312 2.7 4.59 20,000–50,000
Dibutyl phthalate DBP 278 11.2 4.45 20,000–40,000
Diisobutyl phthalate DIBP 278 20.0 4.11 20,000–40,000
Ditridecyl phthalate DTDP 525 < 0.001 > 8.0 3,000–10,000
Diethyl phthalate DEP 222 1100 2.38 (with DMP) 

10,000–20,000
Dimethyl phthalate DMP 194 4200 1.61 (with DEP) 

10,000–20,000
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Fig. 1. Structures of the phthalates which are most widely consumed in Europe. An asterisk
indicates that the side chains may be branched, such that several isomeric forms of the 
phthalate exist



The basic structure of a phthalate ester comprises an aromatic ring with 2
aliphatic side chains. There are more than 60 different phthalates in use. Gen-
erally, however, only a small number is used in any large quantity in Europe;
these are listed in Table 1, and their structures are shown in Fig. 1. As a class, the
popularity of phthalates as plasticisers is owed to their inertness, fluidity, and
high solubility in the polymer [1]. Also significant are their low water solubili-
ties, and low volatilities, which help prevent loss from the polymer and thus en-
sure the continued flexibility of the plastic. The lengths of the side chains deter-
mine the properties of each individual phthalate, and therefore its end use.

Di-2-ethylhexyl phthalate (DEHP) is by far the most widely employed phtha-
late, and hence much of the research into the behaviour and toxicity of this class
of chemicals has focused on DEHP and its metabolites. The major end use of
DEHP is as a plasticiser in polyvinyl chloride (PVC), in which it can frequently
be found forming up to 40% of the end product. Applications of this type of
PVC include such human contact materials as childrens’ toys and blood bags.
Other phthalates used in large volumes that will also feature prominently in the
following sections of this chapter include butyl benzyl phthalate (BBP), which
is primarily used to make vinyl floor tiles, but has alternative applications, for
example, in car upholstery and adhesives, and dibutyl phthalate (DBP), used
primarily as a plasticiser, but which also has a wide variety of non-plasticiser
applications, such as an ingredient in paints, inks, glue, nail polish, hair spray,
and insect repellents [2].

Diisononyl phthalate (DINP) is also currently under investigation, not only be-
cause it is a high volume use phthalate, but also because a number of recent stud-
ies have discovered significant concentrations (constituting up to 50% of the
product) in childrens’ toys, many of which are designed specifically for sucking by
young children; for example, teethers [3,4]. Since very young children are known
to be at a very sensitive stage of development, it is important to know that they are
safe from any chemicals to which they may be exposed, be it in low doses chroni-
cally, or in a high acute dose. There are currently many calls from consumer
groups to ban the use of phthalates in toys, and several retailers already have a vol-
untary commitment to removing such products from their shelves. Hence, the use
pattern of phthalates as discussed here may well alter in the near future.

2
The Ubiquity of Phthalates

2.1
Fate in the Environment

2.1.1
Phthalates in the Aquatic Environment

Phthalates can enter the aquatic environment via a number of pathways. These
include in industrial waste direct from processing plants, in leachate from dis-
posal of end products, in domestic and industrial sewage effluents, and in waste
from vehicle washing.
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It is generally accepted that biodegradation of phthalates in water is relatively
fast (the half life obtained from shaking flask studies being reported as a mat-
ter of days, as opposed to months or years for some chemicals, [5]), and there-
fore measured concentrations of the parent compounds are, on the whole, in the
range of the low mg L–1 to undetectable. However, this does not rule out accu-
mulation of phthalates in the often anaerobic sediments of aquatic environ-
ments, which may lead to exposure of sediment dwelling or feeding organisms.
Indeed, the Kow values calculated for phthalates (ranging from 7.5 for the longer
chain DEHP, to 4.45 for DBP, and 1.61 for the short chain dimethyl phthalate
(DMP); [6]), suggest that phthalates may have a tendency to bind to particulate
matter, which will settle out to form sediment. This is supported by the data of
Thuren [7], who detected DEHP concentrations of 1.2 to 628 mg kg–1 dry weight
sediment (d.w.) in the river Ronnebyan (Sweden), whereas concentrations in
the water were 0.32 to 3.1 mg L–1. Likewise, van der Velde et al. [8] measured con-
centrations of DEHP and DBP associated with particulate matter of 0.6 to
27 mg kg–1 d.w., and 0.1 to 1.5 mg kg–1 d.w., respectively, whereas the corre-
sponding concentrations in the water phase were much lower, being at 0.6 to
7.5 mg L–1 and 0.2 to 0.7 mg L–1. More extreme differentials were recently dis-
cussed by Long et al. [9], who detected concentrations of DEHP in water around
the low mg L–1 mark, with the highest measurement being 21 mg L–1. In the same
rivers, concentrations of up to 115 mg kg–1 were measured in suspended sedi-
ment samples, with a general trend for higher concentrations of phthalates in
suspended sediments than in bed sediments being observed. The concentration
of DEHP in the sediments of all but two samples was in the low mg kg–1 to the
tens of mg kg–1 range, therefore being at least 3 orders of magnitude higher than
was measured in the corresponding water samples. Nonetheless, phthalates
have been found in all compartments of the aquatic environment; for instance,
Giam et al. [10] found them in water, sediment, air, and biota sampled from the
Gulf of Mexico, and they have also been reported in marine samples taken from
the North and Irish seas [11]. Freshwater studies have also revealed detectable
concentrations of phthalates in Italian [12] and Malaysian [13] water and sedi-
ment samples, and in river water samples taken in the U.K. [14], Nigeria [15],
and the U.S.A. [16]. Higher concentrations are frequently reported in samples
from less developed countries, a fact that has been attributed to lack of legisla-
tion and/or facilities to treat industrial effluents [13, 15].

Sewage effluent samples have also been found to be contaminated with 
phthalate residues. Concentrations of DEHP up to 245 mg L–1 were found in
Scottish effluents [17]. In that particular study, DEHP was detected in 59% of
samples taken. Other phthalates, such as DEP, DBP, DIBP, and BBP were de-
tected, but at reduced frequency and far lower concentrations.

2.1.2
Phthalates in the Terrestrial Environment

Phthalates have also been reported in samples taken from various compart-
ments of the terrestrial environment, including the atmosphere, sludges, soils,
landfill sites, and plants.
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One route of entry of phthalates into soil systems is via fallout from the at-
mosphere, as discussed by Thuren and Larsson [18]. Their research led to an es-
timation of fallout of 202 mg m–2 DBP and 285 mg m–2 DEHP per annum to
Swedish soils. They also found a temperature-dependent profile of phthalates in
atmospheric samples, whereby lower concentrations were detected in air sam-
pled in winter than in summer. Mean concentrations of DEHP and DBP were in
the low ng m–3 range, similar to those detected by Giam et al. [19] in atmos-
pheres of the Gulf of Mexico. The latter study found DEHP and DBP to be asso-
ciated with both the particulate and the vapour phase in the air.

Another potential route of entry is via the application of sewage sludge to
soil. Large volumes of sludge are disposed on to agricultural land, providing
beneficial soil fertilising and conditioning properties. It is therefore of signifi-
cant interest to determine whether potential toxins in the sludge might find
their way into crop plants grown on this land. Kirchmann and Tengsved [20] in-
vestigated the uptake of phthalates by barley grown on soil amended with
sludge and with pig slurry. The data obtained in these experiments revealed sig-
nificantly higher concentrations of DEHP and DBP in grains obtained from bar-
ley grown on land amended with sludge and pig-slurry, respectively, than in
control crops.

A summary of the properties of individual phthalates controlling their fate in
the environment (such as solubility, Kow, and vapour pressure) can be found in
Staples et al. [6].

2.1.3
Degradation of Phthalates in the Environment

Despite the constant input and widespread distribution of phthalates into envi-
ronmental systems, the rapid degradation of these chemicals is of paramount
importance in preventing, in most instances, their accumulation. As a rule,
biodegradation pathways are dominant in surface waters, soils, and sediments,
whereas photodegradation prevails in the atmospheric compartment [6].

The degradation rates of phthalates are dependent on their molecular
weight; those with longer alkyl side-chains tend to have longer half-lives in a
given environment. This phenomenon was observed by Shelton et al. [21], who
found DnOP and DEHP to remain intact in anaerobic digester sludge, whereas
the lower molecular weight DMP, DEP, and DBP were completely mineralised,
as was BBP, albeit at a slightly reduced rate. A similar picture was reported by
Ejlertsson et al. [22, 23], who found that more soluble phthalates were degraded
in anaerobic conditions, whilst less soluble esters were not.

In aerobic environments, e.g., activated sludge systems [24], or the modified
Sturm test [25], the higher molecular weight phthalates can also be trans-
formed, albeit at a slower rate than those with shorter alkyl side-chains.

Biodegradation in soils of DBP [26] and DEHP [27] has also been reported.
Jianlong et al. [26] found that 76% of DBP was broken down in a natural (un-
sterilised, non-inoculated) soil sample after 30 days. Roslev et al. [27] investi-
gated degradation of DEHP in a sludge-amended soil and found the rates to be
dependent on the bioavailability of the chemical. Thus, although initially the
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half-life of DEHP was 58 days, it was calculated that 40% would remain after a
one year incubation, due to lack of bioavailability.

With respect to aqueous degradation, Group [28] observed a correlation be-
tween biodegradation half-life and length of alkyl side chains in shake flask and
activated sludge studies, but concluded that all are ‘readily degraded’. Saeger
and Tucker [29] also reported rapid degradation of phthalates such as BBP and
DEHP in river water and activated sludge, but they began their studies using
concentrations much higher than those commonly found in surface waters (1 to
83 mg L–1). Microcosm studies by Adams et al. [30] revealed rapid primary
degradation of BBP (with a half-life of less than 2 days) and estimated the rate
of mineralisation to be relatively fast also (with a half-life of 13 days). Biode-
gradation studies with phthalates in river water were carried out by Furtmann
[31] who found that, as a rule, more than 90% was degraded within 5 days, but
once more, DEHP was slower to break down, particularly at concentrations of
less than 2 mg L–1. As might be expected, degradation in these laboratory condi-
tions was slower at 4 °C than at 20°C, implying that phthalate degradation in the
environment will be slower in winter than in summer.

It can be concluded that there is a general trend for decreasing biodegrad-
ability of phthalates corresponding to increasing molecular weight. Hence,
DEHP, the most prolific phthalate in use today, is also one of the most persistent
in the environment [32].

2.2
Exposure

2.2.1
Exposure of Humans to Phthalates

The majority of studies discussing exposure of humans to phthalates involve
oral exposure, for instance, through ingestion of food, or the chewing of toys by
small children. Other potential routes may include skin contact, for example,
from constantly handling plastic articles, contact with PVC clothing or vinyl
childrens’ pants, and cosmetics; or inhalation, for example, as a result of sitting
in a car where phthalates are volatilising from upholstery into the atmosphere
of the car interior. However, due to the difficulties associated with quantifying
such exposure, there are no actual data on the degree of exposure via these
pathways; therefore, whilst they must be borne in mind, the attention here will
focus upon oral exposure of humans to phthalates. It must also be considered
that any exposure estimates are purely estimates, and too much weight should
not be placed on such subjective analyses.

Before we consider oral exposure, one other route must be mentioned: that
arising from the use of phthalates for medical equipment, which may lead to in-
travenous exposure following, for instance, the storage of blood in PVC blood
bags. The phenomenon of migration of DEHP into blood stored in this way was
reported by Jaeger and Rubin [33], but the migration of DEHP from medical de-
vices had been discussed as early as 1960 (cited in [33]). Other medical equip-
ment found to leach phthalates directly into humans includes dentures. Lygre et
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al. [34] found DBP in saliva samples of patients who had recently received new
dentures.

As previously mentioned, recent studies have highlighted the significant
proportion of phthalates, mainly DINP, but to a lesser extent DEHP, DIDP, DEP,
DBP, and BBP, in children’s toys. DINP and DEHP can in many cases make up
10 to 40% by weight of PVC toys, including teethers which are intended to be
put into the mouths of small children [3, 4]. These studies established concen-
trations of phthalates in the toys, but not their leaching potential. This latter
question has been addressed by Steiner et al. [35] and Vinklesoe et al. [36]; the
former found DEHP leaching from PVC child articles into a saliva simulant,
and the latter reported the leaching of a range of phthalates from PVC teethers.
These data demonstrate a real possibility of exposure of young children to 
phthalates from PVC toys. Bearing this in mind, there has been a long-running
dispute between consumer groups and PVC manufacturers, leading in 1996 to
several U.K. retailers grouping together to investigate the environmental and
health effects of PVC [37]. This was followed by the removal of PVC baby 
products by Scandinavian retailers in May 1997 [38], and more recently by 
efforts within the EC to impose restrictions on the use of PVC toys contain-
ing phthalates [39]. On the other hand, the US Consumer Product Safety
Commission (CPSC) in December 1998 advised that there is little risk to 
children from DINP, since the amount they are likely to ingest does not reach
a level that would be harmful [40]. In the same report, however, they request-
ed the removal of phthalates from soft rattles and teethers whilst awaiting fur-
ther studies. There appears to be a great deal of confusion within both the re-
tailer and consumer worlds as to the right course of action. This is not sur-
prising, since measurements of exposure are themselves imprecise, and
because the actual toxicity of phthalates is uncertain; that is, it is unknown
whether the level of exposure obtained from childrens’ toys could be respon-
sible for any adverse effects.

Exposure of humans to phthalates via food is also a potential risk, as is evi-
denced by the number of studies which have analysed phthalates in food pack-
aging materials [41–43], the migration of phthalates from such packaging [44],
and the subsequent concentrations of various phthalates in food products
[45–50]. It should be made clear, however, that some researchers consider in-
creased phthalate concentrations to arise not only from packing materials, but
also from general environmental contamination during, for example, the pro-
cessing of the food products [45, 48]. Further, the British Plastics Federation
(BPF) has stated that phthalates are no longer used in PVC food packaging or
wrapping which is manufactured in the U.K. [37].

Nonetheless, phthalates have been detected in food samples, and this has
been attributed to migration from materials such as plasticised lid seals, pie car-
ton windows, and aluminium foil-paper laminated wrapping. Since dairy prod-
ucts are often fatty in nature, the potential for phthalate migration into these
goods is fairly high. Concentrations of total phthalates as high as 114 mg kg–1

were found in cheese samples in the U.K. [48], and Page and Lacroix [50] 
reported concentrations of up to 11.9 mg kg–1 in butter. Human exposure 
to phthalates from food was estimated at 0.1 to 0.8 mg person–1 day–1 (total 
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phthalate) for an average person, and 0.4 to 1.6 mg person–1 day–1 for a high
level intake [45]. The lowest tolerable daily intake (TDI) as recommended by the
EC Scientific Committee for Food [51] for an individual phthalate (DBP or
DEHP, or DIDP) is set at 3 mg person–1 day–1; TDIs for other phthalates have
been set at higher levels [51]. Therefore, considering that the concentrations es-
timated by MAFF [45] are more likely to be overestimates than underestimates,
and that these figures are calculated for total phthalate consumption, the esti-
mated exposure is well within the TDI levels set.

Young children are at a particularly sensitive developmental stage, and sur-
veys have been carried out on infant milk formulae to assess phthalate contam-
ination. An initial survey, in 1996 [46], found concentrations of 1.2 to 10.2 mg
kg–1, prompting newspaper headlines such as “Sex-change chemicals in baby
milk”, and “Doctors under siege in baby milk scare”, but a follow-up survey [47]
has reported reassuringly lower concentrations in similar samples, of < 0.1 to
0.6 mg kg–1, thereby lowering the overall exposure of infants fed on these diets
to within set safety limits.

The exposure of humans to phthalates is unquantifiable owing to the ubiq-
uity of these chemicals, and the considerable number of potential pathways,
many of which scientists have not even attempted to assess. Therefore, it is not
possible to state that the apparently low exposures from food products, however
encouraging they are, indicate an intake which is safe overall.

2.2.2
Exposure of Aquatic Organisms to Phthalates

There is a distinct lack of research specifically devoted to exposure of aquatic
organisms to phthalates. Briefly, however, pathways may include: intake via the
gills of fish, uptake through food sources (which may themselves have absorbed
phthalates from the water, or ingested food which had done so), intake of sus-
pended sediments, and uptake due to living or feeding in the sediments of the
water body floor. Uptake via the gills of fish is potentially an especially direct
source of contaminant to the bloodstream, because the blood reaches many or-
gans before passing through the liver, where most metabolism will occur, and
thus this route of exposure should be researched more fully.

2.3
Metabolism and Bioaccumulation

2.3.1
Mammals

Metabolism of environmental contaminants can have major implications when
considering their mechanisms of toxicology. In vitro assays seldom, possibly
never, display the same metabolic pathways as whole organisms, and hence, if
any effects of toxicants (such as phthalates) are due to metabolites, rather than
the parent compounds, then only in vivo studies can provide the necessary in-
formation; results of in vitro assays, by themselves, may be misleading.
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The primary metabolites of phthalates are their monoesters. The first step in
phthalate degradation is hydrolysis, whereby one of the side chains is cleaved,
leaving the monoester plus an alcohol group. Examples are shown in Fig. 2.

The literature covering degradation of phthalates in mammals is, on the
whole, limited to DEHP, of which there is a wealth of information. In addition,
the majority of studies have focused on oral or intravenous (i.v.) routes of ex-
posure. Exceptions include recent studies by Dirven et al. [52, 53], which dis-
cussed the metabolites of DEHP found in the urine of workers in the PVC in-
dustry. In these studies, figures are given showing concentrations of DEHP in
the air of the working environment, so it can be assumed that the major route
of exposure here is inhalation. The researchers analysed the four main metabo-
lites of DEHP: namely mono-(2-ethylhexyl) phthalate (MEHP); mono-(5-car-
boxy-2-ethylpentyl) phthalate (metabolite V); mono-(2-ethyl-5-oxohexyl)
phthalate (metabolite VI); and mono-(2-ethyl-5-hydroxyhexyl) phthalate
(metabolite IX). Workers in a PVC boot factory were found to excrete increased
concentrations of all four metabolites over the period of a work shift [52], thus
implying that the occupational exposure to DEHP of workers in these indus-
tries can be assessed by monitoring metabolite concentrations in their urine.
Dirven et al. [53] also investigated the chemical status of the metabolites, and
discovered that metabolites VI and IX were mainly excreted in conjugated form,
whereas metabolite V was found mainly in the free form, and that the degree of
conjugation of MEHP varied between individuals.

Ng et al. [54] studied absorption and metabolism of DEHP through the skin
of the hairless guinea pig. This is also considered to be a major route of occu-

The Endocrine Disrupting Potential of Phthalates 179

Fig. 2. Examples of the structures of the primary metabolites of some of the phthalates used
in high volumes: MBP (primary metabolite of DBP and BBP); MBzP (also a primary metabo-
lite of BBP – either MBP plus benzyl alcohol, or MBzP plus butyl alcohol, would be produced);
MEHP (primary metabolite of DEHP)



pational exposure. They concluded that most of the DEHP administered to the
animals actually remained in the skin, due to the lipophilicity of the chemical,
and that the metabolism of DEHP in this tissue is slow.

Oishi and Hiraga [55] dosed male Wistar rats with a high dose (9.75 g DEHP
kg–1) and monitored concentrations of MEHP and DEHP in body organs and
adipose tissue. The longest half-life of DEHP was found to be in adipose tissue
(at 156 hours), where the concentration of this chemical was higher than that of
its monoester. In all other organs studied, and in blood, the concentration of
MEHP exceeded that of DEHP. This might lead to conclusions that DEHP has the
potential to accumulate in body fat. However, Schulz and Rubin [56] concluded
that at high doses of DEHP (200 mg kg–1 administered intravenously), hepatic
uptake processes which remove DEHP from the bloodstream reached a satura-
tion point, therefore increasing the half-life of DEHP at these concentrations. In
contrast, at lower doses (0.1 mg kg–1), the initial rate of disappearance of DEHP
from the bloodstream was much higher, and almost all of the DEHP from this in-
travenous dose was excreted as metabolites within 24 hours. Put into context,
even this lower dose is greater than the estimated exposure of an average human
to total phthalates via diet, as calculated by the U.K. Ministry of Agriculture,
Fisheries and Food (0.013 mg kg–1 body weight day–1) [45]. When the same re-
searchers administered 200 mg DEHP kg–1 orally to rats, the rate of metabolism
and excretion appeared to be faster than the rate of absorption, such that DEHP
was not found in significant quantities in blood or tissues sampled.

Some analysis has been carried out on metabolites of DBP also. For example,
Saillenfait et al. [57], whilst conducting a study on the developmental toxicity of
DBP, also looked at degradation products. They found that DBP, administered to
pregnant Sprague-Dawley dams, was metabolised to its monoester, monobutyl
phthalate (MBP), and MBP glucuronide, the former of which accounted for the
majority of the radioactivity recovered from maternal plasma, placenta, and
embryonic tissue. DBP was not found to accumulate in any form in the dam or
in the embryo. Radiolabelled DBP has also been fed to cattle, followed by analy-
sis of bile, faeces, plasma, and urine [58], and MBP found to be a universal
metabolite of DBP. Other more minor metabolites found in this study were
phthalic acid, monoethyl phthalate, and monohydroxybutyl phthalate.

It must be recognised that extrapolations between varying experimental
conditions should not be made automatically, as there are some considerable
variations between metabolic capabilities of different species, and differences in
metabolic rate and half-lives have been observed when using high versus low
doses of DEHP.

2.3.2
Aquatic Organisms

A number of different species have been employed to assess the metabolism of
phthalates by aquatic species. Wofford et al. [59] carried out a comprehensive
survey of the metabolism of a number of phthalates in different organisms,
leading to the conclusion that rates of biodegradation were more dependent on
species than on either phthalate chain length or concentration. As observed in
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mammals, they found the primary metabolites of phthalates to be the mo-
noesters, with a number of unidentified polar metabolites also being produced.

In algae (Chlorella pyrenoidosa), phthalates were observed to be accumu-
lated, but the algae were also found to have metabolic capabilities [60]. In this
species, biodegradation (and accumulation) depended on chain length; average
degradation rates per day were 13.4 mg L–1, 7.3 mg L–1, and 2.1 mg L–1 for DMP,
DEP, and DBP, respectively. Likewise, the bioconcentration factor (BCF), al-
though time-dependent, reached maxima of 162 (after 24 hours), 205 (after
12 hours), and 4077 (after 12 hours) for DMP, DEP, and DBP, respectively [60].

Stalling et al. [61] exposed channel catfish to DEHP and found MEHP to be
the major metabolite, with 66% of DEHP converted to MEHP after a 24-hour
exposure to 1 mg DEHP L–1. In fathead minnows, the ratio of MEHP:DEHP was
lower, but the concentrations of DEHP and exposure period was different, so
the experiments are not comparable. In the same study, the authors used he-
patic microsomes to examine metabolism of DBP and DEHP. Degradation of
DBP reached 97% after 2 hours, whereas only 6% of DEHP was metabolised in
the same length of time.

Metabolism of DEHP in rainbow trout was examined by Barron et al. [62].
They found no metabolites that were unique to rainbow trout, but fewer oxi-
dised metabolites than in mammalian species.As observed in mammalian stud-
ies, hydrolysis of DEHP to MEHP was the first step of degradation, and the 
phthalate ring itself was not oxidised.

In the bluegill sunfish, metabolism of BBP was studied [63]. The BCF for in-
tact BBP was found to be 9.4 (for the whole fish). This was compared to esti-
mated BCF values calculated by 4 different groups of scientists, using physical
properties such as Kow and solubility, of 3174, 2528, 705, and 304 (cited by [63]),
which appear to be vast overestimates. The degradation products of BBP were
not characterised by Carr et al. [63].

Despite these studies, our knowledge of metabolism of phthalates in aquatic
organisms is relatively poor. It is dangerous to generalise from the limited, and
fragmented, information available to all aquatic organisms, both plants and an-
imals, the latter ranging from invertebrates to higher vertebrates, which inhabit
the variable aquatic environment.

3
Reproductive Effects of Phthalates

3.1
Reproductive Toxicity

Literature covering the reproductive toxicity of the major use phthalates is ex-
tensive, though mainly confined to mammalian studies. Unfortunately, many
experiments have been carried out using very high concentrations of phtha-
lates, to which it is unlikely that an average human would be exposed. None-
theless, it is worth discussing a selection of these reports, if only to highlight the
variety of adverse effects which phthalates are capable of eliciting in exposed
organisms.
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3.1.1
Mammals

Testicular toxicity of phthalates has been well documented; the first report cov-
ering this topic was in 1945 (cited in [64]). Subsequently, several authors have
published reports of effects of phthalates on testicular weight and histology; a
summary of many of these can be found in Gangolli [64]. Essentially, they de-
scribe decreased testicular weight and seminiferous tubular atrophy induced by
DEHP, DBP, di-n-propyl phthalate (DnPP), and di-n-hexyl phthalate (DnHP), as
well as by their respective monoesters. One important observation is that, as
with the metabolism of phthalates described above, the response appears to be
species-specific. For example, the testicular toxicity observed in the rat cannot
be repeated in hamsters, or in testicular cell preparations from this apparently
resistant organism. The effects described by Gangolli [64] were further explored
by Gray and Gangolli [65], who confirmed the action of MEHP, MnOP, MnHP,
MnPP, and MBP in causing the detachment of germ cells from Sertoli cells,
which was consistent with the toxicity of their parent phthalates in vivo. With
respect to DEHP in particular, it was found that MEHP was the most toxic
metabolite, whereas DEHP and its other primary metabolite, 2-ethylhexanol,
were not toxic in vitro, and metabolites V,VI, and IX were less toxic than MEHP.
Thus, it was concluded that MEHP is the active testicular toxin produced as the
result of metabolism of DEHP in vivo [65].

Studies are currently being undertaken by Hardell and colleagues to investi-
gate the mechanisms behind their finding that the exposure of men to PVC led
to an increased likelihood that they would develop testicular cancer [66]. The
reason for this is not known, but was attributed to an ingredient specific to PVC,
since exposure to other types of plastic did not increase the risk of this disease.

On a cellular level, the effect of phthalates on rat Leydig cells was investigated
by Jones et al. [67]. The authors studied the activities of DEHP, DnPP, DnOP, and
DEP in vivo, and their corresponding monoesters in vitro. The data acquired
showed an effect on Leydig cell structure and function both in vivo, with the
parent phthalates DEHP and DnOP, and in vitro with the monoesters MEHP
and MnOP. DEP affected Leydig cells in vivo, but DnPP and MnPP exerted no
effect in either assay. Richburg et al. [68] exposed young Fischer rats to MEHP
and found that it adversely affected Sertoli cells, which in turn resulted in dis-
ruption of germ cell apoptosis. Recently, Li et al. [69] found that low concentra-
tions (up to 1 mM) of MEHP induced the detachment of gonocytes (the precur-
sors of spermatogonia) from Sertoli cells. For this work, an in vitro coculture of
Sertoli cells and gonocytes was employed. The cells had been isolated from 2-
day-old pups, thus underlining the sensitivity of neonatal testicular develop-
ment.

Semen quality can also be affected by phthalates, as evidenced by Fredrics-
son et al. [70], who reported decreased motility of human spermatozoa exposed
in vitro to DEHP and DBP. Pennanen et al. [71] found a slight decrease in fertil-
ity of female Wistar rats, and decreased sperm quality in males, exposed to 2-
ethylhexanoic acid (a metabolite of DEHP). Decreased sperm count of rats ex-
posed to DEHP was observed alongside a decreased epididymal weight by
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Siddiqui and Srivastava [72]. Taking a slightly different approach, Murature et
al. [73] plotted sperm density versus concentration of DBP in semen, and ob-
served a negative correlation, although this analysis was based on a low number
of subjects.

Modification of steroid concentrations in female rats has profound implica-
tions for their reproductive capability. For example, adult females exposed to
DEHP experienced a decrease in serum estradiol concentrations [74]. This in
turn led to feedback effects on gonadotropins, whereby follicle-stimulating hor-
mone (FSH) levels were increased, but luteinising hormone (LH) concentra-
tions were suppressed, such that the LH surge essential for ovulation did not oc-
cur. Consequently, there was a lack of ovulation in the rats dosed with DEHP.
Laskey and Berman [75] also observed that DEHP altered the steroid profile of
rat ovarian cultures. Similarly to the observations of Davis et al. [74], they found
a decrease in estradiol concentrations of cells which had been stimulated such
that they were ‘in estrus’. In treated cells in diestrus, the concentrations of both
testosterone and estradiol were increased.

Ema and colleagues have undertaken numerous studies to determine the de-
velopmental toxicity of phthalates to rats exposed in utero. In the process, they
found that maternal exposure to BBP induced decreased uterine and ovarian
weights, decreased progesterone concentrations, and that post-implantation
embryonic loss was increased at day 11 of pregnancy [76]. The same scientists
also found similar results when rats were exposed to DBP, although the decrease
in progesterone levels was found to be less pronounced than that which oc-
curred in the BBP studies [77]. MBP, a metabolite common to both DBP and
BBP, also increased post-implantation loss, and at a slightly lower dose, al-
though only one dose had been employed for the DBP and BBP experiments, so
the effective concentrations in these studies cannot be compared to those ob-
served in the MBP experiment [78]. More recently, Ema et al. [79] have reported
studies whereby DBP has been administered to rats during the latter half of
pregnancy, and effects (if any) on the offspring were investigated. DBP had an
overall adverse effect with respect to the reproductive development of male fe-
tuses. These effects included an increased number of fetuses with undescended
testes, which confirms data presented by Imajima et al. [80], who demonstrated
that MBP, fed to pregnant rats on days 15–18 of gestation, induced a signifi-
cantly higher testicular ascent than could be observed in controls. This latter
study also revealed cryptorchidism in 84.6% of 30–40-day-old rats (compared
to 0% in the control group), suggesting that effects seen in the fetus, exposed
whilst still developing, are carried through to the growing, but no longer ex-
posed, young rat.

Studies performed using BBP have illustrated its general reproductive toxic-
ity. Agarwal et al. [81] demonstrated a whole kaleidoscope of adverse reproduc-
tive effects in adult male Fischer rats. These ranged from decreased weights of
epididymis, testis, prostate, and seminal vesicles, accompanied by atrophy of the
latter three, through to decreased plasma testosterone concentrations, and an
increase in FSH and LH levels. The conclusion of the authors was that BBP ex-
erted a direct effect on the testis, with secondary effects occurring in other re-
productive organs. These data were reflected in studies by Piersma et al. [82],
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who were evaluating the OECD 421 reproductive toxicity screening protocol.
Their studies confirmed BBP as a reproductive toxicant, with influences on pa-
rameters such as testis and epididymis weights, spermatogenesis, time to con-
ception, pregnancy rate, post-implantation survival, and litter size and weight.

An extremely significant study, highlighting a multigenerational effect, was
published by Wine et al. [83]. In this study, rats of the F0 and F1 generations were
exposed to DBP, and various developmental and reproductive parameters were
assessed. When a mating trial was performed using the F1 animals, it was found
that these pups had decreased mating, pregnancy, and fertility indices, com-
pared to control groups. In addition, the F1 generation had decreased sperm
counts, and a higher incidence of degenerated seminiferous tubules and imper-
fect epididymides. The F0 generation, in contrast, had not suffered any adverse
effects on sperm parameters or estrous cyclicity, although the number of live
pups per litter, and the weight of the pups, were decreased by DBP. The authors
concluded, therefore, that adverse effects observed in DBP-exposed pups of the
second generation were enhanced compared to those seen in the first genera-
tion. Mechanisms of action were not evaluated in this study, but it was sug-
gested that the effects observed may have been induced by an ER-mediated in-
teraction, since they were similar to those observed in rats and mice which had
been exposed to diethylstilbesterol (DES) [83]. However, the spectrum of effects
in developing males exposed to either estrogens or anti-androgens is similar, as
discussed by Sharpe [84], making it difficult to deduce the mechanism of action
(there may be more than one mechanism, of course).

In summary, DEHP, DBP, BBP, and their monoesters, can all exert adverse re-
productive effects on mammalian species. The mechanisms by which these ef-
fects occur have occasionally been investigated in detail, but it is the ultimate ef-
fect on reproductive capability which is important, as this could have an impact
at the populational level of the organism concerned. In the majority of cases, as
is normal for toxicity studies in general, the doses administered were well above
those that would be expected in a natural environmental situation. However, it
is also true that exposure of organisms to environmental pollutants such as
phthalates, although at lower doses, is potentially constant, and covers multiple
generations, whereas toxicity tests usually (although not always) involve rela-
tively short-term exposure. The relatively rapid metabolism of phthalates is
likely to prevent a significant build up of these chemicals in an organism, but
nevertheless, ideally, we would like to see long-term, multigenerational studies
replacing short-term, high-dose experiments. Unfortunately, these are ex-
tremely costly and time-intensive, and it is unrealistic to expect all toxicity
studies to replicate natural exposure conditions. At the same time, it is difficult
to know exactly how to interpret data which are derived from unrealistic expo-
sure conditions.

3.1.2
Aquatic Organisms

In general, as with mammalian toxicity studies, concentrations of phthalates
used in these experiments are not representative of real environmental situa-
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tions. In fact, several aquatic toxicity experiments have been performed using
concentrations of phthalates which are far higher than the water solubility of
the respective phthalate. This in itself can create problems, owing to a certain
amount of undissolved chemical in, or floating on the surface of, the water.

A popular freshwater aquatic species for toxicity testing is Daphnia magna
(the common water flea), due to its ease of breeding and general husbandry, to-
gether with its short life cycle, allowing for reproductive effects to be monitored
over a relatively short period of time. For similar reasons, fathead minnows
(Pimphales promelas) are frequently used as a model freshwater fish species.
Fathead minnows have the additional benefit of laying eggs onto a solid surface
rather than into the general water body, so fecundity can be more easily moni-
tored. Rainbow trout (Oncorrhynchus mykiss) have also been employed in sev-
eral toxicity screening tests, owing to their commercial significance, as well as
their extreme sensitivity to environmental influences.

DeFoe et al. [85] found DBP to have an adverse effect on reproduction of
Daphnia at 0.64 mg L–1. DBP and DnOP were also reported to have adverse ef-
fects on the fecundity of Daphnia at 1.8 mg L–1 and 1.0 mg L–1, respectively, by
McCarthy and Whitmore [86]. This concentration of DnOP is one example
where the test chemical was applied well above its solubility limit (see Table 1).
More recently, authors have attributed the toxicity of high concentrations of
phthalates to Daphnia to surface entrapment (that is, that the toxic effects ob-
served were due to physical, as opposed to physiological, processes) in the ex-
cess undissolved chemical [87].

Abernathy et al. [88] concluded that the limited solubility of the higher mol-
ecular weight phthalates was not sufficient to allow a critical body burden to be
achieved when organisms are exposed at concentrations less than the solubility
limit of the phthalate concerned. However, it does not necessarily follow that be-
cause the solubility of a chemical is low (for example, DEHP), that exposure of
organisms in the aquatic environment to that chemical will be negligible. There
is also the possibility that organisms will be exposed to phthalates via sediment
or suspended matter, where concentrations of lipophilic chemicals are often
higher, sometimes by orders of magnitude, than are found in the aqueous phase
[9].

In a study performed by McCarthy and Whitmore [86], DBP affected the
hatch rate of fathead minnows; 1.8 mg L–1 prevented eggs from hatching alto-
gether, whereas 1.0 mg L–1 suppressed hatch rate and larval survival. Two mg
DBP L–1 also decreased egg production in Rivulus marmoratus, a self-fertilising
fish [89]. Viability of the eggs produced was diminished during the exposure of
the parent fish to 1 mg L–1 and 2 mg DBP L–1, but this effect was not maintained
after exposure had ceased.

When DEHP was administered to water such that the final concentration was
0.502 mg L–1, there was no effect on the hatchability, survival, or growth of rain-
bow trout over a 90-day embryo-larval test [85].An extensive study covering ex-
posure of Daphnids to 14 different phthalates, and rainbow trout to 6 phtha-
lates, concluded that for the lower molecular weight esters (DMP, DEP, DBP,
BBP), toxicity increases as solubility decreases, and survival of exposed species
was as sensitive as reproduction. The higher molecular weight phthalates ap-
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peared to be less toxic; with these, survival was more sensitive than reproduc-
tion [87].

To summarise, very few studies have explored in depth the reproductive ef-
fects of phthalates on freshwater organisms, and no chronic toxicity studies
have been reported for saltwater fish to our knowledge. Aquatic toxicity of
phthalates has been summarised by Staples et al. [90]. In brief, the higher mol-
ecular weight phthalates have, on the whole, not been found to be toxic to
aquatic organisms, other than at concentrations above their solubility; the tox-
icity observed in these cases is thought to be due to the physical effects of undis-
solved phthalate. The toxicity data on the lower molecular weight phthalates (of
which that with the highest molecular weight is BBP), are generally in agree-
ment with that found by Rhodes et al. [87], whereby toxicity increases with in-
creasing molecular weight. However, given the low water solubility of the phtha-
lates, and therefore the fact that a large proportion of phthalates in the aquatic
environment are likely to partition into the particulate phase, it is perhaps sur-
prising how little we know about the chronic toxicity of these chemicals to sed-
iment-dwelling organisms.We cannot therefore draw any robust conclusions on
the overall effect of phthalates in aquatic systems.

3.2
Estrogenic Activity of Phthalates

Essentially, the fact that some phthalates are weakly estrogenic in vitro is now
widely accepted. Potencies of phthalates in various in vitro assays are shown in
Table 2. More complex is their activity in vivo, of which there are conflicting re-
ports, as detailed below.
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Table 2. Estrogenic potencies of phthalates (expressed as orders of magnitude less potent
than E2) in different types of assays are shown as reported by the author (a); or have been cal-
culated using IC50 values reported (b), using the formula IC50(x)/IC50(E2).“Positive” indicates
that the phthalate induced an estrogenic response, but potency relative to E2 could not be cal-
culated

Phthalate name Yeast-based assay Mammalian cell line Receptor binding

BBP negative [94] positive [91] positive [91]
1 ¥ 106 [97] (a) 3 ¥ 105 [93] (a) 2.8 ¥ 104 [92] (b)

positive [97] 7 ¥ 103 [99] (b)
2 ¥ 105 [100] (a)

DBP negative [93] positive [91] positive [91]
positive [95] positive [97] 3.6 ¥ 104 [92] (b)
1 ¥ 107 [97] (a) negative [95]

2 ¥ 105 [100] (a)
DIBP 1 ¥ 107 [97] (a) positive [97]
DEHP negative [95] negative [97] positive [91]

negative [97] negative [95]
2 ¥ 105 [100] (a)

DEP 5 ¥ 107 [97] (a) 2 ¥ 105 [100] (a)



3.2.1
In Vitro

The first report of estrogenic activity of phthalates was published as recently as
1995. Jobling et al. [91] assayed a number of xenobiotics in several in vitro as-
says, and found BBP, DBP, and DEHP to compete with 17b-estradiol (E2) for
binding to the rainbow trout estrogen receptor (ER), albeit weakly so. That is,
very high concentrations were required, and even at the highest concentration
tested, the response was far less than the maximal response elicited by E2 itself.
The same scientists investigated these phthalates for their ability to induce pro-
liferation of ZR-75 breast cancer cells – a response specifically stimulated by es-
trogens. In that assay, only BBP and DBP were found to be estrogenically active,
and again, their responses were less than maximal. This latter assay is a whole
cell assay, and therefore has potentially increased metabolic capabilities (com-
pared to a receptor binding assay), which may account for the loss of activity of
DEHP in this assay. However, a subsequent report on the activity of phthalates
in an estrogen receptor binding assay [92] also reported DEHP to be inactive.
The third assay performed by Jobling et al. [91] assessed the abilities of the
chemicals to stimulate transcriptional activity of the human estrogen receptor.
In this assay, as in the former two, BBP was found to be the more potently es-
trogenic phthalate, and was active at concentrations of 1 ¥ 10–6 to 1 ¥ 10–4 M.
DBP was active at 1 ¥ 10–5 to 1 ¥ 10–4 M, and DEHP was only active at concen-
trations exceeding 1 ¥ 10–4 M. This pattern of estrogenic activity of these 
phthalates has been repeated in the majority of studies reporting the results of
in vitro assays published since that of Jobling et al. [91]. There are some excep-
tions, such as data from Soto et al. [93], who concluded that of all the phthalates
tested in the “E-Screen” (monitoring the proliferation of MCF-7 breast cancer
cells), only BBP was estrogenic. These authors concluded that the alkyl phtha-
lates were not estrogenic, although it was not clear at what concentrations they
had been tested, and therefore it may be that the concentration of estrogenic
alkyl phthalates used were simply not high enough to stimulate a response.

However, not all reports of the estrogenic activity of phthalates in vitro are in
agreement. For example, Gaido et al. [94] found BBP, at concentrations up to 
1 ¥ 10–4 M, to be inactive in a yeast-based assay. An assay to test for androgenic
activity was also reported in that study, and BBP was found not to be an andro-
gen agonist.

Petit et al. [95] also demonstrated the use of an in vitro yeast-based assay, in
which the yeast had been transformed with a gene coding for the rainbow trout
estrogen receptor. DEHP was not estrogenic in this assay, but DBP was weakly
active. Both of these phthalates were inactive in a competitive binding assay
based on the rainbow trout estrogen receptor, and DBP was found not to induce
vitellogenin mRNA production (an estrogen-specific response) in hepatocyte
cell cultures [95].

Another recombinant yeast-based assay, this time with the yeast transformed
with a gene for the human ER, found BBP to be estrogenically active, but DBP
and DEHP were inactive [96]. In this study, BBP was also tested in an in vivo as-
say, namely the mouse uterotrophic assay (in which the endpoint is relative
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uterine weight, an increase in uterus weight indicating an estrogenic stimulus)
and found to be inactive.

A comprehensive assessment of the estrogenic activity of phthalates (over 30
were tested) in different in vitro assays for estrogenic activity was reported by
Harris et al. [97]. In this study, again only a partial response was observed for
those phthalates which were found to be estrogenically active in a recombinant
yeast-based assay (Fig. 3). The potency of these was of the order BBP>DBP>
DIBP>DEP. DEHP was inactive in this study, and DINP showed extremely weak
activity in some instances, but this was not repeatable. Some of the monoesters
of the major phthalates (MBP, MBzP, MEHP, and MnOP) were also assessed for
their estrogenic activity, along with metabolites V, VI, and IX of DEHP. All were
inactive. These data provide a potentially important message; metabolites of
phthalates have rarely been investigated for their endocrine activity in vitro,
and yet it is perhaps as important, if not more important, to assess the potential
of these chemicals to disrupt the endocrine system, due to the relatively rapid
metabolism of the parent esters in vivo. Many in vitro assays, in particular 
receptor binding assays, which are widely employed in these estrogenicity
screens, do not possess the full metabolic capabilities of a whole organism, and
so in order to assess the estrogenicity of the metabolic products, the parent 
phthalate would have to be artificially “metabolised” prior to testing in these as-
says. As far as we know, this procedure is not routinely applied. BBP, DBP, DIBP,
and DINP also increased the proliferation rate of ZR-75 cells [97]. However, it
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Fig. 3. The in vitro estrogenic activities in a recombinant yeast-based assay of some of the
major volume use phthalates, each serially diluted from 10–3 M, as reported by Harris et al.
[97]. The response to 17b-estradiol (E2), serially diluted from 10–8 M, is shown as a positive
control



must be noted that to date DINP has been reported to be estrogenic in this one
study only, and not in any other. BBP, DBP, and DIBP also stimulated prolifera-
tion of MCF-7 cells, and this was one instance where BBP achieved a near-max-
imal dose response [97].

Zacharewski et al. [92] recently reported the results of testing 8 phthalates
(DEHP, DBP, BBP, DHP, DIHP, DnOP, DINP, and DIDP) in a battery of in vitro
and in vivo assays, and found DBP, BBP, and DHP to be weakly estrogenic in
both an ER competitive binding assay and in a gene expression assay employ-
ing transfected MCF-7 cells. The response in the latter assay reached a maxi-
mum of 42% of the response to E2, when BBP was tested, with those of DBP and
DHP reaching 36% and 20%, respectively. In transfected HeLa cells, only BBP
stimulated an estrogenic response. The in vivo assays undertaken in this study
included a uterine wet weight assay, and a vaginal cell cornification assay, the
endpoints of which are controlled by estrogenic stimuli. Rats were dosed orally
with high concentrations of phthalate (20, 200, and 2000 mg kg–1). Despite BBP,
DBP, and DHP displaying definitive interaction with the estrogen receptor in
vitro, none of the phthalates tested were able to induce estrogenic responses in
these in vivo experiments [92].

Blom et al. [98] reported that DEHP was estrogenically active, and as strongly
so as 4-nonylphenol (4-NP, a chemical widely accepted to be a weak xenoestro-
gen), in an in vitro MCF-7 cell proliferation assay. This result was unusual in
that, in previous reports where DEHP has been found to induce a response
greater than that of the control, this has been extremely slight, so much so that
it has been equivocal. Further, any phthalates which have been tested in any in
vitro assay in which 4-NP has also been included have been far less potent than
this “model” xenoestrogen [93, 95–97, 99]. It is possible that Blom et al.’s find-
ing of appreciable estrogenicity of DEHP is a real result, but it is also conceiv-
able that this response was due to some form of contamination of the chemical
or equipment used.

Of all the phthalates, only BBP was tested in a novel assay proposed by Bolger
et al. [99]. This is essentially a receptor binding assay, but it employs fluores-
cence polarisation rather than the traditional radioactive ligand, and is per-
formed at room temperature as opposed to 4°C. In general, the data produced
were similar to those derived using the traditional method, and BBP was found
to be weakly interactive with recombinant ER-alpha (there are two estrogen 
receptors, namely ER-alpha and ER-beta; most research to date has been done
using ER-alpha).

Knudsen and Pottinger [100] tested DEP, DAP, DBP, BBP, and DEHP in a rain-
bow trout estrogen receptor binding assay. All were active, although the re-
sponses were less than 30% of the maximum, and the response curves were not
parallel to that produced by the positive control, E2. The same chemicals were
tested for affinity for the rainbow trout testosterone and cortisol receptors, but
none was found to interact with either of these receptors.

Very recently, structure-activity relationships of phthalates interacting with
the estrogen receptor have been examined [101]. Alkyl phthalates with a chain
length of up to 8 carbons were tested for their ability to displace radiolabelled
E2 from a recombinant human estrogen receptor. BBP was not included in this
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study. Phthalates with a chain length of 3 and 4 carbons bound to the ER with a
full response. Of the phthalates which tested positive, several isomeric forms
were tested to assess structural requirements for interaction with the ER, along
with different ring isomers of diallyl phthalate: namely ortho (1,2), meta (1,3),
and para (1,4). The results revealed that a branched propyl chain was far less
potent than a straight chain isomer, which the authors hypothesised was due to
the size and bulk of the isomer. They concluded also that the ortho-isomer of
diallyl phthalate (most of the commercial phthalates are of the ortho-form) was
more potent than either the meta- or the para-isomer, but did not speculate as
to the reason for this. It was suggested that a more hydrophobic structure
(achieved by increasing the chain length from 3 to 4) evoked a stronger inter-
action with the receptor, but that a chain length of 4 carbons was the threshold
for this behavioural pattern; above this, it was hypothesised that the alkyl group
was too large and interfered with ligand-receptor interactions.

In summary, the relatively recent report of Jobling at al. [91] that some 
phthalates are weakly estrogenic in in vitro assays triggered a considerable
amount of research. The results of this wave of research are still in the process
of being published, but are, in general, very consistent. They show that some 
phthalates are very weakly active; even the most “potent” one (BBP) is about one
million times less potent than E2.

3.2.2
In Vivo

The relatively recent realisation that some phthalates are estrogenic in vitro has
obviously raised concerns that they may also be estrogenic in vivo. Data dis-
cussing the in vivo estrogenicity (or lack of it) of phthalates are scarce, but have
recently begun to emerge. The reason for the slow appearance of such data is the
length of time required to undertake sound in vivo studies, together with their ex-
pense, and the lag time prior to such data reaching the public domain. Therefore,
from the first reported incidence of estrogenicity (in vitro) in 1995 [91], to date
only a few articles have been published where the aim of the study was to assess
estrogenic effects of phthalates in vivo. The following discussion includes some
reports of effects which may not have been specifically estrogenically stimulated,
however, the papers have been written with endocrine disruption in mind, as op-
posed to those which may contain descriptions of similar effects, but where the
experiments were designed to assess general reproductive toxicity (these are dis-
cussed above in the section entitled “Reproductive Effects”). The division of such
reports between sections is, however, at times arbitrary.

The first documented evidence of apparent estrogenicity of a phthalate in
vivo was published by Sharpe et al. [102]. Wistar rats were dosed with BBP via
drinking water, from 2 weeks prior to mating, through gestation, and until
day 22 after birth. These authors observed a decrease in testis weight, along with
a decrease in relative testis weight and testis/kidney weight ratio, and also a de-
crease in daily sperm production, which was proportional to the drop in testis
weight. The hypothesis was put forward that the estrogenicity of BBP had sup-
pressed production of FSH, which in turn had reduced the proliferation of
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Sertoli cells in the testes of the developing fetuses. Since the ultimate size of the
testis is controlled by the number of Sertoli cells, as is the number of germ cells
which will go on to develop into spermatozoa, this could account for the effects
observed in these animals. It was clearly stated by the authors that there was no
evidence of a specifically estrogenic mechanism, although it is unlikely that it
was a purely toxic one, since body weight and kidney weight of the exposed an-
imals were normal.

Since the publication of these data, attempts have been made to repeat the ex-
periment [103]. Minor changes were made to the design of the experiment.
These included using a different strain of rats; the rats were not subject to pre-
mating exposure; the dose of BBP was probably slightly higher due to the use of
glass water vessels rather than plastic ones; and the numbers of animals used
per group were increased substantially. There were no adverse developmental
effects observed in these rats. The reason for the different results obtained from
the two studies is unclear, and hence Ashby et al. [103] were hesitant to refute
Sharpe’s study, and instead described their data as “failing to confirm” those re-
ported by Sharpe et al. [102]. Sharpe et al. [104] have since commented on their
original study. They can no longer observe the effects seen in their earlier study,
but note the many unknown variables (such as variable organ weights both
within and between strains of rats, and food consumption) that may have con-
founded their initial study.

There are some reports of phthalates having been tested in mammals in vivo
where the endpoint was specifically dependent upon an estrogenic stimulus.
Examples of such endpoints include an increase in relative uterine weight; vagi-
nal cell cornification; and increased uterine vascular permeability. BBP was
found to be inactive in the uterotrophic assay [96]. None of the phthalates tested
by Milligan et al. [105] – namely DOP, DBP, BBP – stimulated an increase in
uterine vascular permeability in ovarectimised mice. Zacharewski et al. [92]
tested eight different phthalates (see above) in the uterine wet weight and the
vaginal cell cornification assays. All were inactive as estrogens. Thus, there is a
consensus of opinion presently that the phthalates tested to date do not demon-
strate estrogenic activity, even when administered (orally) at high doses, in
short-term rodent bioassays.

There are minimal data relating to the possible estrogenicity of phthalates in
the aquatic environment. The production of the egg-yolk protein, vitellogenin,
is an estrogen-dependent process, and therefore can be used as a biomarker for
estrogen exposure of wild and aquarium fish [106]. This applies particularly to
males, or immature females, where basal vitellogenin concentrations are ex-
tremely low. Christiansen et al. [107] injected high doses of DBP and BBP into
immature rainbow trout as part of a wider, preliminary screen to identify com-
pounds which should be investigated further. DBP did not induce vitellogenin
production in any of the treated fish, whereas BBP induced a very weak (3-fold)
increase in vitellogenin concentration. It is not entirely clear what relevance this
route of exposure has to a real environmental situation, but this was purely a
preliminary study to assess the activity of a chemical in a worst case scenario,
presumably to be succeeded by a more realistic dosing regime. However, follow-
up data have not yet been reported.
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Harries et al. [108] exposed adult, breeding fathead minnows to 100 mg BBP
L–1 via the water in a flow-through experimental system. BBP did not elicit an
estrogenic response after a three-week exposure. Vitellogenin was measured in
the plasma of these fish; the data can be seen in Fig. 4. Control fish were either
exposed to untreated tank water, or to the carrier solvent (methanol) at the
same concentration as were the treated fish. The fish dosed with 4-nonylphenol
(4-NP) can in this case be considered as serving as a positive control, given that
this chemical is widely accepted to be an estrogen-mimic. Harries et al. also de-
termined the number of eggs produced by each spawning pair of fathead min-
nows. There was no significant difference in mean egg numbers produced pre-
treatment compared to those produced when the same pairs of fish were ex-
posed to BBP. Thus, BBP at 100 mg L–1 had no obvious endocrine-mediated
effects in this experiment [108].

Knudsen et al. [109] monitored two alternative endpoints in juvenile rainbow
trout injected with BBP at concentrations of 5 and 50 mg kg–1. The estrogen-de-
pendent endpoints in this experiment were the upregulation of the ER in the
liver, and the induction of hepatic zona radiata proteins (Zrp). This latter pro-
tein is more sensitive to estrogens than is vitellogenin, according to Arukwe et
al. [110]. BBP had no significant effect on the ER binding capacity at either con-
centration, and actually decreased Zrp levels. The reason for the decrease in Zrp
levels is not known, but it was conjectured to be some kind of antagonistic ef-
fect at the receptor level. Whatever the explanation, there was no evidence of
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Fig. 4. Vitellogenin concentrations in blood plasma of male and female fathead minnows fol-
lowing a 3-week exposure to 100 mg 4-NP L–1, 100 mg BBP L–1, or carrier solvent (MEOH). Note
that whereas 4-NP demonstrated estrogenic activity (which was particularly noticeable in
males), BBP showed no estrogenic effect. Adapted from Harries et al. [108]



any estrogenic activity of BBP. Thus, although there are very little data available
on which to base a conclusion, it seems unlikely that phthalates will demon-
strate any significant estrogenic effects in vivo in fish, especially at environ-
mentally-relevant concentrations. Nevertheless, there is a need for a few multi-
generation studies, using at least one fish species and one invertebrate species,
and a variety of concentrations of the test phthalate, before robust conclusions
can be drawn.

3.3
Anti-Androgenic Activity of Phthalates

The most recent hypothesis on the mechanisms behind the reproductive toxic-
ity of phthalates is that, rather than behaving as estrogen mimics, they may in
fact be having an inhibitory effect on androgen activity; that is, that they are
‘anti-androgens’. The first documented evidence for this idea was published in
1998, when Sohoni and Sumpter [111] reported BBP to have antagonistic activ-
ity in a recombinant yeast-based androgen screen. Subsequent to these data be-
ing published, several more phthalates, plus some of their metabolites, were as-
sessed for anti-androgenic activity using the method described in Sohoni and
Sumpter [111]. Some of the data obtained from these experiments are shown in
Fig. 5 (our unpublished data). Figure 5 shows that the major metabolites of
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Fig. 5. The anti-androgenic activity of BBP, MBP, MBzP, and MEHP. Each chemical was seri-
ally diluted from 10–2 M, and compared to the activity of the clinical anti-androgen flutamide,
which was serially diluted from 10–3 M. Anti-androgenic activity was detected using a re-
combinant yeast-based assay (as described by Sohoni and Sumpter [111]). The figure illus-
trates the ability of these chemicals to block the normal androgenic response to DHT



DEHP (MEHP), DBP (MBP), and BBP (MBP and MBzP) can block the binding
of dihydrotestosterone (DHT) to the androgen receptor. The metabolites were
found to be more potent in this assay than their respective parent phthalates.
This is potentially highly significant data, when it is considered that the weak
estrogenic activity of phthalates is often thought of as not constituting a risk,
due to their rapid metabolism to the estrogenically inactive monoesters in vivo,
and also in the environment.

Also in 1998, results of an in vivo study, describing the behaviour of DBP as
similar to that of the clinical anti-androgen, flutamide, was published [112]. In
this study, Sprague-Dawley rats were orally administered high doses (250, 500,
and 750 mg kg–1 day–1) throughout gestation and lactation, until postnatal
day 20. The spectrum of adverse reproductive effects in the male offspring in-
cluded decreased anogenital distance, malformed epididymides, testicular atro-
phy, hypospadias, ectopic or absent testes, absent prostate gland and seminal
vesicles, and diminished size of testes and seminal vesicles. In contrast, estro-
gen-dependent endpoints in female offspring, such as vaginal opening and es-
trous cyclicity, were not affected. Fig. 6 illustrates data from some of the pa-
rameters measured in this study.

A subsequent study by the same authors [113] covered a shorter exposure pe-
riod which encompassed gestation days 12 to 21; that is, the period during
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Fig. 6. In vivo anti-androgenic effects of DBP. The data were taken from Mylchreest et al.
[112], and show adverse effects of 250, 500, and 750 mg DBP kg–1 day–1 on androgen regulated
endpoints in rats. The DBP was given to pregnant rats throughout gestation and lactation,
through to postnatal day 20, and organ weights recorded from the male offspring. * indicates
a significant difference from the control group (p < 0.05)



which androgen-dependent prenatal male reproductive tract development oc-
curs. Despite widespread adverse reproductive effects in offspring of DBP
treated rats, many of which were common to both DBP and flutamide, there
were some which were distinct to either one or the other of the chemicals. These
included a high incidence of prostate agenesis in flutamide-exposed offspring
compared to the incidence found in DBP treated rats, and the blocking of the
inguinoscrotal descent caused by DBP. These authors concluded that exposure
of fetuses to DBP during the sensitive window of gestation (days 12–21, cover-
ing the period of sexual differentiation in the rat), can lead to severe reproduc-
tive disruption in male offspring. Although the effects seen were considered to
be mediated via an androgen-regulated pathway, it was hypothesised that the
mechanism did not involve direct interaction with the androgen receptor (AR),
since the behaviour of DBP differed from that of flutamide in some ways. This
interpretation was supported by the results of Gray et al. [114], who found DBP
and MBP not to have an agonistic interaction with the AR in receptor binding
and transcriptional activation assays. However, the data shown in Fig. 5 suggests
that MBP – the metabolite of DBP likely to be found in the exposed rats – does
have a receptor mediated antagonistic mechanism.

These results, demonstrating an anti-androgenic action of DBP in vivo, are
very important for a number of reasons. Firstly, they demonstrate that, despite
several decades of research on DBP, unexpected, and important, effects can still
be discovered. Secondly, that despite the failure to observe estrogenic effects in
females (the research was undertaken originally to see if the estrogenic effects
observed in vitro were also manifest in vivo), effects indicative of another type
of endocrine activity, namely anti-androgenicity, were observed in males.
Thirdly, that the timing of exposure is all important; exposure produces effects
only if it occurs during the relatively brief period of sexual differentiation.
Subsequent research can now involve lower doses, to determine if there is a real
risk at realistic levels of exposure. Such research can obviously only be con-
ducted using in vivo experimental designs.

4
Discussion

In this chapter, we have attempted to evaluate the extent of exposure of organisms
to phthalates, along with their activity as endocrine disrupting chemicals, thus
giving an overall picture of the likelihood that this class of chemicals are capable
of causing adverse reproductive effects in either aquatic or terrestrial organisms.

Both parameters are almost impossible to quantify presently. Exposure does
not take place via a single point source, but through various diffuse sources, and
does not occur along a specific (e.g., oral) route, but potentially through several,
most of which have not been thoroughly evaluated, if evaluated at all. Exposure
of aquatic organisms likewise does not take place simply through uptake and
absorption from water, but also as a result of intake of suspended and bed sed-
iments, and of food sources. Hence, the issue of exposure, as with many other
abundant environmental contaminants, is extremely complex. We have at-
tempted to illustrate the possible concentrations of phthalates in given envi-
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ronments, and in products to which humans might be exposed, but we cannot
calculate precise exposure rates. One of the more easily evaluated routes is that
occurring via food eaten by humans: this has been undertaken by MAFF [45],
who estimated a total phthalate intake via this route to be up to 1.6 mg person–1

day–1 (for a high level intake). This would, however, be a maximal intake for an
adult of 60 kg weight. A child, or a young toddler, who would be more sensitive
to developmental toxicants, would most likely have a far lower intake from the
same sources. Until considerably more is known about exposure to phthalates,
it is very difficult to conduct meaningful biological studies on which risk as-
sessment can be based.

Once the phthalates have been absorbed into the organism, there is a high
probability that they will be rapidly metabolised, firstly into their monoesters,
and then into various degradation products, until they are broken down com-
pletely into carbon dioxide and water. The shorter the alkyl chain of an indi-
vidual phthalate, the more rapidly it will be metabolised. There is not enough
information on degradation of phthalates following dermal exposure or inhala-
tion to be able to state definitively whether the metabolic process follows the
same pattern and rate as that occurring after oral exposure. It has been sug-
gested that the lack of metabolism of DEHP observed in some experiments is
due to saturation following extremely high doses [56], and it seems likely that
realistic exposures would not be sufficient to reach saturation. This leads us
back to the issue of exposure estimates once more. Also, it is not clear whether
the presence of other organic contaminants in the blood stream would lower
this saturation point with regard to phthalates, which again is an extremely
complex question to address realistically.

With respect, specifically, to their endocrine disrupting potential, it is clear
that some, but not all, of the phthalates (the most potent being BBP, DBP, and
DIBP) are capable of binding to the estrogen receptor. However, this activity is
not observed in in vivo assays; no estrogenic effects of any phthalate have yet
been demonstrated in vivo, although it must be said that this statement is based
on relatively few studies to date. However, recent studies suggest that at least one
phthalate, DBP, has anti-androgenic effects in rodents, albeit at high doses. Even
less studies in which phthalates have been investigated for endocrine activity in
non-mammalian vertebrates, or invertebrates, have been reported. This is de-
spite the fact that phthalates are ubiquitous in the environment, and hence
most, if not all, wildlife will receive exposure, albeit to varying degrees. In the
aquatic environment, it would be wise to focus activity in particular on organ-
isms that live on, or in, the sediment, where the highest concentrations of
phthalates are found. Invertebrates as well as vertebrates should be studied.
Most of this research will need to be laboratory-based, because the environment
is polluted with an extremely diverse cocktail of anthropogenic chemicals, and
hence separating out any effects due to phthalates from those due to other
chemicals (or mixtures of chemicals) will be extremely difficult, if not impossi-
ble. Once appropriate tests, incorporating a number of endocrine-related end-
points, have been established and validated (a programme to do this is under-
way presently), then phthalates, because of their widespread and major use,
should be priority chemicals for testing.
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Despite phthalates not eliciting an estrogen-specific response in mammalian
species in vivo, it is nonetheless clear that they are capable of disrupting the re-
productive development in utero of young mammals [79, 80, 82, 83]. The ques-
tion therefore arises, “what are the mechanisms behind this activity?” Is it pos-
sible that we have been looking in the wrong direction, and that what is actually
happening is that the phthalates are having an inhibitory effect on the androgen
receptor? This is without doubt an area which needs to be investigated in
greater depth, particularly given that the majority of adverse effects observed
following exposure of mammalian species, in vivo, occur in the male offspring.
As well as investigating this issue further in mammalian species, there is a need
to monitor specific anti-androgenic endpoints in aquatic organisms. However,
presently there is a paucity of suitable endpoints, especially in lower vertebrates
and invertebrates. Thus, for example, despite having an excellent indicator of es-
trogen action in oviparous vertebrates such as fish and amphibians (vitel-
logenin), there are presently no indicators of either androgenic or anti-andro-
genic activity. Thus, even if phthalates (or any other chemicals) did have andro-
genic and/or anti-androgenic activity in vivo, this would be very difficult to
detect in many species, especially those, such as fish, used in aquatic toxicity
tests.

Overall, the concentrations at which adverse effects have been reported to oc-
cur have been far higher than those which we would expect organisms to be ex-
posed to in a real environment. It seems unlikely that the low levels of phtha-
lates to which humans are exposed are capable of causing the trends in adverse
reproductive health of males over the past few decades, such as decreased
sperm counts (if true), and increased cases of testicular cancer, cryptorchidism,
and hypospadias. But it is theoretically possible that they may be a contributory
factor. The biggest problem in this area is that humans, and wildlife, are exposed
simultaneously to complex mixtures of chemicals, which might (or might not)
have some net adverse effect, whereas almost all toxicology is based upon the
testing of one chemical on a very limited range of species. These chemicals
could interact (to produce an effect) in various ways, ranging from one antag-
onising another, thereby reducing the anticipated effect, through to one syner-
gising with another, thereby increasing the anticipated effect. The phenomenon
of synergism, though widely speculated upon, has not yet been proven to occur,
either in vitro or in vivo, but it is accepted that environmental estrogens at least
can have additive activity when assayed together. For example, Jobling et al. [91]
found BBP and DBP to have agonistic effects when in the presence of E2 in a
transcriptional activation assay. This complicated, but very important, area of
research is only just beginning.

What has become clear is that, despite large and widespread use of phtha-
lates for around 50 years, and extensive research on their acute and chronic ef-
fects on a range of organisms, there is still a great deal to learn about this group
of chemicals. This is amply demonstrated by the present ongoing research on
the endocrine activities of phthalates. None of the estrogenic (in vitro) and
anti-androgenic (in vivo) activities of some phthalates were expected or pre-
dicted; a finding of only 4 years ago [91] opened up this whole new area of re-
search on phthalates, which is now expanding rapidly, and obviously has a long
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way still to go. It is quite likely that other unexpected findings will emerge 
from this intensified activity on the physiological effects of phthalates. What
are required now are experiments which incorporate realistic and chronic ex-
posure regimes in, preferably, multi-generation studies, or if not, studies in
which the particularly sensitive stages of the life cycle are exposed. Varying
routes of exposure, and a range of test organisms (from invertebrates to ro-
dents) should be used in these studies. Only when such studies are completed
will it be possible to assess the risk to humans and wildlife due to exposure to
phthalates.
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