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Fungi in Bioremediation
Bioremediation is an expanding area of environmental biotech-
nology and may be defined as the application of biological pro-
cesses to the treatment of pollution. Much bioremediation work
has concentrated on organic pollutants, although the range of
substances that can be transformed or detoxified by microorgan-
isms includes both natural materials and inorganic pollutants,
such as toxic metals. The majority of applications developed to
date involve bacteria, and there is a distinct lack of appreciation of
the potential roles and involvement of fungi in bioremediation,
despite clear evidence of their metabolic and morphological versa-
tility. This volume highlights the potential of filamentous fungi,
including mycorrhizas, in bioremediation and discusses the physi-
ology and biochemistry of pollutant transformations.
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Preface

Bioremediation is an expanding area of environmental biotechnology and
may simply be considered to be the application of biological processes to
the treatment of pollution. The metabolic versatility of microorganisms
underpins practically all bioremediation applications and most work to
date has concentrated on organic pollutants, although the range of sub-
stances which can be transformed or detoxified by microorganisms in-
cludes solid and liquid wastes, natural materials and inorganic pollutants
such as toxic metals and metalloids. However, the majority of applications
developed to date involve bacteria and there is a distinct lack of appreci-
ation of the potential roles, involvement and possibilities of fungi in
environmental bioremediation despite clear and growing evidence of their
metabolic and morphological versatility. The fundamental importance of
fungi in the environment with regard to decomposition and transform-
ation of both organic and inorganic substrates and resultant cycling of
elements is of obvious relevance to the treatment of wastes, while the
branching, filamentous mode of growth can allow efficient colonization
and exploration of, for example, contaminated soil and other solid
substrates. This, together with the growing importance of fungi as
model systems in eukaryotic cell and molecular biology, physiology and
biochemistry, provides the rationale for this work.

The prime objective of this book is to highlight the potential of filamen-
tous fungi in bioremediation, and to discuss the physiology, chemistry and
biochemistry of organic and inorganic pollutant transformations. The
chapters are written by leading international authorities in their fields and
represent the latest and most complete synthesis of this subject area.
Organic and inorganic pollutants are covered, although it is intriguing
that, as in bacterial research, these two areas are largely segregated, unlike
the real nature of environmental pollution in many cases. Perhaps



combined research on both organic and inorganic pollutants and organism
response is a worthy topic for future research. Another point worth
emphasizing is that virtually all of the transformation processes described
revolve around intrinsic properties of fungi that underpin fungal growth
and survival, and are integral to environmental function. Thus, mechan-
isms for breakdown of recalcitrant plant residues can also act on synthetic
pollutants and this has led to much interest in ligninolytic fungi, especially
the white rots exemplified by Phanerochaete chrysosporium. The metabolic
versatility of this organism provides a theme and foundation for several
chapters, and much organic bioremediation knowledge arises from work
with this organism. However, as is also evident, there are many other fungi
with interesting properties and these may be applicable in other specific
contexts: interesting isolates may perhaps be unearthed from the rain
forest or, alternatively, extremely polluted locations! Additionally,
appreciation of the important environmental roles of mycorrhizal fungi is
increasing and these fungi, so intimately associated with the flow of carbon
and other essential elements in the biosphere, may have wider significance
in conjunction with revegetation and phytoremediation initiatives. The
range of organic molecules degraded, decomposed or transformed by
fungi includes recalcitrant plant biomolecules, polycyclic aromatic hydro-
carbons, nitroaromatics, chlorinated aromatics, BTEX compounds, as
well as miscellaneous dyes, pesticides, effluent components, and even
cyanide. Unlike organic molecules, metals cannot be destroyed, but fungi,
like other microorganisms, can effect transformations between mobile and
immobile forms. This is not only of bioremedial significance but also
underpins important environmental roles including the solubilization of
essential metals and associated anionic components such as phosphate, so
important for plant (and microbial) productivity. I hope this book suc-
ceeds in providing a fascinating insight into an important area of fungal
biology, but I would stress that the field has plenty of room for expansion.
Many areas remain poorly understood with some yet to receive detailed
application of modern techniques in cell and molecular biology, while the
interface between chemistry and biology is particularly important and with
considerable reciprocity. The reactions and processes catalysed by fungi,
of dynamic cellular and environmental significance, pose a continual ana-
lytical challenge. Who knows what future treasures lie hidden within the
vastness of fungal biodiversity?

I would like to thank all the authors who have contributed to this work
in an enthusiastic and professional manner, and all at Cambridge Univer-
sity Press who have facilitated progress. In Dundee, special thanks go to
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Angela Nicoll who greatly assisted collation, editing and formatting of
chapters and Karen Kinnear for editing queries and index preparation.
Their help was indispensable and greatly appreciated. Finally, I would like
to thank the British Mycological Society for wholeheartedly supporting
this project, and my family, Julie, Katy and Richard Gadd.

Geoffrey Michael Gadd
2001
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1
Degradation of plant cell wall polymers
CHRISTINE S. EVANS AND JOHN N. HEDGER

Introduction

Processes of natural bioremediation of lignocellulose involve a range of
organisms, but predominantly fungi (Hammel, 1997). Laboratory studies
on the degradation of lignocellulose, including wood, straw, and cereal
grains, have focused mainly on a few fungal species that grow well in the
laboratory and can be readily manipulated in liquid culture to express
enzymes of academic interest. Our current understanding of the mechan-
ism of lignocellulose degradation stems from such studies. Although some
of these enzymes have economic potential in a range of industries, for
example pulp and paper manufacture and the detergent industry, it is
frequently expensive and uneconomic to use them for bioremediation of
pollutants in soils and water columns. In the successful commercial
bioremediation processes developed, whole organisms have been used
in preference to their isolated enzymes (Lamar & Dietrich, 1992; Bogan
& Lamar, 1999; Jerger & Woodhull, 1999).

Most fungi are robust organisms and are generally more tolerant to high
concentrations of polluting chemicals than are bacteria, which explains
why fungi have been investigated extensively since the mid-1980s for their
bioremediation capacities. However, the species investigated have been
primarily those studied extensively under laboratory conditions, which
may not necessarily represent the ideal organisms for bioremediation.
Fungi in little-explored forests of the world, for example tropical forests,
may yet prove to have even better bioremediation capabilities than the
temperate organisms currently studied, exhibiting more tolerance to tem-
perature and specialist environments. This chapter discusses the current
state of knowledge on the degradation of lignocellulose and how this
relates with the ecology of lignocellulolytic fungi. This knowledge is im-
portant to modify and enhance the mechanisms of degradation of indus-
trial pollutants such as chlorophenols, nitrophenols and polyaromatic
hydrocarbons by these fungi.
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Structure and function of plant cell walls

Plant cell walls offer several benefits to the growing and mature plant. They
provide an exo-skeleton giving rigidity and support, enabling the water
column to reach the plant apex, and they serve as a protective barrier
against predators and pathogens. As the wall is an extracytoplasmic
product, it was not considered to be a living part of the cell (Newcomb,
1980), although this view is now challenged and many metabolic processes
are now known to occur within the cell wall structure for maintenance and
in response to attack by pathogens (Dey, Brownleader & Harborne,
1997a). Every cell of a plant is surrounded by a primary wall that under-
goes plastic extension as the cell grows. Some cells such as those of the
parenchyma keep a primary wall throughout their lifespan. The primary
wall is composed of cellulose fibrils, hemicellulose and protein with large
amounts of pectin forming a viscous matrix that cements the wall together.
The precise molecular composition varies between cell types, tissues and
plant species, although an approximate dry weight ratio would be 30%
cellulose, 25% hemicellulose, 35% pectin, and 10% protein (Taiz & Zeiger,
1991).

Cellulose is formed by polymerization of -glucose molecules linked in
the b-1,4 position, resulting in flat, linear chains (Fig. 1.1). Hydrogen
bonding between chains leads to the formation of a microfibril up to 3 nm
in diameter. These crystalline microfibrils are laid down in different orien-
tations within the primary wall, providing the structural support for the
wall. The surrounding wall matrix is composed of hemicellulose, protein
and pectin in which the microfibrils are embedded. Hemicelluloses are
mixed polymers of different neutral and acidic polysaccharides. They
adhere to the surface of the cellulose microfibrils by hydrogen bonding,
through OH groups on the sugars, and enhance the strength of the cell
wall. Pectic polysaccharides are covalently bound to the hemicelluloses.
The protein components of the primary cell wall are hydroxyproline-rich
glycoproteins, named extensins, that are involved in cell wall architecture
and plant disease resistance (Brownleader et al., 1996; Dey et al., 1997b).
As some cell types mature, a secondary cell wall is deposited between the
primary wall and the plasmalemma that is more dense than primary walls
and binds less water. Wood contains cell walls of the greatest maturity of
all plant cell types, with several layers (S1, S2, S3) in the secondary wall
(Fig. 1.2). These are composed of cellulose, hemicellulose and lignin but
with less pectin than primary cell walls. An approximate ratio of these
components would be 35% cellulose, 25% hemicellulose including pectin,

3Degradation of plant cell wall polymers



Fig. 1.2. Transmission electron micrograph of an ultra-thin section of
beech wood showing the wood cell wall structure. M, middle lamella; P,
primary wall layer; S1, S2 and S3, secondary wall layers. Magnification
× 28 000.

and up to 35% lignin, depending on the plant species. The cellulose
microfibrils are orientated at different angles in each layer of the three
secondary wall layers to provide increased strength. Lignin gives rigidity to
the wall (Cowling & Kirk, 1976; Montgomery, 1982). Strength is related to
these structural components, particularly the orientation and crystallinity
of the cellulose microfibrils (Preston, 1974), whereas toughness is a reflec-
tion of the elastic component of the cell wall, giving an indication of the
potential for plasticity (Lucas et al., 1995).

Lignin is a three-dimensional aromatic polymer that surrounds the
microfibrils, with some covalent attachment to the hemicellulose. It is
composed of up to three monomeric units of cinnamyl alcohols: coumaryl
alcohol, mainly confined to grasses; coniferyl alcohol, the major mono-
meric unit in gymnosperm wood; and sinapyl alcohol, predominant in
angiosperm wood (Fig. 1.3). Polymerization of these monomers is by a free
radical reaction catalysed by peroxidase. This results in a variety of bonds

4 C. S. Evans and J. N. Hedger



Fig. 1.3. Monomeric phenylpropanoid units that polymerize to form
lignin.

in the polymer, with b-O-4 bonds between the C
4

carbon of the aromatic
ring and the b-carbon of the side chain being the predominant bond
linkage. Other common bonds are a-O-4, C

3
or C

5
aryl-O-4 linkages with

some biphenyl linkages. Substitution on the aromatic rings of the mono-
mers determines the type of lignin as syringyl (made from coniferyl and
sinapyl alcohols) or guaiacyl lignin (made from only coniferyl alcohol)
(Adler, 1977). Side chains of lignin are composed of cinnamyl alcohols,
aldehydes and hydroxylated substitutions on the a- and b-carbons. It is the
high proportion of ether bonds in the polymer, from the methoxy groups
and polymerizing bonds, that gives lignin its unique structure and proper-
ties as a strong resistant polymer. It has been found that the polysacchar-
ides in the cell wall can influence the structure of lignin during synthesis.
The motion of coniferyl alcohol (one of the lignin monomers) and its
oligomers near a cellulose surface can change the course of dehydrogena-
tion polymerization into lignin, as electrostatic forces restrict the motion
of the monomer and oligomers (Houtman & Atalla, 1995). This is consist-
ent with experimental observations of the lignin–polysaccharide alignment
in cell walls as observed by Raman microprobe studies (Atalla & Agarwal,
1985).

Hemicelluloses in the secondary wood wall vary between plant species,
with xylan the predominant polymer. The simple b-1,4-linked--
xylopyranosyl main chain carries a variable number of neutral or uronic
acid monosaccharide substituents, or short oligosaccharide side chains
(Fig. 1.4). Hardwood (angiosperms) xylans are primarily of the
glucuroxylan type, while softwood (gymnosperms) xylans are
glucuronoarabinoxylans (Joseleau, Comtat & Ruel, 1992). The structure

5Degradation of plant cell wall polymers
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of xylans in the wood cell wall is difficult to characterize but it is clear that
many covalent linkages occur with other wall polymers, as complete
extraction of xylan from wood requires drastic alkaline conditions. Stable
lignin–xylan complexes remain in wood pulp after Kraft pulping, and may
involve carbon–carbon bonding while other bonds forming acetals or
glycosides include oxygen. Other cross-linking polymers in the cell wall are
ferulic and p-coumaric acids, providing important structural components.
Dehydrodiferulate oligosaccharide esters have been extracted from wheat
bran but not the free dehydrodiferulate acids, indicating that cross-link-
ages are formed with hemicellulose components (Kroon et al., 1999).

The secondary wood cell wall structure has been visualized using trans-
mission electron microscopy, revealing distinct layers in the secondary wall
(Fig. 1.2). The dense wall structure makes the cells impenetrable to micro-
organisms without prior degradation of the wall polymers. The size of the
pores within the wood cell wall, and hence water-holding capacity of the
wall, is low; permeability studies with indicator molecules and dyes indi-
cate that molecules above 2000 Da are unable to penetrate (Cowling, 1975;
Srebotnik, Messner & Foisner, 1988; Flournoy, Kirk & Highley, 1991). In
wheat cell walls, pores with radii of 1.5–3 nm (measured by gas adsorption)
predominate, which are below the size that would allow free penetration by
degrading enzymes (Chesson, Gardner & Wood, 1997). Casual predators
and pathogens are deterred from establishing an ecological niche in such
substrates.

The ecophysiology of lignin degradation

Most reviews of lignocellulose degradation have focused on the mechan-
isms of the process rather than the ecophysiology of the organisms
involved. The Basidiomycota and Ascomycota, mostly in the orders
‘Aphyllophorales’, Agaricales and Sphaeriales, are considered by Cooke &
Rayner (1984) to be responsible for decomposition of a high proportion of
the annual terrestrial production of 100 gigatonnes of lignocellulose-rich
plant cell wall material, of which lignin alone accounts for 20 gigatonnes
(Kirk & Fenn, 1982). The basis of most studies on lignocellulose-degrading
fungi has been economic rather than ecological, with focus on the applied
aspects of lignin decomposition, including biodeterioration, bioremedi-
ation and bioconversion. This has led to an overemphasis on a few fungi as
model organisms, particularly in the study of lignin decomposition, with-
out any attempt to decide if they represent the spectrum of lignin-degrad-
ing systems in the fungi as a whole. Awareness and understanding of a

7Degradation of plant cell wall polymers



wider number of species with good potential for economic use will lead to
improvements in bioremediation technology.

Another gap in our knowledge of ligninolytic fungi is that not only have
comparatively few taxa been studied but nearly all of them originate from
the northern temperate forest and taiga biomes. This is in spite of the fact
that the biodiversity of decomposer fungi is much higher in tropical
ecosystems, especially tropical forest. In tropical forest, 74% of the pri-
mary production is deposited as woody litter and 8% as small litter, 10–35
tonnes litter ha~1 yr~1, illustrating the enormous quantities of lignocel-
lulose processed by decomposer fungi and termites in tropical forest
(Swift, Heal & Anderson, 1976). The tropical forest biome contains
400–450 gigatonnes of plant biomass compared with 120–150 gigatonnes
for temperate and boreal forest biomes (Dixon et al., 1994). It is estimated
that there are three times more taxa of higher fungi in tropical ecosystems
than in other forest ecosystems, of which a much higher proportion are
decomposers (Hedger, 1985). In spite of this, the isolation and screening of
wood- and litter-decomposing fungi from tropical forests has yet to be
systematically commenced (Lodge & Cantrell, 1995).

Lignocellulose degradation by fungi used in bioconversion of
lignocellulose wastes

Most world mushroom production is from Agaricus bisporus, Pleurotus
ostreatus, and Lentinula edodes and related species (Stamets & Chilton,
1983; Stamets, 1993), all grown on a range of substrates prepared from
lignocellulose wastes such as straw and sawdust. These taxa have been
widely used in physiological studies of cellulose and lignin decomposition
in order to determine the role of lignocellulolytic systems in bioconversion
of lignocellulose wastes to fruit bodies. Detailed studies on the ligninases
of these taxa provided the early understanding of the ligninase systems
(Wood, 1980; Kirk & Farrell, 1987; Hatakka, 1994). However, surprising-
ly little is known of the ecophysiology of the mycelia of these fungi in their
natural environments: soil and litter in the case of Agaricus spp. and wood
in the case of Pleurotus spp. and L. edodes. These are very different
resources, and the published contrasts in the enzyme systems of these two
groups of cultivated fungi may be related to the autecology of their mycelia
(Wood, Matcham & Fermor, 1988). However there are no in vivo studies of
lignocellulose degradation by these fungi. When used for bioremediation,
it is the fungal mycelia and not their fruit bodies that transform ligno-
cellulosic wastes and transform aromatic pollutants.

8 C. S. Evans and J. N. Hedger



The ecology of wood-rotting fungi

Another source of isolates for the study of lignin decomposition has been
the higher fungi, which cause significant economic losses to the timber
industry. Pathogens of trees are an obvious example and include fungi
such as Armillaria spp. and Heterobasidion annosum, where pathogenicity
includes white rot exploitation of the lignocellulose resource by mycelia of
these fungi (Stenlid & Redfern, 1998). Their ligninolytic systems have been
studied (Asiegbu et al., 1998; Rehman & Thurston 1992), findings showing
that their role in pathogenicity is much less important than in the subse-
quent phases of saprotrophic exploitation and inoculum production
(Rishbeth, 1979).

Decay of timber in-service has also yielded information on the lignocel-
lulose-degrading enzymes produced by fungi like Serpula lacrymans,
Lenzites trabea, and Fibroporia vaillentii. These basidiomycetes are all
brown rot fungi, a physiological group that probably coevolved with the
Coniferales in the northern taiga and temperate forests (Watling, 1982)
and which are important because most in-service timber in Europe and the
USA is softwood. Few studies have been made of these economically
important fungi in the natural environment. It is salutary to realise that
S. lacrymans, the dry rot fungus, although the subject of many papers on
the nature of its mode of decomposition of cellulose (Montgomery, 1982;
Kleman-Leyer et al., 1992), has never been found outside the built environ-
ment, although recent studies indicate that it may have its origins in North
Indian forests (White et al., 1997). Another well-studied wood-degrading
taxon little known outside the laboratory is the white rot thermophilic
basidiomycete Phanerochaete chrysosporium, which was first considered as
a problem in the 1970s in self-heating wood chip piles in its anamorphic
state, Sporotrichum pulverulentum (Burdsall, 1981). Although this fungus
has been the subject of many investigations of cellulases and ligninases
because of their potential in bioremediation (Johnsrud, 1988), its natural
‘niche’ remains unknown.

The ecology of Trametes versicolor and the dynamics of wood
decay

Up to the early 1980s, most detailed studies on lignin-degrading enzymes
were on the ‘economically important’ fungi discussed above. However,
since then the search for ligninolytic systems has been extended to include
species of little economic importance but of applied potential because of

9Degradation of plant cell wall polymers



their rate of growth and high enzymic activity. The most obvious example
is Trametes (Coriolus) versicolor, the ligninases of which were first studied
by Dodson et al. (1987), which causes white rot decay of broad-leaved tree
species in temperate forest ecosystems. This fungus has been widely used in
bioremediation programmes and characterization of its ligninases is now
well understood, providing information that can be related to its
ecophysiology in the natural environment. A good example is the regula-
tory effect of nitrogen on ligninolytic enzyme expression, a reflection of the
inductive effect of low nitrogen levels (C : N 200 : 1 to 1000 : 1) found in
wood (Swift 1982; Leatham & Kirk, 1983).

Unfortunately, laboratory results of this type have led to the simplistic
view that ‘success’ of fungi in the natural environment can be simply
related to the physiology of their mycelia in culture. It might be assumed
that active ligninases and cellulases and fast mycelial growth in culture can
explain the ubiquity of T. versicolor in broad-leaved forest. Fortunately,
studies on the ligninases of this fungus coincided with studies on the
population dynamics of communities of wood decay fungi, including
T. versicolor (Rayner & Todd, 1979). The fungus causes a rapid white rot
invasion of moribund or fallen trees of species such as birch, beech and
oak. Rayner & Webber (1985) have shown that the outcome of primary
resource capture by fungi like T. versicolor is a result of mechanisms that
operate in the early stages of colonization. Early phases of expansion are
by a rapidly extending mycelium, which utilizes free sugars in the wood of
the tree. Entry into broken or cut ends of the wood from the spore rain
means that an individual mycelium is usually restricted to an elongated
form because of the faster rates of expansion of mycelia along vessels and
tracheids. Following this resource capture, contact between mycelia of
genetically distinct individuals of T. versicolor, and with mycelia of other
species of wood-rotting fungi, results in combative behaviour. T. versicolor
is typical of early colonizers of wood, an assemblage of fungi characterized
by Cooke & Rayner (1984) as disturbance tolerant, with a combative
mycelial strategy and active lignocellulose exploitation. The wood volume
retained by the mycelium is covered by a melanized pseudosclerotial plate,
resulting in a mosaic of individuals – the ‘spalted’ wood of the turners.
White rot exploitation of the wood within these volumes by lignocel-
lulolytic enzymes produced by the mycelia may then take place for a
number of years. However, the initial phase of occupation and retention of
the resource has little to do with the lignocellulolytic potential of the
fungus. Comparison of lignocellulose decomposition by common white
rot competitors of T. versicolor, for example Stereum hirsutum and Hy-
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poxylon multiforme, show them to produce less ligninases and cellulases;
however, they are equally successful colonizers since the initial outcome of
competition is solely determined by occupation and retention of substrate
(Rayner & Todd, 1979). T. versicolor and other ‘primary resource cap-
turers’ may, in fact, be eventually replaced by mycelia of other more
combative wood decomposers: ‘secondary resource capturers’, for
example Lenzites betulina (Rayner, Boddy & Dowson, 1987; Holmer &
Stenlid, 1997).

The strategy of many wood-rotting fungi is to exploit the retained wood
relatively slowly, their mycelia being characterized as slow growing, stress
tolerant, combative and defensive (Rayner & Boddy, 1988; Holmer &
Stenlid, 1997). These fungi may persist in wood much longer than
T. versicolor, although they appear to be less active degraders of lignocel-
lulose under laboratory conditions. Their success is related to slow growth
combined with retention of the wood, and tolerance to the developing
nutrient stress in the wood as it decays and to extractives in heartwood.
Many of these fungi are members of the ‘Aphyllophorales’, good examples
being the genera Ganoderma, Fomes and Inonotus, which may persist for
decades on fallen trees. Lignocellulose degradation by such fungi has been
little studied, mostly because of their slow growth, difficulties in culturing
and little apparent biotechnological potential. However, the later stages in
decomposition of wood offer different physiological challenges to mycelia,
for example the presence of complex recalcitrant aromatic compounds;
consequently their degradative systems may well be of interest.

Another life strategy group of wood decomposer fungi is contained
within the ascomycete order Sphaeriales. Genera in this order (e.g.
Xylaria, Daldinea and Hypoxylon) have been studied by Rayner & Boddy
(1988), who showed that they occupy and retain volumes of wood in the
way described above for combative white rotters like T. versicolor but are
characterized by a relatively slow white rot and a reduction of the water
content of the wood. Physiological studies showed that the mycelia of
species in these genera were tolerant of water stress and able to grow at
potentials as low as 10–12 Mpa, explaining their successful retention of dry
lignocellulose resources (Boddy, Gibbon & Grundy, 1985; Bravo-
Velasquez & Hedger, 1988). The operation of ligninases under such low
water potentials is of applied interest and the few studies carried out on
these fungi have revealed unexpectedly low laccase and manganese per-
oxidase (MnP) activities, in spite of their in vivo abilities to cause extensive
white rot (Ullah, 2000).
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Litter-decomposing fungi

Studies on lignocellulolytic systems have mostly been limited to wood-
rotting fungi, while litter-decomposing fungi that colonize small debris
such as leaves and twigs have received little attention. Except for the
mushrooms A. bisporus and Volvariella volvacea, which are both grown
commercially on composted lignocellulose, the ligninolytic abilities of
other litter-decomposing higher fungi are poorly understood, yet studies
on their ecology have shown that they are major processors of lignocel-
lulose in forest ecosystems (Hedger & Basuki, 1982). Frankland (1984), in
a study of litter decomposition in Meathop Wood, UK, showed that the
agaric Mycena galopus was responsible for a large proportion of the
breakdown of the leaf litter of oak and other trees.

It is to be expected that the ecophysiologies of other litter-decomposing
fungi may be different from those of wood decomposers, given the much
lower lignin content of small litter, which consists of leaves, small twigs,
seeds and fruits (Swift et al., 1976). What effect this might have on the
ligninolytic systems discussed in this chapter is difficult to predict, but
needs study. An exception is a study of isolates of litter- and wood-
decomposing fungi from a forest in Ecuador in which laccase and MnP
activities of 27 different taxa were compared (Ullah, 2000). The 19 wood-
rotting fungi had significantly greater laccase activity than 11 isolates from
leaf litter, two being close to those of T. versicolor control cultures.
However, the litter decomposer fungi had significantly higher titres of
MnP activity than did the wood decomposers. Such results underline the
need for an ecological perspective in the selection of fungal isolates for
studies of cellulases and ligninolytic systems, in order to interpret the value
of the different components of the system to the ecology of the organisms
and perhaps to find novel ligninolytic systems.

Mechanisms of degradation

White rot basidiomycetes that degrade all cell wall polymers are generally
considered to be the most effective lignocellulose degraders (Crawford,
1981; Hammel, 1997). However, from the perspective of an individual
fungus, this may not be the case. The only reason for fungi to attack
lignocellulose is to obtain sufficient carbon and nitrogen for survival.
Unless energy used to obtain glucose is less than that resulting from its
uptake and metabolism, there is no advantage to the organism in coloniz-
ing lignocellulose substrates. In fact, brown rot rather than white rot
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basidiomycetes may have the most efficient mechanisms for obtaining
glucose from lignocellulose as they are able to extract glucose from the
cellulose without expending energy on lignin degradation (Highley, 1977;
Micales, 1995). They modify the lignin by methylation but no depolymer-
ization occurs.

The soft rot fungi are a specialized group of organisms that grow in a
localized niche within the secondary wood cell wall and degrade the cell
wall polymers slowly (Hale & Eaton, 1985; Daniel & Nilsson, 1989).
Characteristic patterns of decay in wood are channels within the secondary
wall wherein the hyphae lie, degrading polymers immediately around the
hyphal surface.

So what are the mechanisms employed by microorganisms to break
down lignocellulose? Our understanding of lignocellulose degradation is
based on laboratory studies with white rot basidiomycetes, using a selected
number of organisms such as P. chrysosporium and T. versicolor, and, as
mentioned above, it is probable that more effective organisms operate in
the ecosystem that have not been characterized in the laboratory. All of
these organisms have potential for use in bioremediation processes, al-
though to date P. chrysosporium, T. versicolor and P. ostreatus have been
the primary species used in pilot and field bioremediation trials.

Lignocellulolytic enzymes

The usual biological answer to breaking down a polymer is to use highly
specific enzymes. This is normally extremely effective as a minimum
amount of protein (enzyme) can be synthesized by the organism to cleave a
regular repeating bond between units of the polymer. Examples of some of
these enzymes are those that catalyse hydrolytic reactions to attack carbo-
hydrates such as cellulose and hemicellulose (Walker & Wilson, 1991;
Goyal, Ghosh & Eveleigh, 1991). They tend to be specific to a particular
bond chemistry, for instance, b-1,4 specificity is required to hydrolyse
cellulose, and a-1,4 specificity for starch hydrolysis.

Cellulases

Our knowledge of the biochemistry of enzymes that depolymerize cellulose
is based mainly on studies of Trichoderma spp.: the most prolific sources of
cellulases known (Mandels & Steinberg, 1976). When enzymes from wood-
rotting basidiomycetes have been screened for cellulases, their composi-
tion has closely resembled those of cellulases from Trichoderma reesei, with
five endoglucanases, one exoglucanase and two b-1,4-glucosidases
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identified (Eriksson & Pettersson, 1975). Cellulase is a complex of enzyme
activities that includes exo- (cellobiohydrolases) and endocellulases, with
b-glucosidases; these act in synergy to depolymerize cellulose fibrils, releas-
ing glucose and cellobiose (a glucose dimer). Glucose is readily taken up by
the fungus, providing carbon for energy and growth. Cellobiose is con-
verted to glucose by the action of b-1,4-glucosidase (Evans, 1985;
Gallagher & Evans, 1990). There are several controlling feedback mechan-
isms on production of the specific components of the cellulase complex by
fungi, for instance glucose represses and cellobiose or cellulose stimulates
the production of exo- and endocellulases. Cellobiohydrolases are com-
posed of a cellulose-binding domain linked to a catalytic domain through a
proline and a OH-amino acid linker region (Ong et al., 1989). Genes for
exo- and endocellulases have been isolated and the gene products charac-
terized, providing an improved understanding of the biochemical mechan-
isms involved (Beguin, 1990; Covert, Wymelenberg & Cullen, 1992).
Feedback control of exo- and endocellulase production is exerted by
glucose and sucrose with catabolite repression at concentrations of 1 g l~1,
but induction of cellulase occurs with 1 mg l~1 cellobiose or cellulose
(Eveleigh, 1987). Figure 1.5 shows a scheme for cellulolysis that represents
the biological activities of the cellulase complex.

Although cellulases have been isolated from cultures of brown rot and
white rot fungi, there is a fundamental difference in the mechanism of
cellulose hydrolysis in the two fungal rots. Brown rots produce complete
breakage of amorphous cellulose fibrils while white rots cause a progress-
ive decay from the fibril surfaces (Klemen-Layer et al., 1992; Gilardi, Abis
& Cass, 1995). The mechanism that brown rots use to access the cellulose
in the wood cell wall is thought to be by generation of hydroxyl radicals
from the reaction of H

2
O

2
with Fe2̀ in the Fenton reaction (Koenigs,

1974; Hyde & Wood, 1997). There has been generally less interest in the
mechanisms of cellulose degradation by brown rots compared with white
rots, as industrial usage of residual lignin is limited. In contrast, removal of
lignin but leaving the cellulose intact has great potential in industries such
as pulp and paper production.

Enzymes for hydrolysis of hemicellulose have also been identified in
many wood-rotting fungi. Hard woods contain xylan, and fungal species
colonizing them produce xylanases. Other hemicelluloses are hydrolysed
by mannanases, galactosidases and glucosidases. These enzymes have very
similar characteristics to the cellulase complex in that different enzymes
attack exo- and endohemicellulose (Visser et al., 1992).
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Fig. 1.5. Diagrammatic representation of the enzymic digestion of cellu-
lose.

Ligninases

As previously described, lignin is not a symmetrical well-ordered polymer
with a single repeating bond that links the monomeric units. It is difficult,
therefore, to envisage a single enzyme that has the capability to depolymer-
ize such an irregular structure. Although many different enzymes could be
produced by a degrading organism, this would prove energetically waste-
ful, as more energy would be expended in synthesis and secretion of
proteins than would be gained from metabolism of the end products. This
is particularly so for lignin as there is very little calorific value in the
polymer for the fungus, which is unable to survive on lignin as sole carbon
source (Kirk, Connors & Zeikus, 1976). It is assumed that white rot species
only degrade lignin as a means to access the cellulose in the wood cell wall.
The fungal enzymes that are used to degrade lignin are therefore non-
specific with respect to substrate. They function mainly by the production
of free radicals that are able to attack a wide range of organic molecules.
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Peroxidases using H
2
O

2
, and laccases (polyphenol oxidases) using

molecular oxygen are the enzymes responsible for attack on lignin (Field et
al., 1993; Evans et al., 1994).

Peroxidases

The first enzyme shown to attack lignin-type compounds (model dimers,
trimers and later polymers) was lignin peroxidase or LiP, isolated from
P. chrysosporium (Tien & Kirk, 1984). LiP is a haem-containing per-
oxidase ( ~ 42 000 M

3
) with an unusually high redox potential. It is highly

glycosylated, as are most enzymes secreted for extracellular action. Most
but not all white rot species produce it (Hatakka, 1994). It is distinctive in
its ability to oxidize methoxyl substituents on non-phenolic aromatic rings
by the generation of cation radicals that undergo further reactions. The pH
optimum of LiP is below 3.0 but the enzyme shows signs of instability if
kept in such acidic environments (Tien & Kirk, 1988). Natural environ-
ments in wood cells are acidic, approximately pH 4.0, but localized pockets
may occur with lower pH because of secretion of oxalic acid by the fungi
(Dutton et al., 1993; Dutton & Evans, 1996). In vitro peroxidases can be
stimulated by low nitrogen stress on the fungi. Veratryl alcohol is a
substrate for LiP and is used in a spectrophotometric assay to monitor its
activity by measuring veratraldehyde production in the presence of H

2
O

2
(Tien & Kirk, 1984). Veratryl alcohol is produced extracellularly as a
secondary metabolite by many white rot fungi and enhances LiP activity
(Collins & Dobson, 1995) probably by protecting LiP from inactivation by
excess H

2
O

2
(Chung & Aust, 1995) (Fig. 1.6).

MnP is also a haem-containing enzyme and is generally considered to be
essential for lignin degradation in vivo. The catalytic cycle of MnP is
similar to that of LiP, in addition to Mn2̀ being converted to Mn3̀ during
the reaction. In reaction with some substrates such as dimethoxyphenol,
MnP activity is independent of manganese (Archibald, 1992). Increased
bio-bleaching of Kraft pulps has correlated with purified MnP activity
from T. versicolor (Paice et al., 1993; Reid & Paice, 1998). The white rot
species that have been examined have all shown MnP activity, whereas not
all have LiP activity. LiP and MnP both require H

2
O

2
, which must be

generated by the fungus. Fungal enzymes producing H
2
O

2
include glucose

oxidase (Eriksson et al., 1986), glyoxal oxidase (Kersten & Kirk, 1987) and
aryl alcohol oxidase (Guillen, Martinez & Martinez, 1990; Guillen &
Evans, 1994). In addition, MnP can generate H

2
O

2
through oxidation of

organic acids (Urzua et al., 1995), while MnP-chelates can oxidize a range
of phenolic compounds, including a variety of synthetic lignins (Masaphy,
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Fig. 1.6. Catalytic cycle of lignin peroxidase (LiP). VA, veratryl alcohol;
Ph, phenol.

Henis & Levanon, 1996; Hofrichter et al, 1998). Manganese(III)-chelates,
such as with oxalate, are small molecules that are able to diffuse into the
pores of the wood cell walls that are inaccessible to enzymes (Archibald &
Roy, 1992; Evans et al., 1994). The rate of lignin degradation in vivo is
controlled by the slowest reaction step, which in the case of MnP activity
may be availability of H

2
O

2
or Mn2̀ rather than the catalytic rate of

MnP. As excess H
2
O

2
can destroy the catalytic site of MnP, the rate of

production of H
2
O

2
may have important effects on the rate of lignin

degradation (Palma, Moreira & Feijoo Lema, 1997).

Laccases

The ability to oxidize phenolic compounds extracellularly is used to differ-
entiate white rot fungi from brown rot species. A rapid screening test for
white rots based on polyphenol oxidase activity – the Bavendamm test –
monitors the development of a brown colouration on agar plates contain-
ing guaiacol or gallic acid. Polyphenol oxidase activity is shown by several
enzymes including tyrosinase (oxidation of monophenols) and laccase,
which oxidizes mono- and diphenols. The majority of white rot fungi
produce laccase, frequently as the dominant extracellular enzyme in liquid
cultures in the laboratory (e.g. for T. versicolor and P. ostreatus). Specific
isomers of laccase can be induced in vitro by addition of compounds such
as 2,5-dimethylaniline – a lignin mimic compound. P. chrysosporium gen-
erally does not produce laccase under artificial growth conditions though it
has been reported during growth on a defined medium containing cellulose
(Srinivasan et al., 1995).
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In the presence of oxygen, laccase converts mono- and diphenolic
groups to quinone radicals then quinones in a multistep oxidation process
(Thurston, 1994). Fungal laccase is a copper-containing enzyme found in
several isoforms. Two are blue isomers with different isoelectric points and
different abilities in binding to ion-exchange gels. Yellow laccases, also
containing copper centres, have been isolated from cultures of T. versicolor
and Panus tigrinus grown on solid substrates (Leontievsky et al., 1997).
Their colour is thought to result from binding of soil phenolics by the
enzyme. Fungal laccases were first thought to be enzymes involved in the
oxidation of phenolics to effect their removal from the fungal environ-
ment, though it was observed that mutant strains of S. pulverulentum
(P. chrysosporium) without laccase were unable to degrade lignin (Ander
& Eriksson, 1976). There is now general acceptance that laccases as well as
LiP and MnP are involved in lignin degradation through attack on free
phenolic groups in lignin and the generation of free radicals. Laccase and
MnP both react with free phenolic groups, although in the presence of
some low-molecular-mass mediators, laccase can also react with non-
phenolic substituents on the aromatic rings. This permits laccase to oper-
ate at a higher redox level than normally (Leontievsky et al., 1997).

Different white rot species produce various combinations of LiP, MnP
and laccase depending on growth substrates. For example, P. chrysos-
porium secretes mainly LiP and MnP (Glenn & Gold, 1985); Phlebia
radiata secretes laccase and MnP (Hatakka, 1994); T. versicolor synthe-
sizes all three ligninolytic enzymes (Kadhim et al., 1999). Enzymes pro-
duced in liquid cultures in laboratories are considered atypical of enzymes
produced in vivo.

How these enzymes operate in vivo has been partially demonstrated
using electron microscopy of sections of substrates colonized with fungal
hyphae (reviewed by Evans et al., 1991; Daniel, 1994). The technique used
was immunogold-cytochemical labelling, which visualized specific enzyme
molecules under the electron beam of the transmission electron micro-
scope (Fig. 1.7). These studies have shown that enzymes such as LiP, MnP,
laccases and cellulases are too large to penetrate into intact, secondary
wood cell walls and remain close to the surface of the fungal hyphae or
adhere to the inner surface of the wood cell wall (Evans et al., 1991).
Degradation of lignocellulose occurs by surface interaction between cell
wall and enzymes, but initiation of decay can occur at a distance from the
fungal hyphae, probably involving diffusible small molecular mass mol-
ecules such as oxalate, H

2
O

2
, Fe2̀ @3̀ and Mn2̀ @3̀ (Evans et al., 1994). A

predominant theory on the mechanism of cellulose degradation by brown
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Fig. 1.7. Transmission electron micrograph showing localization of lac-
case on a hypha of Trametes versicolor by immunogold-cytochemical
labelling. CW, cell wall; V, vacuole; CY, cytoplasm; G, gold-labelled
laccase; P, plasmalemma.

rot fungi (which do not degrade lignin) is that Fe2̀ reacts with H
2
O

2
producing destructive hydroxyl radicals (Koenigs, 1974). Similar radicals
can also be released from reactions between oxalate and H

2
O

2
(Wood,

1994).

Conclusions

The ligninolytic capacity of white rot fungi makes them the most interest-
ing taxa of fungi for use in bioremediation. Without an understanding of
the mechanisms of lignin degradation, it would not be possible to address
degradation of pollutants such as chlorophenols, nitrophenols and poly-
aromatic hydrocarbons in a practical way. These compounds can all be
transformed using ligninolytic enzymes because of the free radical reac-
tions, and development of industrial treatments using these fungi are
proving successful (Bogan & Lamar, 1999; Jerger & Woodhull, 1999).
Much lignocellulose material remains as waste products from industries
such as forestry, agriculture and paper manufacture and use, which can be
disposed of by accelerated natural biodegradation. The only products of
value to accrue from such waste treatment are mushroom production and
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composts (Wood, 1989). New opportunities for commercial products and
processes in fungal treatment of lignocellulosic materials are likely to arise
in the future, and screening for novel organisms should contribute to the
development of new technologies.
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2
The biochemistry of ligninolytic fungi
PATRICIA J. HARVEY
AND CHRISTOPHER F. THURSTON

Introduction

The principal relevance of ligninolytic fungi to the field of bioremediation
lies in their ability to degrade aromatic compounds. There are three groups
of aromatics that constitute substantial pollutants: polyaromatic hydro-
carbons (PAHs), benzene/toluene/ethyl benzene/xylene (BTEX) and the
synthetic substituted aromatics typified by the chlorophenols. It may well
be that ligninolytic fungi can play a useful role in bioremediation of all
three types of pollutant, but the most interest is in degradation of the first
and last groups, as BTEX remediation can exploit bacterial populations
that promise to be efficient contributors to the process. We will largely be
concerned with systems that are of possible direct application to PAH
degradation as the halogenated hydrocarbons are degraded by increasing-
ly well-understood biochemical pathways (see Reddy, Gelpke & Gold,
1998; Reddy & Gold, 1999). One of the main difficulties in the develop-
ment of practical bioremediation processes rests in bringing metabolically
active organisms into contact with the pollutant (see Field et al., 1995;
Boyle, Wiesner & Richardson, 1998; Head, 1998; Novotny et al., 1999).
The secreted enzyme systems of ligninolytic fungi may prove to be a
powerful tool for PAH removal, and it is this aspect of their biochemistry
to which this chapter is directed.

PAHs are a class of carcinogenic chemical that are formed whenever
organic materials are burned; the amount of PAHs in soils coming from
atmospheric fall-out have been rising steadily over the twentieth century.
They appear in particularly high concentrations in many industrial sites,
particularly those associated with petroleum and gas production. They are
also found in high concentrations in the wood-preserving industry, which
has relied heavily on creosote and anthracene oil as wood protectants
(creosote contains 85% by weight of PAHs). PAHs have two or more fused
benzene rings and are insoluble and stable, with angularly arranged ring
structures (phenanthrene, benzo[a]pyrene, pyrene) being more stable than
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linear arrangements (anthracene, benz[a]anthracene) and with the two-
and three-ringed structures proving to be much more biodegradable than
four-, five- and six-membered rings. PAH degradation depends on the
ability of microbes to introduce oxygen into the rings, which has the effect
of increasing both PAH solubility and chemical reactivity (Sutherland,
1992; Wilson & Jones, 1993; Meulenberg et al., 1997).

In the case of bacteria, dioxygenases typically catalyse the introduction
of two oxygen atoms into the substrate to form dioxethanes, which are
then further oxidized to dihydroxy products (Butler & Mason, 1997).
Catechol, protocatechuic acid and gentisic acid are the usual dihydroxy
products and are, in turn, ring-opened to succinic, fumaric, pyruvic and
acetic acids, all of which are used for energy and cell protein synthesis.
Alternatively, cytochrome P450-type monooxygenases may be employed
to catalyse ring epoxidation as the first step in a pathway leading to PAH
detoxification via the formation of various conjugates (Ferris et al., 1976).
These are not generally degraded (see Cerniglia, 1997). Both dioxygenases
and cytochromes P450, however, are intracellular enzymes. PAH struc-
tures larger than two or three rings are extremely insoluble in water and
cannot be taken up through the microbial cell wall. They, therefore, cannot
be degraded by microorganisms that use dioxygenases or cytochromes
P450 for PAH activation (see Wilson & Jones, 1993). The ‘white rot’
basidiomycetous fungi, however, possess an extracellular oxidative en-
zyme system that is used for the initial stages of attack on polyaromatic
lignin. The extracellular reactions that they catalyse include lignin de-
polymerization as well as demethoxylation, decarboxylation, hydroxyla-
tion and aromatic ring opening. Many of the reactions result in oxygen
activation, creating oxygen radicals that perpetuate the oxidative attack
(Schoemaker et al., 1985; Kirk & Farrell, 1987; Schoemaker, 1990). These
features have sparked considerable research interest in the potential of
white rot fungi to degrade the higher-molecular-weight, polymeric
xenobiotics that are not degraded by bacteria.

The parallels between lignin and PAHs as targets for degradation

In the degradation of both lignin and higher-molecular-weight PAHs,
initial extracellular depolymerization or extracellular aromatic ring-open-
ing reactions must take place before the constituent rings can be metab-
olized. However, whereas PAHs consist of fused benzene rings, lignin is a
much larger, more heterogeneous and amorphous polymer made up of
phenylpropane subunits with a high content of b-O ether linkages and
abundant carbon–carbon side chains (Adler, 1977). The problems that

28 P. J. Harvey and C.F. Thurston



beset a microorganism in catalysing degradation of PAHs compared with
lignin are therefore different. Both lignin and PAHs however, are hydro-
phobic and highly insoluble and pose similar problems for catalysis by
enzymes, which tend to be water soluble and usually highly stereospecific.
Available evidence suggests that many white rot fungi tackle the problem
of lignin degradation with small diffusible oxidizing agents generated by
their extracellular enzymes (see below). The same may be true in their
degradation of PAHs (Bumpus et al., 1985; Haemmerli et al., 1986;
Hammel, Kalyanaraman & Kirk, 1986a; Bogan & Lamar, 1995; Collins
et al., 1996).

The wood-rotting fungi

The process of degradation of woody plant material remains incompletely
understood, notwithstanding its central place in terrestrial carbon cycling
(the overwhelming majority of carbon fixed by land plants is found in
lignocellulose). No easily isolated bacteria can completely degrade lignin,
although some actinomycetes are able to achieve extensive modification of
this material (McCarthy, 1987) and there are several lines of evidence
suggesting that some bacteria can at least solubilize lignin. In contrast, a
relatively large number of basidiomycete fungi are found naturally as
wood or leaf-litter degraders and the majority of these – the white rot fungi
– are capable of breaking down lignin in those examples that have been
tested. It should be noted however, that the bulk conversion of radiolabel-
led lignin to 14CO

2
has only been demonstrated with a handful of species,

while less direct evidence exists for a very much larger selection. The initial
steps in this process involve oxidase and peroxidase enzymes secreted by
these fungi. Different fungi appear to be able to achieve essentially the
same effect with different combinations of enzymes. The most common
components are the multicopper oxidase (laccase), and manganese per-
oxidase (MnP) (de Jong et al., 1992). Lignin peroxidase (LiP) is a crucial
component in some fungi and there are some less well-studied peroxidases
that have atypical substrate specificities. The properties of these enzymes,
the problem of H

2
O

2
generation for activity of the peroxidases and the

likely limitations on practical systems will be discussed.

Laccase

It is a paradox that there is still so much that is not understood about such
an intensively studied enzyme. Laccase (benzenediol : oxygen oxidoreduc-
tase, EC 1.10.3.2) is a member of the small group of proteins known as the
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blue multicopper oxidases (Messerschmidt, 1997). These proteins (laccase,
ascorbate oxidase and ceruloplasmin) all contain four or more copper
atoms and have the property of reducing dioxygen completely to water.
Laccase has been the focus of much spectroscopic and kinetic analysis
because it was thought to be smaller and less complex than ascorbate
oxidase and ceruloplasmin (Reinhammar & Malmstrom, 1981). Elucida-
tion of the crystal structures of ascorbate oxidase (Messerschmidt et al.,
1989), ceruloplasmin (Lindley et al., 1997) and type 2 copper-depleted
laccase (Ducros et al., 1998) have shown that laccase and ascorbate
oxidase are remarkably similar, except that most (but not all) of the
laccases so far analysed are monomeric, whereas the well-characterized
ascorbate oxidases of the Cucurbitaceae are dimers of identical subunits.
In general, laccase possesses a highly specific binding pocket for oxygen,
but the binding pocket for reducing substrates appears to be shallow and
relatively non-stereospecific. In fact, the governing feature of whether a
compound will or will not be oxidized seems to be dictated to a very large
extent by the redox potential differences between the reducing substrate
and type I copper in the active site of the protein. This property endows
laccase with the ability to oxidize a broad range of substrates provided
their redox potentials are not too high (\1 V/NHE (normal hydrogen
electrode)) (Reinhammer, 1972; Xu, 1996).

The laccases of ligninolytic fungi are secreted glycoproteins with the
ability to catalyse the one-electron oxidation of a wide range of dihydroxy
and diamino aromatic compounds (Thurston, 1994; Smith, Thurston &
Wood, 1997). The role of laccase in lignin degradation has been a puzzle
for many years. Briefly, the historical position is as follows. Until the
1980s, laccase was the only enzyme known to be secreted by fungi that had
the ability to oxidize (poly)phenolic materials, but (i) not all ligninolytic
fungi produced this enzyme, (ii) not all laccase-minus mutants showed
reduced ligninolytic activity, (iii) purified laccases generally polymerized
lignin-like materials rather than depolymerizing them and (iv) when tested
with model compounds representing typical bond structures found in
lignin, laccases were not able to oxidize the non-phenolic compounds,
which generally had higher redox potentials than phenolic compounds
(Meyer, 1987; Thurston, 1994; Smith et al., 1997). The discovery of the
ligninolytic peroxidases secreted by the white rot fungus Phanerochaete
chrysosporium in 1983 (Tien & Kirk, 1983; see below) further diminished
the likelihood that laccase was involved in lignin breakdown. This con-
clusion may need to be modified. Study of several fungal laccases showed
that they vary quite markedly in their ability to oxidize substrates of
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different redox potentials (Xu, 1996), with some laccases being able to
oxidize compounds with a standard redox potential up to 0.8 V/SCE
(saturated calomel electrode) (1.042 V/NHE) (Kersten et al., 1990; Xu et
al., 1996). Second, study of the distribution of the enzymes amongst the
ligninolytic fungi suggests that secretion of laccase with MnP may be a
common pattern (de Jong et al., 1992).

Reactions catalysed by laccase

In common with MnP and LiP, laccase catalyses the single-electron oxida-
tion of phenolic compounds to (cation) radicals. The radicals then react
further in a manner that depends on the nature of the substituent groups
and reaction conditions. With aromatic, lignin-like phenolics, their oxida-
tion frequently results in carbon-to-carbon and carbon-to-oxygen coup-
ling reactions between radicals, yielding products with a higher range of
molecular size than the original (Gierer & Opara, 1973). However, as
pointed out by Gianfreda, Xu & Bollag (1999), the tendency of laccase to
catalyse polymerization is not necessarily a disadvantage for bioremedi-
ation purposes as sequestration of a pollutant by oxidative polymerization
is an acceptable method of pollutant removal. Using lignin itself, which
has a relatively low number of phenolic side chains (15 phenolic OH per
100 C

9
units (Adler, 1977)), laccase catalyses both polymerization and

depolymerization reactions. Depolymerization comes about because the
single-electron oxidation of some phenolic compounds can result in (de-
polymerizing) alkyl–arene cleavage (Kirk, Harkin & Cowling, 1968).
Again, dependent on the nature of the phenol selected and reaction condi-
tions, Ca-oxidation, demethoxylation and decarboxylation reactions are
possible (Krisnangkura & Gold, 1979; Schoemaker, 1990). Reactions of
this nature would be able to increase the redox status of PAHs, leading to
their incorporation into cellular material. Clearly, the ability of laccase to
catalyse non-specific one-electron oxidations is likely to be of relevance in
PAH remediation. However, the influence of co-substrates in laccase-
catalysed reactions is of even greater interest in the context of improving
PAH accessibility for remediation.

Influence of co-substrates

Three independent lines of enquiry lead to the conclusion that laccase is
capable of an extended range of reactions if a co-substrate is provided.
First, the laccases of Trametes versicolor can oxidize certain non-phenolic
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substrates and depolymerize Kraft lignin in vitro, if given 2,2@-azinobis(3-
ethylbenzthiazoline-6-sulfonate) (ABTS) as a co-substrate (Bourbonnais
& Paice, 1990; Bourbonnais et al., 1995; Collins et al., 1996). Note,
however, that in these reactions, the mechanism of degradation by the
laccase–ABTS couple involves hydrogen atom abstraction rather than
single-electron oxidation (Muheim et al, 1992). 3,4-Dimethoxybenzyl alco-
hol (veratryl alcohol, VA), for example, has a standard redox potential of
1.36 ± 0.01 V/NHE (Bietti, Baciocchi & Steenken 1998), placing it out of
the substrate range for oxidation by laccase alone (Kersten et al., 1990).
However, when both laccase and ABTS are present in the reaction mix-
ture, VA is oxidized to veratraldehyde, but no other products are detect-
able. This contrasts with the situation with LiP, for which VA serves as an
assay substrate (Tien & Kirk, 1988). With LiP, which catalyses the single-
electron oxidation of VA, quinones and ring-opened products are also
produced (Leisola et al., 1985a; Haemmerli et al., 1987; Bietti et al., 1998).
Second, laccase will delignify Kraft pulps with 1-hydroxybenzotriazole as
co-substrate (Call, 1994). Third, the white rot fungus Pycnoporus cinna-
barinus, which is strongly ligninolytic, secretes 3,4-hydroxyanthranilic acid
along with laccase. 3,4-Hydroxyanthranilic acid, acting as a co-substrate
for laccase, enables the cleavage of a range of non-phenolic model com-
pounds and the depolymerization of ‘soluble lignin’ (Eggert et al., 1995,
1996; Eggert, Temp & Eriksson, 1997).

Enzyme reactions that produce small diffusible oxidizing agents able to
penetrate into substrate matrices not otherwise permeable to the enzymes
themselves provide a route for increasing the availability of PAHs for
microbial metabolism and are implicated in many of the reactions
catalysed by both LiP and MnP (see below). Co-substrate-assisted reac-
tions of laccase may extend its potential in PAH degradation, as has now
been demonstrated by the laccase–ABTS-coupled oxidation of anthracene
to anthraquinone and oxidation of benzo[a]pyrene (Collins et al., 1996).

Manganese peroxidase

MnP is an extracellular glycosylated heme enzyme secreted by a variety of
white rot fungi that uses H

2
O

2
to oxidize MnII to a MnIII-chelate; this in

turn, oxidizes phenolic substrates as a freely diffusible, non-specific
oxidant (for a review, see Gold & Alic, 1993). The ability to generate
oxidizing Mn-chelates that might ultimately increase the availability of
PAHs for their degradation underpins the expectation of the usefulness of
MnP in bioremediation (see for example, Bogan, Lamar & Hammel,
1996a).
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MnP belongs to class II of the peroxidase family, which is designated for
extracellular fungal peroxidases. These have only limited homology with
sequences from other peroxidases but share a striking level of structural
similarity within the class, which is related to the envelopment of the
protein around a heme moiety. The heme is the site of oxidation of the
protein by H

2
O

2
, which is essential in creating the catalytic intermediates,

termed Compound I and Compound II, that are required for catalysis
(Dunford, 1999; see Equations 2.1 and 2.2). MnP has been crystallized
(Sundaramoorthy et al., 1997) and from X-ray crystallographic studies as
well as DNA sequence comparisons, its heme environment is very similar
to that of other plant and fungal peroxidases (see Banci, 1997; Smith &
Veicht, 1998; Dunford, 1999). However, MnP seems unable to exploit the
oxidizing power of H

2
O

2
to oxidize organic substrates with redox poten-

tials beyond 1.12 V/SCE (1.362 V/NHE) (Popp & Kirk, 1991). It is unique
though, in being able to oxidize MnII to MnIII. This specificity relates not
only to the redox potential that can be sustained by the oxidized protein
and the influence of chelators but also to the structural properties of the
protein. In MnP, for example, there is a unique binding site for
MnII that involves the carboxylate side chains of three acidic amino
acid residues. In LiP, with which MnP shares a high degree of sequence
homology, neutral or positive residues replace these and preclude MnII

from binding.

Catalytic cycle

Reaction of the native enzyme (E, see Equation 2.1 below) with H
2
O

2
yields Compound I, which contains an oxyferryl heme with a porphyrin
cation radical. Two steps of single electron reduction by MnII restore the
native enzyme via the intermediate Compound II.

E + H
2
O

2
] Compound I + H

2
O (2.1)

Compound I + MnII] Compound II + MnIII (2.2)
Compound II + MnII] E + MnIII + H

2
O (2.3)

Compound II + H
2
O

2
] Compound III (inactive) (2.4)

Importantly for catalysis, the supply of H
2
O

2
relative to MnII needs to be

poised to ensure that the competing reaction of Compound II with H
2
O

2
does not take place (Equation 2.4), since this has the effect of driving the
enzyme into a catalytically inactive mode (Wariishi, Akileswaran & Gold,
1988).
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Requirement for chelators

Organic acids such as malonate, citrate, glyoxylate and oxalate are essen-
tial in chelating and stabilizing MnIII (Glenn & Gold, 1985) and are
common secondary metabolites of wood-rotting basidiomycetes, secreted
at the same time as MnP. Among these, oxalate shows unique effects in
chelating and stabilizing MnIII (Kuan & Tien, 1993; Kishi et al., 1994) and
may bind quite closely to the heme during catalysis. Manganese(II) reacts
with the oxidized forms of MnP as a monochelated complex (Kuan &
Tien, 1993) but is released from the enzyme in its dichelated form (Kishi et
al., 1994).

Oxidation of phenolic compounds

Unchelated MnIII has a high standard redox potential of 1.5 V/NHE but its
potential is reduced by chelation with organic acids to the order of
1.12 V/SCE (1.362 V/NHE) (Popp & Kirk, 1991). According to the Nernst
equation, this means that a very broad range of organic substrates might
be oxidized by the MnP oxidation system if the concentration of chelated
MnIII could be maintained sufficiently high. In practice, the rate of gener-
ation of MnIII by MnP seems to be a limiting factor in restricting the
substrate range of MnP to the more easily oxidizable phenolic-containing
lignin substructures. Manganese(III)-chelates that are generated by MnP
oxidize monomeric phenols, phenolic lignin dimers (Wariishi, Valli &
Gold, 1989a; Tuor et al., 1992) and synthetic lignin (Wariishi, Valli &
Gold, 1991) to phenoxy radicals, with the effect that similar reactions as
described for laccase ensue. Consequently, while MnP differs from laccase
in being highly specific for the nature of its reducing substrate (MnII), the
fact that its reactions are mediated by a small, diffusible and non-specific
redox agent (MnIII-chelate) ensures it has a role in pathways leading to the
metabolism of the more inaccessible PAHs.

Influence of co-substrates

In a similar manner to laccase, the range of substrates that can be attacked
by MnP is increased in the presence of co-substrates. For example, in the
presence of glutathione, VA, which is not normally oxidized by the MnP-
Mn-chelate system, can be oxidized to veratraldehyde via thiol radicals
generated from the oxidation of glutathione by Mn-chelates (Wariishi et
al., 1989b). Similarly there is evidence for the degradation of non-phenolic
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lignin (Bao et al., 1994; Jensen et al., 1996) and phenanthrene (Moen &
Hammel, 1994) in the presence of unsaturated lipids. Most probably, lipid
peroxidation by MnIII-chelates creates lipid peroxyl and alkoxyl radicals,
which initiate degradation either via radical cations or via oxy radicals that
add to the aromatic rings (Jensen et al., 1996).

Lignin peroxidase

LiP is a water-soluble, glycosylated enzyme secreted by white rot fungi
and, like MnP, is also dependent on H

2
O

2
for catalysis (see Kirk & Farrell,

1987; Harvey, Schoemaker & Palmer, 1987a; Gold & Alic, 1993; Reddy &
D’Souza, 1994). LiP, however, is unique in being able to produce radical
cations from the one-electron oxidation of non-phenolic aromatic com-
pounds such as VA or 1,4-dimethoxybenzene (DMB), which have redox
potentials beyond the reach of either MnP or laccase (Kersten et al., 1990;
Popp & Kirk, 1991). Radical cations of VA or DMB are able to act as
non-specific redox mediators, with the effect that both the substrate range
and redox capacity of LiP can be extended (see below). LiP comprises a
family of isozymes, and its major isozymes have now been crystallized
(Edwards et al., 1993; Piontek, Glumoff & Winterhalter, 1993;
Choinowski, Blodig & Winterhalter, 1999), the genes identified (Cullen,
1997) and site-directed mutagenesis programmes are under way (Doyle et
al., 1998; Ambert-Balay, Fuchs & Tien, 1998).

Catalytic mechanism

LiP has the same heme and similar active site residues as MnP and the
same catalytic cycle: initial oxidation with H

2
O

2
yields the two-electron

oxidized enzyme (Compound I) with FeIV and a porphyrin cation radical.
Two steps of single-electron reduction restore the enzyme to the native
state (Marquez et al., 1988). Compound II can also react with H

2
O

2
to

form the catalytic dead-end intermediate Compound III, depending on the
relative concentrations of H

2
O

2
to reducing substrate; see Equation 2.4

above (Wariishi et al., 1990; Cai & Tien, 1992). Compound III will either
react with further H

2
O

2
to be destroyed completely, or it will break down

slowly to the native state by as yet unclear mechanisms.
Redox potential, in part, determines whether an aromatic nucleus is a

substrate for LiP. Strong electron-withdrawing groups such as an a-
carbonyl group, or nitro groups on the benzene ring tend to deactivate

35Biochemistry of ligninolytic fungi



Fig. 2.1. The oxidation of lignin or polyaromatic hydrocarbons (PAH)
mediated by veratryl alcohol (VA). The radical VA`. is generated as the
primary product of oxidation of H

2
O

2
catalysed by lignin peroxidase

(LiP).

aromatic nuclei, whereas alkoxy groups tend to activate them. On the
surface of it, LiP would appear to be relatively non-specific towards the
nature of the reductant and will accept electrons, directly, from a broad
range of substrates including sulfides (Baciocchi et al., 2000). However, in
much the same way that MnII is a crucial substrate for MnP, small
dimethoxylated non-phenolic aromatics such as VA or DMB serve as
crucial substrates for LiP (Harvey & Candeias, 1995). The products of the
oxidation of dimethoxylated aromatics are radical cations (Harvey et al.,
1985; Kersten et al., 1985; Schoemaker et al., 1985; Hammel, Kalyanara-
man & Kirk, 1986b). As with phenolic (cation) radicals, they will react
without further enzyme involvement in a variety of different ways depend-
ing on the nature of the reaction conditions and the pattern of substitution
around the aromatic ring. The radical VA`., for example, breaks down by
carbon–hydrogen cleavage to give a carbon-centred radical and, ultimate-
ly, veratraldehyde (Candeias & Harvey, 1995; Bietti et al., 1998). Radical
cations, however, are also able to act as one-electron oxidants themselves,
creating reactive radical cations in secondary substrates by charge transfer
(Harvey, Schoemaker & Palmer, 1986, Harvey et al.,1992) (Fig. 2.1). So,
for example, when the secondary substrates are phenylpropanoid struc-
tures that typify lignin, carbon–carbon and Cb–O-ether side chain cleavage
reactions of the respective radical cations lead to lignin depolymerization
in the secondary substrates. Note that under these circumstances, the
primary oxidant is restored following oxidation of the secondary substrate.

Redox mediation with VA`.

VA is a fungal metabolite produced at the same time as LiP (Lundquist &
Kirk, 1978) and numerous different reactions of the LiP–redox mediator
oxidizing system with VA as the mediator have now been documented for
a broad range of compounds. They include benzo[a]pyrene oxidation
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(Haemmerli et al., 1986); lignin depolymerization (Hammel & Moen, 1991;
Hammel et al., 1993); aromatic ring-opening and ring hydroxylation reac-
tions (Schoemaker, 1990). However, the mechanism by which VA enhan-
ces the catalysis of LiP has been highly contentious (see Valli, Wariishi &
Gold, 1990). In 1986, Harvey et al. proposed that VA`. was generated by
LiP specifically to act as a small diffusible mediator in the process of lignin
oxidation – akin to the MnIII-chelates described above for MnP. On
oxidizing lignin aromatic moieties to radical cations, VA`. was reduced
back to VA. Recognizing the tendency of LiP to form Compound III from
Compound II with substrates that did not form stable radical cations, this
model was later extended. VA was proposed to reduce Compound I and
form a bound Compound II–VA`. intermediate. By forming the Com-
pound II–VA`. intermediate, reduction by a further VA molecule was
facilitated over the alternative reaction of Compound II with H

2
O

2
. On

completion of the catalytic cycle, two VA radical cations were released
(Harvey, Schoemaker & Palmer, 1987b; Harvey et al., 1989; Harvey &
Candeias, 1995). A wealth of data support this model (Gilardi et al., 1990;
Edwards et al., 1993; Candeias & Harvey, 1995; Ambert-Balay et al., 1998;
Bietti et al., 1998; Doyle et al., 1998). The most significant of these, which
has also been the subject of dispute, relates to the rate of decay of VA`.,
since this determines whether or not VA`. is capable of acting as a
diffusible redox mediator. Aust, for example, reported a value of
1.2 × 103 s~1 (Khindaria, Yamazaki & Aust, 1996), implying that VA`.

could not act as a diffusible mediator. However, Candeias & Harvey (1995)
reported that the rate of decay of VA`. is 17 ± 1 s~1 at pH p 5 and this
value has now been confirmed by Bietti et al. (1998). Therefore, depending
on reaction conditions, VA`. would indeed be able to act as a diffusible
redox mediator. The model of Sheng & Gold (1999) may need to be revised
in the light of these data. The ability of VA`. to act as a diffusible mediator
means that, according to the Nernst equation, compounds with a higher
standard redox potential than the VA`./VA couple could also be oxidized
by the LiP–VA system, provided VA`. can be generated in a sufficiently
high (local) concentration. Such seems to be the case for the oxidation of
the dye poly R (Candeias & Harvey, 1995) and isoeugenol (ten Have et al.,
1999). Isoeugenol, for example, has an ionization potential (IP), of 9.0 eV
(ten Have et al., 1999). The IP value gives a measure of the ease with which
one electron is abstracted from the highest occupied molecular orbital. The
IP for VA, by comparison is 8.67 ± 0.06 eV (ten Have et al., 1998, 1999). In
mixed substrate oxidations with VA functioning as a redox mediator,
isoeugenol can now be oxidized (ten Have et al., 1998, 1999).
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Requirement for a pH gradient

The deprotonation reaction of VA`. is induced by OH~ (k =
1.3 × 109 mol l~1 s~1; Bietti et al., 1998). As pointed out by these authors,
this means that for an optimal rate of polymer oxidation catalysed by the
LiP-generated VA`. system, it is important to keep the pH of the enzyme
environment as low as possible, yet maintain a high local pH in the vicinity
of the lignin macromolecule to favour base-induced carbon–carbon frag-
mentation. LiP catalysis prevails over an acid range of pH values (up to pH
4.5) with an optimum at around pH 2.75, the lower limit being dictated by
the opposing tendency for protein precipitation. Many of these wood-
degrading fungi secrete oxalate during secondary metabolism (Dutton et
al., 1993), which may have the desired effect of creating a pH gradient
extending from the fungus (acid), which represents the source of enzyme,
to the polymeric substrate (alkaline). The implications of this analysis are
that for biodegradation purposes, both VA and LiP will be required, as
well as a carefully regulated pH gradient.

Oxygen activation in LiP-catalysed reactions

Activated oxygen species (superoxide anion (O
2
~.); perhydroxyl radical

(HOO.); H
2
O

2
and hydroxyl radical (OH.)) may play a role in the oxida-

tion processes initiated by LiP (see, for example, Forney et al., 1982; Bes,
Ranjeva & Boudet, 1983; Renganathan, Miki & Gold, 1986; Palmer,
Harvey & Schoemaker, 1987). Carbon-centred radicals formed from the
fragmentation of radical cations react with oxygen at a diffusion-limited
rate. Since, during growth of LiP-secreting fungi, an acid environment is
created (Dutton et al., 1993), the appearance of HOO. (pK

!
= 4.8) may be

favoured, depending on the pH value attained. The perhydroxyl radical
has a high standard redox potential (1.5 V/NHE) and could well perpetu-
ate the process of oxidative attack on aromatic structures. It is also able to
dismutate with superoxide (k = 1.5 × 107 M~1 s~1) to provide H

2
O

2
to

drive further peroxidative reactions. Indeed, many examples exist indica-
ting superstoichiometric oxidation by LiP with respect to the initial
amount of H

2
O

2
supplied to start the reaction (Hammel et al., 1985),

either by supplying H
2
O

2
or by forming HOO.. Activated oxygen will also

react with radical cations to bring about aromatic ring-opening (Haem-
merli et al., 1987; Schoemaker, 1990). The ability to catalyse extracellular
aromatic ring-opening reactions without requiring NAD(P)H, which is
needed for the cytochromes P450 or bacterial dioxygenases (Butler &
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Mason, 1997), is likely to be important in the degradation of high-molecu-
lar-weight PAHs.

Oxidation of phenolic compounds

Since the reactivity of LiP towards substrates depends largely on redox
potential, it is to be expected that phenolic compounds will also be oxi-
dized by LiP. Phenolic compounds can be oxidized by the enzyme directly,
or by radical cations such as VA`. generated as products of LiP catalysis.
In mixed substrate experiments with VA and phenolics, the reaction
products lie very strongly in the direction of oxidized phenolics (Harvey &
Palmer, 1990; Harvey et al., 1993; Chung & Aust, 1995a,b). This outcome
mimics the reactivity of MnP or laccase towards phenols and the dissi-
pation of the oxidizing power of LiP with H

2
O

2
. In the absence of

VA, however, reduction of Compound I by phenolics yields an enzyme-
associated phenoxy radical with Compound II, and, unlike the situation
with the VA`.-associated enzyme intermediate, there seems now to be no
kinetic pathway to enable Compound II to be reduced as effectively to the
native state. Consequently, a reaction with H

2
O

2
ensues forming the

catalytically inactive Compound III intermediate of LiP. When LiP was
used to synthesize lignin from phenolic precursors (Sarkanen et al., 1991),
it was supplied in stoichiometric, not catalytic amount with respect to the
phenolic substrate, because of its inactivation when oxidizing phenolic
compounds. A further corollary is that experiments aimed at recovering
active LiP activity from phenolic-containing materials are not generally
successful (see Khazaal et al., 1993; Schutzendubel et al., 1999).

In vivo ‘feedback control’ of the LiP enzyme system by phenolic com-
pounds in conjunction with the phenol-oxidizing activities of other en-
zymes may be biologically relevant in lignin breakdown by the fungus
(Harvey et al., 1993). However, for an enzyme-based technology dealing
with phenolic-containing material and requiring an active (LiP) enzyme
system, it must be ensured that the redox mediator is oxidized instead of
the phenolic compounds. One (technologically complex) solution lies in
compartmentation of the enzyme–redox mediator system away from the
phenolic contaminants. This would have the added advantage of minimiz-
ing the risk of dissipating the unique oxidizing capability of the LiP–redox
mediator system with H

2
O

2
towards non-phenolic compounds.

Enzyme systems

The oxidizing enzyme systems of white rot fungi offer unique opportunities
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for bioremediation of the higher-molecular-weight PAHs by increasing
their bioavailability, water solubility and redox status for subsequent
metabolism. However, from the foregoing analysis, it is clear that success-
fully emulating the action of the extracellular enzymes produced by lig-
ninolytic fungi in an enzyme-based technology will be both expensive and
technically complex, for a number of reasons.

1. LiP and MnP have obligatory requirements for cofactors: MnII

and an organic acid chelator in the case of MnP, and an organic
redox mediator in the case of LiP. Manganese(II) is relatively
abundant, but the organic cofactors will represent a significant
cost to the system.

2. Redox mediators like VA produce radical cations with only a
limited lifetime (17 ± 1 s~1 at pH \ 5) and, in the absence of
redox mediation, they fragment and are lost to the system. They
may need to be continuously replenished.

3. Cosubstrates (e.g. lipids) that activate oxygen and increase the
substrate range of all enzymes might be required, adding a
further cost to the system.

4. A pH gradient may be necessary, extending from the enzyme
(acid) to the PAHs (alkaline).

5. Oxidation of phenolics by LiP would have to be avoided to
prevent enzyme inactivation. This might be achieved by
compartmentation or with combinations of laccase and MnP,
although we do not presently know what amounts of the
different enzymes would make up an optimal mixture. Even in
P. chrysosporium, there are profound differences of expression of
individual lip and mnp genes under different environmental
conditions that currently have no mechanistic explanation
(Bogan et al., 1996b; Janse et al., 1998).

6. Hydrogen peroxide is required for LiP and MnP catalysis. This
compound is highly reactive and toxic and would need to be
supplied at a regulated rate to prevent enzyme inactivation,
either recoverable (Compound III formation) or permanent
(heme destruction). It is impossible to conceive an economically
viable procedure for direct application of this chemical
throughout bulk contaminated soil such that its concentration is
maintained within the range required for peroxidase activity
over periods of months to years. Addition of FAD-containing
oxidases (cellobiose dehydrogenase (Wilson, Hogg & Jones,
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1990), glucose oxidase (Green, 1977)) that reduce O
2

to H
2
O

2
may represent a way forward but would add considerable
complexity to the system.

7. Oxidation of phenolics tends toward their polymerization to
higher-molecular-weight compounds. To prevent
recondensations between phenoxy radicals, further enzyme
mixtures might need to be introduced, for example glucose
oxidase (Green, 1977) cellobiose dehydrogenase (Ander et al.,
1990; Wilson et al., 1990; Samejima & Eriksson, 1991) or VA
oxidase (Marzullo et al., 1995). Many of these reduce quinoids
or radical compounds and may shift the
depolymerization–repolymerization equilibrium towards
degradation, but their inclusion again adds complexity.

8. Addition of oxygen-consuming enzymes, such as laccase,
glucose, cellobiose or VA oxidases, may reduce the supply of
oxygen necessary for aromatic ring opening and ring-activation
reactions.

9. Extracellular turnover is not well characterized for any fungus
(see Wood, 1980), but polluted soils are certain to be a
less-than-optimal environment for maintenance of any enzyme
activity.

Implications for bioremediation strategies: biofarming

There is much work devoted to the development of enzyme-based bio-
remediation processes, particularly for the more water-soluble pollutants
(discussed in detail for laccase in Gianfreda et al., 1999). If, however,
bioremediation of large-scale pollution such as former sites of coal gas
production is to be practicable, it is unlikely that enzyme technology will
be competitive with whole organism-based methods. Specifically, we pre-
dict that the use of fungi expressing a complete ligninolytic system will be
the most effective enhancer of PAH removal from contaminated soil.
Already there are good indications for this approach, with sequential
breakdown by white rot fungi followed by indigenous bacteria being
advocated as a method for effective PAH bioremediation (Meulenberg et
al., 1997). The process will be a ‘biofarming’ procedure and involve digging
up the contaminated soil so that it can be mixed with organism(s) and
substrate(s). White rot fungi normally express ligninolysis in wood, so
these organisms will need to be introduced as inocula into a contaminated
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site. The mixture will have to support ligninolytic growth of the fungus and
will probably require the presence of a solid substrate such as straw, wood
chips/dust or a compost of some sort, although the use of a soluble humic
fraction, (as can be isolated from compost; Smith, 1994), deserves further
study. Solid substrates such as straw or wood chips may also be advantage-
ous as a means to distribute fungal inoculum evenly in large volumes of
soil. Consideration will need to be given to extant PAH-degrading soil
microorganisms that antagonize fungal growth by antibiotic production
or by competition for nutrients (Tucker et al., 1995), and vice versa, if a
synergistic outcome between white rot fungi and soil microorganisms is to
be attained (Gramss, Voigt & Kirsche, 1999). It should be noted that some
seminal experiments have already been conducted in this area by Lamar
and his colleagues (Lamar & Dietrich, 1992; Lamar, Evans & Glaser, 1993)
and there are also studies on bioremediation of PAH-treated wood
(Majcherczyk & Hutterman, 1998) and related soil contamination
(Borazjani & Diehl, 1998)

Control of expression of the laccase and peroxidase genes: how to
keep the necessary genes turned on

The control of expression of the genes for ligninolytic enzymes is yet
another aspect of the problem that must influence conditions for efficient
PAH removal. In P. chrysosporium, the induction of LiP activity and MnP
activity in laboratory cultures is typically achieved by stressing cultures
that have grown up with glucose as the carbon source (see Leisola, Thanei-
Wyss & Fiechter, 1985b). The stress usually involves exposure to a pure
oxygen atmosphere under conditions of nutrient (either nitrogen or car-
bon) starvation. Studies using cellulose as the carbon source, however,
have indicated that freely available glucose at the outset of spore germina-
tion is sufficient to switch oxidative metabolism completely away from that
participating in ligninolysis (Zacchi et al., 2000a; Zacchi, Morris &
Harvey, 2000b; Zacchi, Palmer & Harvey, 2000c). Cultures maintained on
free glucose, even under so-called ‘carbon-limited conditions’, contained
severely impaired mitochondria and used anaerobic metabolism for ATP
synthesis. In the absence of freely available glucose, cultures did not need
to be exposed to a pure oxygen atmosphere to express the ligninolytic
system and retained functional mitochondria (Zacchi et al., 2000c). The
practice of cultivating cultures on glucose-containing medium has led to
the commonly held misconception that peroxidase induction and lignin
degradation are ‘idiophasic’ or part of secondary metabolism. These pro-
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cesses are subject to catabolite repression, being switched off by high
concentrations of readily metabolizable carbon source, but this has no
relevance to the normal habitat of these fungi (dead wood is effectively
glucose free; Cote, 1977). It will, however, have relevance in considering
the nature of any amendments that are made to the contaminated site, and
microbial communities that effectively remove free glucose may, therefore,
play a key role in permitting expression of the ligninolytic system and
consequent xenobiotic degradation. By the same token, in many white rot
fungi, laccases are only secreted at high levels in laboratory cultures if
induced with compounds such as 2,5-xylidine, although there is a wide
variation in their behaviour in respect to laccase control (Gianfreda et al.,
1999). When white rot fungi degrade wood or leaf litter, however, they
secrete the necessary enzymes along with the necessary co-substrates and
other factors, and this would suggest that fungi growing on a lignocellulose
substrate would be suitable for PAH removal, but quite possibly not
optimal. If the regulation of gene expression for ligninolytic enzymes is to
be changed, it is likely that this will be done by gene engineering as none of
the white rot fungi have facile conventional genetic systems. This, in turn,
will require careful handling if the necessary regulatory hurdles are to be
crossed. Obtaining permissions for release of such manipulated organisms
should not be an insuperable problem as (i) the intention of environmental
clean-up is generally popular, (ii) the manipulated organisms would be
most unlikely to degrade wood faster than existing organisms (which have
the benefit of millions of years of evolution), and (iii) changing the levels of
secretion of extracellular enzymes does not allow some of the wilder
scenarios claimed for recombinants containing genes specifying products
from other organisms. It would, nevertheless, be highly desirable to set up
procedures for gene engineering that were not dependent on antibiotic
selection systems.

Conclusions

Wood-degrading white rot fungi show remarkable versatility in being able
to degrade a wide spectrum of recalcitrant organopollutants. They are in
possession of extracellular oxidizing enzyme systems that will increase the
bioavailability, water solubility, and redox status of PAHs in preparation
for their subsequent metabolism. Enzyme technology, however, is unlikely
to be competitive with whole organism-based methods. Current limita-
tions to the widespread use of white rot fungi in bioremediation include a
full understanding of factors that regulate expression of the ligninolytic
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system and much remains to be achieved. However, the development of
a technology that employs lignin-degrading fungi to remediate soils is
promising.
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3
Bioremediation potential of white rot
fungi
C. ADINARAYANA REDDY
AND ZACHARIA MATHEW

Introduction

Environmental pollutants are a serious concern worldwide because of the
hazards they pose to the health of humans and animals. An estimated 80
billion pounds of hazardous organopollutants are produced annually by
the chemical, agricultural, oil, paper, textile, aerospace, and other indus-
tries in the USA alone (Aust, 1990). Only about 10% of these wastes are
believed to be disposed of in an environmentally safe manner (EPA, 1988;
Fernando & Aust, 1994). Traditional methods of disposing of hazardous
wastes (physical, chemical, and thermal treatments and land filling) have
not always been efficacious. It has been estimated that it costs about one
trillion dollars to decontaminate toxic waste sites in the USA alone using
traditional waste disposal methods (Barr & Aust, 1994). Considering these
staggering costs for cleaning up the environment, an alternative, rapid,
efficacious and cost-effective method is needed. One method that has
become increasingly popular for decontamination of the environment has
been bioremediation. The use of indigenous or suitable introduced micro-
organisms at contamination sites often provides an efficient and economi-
cally attractive solution to the pollution problem. One of the early reports
indicated that lignin-degrading white rot fungi, as exemplified by
Phanerochaete chrysosporium, can degrade an extremely diverse group of
environmental pollutants (Bumpus et al., 1985). Since then, there has been
intense worldwide research to unravel the potential of white rot fungi in
bioremediation. This ability of white rot fungi to degrade a wide spectrum
of environmental pollutants sets them apart from many other microbes
used in bioremediation.

In order to understand the non-specific ability of white rot fungi to
degrade a wide variety of pollutants, one should consider their ecological
niche. White rot fungi are wood-degrading basidiomycetes and are among
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the most active degraders of lignin, the key structural polymer of woody
plants. Lignin is a highly complex, three-dimensional, amorphous, hetero-
polymer and consists of phenylpropanoid monomer units that are ran-
domly linked to each other in a variety of C–C and C–O linkages. Further-
more, the chiral carbons in lignin occur in both  and  configurations.
Therefore, lignin is one of the most difficult biopolymers to be degraded by
microbial enzymes. The complexity of the lignin polymer and its
stereochemical irregularity results, at least in part, from the free radical
mechanism of lignin synthesis seen in woody plants (Kirk & Farrell, 1987;
Boominathan & Reddy, 1992; Barr & Aust, 1994). It has been hy-
pothesized, therefore, that lignin degradation must also involve a non-
specific and non-stereoselective mechanism. Extensive research since the
early 1980s has shown that the white rot fungi have developed unique
non-specific enzyme systems with the ability to attack not only lignin but
also a broad spectrum of halogenated and non-halogenated aromatic
compounds as well as some non-aromatic organopollutants (Table 3.1).
Even complex mixtures of pollutants such as Aroclors are degraded effi-
ciently by white rot fungi (Reddy, 1995).

White rot fungi offer a number of advantages for use in bioremediation.
The key enzymes of the lignin degradation system (LDS) are extracellular,
obviating the need to internalize the substrates and allowing substrates of
low solubility to be oxidized. Furthermore, the extracellular enzyme sys-
tem of the white rot fungi enables these organisms to tolerate a relatively
higher concentration of toxic pollutants than would otherwise be possible.
White rot fungi catalyse degradation of lignin as well as pollutants using a
non-specific free radical mechanism and are, therefore, capable of degrad-
ing a wide variety of pollutants. The constitutive nature of the key enzymes
involved in the LDS obviates the need (in most cases) for these organisms
to be adapted to the chemical being degraded. White rot fungi are also
ubiquitous in nature. Although they degrade lignin, they cannot utilize it
as a source of energy for growth and instead require cosubstrates such as
cellulose or other carbon sources. The preferred substrates for growth of
white rot fungi in nature are lignocellulosic substrates. Therefore, inexpen-
sive lignocellulosics such as corn cobs, straw, peanut shells and sawdust
can be added as nutrients to the contaminated sites to obtain enhanced
degradation of pollutants by these organisms. Finally, white rot fungi
grow by hyphal extension and thus can reach pollutants in the soil in ways
that other organisms cannot. This chapter deals mostly with the bi-
oremediation potential of P. chrysosporium, which has been extensively
studied as the model organism for bioremediation, and only briefly with
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Table 3.1. Environmental pollutants degraded by white rot fungi

Type Examples

Polycyclic aromatic hydrocarbons Anthracene, 2-methyl anthracene, 9-methyl
anthracene, benzo[a]pyrene, fluorene,
naphthalene, acenaphthene,
acenaphthylene, phenanthrene, pyrene,
biphenylene

Chlorinated aromatic compounds Chlorophenols (e.g, pentachlorophenols
(PCP), trichlorophenols (TCP), and
dichlorophenols (DCP)); chlorolignols,
2,4-dichlorophenoxyacetic acid (2,4-D),
2,4,5-trichlorophenoxyacetic acid (2,4,5-T),
polychlorinated biphenyls (PCBs), dioxins,
Chlorobenzenes

Dyes Azure B, Congo Red , Disperse Yellow 3
(DY3), Orange II, Poly R, Reactive Black
5, Reactive Orange 96, Reactive Violet 5,
Remazol Brilliant Blue R (RBBR), Solvent
yellow 14, Tropaeolin

Nitroaromatics TNT (2,4,6-trinitrotoluene),
2,4-dinitrotoluene,
2-amino-4,6-dinitrotoluene,
1-chloro-2,4-dinitrobenzene,
2,4-dichloro-1-nitrobenzene,
1,3-dinitrobenzene

Pesticides Alachlor, Aldrin, Chlordane,
1,1,1-trichloro-2,2-bis(4-
chlorophenyl)ethane (DDT), Heptachlor,
Lindane, Mirex, Atrazine

Other environmental pollutants Benzene, toluene, ethylbenzene, o-, m-,
p-xylenes (BTEX compounds), linear
alkylbenzene sulfonate (LAS),
trichloroethylene

the other white rot fungi. There have been several recent reviews on
bioremediation by white rot fungi (Hammel, 1992; Lamar, 1992; Bumpus,
1993; Barr & Aust, 1994; Fernando & Aust, 1994; Crawford, 1995; Reddy,
1995).

Lignin-degrading enzymes

The (LDS) of white rot fungi consists of a battery of enzymes that catalyse
oxidation of xenobiotics in addition to their ability to degrade lignin. The
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LDS cleaves the carbon–carbon and carbon–oxygen bonds of the lignin
molecule regardless of the chiral conformations of the lignin molecule
(Fernando & Aust, 1994). This manner of bond fission may result partially
from the free radical mechanism of lignin degradation employed by white
rot fungi (Kirk & Farrell, 1987; Aust, 1990; Boominathan & Reddy, 1992;
Fernando & Aust, 1994). In addition, free radical species generated during
the degradation process (of either lignin or organopollutants) may serve as
secondary oxidants, which may, in turn, mediate the oxidation of other
compounds away from the active sites of the enzymes (Barr & Aust, 1994).
Nitrogen deficiency was observed to initiate the degradation of lignin,
while nitrogen-rich cultures suppressed the degradation of pollutants by
P. chrysosporium (Bumpus et al., 1985; Barr & Aust, 1994; Reddy, 1995).

LDS in P. chrysosporium is expressed during secondary metabolism in
response to starvation for nutrients such as nitrogen and carbon. Lig-
ninolytic peroxidases, which are believed to be involved in lignin degra-
dation by this organism, are completely suppressed in media containing
high levels of nitrogen or carbon. The three major families of lignin-
modifying enzymes (LMEs) that are believed to be involved in lignin
degradation are laccases, lignin peroxidases (LiPs) and manganese-de-
pendent peroxidases (MnPs). Some white rot fungi produce all three
classes of LME while the others produce different combinations of the
three. Important physiological and biochemical features of LMEs have
been reviewed (Cullen & Kersten, 1992; Reddy, 1993; Reddy & D’Souza,
1994; Thurston, 1994).

Laccase (benzenediol:oxygen oxidoreductase, EC 1.10.3.2) of white rot
fungi is a glycosylated copper-containing enzyme that catalyses the four-
electron reduction of dioxygen to water by substrate molecules of phen-
olic origin without the generation of H

2
O

2
. Besides phenolic compounds

they also can attack non-phenolic aromatics with high redox potentials in
the presence of small aromatic compounds such as 2,2@-azinobis(-3-ethyl-
benz-thiazoline-6-sulfonic acid) (Hatakka, 1994; Thurston, 1994).

LiPs (EC 1.11.1.7) are extracellular, glycosylated heme proteins that
catalyse H

2
O

2
-dependent one-electron oxidation of lignin-related aro-

matic compounds to aryl cation radicals, leading to a variety of end
products through non-enzymic reactions. LiPs have a higher redox poten-
tial than do most peroxidases and appear to oxidize a greater range of
chemicals than many other peroxidases. MnPs (EC 1.11.1.7) are extracel-
lular glycosylated heme proteins that catalyse H

2
O

2
-dependent oxidation

of Mn2̀ to Mn3̀ . It is the Mn3̀ state of the enzyme that actually mediates
the oxidation of phenolic substrates, while non-phenolic compounds are
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oxidized via cation radicals (Kirk & Farrell, 1987; Hammel, 1992; Barr &
Aust, 1994; Reddy and D’Souza, 1994).

It is important to realize that the key step in lignin degradation by
laccase or the ligninolytic peroxidases (LiP and MnP) involves the forma-
tion of free radical intermediates, which are formed when one electron is
removed or added to the ground state of a chemical. Such free radicals are
highly reactive and rapidly give up or abstract an electron from another
chemical. This free radical mechanism provides the basis for the non-
specific nature of degradation of a variety of structurally diverse pollutants
(Barr & Aust, 1994).

X-ray crystallographic structures of LiP and MnP from P. chrysos-
porium have been determined (reviewed in Reddy, 1995). LiP, similar to
cytochrome c peroxidase, was shown to have histidine as the proximal
ligand that accepts a proton from H

2
O

2
while the distal arginine facilitates

oxygen–oxygen bond cleavage. These studies further revealed close struc-
tural similarities between the LiPs and MnPs except that MnP had five
disulfide bonds rather than the four disulfide bonds seen in LiP. A new
cation binding site has also been located in MnP.

The lip, mnp and laccase gene families from a variety of white rot fungi
have been cloned and sequenced (Cullen & Kersten, 1992; Gold & Alic,
1993; Reddy & D’Souza, 1994; Mansur et al., 1997). Both LiP and MnP
are regulated at the mRNA level by nitrogen. In P. chrysosporium, the gene
transcription of MnPs is also regulated by Mn2̀ and by heat shock (Gold
& Alic, 1993). Both homologous and heterologous expression of lip and
mnp have been reported (Gold & Alic, 1993; Mayfield et al., 1994; Reddy &
D’Souza, 1994).

Polycyclic aromatic hydrocarbons

Polycyclic aromatic hydrocarbons (PAHs) are widespread, hazardous en-
vironmental pollutants that are released into the air, soil, water and marine
environments by the burning of fossil fuels and wood, coal mining and oil
drilling (Fernando & Aust, 1994). Several of these PAHs are mutagenic
and carcinogenic (Zhang & Jenssen, 1994; Clonfero et al., 1996). At least
22 of the PAHs undergo 70–100% breakdown in 27 days in nitrogen-
limited cultures of P. chrysosporium. Earlier studies have also demon-
strated that some PAHs, such as benzo[a]pyrene, benz[a]anthracene,
anthracene, pyrene and perylene, are directly oxidized by the LiPs of
P. chrysosporium to quinone-type products (Reddy, 1995). Purified LiP of
P. chrysosporium oxidizes PAHs to corresponding quinones (Haemmerli
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et al., 1986; Hammel, Kalyanaraman & Kirk, 1986). Both ligninolytic and
non-ligninolytic cultures of P. chrysosporium degraded radiolabelled
phenathrene to 14CO

2
, suggesting that the ligninolytic enzymes as well as

other non-ligninolytic enzymes may also be involved in the degradation
pathway (Sutherland et al., 1991; Dhawale, Dhawale & Dean-Ross, 1992;
Hammel et al., 1992; Sutherland, 1992). In nitrogen-limited cultures of
Phanerochaete laevis, both MnPs and laccases were synthesized but no LiP
was detected (Bogan & Lamar, 1996).

Several white rot fungi have been reported to degrade anthracene (Vyas
et al., 1994). The predominant ligninolytic enzyme produced during the
degradation of anthracene and benzo[a]pyrene by P. laevis was reported to
be MnP (Bogan & Lamar, 1996). The MnP levels in P. laevis were stimu-
lated by Mn2̀ in the culture medium. In vitro, the MnPs were shown to
produce small amounts of quinones as intermediates in the degradation of
anthracene and benzo[a]pyrene (Bogan & Lamar, 1996). The laccase from
Coriolopsis gallica has been shown to be involved in the oxidation of
benzo[a]pyrene, 9-methylanthracene, 2-methylanthracene, anthracene,
biphenylene, acenaphthene and phenanthrene (Pickard et al., 1999).
Laccases of Trametes versicolor have also been shown to carry out the
oxidation of the PAHs, acenaphthene, acenaphthylene, anthracene and
fluorene, mediated by small-molecular-weight aromatic compounds such
as phenol, aniline and 4-hydroxybenzyl alcohol (Johannes & Majcherczyk,
2000). Mediators such as 2,2@-azinobis(3-ethylbenzthiazoline-6-sulfonic
acid) (ABTS) and 1-hydroxybenzotriazole mediate the transformation of
anthracene by laccase of T. versicolor (Johannes, Majcherczyk & Hutter-
man, 1996). Laccases are also capable of degrading phenathrene to give
phenathrene-9,10-quinone and 2,2@-diphenic acid as the major products
(Bohmer, Messner & Srebotnik, 1998). Two- to fivefold augmentation of
degradation of anthracene, pyrene, and benzo[a]pyrene in the presence of
non-ionic surfactants such as Tween 80 by Bjerkandera sp. suggested the
possibilities for further optimization to obtain enhanced degradation of
pollutants by white rot fungi (Kotterman, Rietberg & Field, 1998).

Bjerkandera sp. strain BOS55 removed 38.5% of benzo[a]pyrene from
soil after 56 days of incubation (Field et al., 1994). However, the an-
thracene biodegradation rate was not repressed by nitrogen levels when
Bjerkandera sp. BOS55 was grown on a glucose-BII medium (Field et al.,
1994). The ability of P. chrysosporium to degrade PAHs has led to its
application in the treatment of coal- and creosote-contaminated soils
supplemented with wood chips, corn cobs or sawdust (Reddy, 1995). The
PAH constituents were reduced after treatment to 10–20% of the original
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levels (Reddy, 1995). However, field-scale experiments in which PAH-
contaminated soils were mixed with corn cobs, sawdust or bark chips and
heavily inoculated with P. chrysosporium (10–30% w/w), did not show
significant changes in the concentration of PAHs. Various studies have
shown practical difficulties in bioremediation by white rot fungi because of
the competition offered by indigenous organisms in the soil being treated
and the difficulty in growing the fungi to sufficient biomass (Reddy, 1995).
Indigenous soil bacteria have been known to antagonize the growth of
P. chrysosporium depending on the pH and the nitrogen/carbon sources
available (Radtke, Cook & Anderson, 1994). Detection and monitoring
the growth of fungi in soils by a polymerase chain reaction (PCR) pro-
cedure may well prove to be useful in assessing the survival of the fungus
applied to the contaminated soil and in deducing its relative contribution
to bioremediation in soil (Johnston & Aust, 1994).

Dioxins

The halogenated dioxins and dioxin-like compounds, for example poly-
chlorinated dibenzo-p-dioxins (PCDD), polychlorinated dibenzofurans
(PCDF) and polychlorinated diphenyl ethers (PCDE), are released in the
environment in the form of paper mill effluents, ash formed from combus-
tion processes and as contaminants of chemicals such as chlorophenols.
They are relatively chemically stable, lipophilic in nature and highly toxic
when released into the environment (Valli et al., 1992a; Witiich, 1998). A
multistep pathway for the degradation of 2,7-dichlorodibenzo-dioxin in-
volving LiP and MnP in P. chrysosporium has been proposed (Valli,
Wariishi & Gold, 1992b). In the first step, 2,7-dichlorobenzo-p-dioxin is
oxidatively cleaved, catalysed by LiP, to yield 4-chloro-1,2-benzo-
quinone, 2-hydroxy-1,4-benzoquinone and chloride. Then 4-chloro-1,2-
benzoquinone is reduced to 1-chloro-3,4-dihydroxybenzene, followed by
the methylation of the latter intermediate to yield 1-chloro-3,4-dimethoxy-
benzene. This product, in turn, is oxidized to produce 2-methoxy-1,4-
benzoquinone and chloride. The intermediate product 2-methoxy-1,4-
benzoquinone is reduced to 2-methoxy-1,4-dihydroxybenzene by LiP. In
the succeeding step, 2-methoxy-1,4-dihydroxybenzene is further oxidized
to yield 4-hydroxy-1,2-benzoquinone, to be reduced later to yield 1,2,4-
trihydroxybenzene by LiP or MnP. The product of reduction of 2-hy-
droxy-1,4-benzoquinone, one of the early intermediates, is also 1,2,4-
trihydroxybenzene. This key intermediate is converted to b-ketoadipic
acid after reduction and ring cleavage (Valli et al., 1992b). Up to
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60% degradation of 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD) by
Phanerochaete sordida has also been reported (Takada et al., 1996).

Polychlorinated biphenyls

Because of their thermal and electrical properties, polychlorinated bi-
phenyls (PCBs) were used at one time in dielectric fluids, heat-transfer
fluids, hydraulic fluids, flame retardants, adhesives, solvent extenders,
textiles and printing (Robinson & Lenn, 1994). PCBs are marketed as
complex mixtures under the trade names of Aroclor, Clophen and Delor.
Three of the commonly used Aroclors are 1242, 1254, and 1260, which
contain 42, 54 and 60% chlorine by weight with an average of 3, 5, and 6
chlorine atoms per biphenyl molecule. The inherent chemical inertness,
owing to a stable molecular structure and hydrophobicity, and the pres-
ence of a mixture of a large number of congeners in the commercially
available PCBs is at the heart of the problem of their low biodegradation in
ecosystems and persistence in the environment (Robinson & Lenn, 1994).
Mutagenic effects of PCBs in rodents are well known (Robinson & Lenn,
1994). There is a great deal more known about bacterial degradation than
about fungal degradation of PCBs. The extent of degradation of PCBs by
basidiomycetes seems to be dependent on the level of chlorination and the
fungal strains employed. For instance, Aspergillus niger has been shown
to dechlorinate Aroclor 1242 efficiently but not 1254 from contaminated
soils (Murado, Tejedor & Baluja, 1976). The degradation of PCBs by P.
chrysosporium decreases in the following order: biphenyl (23%), 2-chloro-
biphenyl (16%), 2,2@,4,4@-tetrachlorobiphenyl (TeCB) (10%) (Thomas,
Carlswell & Georgiou, 1992). P. chrysosporium was shown to degrade 11%
of 4,4@-dichlorobiphenyl (DCB) and 10% of 2,2@,4,4@-tetrachlorobiphenyl
but only negligible amounts of 3,3@,4,4@-tetrachlorobiphenyl; this further
supported the idea that degradation of PCB congeners is dependent on the
chlorine substitution pattern on the biphenyl ring (Dietrich, Hickey &
Lamar, 1995). P. chrysosporium, Coriolopsis polyzona and T. versicolor,
respectively, caused 25, 41 and 50% degradation of the PCBs present in a
commercial Delor 106 mixture (Novotny et al., 1997). Yadav et al. (1995a)
reported 82, 31, and 18% degradation, respectively, of Aroclor 1242, 1254
and 1260 by P chrysosporium. Degradation of Aroclor reported by Yadav
et al. (1995a) is particularly significant because this was the first conclusive
demonstration of substantial degradation of Aroclor 1260 by a fungus in
pure culture. Congeners with varying numbers of o-, m- and p-chlorines
were extensively degraded, indicating relative non-specificity for the
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position of chlorine substitutions on the biphenyl ring. In addition, degra-
dation does not require induction by biphenyl and occurs in high nitrogen
or malt-extract media, in which LiPs and MnPs are not known to be
produced. Further studies showed that 4-chlorobenzoic acid and 4-chloro-
benzoyl alcohol were metabolic intermediates in the PCB degradation
pathway of P. chrysosporium (Dietrich et al., 1995).

Other white rot fungi such as T. versicolor and Pleurotus ostreatus were
also shown to degrade more than 95% of the mono- and dichlorobiphenyls
added to cultures (Zeddel, Majcherczyk & Hutterman, 1993) but few other
details are available. Bjerkandera adusta, P. ostreatus and T. versicolor were
shown to be more efficient than P. chrysosporium in degrading six PCB
congeners: 2,3-DCB, 4,4@-DCB, 2,4@,5@-TCB, 2,2@4,4@-TeCB, 2,2@,5,5@-
TeCB, and 2,2@,4,4@,5,5@-hexachlorobiphenyl (Beaudette et al., 1998).
Clearly, more work needs to be done regarding the biochemistry of the PCB
degradation pathway, identification of the enzymes involved, and optimiz-
ation of the culture conditions to obtain enhanced degradation of PCBs.

Chlorophenols

Chlorophenols over the years have been generated for applications in
agriculture and are important constituents of paper-mill effluents (Huynh
et al., 1985; Aust, 1990). Large-scale use of pentachlorophenol (PCP) as a
wood preservative and as a fungicide/herbicide has led to the contamina-
tion of terrestrial and aquatic ecosystems and it is one of the priority
pollutants listed by the US Environmental Protection Agency (EPA,
1988). A number of studies have shown that PCP is rapidly degraded by
P. chrysosporium under nitrogen-limiting secondary metabolic conditions
(i.e. ligninolytic conditions) while degradation was inhibited in high-nitro-
gen media (i.e. non-ligninolytic conditions), suggesting the involvement of
LDS in PCP degradation by P. chrysosporium (Mileski et al., 1988). PCP
degradation of 20–50% was reported in nitrogen-limited static cultures
(Reddy, 1995). Subsequent studies by Reddy & Gold (2000) showed that
PCP degradation is initiated by a LiP- or MnP-catalysed oxidative de-
chlorination reaction to produce tetrachloro-1,4-benzoquinone (TCBQ).
The quinone was further reduced to tetrachlorodihydrobenzene (TCDB),
which undergoes successive dechlorinations to produce 1,4-hydroquinone.
This was hydroxylated to form 1,2,4-trihydroxybenzene (THB). In an
alternative pathway, TCBQ can undergo enzymic or non-enzymic conver-
sion to produce 2,3,5-trichlorotrihydroxybenzene (TCTB), which under-
goes successive reductive dechlorinations to produce THB. Presumably
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THB undergoes ring cleavage with subsequent degradation to produce
carbon dioxide. Reddy & Gold (1999) also showed that tetrachloro-1,4-
hydroquinone (TCHQ) is dechlorinated to trichlorohydroxyquinone by
cell extracts of P. chrysosporium. T. versicolor cultures grown under condi-
tions conducive for laccase production, but with no detectable LiP,
catalysed degradation of PCP (Ricotta, Unz & Bollag, 1996). Addition of
purified extracellular laccase to such cultures enhanced PCP breakdown in
the first few days of incubation. These studies clearly established a role for
laccase in the degradation of PCP and possibly other chlorophenols.

The pathway for degradation of 2,4,6-trichlorophenol (TCP) by
P. chrysosporium has also been elucidated (Joshi & Gold, 1993; Ar-
menante, Pal & Lewandowski, 1994). Degradation of TCP was shown to
involve cycles of peroxidase-catalysed oxidative dechlorination reactions
followed by quinone reduction reactions to yield the key intermediate
1,2,4,5-tetrahydroxybenzene, which undergoes further degradation to car-
bon dioxide. It is noteworthy that in the proposed pathway all the three
chlorines of TCP are removed prior to ring cleavage. 2,4-Dichlorophenol
(DCP), 2,4,5-trichlorophenol and TCP were all oxidized by P. chrysos-
porium to give the corresponding 1,4-benzoquinones (Hammel, 1992).
Valli and Gold (1991) showed that DCP degradation by P. chrysosporium
involved LiP and MnP not only in the initial oxidation of DCP but also at
multiple stages in the pathway.

Several species of Phanerochaete are moderately sensitive to PCP
(Lamar, Larsen & Kirk, 1990). P. sordida and P. chrysosporium were able
to grow at 25 ppm PCP with lower growth rates compared with those in
media containing 5 ppm PCP (Lamar et al., 1990). Comparison of the
toxicity of PCP to several Phanerochaete species and selected other white
rot fungi showed that T. versicolor was the fastest growing species that
remained viable at high levels of PCP (40 mg l~1). It was reported that
there was enhanced production of laccases by T. versicolor in the presence
of 2-chlorophenol (Grey, Hofer & Schlosser, 1998). When T. versicolor
was grown in wheat straw cultures, over 40% of the added [14C]-DCP and
[14C]-PCP was broken down to 14CO

2
(Fahr et al., 1999). Immobilizing

P. chrysosporium on porous polystyrene–divinylbenzene carriers resulted
in increased production of LiP by both batch and repeated batch shake
cultures of this organism (Ruckenstein & Wang, 1994). Immobilized
spores exhibited a higher activity than immobilized 1-day-old mycelial
pellets in the degradation of 2-chlorophenol (Ruckenstein & Wang, 1994).

In the early field studies where soil was augmented with peat as a source
of carbon, PCP was 88–91% depleted (reviewed in Reddy, 1995). While
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most of the PCP was converted to non-extractable soil-bound products,
only a small amount of the PCP was degraded. In PCP-contaminated soils
inoculated with Lentinula edodes, there was 99% biotransformation of
PCP within 10 weeks, with the depletion occurring rapidly in the first 4
weeks and declining thereafter (Okeke et al., 1997). The biotransformation
of PCP by L. edodes when competing with indigenous soil microorganisms
was markedly lower ( \ 50%). During the rapid degradation of PCP,
production of laccases and MnPs was maximal (Okeke et al., 1997). Ten
weeks after inoculation, both PCP and pentachloroanisole were almost
completely degraded in monocultures of L. edodes. Pentachloroanisole, an
intermediate in the degradation of PCP, as well as other chloroanisoles
have also been shown to be toxic pollutants (Kennedy, Aust & Bumpus,
1990; Okeke et al., 1993, 1994).

The above studies form the basis for further studies on bioremediation
of chlorophenols by white rot fungi. These include selection of the appro-
priate strains, selection of suitable inocula, optimization of the growth
parameters in accordance with peak enzyme production, estimation of the
tolerance of the fungus and the toxicity of the chlorophenol, and the levels
of degradation of the chlorophenol.

Nitroaromatics

Nitroaromatics are used in the manufacture of explosives, pesticides,
pharmaceuticals, dyes and plastics and are often found in ground water
and soil near production sites. Nitrotoluenes and residues of related ex-
plosives are common pollutants at a number of military facilities. Some of
the nitroaromatics are highly toxic while a few others are carcinogens or
mutagens (Crawford, 1995). Regular exposure to TNT (2,4,6-trinitrotolu-
ene) was shown to cause liver damage and anaemia in workers. P. chrysos-
porium has been shown to degrade 2,4-dinitrotoluene by a proposed
pathway involving oxidative, reductive and methyl transfer reactions
(Valli et al., 1992a). P. chrysosporium was also shown to degrade 30 to 50%
of added TNT, a highly oxidized compound compared with many other
environmental pollutants, when the TNT concentration was less than
20 mg l~1 (Fernando, Bumpus & Aust, 1990). Higher concentrations of
TNT affected its degradation and intermediates such as 2-hydroxylamino-
4,6-dinitrotoluene, 4-hydroxylamino-2,6-dinitrotoluene and 4-hydroxyl-
amino-4,6-dinitrotoluene accumulated; these intermediates, not TNT
itself, inhibited TNT degradation (Fernando & Aust, 1994; Barr & Aust,
1994). Addition of TNT to ligninolytic cultures resulted in the disappear-
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ance of LiP activity (Valli et al., 1992a), which was shown also to be an
effect of metabolites not TNT itself: such as 2-hydroxylamino-4,6-dinit-
rotoluene and 4-hydroxyl amino-2,6-dinitrotoluene 2-aminodinitro-
toluene or 4-aminodinitrotoluene were also not inhibitory to LiP (Bumpus
& Tatarko, 1994; Michels & Gottschalk, 1994). The involvement of an
aromatic nitroreductase in the catalytic reduction of nitro groups of 1,3-
dinitrobenzene, 2,4-dinitrotoluene, 2,4,6-trinitrotoluene, 1-chloro-2,4-
dinitrobenzene and 2,4-dichloro-1-nitrobenzene, converting them to their
corresponding hydroxylamino or amino congeners, has also been reported
(Rieble, Joshi & Gold, 1994). Studies with P. chrysosporium have further
demonstrated the occurrence of degradation of TNT in agitated cultures
as opposed to stationary cultures if TNT was added at the beginning
instead of after 6 days (Hawari et al., 1999). In this study, MnP from
P. chrysosporium was shown to appear almost immediately after the
disappearance of TNT. These results further suggest that TNT inhibits
MnP production and that MnP is not necessarily important for TNT
degradation in this organism.

Among other white rot fungi, Phlebia radiata was shown to degrade
TNT and 2-amino-4,6-dinitrotoluenes (22% and 76%, respectively), sug-
gesting the potential of this fungus for use in bioremediation of munitions-
contaminated sites (Van et al., 1999). P. ostreatus and T. versicolor have
also been reported to degrade TNT in solid-state systems (Majcherczyk,
Zeddel & Huttermann, 1994). A wider search for other TNT-degrading
white rot fungi may provide more efficient strains that, unlike P. chrysos-
porium, are not inhibited by intermediary metabolites in the nitroaromatic
degradation pathway. An MnP from Nematoloma frowardii has been
implicated in the degradation of uniformly ring-labelled [14C]-2-amino-
4,6-dinitrotoluene to 14CO

2
, in the presence of reduced glutathione

(Scheibner, Hofrichter & Fritsche, 1997). Glutathione and -cysteine en-
hanced the degradation of TNT by Nematoloma frowardii (Scheibner &
Hofrichter, 1998).

Dyes

Synthetic dyes (azo dyes, anthraquinone dyes, triarylmethane dyes and
phthalocyanine dyes) are widely used in textile dyeing, paper printing,
colour photography and in petroleum products. These industrial dyes are
released into the environment primarily from dye-manufacturing and
dye-using industries. It has been estimated that approximately 10–15% of
the dyes produced end up in the industrial effluents (Spadaro, Gold &
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Renganathan, 1992). Azo dyes are the predominant group and account for
50% of all the industrial dyes produced worldwide. Azo dyes and several
other groups of dyes are recalcitrant to conventional wastewater treat-
ments and persist in the environment. Azo dyes are reduced in mammals to
carcinogenic aromatics, which are oxidized to N-hydroxy derivatives and
finally give rise to electrophiles capable of forming covalent linkages with
DNA amines.

P. chrysosporium has been reported to decolorize azo dyes Congo Red,
Orange II and Tropaeolin (Cripps, Bumpus & Aust, 1990). Crude LiP
decolorized all the dyes tested except Congo Red, suggesting the involve-
ment of enzymes other than LiP in the degradation of that dye
(Cripps et al., 1990). The azo dyes 4-phenylazophenol, 4-phenylazo-2-
methoxyphenol, Disperse Yellow 3 (DY3; 2-(4@-acetamidophenylazo)-4-
methylphenol), 4-phenylazoaniline, N,N-dimethyl-4-phenylazoaniline,
Disperse Orange 3 (4-(4@-nitrophenylazo)-aniline), and Solvent Yellow 14
(1-phenylazo-2-naphthol) were extensively degraded by P. chrysosporium
under nitrogen-limiting conditions, as shown by radiolabelling of ring
carbons (Spadaro et al., 1992). Some dyes were, however, degraded under
nitrogen-sufficient non-ligninolytic conditions as well, suggesting the in-
volvement of non-LDS enzymes in the degradation of at least some of the
azo dyes (Spadaro et al., 1992).

DY3, a carcinogenic azo dye, was oxidized by LiPs and MnPs to yield
4-methyl-1-2-benzoquinone, acetanilide and a dimer of DY3 (Spadaro &
Renganathan, 1994). Utilization of wheat straw during solid-state fermen-
tation in P. ostreatus produced an enzyme that could decolorize Remazol
Brilliant Blue R (RBBR) (Vyas & Molitoris, 1995). Furthermore, it was
found that MnP and LiP were not responsible for the decolorization of
RBBR in this fungus (Vyas & Molitoris, 1995). The RBBR-degrading
activity was independent of Mn2̀ and was not influenced by veratryl
alcohol, but it was inhibited by Na

2
S
2
O

5
, NaCN, NaN

3
and depletion of

oxygen. These results suggested that this enzyme may be an oxygenase
with a metal centre and is distinct from LiP and MnP (Vyas & Molitoris,
1995). In contrast to this, LiP from B. adusta and the MnPs from B. adusta
and Pleurotus eryngii were reported to be involved in the decolorization of
the industrial dyes Reactive Violet 5, Reactive Black 5, Reactive Orange
96, Reactive Red 198 and Reactive Blue 38 and 15 (Heinfling et al., 1998).
Efficient decolorization of azo and phthalocyanine dyes by LiP from
B. adusta occurred in the presence of veratryl alcohol and not in its absence
(Heinfling et al., 1998). It was of interest that MnP from B. adusta oxidized
dyes in an Mn2̀ -independent manner, whereas Mn2̀ was shown to be
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critical for the activity of MnPs from a number of other organisms. MnP
from P. chrysosporium showed low activity towards industrial dyes in the
presence or absence of Mn2̀ (Heinfling et al., 1998). Rodriguez, Pickard &
Vázquez-Duhalt (1999) studied the decolorization of a large number of
industrial dyes by P. ostreatus and Trametes hispida and observed that
only laccase activity was correlated with the decolorization activity of the
crude extracts of these two organisms.

Recently, Raghukumar, D’Souza & Reddy (1999) reported that Flavo-
don flavus, a basidiomycete isolated from the coastal marine environment,
produces laccases, MnPs, and LiPs, and that it efficiently degrades the dyes
poly R, poly B, azure B and RBBR. However, decolorization of Brilliant
Green was relatively less efficient. Better degradation of the dyes was seen
in the presence of salts (simulating marine environment), suggesting the
potential of this organism for bioremediation of pollutants in the marine
environment.

Much remains to be done in elucidating the biochemistry of dye de-
colourization and in identifying optimal organisms and culture conditions
for dye decolourization by white rot fungi. Selected dye decolorizing
enzymes from white rot fungi should be good candidates for immobiliz-
ation and use in bioremediation applications.

Decolorization of industrial effluents

The pulp and paper industry releases large volumes of intensely coloured
bleach plant effluents (BPEs), which contain chlorophenols, chlorolignols
and other pollutants. The BPE-decolourizing activity of the ligninolytic
white rot fungi P. chrysosporium and T. versicolor has been known for
some time (Boominathan & Reddy, 1992), but the enzyme systems used by
these organisms to degrade BPEs have only recently been elucidated.
MnPs were shown to play the primary role in BPE decolorization by
P. chrysosporium (Michel et al., 1991). Lackner, Srebotnik & Messner,
(1991) independently confirmed the importance of MnP in BPE decoloriz-
ation and showed that the oxidation of BPE was mediated by Mn2̀ .
Purified P. chrysosporium MnPs also catalysed BPE decolorization in the
presence of lactate, Mn2̀ and H

2
O

2
. These results indicate that Mn2̀

chelated to lactate or other organic acids is primarily responsible for BPE
decolorization in vivo. A further report by Jaspers, Jiminez & Penninckx
(1994) independently confirmed the findings of Michel et al. (1991) and
Lackner et al. (1991), showing that MnP of P. chrysosporium, but not
purified LiP, is able to decolorize BPEs.
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Laccases appear to play the primary role in BPE decolorization by
T. versicolor (Archibald, Paice & Jurasek, 1990). T. versicolor laccases, in
the presence of phenolic substrates, were able to generate MnIII chelates
similar to those produced by MnP. Furthermore, several laccases of T.
versicolor were shown to dechlorinate a number of toxic polychlorinated
phenols which are major constituents of BPEs (Roy-Arcand & Archibald,
1991). The results obtained so far on BPE decolorization by P. chrysos-
porium and other white rot fungi may lead to the design of effective
biomimetic systems that are able to generate chelated MnIII for the degra-
dation of BPEs.

One common group of compounds found in pulp mill effluents that are
non-chlorinated are resins, a group of diterpenoid carboxylic acids that are
constituents of wood from pines, spruce and firs. Resin acids may account
for up to 0.2–0.8% of the total weight of the wood and may be released into
the water during pulping by chemical and mechanical treatments. Resins
have been implicated in the toxicity of the effluents (Kovacs & Voss, 1992).
In order to degrade resin acids, fungi seem to require an additional carbon
source (metabolic susbstrate). Many of the detoxification reactions by
fungi occur by hydroxylation reactions (Liss, Bicho & Saddler, 1997). For
example, Mortierella isabellina can hydroxylate dehydroabietic acid,
abietic acid and isopimaric acids while Chaetomium cochliodes can trans-
form dehydroabietic acid (Yano et al., 1995). However, transformations
by several of these fungi may be incomplete. A pretreatment of wood chips
with fungi may prove to be a useful method for removing toxic resins
before pulping (Wang et al., 1995).

Guaiacols, the by-products of the bleaching process employed in the
paper industry, are also one of the persistent pollutants of terrestrial and
aquatic ecosystems. It has been proposed that the first step in the de-
chlorination pathway of tetrachloroguaiacol by laccase of Coriolus
versicolor is the demethylation step that results in tetrachlorocatechol,
which subsequently is dechlorinated to give 2,3,5-trichloro-6-hydroxy-
p-benzoquinone, 2,5-dichloro-3,6-dihydroxy-p-benzoquinone and dich-
loro-6-hydroxy-p-benzoquinone (Imura, Hartikainen & Tatsumi, 1996).

Pesticides

Despite the ban or restrictions placed on alkyl halide insecticides such as
aldrin, heptachlor, chlordane, lindane and mirex, bioaccumulation and
toxicity arising from their persistence in water, soils and sediments pose
serious environmental hazards. P. chrysosporium was shown to degrade
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extensively a variety of pesticides. It showed up to 23% degradation of
[14C]-lindane and [14C]-chlordane to 14CO

2
in 30 days in liquid cultures

and in 60 days in soil-corn cob cultures (Kennedy, Aust & Bumpus, 1990).
However, aldrin, heptachlor and mirex did not undergo appreciable degra-
dation but underwent substantial biotransformation, as indicated by the
disappearance of the starting substrate and the appearance of intermediary
metabolites. Degradation of lindane and chlordane by P. chrysosporium
was attributed to P450-monooxygenase rather than the LMEs (Kennedy
et al., 1990; Mougin et al., 1996). Arisoy (1998) reported extensive degra-
dation of heptachlor and moderate degradation of lindane by P. chrysos-
porium, P. eryngi, Pleurotus florida and Pleurotus sajor-caju.

DDT (1,1,1-trichloro-2,2-bis(4-chlorophenyl)ethane) is one of the most
persistent environmental pollutants in the environment. The recalcitrance
of DDT to microbial degradation is generally attributed to trichloro-
methyl group. DDT was one of the earliest chlorinated aromatic com-
pounds shown to be degraded by P. chrysosporium (Bumpus et al., 1985).
Substantial degradation of [14C]-DDT to 14CO

2
was observed (Bumpus &

Aust, 1987). The first metabolite produced was DDD (1,1-dichloro-2,2-
bis(4-chlorophenyl)ethane) which disappeared from the cultures on con-
tinued incubation (Boominathan & Reddy, 1992; Barr & Aust, 1994). An
amended soil system that contained ground corn cobs was shown to
support growth and [14C]-DDT degradation to 14CO

2
. DDT degradation

by P. chrysosporium, similar to lignin degradation, required the presence
of another carbon source such as cellulose to serve as a growth
substrate.

Alachlor (2-chloro-N-(2,6-diethylphenyl)-N-(methoxymethyl)-acetam-
ide) and the related acetanilide herbicides Metalochlor and Propachlor,
which are considered to be potential carcinogens, are transformed by
white rot fungi; Ceriporiopsis subvermispora, Phlebia tremellosa, and
P. chrysosporium degraded Alachlor, after 122 days of incubation, by
14, 12, and 6.3%, respectively (Ferrey et al., 1994). Fomitopsis pimicola, a
brown rot fungus, did not break down Alachlor under these conditions.

Atrazine (2-chloro-4-ethylamine-6-isopropylamino-1,3,4-triazine) is a
chorinated triazine and is one of the most extensively used herbicides
worldwide. It is known to undergo relatively slow biotransformation in
soils and persists in the environment. P. chrysosporium degraded 48% of
the atrazine after 14 days of incubation in a nitrogen-limited medium
(Mougin et al., 1994). The [14C]-ethyl carbons of atrazine were degraded to
14CO

2
while very little of [14C]-ring-labelled atrazine was affected

(Mougin et al., 1994). Hydroxylated and/or N-dealkylated metabolites of
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atrazine were the main products observed in the spent medium. Similar
observations were made with atrazine degradation by Pleurotus
pulmonarius except that 2-chloro-4-ethylamino-6-(1-hydroxyisopropyl)
amino-1,3,5-triazine, a novel metabolite, was also produced.

Chlorophenoxyacetic acids are one of the most common herbicides,
used for selective weed control, defoliation and as plant growth regulators
(Loos, 1975; EPA, 1988). Chlorophenoxyacetic acids are known to be
teratogenic and mutagenic, cause damage to the nervous system and
suppress the immune system (Hileman, 1996). LiPs and MnPs were not
required for the degradation of either 2,4-D (2,4-dichlorophenoxyacetic
acid), or 2,4,5-T (2,4,5-trichlorophenoxyacetic acid) by P. chrysosporium
(Yadav & Reddy, 1993a). A mixture of 2,4-D and 2,4,5-T was degraded
at a higher rate by P. chrysosporium than when these compounds
were present individually (Yadav & Reddy, 1993a). Yadav & Reddy
(1993a) had reported a concomitant increase in degradation of 2,4-D by
P. chrysosporium with an increase in the level of nitrogen or carbon. These
results are at variance with those of Ryan & Bumpus (1989), who reported
suppression of the degradation of 2,4,5-T under nitrogen-sufficient condi-
tions.

Effects of Mn2̀ and nitrogen limitation on the degradation of ring and
side chain carbons labelled with 14C-2,4,5-T by Dichomitus squalens and
P. chrysosporium suggested that, in both fungi, side chain cleavage was
catalysed by a mechanism independent of the LDS (Reddy, Joshi & Gold,
1997) but degradation of the aromatic ring was dependent on the LDS.
These investigators further elucidated the pathway for 2,4,5-T degradation
by D. squalens and showed that it involves chlorophenol intermediates that
were further metabolized in a manner similar to that previously reported
for P. chrysosporium (Valli & Gold, 1991; Joshi & Gold, 1993). Nerve
agents VX and Russian VX (RVX), and the insecticide analog diisopropyl-
amiton, which contain phosphothiolate bonds (P–S), were rapidly and
completely oxidized by P. ostreatus in the presence of ABTS (Amitai et al.,
1998).

BTEX compounds

BTEX compounds (benzene, toluene, ethylbenzene, and o-, m-, and p-
xylenes) are a family of priority environmental pollutants listed by the US
EPA (EPA, 1988). BTEX compounds are components of gasoline and
aviation fuels and enter soil, sediments and ground water from leaking
underground storage tanks (LUST) and pipelines, accidental spills, and
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inadequate waste disposal practices. BTEX components were shown to be
efficiently degraded by P. chrysosporium when these components were
added individually or as mixtures (Yadav & Reddy, 1993b). There was
much greater degradation of BTEX compounds in malt extract medium or
in defined high-nitrogen medium (in which LiP and MnP expression was
blocked) than in defined low-nitrogen medium. It was remarkable that the
fungus was shown to carry out substantial degradation of [14C]-ring-
labelled benzene and toluene to 14CO

2
. P. chrysosporium was also shown

to degrade high concentrations of p-cresol (150 mg l~1) and phenol
(50 mg l~1), which are often found in effluents from petroleum-related
industries, individually or in combination (Kennes & Lema, 1994).

Other environmental pollutants

Chlorobenzenes

Chlorobenzenes are significant environmental pollutants. They are used in
the synthesis of various halogenated pesticides and dyes and are also used
as degreasers and solvents. P. chrysosporium was shown to degrade both
chlorobenzenes and o-, m, and p-dichlorobenzenes extensively (Yadav,
Wallace & Reddy, 1995b). Furthermore, simultaneous degradation of
chloro- and methyl-substituted benzenes was observed.

Trichloroethylene

Trichloroethylene (TCE) is a volatile aliphatic halocarbon compound that
is commonly used as an industrial degreasing solvent and as a precursor in
the synthesis of various industrial chemicals. TCE, known to be one of the
more important pollutants of soils, air and aquifers in the USA, is a
suspected carcinogen and exposure to it is also known to cause cardiac and
neurological problems. Yadav, Bethea & Reddy (2000) showed that
P. chrysosporium degrades TCE under nutrient-rich conditions and that
TCE degradation is not linked to LiP or MnP production. Instead, TCE
degradation appears to involve an alternative enzyme system that is prob-
ably upregulated under nutrient-rich conditions. Comparison of the values
for total TCE removal (46.2%) and degradation (38.5%) suggests that
most of the TCE is converted to carbon dioxide (Yadav et al., 2000).
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Linear alkylbenzene sulfonate

Linear alkylbenzene sulfonate (LAS) is an anionic surfactant that is used
in laundry detergents worldwide and accounts for 28% of the total annual
production of synthetic surfactants in the USA, Western Europe and
Japan. Commercial LAS is a mixture of homologues with alkyl side chains
ranging from 10 to 15 carbons in length. Yadav showed recently in our
laboratory that P. chrysosporium, in contrast to its known ability to cleave
and degrade aromatic rings with or without substitution, shows negligible
degradation of LAS (J. S. Yadav, unpublished data). Instead, this organ-
ism extensively transforms LAS into polar metabolites, primarily sulfo-
phenyl carboxylates of varying chain length. Our results further showed
that transformation of LAS may involve processes other than or in addi-
tion to b-oxidative shortening of the side chain, which has been observed in
bacteria.

Conclusions and future perspectives

White rot fungi appear to have a great potential for bioremediation
applications because of their ability to degrade a wide range of structurally
diverse chloroaromatic, nitroaromatic and polyaromatic compounds.
They owe this at least in part to their ability to produce extracellular
peroxidases and laccases that catalyse the breakdown of organic pollutants
through free radical-mediated reactions. Most laboratory scale studies to
date have been done using P. chrysosporium. However, there has been
growing interest in screening a number of other genera of white rot fungi
hoping to identify organisms that produce higher levels of LMEs and/or
LMEs with a higher degree of specific activity and greater ability to
degrade various xenobiotic compounds. Though considerable success has
been achieved in the laboratory in demonstrating extensive degradation by
P. chrysosporium of important pollutants such as chlorophenols, PAHs
and PCBs, field-scale studies have not achieved a similar degree of success
because of a variety of factors. These include the inability of the fungus to
compete with native microbes in soils and other ecosystems; the concentra-
tion and nature of the organopollutant present at a given site; inadequate
understanding and/or inability to meet the nutrient requirements of the
fungus to enable it to thrive at the contaminated site; unfavourable local
conditions, such as the pH, temperature and moisture; and local unavaila-
bility of inexpensive nutrients such as corn cobs, sawdust etc., which need
to be added to the site to enhance the growth of the fungus. Recently, there
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have been several promising field-scale bioremediation studies using white
rot fungi, and startup companies such as Intec One-eighty (Logan, Utah)
and Mycotech (Butte, Montana) are hoping to prosper by selling the
technology to interested industries.

Progress is being made in obtaining a better understanding of the
comparative biology of the LDS in a broad group of white rot fungi in
order to identify organisms that may be superior to the commonly used
model fungus P. chrysosporium. Much information is becoming available
on the enzymology and molecular biology of LDS. The crystal structure of
both LiP and MnP have been published. The major genes encoding LiPs,
MnPs and laccases have also been cloned and sequenced, and studies on
the regulation of expression of key enzymes of the LDS are in progress.
Continuing progress in this area should lead to the successful genetic
engineering of white rot fungi to enable improved design and application
for optimal bioremediation strategies for treating contaminated sites.
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4
Fungal remediation of soils
contaminated with persistent organic
pollutants
IAN SINGLETON

Introduction

Laboratory-based studies have shown that fungi are able to degrade a wide
range of organic pollutants (see other chapters) and have great potential
for use as inoculants to remediate contaminated soil. However, soil is a
heterogeneous environment and it is to be expected that experiments using
fungal inocula to remove pollutants will show varying degrees of success.
For example, soil environmental conditions such as pH, nutrient and
oxygen levels may not be optimal for fungal growth or for activity of the
fungal extracellular enzymes involved in pollutant transformation. In
addition, results from laboratory studies on fungal transformation of
persistent organic pollutants (POPs) carried out under optimal conditions
in nutritionally defined liquid media are likely to be different from those
obtained in the soil environment. Despite this, fungi have been shown to
transform a wide variety of POPs in soil and have been used on a large
scale to remediate contaminated sites (Lamar et al., 1994) . This chapter
will first highlight some important issues faced by researchers when using
fungi for soil remediation, provide a critical review of previous work
concerning fungal transformation of organic pollutants in soil, and then
discuss actual field studies using fungal inocula to remediate contaminated
soil. Throughout this chapter ‘pollutant’ refers to persistent organic pollu-
tants only.

Bioavailability of persistent organic pollutants in soil

The bioavailability of POPs in soil is affected by the chemical nature of the
pollutant and a variety of soil parameters, both chemical and physical in
nature. In this chapter bioavailability refers to the acquisition and subse-
quent transformation and/or metabolism of an organic pollutant. The
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interactions of POPs with soil are complex but essentially POPs are re-
moved from solution by sorption to soil constituents, resulting in a de-
crease in pollutant bioavailability. There are a variety of sorption mechan-
isms, including covalent bonding and electrostatic interactions (see Head,
1998) and the extent of sorption is largely dependent on the chemical
nature of the pollutant and the amount of organic matter or clay in the soil.
Hydrophobic organic compounds such as pentachlorophenol (PCP) gen-
erally sorb to soil organic matter (Divincenzo & Sparks, 1997; Welp &
Bruemmer, 1999) and common soil organic materials such as humic and
syringic acid have been found to decrease levels of PCP transformation in
liquid culture by Phanerochaete chrysosporium (Stevens, Badkoubi &
Murarka, 1996). It is important to note that pH also affects sorption of
compounds such as PCP, which becomes a water-soluble salt at high pH
(Banerji, Wei & Bajpai, 1993; Lafrance et al., 1994). In contrast to hydro-
phobic pollutants, water-soluble pollutants may be rapidly transformed in
soils (unless they are extremely toxic) because of their higher bioavailabil-
ity. In some instances, sorption of POPs to soil may be beneficial, especial-
ly at high concentrations as their toxicity may be reduced, enabling
introduced fungi to grow in the soil. Once sorbed the question remains as
to how fungi access POPs for subsequent transformation. Do fungi trans-
form sorbed pollutants or do they require pollutants to be in solution
before transformation? The mechanisms involved in pollutant transform-
ation by fungi are complex and there is good evidence for both membrane-
based transformations and the involvement of extracellular enzymes (Barr
& Aust, 1994). A clear understanding of how sorption of POPs to soil
constituents affects these mechanisms may allow the development of more
effective and long-lasting soil remediation strategies.

Long-term contaminated soil (aged contaminated soil)

Longer periods of contact of POPS with soil constituents allow more time
for sorption reactions to occur and subsequent slow migration and/or
diffusion of POPS into soil micropores renders pollutants unavailable for
microbial transformation even by extracellular enzymes. General microbi-
al activity is known to be affected by pore size; for example, carbon
turnover rates were lower when organic substrates were located in smaller
soil pores at low soil matric potential (Killham, Amato & Ladd, 1993) and
nitrifying bacteria were found to be restricted to soil pores of 136 to 214 lm
in size (Fair, Jamieson & Hopkins, 1994). Evidence is also available for
restriction of pollutant transformation in pores less than 1 lm diameter
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(see Head, 1998). Overall it is clear that however efficient a fungal soil
inoculant may be in transforming POPs in the laboratory, the chemical
and physical restrictions encountered in the heterogenous soil environ-
ment will prevent complete pollutant transformation. It may be possible to
make residual amounts of POPs available by chemical or physical means,
but the extra cost involved must be balanced with the level of clean-up
required and the residual toxicity of the soil after remediation.

Experimental difficulties

Complex chemical analyses using gas chromatography and/or high per-
formance liquid chromatography (HPLC), both if possible, coupled with
mass spectrometry are required to follow rates of POP transformation in
soil by fungi. Both the disappearance of the parent pollutant and the
appearance of breakdown products are generally required to demonstrate
that transformation has occurred. When using non-sterile soils, extra
complications involve pollutant transformation by other soil microbes,
which can mean that other unknown breakdown products may be pro-
duced. Both sorption to soil and enzymic bonding of POPs to soil organic
matter would decrease parent pollutant concentration without the appear-
ance of transformation products. Accordingly, amounts of transformation
products created are generally low in soils, making detection more difficult;
for example, only trace amounts of chlorinated anisoles were found during
fungal degradation of PCP (Tuomela et al., 1999). Overall the chemical
analysis of POP transformation in soils must be very carefully interpreted.
Radiolabelled pollutants have been used to follow biodegradation and
have shown that a common pollutant fate in soil is complexation to soil
organic matter (see below, Fungal transformation and complexation of
POPs in soil for more details and appropriate references). One criticism of
using radiolabelling techniques could be that the method involves the
addition of ‘fresh’ pollutant, which may not represent conditions in an
aged contaminated soil. Again results must be interpreted very carefully to
take account of this. More recently, there has been significant interest in
methods of assessing the residual toxicity of bioremediated soils in combi-
nation with chemical analysis. It is perhaps becoming accepted that a
combination of chemical and toxicological methods is required to assess
the risk associated with treated soils, and that complete breakdown of
POPs may not always be necessary to reduce the environmental and
human health risks associated with contaminated soil. This issue is dis-
cussed further below.
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Fungal remediation of contaminated soil: laboratory studies

Initial demonstrations of the ability of fungi to remove POPs from soils
were often carried out under sterile conditions. Fungi were inoculated into
sterile soils containing freshly added pollutant and pollutant transform-
ation monitored. These experiments showed that fungi could transform
POPs in soil but were limited in that fungi were not exposed to competition
from indigenous soil organisms and to the high POP concentrations often
found in contaminated soils. Results obtained in sterile soil can be very
different from those seen in non-sterile soil. A comparative study of PCP
degradation in sterile and non-sterile soil by Lentinula edodes showed that
PCP transformation was less and breakdown product formation higher in
non-sterile soil (Okeke et al., 1997). Relatively few fungal inoculants have
been used in soil (Table 4.1) and species used have tended to be restricted
to white rot fungi, which are known to transform POPs even though other
organisms such as Cunninghamella sp., Penicillium sp. and Aspergillus
niger are known to be capable of transforming polycyclic aromatic hydro-
carbons (PAHs) (Sutherland, 1992; Launen et al., 1995; Sack et al., 1997).
More recent work has tended to move away from exclusive use of the white
rot fungus P. chrysosporium to use other white rot fungi that have higher
transformation capababilities and are perhaps more suited to growth in
soil. A potential disadvantage with P. chrysosporium is its high optimum
growth temperature of 40°C (Lamar & Dietrich, 1990), which may limit its
potential to hotter climates. Most importantly, the literature indicates
varying success when using fungi to remediate contaminated soil and this
variation can be attributed to a variety of factors such as unfavourable soil
conditions for fungal growth, lack of POP availability and competition
with indigenous microorganisms. High concentrations of POPs may also
restrict fungal growth, as seen with studies on 2,4,6-trinitrotoluene (TNT)
transformation in soil by P. chrysosporium. In this work, fungal growth
was completely inhibited by small amounts of contaminated soil (equival-
ent to 24 ppm TNT) added to liquid culture (Spiker, Crawford & Craw-
ford, 1992).

Effects of the soil environment on fungal growth

Given that soil is not the natural habitat for many of the fungi useful for
bioremediation, soil conditions may have to be altered to encourage their
growth. There is evidence that the soil environment can dramatically affect
POP transformation by fungi. For example, L. edodes was more effective
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Table 4.1. Examples of persistent organic pollutants transformed in soil by
fungal inoculants

Soil pollutant Fungal inoculant References

Alachlor Phanerochaete
chrysosporium

McFarland et al., 1996

Atrazine P. chrysosporium Hickey, Fuster &
Lamar, 1994

Benomyl P. chrysosporium Ali & Wainwright, 1994
Cresol Rhodotolura aurantiaca Middelhoven, Koorevaar

& Schuur, 1992
Dibenzodioxin Pleurotus florida

P. chrysosporium
Dichomitus squalens

Rosenbrock et al., 1997
Rosenbrock et al., 1997
Rosenbrock et al., 1997

Polycyclic aromatic
hydrocarbons (PAHs)

P. chrysosporium
Phanerochaete sordida
Pleurotus ostreatus
Trametes versicolor
Trametes hirsutus
Keuhneromyces mutabilis
Agrocybe aegerita

George & Neufeld, 1989
Lamar et al., 1994
Bogan et al., 1999
Boyle et al., 1998
Boyle et al., 1998
Sack et al., 1997
Sack et al., 1997

Pentachlorophenol (PCP) P. chrysosporium
P. sordida
Lentinula edodes
T. versicolor
P. ostreatus

Lamar & Dietrich, 1990
Lamar et al., 1994
Okeke et al., 1996
Tuomela et al., 1999
Ruttimann-Johnson
& Lamar, 1997

Pleurotus pulmonarius Chiu et al., 1998
2,4,6-Trinitrotoluene (TNT) P. chrysosporium Spiker, Crawford &

Crawford, 1992
2,4,5-Trichlorophenoxyacetic
acid

P. chrysosporium Ryan & Bumpus, 1989

in transforming PCP at lower soil moisture contents while P. chrysos-
porium was more effective at higher moisture levels (Okeke et al., 1996).
The same study found that optimal transformation by both fungi occurred
at pH 4. In addition, better fungal growth could help introduced fungi to
overcome competition from indigenous soil microorganisms. The effect of
soil conditions should not be overlooked and could be partly responsible
for the variation in remediation success seen in the literature.

As well as soil physicochemical factors, competition from indigenous
soil microbes affects POP transformation by fungal inoculants. Microbes
antagonistic to P. chrysosporium have been isolated from soil (Ali &
Wainwright, 1994; Radtke, Cook & Anderson, 1994) and different fungi
are known to have different abilities to compete with soil microflora. Lang,

83Remediation of persistent soil organic pollutants



Eller & Zadrazil (1997) found that Pleurotus is a better competitor in soil
than several other white rot fungi and, therefore, would appear to be a
more suitable inoculant. However, in a non-sterile soil, pyrene degradation
using an inoculum of Dichomitus squalens (a white rot fungus) was greater
than that achieved using a Pleurotus inoculum (in der Wiesche, Martens &
Zadrazil, 1996). The authors suggested that even though Pleurotus is a
better competitor in soil than D. squalens the latter was perhaps better able
to stimulate the overall degradation capability of the soil microflora.
Clearly there are complex interactions between fungal inoculant, soil type
and soil microflora that are poorly understood.

Soil inoculation and amendment techniques

To aid the colonization of white rot fungi in soil, various inoculation and
soil amendment strategies have been suggested. To be effective on a large
scale, these methods must be robust and cheap to apply. Accordingly,
fungi have been grown and added to soil on substrates such as corn cobs
(e.g. Ryan & Bumpus, 1989) and specially prepared pellets, which enabled
good soil colonization by several fungal species (Lestan & Lamar, 1996).
Correct preparation of fungal inoculants for introduction into soil is
crucial (inoculant formulation is covered in more detail in Chapter 5).
Several workers have observed that soil amendment with straw improves
pollutant transformation by white rot fungi. Morgan et al. (1993) found
that straw increased the hyphal length of white rot fungi in soil and that
straw generally gave the greatest initial rate of pollutant breakdown.
Importantly, Rosenbrock et al. (1997) demonstrated that fungal inocula-
tion gave greater increases in breakdown of dibenzo-p-dioxin than simple
soil amendment (straw and compost). As well as increasing fungal growth,
amendments could exert beneficial effects by sorbing pollutants and hence
decreasing the amount of toxic pollutant available. The amount of amend-
ment used for optimum pollutant transformation in different studies has
varied widely and probably depends on soil type, fungal inoculum, amend-
ment type and the age of contamination. Generally significant quantities of
amendment are required, for example a straw to soil ratio of 1 : 4 or a
ground corn cob to soil ratio of 4 : 1 (Ryan & Bumpus, 1989; Morgan et al.,
1993). Clearly, consideration must be given to amendment cost, the space
available for remediation on site and costs associated with subsequent soil
disposal if soil amendment is to be used as a remediation strategy. Ideally,
the remediated soil could be used as subsequent soil conditioner if amend-
ments are used, thus eliminating disposal costs. Finally, composting of
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contaminated soil with inoculation by P. chrysosporium was successful on
a laboratory scale and would seem to create good conditions for growth of
such organisms (McFarland et al., 1996).

To examine the success of different inoculation and amendment
methods, a variety of techniques are available to monitor fungal growth
and activity in soil. These include image analysis (Morgan et al., 1993),
determination of extracellular enzyme activities (in der Wiesche et al.,
1996, Lang et al., 1997) and in situ fungal gene expression via extraction of
fungal mRNA and subsequent quantification by reverse transcriptase
polymerase chain reaction (Bogan et al., 1996).

Innovative soil treatments for improving fungal remediation of
contaminated soil

Useful soil treatments for increasing POP transformation rates could
include addition of surfactants and elements such as manganese. Surfac-
tants have not been widely used to increase POP transformation in fungal
studies despite their frequent use in soil remediation work (see reviews by
Singleton, 1994; Head, 1998). However from the information available,
surfactants have had a positive effect on POP transformation by fungi, and
PAH transformation in both liquid culture and soil was increased by
surfactants (Boyle, Wiesner, & Richardson, 1998; Kotterman et al., 1998;
Bogan et al., 1999). Stimulation of PAH transformation by surfactants
would appear to indicate that bioavailability is a major factor controlling
PAH transformation. Such results using surfactants are encouraging for
further work in this area.

Manganese is another potential candidate for addition to soil as it can
stimulate fungal biotransformation of atrazine in liquid culture. This
stimulation was explained by manganese increasing membrane permeabil-
ity and stimulating activity of manganese peroxidase (Masaphy, Henis &
Levanon, 1996). As far as the author is aware, there are no studies that
examine the effect of manganese addition to soil on transformation of
organic compounds by fungal inoculants. Normal soil solution concentra-
tions of manganese vary between 0.1 lmol l~1 in aerated alkaline soils to
400 lmol l~1 in submerged soils (Marschner, 1988), while stimulation of
phenanthrene transformation by Pleurotus pulmonarius in liquid media
was stimulated by up to 300 lmol l~1 of manganese (Masaphy et al., 1996).
As fungi grow best in aerated soils, which probably have reduced manga-
nese availability, it may be beneficial to add manganese in these situations
(assuming added manganese stays in an available form). Alternatively a
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reduction in soil pH will increase its availability (Marschner, 1988) and
potentially improve fungal growth (Okeke et al., 1996).

In summary, fungal inoculants are able to penetrate and colonize soil
but correct formulation and/or alteration of soil conditions (by amend-
ments, changing pH and/or water contents) to improve growth of the
introduced fungi and access to pollutants will enable more efficient soil
colonization and subsequent transformation of POPs.

Fungal transformation and complexation of pollutants in soil

The complete breakdown of a pollutant into its constituents is generally
demonstrated by addition of 14C-labelled pollutant to soil and following
the production of 14C-labelled carbon dioxide. It is evident from the
literature that complete breakdown of POPs in non-sterile soil by fungal
inoculants does not occur. Degradation levels are variable but typical
levels are 14% for PAHs (Martens et al., 1999) and 9–29% for PCP
(Ruttimann-Johnson & Lamar, 1997; Tuomela et al., 1999). As mentioned
above, these studies involve addition of ‘fresh’ organic pollutant, which is
theoretically more readily accessible than aged pollutant, so presumably,
and if it were possible using d13C (see Head, 1998), studies on aged soils
would reveal even less decomposition by introduced fungi. Usually a
variety of transformation products are found, which are subject to further
transformation by other soil microbes, extracellular enzymes, chemical
reactions with other soil constituents and sorption to soil surfaces. Recog-
nition of this has led to a focus on pollutant fates in soil. Research on PCP
transformation by white rot fungi in soil has found that usually only one
identifiable product is detected (pentachloroanisole) but that large
amounts of unidentified compounds are also produced (Lamar & Dietrich,
1990; Ruttimann-Johnson & Lamar, 1997). An experiment using soil
fumigated with methyl bromide found that most (34–65%) PCP became
bound to humic acid, fulvic acid and humin. Inoculation with different
white rot fungi altered the amount of PCP bound to these organic soil
constituents. Pleurotus ostreatus bound 65% of PCP to soil organic ma-
terial compared with 34–46% binding by Irpex lacteus, Bjerkandera adusta
and Trametes versicolor (Ruttimann-Johnson & Lamar, 1997). Similarly
bonding of PAHs to soil organic matter by P. ostreatus has been observed
but to a lesser extent than seen with PCP (Bogan et al., 1999). It is likely
that both parent compounds and transformation products will be subject
to complexation with soil organic matter. The covalent binding of POPs to
humic material is probably catalysed by fungal oxidative enzymes such as
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peroxidases and laccases (Dawel et al., 1997, Gianfreda, Xu & Bollag,
1999) and it has been suggested that laccases could be applied to reduce the
availability of POPs in soil. However, it must be noted that soil properties
affect the catalytic abilities of laccases, and their use in the remediation of
contaminated soil must take this into consideration (see Gianfreda et al.,
1999).

Complexation of POPs to soil organic matter is important as it reduces
their bioavailability and presumably reduces the toxicity of contaminated
soil. Presently, most environmental protection authorities have regula-
tions concerning the total amount of POPs in soil, and levels recommended
depend on the future use of contaminated soil. However if POPs are
rendered unavailable in soil through complexation, then total amounts
may not necessarily reflect the actual toxicity of the soil as measured by
observed effects on test organisms. This could mean that soil remediated
by fungal inoculants is of lower risk than anticipated and could be suitable
for a wider variety of applications. It appears that studies on the toxicity of
remediated soil would be beneficial and may be used to alter current
regulations concerning the risk associated with and subsequent uses of
contaminated soil.

Potential risks associated with soil remediated by fungal inocula

Given the large amounts of POPs bound to soil organic matter by fungal
inoculants, the stability of pollutant–humic material complexes and the
long-term release of POPs and their transformation products from humic
compounds require further study. Indeed both biological and chemical
mechanisms have potential to release bound contaminants from their
organic complexes and are important aspects of soil remediation work.
Potential biological release mechanisms include degradation flushes of
organic matter following rewetting of dried organic material (Pulleman &
Tietema, 1999) and increased microbial activity as a result of extra substra-
te addition (Eschenbach, Wienberg & Mahro, 1998). Despite the potential
for biological release of POPs, available experimental evidence shows that
the associated risk is low. Drying and rewetting of soil reduced the bio-
availability of several organic pollutants and was actually proposed as a
potential bioremediation strategy (White, Quinones & Alexander, 1998).
Additionally, substrate addition or freeze/thawing did not substantially
increase PAH release from organic material (Eschenbach et al., 1998).
However, soil organic matter is a heterogeneous mix of different materials,
some fractions of which are more labile than others. If POPs are bound to
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the more easily degraded organic fractions then this may lead to larger
releases of toxic compounds from organic matter than expected. Import-
antly, chemical changes to soil organic matter may increase POP availabil-
ity as treatment of soil with ethylenediaminetetraacetic acid (EDTA)
treatment was found to increase the amounts of PAH bound to dissolved
organic matter (Eschenbach et al., 1998). This would lead to increased
pollutant mobility and potentially increased bioavailability.

As mentioned above, different POPs exhibit different degrees of com-
plexation to organic matter. For example, PAHs were not bound as
extensively to soil organic matter as PCP and it appears that white
rot fungi produce metabolites from PAHs that can be further degraded
by normal soil microflora (Andersson & Henrysson, 1996; Kotterman
et al., 1998). Certainly these fungi have great potential for use in
remediation of PAH-contaminated soil particularly as they can also act
upon the more complex PAHs, which are very resistant to microbial
attack.

Toxicity of remediated soil: risk assessment

The production of easily metabolized and less toxic transformation prod-
ucts may not be possible for all POPs, and the potential for a wide variety
of microbial and chemical transformations means that metabolites which
have increased toxicity towards different soil organisms may be formed.
Recent evidence of this occurring in soil is suggested by the production of
compounds toxic towards Bacillus megaterium growth and dehydrogenase
activity in PCP-contaminated soil after 6 weeks of remediation by
P. chrysosporium (McGrath & Singleton, 2000). In this work, methanol
extracts of soil were used to assess toxicity towards B. megaterium and the
question of toxicant bioavailability remains an issue as methanol will
extract transformation products complexed to organic material. It is also
likely that a longer remediation time would result in further transform-
ation of the toxicants present. However, the potential for production of
toxic intermediates and the inability of chemical analysis alone to indicate
synergistic toxic interactions has resulted in an increasing number of
reports detailing the use of toxicity assays to determine the success of soil
remediation by both biological and chemical strategies (Gunderson et al.,
1997; Meier et al., 1997; Salanitro et al., 1997; Rocheleau et al., 1999).
Generally, a variety of ecotoxicological tests are carried out as the bio-
availability of POPs (and their transformation products) varies for differ-
ent organisms. Techniques such as the Microtox test, earthworm viability,
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plant toxicity and genotoxicity are used, which take into account different
toxicological mechanisms and the differing ability of organisms to access
POPs.

Overall the complete breakdown of POPs by fungal inoculants is not
necessary as long as the parent molecules and transformation products are
either strongly bound to humic material (i.e. become unavailable to living
organisms), or further transformed into less toxic metabolites by indigen-
ous soil microflora. The latter would appear to be the case when using
white rot fungi to degrade PAHs. The use of relevant ecotoxicological
assays in combination with soil chemical analysis to ensure full remedi-
ation of contaminated soil would seem to be the most responsible way
forward.

Alternative approaches to fungal remediation of contaminated soil:
ex situ methods

If soil contaminant levels are too toxic, or other soil conditions are
unfavourable for fungal growth, then an ex situ treatment process for
remediating soil has been suggested. POPs may be removed by a solvent
wash and the solvent/POP mix subsequently treated by fungi; for example,
Bjerkandera sp. strain BOS55 has been shown to oxidize anthracene in
water/solvent mixtures and PAHs in solvent extracts of polluted soil (Field
et al., 1995, 1996). Higher solvent concentrations (20% v/v) killed the
fungus but pollutant oxidation still occurred and was presumably
catalysed by fungal extracellular enzymes. Confirming this, other workers
have shown that laccases are active in organic media (Gianfreda et al.,
1999) and potentially purified fungal extracellular enzymes may be useful
for POP detoxification in solvent extracts of soil. An alternative ex situ
approach using a surfactant-based soil washing process and separate
fungal transformation of PAHs in the resulting surfactant/PAH mixture
showed potential at least on a laboratory scale (May, Schroeder & Sander-
mann, 1997).

Molecular techniques

Molecular approaches to improve the bioremediation activity of fungal
inoculants have rarely been attempted, but efforts have been made to
improve production and excretion of extracellular fungal enzymes in-
volved in POP transformation (laccases, lignin peroxidase and manganese
peroxidase). Primarily these studies have been fundamental in nature but

89Remediation of persistent soil organic pollutants



there may be potential for increasing fungal pollutant transformation
abilities. Laccase and manganese peroxidase genes have been introduced
into other fungi noted for their high secretion capability, e.g. Aspergillus
oryzae (Stewart et al., 1996; Berka et al., 1997) and the enzymes have been
excreted into liquid growth media. In a specific attempt to improve fungal
remediation, a hybrid gene was constructed consisting of a bacterial gene
coding for organophosphate transformation fused to a fungal promoter
and used to transform the soil fungus Gliocladium virens (Xu, Wild &
Kenerley, 1996). Whether or not such manipulated fungi would increase
pollutant transformation in contaminated soil is unknown.

Use of mycorrhizal associations

If time is not an important issue and very large amounts of soil need to be
remediated (e.g. on agricultural land), then mycorrhizal associations may
provide an economically attractive alternative to more engineered bio-
remediation methods. At least one ectomycorrhizal fungus has ligninase
activity (Cairney & Burke, 1998) and it should be possible for such fungi to
transform toxic organic pollutants. In support of this, transformation of
atrazine, 2,4-dichlorophenoxyacetic acid, TNT and 2,4-dichlorophenol
has been observed by ectomycorrhizal fungi (Donnelly, Entry &
Crawford, 1993; Meharg, Cairney & Maguire, 1997a; Meharg, Dennis
& Cairney, 1997b). In addition, better transformation of 2,4-dich-
lorophenol was observed when one fungus (Suillus variegatus) was asso-
ciated with the host plant. It also appears that mycorrhizas support an
associated bacterial biofilm that can transform pollutants (Sarand et al.,
1998, 1999). More work is required to investigate the commercial potential
of mycorrhizal detoxification of contaminated soil (see also Chapter 16).

Pilot-scale and field studies

The true test of any remediation technology is in field application but
because of the costs involved there are relatively few reports of pilot and
full-scale studies using fungi in the literature. In most cases, fungal inocula
were beneficial in treating contamination under field conditions but with
certain limitations. As always, the extra cost of using inocula of any kind
must be balanced with the extra remediation benefit obtained. Use of
fungal inocula can only be justified if they are shown to detoxify the
soil more effectively than the indigenous microflora. As discussed above,
some species of white rot fungi are very effective in transforming high-
molecular-weight PAHs, which is a major advantage as these compounds
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are normally very slowly degraded. One way of potentially reducing fungal
inoculum production costs is to use waste fungal mycelium from industry.
For example, spent oyster mushroom substrate and spent sawdust culture
of shiitake mushroom can transform PCP (Okeke et al., 1993; Chiu et al.,
1998). However, cheap and robust fungal inocula are also easily prepared
(Lestan & Lamar, 1996) and may be cost effective depending on the
volume of contaminated soil to be treated.

Results from field studies are extremely valuable for indicating future
research directions and for demonstrating difficulties involved in scaling up
fungal inoculation technology. The work carried out by Lamar and
coworkers is invaluable in this respect (Lamar & Dietrich, 1990; Davis et
al., 1993; Lamar, Evans & Glaser, 1993; Lamar et al., 1994). These workers
concentrated on the use of P. chrysosporium, Phanerochaete sordida and
Trametes hirsuta to detoxify PCP and creosote-contaminated soil on a field
scale. Of the three fungi, P. sordida proved to be the most effective
inoculant as it had the highest transformation capacity and the ability to
grow at lower temperatures. In one field study, temperatures dropped to
8°C, which posed problems for growth of P. chrysosporium. Generally,
fungal inoculation improved transformation levels of PCP and PAHs in
the trials but, significantly, PCP levels were not reduced below those
required for commercial/industrial or residential soil and concentrations of
the more complex five- and six-ring PAHs were not decreased. In one trial,
an attempt was made to increase the fungal inoculum level, but difficulties
with applying inoculum resulted in lower initial inoculum density than
anticipated (Lamar et al., 1994). Overall outcomes of the work indicated
that methods to decrease POP levels further are required (e.g. surfactants)
and that robust and reliable inoculum production and delivery techniques
are needed. To overcome the problem with complex PAHs, there is con-
siderable potential for fungal genera such as Pleurotus, which have excel-
lent capacity to transform these compounds in soil (Martens et al., 1999).

Finally it is important to maintain correct moisture content, soil pH and
aeration to ensure fungal growth in field applications. For best results, the
optimum parameters for growth and pollutant transformation should be
obtained in advance for the particular inoculant to be used and the
environmental conditions maintained as close to these values as is eco-
nomically possible on a large scale.

Conclusions

Fungal inoculants do grow and successfully detoxify POPs in soil at both
laboratory and field scale. Detoxification may occur by degradation,
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transformation to less harmful compounds (with subsequent transform-
ation by indigenous microflora) or by complexation to soil organic matter.
Ideally, both chemical and ecotoxicological analyses of the remediation
process should be used. Future work could examine more species of fungal
inoculants, different chemical contaminants, effects of surfactants on
transformation and the potential of molecular manipulation of fungi to
increase extracellular enzyme production, although public concern over
releasing genetically manipulated microbes into the environment may limit
this last technology. The long-term stability of fungal-remediated soils
needs to be assessed to satisfy potential concerns over release of pollutants
from humic materials, although the risk involved would appear to be low
unless the soil receives subsequent chemical additions causing pollutant
mobilization. The use of mycorrhiza could have potential for low-cost
treatment of large quantities of surface-contaminated soil and for areas
that do not require a fast clean up. Field studies have shown the potential
for fungal inocula and also the limitations in effectively managing the
introduction and growth of the fungi in large quantities of soil. Only work
on a large scale can demonstrate the ease and viability of the inoculation
methods suggested in the literature. Given the right conditions and es-
pecially for difficult pollutants such as PAHs, fungal inocula could prove
to be a useful field tool for bioremediation.
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5
Formulation of fungi for in situ
bioremediation
JOAN W. BENNETT, WILLIAM J. CONNICK, JR,
DONALD DAIGLE AND KENNETH WUNCH

Introduction

Fungi play a major role in environmental biotechnology. Their mor-
phological, physiological and reproductive strategies make them especially
suited for terrestrial habitats. This book is a testament to their multi-
faceted role in the biodegradation of natural and xenobiotic compounds
and to the major progress that has been made in our ability to use them as
agents for the detoxification of hazardous wastes. Nevertheless, the fact
remains that most of the successful applications have been performed in
laboratory bench-top experiments. Field trials have been plagued by
suboptimal results. Physical parameters such as aeration, moisture, nutri-
ent level, pH, temperature and toxic contaminant level interact with living
systems in unpredictable ways. Biological parameters such as predation
and competition from the resident microbial populations also contribute
to the variability of outcomes for in situ bioremediation. The challenge is
to create remediation protocols that can be effective despite these numer-
ous uncontrolled variables.

Two major biological strategies have been employed to increase the
effectiveness of microbial bioremediation in field trials. The first is the
stimulation of the indigenous population, usually through the delivery of a
limiting nutrient. This practice is called biostimulation, and successful
applications include use in marine oil spills and polycyclic aromatic
hydrocarbon (PAH)-contaminated soils (Atlas & Bartha, 1992; Riser-
Roberts, 1998). Nitrogen and phosphorus are the most commonly added
nutrients (Liebeg & Cutright, 1999).

Composting is another form of biostimulation. In this venerable prac-
tice, mixtures of straw, manure, agricultural wastes and the like are mixed
with soils, thereby stimulating the growth of various uncharacterized
consortia of bacteria and fungi (Fermor, 1993). The use of composting
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in fungal bioremediation is reviewed by Singleton in Chapter 4.
The second biological strategy is the controlled addition of specific

microorganisms to the environment. This practice is called bioaugmenta-
tion; the introduced microorganisms augment, but do not replace, the
resident population (Walter, 1997). The introduced species may or may
not already be present. In some cases, bioaugmentation populations are
supplemented with a nutrient; in other cases no biostimulation adjuvant is
used. Whatever the approach, a general finding is that organisms that are
efficient in laboratory conditions do not fare as well in the ‘real world’.
Under natural conditions, laboratory strains face impoverished nutri-
tional status and variable weather conditions. They have to compete with
already established indigenous communities and they may succumb to a
variety of predators. Moreover, there is often a mismatch between the
normal habitat of the introduced species and the ecological niche into
which it is placed. Finally, when biostimulation and bioaugmentation are
used simultaneously, it is a common finding that the added nutrients
favour indigenous populations so much that they overgrow the introduced
species.

Although scientists and engineers have little control over conditions of
weather, predator populations and a myriad of other factors, bioaugmen-
tation systems are amenable to experimental optimization. When appro-
priately supplemented with carbon or other nutrient sources, delivery
formulations can supply a ‘head start’ for organisms inoculated into
habitats where they might not otherwise grow. Judicious formulation with
other adjuvants (e.g. buffers, humectants, selective antibiotics, surfactants,
etc.) can improve the success of in situ bioremediation strategies. Such
formulations have received relatively little attention in the overall research
effort on fungal bioremediation.

In this chapter, ‘formulation’ will be used as an umbrella term to
describe general methods for the delivery of microorganisms for applica-
tion in agricultural, industrial or environmental settings. ‘Encapsulation’
and ‘entrapment’ will be used more narrowly to refer to formulation
techniques in which the microbial inoculum is embedded in a specific
carrier substance.

Bacterial models

Bacterial bioaugmentation has been used in a variety of commercial con-
texts, for example in enhanced oil recovery (Donaldson, Chilingarian &
Yen, 1989). Moreover, the preparation of bacterial inocula for drain
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cleaners, sewerage and wastewater treatment is big business (Stephenson &
Stephenson, 1992; van Limbergen, Top & Vestraete, 1998). These inocula
are usually made available as freeze-dried or air-dried solids or in liquid
form as stabilized suspensions. Sometimes emulsifiers or wetting agents are
added (Glasner, 1979). Similarly, the addition of nitrogen-fixing bacteria
to agricultural crops is a time-honoured practice that has been used on a
large scale (Thompson, 1980). Results have ranged from rapid disappear-
ance (Ladha et al., 1989) to significant levels of survival for more than 10
years (Brunel et al., 1988). Fluid systems, as well as granular mixtures of
vermiculite, sand or peat, are commonly used to introduce bacteria in
agriculture (Okon & Hadar, 1987; van Elsas & Heijnen, 1990).

The survival of the introduced agricultural strains after they have been
released into the environment can be improved by encapsulation into
polymer gels such as calcium alginate. Encapsulation stabilizes introduced
strains, provides a protective habitat for the strain and ensures a slow
release of nutrients (Jung et al., 1982; Bashan, 1986; Mueller et al., 1993).
Moreover, encapsulation allows living inocula to be stored in a dry,
uniform state prior to application. In one successful trial of rhizosphere
biocontrol agents, alginate-encapsulated Pseudomonas fluorescens am-
ended with skimmed milk and bentonite clay showed higher root coloniz-
ation rates than unencapsulated forms (van Elsas et al., 1992). General
principles of encapsulation technology for use in soils have been reviewed
by Trevors et al. (1992).

The most extensive field studies of bacterial bioremediation for hazard-
ous waste clean-up have involved marine oil spills. An excellent review of
this large, complex and often conflicting literature is given by Swannell,
Lee & McDonagh (1996). The aftermath of the Exxon Valdez disaster off

the coast of Alaska in 1989 yielded some of the most robust research. In
conjunction with research following other oil spills, the Exxon Valdez
clean-up demonstrated that biostimulation of indigenous microbial con-
sortia through the use of nitrogen and other fertilizers is more effective
than bioaugmentation through ‘seeding’ with exogenous organisms
(Venosa, Haines & Allen, 1992; Prince, 1993). Moreover, while there is
considerable evidence that bioremediation enhances the biodegradation of
petroleum on contaminated shores, there is little evidence that suggests
similar effectiveness at sea (Pritchard et al., 1992; Bragg et al., 1994;
Swannell, Lee & McDonagh, 1996). One important aftermath of this
research has been increased scepticism about the effectiveness of bioaug-
mentation strategies in general.

Nevertheless, and on a far smaller scale, bacterial bioaugmentation
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using both free and encapsulated inocula has been tested for the re-
mediation of soil contamination. Several studies have shown that the
initial inoculum density is an important factor (Ramadan, El-Tayeb &
Alexander, 1990). For example, Comeau, Greer & Samson (1993) in a
study on 2,4-dichlorophonoxyacetic acid (2,4-D) biodegradation in soil
showed that the time was reduced by 1 hour for each log increase in
inoculum population over 105 cells ml~1. Perhaps the most important
parameter affecting survival of introduced bacterial inocula is nutrition.
For example, both indigenous and non-indigenous strains survived well in
slurries from polluted sediments in the presence of adequate carbon sour-
ces; survival of introduced strains dropped sharply when carbon was
limiting (Blumenroth & Wagner-Dobler, 1998).

The encapsulation of bacteria targeted for use in terrestrial bioremedi-
ation was pioneered by Stormo & Crawford (1992). In their studies, a
Flavobacterium entrapped in microbeads composed of agar, alginate or
polyurethane retained a high rate of pentachlorophenol (PCP) bio-
degradation. However, in another study using a Pseudomonas sp. in creo-
sote-contaminated soil slurries, Weir et al. (1995) found no significant
differences in phenanthrene degradation using free or encapsulated
inocula. Bacterial encapsulation for hazardous waste clean-up has been
reviewed by Levinson et al. (1994) and an overview of bioaugmentation for
site remediation is given by Hinchee, Frendrickson & Alleman (1995).

Fungal models

The need to develop effective formulations of fungi for environmental
bioremediation has its parallel in microbial pesticides. Fungi have been
widely applied in agriculture as biocontrol agents for pest management. In
this approach, beneficial fungi are the active ingredients of bioherbicide,
bioinsecticide and biofungicide products (Burges, 1998).

The first commercialized mycoherbicides are the anti-weed products
DeVineTM, a Phytophthora palmivora preparation that is active against
stranglervine (Morrenia odorata), and CollegoTM, a Colletotrichum gloeos-
porioides preparation active against northern jointvetch (Aeschynomene
virginica). Both DeVineTM and CollegoTM are formulated as aqueous spore
suspensions and applied by spraying. Although effective in the field, the
highly perishable nature of the DeVineTM formulation was a major com-
mercial disadvantage (Connick, Lewis & Quimby, 1990). For this reason,
many fungal biocides are now encapsulated.

Biocontrol scientists have discovered that calcium alginate is one of the
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best polymers for encapsulation. Spores or mycelial fragments are mixed
with an alginate solution and upon polymerization the living propagules
are ‘trapped’ in the gel matrix. The gel allows substrate diffusion, protects
the inoculum during storage as well as from adverse environmental condi-
tions after application in the field, and can easily be supplemented with
nutrients. The presence of a food source encourages rapid proliferation of
the inoculum when sufficient moisture becomes available. Fillers and
adjuvants can be added that improve stability and allow extrusion into a
variety of uniform sizes and shapes for application. The use of alginate and
other entrapment techniques for the delivery of biocontrol agents has been
reviewed by Walker & Connick (1983), Connick (1988) and Connick et al.
(1990).

Adaptations of solid-state fermentation are another approach. In this
method, mycelia are grown with little or no free water on solid substrates
such as grain, composted ligninocellulosic waste or other mixtures of plant
materials. Both mushroom growers and koji producers use solid-state
fermentation for producing fungal biomass (Smith, Berry & Kristiansen
1983; Chang, Buswell & Chiu 1993).

Many fungal formulations utilize some form of solid-state fermentation.
After the mycelia have ramified through the substrate, the substrate in
effect becomes a matrix that encapsulates the hyphae. When a well-colon-
ized substrate is used directly as an ingredient, it can then be dried,
extruded and shaped. In one variation on this theme, biocontrol fungi are
fermented on rice flour, then combined with wheat flour, kaolin and water
and finally extruded into granules. No separate step is needed to harvest
conidia, and there is considerable flexibility in the choice of ingredients for
the fermentation, for example damaged cereal grains can be used (Daigle et
al., 1998). Finally, it is possible to grow mycelia in a liquid culture and then
formulate them in a dough of wheat flour, filler and water. Mycelial
fragments of the biocontrol species Alternaria cassiae, Alternaria crassa,
Colletotrichum truncatum, and Fusarium lateritium are mixed with semo-
lina, kaolin and water. The resultant ‘dough’ is kneaded and passed
through a pasta machine several times, yielding a thin sheet that is air dried
and crushed into granules. This mycoherbicide product contains a
homogenous mixture of fungi, nutrient and filler and has been dubbed
‘Pesta’ (Connick, Boyette & McAlpine, 1991).

Solid-state fermentation systems are also well developed for the prep-
aration of entomogenous fungi such as Metarhizium flavoviride (Bartlett &
Jaronski, 1988). Moisture level is one of the most important parameters
affecting viability and virulence of M. flavoviride formulations (Hong, Ellis
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& Moore, 1997; Moore, Longewalkd & Obognon, 1997; Hong, Jenkins &
Ellis, 1999). In addition, adequate oxygenation of the substrate is import-
ant for high spore yield during the production phase, while slow drying of
the conidia is important for stable shelf life (Bradley et al., 1992; Hong,
Jenkins & Ellis, 2000).

Wood rot fungi and soil

The ability of white rot fungi, especially the model species Phanerochaete
chrysosporium, to degrade a variety of organic pollutants completely has
been documented repeatedly in laboratory trials (Barr & Aust, 1994;
Bennett & Faison, 1997; Paszczynski & Crawford, 2000) and elsewhere in
this book. However, xenobiotic contamination is rarely considered a prob-
lem in wood, the natural habitat of white rot fungi. How can growth of
these fungi be encouraged in environments where they do not naturally
thrive? Several groups are investigating ways in which to improve the
survival of wood rot fungi in polluted soils. This research is difficult
because of the well-known pitfalls associated with measuring growth in
non-sterile solid substrates. The filamentous nature of fungal growth also
poses problems for quantification. In studies with wood rot fungi, indirect
methods are used such as the detection of ligninolytic enzymes, the re-
moval of a target xenobiotic, or the evolution of carbon dioxide.

Most of the protocols for delivering wood rot fungi for soil bioremedi-
ation have been adopted from mushroom growers, who have perfected the
art of producing fungal spawn on lignocellulosic waste. Therefore, wood
rot species have been formulated on inexpensive substrates such as corn
cobs, sawdust, wood chips, peat or wheat straw, and then these mycelia-
impregnated substrates are mixed with contaminated soil (Barr & Aust,
1994; Paszczynski & Crawford, 2000). In an early successful trial, for
example, P. chrysosporium, Chrysosporium lignorum and Trametes ver-
sicolor all colonized soil and degraded 3,4-dichloroaniline and benzo[a]
pyrene in soils supplemented with straw, hay or wood, although levels of
breakdown were extremely low (Morgan et al., 1993).

Pleurotus ostreatus is effective against a variety of PAHs in liquid culture
(Belzlalel, Hadar & Cerniglia, 1996) and in soil–ligninocellulose systems
(Lang, Geller & Zadrazil, 1997; Martens & Zadrazil, 1998). Several
studies have shown that P. ostreatus inoculated on straw is superior to P.
chrysosporium and T. versicolor in ability to colonize soils (Martens &
Zadrazil, 1998; Novotny et al., 1999). Straw was also used as a successful
carrier for introducing P. ostreatus in trials with unsterile soils doubly
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contaminated with PAHs and heavy metals (Baldrian et al., 2000). In
addition, P. ostreatus was effective against pyrene, benzo[a]anthracene and
benzo[a]pyrene in sterile sand microcosms amended with straw (Wolter et
al., 1997).

Using steam-sterilized soil microcosms, Boyle (1995) demonstrated that
the growth of white rot fungi was frequently limited by carbon and
nitrogen. T. versicolor grew well when amended with alfalfa straw, bark,
sawdust or sphagnum moss; bran gave lesser simulation. In contrast, in
unsterile soils, nutrient supplementation often benefited indigenous fungi
more than fungal inocula. Benomyl is a biocide to which many white rot
fungi are relatively resistant, so when benomyl was applied at 115 ppm, the
growth of white rot fungi was improved. Complete degradation of PCP
was faster in soils that had been amended with both benomyl and alfalfa
straw than in any of the other systems tested (Boyle, 1995).

Gramss, Voigt & Kirsche (1999) studied the capacity of 12 species of
filamentous fungi to degrade PAHs in sterile and unsterile soils. Inocula
were grown on a mixture of beech wood dust and wheat straw mixture
supplemented with beet sugar and flour and then introduced into PAH-
spiked soils. Fungi increased PAH degradation in soils rich in organic
material but inhibited PAH degradation in organic-poor soils (Gramss et
al., 1999).

In a similar study of PAH degradation, Martens & Zadrazil (1998)
screened 45 white-rot fungi and four brown rot fungi that had been
precultivated on wheat straw. Of the strains tested, none of the brown rots
could colonize the soil, nor could 22 of the white-rot species. In some trials,
the addition of wheat straw alone improved degradation more than did
inoculation with the wood-rotting fungi. In one case, the colonizing fungus
actually impeded 14C-pyrene degradation, indicating that addition of
suitable organic amendments to soil can dramatically improve the capacity
of indigenous microbial consortia to degrade PAHs (Martens & Zadrazil,
1998). These findings are similar to those obtained from studying marine
oil spills: biostimulation alone is often more effective than bioaugmenta-
tion.

Curiously, despite considerable documentation that indigenous consor-
tia are usually more effective than single exogenous species, there has been
relatively little research about bioaugmentation with mixed cultures. In
natural ecosystems, the ability of fungi to bioremediate is a collaborative
effort with bacteria. Seigle-Murandi et al. (1996) have shown that among
10 natural isolates of P. chrysosporium, one or more bacterial species
were always present. The bacteria included Agrobacterium radiobacter,
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Burkholderia sp. and a new taxon that is a member of the rRNA superfam-
ily IV. The specific nature of the relationship between the fungus and the
bacteria has not been elucidated but it seems likely that they work together
in natural habitats (Seigle-Murandi et al., 1996). In future bioaugmenta-
tion research on contaminated soils, it would make sense to decrease the
emphasis on single-species inocula and test formulations with mixed bac-
teria–fungal consortia.

Encapsulation of fungi for bioremediation

Considerable research has demonstrated that entrapment of microbial
inocula into dry, nutritive matrices improves the effectiveness of bioaug-
mentation in natural habitats. The Forest Products Laboratory in
Madison, Wisconsin and our group at Tulane University, working in
collaboration with the Southern Regional Research Center of the Agricul-
ture Research Center, USDA, in New Orleans, Louisiana, have been the
most active in studying encapsulation technologies for the delivery of fungi
for bioremediation. The Forest Products Laboratory has built on stra-
tegies adapted from the mushroom spawn industry, while our group has
focused on adaptation of methods from biocontrol research. Interestingly,
after attempts to use a number of other formulations, both groups have
found that some form of alginate encapsulation gives good results. It
should be noted that alginate also has improved the consistency and
effectiveness of an ectomycorrhizal inoculant (Le Tacon et al., 1985).

Aspen wood chips overgrown with P. chrysosporium and P. sordida have
been used to test the depletion of PCP (Lamar, Glaser & Kirk 1990;
Lamar, Larson & Kirk 1990). In a successful, large-scale demonstration,
fungal inoculum was produced in a proprietary formulation of a nutrient-
fortified mixture of grain and sawdust. Soils inoculated with a 10% mixture
of hyphae and inoculum substrate caused a 64% reduction in PCP after 20
weeks, compared with 26% for amended controls and 18% for non-
amended controls (Lamar et al., 1994). Although these results were prom-
ising, it was calculated that it would required 25 000 tons (22 500 tonnes)
(wet weight) of fungal mycelium to treat 100 000 tons (91 000 tonnes) of
soil, making commercial application impractical (Lamar et al., 1994). The
proprietary formulation was also successful in a P. sordida treatment of a
creosote-contaminated soil (Davis et al., 1993).

The Forest Products group proceeded to develop a novel inoculum in
the form of pelleted solid substrates coated with an alginate suspension of
fungal propagules and then incubated until the pellets were overgrown
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with a dense mycelium (Lestan & Lamar, 1996; Lestan et al., 1996). Fungal
viability was not reduced after spray coating pellets with a suspension of
alginate and conidia of P. chrysosporium, chlamydospores and mycelial
fragments of P. sordida, or mycelial fragments of Irpex lacteus, Bjerkand-
era adusta and T. versicolor. When introduced as sporulating mycelium on
pellets into unsterile soil microcosms spiked with PCP, the mycelium-
coated pellets of I. lacteus, B. adusta and T. versicolor removed over 80% of
the contaminant in 4 weeks. Coated pellets on which the mycelium had not
been allowed to proliferate failed to survive in the soil; they were especially
prone to competition from indigenous fungi such as Trichoderma and
Fusarium spp. Handling and application did not compromise the mechan-
ical strength of the pellets nor impact inoculum potential (Lestan and
Lamar, 1996). Compromised mechanical strength during the application
process had been a problem in earlier trials with uncoated formulations of
P. sordida (Lamar et al., 1994).

Lestan et al. (1996) have defined ‘the biological potential’ of fungal
inoculum for use in soil remediation as ‘the amount of fungal biomass
produced per unit weight or volume of fungal inoculum’ (on a dry weight
basis). Many of the traditional carriers such as straw, corn cobs and wood
chips have low inoculum potential and require vast quantities for effective
bioremediation. Quantification of biological potential is subject to the
usual problems associated with assaying filamentous growth in solid
substrates. Lestan et al. (1996) used a fluorescein diacetate hydrolysing
activity (FDA) assay as an indicator of the biological potential of
P. chrysosporium and T. versicolor grown on pelleted substrates. Pellets
composed of aspen sawdust, starch, cornmeal and calcium lignosulfonate
were ground to a uniform size, dried and then coated with a sodium
alginate hydrogel that contained fungal biomass. At 24°C, non-pelleted P.
chrysosporium gave higher FDA activity than pelleted spawn; the highest
FDA activity was found associated with growth of pelleted spawn at 39°C.
However, under the conditions of these experiments, neither P. chrysos-
porium nor T. versicolor with high biological potential removed PCP from
contaminated soil more efficiently than pellets with lower biological poten-
tial (Lestan et al., 1996). Entrapment of mycelial fragments of I. lacteus
and T. versicolor was also compared in alginate, agarose, carrageenan,
chitosan and gelatin; alginate gave the best growth and viability (Lestan,
Lestan & Lamar 1998).

In the Pesta encapsulation strategy, spores or mycelia are embedded in a
matrix that uses the gluten of wheat flour as the binding agent. This
method could not be adapted for P. chrysosporium because the wheat
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gluten inhibited growth of the white rot fungus (Bennett et al., 1996).
In the approach used in the Tulane University–Southern Regional

Research Center collaboration, spores and mycelia were formulated
directly into alginate pellets in a formulation amended with corn cob grits,
sawdust or a non-nutritive clay filler (Pyrax) (Loomis et al., 1997). Viabil-
ity was enhanced with corn cob grits. Temperature was the most important
variable in the shelf life of the inocula. Propagules embedded in alginate
and stored at room temperature in the absence of nutrient supplementa-
tion were largely inactive after 2 months. Addition of sawdust or corn cob
grits extended the viability of alginate-embedded mycelia; nevertheless,
after 9 months, only about 20% of the pellets stored at room temperature
gave growth. Refrigerated pellets have remained viable for over 4 years
(Loomis et al., 1997 and unpublished data). When used in laboratory
toxicity tests against 2,4,6-trinitrotoluene, alginate-embedded P. chrysos-
porium gave more rapid and reproducible results than tests performed with
mycelial plugs (Loomis et al., 1997).

Marasmiellus troyanus, a mushroom isolated from a toxic waste site,
completely degrades benzo[a]pyrene in liquid culture (Wunch, Alworth &
Bennett 1999). M. troyanus grows profusely but does not sporulate in the
laboratory so stable formulations require encapsulation of mycelial
fragments. When formulated in alginate pellets, such formulations of
M. troyanus removed approximately 90% of benzo[a]pyrene from soil
microcosms after 6 weeks. The addition of a fertilizer solution with nitro-
gen and phosphorus does not increase the level of removal (Nemergut et
al., 2000). Unfortunately, the cost of alginate makes it costly as a large-
scale delivery system for the bioremediation of contaminated environ-
ments. An alternative method under investigation involves solid-state
fermentation in which M. troyanus is grown on moistened broken rice
in autoclavable polypropylene bags. After several weeks of growth, the
hyphal substrate mixture is extruded in a twin-screw extruder and dried in
a fluid bed drier at different water activities. Granules with low moisture
content have given the best viability after storage at room temperature
(unpublished data).

Conclusions

The study of fungal bioremediation is dominated by studies using pure
cultures, controlled environments, single chemical compounds as target
xenobiotics, balanced culture media and other conditions that are amen-
able to experimental optimization and replication. It is unrealistic to
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expect such conditions to exist in the field. Changes in weather, especially
temperature and moisture, can have profound effects on the outcome of
bioremediation efforts. Each habitat and each pollution profile is unique.
Moreover, indigenous microbial communities are well-adapted entities
that often outcompete introduced species. For fungal bioaugmentation to
meet its promise in environmental bioremediation, the technology must
become more reproducibly effective in situ in spite of these many uncon-
trolled variables.

Part of the appeal of bioaugmentation strategies is that the introduction
of exogenous species and nutrients are among the few variables that are
amenable to experimental manipulation. Furthermore, a large body of
scientific data demonstrates that bioaugmentation can speed and improve
xenobiotic degradation in natural habitats. It should be remembered,
however, that even with strains originating from a given ecosystem and
growing effectively on a targeted substrate, such effects are frequently
transient. The maintenance of population densities probably requires
regular reintroduction to ensure continuous treatment efficacy (Boon
et al., 2000).

The goal of any formulation technology is to maintain the viability of
the inoculum and to supply sources of nutrition to maintain the introduced
species. In general, it has been discovered that encapsulation improves the
survival and effectiveness of introduced strains. However, there is no
universal carrier or single ‘best’ formulation for the release of fungi into
natural habitats because requirements for application vary. Each organ-
ism and each habitat presents a special set of circumstances. It is common
for contaminated waters and soils to contain multiple contaminants of
uneven distribution. Factors such as mechanical stability, inoculum poten-
tial and degradative effectiveness have to be weighed against other factors
such as shelf life, ease of preparation and ease of application. The method-
ologies that have yielded the most consistent and effective results in field
trials, such as encapsulation in alginate, are difficult to implement at
present. The lack of manufacturing technology capable of producing
fungal inocula in sufficient quantities to have an environmental impact is
another barrier to large-scale implementation. Therefore, the translation
of scientific data into cost-effective in situ bioremediation will require the
cooperation of environmental engineers and the investment of consider-
able money into research and scale-up. In addition, microbiologists should
overcome their preferences for working with pure cultures and devote
more research to the study of mixed consortia.
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6
Fungal biodegradation of chlorinated
monoaromatics and BTEX compounds
JOHN A. BUSWELL

Introduction

Fungal degradation of monoaromatic compounds has clear implications
for bioremediation, and the role of fungi in the removal of these con-
taminants from the environment has been the subject of extensive study.
An understanding of the mechanisms involved in the degradation of
benzenoid compounds and elucidation of the catabolic pathways is also
important for predicting the recalcitrance of new products in the environ-
ment. Furthermore, enzymes catalysing key steps in a catabolic pathway
could be used in the design and operation of biosensors for detecting
environmental pollutants.

In view of the manifold types of monoaromatic compounds that enter
the environment from various sources, this chapter has been confined to
coverage of chlorinated monoaromatics and the BTEX group of com-
pounds (benzene, toluene, ethylbenzene and m-, o and p-xylenes). More-
over, since there are already many excellent reviews available, emphasis
has been given to the results of research conducted since the early 1990s.
The contents cover the sources and distribution of BTEX and chlorinated
monoaromatic environmental contaminants, fungal transformation stu-
dies including degradation pathways and associated enzymology, and
various fungal-based bioremediation strategies employed for contaminant
removal.

Sources and distribution of chlorinated monoaromatic and BTEX
contaminants in the environment

Monomeric aromatic compounds are widely distributed in the environ-
ment as a result of natural synthetic and degradative processes. Many
natural benzenoid compounds are synthesized by plants or are generated
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during the breakdown of more complex aromatic biopolymers such as
lignin. However, it is the aromatic substances introduced into the environ-
ment by human activities that are of greater concern because of their
potential toxicity and recalcitrance. A comprehensive list of these along
with the major sources and applications have been documented by
Swoboda-Colberg (1995).

Enormous quantities of refined petroleum products and bulk chemicals
(e.g. benzene, alkylbenzenes), together with production intermediates such
as chlorobenzenes, aniline, nitrobenzene and phthalates, are used for the
industrial manufacture of solvents, pesticides, plastics and various other
products (Swoboda-Colberg, 1995). Significant quantities of these con-
taminants inevitably enter the environment during the production pro-
cesses. Soil and groundwater contamination with the monoaromatic
BTEX hydrocarbons is also associated with situations such as leakages
from petroleum and fuel oil underground storage tanks, the manufacture
of solvent-based paints, lacquers and varnishes; and the activities of manu-
factured gas plants.

Chlorinated aromatic compounds have been used extensively as herbi-
cides, for example 2,4-dichlorophenoxyacetic acid (2,4-D), 2,4,5-trich-
lorophenoxyacetic acid (2,4,5-T), and as solvents, fumigants and inter-
mediates in the production of dyes, for example chlorobenzenes.
Pentachlorophenol (PCP) and 2,4,6-trichlorophenol (2,4,6-TCP) are two
of the most common biocides used in wood-preserving preparations, and
these can be detected in soils and waters near sawmills (Valo et al., 1984).
Many chlorinated aromatics (e.g. chlorophenols, chloroveratroles (1,2-
dimethoxybenzenes), chloroguaiacols, chlorocatechols, chlorinated
cymenes and hexachlorobenzene) are also produced during chlorine-based
bleaching processes in pulp and paper mills (Bjørseth, Carlberg & Møller,
1979; Huynh et al., 1985) and the incineration of organic materials in the
presence of chloride. In addition, 2,4-dichlorophenol (2,4-DCP) and 2,4,5-
trichlorophenol (2,4,5-TCP) are used as precursors in the manufacture of
the herbicides 2,4-D and 2,4,5-T. Agricultural use of these herbicides and
their subsequent microbial metabolism yields, in turn, the respective chlor-
inated phenols as catabolic intermediates (Mikesell & Boyd, 1985).

Catabolism of monoaromatic compounds by fungi: general
features

There are many reports describing the breakdown of individual monocyc-
lic benzenoid compounds by fungi. Biodegradation of aromatics occurs
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via both aerobic and anaerobic systems, although all fungal systems
described so far appear to be aerobic. Moreover, both extracellular and
intracellular enzyme systems play important roles. Although there is a
great diversity of metabolic routes operative in the dissimilation of aro-
matic compounds to intermediates of central metabolism, a number of
common features have been established. The aerobic biodegradative pro-
cess proceeds in two stages: (i) preparation of the benzenoid nucleus for
ring cleavage, and (ii) ring fission and further degradation to central
pathway metabolites. The introduction of hydroxyl substituents is an
essential element for ring cleavage if these are not already present in both
the requisite number and arrangement. At least two hydroxyl substituents
(either ortho or para to each other) are necessary. It may also be necessary
to remove substituent side chains, or to convert alkyl, alkoxy or other
groups into hydroxyl groups. Hydroxylation reactions are catalysed by
monooxygenases and by enzymic components of fungal ligninolytic sys-
tems (see below). A number of hydroxylated catabolic intermediates are
now known to play central roles in the catabolism of monoaromatic
compounds by fungi and to serve as substrates for fungal ring-fission
enzymes. These include catechol, protocatechuic acid, gentisic acid, 1,2,4-
trihydroxybenzene and various alkylated derivatives.

Aromatic ring cleavage is catalysed by dioxygenases, which insert both
atoms of the oxygen molecule into the ring-fission product. Even here, two
major alternative reactions exist: the ortho-fission (intradiol cleavage)
where the oxygen atoms are inserted between the ortho-oriented hydroxyl
substituents, and meta-fission (extradiol cleavage) where insertion occurs
across the carbon–carbon bond immediately adjacent to the ortho-
diphenol. However, meta-cleavage appears to be unusual among fungi.
The existence of a meta-type ring cleavage in a Penicillium sp. was in-
dicated by the formation of pyruvate but not b-ketoadipate from proto-
catechuic acid (Cain, Bilton & Darrah, 1968), while Hashimoto (1970,
1973) reported the novel 1,6-ring fission of 4-methylcatechol by Candida
tropicalis. Catechol 1,2-dioxygenase and protocatechuate 3,4-dioxygenase
catalyse the ortho-ring cleavage of catechol and protocatechuate to cis,cis-
muconic acid and b-carboxymuconate, respectively (Cain et al., 1968).
These ring-cleavage products are further converted to succinate and
acetyl-CoA via well-documented pathways through the common inter-
mediate b-ketoadipic acid (Cain et al., 1968). Where alkyl substituents are
present in the ring-fission substrate (e.g. 4-methylcatechol), separate diox-
genases more active against the alkylated substrate may be elaborated
for the cleavage step (Powlowski, Ingebrand & Dagley, 1985). Gentisate
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1,2-dioxygenase converts gentisic acid to maleylpyruvate (Middlehoven et
al., 1992), and 1,2,4-trihydroxybenzene 1,2-dioxygenase catalyses the in-
tradiol cleavage of 1,2,4-trihydroxybenzene to form maleylacetate, which
is then reduced to b-ketoadipate by a NADPH-requiring enzyme (Buswell
& Eriksson, 1979; Rieble, Joshi & Gold, 1994). Lignin peroxidase (LiP)
from the white rot basidiomycete Phanerochaete chrysosporium, has also
been shown to cleave the benzene nucleus (Umezawa & Higuchi, 1989).

Degradation of monomeric halogenated phenols

Degradation studies

Lyr (1963), using the white rot Trametes versicolor, provided one of the
earliest substantiated reports describing the fungal degradation of chlorin-
ated phenols. Duncan & Deverall (1964) also showed that approximately
43% of PCP disappeared from wood chips after 12 weeks of exposure to a
Trichoderma sp., while Cserjesi & Johnson (1972) reported the transform-
ation of PCP by Trichoderma virgatum in which 10–20% of the PCP was
methylated to pentachloroanisole. Since these earlier reports, the use of
radiolabelled substrates has shown that numerous different fungal species
are capable of at least partial breakdown of a range of chlorinated phenolic
compounds. Moreover, the application of gas chromatography with mass
spectrometry (GC–MS) to identify degradation intermediates has revealed
much about the major steps in the biodegradative processes.

There are now many reports describing the transformation and degra-
dation of halogenated monoaromatics by fungi and yeasts. A systematic
survey of over 1000 fungi representing various taxonomic groups indicated
that most of those able to degrade PCP belonged to the Dematiaceae and
the Zygomycetes, whereas a relatively lower proportion of yeasts and
basidiomycetes tested were capable of doing so (Seigle-Murandi, Steiman
& Benoit-Guyod, 1991; Seigle-Murandi et al., 1992, 1993). Some fungi are
unable to use halogenated phenols as a sole source of carbon and energy
but can degrade these compounds during or following growth with phenol
as a co-substrate. For example, resting phenol-grown mycelia of a strain of
Penicillium frequentans metabolized various monohalogenated phenols
and 3,4-dichlorophenol (4-DCP), and 2,4-DCP was degraded in the pres-
ence of phenol (Hofrichter, Bublitz & Fritsche, 1994). Halophenols were
first oxidized to the corresponding halocatechols; 4-halocatechols were
further degraded via 4-carboxymethylenebut-2-en-4-olide while 3-
halocatechols underwent ring cleavage to form 2-halomuconic acids.
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Dichlorophenols were converted to the corresponding catechols, and 3,5-
dichlorocatechol was O-methylated to give two isomers of dich-
loroguaiacol. Co-metabolic halophenol degradation has also been re-
ported by a strain of Penicillium simplicissimum, isolated from a sewage
plant, which metabolized 3- and 4-chlorophenol and 4-bromophenol when
grown in submerged cultures in the presence of phenol (Marr et al., 1996).
3-Chlorophenol was converted to chlorohydroquinone, 4-chlorocatechol,
4-chloro-1,2,3-trihydroxybenzene and 5-chloro-1,2,3-trihydroxybenzene,
indicating that hydroxylation occurred at all positions, whereas only 4-
chlorocatechol was detected with 4-chlorophenol. No release of chloride
was observed. Whereas the chlorophenols and bromophenol did not serve
as sole carbon and energy source, fungal growth did occur in the presence
of either 3- or 4-fluorophenol. Both substrates were completely broken
down with equimolar release of fluoride ions. Degradation of the
fluorophenols was enhanced in the presence of phenol, and substrate and
co-substrate disappeared simultaneously. Although unable to use mono-
chlorophenols as a growth substrate, phenol-grown cells of Candida mal-
tosa degrade 3- and 4-chlorophenol with the formation of 4-chlorocatechol
and 5-chloropyrogallol (Polnisch et al., 1991), respectively. 2-Chloro-
phenol was partially converted to 3-chlorocatechol which was also ob-
tained in small amounts from 3-chlorophenol. Aromatic ring fission yiel-
ded cis,cis-chloromuconic acid, which underwent cycloisomerization to
4-carboxymethylenebut-2-en-4-olide with concomitant release of chloride.

Many of the more recent investigations concerned with the degradation
of chlorinated phenols (as well as other environmental contaminants) have
focused on the lignin-degrading basidiomycete P. chrysosporium. The key
to the capacity of this white rot fungus to degrade environmental con-
taminants has been linked, at least in part, to its ability to degrade lignin
since both functions operate during idiophase (secondary metabolism),
which is triggered most effectively by nitrogen starvation (Keyser, Kirk &
Zeikus, 1978). As part of its ligninolytic system, P. chrysosporium produces
two extracellular haem peroxidases, LiP and manganese peroxidase (MnP)
(Glenn et al., 1983; Tien & Kirk, 1983, 1984; Glenn & Gold, 1985) and
initial attack on the lignin polymer occurs via a non-specific mechanism
that has been equated to ‘enzymatic combustion’ (Kirk & Farrell, 1987).
The recognition that the heterogeneous biopolymer contained substruc-
tures resembling many primary pollutants led researchers to surmise that
the enzyme systems used by the fungus to degrade the lignin polymer might
be sufficiently non-specific to attack aromatic pollutants also.

Huynh et al. (1985) showed that P. chrysosporium degraded various
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toxic chlorinated phenols present in pulp-mill bleach effluents including
2,4,6-TCP, polychlorinated guaiacols and polychlorinated vanillins. Ex-
tensive degradation (20–50%) and formation of water-soluble metabolites
of ring carbons of PCP labelled with 14C ([14C-ring]-PCP) by P. chrysos-
porium was reported by Mileski et al. (1988). However, some of the volatile
14C produced from [14C-ring]-PCP by this fungus is organic (Lamar,
Glaser & Kirk, 1990a), possibly giving rise to overestimates of breakdown
levels. Although fungal growth was prevented by PCP concentrations of
4 mg l~1 when cultures were initiated by inoculation with conidia, toxic
effects were not as evident when PCP was added to established fungal
biomass. Under these conditions, the fungus was able to grow and degrade
[14C-ring]-PCP at concentrations as high as 0.5 g l~1 (1.9 mmol l~1). High-
est rates of degradation were observed in cultures grown under nutrient
nitrogen-limited conditions, which, together with observed temporal simi-
larities in the patterns of both [14C-ring]-lignin and [14C-ring]-PCP degra-
dation, indicated that conversion was linked to the activity of the fungal
lignin-degrading system. However, substantial degradation also occurred
in nitrogen-sufficient cultures, suggesting the involvement of another
transformation system. In separate studies, breakdown of 2,4-DCP, 2,4,5-
TCP and 2,4,6-TCP by P. chrysosporium occurred when the fungus was
grown under secondary metabolic (i.e. ligninolytic) conditions (Valli &
Gold,1991; Joshi & Gold, 1993; Reddy et al., 1998). However, both fungal
mycelium and extracellular protein (culture supernatant) were required for
the release of chloride from 2,4,6-TCP (Armenante, Pal & Lewandowski,
1994). Previously, Lin, Wang & Hickey (1990) observed the degradation of
PCP using only P. chrysosporium biomass and proposed a pathway involv-
ing both extracellular peroxidases and cell-associated enzymes. Degrada-
tion of PCP by P. chrysosporium was also observed in cultures where
ammonium lignosulfonate (LS), a waste product of the papermill industry,
was used as a carbon and nitrogen source (Aiken & Logan, 1996). Three
days of cultivation in either a 2% LS (nitrogen-sufficient) medium or a
0.23% LS and 2% glucose (nitrogen-sufficient) medium removed 72–75%
of PCP compared with 95% removal recorded in nitrogen-deficient glucose
and ammonia medium. After 13 days, over 98% of the initial PCP was
either broken down or transformed into organic halides. Of the original
chlorine, 58% was recovered as organic (non-PCP) halide, while 40% of the
remainder was released as chloride. Extensive degradation of chloroben-
zene and o-, m- and p-dichlorobenzenes by P. chrysosporium has also been
described (Yadav, Wallace & Reddy, 1995). Monochlorobenzene was
degraded most effectively, followed by m-, o- and p-dichlorobenzene in
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that order. Total degradation was maximal when the fungus was cultured
in a rich medium (malt extract) when enzymes of the ligninolytic system
were not synthesized. Interestingly, the fungus degraded both chloroben-
zene and toluene simultaneously when the two compounds were presented
as a mixture.

Biotransformation of PCP, including dechlorination and partial degra-
dation, was observed in sterilized and unsterilized soils inoculated with
Lentinula edodes (Okeke et al., 1996, 1997).

More recently, wheat straw cultures of the brown rot fungi Gloeophyl-
lum striatum and G. trabeum were reported to degrade 2,4-DCP and PCP.
Up to 54% and 27%, respectively, of radiolabel was liberated as 14CO

2
from [14C-ring]-labelled substrates within 6 weeks (Fahr et al., 1999). T.
versicolor grown under identical conditions released up to 42% and 43% as
14CO

2
, respectively, from the two chlorinated phenols. Although high

levels of laccase, MnP and manganese-independent peroxidase were ex-
pressed in cultures of the white rot fungus, no such activities were detected
in straw or liquid cultures of the Gloeophyllum spp. Furthermore, G.
striatum degraded both chlorophenols most efficiently under conditions
where co-metabolites were lacking, i.e. on a defined mineral medium
lacking sources of carbon, nitrogen and phosphate.

Biodegradation of chlorinated phenols by P. chrysosporium has also
been studied in various bioreactor systems. The degradation rates for
2,4,6-TCP and 2,4,5-TCP by immobilized fungus in packed bed reactors
was two orders of magnitude greater than in shake flasks (Pal, Lewan-
dowski & Armenante, 1995). Degradation rates were affected by the
concentrations of carbon and nitrogen sources, pH and fluid sheer stress.
4-Chlorophenol and 2,4-DCP degradation has also been studied using
wood chip reactors seeded with P. chrysosporium (Yum & Pierce, 1998).

Degradative pathways and associated enzymology

Evidence supporting involvement of the fungal ligninolytic system in
chlorophenol degradation is provided by observations that these com-
pounds are also substrates for isolated LiP, MnP and laccase. Crude
laccase preparations were shown to oxidize chlorophenols to unspecified
products, with associated release of inorganic chloride (Lyr, 1963). How-
ever, more recent studies with T. versicolor suggest that laccase does not
play an integral role in the degradation of 2-chlorophenol and PCP
(Ricotta, Unz & Bollag, 1996; Grey, Hofer & Schlosser, 1998).

LiPs from P. chrysosporium have been shown to catalyse the
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peroxidative 4-dechlorination of polychlorinated chlorophenols to the
corresponding 1,4-benzoquinones (Hammel & Tardone, 1988). Thus,
2,4,6-TCP and PCP are oxidized quantitatively to 2,6-dichloro-1,4-ben-
zoquinone and tetrachloro-1,4-benzoquinone (TCBQ), respectively with
concomitant release of inorganic chloride. A reaction mechanism involv-
ing two sequential one-electron oxidations of the chlorophenol to yield a
cyclohexadienone cation, followed by nucleophilic attack by water and
elimination of chloride, is thought to be involved (Fig. 6.1) (Hammel &
Tardone, 1988; Mileski et al., 1988; Lin et al., 1990). MnP and laccase were
subsequently shown to catalyse these oxidative dechlorination reactions
even more efficiently that LiP (Roy-Arcand & Archibald, 1991).

Detailed studies by Gold and coworkers involving the characterization
of both fungal metabolites and of oxidation products generated by purified
LiP and MnP have established the metabolic pathways for the degradation
of several polychlorinated phenols by P. chrysosporium. Several key
extracellular and cell-associated reactions are associated with the deg-
radative processes: peroxidative dechlorination, quinone reduction,
methylation and reductive dechlorination (Valli & Gold, 1991; Joshi &
Gold, 1993; Reddy et al., 1998; Reddy & Gold, 2000). Initial oxidation of
2,4-DCP by either LiP or MnP led to the removal of the 4-chlorine atom to
yield a p-quinone, which was then reduced to the corresponding hy-
droquinone (Fig. 6.2) (Valli & Gold, 1991). Methylation of the latter
generated an intermediate, 2-chloro-1,4-dimethoxybenzene, which again
served as a substrate for the LiP-catalysed oxidative dechlorination. A
subsequent cycle of oxidative dechlorination and reduction of the ensuing
quinone ultimately yielded 1,2,4,5-tetrahydroxybenzene, which then
underwent aromatic ring cleavage and further oxidation to malonic acid
(Valli & Gold, 1991) (Fig. 6.2). Peroxidative dechlorination catalysed by
either LiP or MnP was also the first step in the degradation pathway for
2,4,5-TCP by P. chrysosporium (Joshi & Gold, 1993). The reaction prod-
uct, 2,5-dichloro-1,4-benzoquinone, was then converted to the corre-
sponding hydroquinone. Although this reduction step can proceed non-
enzymically, it occurred more rapidly in the presence of fungal cells and
may be associated with a reported intracellular quinone reductase (Bus-
well, Hamp & Eriksson, 1979; Constam, et al., 1991; Brock, Rieble &
Gold, 1995; Brock & Gold, 1996). 2,5-Dichloro-1,4-hydroquinone was
then converted to 1,2,4,5-tetrahydroxybenzene by two subsequent MnP-
catalysed peroxidative dechlorination/quinone reduction cycles via 5-
chloro-4-hydroxy-1,2-benzoquinone (Joshi & Gold, 1993). Methylated
products were also detected but did not appear to be key catabolic
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Fig. 6.2. Route proposed by Valli & Gold (1991) for 2,4-dichlorophenol
degradation by P. chrysosporium. I, 2,4-dichlorophenol; II, 2-chloro-p-
benzoquinone; III, 2-chloro-p-hydroquinone; IV, 2-chloro-1,4-dimeth-
oxybenzene; V, 2,5-dimethoxy-p-benzoquinone; VI, 2,5-dimethoxy-p-
hydroquinone; VII, 2,5-dihydroxy-p-benzoquinone; VIII, 1,2,4,5-
tetrahydroxybenzene; IX, malonic acid; LiP, lignin peroxidase; MnP,
manganese peroxidase. (Reprinted from Hammel, 1992, by courtesy of
Marcel Dekker, Inc.)

intermediates in the degradation of 2,4,5-TCP. In yet another catabolic
variation, 2,4,6-TCP was degraded by P. chrysosporium using pathways
involving reductive dechlorination (Reddy et al., 1998). Attack on the
substrate was initiated by LiP- or MnP-mediated peroxidative dechlorina-
tion to yield the p-quinone. This was reduced to 2,6-dichloro-1,4-dihyd-
roxybenzene, which underwent intracellular reductive dechlorination to
2-chloro-1,4-dihydroxybenzene. Further conversion of this intermediate
proceeded either by a second reductive dechlorination to form 1,4-hy-
droquinone, which was then hydroxylated to 1,2,4-trihydroxybenzene, or
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via hydroxylation to 5-chloro-1,2,4-trihydroxybenzene, which was then
reductively dechlorinated to the common key catabolite 1,2,4-trihyd-
roxybenzene. In a more recent study of PCP degradation by P. chrysos-
porium, Reddy & Gold (2000) reported that, following initial removal of
the 4-chlorine of PCP by peroxidative dechlorination and reduction of the
resultant TCBQ to form 2,3,5,6-tetrachloro-1,4-dihydroxybenzene
(TCDHB), the remaining chlorine substituents of this intermediate were
removed by successive reductive dechlorination steps (Fig. 6.3). A two-
component enzyme system that reductively dechlorinated TCDHB to
trichlorohydroquinone has been identified in cell-free extracts of P.
chrysosporium (Reddy & Gold, 1999). This system comprised of a mem-
brane-bound component, which, in the presence of reduced glutathione
(GSH), converted TCDHB to the glutathionyl conjugate, and a soluble
component, which converted the conjugate to trichlorohydroquinone in
the presence of GSH, cysteine or dithiothreitol. Interestingly, the reductive
dechlorination steps proceeded under both nitrogen-deficient and nitro-
gen-sufficient conditions, indicating that the ligninolytic system of the
fungus was not involved. In parallel and cross-linking pathways, TCDHB
was sequentially reductively dechlorinated to hydroquinone, which was
then hydroxylated to 1,2,4-trihydroxybenzene (Fig. 6.3). Alternatively,
TCBQ was converted to trichlorotrihydroxybenzene by a non-enzymic
1,4-addition of H

2
O (Joshi & Gold, 1994) followed by three successive

reductive dechlorinations to form the key ring-fission substrate 1,2,4-
trihydroxybenzene (Fig. 6.3). In addition, cross-linking between the two
pathways can occur through hydroxylation of the trichloro-, dichloro- and
monochlorodihydroxybenzene intermediates emanating from TCDHB
(Fig. 6.3). The basidiomycete Mycena avenacea also metabolized PCP to
2,3,5,6-tetrachloro-p-benzoquinone, which was then reduced to 2,3,5,6-
tetrachloro-p-hydroquinone (Kremer, Sterner & Heidrun, 1992). Subse-
quent dechlorination of this intermediate yielded 3,5,6-trichloro-2-hy-
droxy-p-benzoquinone.

Chlorophenoxyacetic acids

Biodegradation of 2,4,5-T by P. chrysosporium in liquid culture and in soil
proceeded through chlorinated phenolic intermediates, the further trans-
formation of which was catalysed by enzymes of the ligninolytic system
(Ryan & Bumpus, 1989). However, Yadav & Reddy (1993) reported the
degradation of 2,4-D and mixtures of 2,4-D and 2,4,5-T in high nitrogen
and malt extract media by both wild-type and a peroxidase-negative
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Fig. 6.3. Proposed pathways for the degradation of pentachlorophenol
by P. chrysosporium. I, pentachlorophenol; II, tetrachlorobenzoquinone;
III, 2,3,5,6-tetrachloro-1,4-dihydroxybenzene; IV, trichlorodihyd-
roxybenzene; V, 3,5,6-trichlorotrihydroxybenzene; VI, 2,5-dichlorodi-
hydroxybenzene; VII, dichlorotrihydroxybenzene; VIII, 2-chloro-1,4-
dihydroxybenzene; IX, chlorotrihydroxybenzene; X, p-hydroquinone;
XI, trihydroxybenzene; LiP, lignin peroxidase; MnP manganese per-
oxidase. (Reproduced from Reddy & Gold, 2000, with permission of the
publishers.)
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mutant of P. chrysosporium. Mass balance analysis of [14C-ring]-2,4-D in
malt extract cultures revealed 82.7% recovery of the radioactivity of which
38.6% was released as 14CO

2
and 27, 11.2 and 5.9% were present in the

aqueous, methylene chloride and mycelial fractions, respectively. A rela-
tively higher rate of breakdown was observed when 2,4-D and 2,4,5-T were
presented as a mixture. Degradation under conditions that suppressed the
synthesis of LiP and MnP, and effective degradation of 2,4-D by a per
mutant lacking the capacity to produce these peroxidases, supported
earlier observations (Yadav & Reddy, 1992) indicating that these compo-
nents of the ligninolytic system were not required for degradation. Degra-
dation of 2,4-D by mycorrhizal and free-living fungi has also been reported
(Donnelly, Entry & Crawford, 1993).

In a separate study using 14C-ring and 14C-labelled side chains in
chorophenoxyacetic acids, cleavage of the side chain and subsequent
metabolism of the side-chain intermediate by both P. chrysosporium and
Dichomitus squalens was catalysed by a mechanism independent of the
lignin degradation system (Reddy, Joshi & Gold, 1997). Both [14C-ring]-
and [14C-side chain]-2,4,5-T are broken down more efficiently by D.
squalens: under the experimental conditions, 22% of the side chain label
and 13% of the ring label were converted to 14CO

2
by P. chrysosporium

compared with 65% and 32%, respectively by D. squalens. 4-Chlorophenol,
2,4-DCP and 2,4,5-TCP were identified by MS and HPLC as intermediates
in the degradation of 4-chorophenoxyacetic acid, 2,4-D and 2,4,5-T, re-
spectively, by D. squalens. Each chlorophenol intermediate was
xylosylated to the chlorophenolxyloside, which was hydrolysed by an
intracellular b-xylosidase back to the chlorophenol. However, in this
study, further degradation of the chlorophenol intermediate occurred
primarily during secondary metabolism. The answer to the apparent dis-
parity of these results with those of Yadav & Reddy (1992, 1993) may be
found in the consistent biphasic pattern associated with 2,4-D degradation
observed in cultures of P. chrysosporium grown in malt-extract medium
(Yadav & Reddy, 1993). Two peaks of activity were evident, the first after
6 days and the other after about 30 days incubation, and this second peak
may be a consequence of nutrient starvation and subsequent induction of
the ligninolytic system. A similar biphasic response has also been observed
during PCP degradation by P. chrysosporium; this is the result of initial
transient accumulation of pentachloroanisole and subsequent degradation
at a later stage (Lamar, Larsen & Kirk, 1990b).
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Degradation of BTEX organopollutants

P. chrysosporium degrades all the BTEX components either individually or
as a composite mixture (Yadav & Reddy,1993). All the components of the
BTEX mixture were simultaneously degraded and, except for toluene,
degradation occurred to similar extents irrespective of whether the compo-
nent formed part of a mixture or was tested individually. About half of the
total degradation recorded for benzene and toluene involved conversion of
substrate carbon to carbon dioxide. Total disappearance values for the
BTEX compounds in fungal culture, as determined by GC analyses,
indicated that rapid degradation occurred when the fungus was grown
under non-ligninolytic conditions in a malt-extract medium in which LiP
and MnP synthesis was suppressed. The lack of involvement of extracellu-
lar peroxidases in the degradative process is further supported by the
comparable levels of degradation of BTEX compounds observed with the
wild-type and the per mutant, which lacks the ability to produce LiP and
MnP, and association of the degradative activity with mycelial pellets.
Increased levels of degradation were recorded at 25°C compared with
37°C and under oxygenated conditions.

Polymerization of monoaromatic environmental contaminants
and binding to humic substances

The binding of environmental contaminants, and their degradation prod-
ucts, with organic substances in the soil has long been recognized and
clearly has important implications for bioremediation (Mathur & Morley,
1975; Bollag, Sjobald & Minard, 1977). From more recent studies, it is
evident that contaminants are converted into soil-bound transformation
products as a result of these interactions with soil humic substances
(Lamar et al., 1990a; Bollag 1992). Oxidative coupling of chlorophenols
with naturally occurring humic acid precursors and mediated by extracel-
lular oxidoreductases was determined using 14C-labelled chemicals and by
measuring the uptake of radioactivity by humic material (Bollag, 1992;
Bollag, Myers & Minard, 1992). Using model systems, Bollag et al. (1992)
were able to demonstrate the formation of covalent linkages between
chlorinated phenols/carboxylic acids and fulvic and humic acids in the
presence of fungal phenol oxidases. They were also able to isolate and
identify cross-coupling products and to elucidate the site and type of
binding. Different chlorophenols are polymerized to dimers, trimers and
tetramers by the action of laccase and the extent of polymerization is
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dependent on the level of chlorine substitution (Dec & Bollag, 1990).
Polymerization is also accompanied by dehalogenation (Dec & Bollag,
1994). High-molecular-weight polymeric material was also formed in reac-
tion mixtures containing concentrated culture fluid from ligninolytic cul-
tures of P. chrysosporium, PCP, a humic acid precursor (ferulic acid),
H

2
O

2
and a detergent (Ruttimann-Johnson & Lamar, 1996). Pure MnP,

LiP and laccase also catalysed the polymerization reaction(s). More re-
cently, the removal of PCP from solution using purified laccase from T.
(Coriolus) versicolor was described (Ullah, Bedford & Evans, 2000). The
products were primarily acid-stable polymers of molecular weight
~ 80 000.

Binding of chlorophenols and other environmental contaminants may
decrease their availability for interaction with biota and inhibit their
movement via leaching. Thus, complexation of chorophenols into humus
may be an environmentally beneficial phenomenon. However, the use of
oxidative coupling for soil decontamination raises concerns about the
ultimate fate of chlorophenols and the potential for forming dimers (e.g.
polychlorinated dibenzo-p-dioxins, dibenzofurans and diphenylethers)
that are more toxic than the parent compounds (Minard, Liu & Bollag,
1981; Svenson, Kjeller & Rappe, 1989; Oberg et al., 1990).

Methylation in the biodegradation of monoaromatic
environmental contaminants

The role of methylation in the degradation of certain aromatic xenobiotics
is intriguing. Eriksson et al. (1984) demonstrated methylation of the
4-hydroxyl group of syringic acid by P. chrysosporium and several other
white rot and soft rot fungi. These workers suggested that methylation
could serve as a detoxification route for phenolics in some species. It may
also play an important role in the degradation of some environmental
contaminants. For example, methylation of the 2-chloro-1,4-dihydro-
quinone intermediate formed during 2,4-D degradation by P. chrysos-
porium appears to serve as a mechanism for regenerating a substrate
susceptible to attack by LiP and MnP (Valli & Gold, 1991).

Harper and coworkers have demonstrated the existence of two indepen-
dent mechanisms capable of methylating substituted phenols in P. chrysos-
porium, one involving chloromethane as the methyl donor and the other
linked to S-adenosylmethionine (Harper et al., 1990; Coulter, Hamilton &
Harper, 1993a; Coulter et al., 1993b; Jeffers, McRoberts & Harper, 1997).
Coulter et al. (1993a) purified an S-adenosylmethionine: 2,4-disubstituted
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phenol-O-methyltransferase from P. chrysosporium that catalysed the 4-O-
methylation of acetovanillone. Substrate specificity studies showed that
3-methoxy- and 3,5-dimethoxy-substituted 4-hydroxybenzaldehydes, 4-
benzoic acids and 4-acetophenones were the preferred substrates for the
enzyme. Substituents in both the 2 and 4 positions relative to the hydroxyl
group appeared to be essential for significant enzyme attack of a substrate.
Provided that certain steric criteria were satisfied, the nature of the sub-
stituent was not critical. Hence, xenobiotic compounds such as 2,4-DCP
and 2,4-dibromophenol were methylated almost as readily as acetovanil-
lone. More recently, a highly specific phenolic 3-O-methyltransferase has
been identified and purified from the same fungus (Jeffers et al., 1997).
However, a direct role for these methylating systems in the degradation or
detoxification of monoaromatic xenobiotics has yet to be established.

Application of fungi to the bioremediation of chlorinated
monoaromatics

Although much information is available on the ability of fungi to degrade
monoaromatic environmental contaminants under laboratory conditions
and on the various degradative pathways employed, far less is known
about the effectiveness of fungi in situ and hence their potential for bio-
remediation. Feasibility studies conducted to determine the potential of
white rot fungi to remediate contaminated field soils showed that P.
chrysosporium depleted 2,4,5-T (Ryan & Bumpus, 1989) and PCP (Lamar
et al., 1990a) from contaminated soil samples. In the latter study, depletion
was mainly through conversion of PCP to non-volatile products, the
nature of which (i.e. whether they were bound to the soil particles or freely
extractable) was dependent upon the soil type. Spent sawdust cultures of
the shiitake mushroom L. edodes, when added to sterilized soil containing
200 mg kg~1 PCP, were also found to reduce the level of the contaminant
by between 44.4 and 60.5% (Okeke et al., 1993). Addition of H

2
O

2
mark-

edly enhanced PCP metabolism and GC–MS analysis showed that pen-
tachloroanisole was a metabolic product.

In a field study to determine the ability of P. chrysosporium and
Phanerochaete sordida to deplete PCP from sterilized soil contaminated
with a commercial wood preservative, inoculation of soil containing
250–400 lg PCP g~1 soil resulted in an overall depletion of 88–91% of PCP
in the soil within 6.5 weeks (Lamar & Dietrich, 1990). A small proportion
of this depletion (9–14%) resulted from the methylation of PCP to pen-
tachloroanisole, which is also gradually degraded by P. chrysosporium
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(Lamar et al., 1990b). The percentage of PCA formed depended upon
the fungus and on the type of soil. Since laboratory-scale soil-based
studies indicated there was little degradation/volatilization of PCP, it
appeared that most of the PCP was converted to non-extractable soil-
bound products. These results compare favourably with those of bio-
remediation studies in which mixtures of chlorophenol-degrading
bacteria were used as the inoculum (Valo & Salkinoja-Salonen, 1986).
Moreover, the depletion levels were achieved even though soil conditions
(e.g. temperature) were suboptimal for fungal growth. It is also reported
that taxonomically closely related white rot basidiomycetes exhibited sig-
nificant differences in their sensitivity to PCP and ability to degrade PCP in
an aqueous medium (Lamar et al., 1990b).

Other studies have shown that P. chrysosporium degrades various
xenobiotics in soil under non-sterile conditions, indicating that the fungus
is able to compete under ‘natural’ conditions (Fernando, Aust & Bumpus,
1989). Interestingly, both P. chrysosporium and phenazine-producing
pseudomonads could be isolated from contaminated agricultural soils
even though the bacteria strongly inhibited fungal growth (Radtke, Cook
& Anderson, 1994). Furthermore, conditions that most favoured the pro-
duction of the fungal peroxidases LiP and MnP enhanced the growth of
the antagonistic pseudomonads.

Conclusions

It is clear that fungi are able to degrade environmental contaminants both
in pure culture and in sterilized soils. In several fungi, for example P.
chrysosporium, this biodegradative ability is closely associated with the
ligninolytic system of the fungus. Bioremediation potential can be in-
creased by optimization of environmental parameters coupled with the
selection of fungal strains with desirable characteristics for bioremedi-
ation: rapid growth and survival rates at high concentrations of con-
taminant and superior biodegradative ability. However, it remains
uncertain to what extent fungi have a role in bioremediation in situ where
they are components of a more complex microflora, which may contain
antagonistic components. More studies are now required to establish the
effects of these other microfloral components on fungal survival and
biodegradative ability in order to understand more clearly the ecological
role of fungi in the breakdown of organopollutants in the natural environ-
ment.
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7
Bioremediation of polycyclic aromatic
hydrocarbons by ligninolytic and
non-ligninolytic fungi
CARL E. CERNIGLIA
AND JOHN B. SUTHERLAND

Introduction

There is considerable interest in the application of biological systems to
remediate polycyclic aromatic hydrocarbon (PAH) contamination in the
environment (Chen et al., 1999). Recent research on the bioremediation of
environmentally relevant chemicals has centred on four important aspects:
first, the characterization of the biodegradation processes useful for the
treatment of xenobiotic compounds in soil; second, the development of
technical protocols for increasing the degradation rates and substrate
ranges of enzymes from microorganisms; third, the design and engineering
of bioreactor systems and biotreatment strategies to optimize biodegrada-
tion processes; and fourth, development of information on the ecological
and human health risks associated with exposure to the chemicals (Muel-
ler, Cerniglia & Pritchard, 1996).

Low-molecular-weight PAHs, such as naphthalene, acenaphthene,
acenaphthylene, fluorene, anthracene, and phenanthrene (Fig. 7.1), are
transformed rapidly by many bacteria and fungi (Pothuluri et al., 1992a,b,
1993; Sutherland et al., 1995; Eriksson, Dalhammar & Borg-Karlson,
2000). High-molecular-weight PAHs, however, are more recalcitrant in the
environment and resist both chemical and microbial degradation (Atlas &
Cerniglia, 1995; Ahn, Sanseverino & Sayler, 1999; Kanaly & Harayama,
2000). Benzo[a]pyrene, one of the most recalcitrant PAHs in soil, adsorbs
to the soil matrix and thus is physically unavailable to degradative bacteria
and fungi (Banks, Lee & Schwab, 1999). The formation of non-extractable
bound residues is a significant sink of PAHs in soils (Richnow et al., 2000).
PAH metabolites also can be incorporated into soil organic matter to form
bound residues. Once bound into the soil organic matrix, the bioavailabil-
ity of a PAH metabolite is decreased, thus reducing the hazardous poten-
tial (Boopathy, 2000).
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The use of fungi to remediate PAH-contaminated environments has
received widespread attention since their potential to degrade PAHs has
been extensively demonstrated under laboratory conditions. In this chap-
ter, an overview will be given of our current knowledge of the capabilities
of fungi to bioremediate PAH-contaminated soil. For further information
related to this subject, the reader is referred to other reviews (Cerniglia,
1984, 1992, 1993, 1997; Cerniglia, Sutherland & Crow, 1992; Sutherland,
1992; Müncnerová & Augustin, 1994; Aust, 1995; Hammel, 1995a,b;
Mueller et al., 1996).

Importance of polycyclic aromatic hydrocarbons

PAHs are non-polar, hydrophobic organic compounds with two or more
fused benzene rings; some PAHs also have five-membered rings (Fig. 7.1).
Naphthalene, also known as tar camphor, is the simplest PAH, from which
numerous industrial chemical derivatives are manufactured. Naphthalene
is less persistent than other PAHs in the environment and will not be
considered in detail here since the focus of this review is on the more
recalcitrant high-molecular-weight PAHs. Pyrolysis of organic materials is
mainly responsible for the widespread occurrence of PAHs in air, sedi-
ments, water and food (Baek et al., 1991). PAHs also are major constitu-
ents of crude oil, creosote and coal tar and contaminate the environment
via many routes, including improper disposal of wastes from the combus-
tion of fossil fuels, coal gasification and liquefaction, incineration of
industrial wastes, wood treatment processes and accidental spillage of
petroleum hydrocarbons (Harvey, 1992). They are also found in grilled
and smoked foods (Lijinsky, 1991). In the atmosphere, PAHs come mainly
from diesel and gasoline engine exhausts, coal-fired power plants, tobacco
smoke, forest fires and farm debris fires (Finlayson-Pitts & Pitts, 1997).
They are thought to be produced as an offshoot of soot formation during
combustion (Siegmann, Scherrer & Siegmann, 1999).

Although PAHs are not highly water soluble, they are widespread
pollutants in freshwater and seawater, particularly in estuaries and coastal
waters with pollution from petroleum, coal or other heavy industries
(Maldonado, Bayona & Bodineau, 1999; Mitra et al., 1999; Ngabe, Bidle-
man & Scott, 2000). Another major source of PAHs in water is the creosote
residue from wood-preserving industries (Davis et al., 1993; Kennes &
Lema, 1994). PAHs are common in estuarine sediments but are unevenly
distributed; if they are trapped in woody debris, they may have no signifi-
cant effect on aquatic organisms (Mitra et al., 1999). Combustion products
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Fig. 7.1. Structures of some common polycyclic aromatic hydrocarbons.

are the major sources of PAHs in stormwater runoff from urbanized areas
(Ngabe et al., 2000).

Soils receive PAHs mainly from atmospheric deposition. The predomi-
nant PAHs in soils of the temperate zones include the benzofluoranthenes,
chrysene, fluoranthene, and pyrene (Fig. 7.1) (Wilcke, 2000). In tropical
soils, the predominant PAHs are more apt to include naphthalene,
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phenanthrene, and perylene (Fig. 7.1). PAHs are accumulated by earth-
worms and other invertebrates, but they are not taken up appreciably by
most plants (Wilcke, 2000). As a result of natural and anthropogenic
processes, background levels of total PAH of 1–5 mg kg~1 soil now are
common in urban areas and can be 10 to 20 times higher in industrial areas
(Wilson & Jones, 1993). Because of the toxicity and frequent occurrence of
PAHs in the environment, the US Environmental Protection Agency
(EPA) has included selected PAHs among its priority pollutants list (Keith
& Telliard, 1979).

Physical and chemical properties

All pure PAHs are solid, crystalline substances at room temperature. The
vapour pressures are low, except for PAHs with two and three aromatic
rings; as a result, they do not have a tendency to volatilize. Because of their
large resonance energy, they are thermodynamically stable but are easily
photooxidized at various positions on the aromatic rings. PAHs have low
water solubility, which decreases as the number of condensed aromatic
rings increases. This is a significant factor contributing to their persistence
in the environment (Aitken et al., 1998). Because they have a high photo-
electric charging, they are abundant in the smallest fractions of particulate
matter in the atmosphere (Siegmann et al., 1999) and in freshwater and
marine sediments (Tuvikene, 1995). The PAHs in moist soil may either
dissolve or partition into the aqueous phase, based on the aqueous solubil-
ity and the octanol–water partition coefficient (K

08
). The ionization poten-

tials of PAHs have been correlated with the degradation of these
compounds by white rot fungi (Hammel, Kalyanaraman & Kirk, 1986).
Some physical properties of PAHs are listed in Table 7.1.

Toxicity of PAHs

A 1761 report by physician John Hill, recognizing the link between excess-
ive use of tobacco snuff and nasal cancer, began over two centuries of
research on PAH carcinogenesis (see Cerniglia, 1984). In 1775, Percival
Pott related chimney sweeps’ exposure to soot with scrotal skin cancer; in
1915, Yamigiwa and Ichikawa reported that tumours formed on the ears
of rabbits after repeated applications of coal tar and from 1930 to 1955,
Kennaway, Hieger, Cook and Hewett established that the carcinogenic
fraction of coal tar contained PAHs (see Cerniglia, 1984). In the 1970s,
Miller & Miller (1985) showed that many chemicals require metabolic
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activation to express toxicity. It is now well established that PAHs must be
metabolically activated by mammalian microsomal enzymes to elicit their
latent mutagenic, genotoxic and carcinogenic properties.

Harvey (1996) and Harvey et al. (1999) recently reviewed mechanisms of
PAH carcinogenesis (Fig. 7.2) and indicated that there are at least four
mechanisms. (i) The dihydrodiol epoxide mechanism involves metabolic
activation of the PAH by microsomal cytochrome P450 enzymes to give
reactive epoxide and diol-epoxide intermediates; these form covalent ad-
ducts with DNA, perhaps resulting in mutations that lead to tumourigen-
esis. (ii) The radical-cation mechanism involves one-electron oxidation to
generate radical-cation intermediates, which may attack DNA, resulting in
depurination. (iii) The quinone mechanism involves enzymic dehyd-
rogenation of dihydrodiol metabolites to yield quinone intermediates;
these may either combine directly with DNA or enter into a redox cycle
with oxygen to generate reactive oxygen species capable of attacking
DNA. (iv) The benzylic oxidation mechanism entails formation of benzylic
alcohols, which are converted by sulfotransferase enzymes to reactive
sulfate esters and these may attack DNA. The most significant mechanism
of carcinogenesis by PAHs is the diol-epoxide pathway. Since fungi in
many ways mimic mammalian metabolism and have the potential to form
reactive intermediates, such as dihydrodiol epoxides or quinones, the
metabolic profiles of fungi with PAHs must be determined to see if
potentially toxic intermediates are formed during the bioremediation of
PAH-contaminated sites (Cerniglia, 1997).

Some PAHs, but not all, are acutely toxic, mutagenic, or carcinogenic.
For instance, the combination of anthracene and solar ultraviolet radi-
ation is acutely toxic and immunosuppressive to fish (Tuvikene, 1995).
Benzo[a]pyrene, benz[a]anthracene, chrysene and several other PAHs,
after metabolic activation by liver enzymes, induce mutations in bacteria
(Harvey, 1992). Some PAH metabolites bind to DNA, RNA and proteins;
the resulting adducts may cause damage directly to cells and also have
teratogenic or carcinogenic effects (Harvey, 1992). Exposure to high con-
centrations of PAHs in the workplace has been associated with lung and
bladder cancers among industrial workers (Mastrangelo, Fadda & Mar-
zia, 1996). Although some PAHs show weak estrogenic or antiestrogenic
activity (Santodonato, 1997), these effects are overshadowed by the car-
cinogenic properties of PAHs.
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Microbial degradation of PAHs

Bacteria and fungi metabolize a wide variety of PAHs, converting them
either completely to carbon dioxide or to various microbial metabolites
that are considered dead-end products and do not result in the production
of carbon dioxide (Cerniglia, 1992, 1993). The elucidation of microbial
degradation pathways is necessary to determine the extent of degradation
and whether the metabolites that are formed are toxic or biologically
inactive. Depending upon the enzymic repertoires of the microorganisms,
different mechanisms can be used to metabolize PAHs (Fig. 7.3) (Gibson,
1982). Bacterial degradation of PAHs generally proceeds via the action of
multicomponent dioxygenases to form cis-dihydrodiols. These com-
pounds are subsequently dehydrogenated to form dihydroxy-PAHs, which
may be substrates for ring-fission enzymes (Sutherland et al., 1995). Many
bacteria are capable of complete degradation of PAHs to form carbon
dioxide. Recent findings also indicate that PAHs can be metabolized by
monooxygenases in bacteria to form trans-dihydrodiols, although this
activity is generally lower than the dioxygenase activity in the same organ-
ism (Heitkamp et al., 1988).

Non-ligninolytic fungi metabolize PAHs by cytochrome P450 mono-
oxygenase and epoxide hydrolase-catalysed reactions to form trans-dihyd-
rodiols. These reactions are highly regio- and stereoselective. Other meta-
bolites formed include phenols, quinones and conjugates (Sutherland et
al., 1995). The types of metabolite isolated are similar to those formed by
mammals. Ligninolytic fungi degrade PAHs by non-specific radical oxida-
tion, catalysed by extracellular ligninolytic enzymes, that leads primarily
to PAH quinones. Some ligninolytic fungi can further metabolize PAH
quinones by cleaving the aromatic rings, with subsequent breakdown of
the PAH to carbon dioxide (Hammel, 1995a). Since PAHs are relatively
insoluble in water and bind strongly to organic matter in sediments and
soils, they may not be accessible to microbial degradation and they persist
in anoxic environments (Atlas & Cerniglia, 1995). There have been recent
reports demonstrating the anaerobic degradation of PAHs when nitrate,
sulfate or ferric iron serves as the terminal electron acceptor (Mihelcic &
Luthy, 1988; Coates, Anderson & Lovley, 1996; Zhang & Young, 1997;
Meckenstock et al., 2000; Rockne et al., 2000).
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Reasons for using fungi

Yeasts and filamentous fungi are found in aquatic sediments, terrestrial
habitats, acidic oil seeps and water surfaces and could be significant in
natural biodegradation of PAHs (Cerniglia et al., 1992; MacGillivray &
Shiaris, 1993; Atlas & Cerniglia, 1995). Fungi also have advantages over
bacteria since fungal hyphae can penetrate contaminated soil to reach the
PAHs (Novotny et al., 1999; April, Foght & Currah, 2000). Lignin-
degrading fungi, which colonize wood and other lignocellulosic materials,
are abundant in nature and have received considerable attention for their
bioremediation potential since the enzymes that are involved in lignin
breakdown can also degrade a wide range of pollutants (Bumpus et al.,
1985; Aust, 1995). The enzymes of lignin degradation are extracellular and
have a broad substrate specificity, which makes them attractive candidates
for environmental clean-up. The relative contribution of fungi to the total
biotransformation of phenanthrene in coastal marine sediments has been
estimated at only about 3% (MacGillivray & Shiaris, 1994). Nevertheless,
many terrestrial fungi co-metabolize PAHs during growth on other sub-
strates (Martens & Zadrazil, 1998; Márquez-Rocha, Hernández-
Rodrı́guez & Vázquez-Duhalt, 2000) and Rhodotorula glutinis has even
been reported to degrade phenanthrene in pure culture (Romero et al.,
1998). Applications of fungal technology for the remediation of PAH-
contaminated soils will be discussed later in this chapter.

Bioremediation

Background on remediation technologies

Industrial and military sites that have been abandoned are usually found
to be contaminated with a host of toxic substances originating from
petroleum, coal and chemical residues. The clean-up of these pollutants in
soil, water and refuse is often mandated by government environmental
agencies (Mueller et al., 1996; Löser et al., 1999; Boopathy, 2000).

Many of the remediation technologies currently being used for con-
taminated soil and water involve not only physical and chemical treat-
ments but also bioremediation of pollutants by microbial activity (Mueller
et al., 1993, 1996; Cutright & Lee, 1994; Atlas & Cerniglia, 1995; Allard &
Neilson, 1997; Cha et al., 1999; Straube et al., 1999). Methods for the
bioremediation of PAHs in soil and water have been investigated in many
different laboratory, pilot-scale and full-scale tests. Bioremediation, gen-
erally with indigenous microorganisms from the polluted site, has been

145Bioremediation of polycyclic aromatic hydrocarbons



used for oil spills from supertankers as well as leaking underground fuel
tanks (Atlas & Cerniglia, 1995). The complex mixtures of PAHs typically
found in contaminated sites can generally be bioremediated if the geologi-
cal, engineering, chemical and microbiological aspects of the problem can
be coordinated (Allard & Neilson, 1997).

Land farming, which means spreading contaminated material over a
field and tilling the soil, is sometimes useful for bioremediation (Mueller et
al., 1996). Spilled oil and wood-preserving wastes have been bioremediated
by land-farming treatments (Haught et al., 1995; Margesin & Schinner,
1999). Adding compost to contaminated soil enhances bioremediation
because of the structure of the organic compost matrix (Kästner & Mahro,
1996). Compost enhances the oxidation of aromatic contaminants in soil
to ketones and quinones, which eventually disappear (Wischmann &
Steinhart, 1997). The ketone and quinone metabolites produced in creo-
sote-contaminated soil can be monitored by solid-phase extraction and
high-performance liquid chromatography (Meyer, Cartellieri & Steinhart,
1999). Bioreactors, which are enclosed containers for biological treatment
of relatively small amounts of waste, have been used to treat soil and other
materials contaminated with petroleum residues (McFarland et al., 1992;
Déziel, Comeau & Villemur, 1999). Even in cold environments, microor-
ganisms are generally able to degrade at least a portion of the hydrocar-
bons in an oil spill after the addition of inorganic nutrients and oxygen
(Margesin & Schinner, 1999). An example of the use of large-scale
bioremediation was the partial clean-up of the Alaskan shoreline of Prince
William Sound after the Exxon Valdez oil spill of 1989 (Atlas & Cerniglia,
1995; Margesin & Schinner, 1999; Boopathy, 2000).

Factors affecting bioremediation

Microorganisms with the ability to degrade aliphatic petroleum hydrocar-
bons appear to be ubiquitous in contaminated sites and so inoculation is
normally unnecessary. Unfortunately, this is not the case for high-molecu-
lar-weight PAHs. Since bioremediation generally is attempted in unsterile
soil, it is important to determine whether artificially introduced fungi will
survive and remain active in the presence of indigenous soil bacteria.
Therefore, it is critical when evaluating biotreatment options to have
detailed information on the diversity of soil microflora and characteristics
of the fungal inoculum to be used. The so-called intrinsic bioremediation
of groundwater requires only time for natural attenuation by microbial
processes (Chapelle, 1999). Usually, however, the bioremediation of PAHs
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requires aeration and the addition of nitrogen and phosphorus fertilizer
for maximum efficiency of degradation (Atlas & Cerniglia, 1995; Mueller
et al., 1996; Chapelle, 1999). Other important environmental factors in-
clude redox potential, pH, soil characteristics and temperature. In alpine
and polar regions, biodegradation of PAHs is slower and does not reach
completion (Margesin & Schinner, 1999).

The rate of bioremediation in soils and sediments depends on the
bioavailability of the contaminants; it is much slower if there are problems
in mass transfer of the PAH molecules to microorganisms (Boopathy,
2000). Contaminants that are sorbed to clay minerals or organic matter are
unavailable to microorganisms (Atlas & Cerniglia, 1995; Zhang, Bouwer
& Ball, 1998). Even the bioremediation of groundwater in aquifers is
impossible if the PAHs are trapped in spaces between soil particles that are
too small for microorganisms to enter (Zhang et al., 1998). Extracellular
enzymes produced by fungi can catalyse oxidative coupling reactions
between PAHs and soil humic material and may be an important factor in
detoxifying a PAH-contaminated site (Qiu & McFarland, 1991). Bogan et
al. (1999) showed humification of PAHs and bound residue formation
after application of ligninolytic fungi to contaminated soil.

During the bioremediation of two-phase liquid systems in bioreactors,
contaminants are broken down in the interface between the organic and
aqueous phases (Déziel et al., 1999). High concentrations of synthetic
surfactants may increase the proportion of PAHs accessible to microor-
ganisms in the aqueous phase, thus enhancing microbial degradation
(Volkering, Breure & Rulkens, 1998; Bogan & Lamar, 1999; Pinto &
Moore, 2000). However, it should be noted that some surfactants, especial-
ly ionic surfactants, may be toxic to microorganisms. Non-ionic surfac-
tants, such as Tween-80 (polyoxyethylene sorbitan monooleate), may
serve as growth substrates (Volkering et al., 1998; Pinto & Moore, 2000).
Microbially produced surfactants may prove to be more useful than syn-
thetic surfactants for the bioremediation of oil spills in soil and water
(Barkay et al., 1999).

Bioremediation by bacteria, fungi, and plants

Bacteria with the ability to degrade one or more PAHs are widespread in
the environment, including sites used for coal-tar disposal (Ghiorse et al.,
1995), and they are found even in groundwater (Chapelle, 1999). Individ-
ual bacterial strains may be able to degrade several PAHs in the laboratory
but be unable to degrade all of the components of PAH mixtures in
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contaminated sites (Korda et al., 1997). For instance, a strain of Sphin-
gomonas paucimobilis degraded fluoranthene, chrysene, pyrene, benz[a]
anthracene, benzo[a]pyrene, benzo[b]fluoranthene, and dibenz[a,h]an-
thracene, but not dibenzo[a,l]pyrene (Ye et al., 1996); several bacteria from
contaminated soils completely degraded phenanthrene, chrysene, benz[a]
anthracene and benzo[a]pyrene, but not pyrene (Aitken et al., 1998).
Genetically engineered microorganisms have been developed with the
ability to degrade a greater variety of pollutants (Chen et al., 1999).
However, because of the unknown risks from the release of these organ-
isms into the environment, some of the recombinant bacterial strains
intended for bioremediation have been programmed to ‘commit suicide’
after the depletion of the substrate (Garbisu & Alkorta, 1999).

Many fungi are able to transform PAHs and could be significant in
bioremediation, although the rates of PAH biotransformation by pure
cultures of fungi are lower than those for bacteria (Cerniglia, 1997). Mixed
cultures of Penicillium janthinellum with bacteria have been shown to
degrade pyrene, chrysene, benz[a]anthracene, benzo[a]pyrene and
dibenz[a,h]anthracene (Boonchan, Britz & Stanley, 2000). Pyrene,
chrysene, and benzo[a]pyrene have been extracted from soil with high
concentrations of Tween-80 for later bioremediation by Penicillium spp.
(Pinto & Moore, 2000). Several cultures of fungi have been cited in patents
for use in the bioremediation of petroleum hydrocarbons, not necessarily
including PAHs (Korda et al., 1997). No commercial applications of fungi
for the bioremediation of individual PAHs or mixtures of PAHs have been
established, although there appears to be potential for the use of Cunning-
hamella elegans, Rhodotorula glutinis and white rot fungi for this purpose
(Hüttermann et al., 1989; Cutright, 1995; Andersson & Henrysson, 1996;
Cerniglia, 1997; Romero et al., 1998; Yateem et al., 1998; Gramss, Voigt &
Kirsche, 1999a; Andersson et al., 2000).

Several investigators have demonstrated in laboratory and field experi-
ments the potential of the white rot fungus Phanerochaete chrysosporium
for use in the bioremediation of soil contaminated with PAHs (Haemmerli
et al., 1986; Hammel et al., 1986, 1992; Sanglard, Leisola & Fiechter, 1986;
Bumpus, 1989; Hammel, Green & Gai, 1991; Sutherland et al., 1991;
Dhawale, Dhawale & Dean-Ross, 1992; Kennes & Lema, 1994; Barclay,
Farquhar & Legge, 1995; Bogan & Lamar, 1995; Haught et al., 1995;
McFarland & Qiu, 1995; Liao & Tseng, 1996; Liao et al., 1997; May,
Schröder & Sandermann, 1997). In a series of experiments, from labora-
tory bench-scale to full-scale field demonstrations, Haught et al. (1995)
demonstrated the potential of P. chrysosporium and Phanerochaete sordida
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to degrade PAHs. Removal of high-molecular-weight PAHs (five rings
and above) to low levels was difficult using white rot fungi. A pilot scale
reactor system was developed that combined extraction of PAH-con-
taminated soil with a physically separate fungal bioreactor containing
P. chrysosporium (May et al., 1997). The extraction of high-molecular-
weight PAHs from the soil made them bioavailable to the fungus, which
led to high degradation rates.

In another study, P. sordida transformed PAHs with three and four
rings in creosote-contaminated soil, but five- and six-ring PAHs were not
degraded (Davis et al., 1993). Some species of fungi are able to grow
throughout the soil mass, which may or may not be an advantage for PAH
degradation. Martens & Zadrazil (1998) screened a variety of wood-
rotting fungi for their ability to degrade PAHs in a bioreactor containing
straw and soil. A higher degradation rate (40–58% of the applied [14C]-
PAH as 14CO

2
) was observed in microcosms containing fungal strains that

did not colonize the soil than in those inoculated with the soil-colonizing
fungi. An explanation for the difference was that the indigenous soil
bacteria were stimulated by compounds produced during the lysis of straw
by non-colonizing fungi, which provided carbon sources to enhance bac-
terial growth and PAH degradation. Bogan & Lamar (1999) reported the
ability of Pleurotus ostreatus to degrade 80% of the total PAHs in soil in 35
days.

Novotny et al. (1999) compared the abilities of P. ostreatus, P. chryso-
sporium and Trametes versicolor to degrade PAHs and produce lig-
ninolytic enzymes in soil. They found that colonization of sterilized soil
from straw-grown inocula and degradation of anthracene, phenanthrene
and pyrene were greatest with P. ostreatus. The production of manganese
peroxidase and laccase in soil was similar in P. ostreatus and T. versicolor
but extremely low for P. chrysosporium. In aged soil contaminated with
creosote, P. ostreatus degraded approximately 40% of the benzo[a]pyrene
present after 12 weeks of incubation (Eggen & Majcherczyk, 1998; Eggen
& Sveum, 1999). However, degradation was only about 1% when spent
mushroom compost containing P. ostreatus was supplemented with fish oil
and used for a soil contaminated with creosote. After 7 weeks, approxi-
mately 89% of the three-ring PAHs, 87% of the four-ring PAHs, and 48%
of the five-ring PAHs had been degraded (Eggen, 1999). Removal of 86%
of the priority PAHs was reported. However, the use of ligninolytic fungi
for remediation of PAH-contaminated soil has not always given promising
results. When Bjerkandera sp. strain BOS55 and P. ostreatus were in-
oculated into PAH-containing soil, the level of PAH removal was similar
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to those observed in abiotic controls (Kotterman, 1999). Interestingly,
both fungal strains had been able to degrade PAHs extensively in pure-
culture experiments in liquid nutrient media. Similar findings were re-
ported by Harmsen & Heersche (1999), who used commercial mushroom-
production wastes as a substrate for P. ostreatus grown in the presence of
PAH-contaminated sediments, but found that it did not increase the rate
of PAH degradation.

The use of plants to concentrate and metabolize toxic compounds in soil
and water, called phytoremediation, has been shown to be feasible in many
contaminated sites (Schnoor et al., 1995; Salt, Smith & Raskin, 1998;
Macek, Macková & Kás, 2000). For instance, the growth of sod-forming
prairie grasses stimulates the bioremediation of benz[a]anthracene,
chrysene, benzo[a]pyrene and dibenz[a,h]anthracene in soil (Aprill & Sims,
1990; Banks et al., 1999). Phytoremediation with aquatic plants also has
been investigated for the clean-up of oil spills along shorelines (Lee & de
Mora, 1999). Since microorganisms are more abundant in the rhizosphere
of plants than elsewhere in the soil, they are available to metabolize
organic compounds at the root surface (Macek et al., 2000). Ectomycor-
rhizal fungi, including strains of Amanita, Leccinum and Suillus, are able
to degrade phenanthrene, pyrene, chrysene, and benzo[a]pyrene (Braun-
Lullemann, Hüttermann & Majcherczyk, 1999). The arbuscular mycor-
rhizal fungus Glomus mosseae enhances the survival and growth of
ryegrass in soil containing PAHs (Leyval & Binet, 1998). Ascomycetes
growing on smooth cordgrass in a polluted saltmarsh ecosystem are as
resistant to toxic compounds as the plants themselves (Newell, Wall &
Maruya, 2000), although there is no evidence that these fungi can degrade
PAHs.

PAH metabolism by non-ligninolytic fungi

Organisms

The vast majority of fungi grow on substrates other than wood and do not
produce extracellular lignin peroxidases. Some of these fungi (Table 7.2)
have been found to metabolize PAHs (Cerniglia, 1992, 1993, 1997; Cernig-
lia, Sutherland & Crow, 1992; Sutherland, 1992; Müncnerová & Augustin,
1994; Pothuluri & Cerniglia, 1994; Sutherland et al., 1995). C. elegans and
most other non-ligninolytic fungi are unable to use PAHs as sources of
carbon or energy, but they may co-metabolize them while growing on
other substrates. Although this process does not enhance fungal growth, it
may result in a reduction of the toxic, mutagenic or carcinogenic properties
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Table 7.2. Non-ligninolytic fungi that metabolize polycyclic aromatic
hydrocarbons

Class Genus

Zygomycetes Cunninghamella blakesleeana
C. echinulata
C. elegans
Mortierella ramanniana
(Mucor ramannianus)

M. verrucosa
Mucor racemosus
Rhizopus arrhizus
Syncephalastrum racemosum

Ascomycetes Cryphonectria parasitica
Dichotomomyces cejpii
Morchella spp.

Neurospora crassa
Saccharomyces cerevisiae
Sporormiella australis

Blastomycetes Candida krusei
C. maltosa
C. tropicalis
Cryptococcus albidus

Rhodotorula glutinis
R. minuta
Trichosporon penicillatum

Hyphomycetes Aspergillus niger
A. ochraceus
A. terreus
A. versicolor
Beauveria alba
Botrytis cinerea
Chrysosporium pannorum
Cladosporium herbarum
Curvularia lunata
C. tuberculata
Cylindrocladium destructans
C. simplex
Doratomyces stemonitis
Drechslera spicifera
Embellisia annulata
Fusarium subglutinans
Gliocladium virens

Monosporium olivaceum
Penicillium chrysogenum
P. janthinellum
P. notatum
P. simplicissimum
Pestalotia palmarum
Phialophora alba
Phialophora hoffmannii
(Lecythophora hoffmannii)
Rhizoctonia solani
Scopulariopsis brumptii
Scytalidium lignicola
Sporothrix cyanescens
Trichoderma harzianum
T. viride
Verticillium lecanii

Coelomycetes Cicinnobolus cesatii
Colletotrichum dematium
Coniothyrium fuckelii

C. sporulosum
Phoma herbarum

From: Woods & Wiseman, 1979; Cerniglia, Freeman & Mitchum, 1982;
Pothuluri et al., 1990, 1996; Sutherland et al., 1992, 1995; MacGillivray &
Shiaris, 1993; Müncnerová & Augustin, 1994; Wunder et al., 1994; Casillas et al.,
1996; Krivobok et al., 1998; Romero et al., 1998; Gramss et al., 1999b; Lisowska
& Dlugonski, 1999; Pinto & Moore, 2000; Ravelet et al., 2000.
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of the PAHs (Cerniglia, White & Heflich, 1985; Pothuluri et al., 1992b;
Sutherland, 1992; Rudd et al., 1996). In contrast to the inability of most
fungi to grow on PAHs, a strain of the yeast R. glutinis, obtained from a
polluted stream below an oil refinery, has been reported to grow exponen-
tially on phenanthrene as a carbon and energy source (Romero et al.,
1998).

Pathways

Many non-ligninolytic fungi oxidize PAHs to water-soluble products
(Colombo, Cabello & Arambarri, 1996), the first step being the epoxida-
tion of one of the aromatic rings in a cytochrome P450 monooxygenase
reaction to form a transient arene oxide (Fig. 7.3) (Sutherland, 1992). The
arene oxide is immediately hydrated by an epoxide hydrolase to form a
trans-dihydrodiol, and subsequent non-enzymic rearrangement may also
produce a phenol (Sutherland et al., 1995). C. elegans and Cunninghamella
echinulata have genes for cytochrome P450 monoxygenase (Wang et al.,
2000) and oxidoreductase (Yadav & Loper, 2000). The oxidoreductase is
induced by n-tetradecane (Yadav & Loper, 2000); the inducibility of the
gene for the cytochrome P450 monooxygenase, the enzyme that actually
binds to PAHs, is still unknown. Non-ligninolytic fungi also produce
ketones and quinones from some PAHs (Pothuluri et al., 1992a, 1993;
Sutherland, 1992; Garon, Krivobok & Seigle-Murandi, 2000), but the
mechanisms by which they are formed are not fully understood.

Some fungi metabolize the trans-dihydrodiols and phenols of PAHs
further by sulfation, methylation or conjugation with glucose, xylose or
glucuronic acid (Fig. 7.3) (Cerniglia, Freeman & Mitchum, 1982;
Pothuluri et al., 1990, 1996; Sutherland et al., 1992; Müncnerová & Au-
gustin, 1994; Wunder et al., 1994; Casillas et al., 1996). Conjugates are
more water soluble than the other typical PAH metabolites. Selected
examples of the metabolism of PAHs by non-ligninolytic fungi are de-
scribed below.

Acenaphthene is metabolized by C. elegans to 6-hydroxyacenaph-
thenone, 1,2-acenaphthenedione, trans-1,2-dihydroxyacenaphthene, 1,5-
dihydroxyacenaphthene, 1-acenaphthenol, 1-acenaphthenone and
cis-1,2-dihydroxyacenaphthene (Fig. 7.4) (Pothuluri et al., 1992a).

Fluorene is metabolized by C. elegans to 9-fluorenol, 9-fluorenone and
2-hydroxy-9-fluorenone (Fig. 7.5) (Pothuluri et al., 1993). Various other
fungi also oxidize fluorene (Sack & Günther, 1993; Garon et al., 2000).

Anthracene is oxidized by C. elegans to an anthracene trans-1,2-dihyd-
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Fig. 7.4. Metabolism of acenaphthene by Cunninghamella elegans. (After
Pothuluri et al., 1992a.)

rodiol enantiomer and 1-anthryl sulfate (Fig. 7.6) (Cerniglia, 1982; Cernig-
lia & Yang, 1984). Rhizoctonia solani oxidizes it first to both enantiomers
of anthracene trans-1,2-dihydrodiol and then further to three xyloside
conjugates (Sutherland et al., 1992). Many other fungi, including A. niger,
Cryphonectria parasitica, Rhizopus arrhizus, C. echinulata and Clados-
porium herbarum, have also been reported to metabolize anthracene
(Yogambal & Karegoudar, 1997; Krivobok et al., 1998; Lisowska &
Dlugonski, 1999).
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Fig. 7.5. Metabolism of fluorene by Cunninghamella elegans. (After
Pothuluri et al., 1993.)

Phenanthrene is transformed by C. elegans to two enantiomers each of
phenanthrene trans-1,2-dihydrodiol and trans-9,10-dihydrodiol, and by
Syncephalastrum racemosum to two enantiomers of phenanthrene trans-
3,4-dihydrodiol (Fig. 7.7) (Cerniglia & Yang, 1984; Sutherland et al., 1991,
1993; Casillas et al., 1996). Several yeasts from coastal sediments, includ-
ing Trichosporon penicillatum, and various other fungi also transform
phenanthrene (MacGillivray & Shiaris, 1993; Sack & Günther, 1993;
Lisowska & Dlugonski, 1999). A. niger, S. racemosum and C. elegans may
produce not only trans-dihydrodiols from phenanthrene but also sulfate,
glucuronide and glucoside conjugates (Cerniglia et al., 1989; Casillas et al.,
1996). A. niger metabolizes phenanthrene to 1-methoxyphenanthrene; the
minor metabolites are 1- and 2-phenanthrol (Sack et al., 1997a).

Fluoranthene is metabolized by C. elegans to fluoranthene trans-
2,3-dihydrodiol, 8- and 9-hydroxyfluoranthene trans-2,3-dihydrodiols,
3-fluoranthene b-glucopyranoside, and 3-(8-hydroxyfluoranthene)-b-
glucopyranoside (Fig. 7.8) (Pothuluri et al., 1990). These metabolites have
been shown to be less mutagenic to bacteria than fluoranthene (Pothuluri
et al., 1992b). Several other strains of fungi, including Cryptococcus al-
bidus, Aspergillus terreus, Cicinnobolus cesatii, and Penicillium sp., also
metabolize fluoranthene (Sack & Günther, 1993; Salicis et al., 1999).

Benz[a]anthracene is transformed by C. elegans (Fig. 7.9) (Cerniglia,
Dodge & Gibson, 1980a; Cerniglia, Gibson & Dodge, 1994) and by several
yeasts from coastal sediments, including Candida krusei and Rhodotorula
minuta (MacGillivray & Shiaris, 1993).

Chrysene is biotransformed by C. elegans, S. racemosum and Penicillium
spp. (Pothuluri et al., 1995; Kiehlmann, Pinto & Moore, 1996). In cultures
of C. elegans, 2-hydroxychrysene, 2,8-dihydroxychrysene, 2-hydroxych-
rysene sulfate and 8-hydroxy-2-O-chrysene sulfate have been identified
(Fig. 7.10) (Pothuluri et al., 1995); in P. janthinellum, chrysene trans-1,2-
dihydrodiol has been identified (Kiehlmann et al., 1996).
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Fig. 7.10. Metabolism of chrysene by Cunninghamella elegans. (After
Pothuluri et al., 1995.)

Pyrene is oxidized by A. niger, C. elegans, P. janthinellum, S. racemosum
and other fungi to 1-pyrenol, 1,6- and 1,8-pyrenequinones and 1,6- and
1,8-dihydroxypyrene (Fig. 7.11) (Cerniglia et al., 1986; Wunder et al.,
1994; Launen et al., 1995; in der Wiesche, Martens & Zadrazil, 1996).
A. niger also produces 1-pyrenyl sulfate, 1-hydroxy-8-pyrenyl sulfate
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and 1-methoxypyrene (Wunder et al., 1994, 1997; Sack et al., 1997a). In P.
janthinellum, glucose inhibits the oxidation of pyrene (Launen, Pinto &
Moore, 1999). Other fungi from aquatic sediments and contaminated soils,
including strains of Mucor racemosus, Phialophora alba, Coniothyrium
fuckelii, and Penicillium sp., have also been shown to degrade pyrene (Sack
& Günther, 1993; Ravelet et al., 2000).

Perylene is metabolized by several fungi, including Morchella spp.,
Botrytis cinerea, Scytalidium lignicola, Trichoderma sp. and others, to
unknown products (Gramss et al., 1999a).

Benzo[a]pyrene, which is highly carcinogenic if it is metabolized by liver
enzymes, is hydroxylated by the cytochrome P450-containing aryl hydro-
carbon hydroxylase from Saccharomyces cerevisiae (Wiseman & Woods,
1979; Woods & Wiseman, 1979). C. elegans oxidizes benzo[a]pyrene to
trans-dihydrodiols, diol epoxides, phenols and quinones (Fig. 7.12)
(Cerniglia & Gibson, 1979; 1980a,b; Cerniglia, Mahaffey & Gibson,
1980b). Aspergillus ochraceus produces trans-dihydrodiols and quinones
(Dutta et al., 1983; Ghosh et al., 1983; Wunch, Feibelman & Bennett,
1997). P. janthinellum, S. racemosum and other fungi also oxidize benzo[a]
pyrene (Launen et al., 1995). Microsomes from the yeasts Kluyveromyces
marxianus and S. cerevisiae show a type I binding spectrum with benzo[a]
pyrene (Engler et al., 2000), indicating that it is a substrate for cytochrome
P450.

Benzo[e]pyrene, a non-carcinogenic benzopyrene isomer, is metabolized
by strains of C. elegans to 3-benzo[e]pyrenyl sulfate, 1-hydroxy-3-benzo[e]
pyrenyl sulfate and benzo[e]pyrene 3-O-b-glucopyranoside (Fig. 7.13)
(Pothuluri et al., 1996).

Metabolism of polycyclic aromatic hydrocarbons by ligninolytic
fungi

A group of lignin-degrading fungi in the class Basidiomycetes have re-
ceived considerable attention for their ability to degrade a wide variety of
structurally diverse chemical pollutants (Morgan, Lewis & Watkinson,
1991; Shah et al., 1992; Morgan et al., 1993; Field et al., 1993; Aust, 1995;
Hammel, 1995a,b; Kotterman, 1999). P. chrysosporium, T. versicolor, P.
ostreatus, Bjerkandera adusta, Bjerkandera sp. strain B0S55 and
Nematoloma frowardii have been the most extensively studied. Lignin
peroxidase (LiP), manganese-dependent peroxidase (MnP), manganese-
independent peroxidase and laccase are the enzymes that have been im-
plicated in the oxidation of PAHs. Since these enzymes are extracellular,
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Fig. 7.11. Metabolism of pyrene by Cunninghamella elegans and Asper-
gillus niger. (After Cerniglia et al., 1986; Wunder et al., 1994; Sack et al.,
1997a.)
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have low substrate specificity and may diffuse into the soil matrix where
the PAHs are entrapped, investigators have attempted to use ligninolytic
fungi for the degradation of recalcitrant PAHs (Brodkorb & Legge, 1992;
Bogan & Lamar, 1996; Lang et al., 1996; Sack & Fritsche, 1997; Boyle,
Wiesner & Richardson, 1998; Novotny et al., 1999; Pickard et al., 1999).

Phanerochaete chrysosporium

Bumpus et al. (1985) published a seminal paper demonstrating the poten-
tial of the white rot fungus P. chrysosporium to degrade chemically diverse
environmental pollutants including benzo[a]pyrene. These experiments
were performed in liquid media with low concentrations of nitrogen. LiPs
are induced during secondary metabolism under nutrient-deficient cultural
conditions (Bogan et al., 1996a). P. chrysosporium grows optimally at
39°C, a higher temperature than most white rot fungi. This fungus has
considerable promise in bioremediation technologies, since the LiP and
MnP, coupled with a system producing H

2
O

2
, generate Fenton-type rad-

icals that oxidatively attack not only lignin but also other aromatic com-
pounds (Aust, 1995; Hammel, 1995b). Another important feature of
P. chrysosporium, compared with most non-ligninolytic fungi, is the ability
to cleave aromatic rings and eventually break down PAHs (Hammel et al.,
1991). LiP ionizes aromatic compounds to form aryl cation radicals, which
undergo further oxidation to form quinones. For example, the major
pathway for anthracene degradation is via 9,10-anthraquinone, with sub-
sequent ring cleavage to phthalic acid and finally carbon dioxide (Fig.
7.14) (Hammel et al., 1991). Purified forms of LiP and MnP have also been
shown to oxidize anthracene, pyrene, fluorene and benzo[a]pyrene to the
corresponding quinones (Fig. 7.14) (Bogan, Lamar & Hammel, 1996b;
Haemmerli et al., 1986; Hammel et al., 1986, 1991). Some PAHs, up to six
aromatic rings, are oxidized by manganese-dependent lipid peroxidation
reactions, both in vitro and in vivo (Bogan & Lamar, 1995; Bogan et al.,
1996b,c). Cytochrome P450 has also been purified and implicated in the
hydroxylation of benzo[a]pyrene by P. chrysosporium (Masaphy et al.,
1996).

Since phenanthrene has an ionization potential of 8.19 Ev, it is not
considered to be a LiP substrate (Hammel et al., 1986). However, Hammel
et al. (1992) later demonstrated that P. chrysosporium metabolizes phenan-
threne initially to phenanthrene 9,10-quinone and then to a ring cleavage
product, 2,2@-diphenic acid, under ligninolytic conditions (Fig. 7.14). Lipid
peroxidation by the MnP of P. chrysosporium has also been implicated in
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phenanthrene oxidation (Moen & Hammel, 1994). Degradation of
phenanthrene by P. chrysosporium under non-ligninolytic conditions, in
liquid media with high nitrogen, results in a different metabolic profile
from ligninolytic incubations. P. chrysosporium metabolizes phenanthrene
to phenanthrene trans-3,4- and trans-9,10-dihydrodiols, 3-, 4- and 9-
phenanthrols and a glucoside conjugate of 9-phenanthrol (Sutherland et
al., 1991). Based on the metabolites formed from phenanthrene in the
culture broth of P. chrysosporium, it was speculated that the initial steps in
the oxidation of phenanthrene under non-ligninolytic conditions are
catalysed by cytochrome P450 and epoxide hydrolase. Tatarko & Bumpus
(1993) observed that LiP H8 oxidizes 9-phenanthrol to 9,10-phenan-
threnequinone. Therefore, depending upon the growth conditions,
P. chrysosporium has multiple enzymic pathways for the metabolism of
phenanthrene.

Trametes versicolor

T. versicolor has been used in biodegradation studies because of its strong
extracellular laccase production; the laccase of T. versicolor oxidizes most
of the 16 PAHs listed by the US EPA as priority pollutant chemicals. PAH
oxidation by laccase from this and other species is enhanced by the
addition of mediator compounds, such as 2,2@-azino-bis(3-ethylben-
zothiazoline-6-sulfonic acid) and 1-hydroxybenzotriazole (Böhmer, Mes-
sner & Srebotnik, 1998; Majcherczyk, Johannes & Hüttermann, 1998;
Majcherczyk & Johannes, 2000). Benzo[a]pyrene and perylene are par-
tially converted to polymeric products. Small amounts of quinones and
ketones are the main oxidation products from anthracene (9,10-
anthraquinone), benzo[a]pyrene (benzo[a]pyrene 1,6-, 3,6- and 6,12-
quinones) and fluorene (9-fluorenone) (Collins et al., 1996; Johannes,
Majcherczyk & Hüttermann, 1996; Majcherczyk et al., 1998). The laccase
of T. versicolor in combination with 1-hydroxybenzotriazole oxidizes
acenaphthene and acenaphthylene to a variety of compounds; the primary
metabolites are 1,2-acenaphthenedione and 1,8-naphthalic acid
(Johannes, Majcherczyk & Hüttermann, 1998). The role of natural medi-
ators, including phenols and aromatic amines, in the degradation of PAHs
by laccase is now beginning to be unveiled (Johannes & Majcherczyk,
2000).

When T. versicolor is cultured in media with high nitrogen and manga-
nese, it can completely oxidize fluorene (Collins & Dobson, 1996). Unlike
purified LiP, MnP of T. versicolor is capable of oxidizing phenanthrene

167Bioremediation of polycyclic aromatic hydrocarbons



and fluorene, which have ionization potentials greater than 7.55 Ev (Table
7.1). Sack et al. (1997b) showed that T. versicolor can degrade pyrene and
phenanthrene in liquid and straw cultures. The major sites of enzymic
attack are the K-regions of pyrene and phenanthrene, forming pyrene
trans-4,5-dihydrodiol and phenanthrene trans-9,10-dihydrodiol, respect-
ively (Figs. 7.14 and 7.15). The results also suggest that T. versicolor
produces intracellular enzymes, such as cytochrome P450 and epoxide
hydrolase, that can attack PAHs (Sack et al., 1997b).

The above studies indicate that T. versicolor has both intracellular and
extracellular enzymes that are important in the degradation of PAHs. The
capability of laccase and natural mediator systems to degrade PAHs in
vitro may have applications in the detoxification of these environmentally
persistent pollutants.

Pleurotus ostreatus

The edible oyster mushroom, P. ostreatus, has been shown to be an
efficient PAH degrader (Bezalel, Hadar & Cerniglia, 1996a, 1998; Wolter
et al., 1997). Although many of the experiments have been done in nutri-
ent-rich liquid media, the fungus has potential for practical application in
the decontamination of soils polluted with PAHs (Eschenback et al., 1995;
Baldrian et al., 2000) since mycelia on solid substrates, such as straw and
spent mushroom waste, can be used as economical sources of inoculum
(Eggen, 1999; Novotny et al., 1999). Furthermore, P. ostreatus grows well
in soil and can compete with indigenous soil bacteria (Martens & Zadrazil,
1998; Martens et al., 1999). In contrast to P. chrysosporium, P. ostreatus
does not produce LiP activity (Hatakka, 1990), but its abilities to degrade
lignin and PAHs may be linked with laccase and MnP activities. Bezalel et
al. (1996a) demonstrated that P. ostreatus can degrade phenanthrene,
anthracene, fluorene, pyrene and benzo[a]pyrene (Figs. 7.14 and 7.15).
Further studies on the isolation and identification of polar and organic
soluble metabolites suggest that the metabolism of P. ostreatus is similar to
that of non-ligninolytic fungi and indicate that intracellular cytochrome
P450 monoxygenase and epoxide hydrolase are responsible for the initial
enzymic attack (Bezalel et al., 1996b,c; Bezalel, Hadar & Cerniglia, 1997).
There appears to be no direct correlation between the activities of laccase
and MnP and the oxidation of PAHs, suggesting that these extracellular
enzymes may be involved in the later reactions of PAH degradation
(Bezalel et al., 1996c; Schutzendubel et al., 1999).

Phenanthrene is metabolized to phenanthrene trans-9,10-dihydrodiol
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and 2,2@-diphenic acid under non-ligninolytic conditions by P. ostreatus
(Fig. 7.14) (Bezalel et al., 1996b). Oxygen-18 incorporation experiments
indicate that P. ostreatus initially oxidizes phenanthrene stereoselectively,
using cytochrome P450 and epoxide hydrolase to form a dihydrodiol,
predominantly as the (9R,10R) enantiomer (Bezalel et al., 1996b). This is
similar to the major enantiomer produced by the non-ligninolytic fungus
C. elegans but is different from the major enantiomer (9S,10S) produced
by P. chrysosporium (Sutherland et al., 1991, 1993). As in phenanthrene
metabolism, pyrene is also metabolized by P. ostreatus in the K-region
(4,5-positions) to form pyrene trans-4,5-dihydrodiol, with the predomi-
nant enantiomer in the (R,R)-configuration (Bezalel et al., 1996c).

P. ostreatus initially metabolizes anthracene at two different sites on the
molecule. One enzymic attack is at the 1,2-bond, to form anthracene
trans-1,2-dihydrodiol. The major enantiomer of this trans-dihydrodiol is
in the (S,S)-configuration, which is similar to that formed by C. elegans.
The oxidation of anthracene to 9,10-anthraquinone by P. ostreatus has
been demonstrated in several laboratories (Fig. 7.14) (Vyas et al., 1994;
Bezalel et al., 1996c). The involvement of extracellular enzymes also has
been implicated in 9,10-anthraquinone formation by P. chrysoporium,
T. versicolor, Bjerkandera sp. and Coriolopsis polyzona (Hammel et al.,
1991; Field et al., 1992; Vyas et al., 1994).

Based on the above studies, P. ostreatus has multiple degradation path-
ways for the metabolism of PAHs. Cytochrome P450 monoxygenase has
been demonstrated to be responsible for the initial attack on several PAHs
(Bezalel et al., 1997). However, free radical attack by extracellular
oxidative enzymes also occurs to form quinones. In a related species,
Pleurotus pulmonarius, cytochrome P450 was purified and implicated in
benzo[a]pyrene hydroxylation (Masaphy et al., 1995; Masaphy, Krinfeld
& Levanon, 1998; Masaphy, Lamb & Kelly, 1999). Since many of the
experiments were performed in nutrient-rich liquid media in flasks, how-
ever, the relationship between the intracellular and extracellular enzymes
of P. ostreatus in PAH degradation remains an open question.

Other fungi

Other ligninolytic fungi have been screened for PAH degradation and
compared with known white rot fungi that are PAH degraders. The white
rot fungus Bjerkandera sp. strain BOS55 can oxidize a variety of PAHs
including benzo[a]pyrene (Fig. 7.15) (Field et al., 1992, 1995;
Kotterman et al., 1994; Kotterman, Wasseveld & Field, 1996; Grotenhuis
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et al., 1998). This fungus produces LiP, MnP and manganese-independent
peroxidase, which play major roles in PAH metabolism (Field et al.,
1996b). Bjerkandera sp. strain BOS55 was able to metabolize three- and
four-ring PAHs in solvent extracts of polluted soil (Field et al., 1996a). The
high-molecular-weight PAHs (five and six aromatic rings) were poorly
degraded, mainly because of the high concentration of the water-miscible
solvent acetone, which solubilizes PAHs but is toxic to the fungal cells
(Field et al., 1996a). A subsequent study showed that non-ionic surfactants
like Tween 80 increase the bioavailability of PAHs. This increased the
solubility of the PAHs and, therefore enhanced by up to fivefold the
oxidation of anthracene, pyrene and benzo[a]pyrene by the ligninolytic
enzymes (Kotterman et al., 1998a).

Further studies with this fungus also suggest that it has potential appli-
cation in remediation of polluted waste sites (Kotterman, Vis & Field,
1998b). Bjerkandera sp. BOS55 and indigenous bacteria from activated
sludge or forest soil were combined and evaluated for benzo[a]pyrene
degradation. There was a stimulation in the breakdown of benzo[a]pyrene
as well as a significant decrease in its mutagenicity compared with the
fungal culture without the soil microflora.

A crude preparation of MnP from the South American white rot fungus
N. frowardii oxidized mixtures of eight different PAHs, as well as five
individual PAHs, including anthracene, phenanthrene, pyrene, fluoran-
thene and benzo[a]pyrene (Sack, Hofrichter & Fritsche, 1997c,d). Activity
of the MnP was stimulated by the addition of glutathione. The values for
PAH degradation ranged between 2.5 and 7.3%.

Sack et al. (1997b) screened several wood-decaying fungi, including
T. versicolor, Kuehneromyces mutabilis, Flammulina velutipes, Laetiporus
sulphureus and Agrocybe aegerita, for phenanthrene and pyrene degrada-
tion. Many of the fungi screened were able to break down the PAHs in
liquid and straw cultures. Phenanthrene trans-1,2-, 3,4- and 9,10-dihyd-
rodiols and the corresponding phenolic isomers were identified from cul-
tures incubated with phenanthrene (Fig. 7.14). Pyrene trans-4,5-dihyd-
rodiol and 1-hydroxypyrene were isolated from cultures incubated with
pyrene (Fig. 7.15) (Sack et al., 1997b).

Purified laccase from Pycnoporus cinnabarinus oxidizes benzo[a]pyrene
to the corresponding 1,6-, 3,6- and 6,12-quinones (Fig. 7.15) (Rama et al.,
1998) as in incubations with purified ligninases of P. chrysosporium
(Haemmerli et al., 1986). The reaction, which was conducted in a bench-
scale reactor, also required the exogenous mediator 2,2@-azino-bis(3-ethyl-
benzothiazoline-6-sulfonic acid).
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In a report on six white rot fungal strains isolated from soils in Korea,
Song (1999) reported that Irpex lacteus had broken down 15.6% of pyrene
added in liquid media after 4 weeks of incubation. One strain of
T. versicolor, as well as P. chrysosporium and P. ostreatus, had degraded
lesser amounts. Marasmiellus troyanus, which was isolated from a toxic
waste site, degraded more benzo[a]pyrene than did P. chrysosporium
(Wunch, Alworth & Bennett, 1999). After 15 days of incubation, 8.1% of
the benzo[a]pyrene was degraded with M. troyanus compared with 1.1%
for P. chrysosporium. Pyrene is metabolized by different strains of Crinipel-
lis stipitaria, a member of the Agaricales that has not been shown to
degrade lignin, to 1-hydroxypyrene, 1,6- and 1,8-dihydroxypyrene, 1,6-
and 1,8-pyrenequinone, pyrene trans-4,5-dihydrodiol, 1-pyrenylsulfate,
6,8-dihydroxy-3-methylisocoumarin, 6-hydroxypyrene 1-sulfate and
pyrene 1,6-disulfate (Lambert et al., 1994; Lange et al., 1994, 1995, 1996).

Conclusions

Several of the papers mentioned in this review demonstrate the potential of
non-ligninolytic and ligninolytic fungi to remediate PAH-contaminated
soils. Since most non-ligninolytic fungi do not cleave the aromatic rings of
PAHs, much of the research since the late 1980s has focused on the use of
white-rot fungi for the biodegradation of PAHs. The extracellular enzymes
(including LiPs, MnPs and laccases) of these ligninolytic fungi metabolize
PAHs to quinones, cleave aromatic rings and, to a limited extent, produce
carbon dioxide. Numerous experiments have shown that white-rot fungi
can transform individual PAHs and complex mixtures, not only in labora-
tory cultures but also in soil spiked with PAHs. The resulting quinones,
free-radical intermediates and carboxylic acids may bind to the organic
and inorganic components of soil to reduce the bioavailability of the
PAHs. Therefore, the biotransformation process may be characterized as a
sequestration that can lead to eventual detoxification. However, the mech-
anisms of these oxidative and ring-cleavage enzymes, including both in-
tracellular and extracellular processes, and the humification process in soil
still need intensive research.

Since many different treatment techniques have been proposed for the
remediation of contaminated sites, methods are usually selected based on
feasibility, effectiveness, time requirements and cost. The use of fungi for
bioremediation has more often been found effective in the laboratory than
in the field. The recent report of the utilization of phenanthrene by a yeast,
if confirmed and extended to other PAHs, will be of interest for field
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studies. Future success in bioremediation will require a greater under-
standing of the capabilities of the selected fungi and their interactions with
abiotic and biotic factors in the soil environment. For example, the intro-
duced fungi must be capable of surviving and competing with indigenous
soil bacteria. This is critical because bacteria could either inhibit the
growth of the fungal inoculum or, in combination with fungi, enhance the
total degradation of the PAHs. Research in several laboratories has shown
that ligninolytic fungi have the ability to colonize straw, wood chips and
mushroom compost for use in PAH-contaminated soil. This approach
could be effective as a remediation strategy.

Before fungi can be used for the bioremediation of PAH-contaminated
sites, the environmental and nutritional factors that influence biodegrada-
tion rates must be considered. A successful method will also have to be
reliable enough to meet government regulatory requirements. Methods for
the detoxification of PAH residues in the environment must be as rapid,
cost-effective and environmentally safe as possible.
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Böhmer, S., Messner, K. & Srebotnik, E. (1998). Oxidation of phenanthrene by a
fungal laccase in the presence of 1-hydroxybenzotriazole and unsaturated
lipids. Biochemical and Biophysical Research Communications, 244, 233–238.

Boonchan, S., Britz, M. L. & Stanley, G. A. (2000). Degradation and
mineralization of high-molecular-weight polycyclic aromatic hydrocarbons
by defined fungal-bacterial cocultures. Applied and Environmental
Microbiology, 66, 1007–1019.

Boopathy, R. (2000). Factors limiting bioremediation technologies. Bioresource
Technology, 74, 63–67.

Boyle, D., Wiesner, C. & Richardson, A. (1998). Factors affecting the
degradation of polyaromatic hydrocarbons in soil by white-rot fungi. Soil
Biology and Biochemistry, 30, 873–882.

Braun-Lullemann, A., Hüttermann, A. & Majcherczyk, A. (1999). Screening of
ectomycorrhizal fungi for degradation of polycyclic aromatic hydrocarbons.
Applied Microbiology and Biotechnology, 53, 127–132.

Brodkorb, T. S. & Legge, R. L. (1992). Enhanced biodegradation of
phenanthrene in oil tar-contaminated soils supplemented with Phanerochaete
chrysosporium. Applied and Environmental Microbiology, 58, 3117–3121.

Bumpus, J. A. (1989). Biodegradation of polycyclic aromatic hydrocarbons by
Phanerochaete chrysosporium. Applied and Environmental Microbiology, 55,
154–158.

Bumpus, J. A., Tien, M., Wright, D. & Aust, S. D. (1985). Oxidation of persistent
environmental pollutants by a white rot fungus. Science, 228, 1434–1436.

Casillas, R. P., Crow, S. A. Jr, Heinze, T. M., Deck, J. & Cerniglia, C. E. (1996).
Initial oxidative and subsequent conjugative metabolites produced during
the metabolism of phenanthrene by fungi. Journal of Industrial
Microbiology, 16, 205–215.

Cerniglia, C. E. (1982). Initial reactions in the oxidation of anthracene by
Cunninghamella elegans. Journal of General Microbiology, 128, 2055–2061.

Cerniglia, C. E. (1984). Microbial metabolism of polycyclic aromatic
hydrocarbons. Advances in Applied Microbiology, 30, 31–71.

175Bioremediation of polycyclic aromatic hydrocarbons



Cerniglia, C. E. (1992). Biodegradation of polycyclic aromatic hydrocarbons.
Biodegradation, 3, 351–368.

Cerniglia, C. E. (1993). Biodegradation of polycyclic aromatic hydrocarbons.
Current Opinion in Biotechnology, 4, 331–338.

Cerniglia, C. E. (1997). Fungal metabolism of polycyclic aromatic hydrocarbons:
past, present and future applications in bioremediation. Journal of Industrial
Microbiology and Biotechnology, 19, 324–333.

Cerniglia, C. E. & Gibson, D. T. (1979). Oxidation of benzo[a]pyrene by the
filamentous fungus Cunninghamella elegans. Journal of Biological Chemistry,
254, 12174–12180.

Cerniglia, C. E. & Gibson, D. T. (1980a). Fungal oxidation of benzo[a]pyrene and
( ± )-trans-7,8-dihydroxy-7,8-dihydrobenzo[a]pyrene: Evidence for the
formation of a benzo[a]pyrene 7,8-diol-9,10-epoxide. Journal of Biological
Chemistry, 255, 5159–5163.

Cerniglia, C. E. & Gibson, D. T. (1980b). Fungal oxidation of ( ± )-9,10-
dihydroxy- 9,10-dihydrobenzo[a]pyrene: formation of diastereomeric
benzo[a]pyrene 9,10-diol 7,8-epoxides. Proceedings of the National Academy
of Sciences USA, 77, 4554–4558.

Cerniglia, C. E., & Yang, S. K. (1984). Stereoselective metabolism of anthracene
and phenanthrene by the fungus Cunninghamella elegans. Applied and
Environmental Microbiology, 47, 119–124.

Cerniglia, C. E., Dodge, R. H. & Gibson, D. T. (1980a). Studies on the fungal
oxidation of polycyclic aromatic hydrocarbons. Botanica Marina, 23,
121–124.

Cerniglia, C. E., Mahaffey, W. & Gibson, D. T. (1980b). Fungal oxidation of
benzo[a]pyrene: formation of ( − )-trans-7,8-dihydroxy-7,8-
dihydrobenzo[a]pyrene by Cunninghamella elegans. Biochemical and
Biophysical Research Communications, 94, 226–232.

Cerniglia, C. E., Freeman, J. P. & Mitchum, R. K. (1982). Glucuronide and
sulfate conjugation in the fungal metabolism of aromatic hydrocarbons.
Applied and Environmental Microbiology, 43, 1070–1075.

Cerniglia, C. E., White, G. L. & Heflich, R. H. (1985). Fungal metabolism and
detoxification of polycyclic aromatic hydrocarbons. Archives of
Microbiology, 143, 105–110.

Cerniglia, C. E., Kelly, D. W., Freeman, J. P. & Miller, D. W. (1986). Microbial
metabolism of pyrene. Chemico-Biological Interactions, 57, 203–216.

Cerniglia, C. E., Campbell, W. L., Freeman, J. P. & Evans, F. E. (1989).
Identification of a novel metabolite in phenanthrene metabolism by the
fungus Cunninghamella elegans. Applied and Environmental Microbiology, 55,
2275–2279.

Cerniglia, C. E., Sutherland, J. B. & Crow, S. A. (1992). Fungal metabolism of
aromatic hydrocarbons. In Microbial Degradation of Natural Products, ed.
G. Winkelmann, pp. 193–217. Weinheim: VCH Press.

Cerniglia, C. E., Gibson, D. T. & Dodge, R. H. (1994). Metabolism of
benz[a]anthracene by the filamentous fungus Cunninghamella elegans.
Applied and Environmental Microbiology, 60, 3931–3938.

Cha, D. K., Chiu, P. C., Kim, S. D. & Chang, J. S. (1999). Treatment
technologies. Water Environment Research, 71, 870–885.

Chapelle, F. H. (1999). Bioremediation of petroleum hydrocarbon-contaminated
ground water: the perspectives of history and hydrology. Ground Water, 37,
122–132.

176 C. E. Cerniglia and J. B. Sutherland



Chen, W., Bruhlmann, F., Richins, R. D. & Mulchandani, A. (1999). Engineering
of improved microbes and enzymes for bioremediation. Current Opinion in
Biotechnology, 10, 137–141.

Coates, J. D., Anderson, R. T. & Lovley, D. R. (1996). Oxidation of polycyclic
aromatic hydrocarbons under sulfate-reducing conditions. Applied and
Environmental Microbiology, 62, 1099–1101.

Collins, P. J. & Dobson, A. D. W. (1996). Oxidation of fluorene and
phenanthrene by Mn(II) dependent peroxidase activity in whole cultures of
Trametes (Coriolus) versicolor. Biotechnology Letters, 18, 801–804.

Collins, P. J., Kotterman, M. J. J., Field, J. A. & Dobson, A. D. W. (1996).
Oxidation of anthracene and benzo[a]pyrene by laccases from Trametes
versicolor. Applied and Environmental Microbiology, 62, 4563–4567.

Colombo, J. C., Cabello, M. & Arambarri, A. M. (1996). Biodegradation of
aliphatic and aromatic hydrocarbons by natural soil microflora and pure
cultures of imperfect and lignolytic fungi. Environmental Pollution, 94,
355–362.

Cutright, T. J. (1995). Polycyclic aromatic hydrocarbon biodegradation and
kinetics using Cunninghamella echinulata var. elegans. International
Biodeterioration and Biodegradation, 35, 397–408.

Cutright, T. J. & Lee, S. (1994). Microorganisms and metabolic pathways for
remediation of PAH contaminated soil. Fresenius Environmental Bulletin, 3,
413–421.

Davis, M. W., Glaser, J. A., Evans, J. W. & Lamar, R. T. (1993). Field evaluation
of the lignin-degrading fungus Phanerochaete sordida to treat
creosote-contaminated soil. Environmental Science and Technology, 27,
2572–2576.
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8
Pesticide degradation
SARAH E. MALONEY

Introduction

Although responsible for saving and improving the quality of human life,
pesticides have exerted a significant detrimental effect on the environment
and have caused serious health problems, resulting in severe criticism of
their use (Hayes, 1986). There is often a fundamental conflict between the
need for a sustained level of biological activity of a pesticide in the
environment and the requirement that the chemical should be degraded to
non-toxic and ecologically safe products (Hill, 1978; Casida & Quistad,
1998). The era of modern synthetic pesticides largely dates from 1939 when
the insecticidal properties of 1,1,1-trichloro-2,2-bis(p-chlorophenyl)ethane
(DDT) were discovered (Tessier, 1982). Unlike naturally occurring organic
compounds, which are readily degraded upon introduction into the envi-
ronment, some pesticides such as DDT are extremely resistant to biode-
gradation by native microflora (Rochkind-Dubinsky, Sayler & Blackburn,
1987a). In most cases, the persistence can be explained by the chemical
structure and by the degree of water solubility. In addition, some of these
pesticides tend to accumulate in organisms at different trophic levels of the
food chain. Chlorinated organic pesticides are one of the major groups of
toxic chemicals responsible for environmental contamination and an im-
portant potential risk to human health (Kullman & Matsumura, 1996).

The most common pesticides are herbicides, insecticides and fungicides,
where herbicides account for nearly 50% of all the pesticides used in
developed countries and insecticides account for 75% of all pesticides used
in developing countries. There are currently over 2500 pesticides in use
(Anon, 1998). The trend of insecticide evolution since the 1960s has been
towards increased specificity and less persistence in order to minimize
adverse effects on non-target species (Casida & Quistad, 1998). However,
even the synthetic pyrethroid insecticides, which were developed to replace
many of the more environmentally persistent and highly toxic organoch-
lorine, organophosphorus and methylcarbamate insecticides, have under
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certain conditions caused problems in the environment as a result of their
adverse effects on non-target species/organisms (Woodhead, 1983;
Solomon, 1986; Zabel, Seager & Oakley, 1988). The extensive use of
herbicides such as the chlorophenoxyalkanoates and triazines, and other
toxic chlorinated hydrocarbons used in pesticides such as pentach-
lorophenol (PCP) and the polychlorinated biphenyls (PCBs) has also led to
the contamination of many terrestrial and aquatic ecosystems (Gilbertson,
1989; Paszczynski & Crawford, 1995; McAllister, Lee & Trevors, 1996).

Much attention has been directed towards the use of microorganisms for
bioremediation of organopollutants, including pesticides (Bollag, 1974;
Fewson, 1988; Shelton et al., 1996). Microbially mediated decomposition,
often through co-metabolism, is the major, and sometimes the only, mech-
anism for the permanent removal or modification of pesticides in soils
(Horvarth, 1972). Most work has been carried out on insecticide decompo-
sition, with less attention on herbicides and even less for fungicides. In
contrast to fungi, bacteria have been extensively studied and exploited for
use in the degradation of pesticides (see reviews by Wallnofer & Engel-
hardt, 1973; Cork & Krueger, 1991; Moorman, 1994). This is primarily
because of their ease of culture, more rapid growth rates and amenity to
genetic manipulation (Kumar, Mukerjii & Lal, 1996). Increasing numbers
of studies, however, clearly demonstrate that fungi, and in particular white
rot fungi, are able to degrade a large number of pollutants, including
pesticides (Aust, 1990, 1993; Kirk, Lamar & Glaser, 1992; Barr & Aust,
1994a; Paszczynski & Crawford, 1995). The enormous structural diversity
of the pollutants degraded by these fungi (Fig. 8.1), has increased the
interest in their use for bioremediation (Barr & Aust, 1994b; Arisoy, 1998).
The principal biochemical reactions in the primarily co-metabolic degra-
dation of pesticides by fungi include oxidation, reduction, hydroxylation,
aromatic ring cleavage, hydrolysis, dehalogenation, methylation and de-
methylation, dehydrogenation, ether cleavage, condensation and conju-
gate formation.

White rot fungi are characterized by their ability to degrade lignin in
wood, a structurally complex, naturally occurring and environmentally
persistent heteropolymer, the most abundant renewable organic material
on earth (Kirk et al., 1992). Lignin contains numerous substructures that
are also found in common pollutants, for example phenolics and biphenyls
(Bumpus et al., 1985; Lamar, Larsen & Kirk, 1990; Kirk et al., 1992). This
unique ability to degrade lignin and a large range of pollutants depends
upon the production and secretion of a group of highly potent, non-
specific, non-stereoselective, extracellular enzymes, which form part of the

189Pesticide degradation



OH
CI

CI C CI

H

CCI CI
CI

Pentachlorophenol

Lindane
(8-isomer of 1,2,3,4,5,6-hexachlorocyclohexane)

1,1,1-Trichloro-2,2-bis(4-chlorophenyl)ethane (DDT)

Parathion

CI

CI

CI

2,4-Dichlorophenoxyacetate (2,4-D)

CI

O

Permethrin

O
CI

O
CI

CI

CI

CI

CI
CI

CI

3

NO O P 

S 

2

O H 5C 2

OCH 2CH 3CH 3
COOH 

CI

Simazine

NHC 2 5H C 2H 5 HN 
NH CO N

Diuron

CI

CI
CH 3

CH 3

O H 5C 2

N N

N

Fig. 8.1. Examples of pesticides degraded by fungi. (Adapted from Mal-
oney, 1991.)

lignin-degradation system (Kirk & Chang, 1981; Evans, 1987; Fernando &
Aust, 1994; Aust, 1995; Bennett & Faison, 1997; Arisoy, 1998). The major
components of the lignin-degrading enzyme system include lignin per-
oxidases (LiPs), manganese-dependent peroxidases (MnPs) and an H

2
O

2
-

generating system. Other important components include glucose oxidases,
glyoxal oxidases, lactases, reductases, methylases, veratryl alcohol,
oxalate, quinones, quinone reductases and laccases, the last being widely
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distributed copper-containing enzymes (Barr & Aust, 1994b). The most
widely studied wood-rotting fungus for xenobiotic biodegradation is
Phanerochaete chrysosporium and PCP is one of the most well-studied
xenobiotics, in terms of fungal degradation (Higson, 1991; Barr & Aust,
1994a; McAllister et al., 1996).

Pentachlorophenol

Thousands of tons of PCP and chlorinated phenols are produced annually
(Reineke, 1984; McAllister et al., 1996). Their widespread use in agricul-
ture and industry as fungicides, insecticides, herbicides and disinfectants,
together with their acute toxicity, has led to the contamination of both
terrestrial and aquatic ecosystems. As a consequence, they are listed as
priority pollutants and their use is now restricted (Rao, 1978; Keith &
Teillard, 1979; Crosby, 1981; Anon, 1998). A variety of microorganisms
have been shown to degrade PCP, primarily by a pathway involving
dechlorination, hydroxylation and methylation (Stanlake & Finn, 1982;
Rochkind-Dubinsky et al., 1987b; McAllister et al., 1996). Degradation of
PCP at 600 mg kg~1 soil was demonstrated in soil systems containing
bacteria (Middledorp, Briglia & Salkinoja-Salonen, 1990). Fixed-film bio-
reactors, consisting of a mixed microbial consortium as a biofilm on
softwood bark, were used successfully by Salkinoja-Salonen et al. (1983) to
remove PCP from water. Biodegradation in the environment, however,
can often be slow, since PCP may form part of a complex mixture of
different chemicals and occur at concentrations that would be quite toxic
to the indigenous population. In addition, degradation may be taking
place under less favourable, anaerobic conditions (Engelhardt et al., 1986).

Certain fungi, particularly white rot fungi, seem to be more successful
than other microorganisms because they are often able to tolerate and/or
detoxify some of these pesticides within mixtures of chemicals and at
relatively toxic concentrations (Cserjesi & Johnson, 1972; Mileski et al.,
1988; Lamar et al., 1990; Kirk et al., 1992). The biodegradation potential
of some fungi for PCP has shown that they can be tolerant to concentra-
tions as high as 500–1000 mg l~1 (Seigle-Murandi, Steiman & Benoit-
Guyod, 1991). In general, however, fungi are not efficient at degrading
PCP in liquid culture or soil systems (Mileski et al., 1988; Lamar et al.,
1990; Lamar & Dietrich, 1992). Unlike bacteria, fungi do not normally use
PCP as a source of carbon and energy but degrade PCP through a
fortuitous/co-metabolic reaction using wood components like lignocel-
lulose as their primary carbon source. Aspergillus, Penicillium, Fusarium
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and Paecilomyces spp. are all able to degrade PCP but do not use it for
growth (Rochkind-Dubinsky et al., 1987b; Seigle-Murandi et al., 1991). Of
the white rot fungi, P. chrysosporium and Phanerochaete sordida have
received particular attention in terms of PCP degradation/detoxification.
Trametes and Phellinus spp. have also shown potential as PCP degraders
(Alleman, Logan & Gilbertson, 1992), while Roy-Arcand and Archibald
(1991) demonstrated dechlorination of chlorophenols by the laccases of
Trichoderma versicolor. Mileski et al. (1988) used purified ligninase from
P. chrysosporium to convert PCP into 2,3,5,6-tetrachloro-2,5-cyc-
lohexadiene-1,4-dione (THCD). A dual degradation pathway was pro-
posed in which PCP is converted to TCHD, which is then degraded by
mycelial enzymes, and PCP breakdown occurs without an initial per-
oxidative step (Lin, Wang & Hickey, 1990). The multistep degradation
pathway for PCP has been further elucidated by Reddy and Gold (2000).
They characterized the fungal metabolites and oxidation products gener-
ated by purified LiP and MnP from P. chrysosporium. Tetrachloroben-
zoquinone was shown to be degraded by two parallel pathways with
several cross-pathway steps, involving a combination of intracellular re-
ductive dechlorination reactions and extracellular hydroxylation reac-
tions. As a result, PCP was shown to be completely dechlorinated. A
silicone membrane biofilm reactor has also been used to study fungal LiP
production and PCP degradation. PCP disappeared in the bioreactor at a
rate of 10.5 mg l~1 per day, five times faster than in flasks (Venkatadri et
al., 1992). White rot fungi grown as a mycelial mat have been shown to
metabolize PCP at concentrations as high as 500 mg l~1 (1.9 mmol l~1),
which are the concentrations present in some wood treatment plant
effluents and contaminated soils (Mileski et al., 1988; McAllister et al.,
1996).

Phanerochaete sp. has been shown to detoxify PCP by methylation using
its lignin-degrading system (McBain et al., 1995). The primary transform-
ation product is pentachloroanisole, which although less toxic than the
parent compound is more lipophilic and may bioaccumulate (McAllister et
al., 1996). Pentachloroanisole can become coupled to humic materials via
co-polymerization, reactions catalysed by fungal phenol oxidases such as
laccases and peroxidases (McAllister et al., 1996). The resulting ‘polymers’
have been regarded as non-toxic and relatively resistant to microbial
degradation in soils (Cserjesi & Johnson, 1972). It has been suggested,
however, that the nature, toxicity and stability of these soil-bound prod-
ucts need to be further investigated (Lichtenstein, 1980; Kirk et al., 1992).

Several field trials of selected strains of the white rot fungi P. chrysos-
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porium and P. sordida in different soils have shown extensive and rapid
conversion of PCP in mixtures of creosote to pentachloroanisole and other
non-extractable soil-bound products ( [ 80% conversion of PCP within 6
weeks) (Lamar & Dietrich, 1990; Kirk et al., 1992; Lamar et al., 1994). The
inoculum used in these studies consisted of a cheap and abundant solid
substrate, such as wood chips or grain–sawdust mixtures supporting fun-
gal hyphae, which was mixed into the contaminated soil with periodic
tilling. Wood chips are used as vehicles for fungal inoculation and can
serve as an additional carbon source for fungi (Lamar et al., 1990; Lamar
& Evans, 1993). Other studies have suggested that Trametes spp. may be a
better candidate for direct inoculation into contaminated sites than
Phanerochaete spp. because they are more resistant to PCP and do not
accumulate toxic intermediates (Alleman et al., 1992; McAllister et al.,
1996). In addition, the greater the growth of the fungi, the more tolerant
the white rot fungi are to PCP (Mileski et al., 1988; Lamar et al., 1990;
Alleman et al., 1992). One of the barriers to successful implementation of
fungal bioaugmentation is the development of an inexpensive high-quality
fungal inoculum with uniformly high biological potential (Lestan et al.,
1996). Recent advances in delivery and application to maintain and opti-
mize inoculum potential have led to the development of pelleted and
powdered fungal inocula for more effective bioremediation of soils (Ill-
man, 1993; Loomis et al., 1997; Walter, 1997).

Although methylation is the dominant degradative process in fungi, the
enzymes responsible have not been isolated or characterized. More studies
are required to elucidate PCP degradation pathways, particularly the
enzyme systems of Trametes spp. which do not accumulate the intermedi-
ate pentachloroanisole. More recently, a solid substrate monoculture of
Lentinula edodes was used to achieve rapid rates of PCP degradation in
soil, during which both PCP and pentachloroanisole were shown to be
degraded. With mixed microflora, however, the rates of degradation were
slower and pentachloroanisole was not degraded (Okeke et al., 1997). L.
edodes, in contrast to Phanerochaete spp., appears to remain active at the
lower temperatures that are typical of temperate soils of central and
northern Europe (Okeke et al., 1996).

Other chlorophenols that are considered priority pollutants include
2,4,5-trichlorophenol, which is used as a precursor for the synthesis of the
herbicide 2,4,5-trichlorophenoxyacetic acid (2,4,5-T), and 2,4-dich-
lorophenol, a breakdown product of the herbicide 2,4-dich-
lorophenoxyacetic acid (2,4-D). Hammel and Tardone (1988) reported
that LiPs catalysed oxidative 4-dechlorination of several polychlorinated
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phenols, including 2,4-di-, 2,4,5-tri, 2,4,6-trichlorophenol, and PCP,
producing p-benzoquinones. Meharg, Cairney and Maguire (1997) dem-
onstrated degradation of 2,4-dichlorophenol by ectomycorrhizal fungi in
axenic culture and in symbiosis with pine. Joshi and Gold (1993) showed
that under secondary metabolite conditions P. chrysosporium rapidly de-
graded 2,4,5-trichlorophenol. The multistep pathway involved cycles of
peroxidase-catalysed oxidative dechlorination reactions followed by
quinone reduction reactions to yield the key non-chlorinated intermediate
1,2,4,5-tetrahydroxybenzene, which was presumed to be ring cleaved with
subsequent degradation to carbon dioxide (Valli & Gold, 1991). Since
2,4,5-trichlorophenol is broken down very rapidly, the methylation reac-
tions observed with other substrates such as PCP apparently do not
predominate in this case. This unique fungal pathway contrasts with
several common bacterial pathways as all three chlorine atoms were
thought to be removed before ring cleavage occurred. In bacteria, phenolic
groups are introduced by aromatic ring hydroxylation, and ring cleavage
of the corresponding chlorocatechol produced by bacteria could generate
toxic acylhalide intermediates (Reineke & Knackmuss, 1988).

Organochlorines

Between the 1940s and 1970s, organochlorine compounds were the most
widely used agricultural pesticides (de Schrijver & de Mot, 1999). It was
found, however, that the long-term persistence of these toxic insecticides
had created both environmental and health problems, with a tendency
towards bioaccumulation (Johnson & Kennedy, 1973; Anon, 1979; van de
Waerdt, 1983; Spynu, 1989). As a consequence, the use of several or-
ganochlorine insecticides, including DDT, lindane (c-isomer of 1,2,3,4,5,6-
hexachlorocylohexane), chlordane, heptachlor, endosulfan (1,4,5,6,7,7-
hexachloro-5-norbornene-2,3-dimethanol cyclic sulfite), aldrin and diel-
drin, as well as the organochlorine herbicides dalapon and 2,4,5-T, was
limited or banned in technologically advanced countries (Anon, 1998).
However, many are still used in developing countries where the disadvan-
tages from their extensive use is considered to be outweighed by their
benefits, for example in malaria control (Lal & Saxena, 1982; van de
Waerdt, 1983; Anon, 1999; Taverne, 1999).

DDT

There have been many studies on the bacterial degradation of DDT (see
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Lal & Saxena, 1982). The main degradation route in bacteria under
anaerobic conditions involves successive reductive dechlorination of the
trichloromethyl group to 1,1-dichloro-2,2-bis(4-chloropheny)ethane
(DDD), which then undergoes further dechlorination followed by oxida-
tion of the carboxylic acid, decarboxylation and hydroxylation prior to
further degradation that includes ring cleavage (Johnsen, 1976). These
co-metabolic reactions require consortia of bacteria in order to achieve
complete degradation of DDT (de Schrijver & de Mot, 1999). Under
aerobic conditions, dehydrochlorination occurs (Kumar et al., 1996).

Several early studies have reported degradation of DDT by fungi includ-
ing Aspergillus, Fusarium and Trichoderma spp. (Matsumura & Boush,
1968). Later studies showed that the pathway for fungal degradation of
DDT was clearly different from that of the major pathway proposed for
bacterial degradation of DDT (Subba-Rao & Alexander, 1985; Bumpus,
Powers & Sun, 1993; Paszczynski & Crawford, 1995). Although DDD was
detected, fungal enzymes also catalysed the oxidation of the benzylic
carbon of DDT by hydroxylation to form 2,2,2-trichloro-1,1-bis(4-chloro-
phenyl)ethanol (dicofol) a tertiary alcohol, which makes the compound
more liable to bond cleavage and subsequent breakdown via the de-
chlorinated intermediate 2,2-dichloro-1,1-bis(4-chlorophenyl)ethanol
(FW-152) (Fernando & Aust, 1994). Several white rot fungi including P.
chrysosporium, Pleurotus ostreatus, Phellinus weivii, and T. versicolor have
been shown to degrade DDT, but P. chrysosporium was shown to be the
most efficient (Bumpus & Aust, 1987). Experiments evaluating the ability
of white rot fungi and in particular P. chrysosporium to degrade DDT by
the ligninase system showed that DDT was degraded under nitrogen-
deficient conditions (Bumpus and Aust, 1987). It was concluded that
lignin-degrading enzymes were involved, although later studies failed to
elucidate either reductive-dechlorination products or aromatic ring-cleav-
age products (Kohler et al., 1988). It is now thought that reductive de-
chlorination of DDT occurs in non-ligninolytic cultures of white rot fungi
(Hammel, 1989; Juhasz & Naidu, 1999). Fernando, Aust & Bumpus (1989)
investigated the effect of culture parameters on the degradation of DDT by
P. chrysosporium. Optimal carbon sources proved to be cellulose and
starch, providing a constant source of glucose both for DDT degradation
and natural degradation of lignocellulose. In later studies, Fernando and
Aust (1994) developed a soil system that contained ground corn cobs
where a 4: 1 ratio of corn cobs to silt loam soil with a 40% moisture content
proved to be optimal in supporting fungal growth and sustaining DDT
degradation over a 90-day period.
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Other organochlorine insecticides, including aldrin, dieldrin, heptach-
lor, methoxychlor, chlordane, lindane, mirex, isodrin and endrin, have
been used extensively for controlling mites and other insects (Anon, 1998).
Their rates of disappearance in the environment range on average from 3
(aldrin) to 8 (dieldrin) years. These insecticides have a multiring alicyclic
structure containing alkenyl (olefinic) bonds, and biological conversion of
these organochlorines, via dechlorination, dehydrochlorination, oxidation
and/or isomerization, are common mechanisms of degradation in the
environment (Lal & Saxena, 1982).

Lindane

Commercial formulations of lindane contain a mixture of isomers includ-
ing the c- and b-isomers. Lindane metabolism, including microbial metab-
olism, has been reviewed by Macholz and Kujawa (1985). Microbial
degradation occurs more readily under anaerobic than aerobic conditions.
Anaerobic biodegradation by reductive dechlorination is well established
(Jagnow, Haider & Ellwardt, 1977; Mohn & Tiedje, 1992). Under strictly
anaerobic conditions, the likely metabolites, which are less toxic than the
parent compound, are the c-isomers of tetrachlorocyclohexene and mono-
chlorobenzene. Under aerobic conditions, pentachlorocyclohexene may
be the major degradation product detected (Ohisa & Yamaguchi, 1978).
Isomerization of lindane from the c- to the a-isomer has also been observed
(Lal & Saxena, 1982). There have been few studies that have shown fungal
degradation of lindane. Most studies demonstrate degradation of other
cyclodienes such as endrin and aldrin, by fungi such as Trichoderma viride
(Patil, Matsumura & Bousch, 1970). More recently, Singh and Kuhad
(1999) compared the ability of Trametes hirsutus to degrade lindane in
liquid culture with that of P. chrysosporium. They showed that T. hirsutus
degraded lindane faster than P. chrysosporium, although the degradation
pathway appeared to be the same in both cultures. Two metabolites were
detected, the dechlorinated tetrachlorocyclohexane and oxidized tetrach-
lorocyclohexanol, which confirmed the findings of Mougin et al. (1996).
Further studies are required to identify and characterize the enzyme sys-
tems involved in white rot degradation of lindane.

Aldrin, dieldrin and heptachlor

Reductive dechlorination of other cyclodienes by mixed populations of
anaerobes has been demonstrated (Maule, Plyte & Quirk, 1987). Microbial

196 S. E. Maloney



degradation by fungi such as Trichoderma, Fusarium and Penicillium spp.
often leads to the formation of an epoxide ring structure in these mol-
ecules, which tend to be more stable than the parent compound (Tu, Miles
& Harris, 1968).

Dieldrin is more persistent than aldrin in soil and, of the few microor-
ganisms able to metabolize it, T. viride has been shown to hydrolyse
dieldrin to trans-aldrinol and other solvent- and water-soluble metabolites
(Matsumura, Bousch & Tai, 1968). Degradation of dieldrin has also been
demonstrated by Trichoderma koningii, which was able to ring cleave
dieldrin (Bixby, Bousch & Matsumura, 1971). Morgan, Lewis and Wat-
kinson (1991) showed some degradation of dieldrin by T. versicolor,
Chrysosporium lignorum and P. chrysosporium, although no attempt was
made to identify the water-soluble metabolites. Heptachlor has been
shown to be metabolized by soil microorganisms including fungi, where a
range of metabolites were produced by oxidation and hydrolysis, including
heptachlor epoxide and 1-hydroxychlordene (Miles, Tu & Harris, 1969).

The ability of P. chrysosporium to degrade some of these organochlorine
insecticides has been investigated in both liquid culture and soil–corn cob
matrices (Kennedy, Aust & Bumpus, 1990). Of the six insecticides inves-
tigated, dieldrin, aldrin, heptachlor, chlordane, lindane and mirex, only
lindane and chlordane underwent significant biodegradation (22.8% and
14.9%, respectively, in the soil–corn cob matrices over a 60-day period).
Although degradation was shown to occur under nitrogen-limited condi-
tions, the mechanisms involved and transformation products detected
have not yet been fully elucidated.

Endosulfan

Endosulfan has been extensively used throughout the world as a broad-
spectrum pesticide and is the only cyclodiene insecticide still registered for
use in the USA. As a consequence, endosulfan contamination is common
throughout the environment (Kullman & Matsumura, 1996). In soil,
endosulfan can be degraded by a wide variety of microorganisms including
soil fungi (El-Zorgani & Omer, 1974; Martens, 1976). Degradation rates,
however, are usually low and the primary transformation products are
endosulfan sulfate and endosulfandiol. These oxidative metabolites can be
equally as toxic and persistent as the parent compound. P. chrysosporium
has been shown to utilize both oxidative and hydrolytic pathways in the
relatively rapid metabolism of this pesticide. Two distinct pathways exist,
depending on whether metabolism takes place under ligninolytic (nutrient-
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deficient) or non-ligninolytic (nutrient-rich) conditions (Kullman & Mat-
sumura, 1996). The transformation products include endosulfan sulfate,
endosulfan diol, endosulfan hydroxyether and another metabolite tenta-
tively identified as endosulfan dialdehyde. Sudhakar and Dikshit (1999)
described the use of low-cost adsorbents, including the macrofungus Sojar
caju, for adsorption of endosulfan from water. Although the fungal bi-
omass did not prove to be as efficient as wood charcoal, the fungus was still
able to remove over 80% of a 10 mg l~1 initial concentration of endosulfan
after 24 hours.

Organophosphates

Organophosphates are broad-spectrum insecticides that have been in use
since the 1960s and which are relatively non-persistent compared with the
organochlorines. Their half-lives in soils are measured in weeks or months,
rather than years (Tessier, 1982). However, several are highly toxic to
mammals (e.g. parathion) (MacRae, 1989). The group contains many
well-known insecticides such as malathion, parathion, methyl parathion,
fenitrothion and diazinon. They are metabolized by many different micro-
organisms, particularly members of the Pseudomonas, Arthrobacter, Strep-
tomyces and Thiobacillus genera and by fungi in the Trichoderma genus
(Matsumura & Benezet, 1978). These insecticides are primarily detoxified
and degraded by hydrolysis and oxidation (Mulla, Mian & Kawecki,
1981). Studies on fungal degradation of organophosphorus insecticides
have involved primarily liquid cultures (Omar, 1998). An example is the
enzymic hydrolytic cleavage of fenitrothion and fenitrooxon by T. viride
(Baarschers & Heitland, 1986). The primary transformation product, 3-
methyl-4-nitrophenol, was thought to be liable to further transformation
by co-metabolism (Baarschers & Heitland, 1986). This fungus had already
been shown to degrade diazinon and parathion (Kiigemagi et al., 1958).

Malathion

Malathion is degraded by carboxyesterase and strong activity of this
enzyme has been detected in several fungi (Aspergillus, Penicillium and
Rhizoctonia spp.; Mostafa et al., 1972). Omar (1998) isolated 13 fungal
species, including Aspergillus, Fusarium, Penicillium and Trichoderma spp.,
from soil that were able to degrade several organophosphorus insecticides
including malathion. Hasan (1999) also demonstrated fungal utilization
and degradation of several organophosphate pesticides including
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malathion. Several Aspergillus species including A. terreus, A. flavus and
A. sydowii showed the greatest potential for utilizing organophosphorus
pesticides as phosphorus and carbon sources, indicative of both car-
boxyesterase and phosphatase activity.

Parathion

Parathion-bound residues have been detected in the environment, particu-
larly under anaerobic conditions (Lichtenstein, Liang & Koeppe, 1983).
Opinions are still divided on whether bound pesticide residues such as that
of parathion pose an environmental problem (Stott et al., 1983; MacRae,
1989). Results from a study by Omar (1998) indicate that several fungal
species have the potential to degrade some components of these pesticides.

Chlorpyrifos

Chlorpyrifos has a broad range of insecticidal activity but is also highly
toxic to mammals (Anon, 1991). This insecticide, although quite inhibitory
to bacterial populations, has been shown to stimulate fungal growth
(Al-Mihanna, Salama & Abdalla, 1998). A mixed population of plant
pathogenic fungi (Fusarium sp., Rhizoctonia solani, Cladosporium clado-
sporiodes, Cephalosporium sp., T. viride, Alternaria alternata and Clador-
rhinum brunnescens) exhibited biodegradation of chlorpyrifos in liquid
culture (Al-Mihanna et al., 1998). The mixed population was shown to be
more efficient for biodegradation of this insecticide than pure cultures of
these fungi.

Carbamates

Carbamates are broad-spectrum pesticides that replaced many organo-
chlorine and organophosphorus insecticides because of lower toxicity and
recalcitrance (Rajagopal et al. 1984). They find wide applications, not only
as insecticides but also as herbicides and fungicides (Machemer & Pickel,
1994 a,b).

Carbaryl and carbofuran

The most widely used carbamate is carbaryl (1-naphthyl-N-methylcarba-
mate), although its use is now restricted in the UK (Anon, 1998). Barik
(1984) has reviewed the fate of carbaryl in the environment. Microbial
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degradation has been demonstrated where hydroxylation and hydrolytic
cleavage of carbaryl were the main degradative processes. Bollag (1974)
showed that a number of soil fungi were able to degrade carbaryl, produc-
ing a variety of different metabolites including 1-naphthol. The biode-
gradation of the insecticide carbofuran (2,3-dihydro-2,2-dimethyl-7-
benzofuranyl-N-methyl carbamate) has been demonstrated by pure cul-
tures of Aspergillus niger and Fusarium graminearum (Salama, 1998).
Carbofuran was metabolized by oxidation and hydrolysis, followed by
conjugation of the metabolites (Sjoblad & Bollag, 1981).

Pyrethroids

The photostable synthetic pyrethroid insecticides are an economically
important group of insecticides (Leahey, 1985; Miller, 1988). They consti-
tute about 25% of the total pesticides used worldwide (Johri, Saxena & Lal,
1997). In soils, pyrethroids appear to be relatively non-persistent (half-life
5–90 days), particularly in mineral soils that are well-drained and fertile
(Chapman et al., 1981). Increased persistence of the pyrethroids was
observed in less-fertile soils and under anaerobic conditions (Roberts,
1981). Pyrethroids are highly toxic to a number of non-target organisms,
such as terrestrial or aquatic insects, crustacea and fish (Jolly et al.,
1977–8). Consequently, under certain circumstances, pyrethroids pose
problems in the environment because of such effects (Solomon, 1986;
Zabel et al., 1988). Ester cleavage appears to be the first major step in
pyrethroid transformation, generating a number of non-insecticidal polar
products that readily leach into the aqueous phase (Elliott, Janes & Potter,
1978; Leahey, 1985; Sakata, Mikami & Yamada, 1992a,b).

Soil culture enrichments were set up in the presence of radiolabelled
permethrin by Kaufman et al. (1977) to isolate pure cultures of soil
microorganisms capable of its metabolism. These authors also used aque-
ous soil suspensions of Fusarium oxysporum Schlect (known to possess
esterase–amidase activity) but were unable to detect radiolabelled CO

2
or

transformation products. Ohkawa et al. (1978) and Khan et al. (1988)
demonstrated degradation of fenvalerate and deltamethrin, respectively,
in microbial cultures isolated from soil. The bacterial isolates appeared to
be more active than the fungi, although no details were given on the fungal
species involved. The degradation of residual pesticides including fenvaler-
ate and permethrin, commonly used in viniculture, was also studied in the
yeast Saccharomyces cerevisiae (Fatichenti et al., 1984). The primary non-
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insecticidal transformation products detected were 3-phenoxybenzyl alco-
hol and dihalovinyl acid moieties, which were the same metabolites detec-
ted in bacterial cultures (Maloney, Maule & Smith, 1988). The ecological
significance on non-target species of these pesticides and metabolites has
not been well investigated. A study by Stratton and Corke (1982a,b),
found that 3-phenoxybenzyl alcohol and its acid were inhibitory towards
the growth of fungi, algae and cyanobacteria. The median effective concen-
tration of permethrin ranged from 60 to 100 ppm for fungal growth. Tu
(1980) investigated the effects of permethrin, cypermethrin, deltamethrin
and fenvalerate on soil microorganisms at concentrations of 0.5 and
5 mg kg~1. At these doses, nitrification and microbial respiration were
increased, suggesting the microbial degradation of these compounds. High
concentrations of pyrethroids were said to exert a significant effect on
microorganisms including fungi, but no further details were given (Johri et
al., 1997). Further work is required on microbial degradation, in particular
fungal degradation, of pyrethroids, together with toxic effects under envi-
ronmental conditions.

Herbicides

There is growing concern over the potential for contamination of surface
water and groundwater by herbicides (Shelton et al., 1996). Over 150
chemicals are used as herbicides throughout the world, of which only a
small proportion have partially characterized metabolic pathways. In
addition, relatively few soil-applied herbicides have been shown to be
degraded by pure cultures of microorganisms. This is probably because of
the wide variety of structural groups of most herbicides, which require
different catabolic enzyme systems not usually found within a single organ-
ism. Fungal species (e.g. Fusarium and Aspergillus spp.) have, however,
been shown to oxidize herbicide carbon–carbon and carbon–chloride
bonds non-specifically, while growing with other carbon co-substrates
(Kaufman & Blake, 1973).

Chlorinated phenoxyacetates

2,4-D, 2,4,5-T and 2-methyl-4-chlorophenoxyacetate (MCPA) have been
widely used for the selective control of broad-leaved weeds and as defoli-
ants since the 1940s. Concern over possible mutagenicity of these herbi-
cides has resulted in their restricted use and increased interest in their
biochemistry and metabolism. As a consequence, many studies have been
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carried out on their degradation in the environment (Rochkind-Dubinsky
et al., 1987c). In general, these herbicides appear to degrade quite rapidly
in most ecosystems, although persistence/recalcitrance is a potential prob-
lem at high concentrations or in less fertile soils, especially for 2,4,5-T
(MacRae, 1989). Most of the available results are from the bacterial
degradation of 2,4-D (Rosenberg & Alexander, 1980; Yadav & Reddy,
1993). Ether bond cleavage, ester hydrolysis and hydroxylation are the
major mechanisms used in the bacterial co-metabolism of the chloro-
phenoxyacetate herbicides, generating chlorophenols and chlorocatechols
(de Schrijver & de Mot, 1999). Kilbane et al. (1983) were able to demon-
strate the removal of over 90% of the more persistent 2,4,5-T, present in
soil at 1 mg g~1 soil, by a pure bacterial culture, even after repeated
applications of up to 20 mg g~1 soil. Generally, adaptation by enrichment
is required, after which increased degradation rates can be achieved. The
bulk, however, of the herbicides do tend to remain as chlorinated anilines,
which become strongly bound to soil humic substances (Sjoblad & Bollag,
1981).

Several fungi, including Aspergillus and Penicillium spp. have been
shown to degrade 2,4-D in soils, by ester hydrolysis and ring hydroxylation
(Faulkner & Woodcock, 1964). Mycorrhizal fungi were shown to degrade
2,4-D through incorporation of herbicide carbon into tissue and not by
decomposition (Donnelly, Entry & Crawford 1993). The biodegradation
of the more persistent 2,4,5-T by P. chrysosporium has been demonstrated
in both nutrient nitrogen-limited liquid cultures and contaminated soil
supplemented by a corn cob mixture, although the mechanism of degrada-
tion has not been fully elucidated (Ryan & Bumpus, 1989). Yadav and
Reddy (1993) have demonstrated biodegradation of 2,4-D and mixtures of
2,4-D and 2,4,5-T in liquid culture by P. chrysosporium. They showed that
a relatively higher rate of breakdown of mixtures of 2,4-D and 2,4,5-T was
observed than when they were tested alone. The use of an organism with a
broad degradative ability is of importance when considering bioremedi-
ation of contaminated environments. Although bacteria may degrade
these herbicides more rapidly than fungi, there are few bacteria that are
able to metabolize mixtures of these herbicides (Haughland et al., 1990).

MCPA has been shown to be metabolized by hydroxylation to 4-chloro-
5-hydroxy-2-methylphenoxyacetic acid by several fungi, including Asper-
gillus, Fusarium and Penicillium spp. (Cripps & Roberts, 1978). Although
bioremediation of MCPA has not yet been demonstrated, laboratory
studies have shown that consortia of bacteria and fungi can break down
MCPA under aerobic conditions (Duah-Yentumi & Kuwatsuka, 1982;
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MacRae, 1989). Under anaerobic conditions, however, toxic concentra-
tions of a metabolite 5-chloro-o-cresol accumulated, which slowed down
MCPA catabolism (MacRae, 1989).

Phenylamides

The majority of herbicides used in agriculture belong to this class of
herbicide. They comprise the acetanilides, the phenylureas and the phenyl-
carbamates. In many cases these herbicides are degraded to substituted
anilines (Cripps & Roberts, 1978).

Acetanilides

Examples of acetanilides include propanil, alachlor, metolachlor and
propachlor, which have all been widely used for pre-emergence weed
control and are relatively common contaminants in groundwater aquifers
(Stamper & Tuovinen, 1998). Biodegradation, often involving co-metab-
olism, is the single most important factor in controlling the disappearance
of these herbicides in both aerobic and anaerobic environments, where low
degradation rates have been reported under anaerobic conditions (Mac-
Rae, 1989; Stamper & Tuovinen, 1998). Detoxification involves primarily
conjugation through glutathione-S-transferase between the tripeptide
glutathione and the chloroacetamide moiety of the herbicide (Field &
Thurman, 1996). These conjugates are subsequently degraded by microbi-
al hydrolytic cleavage and oxidation. A number of soil fungi including
Fusarium and Penicillium spp. and Aureobasidium pullulans can hydrolyse
these herbicides with concomitant formation of the corresponding aniline.
These herbicides are used as a sole source of carbon and energy (Bartha &
Pramer, 1970). An acylamidase cleaves these compounds, forming the
chlorinated aniline and an aliphatic moiety, which is used for growth
(Cripps & Roberts, 1978).

Alachlor Tiedje and Hagedorn (1975) isolated a soil fungus,
Chaetomium globosum, that was able to use alachlor as its sole source of
carbon and energy. In contrast, Smith and Phillips (1975) showed that
Rhizoctonia solani could only degrade alachlor under co-metabolic condi-
tions. More recently, Ferry et al. (1994) studied alachlor breakdown by the
white-rot fungi Ceriporiopsis subvermispora, Phlebia tremellosa and P.
chrysosporium and a brown-rot fungus Fomitopsis pinicola. The low extent
of degradation ( ~ 10%), coupled with the detection of partial degradation
products suggested a co-metabolic transformation of alachlor.
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Metolachlor and propachlor Co-metabolism of the herbicide
metolachlor has been reported by pure cultures of both bacteria and fungi,
including white rot fungi (Liu, Freyer & Bollag, 1991). The cultures were
able to dechlorinate metolachlor to a varying extent, but complete degra-
dation did not occur. Sorption and partitioning in soils readily occurs,
which limits their bioavailability. Fungi, therefore, have an advantage over
bacteria, because their mycelial growth maximizes both physical/mechan-
ical and enzymic contact with the environment (Bennett & Faison, 1997).
Kaufman and Blake (1973) showed that propachlor could be degraded by
pure cultures of Aspergillus ustus, Fusarium solani, F. oxysporum, Penicil-
lium sp. and T. viride.

Phenylureas

The phenylureas were first developed after World War II as herbicides.
Today there are about 25 phenylurea herbicides being marketed as pre- or
postemergence herbicides for the control of annual grasses and broad-
leaved weeds, for example in cereals. Typical examples include monuron,
linuron, diuron, neburon and chlorbromuron (Cripps & Roberts, 1978).
They can persist in soils on average between 4 and 18 months and are quite
phytotoxic, being specific inhibitors of photosynthesis. The urea herbicides
do, however, undergo microbial degradation (Murrey, Rieck & Lynd,
1969; Ross & Tweedy, 1973; Mudd, Greaves & Wright, 1983; Deping,
Ruiwei & Wei, 1991). Maier-Bode and Hartel (1981) have reviewed the
fate of linuron and monuron in soil. The major mechanism of detoxifica-
tion involves successive dealkylation or N-dealkoxylation and sometimes
N-methoxylation of the side chain, where the principal metabolite is
3,4-dichloroaniline (Rochkind-Dubinsky et al., 1987c). A more recent
study has shown that long-term application of phenylurea herbicides
affects both the structure and metabolic potential of soil microbial com-
munities, in particular bacterial isolates (Fantroussi et al., 1999). This
contrasts with an earlier study that suggested that phenylurea herbicides
exerted little effect on the soil microbial population (Roslycky, 1977).

Few studies have dealt with the degradation of phenylurea herbicides by
fungi (Weinberger & Bollag, 1972; Kaufman & Blake, 1973). Despite this,
many fungi, including Aspergillus and Penicillium spp., have been shown
to use these herbicides as either sole nitrogen or sole carbon sources:
Aspergillus nidulans was found to be the most effective isolate for degrada-
tion of linuron (Schroeder, 1970). Tillmanns, Wallnoefer & Engelhardt
(1978) demonstrated the oxidative dealkylation of five phenylurea herbi-
cides, including diuron, by the fungus Cunninghamella echinulata. Vroum-
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sia et al. (1996), carried out a comparative study to determine which soil
fungus was the most efficient in the degradation of the more recently
developed phenylurea herbicides, chlortoluron and isoproturon, together
with one of the more phytotoxic and older examples of a phenylurea
herbicide, diuron. Rhizoctonia solani proved to be the most efficient, with
degradation rates, in liquid culture, of over 70% for all three phenylurea
herbicides, where isoproturon was the most easily degraded. Weinberger
and Bollag (1972) also showed that this fungus had a broad substrate
specificity for phenylureas. Khadrani et al. (1999) showed that many
strains of micromycetes were able to degrade the three phenylurea herbi-
cides chlortoluron, isoproturon and diuron. Isoproturon was the most
readily degraded and the basidiomycetes Bjerkandera adusta and Oxy-
sporus sp. proved to be the most effective degraders in this study.

Fungi, as well as bacteria, can, under certain conditions such as high
concentrations, produce peroxidases that can polymerize the chloroani-
lines. A laccase of the white rot fungus T. versicolor polymerized 4-
chloroaniline to produce oligomers ranging in size from dimers to pentam-
ers (Hoff, Liu & Bollag, 1985). The action of these extracellular laccases in
the oxidative coupling of toxic intermediates of pesticide decomposition
may be a detoxification reaction (MacRae, 1989).

3,4-Dichloroaniline is a product of the biodegradation of a number of
herbicides, such as the phenylamide herbicides and it has generally been
found to be resistant to degradation, partly because of its polymerization
and binding to humic acid in the soil (Sjoblad & Bollag, 1981). Single
bacterial strains, Pseudomonas sp. and the white rot fungus P. chryso-
sporium have, however, been shown to degrade breakdown products of the
phenylamide herbicides such as 3,4-dichloroaniline (MacRae, 1989).

Phenylcarbamates

Widely used phenylcarbamate herbicides include barban, propham and
swep, which are effective at low levels of application and are not generally
persistent in most soils (Cripps & Roberts, 1978). Phenylcarbamates are
readily detoxified by hydrolysis of the ester linkage, producing aniline and
substituted anilines (Kaufman, 1967). The formation of anilines results in
the loss of herbicidal activity. Aniline is readily metabolized, possibly
through catechol. Several species of fungi have been reported to grow on
these herbicides, including Fusarium sp. (Kaufman & Blake, 1973).

s-Triazines
s-Triazines are heterocyclic nitrogen derivatives with herbicidal properties
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that were first discovered in the early 1950s (Cripps & Roberts, 1978).
The most commonly used triazines are the 2-chloro-s-triazine herbi-
cides atrazine (2-chloro-4-(ethylamino)-6-(isopropylamino)-s-triazine)
and simazine. They are widely used, in very large quantities, for weed
control in field crops such as corn or sorghum (de Schrijver & de Mot,
1999). They are also used as a non-selective herbicide for vegetation
control in non-crop land. The triazines are moderately persistent in soils
(1–2 years), and their extensive use has led to the contamination of
terrestrial and aquatic ecosystems, leading to restrictions on their use in
agriculture (Anon, 1998). Cook and Hutter (1981) have reviewed the
biodegradation of triazine herbicides. Hydrolytic and oxidative degrada-
tion of these herbicides, in particular atrazine, in soil has been well
documented (Kaufman & Kearney, 1970; Cook, 1987). Pure cultures,
however, often fail to degrade s-triazines beyond the point of ring cleavage.
Degradation is only initiated with the formation of a deaminated meta-
bolite. Several early studies showed that pure cultures of fungi, including
Aspergillus, Fusarium, Penicillium, Rhizopus and Trichoderma spp. were
able to use these herbicides as sole sources of carbon or nitrogen (Kauf-
man, Kearney & Sheets, 1965). The most common degradative mechan-
isms in fungi appeared to be dealkylation and deamination, and in some
cases also hydrolytic dechlorination (Kaufman & Kearney, 1970; Cripps &
Roberts, 1978). Degradation of atrazine through incorporation of herbi-
cide carbon into fungal tissue has been demonstrated in nine mycorrhizal
fungi (Donnelly et al., 1993). Biotransformation of atrazine in liquid
cultures by P. chrysosporium produced hydroxylated and/or N-dealkylated
metabolites (Mougin et al., 1994). In addition, both Streptomyces spp. and
P. chrysosporium have been reported to transform this herbicide in con-
taminated soils (Shelton et al., 1996; Newcombe & Crowley, 1999). Al-
though the mechanism of transformation was not fully elucidated for P.
chrysosporium, it was thought that approximately 30% was immobilized by
production of a bound residue (Hickey, Fuster & Lamar, 1994).

Fungicides

Fungicides are used as both protectants and eradicants to treat soilborne,
seedborne, and airborne plant diseases caused by fungi (Newman, 1978).
There are over 100 compounds used as fungicides, including organomer-
curials, dithiocarbamates, organophosphorus compounds, aromatic com-
pounds (including the relatively persistent quintozene, with a half-life in
months to a year), heterocyclic compounds and the aliphatic compounds
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such as chloropicrin and allyl alcohol (Woodcock, 1978). Early studies
showed that these fungicides could be detoxified/degraded at various rates
by a number of different soil microorganisms, including fungi (see Kaars
Sijpesteijn, Dekhuijzen & Vonk, 1977). For example, T. viride can use allyl
alcohol as an energy source and A. niger was shown to demethylate
triadimefon and inactivate semesan (Munnecke & Solberg, 1958; Wood-
cock, 1978). Other studies have shown that A. niger (van Tiegh) can
metabolize several 1,2,4-triazolylmethane fungicides and Botrytis cinerea,
T. versicolor, Cladosporium cucumerinum and Fusarium culmorum can
stereospecifically reduce the enantiomeric triadimefon to the less fun-
gitoxic diastereoisomeric triadimenol (Deas & Clifford, 1982; Deas, Clark
& Carter, 1984). More recent studies have shown that P. chrysosporium
aided biodegradation and remobilization of the fungicide anilazine in
humic soil fractions (Liebich, Buranel & Fuhr, 1999).

Polychlorinated biphenyls

There are 209 different congeners of PCBs. They are extremely insoluble,
chemically unreactive and heat-stable compounds that can be found in
pesticides and were extensively used in industrial applications until the
mid-1970s (Hutzinger, Safe & Zitko, 1974). Concerns about their acute
and chronic toxicity and their potential carcinogenic role and bioac-
cumulation in the food chain led to a ban on the use of PCBs in many
developed countries (Safe, 1989; Kimbrough & Jensen, 1989). However,
their prevalence and recalcitrance has resulted in worldwide contamina-
tion and magnification within the food chain (Gilbertson, 1989; Van-
Oostdam et al., 1999). As a result, extensive efforts have been made to
isolate microorganisms able to degrade a broad range of PCB congeners at
acceptably high rates for treatment applications (Abramowicz, 1990).

PCBs do not serve as sole carbon sources but are generally co-metab-
olized by biphenyl-degrading microorganisms such as Pseudomonas, Ach-
romobacter and Acinetobacter spp. (Furukawa, Tomizuka & Kami-
bayashi, 1983; Bedard et al., 1986). Reductive dechlorination of PCBs by
bacteria has also been observed under anaerobic conditions (Quensen,
Tiedje & Boyd, 1988). Higher chlorinated congeners (over five chlorine
atoms per molecule) tend to be more resistant to microbial degradation
(Furukawa, 1982). Most of these studies have been carried out using
commercial mixtures such as Aroclor and both pure and mixed microbial
cultures. The main mechanisms for degradation indicate hydroxylation,
ring cleavage and degradation of the non-chlorinated ring of the molecule.
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The formation of chlorinated benzoic acids from chlorinated biphenyls is
the most common route of PCB degradation (Furukawa, 1982), and
biodegradation generally requires a mixed culture of bacteria (Golyshin et
al., 1999).

Many fungi have also been tested for their ability to degrade PCBs
(Beaudette, 1998). Rhizopus japonicus has been shown to convert 4-chloro-
phenyl to 4-chloro-4@-hydroxybiphenyl and 4,4@-dichlorobiphenyl to an
unidentified hydroxylated metabolite (Wallnofer et al., 1973). C.
echinulata Thaxter metabolized 2,5-dichloro-4@-isopropylbiphenyl by oxi-
dation of the isopropyl group to form 2,5-dichloro-4@-biphenylcarboxylic
acid and by hydroxylation of the chlorine-substituted phenyl group (Tulp,
Tillmanns & Hutzinger, 1977). A. niger has been shown to degrade some
congeners found in Clophen A30 (Dmochewitz & Ballschmiter, 1988).
Various white rot fungi, including T. versicolor and P. chrysosporium, have
been shown to degrade small amounts of the recalcitrant commercial PCB
mixtures Aroclor 1254 and Delor 106 in liquid culture (Eaton, 1985;
Novotny et al., 1997). Low concentrations of the surfactant Triton X-100
appeared to increase the bioavailability of the PCB congener 2,4@,5-trich-
lorobiphenyl for oxidation by T. versicolor (Beaudette et al., 2000). Like
bacterial systems, the fungi preferentially degrade lesser chlorinated bi-
phenyls and biphenyl. Bumpus et al. (1987) demonstrated degradation of
Aroclor 1242 in nitrogen-deficient cultures of P. chrysosporium. Yadav et
al. (1995) showed degradation of mixtures of PCBs (Aroclors 1242, 1254
and 1260) by P. chrysosporium. Sasek et al. (1993) demonstrated substan-
tial PCB degradation when a mixed population of white rot fungi were
used together with methylotrophic and hydrocarbon-utilizing yeasts. It
was suggested by Thomas, Carswell & Georgiou, (1992) that the fungus, as
a mycelial mat, could be used as a biological filter to treat low concentra-
tions of PCBs or moderately chlorinated biphenyls. Field trials, however,
have not proved to be so effective as the PCB-degrading organisms intro-
duced at contaminated sites do not compete well with indigenous popula-
tions (Unterman et al., 1988). Donnelly and Fletcher (1995) have proposed
that ectomycorrhizal fungi compete better with existing populations of
organisms and have the potential to degrade chlorinated organic com-
pounds including several pesticides (Donnelly et al., 1993). In their study,
they looked at the ability of 21 different fungi to metabolize 19 different
congeners with varying chlorine content and substitution patterns. They
found that 14 of the 21 ectomycorrhizal fungi tested degraded PCBs. Both
the number of PCB congeners metabolized and the extent of metabolism
varied among the fungi, where less chlorinated congeners were again
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preferentially degraded. Analysis of the data showed no correlation be-
tween taxonomically related species and metabolism of structurally similar
PCB congeners. Several of the fungi that metabolized PCBs had previously
been shown to degrade the herbicides 2,4-D and atrazine, demonstrating
their broad specificity (Donnelly et al., 1993). The degradative ability of
these ectomycorrhizal fungi was as effective, and in some cases more
effective, as that of white rot fungi, including P. chrysosporium. Beaudette
(1998) looked at the ability of 12 white rot fungi to biodegrade six PCB
congeners. Four of the fungi, including strains of B. adusta, P. ostreatus
and T. versicolor were found to be more effective in biodegradation than
P. chrysosporium. However, Kubatova et al. (1998) showed that a
Pseudomonas sp. was more efficient in the degradation of a dich-
lorobiphenyl (3,3@-dichlorobiphenyl) than the white-rot fungus P. os-
treatus under the experimental conditions used. The mechanism of PCB
biodegradation has not been definitely determined for any of these fungi. It
is thought that lignin-degrading enzymes other than ligninases and MnPs
may be involved in the oxidation of these PCBs (Thomas et al., 1992). The
transformation pathways of 4-fluorobiphenyl were investigated with sev-
eral mycorrhizal fungi, including the ectomycorrhizal Tylospora fibrilosa
(Green et al., 1999). Two major metabolites were identified, 4-
fluorobiphen-4@-ol and 4-fluorobiphen-3@-ol, which suggested that meta
cleavage of the less halogenated ring did not take place as would be
expected (Higson, 1992; Dietrich, Hickey & Lamar, 1995). Although
complete degradation was not achieved, these fungi were able to initiate
biotransformation.

Polychlorinated dibenzo-p-dioxins and polychlorinated
dibenzofurans

Polychlorinated dibenzo-p-dioxins (PCDDs) and polychlorinated diben-
zofurans (PCDFs) like the PCBs are hazardous compounds that can
bioaccumulate. They are unintentionally generated during combustion of
domestic and industrial waste and can also be formed in the process of
producing chlorine-containing herbicides (Safe, 1990). The release into the
ecosphere from anthropogenic sources has created a strong demand for
legislation and executive activities (Wittich, 1998). Degradation rates of
PCDDs and PCDFs in the environment have been shown to be extremely
low (Matsumura, Quensen & Tsushimoto, 1983). Slow microbial degrada-
tion of these compounds does occur but is limited to those compounds
with four or fewer chlorines. Degradation of a mixture of 10 various
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Table 8.1. Advantages of white rot fungi over bacterial systems for
bioremediation

• Uses inexpensive and abundant lignocellulosic material as a nutrient source,
which cannot be used by other microorganisms and, therefore, gives the white
rot fungi a competitive advantage over other microorganisms

• Tolerant of relatively high concentrations of pollutants through extracellular
degradation of pollutants by a potent oxidizing system

• Both physical/mechanical and enzymic contact with the environment is
maximized by mycelial growth, unlike single cell microorganisms

• Able to survive in the presence of a number of different xenobiotics that may be
acutely toxic to other microorganisms

• Degrades a mixture of chemicals by a non-specific free-radical-based
mechanism

• No preconditioning or enrichment required for a particular pollutant, unlike
many bacterial systems

• Can tolerate a wide range of environmental conditions, in terms of oxygen
levels, temperature range, pH range and moisture levels

• Rate of degradation or biotransformation of a pollutant is proportional to the
concentration of the pollutant and so the solubility of pollutant is not
important, in contrast to most bacterial systems

chlorinated PCDDs and PCDFs has been demonstrated in liquid cultures
of both P. sordida and P. chrysosporium, where various metabolites includ-
ing chlorocatechols were detected (Takada et al., 1996). Both these fungi
showed no clear structural dependence for degradation of PCDDs and
PCDFs, suggesting that the degradative process may be a free-radical
process, involving peroxidases, showing little specificity, which is typical of
white rot fungi (Wittich, 1998). Cunninghamella sp. has been shown to
oxidize and hydroxylate the unchlorinated dibenzo-p-dioxin and diben-
zofuran, a process that was thought to involve P450 monooxygenases.
Fortuitous transformations by multiple hydroxylations of dibenzofuran
are widespread amongst fungi, including yeasts (Hammer & Schauer,
1997). Oxygen-radical-mediated polymerization of 2-hydroxydiben-
zofuran by laccases of the white rot fungi T. versicolor and Pycnoporus
cinnabarinus has also been reported (Jonas et al., 1998).

Conclusions

Fungi constitute an important part of the microbial community in the
complex and dynamic soil system, yet only a limited number of studies
have been carried out in terms of pesticide degradation. The majority of
degradation studies have involved bacteria, despite the fact that successful
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application of bacterial strains to practical problems of soil and water
contamination still requires solutions to problems of survival and estab-
lishment of the biodegradative strain in the soil, water or wastewater
environment. Fungi may show much promise, in particular members of
the white rot fungi, where there are clear advantages in terms of bioremedi-
ation in vivo (Kirk & Chang, 1981; Aust, 1990; Bennett & Faison, 1997)
(Table 8.1).

Genetic manipulation may offer another means of engineering microor-
ganisms to deal with a pollutant, including pesticides, that may be present
in a contaminated site. Molecular aspects of pesticide degradation have
received little attention despite the fact that catabolic genes responsible for
the degradation of several pesticides have been identified, isolated and
cloned into various other organisms including fungi (Kumar et al., 1996).
One example is Gliocladium virens, where an effective genetic transform-
ation system has been developed for introduction of foreign genes
(Thomas & Kenerly, 1989). Since this fungus also shows a lack of sensitiv-
ity towards several organophosphates and strains of G. virens are ecologi-
cally competent and excellent biocontrol agents, this fungus offers a unique
potential for the bioremediation of contaminated soil (Papaizas, 1985).

Optimization of degradative gene expression in other bioremedially
useful organisms such as P. chrysosporium holds promise for pesticide
degradation. However, despite the encouraging results shown in some
areas of fungal bioremediation, more work is required to develop reliable
application methods and to understand the more complex degradation
mechanisms and ecology of fungi. Fungi show great versatility but have
not as yet shown as convincing utility as bacteria within the bioremedi-
ation industry.
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cal attack. Only a few naturally occurring nitroorganic compounds have
been found to date (Gorontzy et al., 1994), so the occurrence of degrader
organisms in the environment would be expected to be rare. This hypoth-
esis is supported by the relative longevity of hazardous energetic nitro-
organic compounds in the environment. However, bacteria and fungi that
can degrade these compounds have been isolated. Many studies have been
performed in recent years on the characterization of organisms, identifica-
tion of degradation pathways and fate of the parent organonitro com-
pounds. These data have been extensively reviewed (Kaplan, 1990, 1992;
Rosenblatt et al., 1991; Higson, 1992; Gorontzy et al., 1994; Lewis et al.,
1997). Some of the most extensive breakdown of organonitro compounds
during biodegradation experiments has been observed in cultures of
Phanerochaete chrysosporium (Fernando & Aust, 1991a,b), which is
known to produce enzymes that degrade complex compounds such as
lignin. The non-specific lignin-degrading enzymes produced by P. chryso-
sporium are capable of catalysing the oxidation of many xenobiotic com-
pounds (Paszczynski & Crawford, 1995). It is the occurrence of these
enzymes and the ability of fungi to grow on complex substrates that has led
researchers to examine the potential of fungi to degrade hazardous or-
ganonitro compounds. This chapter reviews the research performed on
this topic.

Nitroaromatics

The prevalence of the nitroaromatic compounds 2,4,6-trinitrotoluene
(TNT), N-methyl-N,2,4,6-tetranitroaniline and dinitrotoluenes at con-
taminated sites has led researchers to investigate their degradation. Unfor-
tunately, an increasing degree of nitro-substitution apparently renders the
aromatic ring electron deficient to the point that it no longer acts as a
substrate for electrophilic oxygenation mechanisms. For example, Span-
ggord et al. (1991) were able to demonstrate that 2,4-dinitrotoluene was
degraded via oxygenation by a Pseudomonas sp. To our knowledge, no
studies have demonstrated a similar bacterial degradation pathway for
TNT (Lewis et al., 1997; Blotevogel & Gorontzy, 2000), leading re-
searchers to seek out fungi that could degrade nitroaromatic compounds.

2,4,6-Trinitrotoluene

Historically, TNT (Fig. 9.1) is one of the most widely used military
explosives in the world (Rosenblatt et al., 1991). Harter (1985) estimated
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Fig 9.1. Chemical structures of 2,4,6-trinitrotoluene (TNT) and fungal
transformation products.
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the worldwide production of TNT to be at 106 kg per year. The persistence
of TNT in soils contaminated during World War II and the Korean
conflict reveals its relative resistance to degradation by indigenous micro-
organisms, which is a result, in part, of its toxicity to biological systems.
The electrophilic nature of the nitro group causes TNT readily to oxidize
biological reductants, causing toxicity directly or by formation of other
reactive products such as nitroarene radicals (Mason & Josephy, 1985). In
addition, the nitro groups draw electrons from the aromatic n bonds,
effectively reducing the electron density of the conjugated aromatic system.
As a result, TNT is resistant to degradation via electrophilic attack by
oxygenases (Vorbeck et al., 1994, 1998; Rieger & Knackmuss, 1995). In
order for the aromatic ring to be cleaved, organisms must first remove or
transform the nitro groups. The abundance, persistence and resistance of
TNT make it one of the most intensely studied hazardous organonitro
compounds with respect to bioremediation. Consequently, the largest
body of work and the bulk of this chapter focus on the fungal degradation
of TNT, especially by P. chrysosporium.

Some of the earliest published work on fungal degradation of TNT was
that of Klausmeier, Osmon & Walls (1974). During their research on the
effects of TNT on microorganisms, a Rhizopus nigricans strain was found
to mediate the removal of 100 ppm TNT from a minimal medium. Parrish
(1977) screened 190 fungi from 98 genera and found that 183 could
transform 100 ppm TNT to reduced products. The majority of the strains
reduced TNT at the 4-nitro position to 4-hydroxylamino-2,6-dinit-
rotoluene (4HADNT) and then to 4-amino-2,6-dinitrotoluene (4ADNT)
(Fig. 9.1).

Fernando, Bumpus & Aust (1990) studied the ability of P. chrysos-
porium in a nitrogen-limiting medium to degrade TNT. Nitrogen limita-
tion in this medium mimics lignolytic conditions and thus maximizes
the expression of peroxidases by P. chrysosporium. Approximately 35% of
the radioactivity from TNT labelled in the ring by 14C added at a
concentration of 1.3 ppm was trapped as 14CO

2
. Of the remaining radioac-

tivity, 25% was water-soluble material, and 16% was extracted into
methylene chloride and eluted from a high performance liquid chromato-
graphy (HPLC) system as material more polar than TNT (Fernando et al.,
1990). When higher concentrations of TNT were used in aqueous or soil
incubations, degradation and overall transformation were less extensive
over the 90-day time periods studied. These data indicated that P. chryso-
sporium is capable of extensive degradation of TNT and stimulated much
more work on characterizing the process and devising technology to
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exploit it (Tsai, 1991; Sublette, Ganapathy & Schwartz, 1992). Spiker,
Crawford & Crawford (1992) found that TNT was inhibitory to spore
germination of P. chrysosporium at concentrations greater than 5 ppm.
This toxicity could be related to the activity of TNT as an oxidant, since
reduction to aminodinitrotoluenes (ADNT) relieved toxicity. The well-
characterized pathway of TNT degradation by P. chrysosporium is in-
itiated by the reduction of a nitro group, followed by oxidation and
subsequent aromatic ring cleavage (Stahl & Aust, 1993a; Michels & Gotts-
chalk, 1994, 1995). Reductive steps are thought to be catalysed by aro-
matic nitroreductase activity (Stahl & Aust, 1993a,b; Michels & Gotts-
chalk, 1995). This activity by P. chrysosporium was found to be membrane
bound in one study (Stahl & Aust, 1993b; Reible, Joshi & Gold, 1994) and
soluble in another (Michels & Gottschalk, 1995). The transient appearance
of nitroso and hydroxylamino intermediates (Fig. 9.1) indicates that re-
duction is stepwise (Bumpus & Tatarko, 1994; Michels & Gottschalk,
1994; Reible et al., 1994) and probably catalysed by a nitroreductase
enzyme. Maximum evolution of 14CO

2
from cultures incubated with

uniformly labelled ([14C-UL]-labelled) TNT was correlated with expres-
sion of lignolytic activity, including production of various peroxidases
(Hawari et al., 1999). High levels of the reduced metabolite 4ADNT were
found to inhibit lignin peroxidase activity (Michels & Gottschalk, 1994;
Bumpus & Tatarko, 1994), causing inhibition in the cleavage of the aro-
matic ring (Michels & Gottschalk, 1994). 4HADNT was also found to
serve as a substrate for and to be oxidized by lignin peroxidase (Michels &
Gottschalk, 1994; Bumpus & Tatarko, 1994) and manganese peroxidase
(Michels & Gottschalk, 1995), causing the formation of azoxytetranit-
rotoluenes (Fig. 9.1). Once 4HADNT had been reduced to 4ADNT,
additional reactions were observed to take place before oxidation by the
lignolytic systems. 4ADNT could be formylated to give 4-formamido-2,6-
dinitrotoluene, which was reduced to give 2-amino-4-formamido-6-nit-
rotoluene (Fig. 9.1) (Donnelly et al., 1997; Hawari et al., 1999). This
compound has been observed to slowly transform to diaminonitrotoluene
(DANT), which accumulated under non-lignolytic conditions (Stahl &
Aust, 1993a; Michels & Gottschalk, 1995). Under lignolytic conditions,
DANT did not accumulate and was not subject to further transformations
(Michels & Gottschalk, 1995). Recent research points toward the import-
ance of manganese peroxidase in the oxidation of reduced TNT meta-
bolites. Scheibner & Hofrichter (1998) showed that cell-free preparations
of manganese peroxidase from cultures of Nematoloma frowardii and
Stropharia rugosoannulata transformed TNT, 2-amino-4,6-dinitrotoluene
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(2ADNT), 4ADNT and 2,6-diamino-4-nitrotoluene (2,6DANT) to un-
known metabolites (Scheibner, Hofrichter & Fritsche, 1997a; Scheibner &
Hofrichter, 1998). Furthermore, these authors noted that the presence of
reduced thiols like glutathione or the amino acid -cysteine considerably
enhanced the rate and extent of biodegradation. In similar experiments
with manganese peroxidase prepared from Phlebia radiata, van Aken et
al. (1999) showed that manganese peroxidase caused more extensive oxida-
tion of the aromatic ring with an increasing number of reduced amino
groups present.

Many studies have been undertaken to screen fungi other than
P. chrysosporium for their ability to degrade TNT. In an effort to find fungi
that catalysed the initial reductive steps more rapidly than P. chrysos-
porium, and that were more tolerant to high concentrations of TNT,
Bayman and Radkar (1997) studied eight fungi. Three species,
Trichoderma viride, Cladosporium resinae and Alternaria alternata were
less affected by 100 ppm TNT than P. chrysosporium during inhibition
assays. Two species, C. resinae and Cunninghammella echinulata var. el-
egans, were able to catalyse the initial reductive steps more rapidly than
P. chrysosporium. These authors did not observe any evolution of 14CO

2
or 14C volatile compounds from [14C-UL]-labelled TNT by the cultures
tested but did not grow these strains under any other conditions. On the
basis of these results, they suggested a two-step process for TNT biode-
gradation by fungi in which more tolerant fungi are initially used to
detoxify a system, after which P. chrysosporium is added to enhance
breakdown (Bayman & Radkar, 1997). Meharg, Dennis & Cairney (1997)
tested the ability of four ectomycorrhizal basidiomycetes to transform
TNT. In their study on one isolate, Suillus variegatus, the addition of
protease inhibitors to the culture medium resulted in the ability of cell-free
extracts to reduce TNT. However, the presence of mycelia enhanced the
reduction of TNT over that of cell-free extracts (Meharg et al., 1997). In a
study of four white rot fungi, Donnelly et al. (1997) grew the fungi under
non-lignolytic conditions and observed the transformation rates of TNT.
They confirmed the conclusions of earlier studies, that all four strains were
able to transform TNT under the given conditions. However, the trans-
formation rate did not equal the detoxification rate, as shown by
mutagenicity assays. Scheibner et al. (1997b) screened 91 fungal strains
belonging to 32 genera of wood- and litter-decaying basidiomycetes. In
this study, all the strains could catalyse the initial reduction reactions;
however, micromycetes could accumulate higher amounts of ADNTs
(Scheibner et al., 1997b). A second screen was performed to select strains
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able to oxidize [14C-ring] radiolabelled TNT. The highest ring oxidation
rates were observed in wood- and litter-decaying basidiomycetes (Scheib-
ner et al., 1997b). Van Aken et al. (1997) subjected P. radiata to TNT
transformation studies under lignolytic and non-lignolytic conditions.
Their results were very similar to those of previous studies with white rot
fungi. Finally, Samson et al. (1998) tested the ability of Ceratocystis
coerulescens, Lentinus lepideus and Trichoderma harzianum to remove
TNT from liquid culture medium. The degradation patterns were similar
to those presented above.

Our laboratory has recently studied the ability of a brown rot fungus,
Gloeophyllum trabeum, to transform TNT. Two-week old cultures were
able to transform 50 ppm TNT to below detection limits within 3 days.
Metabolites identified to date by HPLC and gas chromatography/mass
spectrophotometery are 2 ADNT, 4 ADNT and 2,4-amino-6-nitrotoluene
(D. A. Newcombe, A. Paszczynski & R. L. Crawford, unpublished data).
G. trabeum can grow in a minimal salts, nitrogen-limiting medium with
TNT concentrations p 40 mg l~1 (D. A. Newcombe, A. Paszczynski &
R. L. Crawford, unpublished data). These data are encouraging, consider-
ing the relatively lower toxicity threshold of P. chrysosporium when grow-
ing in the presence of TNT (Spiker et al., 1992). Work is continuing on
characterization of the degradation pathway and system that may be
responsible.

Dinitrotoluene

Dinitrotoluenes contaminate various sites, either as a result of the TNT-
manufacturing process or as a constituent in propellants added to control
burn rates and reduce hygroscopicity (Rosenblatt et al., 1991). Bacteria
that extensively decompose 2,4-dinitrotoluene have been isolated (Fig.
9.2), and their degradation pathways are reasonably well known (Spain,
1995a,b). It has been shown that 2,4-dinitrotoluene is readily attacked by
dioxygenase enzymes (An, Gibson & Spain, 1994), so little work has been
carried out on the fungal degradation of dinitrotoluenes (Suen, Haigler &
Spain, 1996). However, McCormick, Cornell & Kaplan (1978) and Parrish
(1977) have described 2,4-dinitrotoluene degradation by fungal cultures.
Metabolites identified in a culture of Mucosporium sp. were 2-amino-4-
nitrotoluene, 4-amino-2-nitrotoluene, 2,2@-dinitro-4,4@-azoxytoluene, 4,4@-
dinitro-2,2@-azoxytoluene, 4-acetamido-2-nitrotoluene and an unidentified
compound presumed to be an azoxytoluene (Fig. 9.2) (McCormick et al.,
1978). Valli et al. (1992) described the initial steps of degradation of
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Fig 9.2. Chemical structures of 2,4-dinitrotoluene and fungal transform-
ation products.

2,4-dinitrotoluene by P. chrysosporium as a reductive process yielding
2-amino-4-nitrotoluene. After reduction, the amine group was eliminated
as ammonium, whereas the other nitro group was eliminated as nitrite. In
incubations with [14C-ring]-labelled TNT, 34% of the label was recovered
as 14CO

2
(Valli et al., 1992). In a study in which C. coerulescens, L. lepideus

and T. harzianum were incubated with 2,4-dinitrotoluene and glucose,
reduced metabolites were detected (Samson et al., 1998). C. coerulescens
and T. harzianum degraded dinitrotoluene more rapidly and to a greater
extent than L. lepideus. The authors also concluded that lignolytic condi-
tions favoured rapid and complete degradation of 2,4-dinitrotoluene
(Samson et al., 1998).
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Fig 3. Chemical structures of RDX, HMX, NTO and the NTO fungal
metabolite ATO (see text for full names).

Nitramines

The nitramine organonitro explosives included in this review are hexa-
hydro-1,3,5-trinitro-1,3,5-triazine (RDX; British code name for Research
Department or Royal Demolition Explosive), 1,3,5,7-tetranitro-1,3,5,7-
tetrazocyclooctane (HMX; British code name for High Melting or His
Majesty’s Explosive) and 5-nitro-1,2,4-triazol-3-one (NTO) (Fig. 9.3).
They have the same properties that confound the biodegradation of nit-
roaromatic compounds. The nitramines are fairly insoluble in aqueous
solution and either the parent compound or its degradation products have
been shown to be toxic to some biological systems (Le Campion, Vandais
& Ouazzani, 1999). RDX and HMX are known to be degraded under
anaerobic conditions by bacterial systems (Kaplan, 1990, 1992; Gorontzy
et al., 1994). However, the possibility of more rapid or in situ remediation
of these compounds has sparked research into fungal systems.

RDX and HMX

RDX is prepared alone (composition A), is mixed with TNT (composition
B) (Rosenblatt et al., 1991) or is mixed with various plasticizers (composi-
tion C) (Urbanski, 1984). Along with TNT, it is one of the most predomi-
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nant explosives used in military applications (Fernando & Aust, 1991a),
and has been in use since World War II (McLellan, Hartley & Brower,
1992). RDX-laden wastewater has been successfully treated by physical,
chemical and biological methods (McCormick, Cornell & Kaplan, 1981;
Rosenblatt et al., 1991), although contaminated soils are much more
problematic to treat. These challenges led Fernando & Aust (1991a) to
study RDX degradation by P. chrysosporium. In experiments with pure
cultures of P. chyrsosporium grown under nitrogen-limiting conditions for
30 days, the authors recovered 67% of [14C]-labelled RDX as 14CO

2
,

20.2% in the soluble fraction, 4.8% in a methylene chloride extractant and
2.1% in association with the mycelium. Upon incubation of the fungus
with contaminated soil amended with corn cobs and spiked with [14C]-
labelled RDX, they recovered 76% of the label as 14CO

2
, while 4.5% was

present in an acetonitrile extract and 9.7% was associated with a tightly
bound fraction (Fernando & Aust, 1991a). No intermediates were identifi-
ed in this study. Bayman, Ritchey & Bennett (1995) compared the toler-
ance to RDX of C. resinae, C. echinulata var elegans, P. chrysosporium and
Cyathus pallidus. None of these strains of fungi exhibited significant inhibi-
tion compared with non-contaminated controls for 100 ppm RDX in
radial colony growth assays. In experiments in which the fungi were grown
in non-lignolytic conditions, C. resinae transformed the greatest amount of
RDX; however, the metabolites were not identified (Bayman et al., 1995).

As a by-product of RDX synthesis, HMX has been found at sites
contaminated with RDX (Rosenblatt et al., 1991; Gorontzy et al., 1994).
However, HMX is increasingly being used as a propellant and in high-grade
explosives (Rosenblatt et al., 1991). Very few studies, if any, have looked at
HMX degradation by fungi. Since HMX is a common co-contaminant with
RDX, it would be expected that the studies mentioned above involved
transformations of HMX, even if it was not purposefully observed.

NTO

NTO represents one of a new generation of energetic organonitro com-
pounds that performs to the specifications of RDX but is more stable
under various conditions (Becuwe & Delclos, 1993; Le Campion et al.,
1999). Le Campion et al. (1999) isolated Bacillus licheniformis and a
Penicillium sp. from an aqueous industrial waste contaminated with NTO.
In addition to these isolates, the authors screened eight bacteria and 22
fungi for their ability to transform NTO. All of the microorganisms in
question catalysed the transformation of NTO to 5-amino-1,2,4-triazol-3-
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Fig 9.4. Chemical structures of glyceryl trinitrate and fungal metabolites.

one (ATO) (Fig. 9.3) via nitro group reduction (Le Campion et al., 1999).
B. licheniformis was the only microorganism that could further transform
ATO. Further work will be needed to determine if P. chrysosporium is able
to degrade ATO further.

Nitrate esters

The most famous of the nitrate ester explosives is nitroglycerin (NG), also
known as glyceryl trinitrate (GTN), which in its pure form is too unstable
for practical use. It is usually added to nitrocellulose (NC) (Fig. 9.4) in
blasting gelatins, and it is also a component of double-base and triple-base
propellants (Rosenblatt et al., 1991). GTN has been the focus of fungal
degradation studies and will be discussed in the following section.

Nitroglycerin

Since GTN is found not only in explosives and propellants but also in
drugs used to treat angina pectoris (Ducrocq, Servy & Lenfant, 1990), it is
present in many waste streams. Ducrocq, Servy & Lenfant (1989) exam-
ined Geotrichum candidum for its ability to transform GTN. Although they
found that G. candidum was able to stoichiometrically transform GTN to
glyceryl dinitrate (GDN) and glyceryl mononitrate (GMN) (Fig. 9.4), they
hypothesized that toxicity of the compounds was the limiting factor in the
transformation of GTN (Ducrocq et al., 1989). These data agreed with the
earlier work of Wendt, Cornell & Kaplan (1978), who observed that the
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microbial transformation of GTN proceeded stepwise via the dinitrate and
mononitrate isomers, with each succeeding step proceeding at a slower
rate. To test the ability of P. chrysosporium to transform GTN, Ducrocq et
al. (1990) cultured it and five other fungi in an undefined rich medium,
added GTN after about 72 hours, and observed the metabolites via HPLC.
They documented the presence of 2-GMN and 1-GMN in all the cultures.
However, in the P. chrysosporium cultures they observed a regioselectivity
to the 2-GMN species (Ducrocq et al., 1990). P. chrysosporium also
exhibited the most efficient and extensive transformation of GTN of the six
cultures studied. Again, these researchers observed definite toxicity thresh-
olds for the fungi at higher concentrations of GTN and noted that toxicity
increased dramatically in the absence of an exogenous carbon source
(Ducrocq et al., 1990). This group next examined GTN degradation by P.
chrysosporium using electron paramagnetic resonance (EPR). When the
fungus was grown in non-lignolytic medium and inoculated with GTN, the
liberation of nitrite ions was observed via HPLC (Servent et al., 1992).
However, the absence of nitrate ions originating directly from GTN sug-
gested that an esterase-type reaction was not involved. Furthermore, EPR
analysis of mycelial samples showed the presence of nitric oxide (NO) and
the appearance of heme protein–NO and non-heme protein–NO com-
plexes, indicating that NO may be produced directly from GTN. The
involvement of a glutathione transferase-like system in the evolution of
nitrite from GTN was also proposed (Servent et al., 1992). Zhang et al.
(1997) isolated Penicillium corylophilum Dierckx from a moist double-
based propellant. They postulated that since GTN is the only water-
soluble component of the propellant, the fungus was using GTN as a
growth substrate. Initial studies showed that P. corylophilum could par-
tially transform GTN to GDN and GMN metabolites (Zhang et al., 1997).
In an effort to optimize culture conditions for maximal transformation, the
researchers added glucose and ammonium nitrate to the growth medium.
Under these culture conditions, P. corylophilum was able to completely
transform GTN to GMN within 168 hours and degrade GMN to below
detection limits within 336 hours (Zhang et al., 1997). Metabolites result-
ing from the degradation of GMN were not discussed.

Nitrocellulose

NC is a major component of most gun propellants (Sharma et al., 1995)
and is often added to GTNs in double-based propellent formulations
(Rosenblatt et al., 1991). Kaplan (1990) suggested that a chemical
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treatment should precede biological treatment in bioreactors because hy-
drolysis of the nitro groups allows a mixed microbial culture to degrade
NC. Researchers looking for alternatives to chemical pretreatment began
to study the degradation of NC by fungi. Sharma et al. (1995) combined a
cellulolytic fungus, Sclerotium rolfsii, with a denitrifying fungus, Fusarium
solani, to remove NC from liquid medium. By measuring an increase in
biomass and a decrease in cellulose weight, these researchers found that
31% of the added NC was transformed in 3 days. They surmised that the
limited transformation was caused by exhaustion of the buffering capacity,
as shown by a severe drop in pH throughout the experiment (Sharma et al.,
1995). Sharma et al. (1995) next used the P. corylophilum species that they
had isolated from moist double-based propellant containing GTN in NC
degradation experiments. P. corylophilum could use NC as the sole nitro-
gen source in a mineral salts medium amended with starch or xylan as a
carbon source, but only 20% of the NC was degraded under these condi-
tions. In an attempt to improve degradation, cultures of P. corylophilum
and the denitrifying fungus F. solani were combined, but no significant
enhancement was observed in the combined cultures (Zhang et al., 1997).
Neither NC degradation pathways nor metabolites were identified in this
study.

Current and future applied research

The ability of fungi to produce extracellular enzymes and factors that can
degrade complex organic compounds has sparked research on their use in
decontamination of explosives-laden soils and waters. One full-scale treat-
ment process, composting, has been used to treat a wide variety of sludges
and soils contaminated with hazardous energetic organonitro compounds
(Ibister et al., 1984; Williams et al., 1992; Tuomi et al., 1997). Fungi are
thought to play a vital role in the composting treatment processes (Bay-
man et al., 1995). Energetic compounds not covered in this review, such as
HMX, N-methyl-N-2,4,6-tetranitroaniline (TETRYL), nitroguanidine
(NQ) and pentaerythritol tetranitrate (PETN), as well as the compounds
covered here have been treated in mixed wastes via composting (Isbister et
al., 1984; Williams et al., 1992; Tuomi et al., 1997). Unfortunately, in
studies using radiolabel mass balance control, many of the energetic
compounds are reductively transformed and found tightly bound to the
organic fractions of the composts (Kaplan & Kaplan, 1982; Isbister et al.,
1984; Pennington et al., 1995). Dawel et al. (1997) have described the
structure of a laccase-mediated coupling product of 2,4-diamino-6-
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nitrotoluene and guaiacol, together with several trinuclear coupling prod-
ucts including 5-(2-amino-3-methyl-4-nitroanilino)-3,3@-dimethoxy-4,4@-
diphenoquinone. These coupling reactions were suggested as a model for
the coupling of TNT metabolites to humic and other organic soil fractions.
Whether the energetic compounds are irreversibly bound or not is contro-
versial. Some studies have shown a reduction in the toxicity of hazardous
organonitro compounds upon treatment with composting (Isbister et al.,
1984). However, other studies using a mammalian system have suggested
that compost-bound residues may be less tightly associated than previous-
ly thought (Palmer et al., 1997). These results encourage the search for new
fungi and enzymes that can degrade hazardous organonitro compounds to
innocuous products.

Another example of using fungi in full-scale field applications is seen in
the study by Sublette et al. (1992), where cultures of P. chrysosporium were
immobilized on the discs of a rotating biological contactor in order to treat
the TNT waste stream known as pink water. During treatment,
P. chrysosporium effectively removed TNT and RDX to allowable limits
from this mixed waste. Fernando & Aust (1991b) have also demonstrated
the utility of P. chrysosporium to remove TNT in batch reactors.

Further research is needed to identify the fungal genes responsible for
degradation of hazardous nitroorganic compounds and to elucidate the
degradation pathways. Understanding the mechanisms of enzymes ca-
pable of catalysing the destructive reactions may lead to the development
of more efficient hybrid organisms. Ultimately, these organisms could be
adapted to field-scale bioremediation schemes.
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10
Use of wood-rotting fungi for the
decolorization of dyes and industrial
effluents
JEREMY S. KNAPP, ELI J. VANTOCH-WOOD
AND FUMING ZHANG

Introduction

With increasing awareness among the general public of the problems of
water pollution has come a realization among effluent dischargers that the
colour in effluents represents a problem in itself. Colourless effluents are
less visible, attract less attention and cause less concern than coloured
effluents. This is despite the fact that often chromophores may be present
in very small amounts and may pose no significant threat to the environ-
ment, other than turning a river red or purple! Having said this, there can
be significant problems of toxicity associated with some chromophores
(Brown & De Vito, 1993) and many coloured effluents contain damaging
materials in addition to chromophores. The focus of this contribution is
the removal of colour from effluents, and in particular how wood-rotting
fungi can be used for this purpose. It is perhaps useful to consider briefly
what alternative processes are available before examining the possible
roles of fungi.

The main processes used for colour removal are physicochemical and
chemical treatments (Laing, 1991; Cooper, 1995) all of which have some
drawbacks. Physicochemical treatments include flocculation and coagu-
lation, adsorption, ion exchange, ultrafiltration and reverse osmosis. These
processes (apart from expense) have the problem that contaminant chemi-
cals are not destroyed; they are simply removed from effluents and
relocated elsewhere – usually disposed of to landfill or by incineration.
Chemical processes mainly involve bleaching using chlorine-based chemi-
cals, ozone or peroxides. Bleaching with chlorine can be highly effective
and is relatively cheap but has the disadvantage that it produces organoch-
lorine compounds that can be highly toxic and recalcitrant to biodegrada-
tion. Ozonolysis has many advantages but is very expensive because of the
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high consumption of electricity. Other processes include wet air oxidation
and catalytic oxidation.

Biological processes for decolorization have been investigated to a
considerable extent. However, most of the conventional aerobic biological
treatment processes are of limited applicability to coloured effluents. In
some cases adsorption by activated sludge has been observed (Shaul et al.,
1986) but this is of limited value since it involves removal rather than
destruction. Biodegradation in most conventional treatment plants is
limited since many (most?) chromophores are relatively recalcitrant to
biodegradation. This recalcitrance is not surprising since most chromo-
phores are complex in structure and often large in size. Furthermore,
synthetic chromophores, like artificial dyes, often contain xenobiotic
structural units. The fine detail of a chemical’s structure can have a marked
effect on its biodegradability (Alexander, 1965, 1994): the nature, number
and position of substituents are important factors (Pitter & Chudoba,
1990). In chromophores, some of the important structural elements are
aromatic sulfonic acid units, azo bonds and conjugated aromatic rings – all
of which decrease biodegradability. In addition to chemical structure,
environmental factors influence biodegradation processes and these in-
clude temperature, pH and the presence or absence of oxygen or other
terminal electron acceptors (Alexander, 1965). For many chromophores,
degradation has only been reported in aerobic conditions as a consequence
of the obligate requirement for oxygen. However, oxygen can inhibit
certain metabolic processes. Some biological reactions that modify dyes
are reductive and preferentially occur in anaerobic conditions, an example
being the reductive cleavage of azo dyes, which is catalysed by many
bacterial species (see Chung, Stevens & Cerniglia, 1992).

Several reductive biological processes have been proposed for treatment
of effluents containing azo dyes. Some involve defined bacterial strains
(Haug et al., 1991), others use anaerobic digestion (Carliell et al., 1995)
while a recently proposed process uses conventional, unacclimated ac-
tivated sludge incubated under anaerobic conditions (Bromley-Challenor
et al., 2000). In all cases, the azo dyes are reduced to give two or more
aromatic amines; some of these are degradable under aerobic conditions
(Haug et al., 1991) but other amines can be highly recalcitrant and some
are toxic and carcinogenic (Brown & De Vito, 1993). Aromatic amines are
often unstable and can be subject to spontaneous oxidation and subse-
quent dimerization or polymerization, often to produce a new chromo-
phore (Knapp & Newby, 1995; Kudlich et al., 1999). Several dyes (e.g.
methylene blue) are subject to reversible reductive decolorization and are
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commonly used as redox indicators, but this process is not biodegradative.
Reductive approaches to decolorization of coloured wastes may have
some potential where chromophores have been shown to be reducible (like
azo dyes). However, for some effluents, for example pulping and molasses-
based effluents, anaerobic digestion has been shown to be ineffective in
colour reduction.

White rot fungi

There has been much interest in the possible use of wood-rotting fungi as
agents of biodegradation, most attention having been paid to the white
rots. It is perhaps appropriate at this stage to define the term white rot
fungi. White rot fungi are filamentous fungi that inhabit the wood of dead
and dying trees. They are ‘higher fungi’, most are members of the
Basidiomycota (e.g. Phanerochaete chrysosporium or Trametes (Coriolus)
versicolor) but some are in the Ascomycota (e.g. Xylaria polymorpha or
X. hypoxylon). Trametes versicolor and Coriolus versicolor are synonyms
for the same organism and it is unclear which name is ‘correct’. In this
review we refer to this organism by the name used in the reports referred
to. The characteristic feature of white rots is their ability to degrade lignin,
a property that they share with simultaneous rot fungi and some ‘litter-
decomposing fungi’. It is generally considered that white rots cannot
degrade cellulose without prior removal of lignin, while simultaneous rots
remove both polymers at the same time. However, this distinction is
probably a matter of degree and not a ‘real’ difference. The three-dimen-
sional polyaromatic polymer lignin has a structural role in woody plants
and also has a protective effect against fungal pathogens. It is the main
barrier against enzymic degradation of cellulose and it has been shown
repeatedly that degradation of lignocellulosic materials is slowed down by
the presence of lignin, removal of which leads to accelerated cellulolysis.
White rots are so-called because of the white appearance of the rotted
wood, which is thought to be caused partly by the absence of lignin and
partly oxidized aromatic lignin derivatives. In contrast, the brown rot
fungi (e.g. Serpula lacrymans (dry rot)) remove cellulose, and hemicel-
lulose, but leave the lignin as a brown residue, modified to some extent but
largely undegraded.

P. chrysosporium cannot grow on lignin alone and can only degrade it
when provided with additional carbon and energy sources (Kirk, Connors
& Zeikus, 1976). It is widely assumed that this is true for other white rot
fungi. Removal of lignin by white rots is, therefore an essential pre- or
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corequisite for the degradation of cellulose, which yields energy and fixed
carbon for the fungus. Depolymerization and degradation of hemicel-
luloses is less dependent on lignin removal than is degradation of cellulose.
It is, therefore, likely that the process of ligninolysis is ‘fuelled’ to some
extent by hemicellulose degradation.

The mechanism of lignin biodegradation

Because of its complex structure, the degradation of lignin is an unusual
process amongst biological depolymerizations. This is not surprising since
lignin is a compound of huge size and indefinite structure (Higuchi, 1980;
Monties, 1994). Ligninolysis is, of course, an extracellular process. Unlike
most biological polymers, lignin has no single repeating structural unit and
few bonds that are, under normal conditions, subject to hydrolysis. The
structure of lignin varies from plant to plant (Monties, 1994), but it is
assembled by condensation of a number of different (but related) mono-
mers that have a substituted phenyl propanoid structure. The process of
biological ligninolysis remained a mystery until the mid 1980s when an
enzyme that modified the structure of lignin model compounds was dis-
covered in culture filtrates of P. chrysosporium (Glenn et al., 1983; Tien &
Kirk, 1983). The enzyme was shown to be a peroxidase and is now
generally known as lignin peroxidase (LiP or ligninase). Since then, other
peroxidases have been found in ligninolytic fungi that are thought to be
important in degradation of lignin, lignin-model compounds and other
aromatics. These include manganese-dependent peroxidase (MnP) and
manganese-independent peroxidase. In addition to peroxidases, laccase is
probably also involved. This copper-containing phenol oxidase enzyme
(Thurston, 1994; Leontievsky et al., 1997) has long been known to be
associated with ligninolytic fungi although its exact role in ligninolysis
remains uncertain (Youn, Hah & Kang, 1995).

The mechanism of lignin degradation by white rots has been referred to
by Kirk & Farrell (1987) as ‘enzymic combustion’. It is a random process,
as befits such a complex material, and the details are still not entirely clear.
The peroxidases are haem-containing proteins that catalyse one-electron
oxidation reactions using H

2
O

2
as the oxidant. Since lignin is such a large

and hydrophobic compound, the chances of these enzymes forming a
conventional enzyme–substrate complex with lignin are limited. In addi-
tion, ligninolytic enzymes are often cell bound rather than truly cell free. It
is generally considered that the role of the peroxidases is to oxidize
low-molecular-weight materials (mediators) to form powerful oxidants.
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These diffuse to the lignin and bring about local oxidation by abstracting
electrons. The partly modified lignin molecule is then open to spontaneous
attack by water or oxygen, which causes further degradation. Fragments
of lignin that are detached by such oxidations are then subject to further
attack by peroxidases, either directly (by formation of enzyme–substrate
complexes) or indirectly. Other enzymes that do not directly attack the
intact lignin structure (e.g. laccase) may now oxidize the fragments.

The low-molecular-weight oxidants (mediators) used depend on the
fungus and the enzyme. The best known examples are the oxidation of
veratryl alcohol (VA) to veratryl radical cations by LiP and the oxidation
of Mn2̀ to Mn3̀ by MnP. Trivalent manganese is very unstable and is
thought to be stabilized in vivo by formation of chelates with organic acids,
for example malonate and oxalate, derived from fungal metabolism. These
low-molecular-weight mediators operate with the enzymes to bring about
depolymerization. VA is a natural secondary metabolite of many white rot
fungi (de Jong, Field & de Bont et al., 1994) but is sometimes added to
cultures to stimulate ligninolysis. Other compounds are probably also
involved as mediators. Laccase, which is not a peroxidase but uses oxygen,
is usually thought of as a phenol oxidase of broad specificity although it
can also generate low-molecular-weight redox mediators and attack lignin
using them (Youn et al., 1995). Some laccases can, in the presence of
suitable mediators, oxidize Mn2̀ to Mn3̀ – which can, in turn, oxidize
other compounds (Archibald and Roy, 1992). This type of mechanism
considerably extends the range of compounds and materials oxidizable by
laccases. It has also been shown that certain LiPs can oxidize manganese
(Khindaria, Barr & Aust, 1995) and MnP can oxidize some aromatics
without the intervention of manganese ions (Heinfling et al., 1998). For
the peroxidases to operate there is a need for a reliable supply of H

2
O

2
.

This is produced by the fungi through oxidase enzymes, for example
glucose or cellobiose oxidase, which reduce molecular oxygen to H

2
O

2
.

The requirement for peroxide is one of the reasons why a co-substrate is
needed for lignin degradation.

Most of the original research was carried out on P. chrysosporium and it
is clear that although other white rots may have similar processes they
differ in the enzymes involved and the factors that control the process.
White rot fungi can be put into groups according to the combinations of
enzymes that they produce. Hatakka (1994) proposed three groups: (i) the
LiP–MnP group, (ii) the MnP–laccase group, and (iii) the LiP–laccase
group. However, some fungi do not fit neatly into these groups. Tuor,
Winterhalter & Fiechter (1995) suggested five groupings, one of which
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Table 10.1. Groups of xenobiotic compounds that have been reported to be
degraded by white rot fungi

Examples

Pesticides Alachlor,
1,1,1-Trichloro-2,2-bis(4-chlorophenyl)ethane
(DDT), Lindane

Chloroanilines
Chlorinated phenols Dichlorophenols, trichlorophenols,

pentachlorophenol, chloroguaiacols
Dioxins
Dyes Azo dyes, triphenylmethane dyes (e.g. crystal

violet), metal phthalocyanins, polymeric dyes,
anthraquinones

Nitrotoluenes Dinitrotoluenes,; trinitrotoluene (TNT)
Phenols Phenol, p-cresol
Phenoxyacetic acid herbicides 2,4-Dichlorophenoxyacetic acid (2,4-D),

2,4,5-trichlorophenoxyacetic acid (2,4,5-T)
Polyaromatic hydrocarbons
(PAHs)

Anthracene, benzo[a]pyrene, fluorene,
perylene, phenanthrene, pyrene

Polychlorinated biphenyls (PCBs)

produces LiP, MnP and laccase, another produces only LiP and another
group produces no peroxidases. The complement of enzymes will influence
the ability of these organisms to degrade not only their natural substrates
but also xenobiotic compounds and effluents. It should not be assumed
that members of the same group will behave the same in terms of their
biodegradative activities.

Biodegradation of xenobiotic compounds by white rot fungi

White rot fungi have the ability to degrade many xenobiotic compounds
with a wide variety of structures. The potential for using white rot fungi to
treat pollutants and bioremediate contaminated land has been reviewed
(see Field et al., 1993; Barr & Aust, 1994; Reddy, 1995). Perhaps the most
important thing to observe is the wide range of structures involved, mostly
aromatic (Table 10.1). Some of the compounds, for example poly-
chlorinated biphenyls (PCBs) and polycyclic aromatic hydrocarbons
(PAHs), are hydrophobic and sparingly soluble in water – factors that
often limit biodegradability. White rots are able to degrade these com-
pounds because, generally, the degradations are catalysed by the lig-
ninolytic system: an intrinsically non-specific system that deals in nature
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with a complex material that is hydrophobic and insoluble in water.
However, it should not be assumed that the ligninolytic system is infallible.
Kay-Shoemake & Watwood (1996) showed that there are limitations with
the LiP of P. chrysosporium, which was incapable of degrading polyethy-
lene glycol and tert-butylmethylether. It has been suggested that suscepti-
bility to degradation by this LiP is related to the ionization potential of the
putative substrate (Kay-Shoemake & Watwood, 1996; ten Have et al.,
1998). It appears that an ionization potential of \ 9.0 eV is required if a
compound is to be oxidized by LiP (ten Have et al., 1998). However, it is
possible that this requirement will vary between the ligninolytic systems of
different white rots, depending on the battery of enzymes that they possess.
Treatment with white rot fungi or their enzymes can, sometimes, lead to
complete degradation (as indicated by release of 14CO

2
), or at least partial

breakdown (Arjmand & Sandermann, 1985; Ryan & Bumpus, 1989). In
other cases, the evidence presented (e.g. decolorization of a dye only
demonstrates primary biodegradation, although more complete biode-
gradation may be occurring.

The mode of attack on xenobiotic chemicals is normally oxidative.
While oxidation can lead to biodegradation, it can also lead to polymeriz-
ation or dimerization since initial oxidative attack can produce reactive
chemical species that can conjugate, to similar or dissimilar species, rather
than breaking down. Most early research on biodegradation by white rot
fungi employed P. chrysosporium. However, in recent years a much wider
range of organisms has been studied both in terms of biodegradation of
xenobiotics in general and coloured materials in particular (Table 10.2).
Additionally, many unidentified isolates have been used since it is difficult
to identify basidiomycetes from cultured mycelium, which often does not
produce asexual spores or have any obvious distinguishing features.
P. chrysosporium is undoubtedly the most commonly studied organism,
with T. versicolor clearly ‘second favourite’. Pleurotus ostreatus, Bjerkand-
era adusta and Lentinus edodes are also frequently used, with other species
being studied to a much lesser extent.

General issues affecting decolorization by white rots

Most of this chapter deals with the use of white rot fungi to decolourize
coloured compounds and materials that occur in industrial effluents. This
research has concentrated on a small range of effluent types and materials,
listed in Table 10.3.
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Table 10.2. Genera and species of white rot fungi used in
biodegradation/decolorization studies

Bjerkandera spp. and B. adusta
Chrysonilia sitophila
Chrysosporium lignorum
Cyathus bulleri and other Cyathus spp.
Dichomitus squalens
Flammulina velutipes
Funalia trogii
Ganoderma lacidum
Hericium erinaceum
Lentinus (Lentinula) edodes
Merulius tremellosus
Phanerochaete chrysosporium, P. flavido-alba
Phlebia radiata
Pleurotus ostreatus, P. eryngii, P. sajor-caju
Polyporus frondosus,
Pycnoporus cinnabarinus
Schizophyllum commune
Trametes (Coriolus) versicolor, T. hirsuta and other Trametes spp.

Problems in comparison between studies

Measurement of decolorization

It is difficult to compare much of the research reviewed here since very
different methods are used to measure colour and its removal. Some
studies use an overall measure of colour using colorimeters with filters
while others assess colour by use of light absorption spectra (sometimes
visible only and sometimes ultraviolet/visible). Colour can be reported
either in absorbance (A) units or, particularly in papers referring to pulp
and paper industries, Platinum-Cobalt Units (PCU). Sometimes measure-
ment is only made at a single wavelength, often j

.!9
, but sometimes a

standard wavelength is used (such as 465 nm). A method occasionally
employed involves measurement at two wavelengths (Glenn & Gold,
1983). The first is usually j

.!9
and the second is in a region of the spectrum

that changes little, if at all, with decolorization. A decrease in the absorb-
ance ratio (of the first over the second wavelength) indicates decoloriz-
ation. This method can be used to distinguish between degradative colour
removal and adsorption. When decolorization is degradative, the absorb-
ance ratio decreases, but when adsorption occurs the ratio tends to
remain fairly constant since there are similar decreases in absorbance

249Wood-rotting fungi for decolorization



T
ab

le
10

.3
.

L
is

t
of

effl
ue

nt
s

an
d

m
at

er
ia

ls
co

ns
id

er
ed

fo
r

de
co

lo
ri

za
ti

on
by

w
hi

te
ro

ts

C
at

eg
or

y
of

effl
ue

nt
E

xa
m

pl
e

T
yp

es
of

ch
ro

m
op

ho
re

C
he

m
ic

al
in

du
st

ry
effl

ue
nt

s
V

ar
io

us
W

id
e

ra
ng

e
in

cl
ud

in
g

dy
es

C
ot

to
n

bl
ea

ch
in

g
effl

ue
nt

s
C

ot
to

n
bl

ac
k

liq
uo

r
U

nk
no

w
n,

po
ss

ib
ly

m
el

an
oi

di
ns

or
si

m
ila

r
D

ye
s

an
d

te
xt

ile
dy

ei
ng

an
d

m
an

uf
ac

tu
ri

ng
effl

ue
nt

s
D

ye
ho

us
e

effl
ue

nt
s

D
ye

s,
nu

m
er

ou
s

di
ff

er
en

t
ch

ro
m

op
ho

re
s,

e.
g.

az
o,

tr
ip

he
ny

lm
et

ha
ne

,m
et

al
ph

th
al

oc
ya

ni
n,

an
th

ra
qu

in
on

e
M

ol
as

se
s-

ba
se

d
effl

ue
nt

s
M

ol
as

se
s

sp
en

t
w

as
h

fr
om

al
co

ho
ld

is
ti

lli
ng

M
el

an
oi

di
ns

O
liv

e
oi

lm
ill

in
g

effl
ue

nt
s

P
ol

yp
he

no
lic

s
P

ap
er

m
ak

in
g

an
d

pu
lp

in
g

effl
ue

nt
s

K
ra

ft
effl

ue
nt

,s
ul

fi
te

liq
uo

r
D

ep
en

ds
on

pr
oc

es
s;

lig
ni

n
fr

ag
m

en
ts

,l
ig

ni
n

su
lf

on
at

e,
ch

lo
ro

lig
ni

ns
,c

hl
or

in
at

ed
ph

en
ol

ic
s



across the whole spectrum. One drawback of this method is that it does not
actually inform how much colour has been removed or the percentage
change in colour. Measurement at a single wavelength can be useful and
rapid but may be misleading since decolorization in one part of the visible
spectrum is sometimes accompanied by increases in light absorption at
other wavelengths. For example, Knapp & Newby (1999) showed that
treatment of a yellow/black industrial effluent (containing azo-linked chro-
mophores) by white rot fungi resulted in a large decrease in A

390
. How-

ever, with some fungi, and under some conditions, there was a concomi-
tant increase in A

480
that resulted in the treated effluent having a red

colour. Although A
390

may have been reduced by as much as 75–85 units
and A

480
may only have increased by 3–4 units, sometimes the treated

effluent actually appeared darker rather than lighter in colour, because of
the greater visual perception of red colours.

Recent research in our laboratory on decolorization of blue and black
dyes has shown that colour in the blue region (550 to 650 nm) is often easily
removed (Zhang, 1997; E. J. Vantoch-Wood, unpublished data). However,
with some fungi (under certain conditions) a residual red coloration (j

.!9
ca. 490–520 nm) remains. With decolorization of Reactive Black 5 by
strains of C. versicolor we may get nearly 100% reduction in A

598
but only

80% reduction in A
520

, the colour changing from dark blue/black to light
red. There is, however, considerable variation between fungal species and
strains: some giving much less residual red coloration. The development of
new colours clearly involves production of different chromophores, which
may arise through degradation of the original chromophore to smaller
entities that are still coloured. It is also possible that new chromophores
may arise through spontaneous (or enzyme-catalysed) coupling of degra-
dation products of the original chromophore. It appears that no research
has been done to characterize new chromophores arising during treatment
of dyes or effluents. However, it is well known that laccase and MnP can
catalyse coupling of chemicals to give new chromophores. Consequently,
in observing decolorization, it is essential to note changes that occur across
the whole visible spectrum and not to restrict observations to one
wavelength. In some cases, we do not have complete decolorization but,
rather, qualitative and quantitative changes in the colour. Comparisons of
decolorization of different chromophores on the basis of the change in
light absorbance can be of limited value since the chromophores will have
different extinction coefficients. Ideally, changes in absorbance should be
related to changes in concentrations on a molar or weight basis. Unfortu-
nately, this is not always possible since extinction coefficients may not be
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available, the exact identity of the chromophore may be unknown or a
mixture of chromophores may be present. The best basis for comparison is
probably the percentage decrease in light absorption at specified
wavelengths together with the actual change in the absorbance, but this
must always be taken in the context of the amount of material present. The
more material present, the more bonds there are to be broken: 99%
decolorization of a solution of a dye at 10 mg l~1 is less impressive than
90% decolorization when the concentration is 500 mg l~1. In many investi-
gations, only dilute solutions of dyes or effluents have been tested; such
data must be interpreted cautiously. Extrapolation to higher concentra-
tions is generally unwise but particularly so in this case since higher
concentrations are often toxic or inhibitory. It is clear, for example, that
the dye Orange II is inhibitory to P. chrysosporium at relatively low
concentrations,although not all fungi are equally susceptible (Knapp,
Zhang & Tapley, 1997). For industrial effluents, even ostensibly similar
effluents can vary enormously in colour and composition (both content
and concentration). Effluents are often diluted prior to study and it is vital
to note the extent of dilution. In practice, dilution of effluents is undesir-
able, it is expensive, regulatory authorities dislike it and it means that
much larger reactors will be required. It is normally best to treat effluents
at the highest concentration possible.

Adsorption

There are two main mechanisms for biological decolorization: adsorption
to the biomass and biodegradation. Not all chromophores adsorb to
particular types of biomass. However, there has been much research that
demonstrates the potential of biomass as an adsorbent. Many forms of
biomass have been investigated and fungal biomass has attracted much
attention (e.g. Bousher, Shen & Edyvean, 1997). With some fungi, adsorp-
tion is the only decolorization mechanism, but with white rots both ad-
sorption and degradation can occur. The relative importance of each
mechanism can be difficult to assess since it is difficult to find suitable
controls that contain enzymically inactive mycelium. Heat-killed mycelia
have been used but their adsorptive properties can differ from those of live
mycelia (E. J. Vantoch-Wood, unpublished data). Treatment with biocides
(e.g. mercuric chloride or sodium azide) can kill the mycelium but do not
guarantee that the enzymic complement will be inactivated. Furthermore,
some biocides can complex with certain chromophores (J. S. Knapp, un-
published data). In some studies, controls have not been included to
account for adsorption. However, this may not always be necessary since if
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colour removal is extensive then visual examination of the fungal biomass
is often enough to confirm whether significant adsorption has occurred. In
a study by Knapp, Newby & Reece (1995), discs of fungal mycelium were
exposed to concentrated solutions of dyes with very high light absorbance
(sometimes 50–100 units at j

.!9
). Decolorization was often complete

leaving a white mycelium with no trace of adsorbed dye, whereas heat-
killed controls and inactive fungal strains had deeply coloured mycelial
mats. Many commercial dyes, and other chromophores, are negatively
charged at neutral pH and strong adsorption to the fungal surface (which
is also likely to be negatively charged) may be unlikely. However, with
positively charged dyes like the triphenylmethanes or basic azo dyes ad-
sorption through charge interaction is likely.

With white rot fungi, adsorption does not appear to be the principal
mechanism of decolorization. It is likely that adsorption can play a part in
the overall process, since prior adsorption to fungal mycelium may serve to
bring chromophores into closer contact with the degradative enzymes,
which are often largely associated with the cell surface (Evans et al., 1991,
1994). After initial adsorption, oxidative degradation will then occur.
Evidence presented by Tatarko & Bumpus (1998) and Wang & Yu (1998)
showed that there is an initial rapid adsorption of dyes onto fungal
mycelium followed by slower degradative decolorization of adsorbed dye.
Adsorption of three dyes onto live and dead mycelium has been described
using the Langmuir model (Wang & Yu, 1998), while Knapp et al. (1997)
showed that adsorption of Orange II to heat-killed mycelium conformed
to the Freundlich adsorption model.

Conditions for decolorization

Buffering and pH

Like most filamentous fungi, white rots normally show optimal growth at
acidic pH values. Furthermore, growth in carbohydrate-containing media
generally causes acidification of the medium, the extent of which depends
on the carbon source and the type and amount of buffering present. The
decreases in pH observed can be surprising; for example, Newby (1994)
reported that in glucose-mineral salts medium Piptoporus betulinus reduc-
ed the pH to approximately 2 to 3, and sometimes to less than 2. Most
fungi studied reduced pH to a lesser degree; for example, C. versicolor gave
pH values in the range 4 to 4.4 and P. ostreatus gave 5.5 to 6. Since fungal
growth on carbohydrates often results in production of organic acids it is
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likely that fungi may produce their own buffering. However, later in the
growth of the culture, utilization of accumulated acids may lead to a loss of
buffering and further pH changes.

Most research on white rot decolorization has involved batch cultures,
sometimes agitated, but often in static conditions. Under these circumstan-
ces, cultures have only rarely been subject to pH control during growth,
investigators relying on the initial poising of pH together with adequate
buffering. Decolorization of an azo dye (Knapp et al., 1997) and cotton
bleaching effluent (Zhang, Knapp & Tapley, 1999a) has been shown to
depend on initial pH. If the pH is not excessive (usually between 5.5 and 7)
then the fungus is able to reduce it to 4–5.5, at which decolorization seems
optimal. If pH is too high (usually [ 7), then either decolorization will not
occur or it will only occur when pH is reduced to the optimal region; low
initial pHs can also be disadvantageous. Optimum pH will depend on the
fungus, the decolorization under consideration and the type of medium,
but generally appears to be in the range 4–5.5. Care must be taken to
distinguish between the optimum pH for particular enzyme systems and
the best pH for prolonged activity of isolated enzymes or live fungal
cultures. For example, the optimum pH for LiP of P. chrysosporium (based
on initial reaction rates) appears to be approximately 2.3–2.5. Although
activity is most rapid at this pH, the enzyme is unstable and soon loses
activity. In long-term use, the selected pH for enzyme reactors must be a
compromise between the optimum pH for activity and stability. Interest-
ingly, pH optima of enzymes may vary according to the substrate being
converted; for example, the laccase of Pycnoporus cinnabarinus has differ-
ent optima for guaiocol, syringaldizine and the artificial laccase substrate
ABTS (2,2@-azino-bis(3-ethylbenzthiazoline 6-sulfonate) (McCarthy et al.,
1999). Similarly with purified isoenzymes of LiP from P. chrysosporium,
Ollika et al. (1993) found that pH optima for decolorization varied accord-
ing to the dye being treated and also varied between isoenzymes. Young &
Yu (1997) also showed that pH/decolorization profiles varied with the dye
being treated. In systems using live mycelia, the optimum pH represents a
further compromise between the pH optima of several enzymes (notably
laccases, peroxidases and the oxidases that produce H

2
O

2
) and the pH at

which the mycelium, as a whole, can grow and operate effectively. The
optimum pH of any decolorization process, therefore, should be assessed
on a case by case basis, taking into account the organism (or enzyme used)
and the materials to be treated. Precedents suggest that optimum pHs are
likely to be in the range 4–5.5.

Several buffers have been used in decolorization studies. Initial studies
on the LiP system of P. chrysosporium used 2,2@-dimethyl succinate as a
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buffer and consequently this has been widely used, but with little rationale.
Dimethyl succinate is expensive and the cheaper 3,3@-dimethyl glutarate
has been shown to be an effective alternative (Knapp et al., 1997). Acetate
is cheaper still and has been shown by some to be a useful buffer (Bakshi,
Gupta & Sharma, 1999; Swamy & Ramsay, 1999a) although Kirk et al.
(1978) reported that it is toxic to P. chrysosporium. Many buffers that are
effective in the pH range 4–5.5 have been tested and there is little to suggest
that any one of them is innately better than the others for all situations.
Some buffers may complex with certain metal ions and alter their availabil-
ity in an advantageous or disadvantageous way. For example, tartrate can
complex and stabilize Mn3̀ . Phosphate may precipitate certain metals,
which may be good or bad depending on the exact nature of the process
under consideration. Where salts of organic acids are used in growth
media, a potential problem arises if the acid is utilized by the fungus as a
carbon source, since its utilization will inevitably result in an increase in
pH. 2,2@-Dimethyl succinate and 3,3@-dimethyl glutarate both contain
quarternary carbon atoms and, therefore, are recalcitrant to biodegrada-
tion. This is a useful property in small-scale laboratory experiments but
means that they will be of no use in large-scale applications of this
technology. Given the self-buffering capacity of some white rot fungi, it is
not certain that buffers are essential for decolorization processes, provided
that a suitable pH can be attained. Indeed, if automatic pH control is
available it should be a better option than the use of buffers. If white rot
fungi are to be used for practical full-scale decolorization, omission of
buffers has the advantage that additional materials are not added to the
effluent that may increase the biological/chemical oxygen demand
(BOD/COD) (organic acids) or cause eutrophication (phosphate).

Nutrition

Fungal nutrition has repeatedly been shown to be of enormous importance
in the effectiveness of fungal decolorization systems using live mycelium. It
is also crucial for systems in which separated enzymes are used, since
physiology of the fungus is the key to obtaining high yields of active
enzymes (Kirk & Farrell, 1987; Reddy & D’Souza, 1994). In treatment
systems and research projects using pure chemicals and defined synthetic
effluents, it is relatively easy to control availability of important nutrients.
This is not the case for real industrial effluents that vary with time and
location and are often difficult to analyse. Attention has focused on the
supply of carbon and nitrogen sources, with some work on mineral nutri-
ents and other additives.
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Carbon source In most decolorization studies, a carbon source is
provided to stimulate growth and to provide a supply of oxidants by the
fungus to ‘fuel’ the decolorization process. For example, glucose can be
oxidized by fungal oxidases to give gluconic acid and H

2
O

2
, while certain

fungal metabolites (like glyoxyal) can be similarly oxidized. The vast
majority of studies use glucose as the carbon source. Alternatives that have
been used include xylose, fructose, sucrose, maltose, cellobiose, glycerol
and ethanol. Starch and xylan seem to be useful, but surprisingly cellulose
and its derivatives are much less so. The necessity of adding a carbon
source has rarely been questioned. Knapp et al. (1997) showed that for
‘one-off’ decolorization of an azo dye, using an unnamed white rot, the
presence of glucose had little effect. However, where fungal mycelia were
to be re-used, the presence of an added carbon source was essential if
activity was to be retained. High activity in the absence of an added carbon
source has been ascribed to carry-over of nutrient from the growth me-
dium or to storage products or both (E. J. Vantoch-Wood, unpublished
data). However, studies with a different unidentified fungus showed that
provision of a carbon source was an absolute requirement for decoloriz-
ation of cotton bleaching effluent, even with mycelia used for the first time
(Zhang et al., 1999a).

The need to add carbon sources to effluents before treatment will depend
on the nature and composition of the effluent. Some effluents will contain
high levels of usable substrates (e.g. carbohydrates), while others will
have no useful components. Therefore, effluents from dyeing or chemi-
cal/dye manufacture are unlikely to have any usable carbon substrates
while others from distilling or paper pulping may contain a range of
carbohydrates that are degradable by certain white rots. The necessity to
add carbon sources and the type and concentration added depends on the
material to be treated and the organism. If in doubt, and certainly for
initial experiments, it is wise to add a carbon source, glucose at 5–10 g l~1

being a reasonable first choice.

Nitrogen sources Early research on ligninolysis by P. chryso-
sporium showed that active ligninolysis was much more effective in the
conditions of nitrogen limitation often associated with secondary metab-
olism (Kirk et al., 1978; Jeffries, Choi & Kirk, 1981). Accordingly, most
early research on degradation of xenobiotics by white rots used nitrogen-
limiting conditions and, in fact, use was made of the medium of Kirk et al.
(1978). It is now clear that other fungi differ markedly from P. chryso-
sporium in the production of ligninolytic enzymes. For example, B. adusta
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produces more LiP and MnP in nitrogen-sufficient than in nitrogen-limited
media (Mester, Peña & Field, 1996). Similarly Ben Hamman, de la Rubia
& Martı́nez (1997) reported a higher yield of these enzymes from
Phanerochaete flavido-alba in the presence of excess nitrogen. While some
decolorizations by fungi only occur, or are fastest, in nitrogen-limited
conditions (Cripps, Bumpus & Aust, 1990; Zhang et al., 1999a) this is not
always so and nitrogen-sufficient conditions can be as good or better
(Vasdev, Kuhad & Saxena, 1995).

The need for nitrogen can depend on whether the mycelium is to be
re-used. Knapp et al. (1997), using an unidentified isolate, showed that
addition of any nitrogen inhibited decolorization of Orange II when fungal
mycelium was first used. Nevertheless, activity declined rapidly in the
absence of added nitrogen when the mycelium was re-used. Addition of
0.25 g l~1 ammonium chloride to the medium allowed the mycelium to
retain high, and unchanged, activity on re-use. When designing media for
decolorization, the presence in effluents of usable nitrogen sources should
be considered. Another consideration is the possible release of nitrogen
during degradation of effluent chromophores. Many dyes (e.g. azos and
triphenylmethanes) are nitrogenous and release of ammonia is quite likely.
Such liberation of free nitrogen may affect the nitrogen status of the
growth medium. White rot fungi seem to be able to use a wide range of
inorganic and organic nitrogen sources, and the provision of organic
nitrogen does not seem to be advantageous. Generally, researchers use
inorganic nitrogen, usually as ammoniun salts. Although many studies
employ ammonium tartrate, there does not appear to be any particular
reason for choosing this salt, and the chloride (Knapp et al., 1997) and
sulfate (Heinfling, Bergbauer & Szewzyk, 1997) salts have been used
successfully.

Growth factors In many studies, media are used that contain
certain vitamins and other materials. Of the vitamins, thiamine is the most
commonly used. The rationale for their addition is seldom given and in
many cases white rot fungi have been grown without addition of vitamins
on simple or complex media. Kirk et al. (1978) showed that the presence of
thiamine stimulated lignin degradation. However, considering their ex-
pense (and the need, in some cases, for special sterilization procedures), it
is difficult to recommend their inclusion in decolorization media.

Trace metals All microbes have certain basic requirements for
mineral nutrients but sometimes a need for a specific element can be related
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to a particular process. In white rot fungi there are requirements for iron,
copper and manganese. In some studies these are added to media while in
others they are not and must be obtained as trace contaminants of media
components or as part of the effluent or other material being tested. LiP
and MnP are haem-containing peroxidases and require iron; however,
there do not appear to be any studies on the effect of Fe2̀ or Fe3̀ on
decolorization processes. Laccase contains copper and copper has been
shown to stimulate its production in T. versicolor (Collins & Dobson,
1997) and P. ostreatus (Palmieri et al., 2000). Pointing, Bucher & Vrijmoed
(2000) have investigated the effects of the presence and concentration of
Cu2̀ , Cd2̀ and Zn2̀ on decolorization of the dye Poly R 478 by several
white rots. While decolorization by P. chrysosporium and an unknown
isolate was inhibited by Cu2̀ , its addition at 0.1 mmol l~1 led to a greater
degree of decolorization (although at a slower rate) by T. versicolor.
Further investigation would be of interest, since some dyes (e.g. copper
phthalocyanines) contain copper in a chelated form.

MnP uses Mn2̀ as a substrate rather than a cofactor, and it is known to
be recycled during oxidations catalysed by MnP (Mn3̀ is reduced to Mn2̀

when it oxidizes lignin and related materials). The presence of manganese
ions is, therefore, essential for activity of MnP and has been shown to
induce production of MnP and also to repress production of LiP in P.
chrysosporium (Reddy & D’Souza, 1994). Therefore, it has a major role in
controlling not only the production and activity of MnP but also the
overall balance of peroxidase activity. Its importance in specific decoloriz-
ation processes has also been reported. Knapp et al. (1997) and Zhang et
al. (1999a), using two different white rot fungi, demonstrated that added
Mn2̀ , at as little as 2 mg l~1, was able to promote decolorization, respect-
ively, of an azo dye and a cotton bleaching effluent (the effect being
strongest with fungal mycelium that had been re-used a few times). On the
negative side, Knapp & Newby (1999) reported that, in the decolorization
of a chromophore in an industrial effluent, the presence and concentration
of Mn2̀ was important in controlling the presence of a red-coloured
by-product. With cultures of P. chrysosporium and P. ostreatus, the inten-
sity of the red colour was unaffected by the concentration of Mn2̀ (0 to
40 mg l~1) but with C. versicolor the presence of Mn2̀ increased the
intensity of this undesirable product. The reason for this is not clear but it
is likely that the presence of manganese either promotes production of an
enzyme(s) that produces the colour or decreases production of an enzyme
that reduces, or prevents, its production. Heinfling et al. (1998) recently
showed that several dyes were decolourized by MnP from B. adusta in a
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manganese-independent manner and, further, that increasing concentra-
tions of Mn2̀ inhibited the decolorization. The conclusion has to be that
the effects resulting from the presence of manganese (and its concentra-
tion) have to be decided on a case by case basis and will depend both on the
organism and the substrate involved.

Other additives A variety of other materials have been shown to
promote decolorization. VA is a known mediator of LiP activity and has
been shown strongly to promote decolorization of various chromophores
by isolated LiP (Young & Yu, 1997; Heinfling et al., 1998). However, the
amount of VA required to promote decolorization can vary between dyes
(Young & Yu, 1997). Zhang (1997) showed that for Orange II decoloriz-
ation by strain F29 at low concentrations (5–20 mmol l~1), VA had only a
small positive effect while at 50 mmol l~1 it was inhibitory. It was also
shown that it inhibited decolorization of cotton bleaching effluent by
another strain when present at as little as 1 mmol l~1.

Tryptophan (which can stabilise LiP activity) has also been shown to
promote dye decolorization by isolated LiP (Collins et al., 1997; Heinfling
et al., 1998). Its value in promoting decolorization by whole mycelial
cultures does not appear to have been tested. 2,5-Xylidene and 1-hy-
droxybenzotriazole have been shown to induce laccase synthesis in T.
versicolor (Collins & Dobson, 1997). The latter has also been shown to be a
mediator of indirect oxidation by laccases and to promote decolorization
of a range of dyes by isolated laccase from P. cinnabarinus (McCarthy et
al., 1999). It is possible that 1-hydroxybenzotriazole could have a double
effect in decolorizations by live fungal cultures, at least those for which
laccase is important, promoting both synthesis and activity of this enzyme.
However, this does not appear to have been studied. A range of other
aromatics has been shown to act as mediators and to stimulate the ability
of laccase (from T. versicolor) to oxidize PAHs (Johannes & Majcherczyk,
2000). Even simple, natural aromatics like phenol, aniline and 4-
hydroxybenzoic acid (at concentrations as low as 0.1 mmol l~1) were
effective. The possibility of using laccase mediators in whole mycelial
cultures rather than with isolated enzymes needs to be investigated, es-
pecially in the context of decolorization processes.

Agitation and aeration

Lignin degradation requires oxygen, either for the generation (by mycelia)
of H

2
O

2
for peroxidases or for the direct action of oxidases (e.g. laccase).

Ligninolytic fungi are obligate aerobes and so oxygen will obviously be
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needed for growth and maintenance of culture viability. Decolorization by
some of the isolated enzymes from white rot fungi does not necessarily
require oxygen. The peroxidases need H

2
O

2
, not oxygen, as the oxidant,

although laccase does use molecular oxygen. Oxygen is also thought to act
directly on lignin fragments or other aromatics after their destabilization
by redox mediators. The exact requirement for oxygen will depend on the
fungus used and also on the enzymes it uses for particular chromophores.

Provision of oxygen can be problematical. Early work on ligninolysis by
P. chrysosporium suggested that agitation of cultures leads to decreased
ligninase activity. Therefore in early research, fungi were grown as static
cultures with mycelial mats growing on the surface of liquid medium. To
improve availability of oxygen, flasks were flushed occasionally with pure
oxygen. This method was adopted in much of the research on decoloriz-
ation. The problem with static cultures is that oxygen transfer is poor and
that there are likely to be problems caused by a lack of homogeneity and
poor nutrient distribution (gradient limitations) in culture vessels. One of
the likely reasons for low LiP activity in shaken cultures is inactivation
caused by shear forces or at the air–liquid interface. Jäger, Croan & Kirk
(1985) reported that addition of detergents like Tween 80 or 20 can allow
high yields of LiP in agitated cultures. Few studies have directly addressed
the question of agitation in decolorization. Kim, Ryu & Shin (1996) and
Bakshi et al. (1999) report that static cultures of P. chrysosporium and
P. ostreatus gave better decolorization than agitated cultures. On the
contrary, Knapp et al. (1997), Prasad & Gupta (1997), Sani, Azmi &
Banerjee (1998) and Swamy & Ramsay (1999a) all demonstrated, with a
range of fungi and chromophores, that agitation of cultures resulted in
better decolorization. It is likely, therefore, that decisions on agitation of
cultures will be specific to particular systems, although, clearly, agitation
of cultures can give as good, or better, results as static cultivation. Detailed
studies on the importance of oxygen concentration in decolorization pro-
cesses do not appear to have been carried out and are required if fungal
decolorization is to be a commercially useful process.

Temperature

Most white rot fungi are mesophiles having temperature optima at
27–30°C. Although many studies do not establish temperature optima for
decolorizations, those that do usually report similar optimal values. The
notable exception is P. chrysosporium, which has an unusual optimum at
37–40°C. Although higher temperatures are used for this organism, there
is no evidence to suggest that decolorization rates are intrinsically faster
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than those of other white rots operating at their temperature optima. The
main potential advantage of this high temperature optimum does not lie in
more rapid catalysis but in the fact that in large-scale reactors removal of
excess metabolic heat will present less of a problem at a higher temperature
– in other words cooling costs will be less. Where isolated enzymes are
used, temperature optima may be considerably higher and this can bring
problems of instability. For example, the optimum temperature for de-
colorization by laccase from P. cinnabarinus is 65°C but it is unstable at
this temperature, losing approximately 70% of its activity in 6 hours
(McCarthy et al., 1999). At 45°C it is less active but maintains 90% activity
over a 24 hours period. The compromise between activity and stability has
to be assessed individually for each enzyme–substrate combination.

Bioreactors

Much of the research on decolorization by white rots has used batch
cultivation. Early work used static culture but recently shaken cultures
have been employed. A wide variety of reactor configurations have been
assessed but few direct comparative studies have been made. Early designs
were somewhat constrained by the dogma that agitation would result in
low activity of LiP and, therefore, restricted decolorization. This in-
fluenced designs as researchers attempted to find ways of growing fungal
biomass without a high degree of agitation. Use was made of rotating
biological contactors (RBCs), with the organism growing on the slowly
rotating disc (Pellinen et al., 1988a,b; Yin, Joyce & Chang, 1990); percolat-
ing filters (Newby, 1994; Messner et al., 1990); and packed beds (Cam-
marota & Sant’Anna, 1992; Bajpai, Mehna & Bajpai, 1993; Lonergan et
al., 1995; Zhang, 1997). More recently fluidized beds using mycelial pellets
have been shown to be effective (Pallerla & Chambers, 1996, 1997; Zhang,
Knapp & Tapley, 1998, 1999b). There are however few reports in which
organisms are grown and used for decolorization in stirred tank reactors
(Bajpai et al., 1993) presumably because of concern about the effects of
shear forces on enzymes or mycelial structure. Most authors prefer to use
aeration, or air-lift techniques, to provide mixing as well as aeration. As
yet, most studies using bioreactors have been conducted on a relatively
small scale: a few litres at most and often less than 1 litre. Growth of white
rot fungi on such a scale is complicated by the propensity of these organ-
isms to grow in clumps, to block pipe-work and to grow on surfaces, pH
electrodes, etc. Reports of decolorization in large laboratory-scale bioreac-
tors like the 200 litre packed bed reactor used by Schliephake & Lonergan
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(1996) are unusual, and larger-scale tests on these fungi growing in bio-
reactors would be useful (see also Lonergan et al., 1995).

Immobilization of fungal mycelia (usually as pellets in alginate or poly-
urethane) has been shown to be useful, giving as good, or better, results as
free mycelium (Pallerla & Chambers, 1996, 1997; Zhang et al., 1999b).
Much work with bioreactors has used batch, or repeated batch culture
(fed-batch), rather than continuous culture. Both batch and continuous
methods can be effective and both have advantages and disadvantages.
On theoretical grounds, a batch process is more likely than a continuous
one to achieve complete treatment and may have kinetic advantages. If
the effluent is non-toxic then decolorization may approximate to
Michaelis–Menten kinetics (Royer et al., 1985; Knapp et al., 1997), al-
though in some studies the rate of decolorization was shown to increase
linearly with the concentration of colour in the reactor (Royer et al., 1991;
Pallerla & Chambers, 1996, 1997). More rapid reaction at high substrate
concentrations would favour batch treatment. Where effluents are toxic
but the toxic components are degraded by the fungus then continuous
treatment may be advantageous (Zhang et al., 1998).

Several papers have reported the repeated use of white rot mycelia over
many cycles of decolorization, covering periods of several weeks to a few
months, both in fed-batch and continuous reactors (Eaton, Chang & Kirk,
1980; Martı́n & Manzanares, 1994; Zhang et al., 1998, 1999b; Palma et al.,
1999; Swamy & Ramsay, 1999b). The ability to maintain biomass in an
active state over prolonged periods bodes well for commercialization of
these processes. Most studies have employed aseptic techniques and axenic
cultures of white rots. Some, however, have found that effective treatment
can occur in non-aseptic conditions (Messner et al., 1990; Royer et al.,
1991). Most of these studies relate to wood pulping effluents, which may
represent a special case since it is possible that the toxicity of some
chlorinated and phenolic components may inhibit excessive growth of
organisms other than the white rots. Messner et al. (1990) found that heavy
contamination (which could be prevented by sanitation) during the colon-
ization of a reactor was deleterious, but at later stages low-level contami-
nation did not prevent good decolorization. Eaton et al. (1982) considered
that the combination of temperature, pH and nutrient limitation would be
enough to inhibit growth of most organisms in their system for treating
Kraft effluent. If systems are not axenic, then competing microbes may be
able to use added carbon sources, so denying them to the relatively
slow-growing white rots. In the experience of the authors, contamination
often leads to treatment failure; failures for this reason have been reported
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by others (e.g. Royer et al., 1985). The most regularly observed con-
taminants seem to be yeasts, which can thrive in carbohydrate-based
media at pH 5 to 6. Small pink yeasts that appear to be Rhodotorula spp.
have been observed on several occasions by the authors (unpublished data)
and others (Messner et al., 1990; Newby, 1994). It seems possible that for
some systems sterile axenic culture is required. Provision of sterile condi-
tions may not be as costly as might first be thought. Several effluents that
are candidates for treatment by white rots are essentially sterile when they
arise. Both cotton bleaching and wood pulping effluents are produced at
high temperature and highly alkaline pH, which will kill most likely
contaminants. Some wood pulping effluents also contain sodium sulfite,
which has antimicrobial properties. Aseptic handling and storage of such
effluents before treatment may be all that is required.

Mycelia of white rots are rugged enough to withstand repeated use; they
can be stored for several months at 4°C and still retain 100% activity with
ability to decolorize immediately. Zhang (1997) and Zhang et al. (1999a)
showed that two strains of white rot fungi could be kept for 4 months
without loss of activity. This is, potentially, a useful property in an indus-
trial situation in which fungi may be required for treatment at short notice.

There have been several reports of the use of immobilized enzymes (LiP
or MnP) for decolorization (Ferrer, Dezotti & Durán, 1991; Dezotti,
Innocentini-Mei & Durán, 1995; Peralta-Zamora et al., 1998). Although
immobilization may stabilize enzymes, it is usually associated with some
initial loss of activity. It seems unlikely, therefore, that immobilized lig-
ninolytic enzymes will offer any advantages over the use of mycelia for
large-scale decolorization.

Decolorization studies on specific effluents and materials

Chemical industry effluents

There is little mention in the literature of the use of white rots for treatment
of effluents from chemical manufacture, notable exceptions being reports
by Knapp & Newby (1999) and Schliephake et al. (1993). Knapp & Newby
(1999) investigated the ability of several white rots to decolourize an
effluent from the manufacture of nitrated stilbene sulfonic acids that
contained an azo-linked chromophore. These chemicals are intermediates
in the production of optical brighteners and it is rather ironic that their
manufacture results in an extremely dark-coloured effluent (A

390
of neat

effluent can be as much as 1000 units). The reduction of A
390

by 70 to 80%,
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at effluent concentrations of 5 to 40% (v/v), is encouraging, especially as
the process reported used mycelial mats and was not optimized. Unfortu-
nately, with some fungal strains, despite good reduction in A

390
, there was

an increase in A
480

(see above), which gave the treated effluent a red
colour. The report of Schliephake et al. (1993) gives few details but shows
at least 90% removal of colour from an effluent at 400–450 nm. It is unclear
whether the effluent (from pigment manufacture) was neat or diluted, and
the nature of the chromophore is uncertain.

Recent work in our laboratory (E. J. Vantoch-Wood, unpublished data)
has demonstrated decolorization of a diluted mixed effluent from a chemi-
cal factory. Of the four white rots tested, C. versicolor and strain F29 gave
the greatest rate and extent of decolorization. For these strains, rates
increased linearly up to 50% (v/v) of effluent and decolorization was
maximal (ca. 85%) in about 20 hours. Even at 95% (v/v) effluent (which
was inhibitory to all strains), these strains were capable of about 80%
colour (A

490
) removal in 3 days (initial A

490
was about 2.5). Little colour

removal could be attributed to adsorption. P. chrysosporium and another
unidentifed isolate performed less well and were inhibited at lower effluent
concentrations.

With industrial effluents, there is always the potential for inhibition of
the fungi and some are clearly more susceptible than others. In addition to
the more obviously toxic components, like phenolics, it should be noted
that many industrial effluents contain high levels of mineral salts (mainly
sodium chloride or sulfate), which are essentially non-toxic but cause
inhibition through osmotic effects. These salts may be by-products of
chemical reactions or may be used in recovery processes (like salting out).
There appear to be no reports on the effects of salts on decolorization by
white rots and attention should be paid to their presence and possible
effects. Since dilution is not desirable in effluent treatment systems, it
would be useful to have available salt-tolerant white rot fungi. Such
organisms are not frequently reported but a recent report on enzyme
production and decolorization by marine fungi (Raghukumar et al., 1996)
suggests that further investigations on salt-tolerant wood-rotting fungi
might be of value.

Cotton bleaching effluents

There are few references to biological treatment of cotton bleaching efflu-
ents (Table 10.4). These are highly alkaline and dark black/brown in
colour and while activated sludge treatment may remove some BOD, it has
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no effect on colour. Their chemical composition is not well described and
the nature of the chromophore is uncertain, although it is possibly related
to the melanoidins. Davis & Burns (1990) showed that several white rot
fungi could decolorize cotton cleaning effluents: C. versicolor giving the
best (70–80%) reductions. They also showed that soluble and immobilized
laccase from this organism could cause decolorization. Zhang (1997)
screened several wood-rotting fungi (including strains of C. versicolor and
Flammulina velutipes) for the ability to decolorize cotton bleaching efflu-
ent. An unidentified strain, 7, proved to be most effective, giving ca. 95%
decolorization. Zhang et al. (1999a) optimized decolorization by strain 7 in
batch culture; although the fungus gained some nutrition from the effluent
(and removed 50–60% of effluent COD), addition of a co-substrate was
essential for decolorization. The amount of colour removed and the per-
centage removal varied with the ‘strength’ of the batches of effluent and
with the proportion of effluent in the medium. The effluent was inhibitory
at high concentration in batch cultures (Zhang, 1997). A fluidized bed
bioreactor with free mycelial pellets of strain 7, in a continuous process,
gave 70–80% removal when concentrated (95% v/v) effluent was treated;
decolorization was better with more dilute effluents (Zhang et al., 1998).
The continuous process appeared to be superior to batch process for more
concentrated effluents. The enzymic mechanisms of decolorization were
not determined but Zhang et al. (1999a) suggest that MnP is probably
important in this system.

Dyes

Classification of dyes

Dyes vary enormously in structure, their main common property being the
ability to absorb light in the visible region of the spectrum. The range of
structures is bewildering, with many thousand different dyes in commercial
production. Dyes can be classified according to their structure (particular-
ly the nature of the chromophore) or the method of application (Gregory,
1993). The main groups of dye, according to their chromophores, are azo,
anthraquinone, heterocyclic, metal phthalocyanines and triphenyl-
methane. The main ‘application’ classes are reactive, direct, vat, sulfur,
disperse, basic, solvent, mordant and acid. Within each of these classes it is
possible to find a variety of different chromophores. Common features of
the chemical structure other than the chromophore dictate the way in
which the dye can be applied and the uses to which it is put. Although there
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are many natural dyes, the vast majority of commercially used products
are synthetic chemicals. Some synthetics are related in their basic structure
to natural dyes; for example, indigo carmine is a sulfonated version of the
natural indigo. Azo dyes, the most important group in terms both of
number of products and of tonnage used, are all synthetic. Although all
have azo-linked aromatic groups, the range of structures and applications
is vast.

Studies on dye decolorization

Table 10.5 lists recent publications on the decolorization of dyes by white
rots or their enzymes. The trivial names of many dyes tell of their colour
but generally give little information concerning their structure. This makes
it difficult to compare degradability or decolorization of different dyes.
The systematic names are also of little help since they are often so complex
that again comparison on the basis of names is difficult and the full
structure needs to be considered. From the studies reviewed here, it is clear
that white rot fungi (or their enzymes) can decolorize members of all the
major chomophore groups of dye. It is also clear that while some dyes (e.g.
indigo carmine) are readily decolorized by a wide range of organisms,
others are much less easily decolorized and then only by a more limited
group of isolates (see Knapp et al., 1995).

Relationships between structure and degradability

The structure of dyes has a profound effect on their degradability; how-
ever, understanding of structure/degradability relationships in dyes is only
superficial. Comparisons of degradability between dyes in different groups
are of limited value and there have been few detailed comparisons within
particular dye groups. Several authors have shown that within the
triphenylmethanes relatively small structural differences are associated
with differences in the extent or rate of decolorization (Bumpus & Brock,
1988; Knapp et al., 1995; Vasdev et al., 1995; Sani et al., 1998). Exact
relationships have not been defined but the number, position and type of
N-alkyl groups all appear to influence decolorization.

Most research on the effects of structure has employed azo dyes and
there is much evidence to show that structure of azo dyes affects degrada-
bility. Azo dyes contain two aromatic ring structures linked by an azo
group, and most studies have considered series of compounds in which one
ring structure remains constant while the other ring is varied by incorpor-
ating various substituents in different positions. A study by Spadaro, Gold

267Wood-rotting fungi for decolorization
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& Renganathan (1992) showed differences in the breakdown of groups of
structurally similar dyes by P. chrysosporium. It also showed that the two
aromatic rings can be degraded to different extents. Pasti-Grigsby et al.
(1992) produced a series of dyes based on azobenzene 4-sulfonic acid as the
‘constant structure’ (Table 10.6). While degradation by cultures of
P. chrysosporium was essentially complete for some dyes, for others it was
only partial and complicated by their toxicity. Experiments with enzymes
showed large difference between dyes in their susceptibility to decoloriz-
ation. It is notable that some compounds that were rapidly decolorized
by MnP were resistant to LiP and vice versa. Degradability was related to
the presence and position of hydroxyl groups (para to the azo linkage
being best for degradability) and to the presence, position and number of
electron-donating groups (e.g. methyl and methoxyl). Chivukula & Ren-
ganathan (1995) used a similar set of dyes – all were 4-(4@-sulfophenylazo)-
phenols substituted on the phenol moiety – to study susceptibility to
oxidation by a laccase from Pyricularia oryzae. Degradability was promo-
ted by methyl and methoxy groups in the 2 and 6 positions, but not by the
same substituents in the 3 and 5 positions. Electron-withdrawing groups
(e.g. chloro or nitro) in the 2 and 6 positions prevented degradation.
Selected data from these studies are presented in Table 10.6 and it can be
seen that the structure of dyes strongly influences their susceptibility to
degradation both by pure cultures and isolated enzymes (LiP, MnP and
laccase). Unfortunately, only limited data are available from systematic
studies and more remains to be discovered. Most of the dyes studied are
relatively simple in terms of the number and type of aromatic rings (mostly
phenyl) and the type and number of substituents. Many commercial dyes
are much more complex and there are no sound data available on struc-
ture/degradability relationships in dyes with, for example, multiply sub-
stituted naphthyl groups, multiple azo linkages, reactive groups (e.g.
chlorotriazine) for covalent linking to cotton or stilbene groups. Chemical
structure may affect degradability via steric hindrance, electron distribu-
tion and charge. It has also been suggested that ionization potential may
have an important role in determining susceptibility to LiP (Podgornik,
Grgic & Perdih, 1999), and this is supported by studies on other types of
compound (Kay-Shoemake & Watwood, 1996; ten Have et al., 1998).
Where degradation proceeds via a redox mediator (e.g. VA radicals or
Mn3̀ ) ionization potential is likely to be important.
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Fig. 10.1. Proposed pathway for the degradation and decolorization of
the azo dye (4-(4@-sulfophenylazo)-2,6-dimethylphenol by lignin per-
oxidase of Phanerochaete chrysosporium. (Based on Chivukula et al.,
1995.)
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Mechanisms for dye decolorization

The mechanisms of decolorization and degradation of dyes by white rots
have received scant attention. Bumpus & Brock (1988) have shown that
the degradation of several related triphenylmethane dyes appears to start
with sequential dealkylation. It is not clear, however, what processes
complete their degradation. Evidence from a wide range of sources shows
that LiP, MnP and laccase (alone or with the involvement of mediators)
are able to degrade some azo dyes. Most fungi, however, will produce at
least two of these three enzymes, and possibly others, so when cultures are
used the end result will depend on the types of enzyme produced, their
relative activities and their specificities. Studies with pure enzymes are of
great interest but we cannot extrapolate from them to predict the final
products of dye decolorization by whole cultures. Extensive degradation
has been reported for some azo dyes (Spadaro et al., 1992; Paszczynski et
al., 1992) but all the examples studied are relatively simple in structure and
the ultimate fate of more complex and more highly sulfonated dyes follow-
ing decolorization by white rot fungi is not known.

Pathways for degradation of azo dyes by peroxidases from P. chryso-
sporium have been suggested (Goszczynski et al., 1994; Spadaro & Ren-
ganathan, 1994; Chivukula, Spadaro & Renganathan, 1995). The mechan-
isms propose sequential abstraction of two electrons by peroxidase action
followed by attack by water, which results in cleavage of the diazo linkage.
All three reports suggest cleavage of the azo dye can occur asymmetrically
to give a quinone and a phenyl diazine (Fig. 10.1). The latter decomposes
as a result of attack by oxygen to give nitrogen and a phenyl compound
(Spadaro & Renganathan, 1994) or a sulfophenyl hydroperoxide
(Chivukula et al., 1995) depending on the type of dye involved. A similar
pathway has been proposed by Chivukula & Renganathan (1995) for
degradation of phenolic dyes by laccase. Goszczynski et al. (1994) also
suggested that the azo bond can be split symmetrically during peroxidase
attack, one nitrogen remaining attached to each aromatic ring. This would
give rise to compounds such as amino or nitroso-substituted aromatics or
quinone imines.

When LiP is utilized, VA has been shown to stimulate decolorization
(Paszczynski & Crawford, 1991; Ollikka et al., 1993; Young & Yu, 1997).
The presence, and concentration, of Mn2̀ is also important and can
stimulate decolorization (e.g. Knapp et al., 1997). However, Mn2̀ can
also inhibit decolorization, the effect being dependent on both the dye and
the organism. Buckley & Dobson (1998) showed that with Chrysosporium
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lignorum, Mn2̀ promoted degradation of one polymeric dye (Poly R-478)
but inhibited degradation of another (Poly S-119). Inhibition was at-
tributed to inhibition of LiP production by Mn2̀ . Mn2̀ can also inhibit
dye decolorization by MnP (Heinfling et al., 1998). While many authors
consider the peroxidases to be of prime importance in decolorization of
dyes, laccases have also been shown to catalyse certain decolorizations
(Chivukula & Renganathan, 1995; McCarthy et al., 1999; Rodrı́guez,
Pickard & Vázquez-Duhalt, 1999).

Molasses wastewaters

Molasses, a waste from sugar refining, is widely used as a fermentation
feedstock for production of yeast, alcohol and other products. It is highly
coloured because of the presence of melanoidin pigments, which are
produced by the reaction between sugars and amino acids at elevated
temperatures. Very large volumes of highly coloured wastewaters remain
after use of molasses in fermentation processes (Fitzgibbon et al., 1995).
Melanoidins are recalcitrant and survive normal biological treatment pro-
cesses (activated sludge and anaerobic digestion) unscathed. Several fungi
have been investigated for their ability to decolorize melanoidins. With
some non-wood-rotting organisms (e.g. Rhizoctonia sp.), it is clear that
decolorization is solely adsorptive (Sirianuntapiboon et al., 1995). Where
this is the case, there is a limit to re-usability of the mycelium (because of
saturation) and adsorbed melanoidin remains to be dealt with. Several
investigations have shown that white rots have the ability to degrade
melanoidins (Table 10.7). Both P. chrysosporium and T. (C.) versicolor can
achieve a high degree of decolorization, generally 70–85% (Kumar et al.,
1998). White rots can also reduce COD (70–90%) of molasses-based
effluents (Benito, Miranda & Rodriguez de los Santos, 1997; Kumar et al.,
1998). Generally, the provision of a carbon source, usually glucose, greatly
improves decolorization (Kumar et al., 1998). Rates and extents of de-
colorization depend on the organism, the effluent concentration and the
intensity of the colour. Decolorizations may take as little as 1 or as much as
10 days, but comparison between studies is difficult. Some effluents can be
inhibitory.

The mechanism of decolorization is not completely clear. Watanabe et
al. (1982) suggested that the enzyme responsible in Coriolus sp. 20 is
intracellular and reported the involvement of an enzyme with glucose, or
sorbose, oxidase activity. They proposed that this enzyme generates ‘active
oxygen’ (O

2
~ or H

2
O

2
), which is responsible for decolorization of
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melanoidin. Using a strain of C. versicolor, Ohmomo et al. (1985a) resol-
ved seven different melanoidin-decolourizing enzymes and purified two of
them. Enzyme P-III required glucose and oxygen for its melanoidin-
decolourizing activity while P-IV decolourizes melanoidin in their absence.
A multiplicative effect between the two enzymes was noted. While P-III
appears to act via its glucose oxidase activity, the mechanism for decoloriz-
ation by P-IV is uncertain. Dehorter & Blondeau (1993) reported isolation
of a melanoidin-degrading activity from T. versicolor. This enzyme system
required oxygen (not H

2
O

2
) and was Mn2̀ dependent, although the

mechanism of action was uncertain. Sermkiattipong et al. (1999) have
isolated mutants of C. versicolor with enhanced melanoidin-degrading
activity but the nature of their mutations was not determined.

Olive oil milling wastewater

Olive oil milling effluents are a major problem in many Mediterranean
countries; annual production of olive mill wastewater (OMW) in this
region is [ 3 × 107 m3 (Sayadi & Ellouz, 1995). OMW is black in colour,
has a high COD and is highly toxic. Both toxicity and colour are associated
with the presence of phenolic compounds, often polyphenols like tannins,
anthocyanins and catechins (Sayadi & Ellouz, 1995). Conventional bio-
logical effluent treatment processes are ineffective because of a combina-
tion of recalcitrance to biodegradation and toxicity. The possibility of
using white rot fungi for OMW treatment has been investigated by several
research groups using a range of different species (Table 10.8). About 60 to
75% (or more) colour removal has been reported by most authors, together
with up to 90% reduction in phenolics (Martirani et al., 1996; Ben Ham-
man, de la Rubia & Martı́nez, 1999). At its best, good decolorization can
occur in 3 days but in other cases 9 or more days may be required.
Comparison between studies is difficult because of differences in composi-
tion of the OMW studied and the different proportions of OMW in media.
Yesilada, Sik & Sam (1998) have studied the effect of OMW concentration
on removal of COD, phenols and colour by Funalia trogii and C. ver-
sicolor. Neither organism grew in undiluted effluents. The percentage of all
components (especially colour) removed decreased with increasing OMW
concentration. For COD and phenols although the percentage removal
decreased the amount removed increased with concentration of OMW.
However, for colour, both the percentage removed and the amount re-
moved decreased in more concentrated effluents, suggesting inhibition.
Some OMW have high sugar contents and it appears that decolorization
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can occur without an additional carbon source (Martirani et al., 1996;
Yesilada et al., 1998). In others, saccharose (D’Annibale et al., 1998),
glucose or glycerol (Sayadi & Ellouz, 1992, 1993, 1995) are added.

The ligninolytic enzyme system is the main agent of decolorization and
destruction of phenolics. However, organisms differ in the relative import-
ance of different enzymes. Sayadi & Ellouz (1993, 1995) considered that
LiP was the most important in cultures of P. chrysosporium. However, Ben
Hamman et al. (1999) and Pérez et al. (1998) proposed that MnP and
laccase were of prime importance in P. flavido-alba. Pérez et al. (1998)
suggested that laccase was induced by growth on OMW. Martirani et al.
(1996) showed that purified phenol oxidase from P. ostreatus could reduce
the phenol content of OMW but this alone did not reduce toxicity. It seems
likely that in mycelial cultures (which do decrease toxicity) other enzymes
must work in concert with the phenol oxidases. Several studies have
demonstrated a change in molecular mass distribution of aromatic com-
pounds in OMW during treatment with white rot fungi (Sayadi & Ellouz,
1993, 1995; Vinciguerra et al., 1995). Low-molecular-mass compounds are
largely removed and there is a decrease in the amount of high-molecular-
mass materials, which are replaced by compounds of intermediate molecu-
lar mass, showing that depolymerization has occurred. No details of the
chemical mechanisms for decolorization of OMW are available but it
seems safe to assume, given the similarity between the polyphenolics
involved and lignin, that the biochemical mechanisms are similar to those
involved in lignin degradation. It has been shown that mycelia of
P. ostreatus, P. chrysosporium and L. edodes can be re-used several times
for OMW treatment and that treatment by immobilized mycelium is also
effective (Martirani et al., 1996; Sayadi, Zorgani & Ellouz, 1996; D’Anni-
bale et al., 1998). Clearly, white rot fungi have the potential to decolorize
and detoxify OMWs but there is scope for more research to optimize
treatment processes. Given the variability of these effluents, attempts to
standardize experimental approaches and descriptions would allow better
comparison of results.

Paper making and pulping effluents

The potential for white rots to treat paper making and pulping effluents
has been recognized for many years (Marton, Syern & Marton, 1969). A
variety of effluents are considered here; all are highly coloured (dark
brown/black). The colour and chemical composition of the effluents varies
considerably according to the pulping process used and the exact stage in
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the process at which they arise. The type of material being pulped (e.g.
wood or an agricultural residue) is also important, as is the type of wood
(hard or soft) and the species of tree. In pulping processes, lignocellulosic
materials are treated to remove the lignin and the resultant pulp is bleach-
ed. The major part of the colour in pulping effluents results from dissolved
derivatives or fragments of lignin. Pulping effluents may contain lignin
sulfonates or chlorolignins and also lower-molecular-mass phenolics and
chlorinated phenolics, together with their partly oxidized derivatives such
as quinones. Many of these materials are toxic both to aquatic life and to
microorganisms. There are a variety of pulping processes, the best known
being the Kraft and the sulfite processes. Most publications on the use of
white rots in treating pulping wastes deal with Kraft effluents, some
dealing with effluent from particular stages rather than combined plant
effluents. The most studied effluent stream is the Kraft E

1
(alkaline extrac-

tion process) effluent.

Decolorization studies

Table 10.9 summarizes some reported uses of white rots or their enzymes
in treating pulping effluents. Research on decolorization is dominated by
two species of white rots: P. chrysosporium and C. versicolor. Other species,
like B. adusta or P. ostreatus, which are effective in degrading other
materials, seem to have received little attention in this context. Most
authors routinely report 60–90% colour removal and reports of [ 90%
can be found (Archibald, Paice & Jurasek, 1990a). Typically, decoloriz-
ations are complete in 3 to 6 days but occasionally shorter or longer
periods are required.

Nutritional factors

As with lignin, the chromophores in pulping effluents cannot be degraded
without the provision of a carbonaceous co-substrate. Levels of such
co-substrates are usually low in pulping effluents and so they need to be
added, the amount added varying with the organism and the effluent (e.g.
Archibald et al., 1990a; Bajpai et al., 1993; Belsare and Prasad, 1988;
Srinivasan and Murthy, 1999). Glucose or sucrose are the most usual
co-substrates added, (often at 1–10 g l~1) but other sugars, polysacchar-
ides, glycerol and ethanol have been reported to promote decolorization
(Archibald et al., 1990a). The requirement for nitrogen varies between
organisms and also depends on the concentration of usable fixed nitrogen
in the effluent. Sometimes addition of nitrogen represses decolorization,
particularly with P. chrysosporium in which the ligninolytic system is
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induced in nitrogen-deficient conditions (see above). Nevertheless, the
situation can be more complicated, Eaton et al. (1980) showed that high
nitrogen concentrations repressed decolorization by P. chrysosporium
when glucose was the co-substrate but promoted it when cellulose was
co-substrate. For C. versicolor, however, nitrogen-sufficient conditions do
not repress decolorization of pulping effluents (e.g. Archibald et al., 1990a;
Bajpai et al., 1993; Srinivasan & Murthy, 1999).

Mechanisms of decolorization

The ability to dechlorinate the chloroorganic components in pulping
effluents has been demonstrated by several authors (Fukui et al., 1992;
Pallerla & Chambers, 1996). Pellinen et al. (1988a) have correlated de-
chlorination and decolorization by P. chrysosporium and suggested that
these two processes are metabolically linked. Several authors have inves-
tigated changes in the molecular mass distribution of lignin fractions
during treatment by white rot fungi or their enzymes (Pellinen et al., 1988a;
Galeno & Agosin, 1990; Ferrer et al., 1991; Lackner, Sebrotnik & Messner,
1991; Bergbauer & Eggert, 1992; Fukui et al., 1992; Durán et al., 1994;
Dezotti et al., 1995). Some distributions showed a marked decrease in all
fractions while in others depolymerization was shown by a decrease in
high-molecular-mass fractions together with an increase in low-molecular-
mass fractions (Galeno & Agosin, 1990). Evidence has also been provided
for polymerization (decrease in low- and increase in high-molecular-mass
fractions) (Bergbauer, Eggert & Kraipelin, 1990). This can be transitory,
since on prolonged treatment the newly formed high-molecular-mass frac-
tions may be degraded (Pellinen et al., 1988a). The distribution and
average molecular-mass of the lignin-related fractions can change con-
siderably during the course of a decolorization (Wang, Ferguson & Mc-
Carthy, 1992). Bergbauer et al. (1990) showed that the occurrence of
polymerization or depolymerization depends on the particular strain of
fungus used. For example, one strain of Schizophyllum commune caused
polymerization of lignosulfonates, another strain caused a distinct de-
polymerization and a third had no effect on the molecular mass distribu-
tion. The ability of white rots to alter the distribution of lignin fragments
depends on the material being treated; for example a strain of C. versicolor
caused polymerization of lignosulfonates but depolymerization of chloro-
lignins (Bergbauer et al., 1990). Changes in molecular mass distribution
can also be brought about by isolated enzymes (Ferrer et al., 1991; Lackner
et al., 1991; Dezotti et al., 1995) and chemical oxidants such as Mn3̀

(Lackner et al., 1991). However, there does not yet appear to be any certain
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correlation between specific changes in molecular mass distribution and
the presence and activity of particular enzymes. Interestingly, Presnell et
al. (1992) showed that the presence of pulping effluents in growth medium
changed the profile of extracellular proteins produced by P. chrysos-
porium, changes being dependent on the fraction of effluent used. In T.
versicolor the presence of pulping liquor in the growth medium could cause
a dose-dependent increase in laccase activity (Manzanares, Fajardo &
Martı́n, 1995).

Pérez et al. (1997) suggested that both Lip and MnP have a role in
decolorization of pulping effluents by P. flavido-alba, with LiP seeming to
be more important. Michel et al. (1991) used mutants of P. chrysosporium
deficient in both peroxidases or in LiP alone and also investigated the
effects of culture conditions on peroxidase and decolorizing activities.
They concluded that MnP is the more important of the two enzymes. This
is supported by Jaspers, Jimenez & Penninckx (1994), who correlated
decolorization by P. chrysosporium with the presence of MnP but could
not detect LiP in decolorizing cultures. Furthermore, they showed that
while purified MnP was capable of decolorizing Kraft effluent, LiP was
not. It was suggested that the decolorizing activity of whole cultures
depended on the production of enzymes other than MnP by the fungus.
Lackner et al. (1991) also showed that purified P. chrysosporium MnP
could decolorize and depolymerize chlorolignins from Kraft effluent.
They also found that cell-free peroxidases could not be found in culture
fluids of old cultures of P. chrysosporium (which could still decolorize).
However, it was possible to measure cell-associated MnP (though not LiP)
activity. Manzanares et al. (1995) reported decolorization of pulping efflu-
ents by T. versicolor in the absence of detectable LiP activity and con-
cluded that MnP activity was most important in decolorization. Archibald
(1992) studied the role of peroxidases in bleaching of Kraft pulp by
T. versicolor (a process analogous to treatment of Kraft effluent) and
demonstrated that LiP was not important. In a related paper, Addleman et
al. (1995) showed that T. versicolor mutants lacking MnP activity could
not bleach wood pulp and also that one of these MnP-deficient mutants
was unable to decolorize Kraft effluents. These results together suggest
that for T. versicolor MnP is of prime importance and LiP is unimportant.
The finding by Archibald et al. (1990b) that decolorization by cultures of
T. versicolor required oxygen but was not stimulated by added H

2
O

2
or

inhibited by the presence of catalase (or scavengers of ‘active oxygen’
species) is somewhat confusing, since the importance of peroxidases (no-
tably MnP) seems certain.
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Lankinen et al. (1991) suggested that an initial increase in colour (prior
to decolorization) of Kraft effluents treated by Phlebia radiata and
Merulius tremellosus could be associated with the high laccase activity of
these organisms. However, they were unable to confirm which enzymes
were important in decolorization. It should be noted that T. versicolor
produces high levels of laccase but does not normally produce an increase
in the colour of effluents. Bergbauer et al. (1990) reported that the strain of
S. commune that caused depolymerization produced laccase whereas the
strain that caused polymerization did not show detectable laccase activity.
Furthermore, while their strain of C. versicolor produced laccase it could
polymerize some lignin derivatives and depolymerize others. Davis &
Burns (1990) showed that purified laccase from C. versicolor decreased the
colour of pulping effluent but that this was associated with the polymeriz-
ation of phenols and precipitation. While some authors refer to polymeriz-
ation of lignin-related compounds (Pellinen et al., 1988a; Bergbauer et al.,
1990), precipitation as a mechanism for decolorization does not appear to
be the norm. Moreover, subsequent depolymerization is also reported.
Most strains of P. chrysosporium do not produce detectable laccase activ-
ity whereas most strains of C. versicolor display high laccase activity, and
yet both are similarly effective in decolorizing pulping effluents. The exact
role of laccase in decolorization of bleaching effluents is, therefore, still
uncertain.

Most studies on decolorization of pulping effluents use mycelia rather
than isolated enzymes. Some peroxidases have been shown to cause de-
colorization but usually to a fairly limited degree. It is probable that
decolorization is achieved by the concerted activity of a range of enzymes.
In studies assessing the activity of enzymes in decolorization it is generally
the practice only to measure cell-free enzyme activity. There have been few
attempts to measure cell-associated activities, despite the fact that it is well
known that the activity of ligninolytic enzymes can be cell associated
(Evans et al., 1991, 1994). Mycelium-associated enzymes are probably very
important in decolorization, but their relative importance compared with
cell-free enzymes has not been established. In decolorization of pulping
effluents by white rot mycelia, the total activity may include synergistic and
concerted sequential action of enzymes.

Treatment processes

Decolorization studies with pulping effluents have employed batch,
semicontinuous (fed batch) and continuous culture. Given that pulping
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effluents can be toxic, continuous treatment approaches are particularly
attractive since materials that are inhibitory but degradable may, in con-
tinuous culture, never reach inhibitory levels. Both P. chrysosporium and
T. versicolor have been shown to work effectively as immobilized pellets in,
for example, calcium alginate (Livernoche et al., 1981; Royer et al., 1983;
Pallerla & Chambers, 1997) and polyurethane foam (Cammarota &
Sant’Anna, 1992; Pallerla & Chambers, 1996). Immobilization on discs in
a RBC (Pellinen et al., 1988a,b; Yin et al., 1990) and in a semipermeable
hollow fibre membrane bioreactor (Chambers & Cheng, 1991) has also
been reported. Decolorization by P. chrysosporium immobilized by growth
on pieces of rope has also proved successful (Marwaha et al., 1998). Use
has also been made of naturally grown, mycelial pellets (Bajpai et al.,
1993).

Reactor configurations vary considerably but include packed beds
(Cammarota & Sant’Anna, 1992; Bajpai et al., 1993), fluidized beds
(Royer et al., 1991; Pallerla & Chambers 1996, 1997), trickling filters
(Messner et al., 1990) and RBCs (Pellinen et al., 1988a,b; Yin et al., 1990).
Many of the reactors used are designed to retain a high biomass in the
reactor, none appears to be based on the chemostat principle. Retention of
active biomass is used in most major biological effluent treatment pro-
cesses and ensures a much higher active biomass than would be possible in
a chemostat, thus giving more rapid and complete degradation. For white
rot fungi, it should also mean that there is a slow growth rate and,
consequently, conditions will be nearer to those pertaining in secondary
metabolism. Table 10.10 summarizes some of the reports on continuous
treatment of pulping effluents. The effectiveness of the continuous reactors
reported varies depending, in particular, on the concentration of the
effluent and the hydraulic retention time; best results are generally found
with long retention times. Some particularly strong effluents can be inhibi-
tory (Royer et al., 1985) but very dilute effluents are also only poorly
treated (Royer et al., 1991). In interpreting decolorization data, it must be
remembered that a low percentage decolorization of a concentrated efflu-
ent may represent more absolute colour removal than a very high percen-
tage decolorization of a dilute effluent. Therefore, estimates of total
amounts of colour removed or the rate of colour removal per unit weight
of mycelium are useful indicators. In the final analysis, effluents with very
little colour are required, and, however much colour has been removed, we
still have to consider what is left if a process is to be of practical value.
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Conclusions

White rot fungi as a group have the capacity to decolorize a wide range of
dyes and coloured effluents with different chromophores, with some indi-
vidual species and strains displaying a very broad spectrum of decoloriz-
ation activity. Although much studied, P. chrysosporium is not the only
useful white rot fungus, and other species may have similar or superior
abilities and may be less prone to inhibition. On balance, strains of
T. versicolor are probably more likely to be useful in decolorization pro-
cesses. Note also that certain species or strains can be particularly well
suited to specific problems but may be ineffective or unsuitable for others.
Similarly, no one particular set of conditions is optimal for all decoloriz-
ation processes and conditions may need to be tailored to the organism
and to the effluent or chromophore being treated. Carbon co-substrate
addition, high nitrogen media and agitation of cultures may be useful in
some instances. In most cases, the end products of decolorization of dyes
are unknown. If decolorization by white rots is to be of practical use, more
information is required as to the fate of decolorized materials. There is also
a lack of detailed information on the mechanisms of degradation of dyes
by fungi and by purified enzymes.

White rot fungi may be repeatedly reused in continuous or fed-batch
processes over a prolonged period (up to 3 months, possibly more) and
through many cycles of operation. They are able to grow and effect
decolorization in a wide range of different reactor types as both freely
suspended and immobilized mycelia. However, there are few comparative
data to indicate which reactor type is most effective. While there have been
several descriptions of kinetic aspects of decolorization by isolated en-
zymes (Heinfling et al., 1998; Ollikka et al., 1998), there are few kinetic
analyses of decolorization processes involving whole fungal mycelia. If
progress is to be made with the industrialisation of these processes, then
more detailed kinetic analysis and mathematical modelling is required,
together with detailed and careful costings for comparison with alternative
processes for treatment of coloured effluents. The ability of white rots to
treat effluents from wood pulping, cotton bleaching, olive milling and
fermentation industries is now well established. White rot fungi also have
the potential to treat other industrial effluents, but more research is clearly
needed in this area.
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11
The roles of fungi in agricultural waste
conversion
RONI COHEN AND YITZHAK HADAR

Introduction

In recent years, recognition of the importance of biological materials as
renewable resources for the production of energy and feed, and as import-
ant sources of chemical feedstock for the production of different chemi-
cals, has revived interest in the ancient technology of fungal solid-state
fermentation (SSF). In the Orient, commercial SSF is still widely practised
for miso, saké, soy sauce and tempe production. Agro-industrial by-
products such as lignocellulosic wastes, corn cobs, sugar cane bagasse and
coffee pulp, which frequently create serious environmental problems,
could potentially be used as low-cost carbohydrate sources for fungal
fermentations; these, in turn, would produce biochemical compounds
suitable for the food, chemical and pharmaceutical industries.

Fungi are structurally unique organisms that abound in various ecosys-
tems. They are capable of colonizing a wide range of living and dead
tissues, including plants, wood and paper products, agricultural plant
residues, and live or dead animal tissues. In composting, fungi colonize a
mixture of heterogeneous substrates such as municipal solid waste and
cattle manure with straw. Many fungi can grow on solid substrates and
secrete extracellular enzymes that break down various polymers to mole-
cules that are then reabsorbed by the fungal colony. Consequently any
discussion of fungal biodegradation must cover an extraordinary amount
of catalytic capability. Exoenzymes derived from filamentous fungi have
diverse roles in nature, being involved in the degradation of many types of
agricultural matter. Enzymic activities such as oxidation and hydrolysis
are involved in the bioconversion of these wastes. The SSF process of
filamentous fungi on agricultural wastes can be divided into five main
types.

1. Degradation of cellulose and starch for the production of
protein-rich animal feed

2. Degradation of lignin in lignocellulose to give cellulase access to
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the cellulose for ruminant feed, production of saccharides,
feedstock for ethanol and chemicals production

3. Degradation of organic matter for the production of pure
enzymes

4. Production of specific biochemicals, such as organic acids and
saccharides

5. Conversion of mixed organic waste into a stable organic product
through composting.

In this chapter, we discuss the following aspects of fungal bioconversion of
agricultural wastes and agro-industrial by-products: fungal growth on
solid substrates, the range and nature of available substrates, the mechan-
ism of activity of the extracellular enzymes that are key for utilizing
polymeric substrate, and the role of fungi in composting.

Fungal growth on agricultural by-products during solid-state
fermentation

Fermentation is the result of substrate modification by microbial activity;
it is used to obtain marketable products ranging from foods, beverages and
animal feeds to enzymes and antibiotics (Nout, Rinzema & Smits, 1997).
Microbial growth in SSF is different from that in submerged cultures
because of the different surface phenomena, moisture content, physical
structure and chemical composition of the substrate, and the different
nutritional environment (Datta, Bettermann & Kirk, 1991). SSF condi-
tions resemble the natural growth habitat for filamentous fungi. It is a
process in which the microorganisms grow on a moist, solid substrate in
the absence of free water and by which cheap raw materials and residues
from the agricultural food industries can be utilized as fermentation prod-
ucts (Pandey, 1992). The necessary moisture in SSF exists in absorbed or
complexed forms within the solid matrix; the advantage of this lies in the
potential efficiency of the oxygen-transfer process.

Filamentous fungi, grown under SSF conditions, are able to grow and
excrete large quantities of a wide variety of enzymes. Compared with
submerged culture, fungal growth under SSF conditions is advantageous
in that it requires less humidity and oxygen transfer is much more efficient.
Product concentrations after extraction are usually larger than those ob-
tained by submerged fermentation and the quantity of liquid waste gener-
ated is lower. Moreover, these processes are of special economic interest
for countries with an abundance of biomass and agro-industrial residues
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as these can be used as inexpensive raw materials. Compared with liquid
fermentation, the major positive aspects of SSF are (i) better product
quality, (ii) higher product yield and concentration, (iii) cheaper process-
ing of many feeds that are solid in nature, and (iv) potential for less
wastewater and off-gas production (Nout et al., 1997). Taking into con-
sideration the simplicity of the cultivation equipment and the lower oper-
ating costs, wider application of this traditional method is expected with
advances in biochemical engineering. SSF can be used advantageously for
many biotechnological applications, such as enzyme production (amylase,
pectinase, cellulase), mushroom production, bioprocessing crop residues,
fibre processing, biopulping, composting, bioremediation and waste re-
cycling. Certain secondary metabolites are particularly produced under
SSF conditions, including antibiotics, alkaloids, carotenoids, mycotoxins,
quinolines, enzymes and even complex plant growth factors. Table 11.1
gives some examples of the fungi, substrates and products of SSF of
agricultural by-products.

Extracellular enzymes secreted during fungal solid-state
fermentation and biodegradation

Fungi grown under SSF conditions may be more capable of producing
certain enzymes that are not produced or are produced only at low yields in
submerged culture. Conversion of the growth substrate into fungal bio-
mass is determined by the capacity of the fungus to synthesize the
hydrolytic or oxidative enzymes required to convert the polymeric compo-
nents of the growth substrate into low-molecular-weight nutrients. Fungal
conversion of agricultural wastes involves the secretion of different exoen-
zymes such as cellulases, xylanases, amylases, glucoamylases, lipases, pec-
tinases, proteases and ligninases. The principles and benefits of the various
enzymes used by fungi to facilitate agro-industrial fermentations are sum-
marized below.

Amylase

Amylase hydrolyses starch to glucose. Glucoamylase releases glucose resi-
dues from the non-reducing end of starch by hydrolysing a-1,4-linkages.
The enzyme can also act as a debranching enzyme in the enzymic sacchar-
ification of amylopectin. Alpha-amylase hydrolyses penultimate a-1,4-
glycosidic linkages at the non-reducing end of starch to release maltose.
Filamentous fungi, such as Aspergillus oryzae and A. niger, secrete
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considerable quantities of enzymes that are used extensively in the fermen-
tation industry. A. oryzae has been accepted as a host for heterologous
protein expression and enzyme production, and as a commercial source of
a-amylase and glucoamylase (Barbesgaard, Heldt Hansen & Diderichsen,
1984), enzymes that are used for the production of high-glucose syrups
(Lowe, 1992). Aspergillus foetidus was selected from nine starch-utilizing
microorganisms for its high amylolytic activity (Michelena & Castillo,
1984). This fungus produced a high level of extracellular a-amylase in
rice-starch medium and degraded the available starch efficiently. This
a-amylase may be used as a saccharifying enzyme for rice starch. A. foetidus
also has potential for the treatment of starch-containing wastewaters
(Michelena & Castillo, 1984). Jin et al. (1998) described the production of
microbial biomass protein and fungal a-amylase from starch-processing
wastewater by a selected strain of A. oryzae. The starch-processing waste-
water was treated by removing 95% of the chemical oxidation demand
(COD), 93% of the biological oxidation demand (BOD) and 98% of the
suspended solids, rendering it suitable for farm irrigation (Jin et al., 1998).

Cellulases

Cellulases are a complex mixture of enzyme proteins with different speci-
ficities for hydrolysing glycosidic bonds. All cellulases consist of three
major regions: a catalytic core; a heavily glycosylated ‘hinge’ region, rich in
proline, threonine and serine residues; and a cellulose-binding domain.
Saccharification of agro-industrial materials using fungal cellulases is a
complex process. The three major cellulase enzyme activities are endocel-
lulase, exocellulase and glucosidase. The primary attack on cellulose is by
endoglucanases acting on the amorphous, less-structured regions of cellu-
lose, followed by exo-cleavage by cellobiohydrolase and complete hydroly-
sis to cellobiose by glucosidases. Cellulolytic fungi occur in all major
fungal taxa. To date, biochemical and molecular studies have focused on
those fungal species capable of effective synthesis and secretion of lignocel-
lulose-degrading enzymes, or those possessing cellulases that are func-
tional under the desired conditions and have a high cellulolytic rate
(Nevalainen & Penttilä, 1995). Sclerotium rolfsii, Phanerochaete chrysos-
porium, and Trichoderma, Aspergillus, Schizophyllum and Penicillium spp.
are true cellulolytic fungi. These organisms use cellulose as a primary
carbon source and are of industrial interest for their potential to convert
waste consisting of woody cellulosic materials to biofuels. The most de-
tailed enzymological and genetic studies have been performed with soft-rot
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fungi such as the Trichoderma spp., paticularly T. reesei and T. viride.
Schimenti et al. (1983) addressed the preparation of hypercellulolytic
mutants (e.g. the selection of T. reesei RUT-C30), based on resistance to
nystatin.

Various agricultural substrates, such as wheat and rice straw and wheat
bran, have been used successfully in SSF for cellulase production. The
genus Aspergillus is a good producer of cellulases (Oxenboll, 1994). Cellu-
lases and hemicellulases have been utilized for the de-inking of different
types of newsprint and office waste paper. Cellulases have also been
utilized for the saccharification of various lignocellulosic wastes, such as
tomato pomace (Avelino et al., 1997). Cellulases have recently found
major application in the fabric/laundry industries. When used in laundry
detergents, cellulase acts to remove fine roughened fibrils from the main
body of the cotton fabrics, thereby polishing the fibres and releasing
associated trapped dirt particles.

Xylanases

Xylan acts as a hardening component in cellulosic structure. Since the
structure of xylans is variable, involving linear b-1,4-linked chains of
xylose and also branched heteropolysaccharides, a more complex assem-
bly of enzymes is required than for cellulose hydrolysis (Eriksson,
Blanchette & Ander, 1990). Complete degradation of xylan requires the
concerted action of several different hydrolytic enzymes: endo-1,4-b-
xylanase, b-xylosidase, b-glucuronidase and acetylesterase. Endoxy-
lanases launch an endwise attack on the xylan backbone to produce both
substituted and non-substituted shorter oligomers, xylobiose and xylose.
The potential applications of xylanases, with or without cellulases, include
the bioconversion of lignocelluloses to sugar, ethanol and other useful
substances; the clarification of juices and wines; the extraction of plant oils,
coffee and starch; and the improvement of the nutritional value of silage
and green feed. Xylanases are already used in pulp mills to facilitate
subsequent chemical bleaching. In recent years, interest has grown in
xylanases free of cellulases to remove xylan from lignocellulose selectively
without affecting the length of the cellulose fibre. An advantage of this
enzyme treatment process is that it minimizes the use of chlorine, thus
reducing the concentrations of toxic chloroorganic wastes produced dur-
ing chemical bleaching (Hoq & Ernst, 1996). By 1995, 10% of Canada’s
bleached kraft pulp was treated with xylanase (Tolan, Olson & Dines,
1995). SSF processes for xylanase production include the use of
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agricultural wastes. Aspergillus tamarii has been described as a good
producer of xylanase under SSF conditions on sugar cane bagasse, wheat
bran and corn cob (Ferreira, Boer & Peralta, 1999).

Pectinases

Pectinases are a group of enzymes that degrade pectic substances, the
structural polysaccharides present in vegetable cells and responsible for
maintaining the integrity of plant tissues. Pectic substances are character-
ized by long chains of galacturonic acid residues. Pectic enzymes act by
breaking glycosidic bonds of the long carbon chains (polygalacturonase,
pectin lyase and pectate lyase) and by splitting off methoxyl groups (pectin
esterase). The synergetic action of pectic enzymes is used industrially for
the extraction, clarification and concentration of fruit juices, for the clarifi-
cation of wines, for the extraction of oils, flavours and pigments from plant
materials and for the preparation of cellulose fibres for linen manufacture.

Acuna et al. (1995) described the production and properties of three
pectinolytic activities produced by A. niger CH4 in submerged culture and
SSF. The highest productivity of endo- and exopectinase and pectin lyase
was obtained with SSF. Maldonado & Strasser de Saad (1998) studied the
production of pectinesterase and polygalacturonase by A. niger in sub-
merged culture and SSF systems. With pectin as a sole carbon source,
pectinesterase and polygalacturonase production were four and six times
higher, respectively, in a SSF system than in a submerged fermentation
system and required a shorter time for enzyme production. Differences in
the regulation of enzyme synthesis by A. niger depended on the fermenta-
tion system, favouring SSF over submerged fermentation for pectinase
production. Castilho, Medronho & Alves (2000) described the optimiz-
ation of A. niger SSF on soy and wheat bran for the production of
pectinases. The results show that optimizing the extraction conditions is a
simple way of obtaining the desired enzyme in a more concentrated form.

Lignin-degrading enzymes

Lignin biodegradation by white rot fungi has obvious ecological signifi-
cance as well as promising biotechnological applications in industrial
processes, such as the bleaching of paper pulp and the remediation of
xenobiotics in effluents. The biotechnological approach of using lig-
ninolytic enzymes as a pulping reagent results in easier pulping, with less
consumption of chemicals and energy. Lignin biodegradation is an
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oxidative process, involving enzymes such as lignin peroxidases (LiPs),
manganese peroxidases (MnPs) and laccases (Kirk & Farrell, 1987; Eriks-
son, et al., 1990; Gold & Alic, 1993; Hatakka, 1994). In the 1970s, the main
focus was to define laboratory conditions under which white rot fungi,
particularly P. chrysosporium, would maximally break down lignin. In the
1980s, the biochemistry of lignin-modifying enzymes was predominantly
studied because of the discovery of ligninolytic peroxidases. In 1983 and
1984, two extracellular enzymes, LiP and MnP, were discovered in
P. chrysosporium (Glenn et al., 1983; Tien & Kirk, 1983; Kuwahara et al.,
1984). These enzymes were shown to be major components of the lignin
degradation system in this organism. The discovery of the enzymes in-
volved in lignin degradation by P. chrysosporium led to their biochemical,
biophysical and physiological characterization. This work has served as an
indispensable background for studies on lignin degradation by other fungi.
Knowledge concerning the molecular genetics of white rot fungi, particu-
larly P. chrysosporium, has advanced considerably during the 1990s.
Standard procedures have been established for auxotroph production,
recombination analysis, rapid DNA and RNA purification and genetic
transformation by auxotroph complementation and by drug-resistant
markers (see Cullen, 1997). In addition to detailed studies on the molecular
biology of lignin-modifying peroxidases, major lines of research have
involved applying enzymes to the bioconversion of agro-industrial wastes,
biopulping and pulp bleaching, and searching for the enzymes responsible
for lignin degradation in more preferential lignin degraders: fungi that
degrade larger amounts of lignin relative to carbohydrates. This has led to
a reassessment of the biotechnological potential of white rot fungi other
than P. chrysosporium, such as Ceriporiopsis subvermispora and Pleurotus
spp., and an investigation into their ligninolytic enzyme systems (Hatakka,
1994). Many white rot fungi, with the notable exception of P. chrysos-
porium, produce an extracellular laccase (Kirk & Farrell, 1987; Eriksson et
al., 1990; Higuchi, 1990; Kerem, Friesem & Hadar, 1992) and extracellular
H

2
O

2
-producing enzymes, such as aryl alcohol oxidase (Gutierrez et al.,

1994) and glyoxal oxidase (Kersten & Kirk, 1987). An array of ligninolytic
enzymes have been isolated and are currently under extensive study. White
rot fungi may be divided on the basis of the typical production patterns of
the more common extracellular enzymes into two main groups, those that
produce LiP, MnP and laccase and those without LiP (Hatakka, 1994).
LiP and MnP have been largely characterized in P. chrysosporium, and
laccase production has been described in this fungus using a medium
containing cellulose as the carbon source (Srinivasan et al., 1995). Most
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white rot fungi, among them Pleurotus ostreatus and Pleurotus eryngii, are
included in the second group. Despite their lack of LiP, these species are
able to degrade lignin preferentially in wheat straw (Martinez et al., 1994)
and cotton stalks (Kerem et al., 1992). These fungi also produce aryl
alcohol oxidase (Martinez et al., 1994), an enzyme participating in H

2
O

2
production and necessary for MnP action. A third type of ligninolytic
peroxidase has been described in several species of Pleurotus and Bjerkand-
era, characterized by sharing catalytic properties of MnP and LiP
(Moreira et al., 1997; Mester & Field, 1998; Ruiz Dueñas, Martinez &
Martinez, 1999).

Manganese peroxidase

MnP catalyses the H
2
O

2
-dependent oxidation of lignin and its derivatives

(Pérez & Jeffries, 1992). The oxidation of lignin and other phenols by MnP
is dependent on the free manganese ion (Leisola et al., 1987; Paszczynski,
Huynh & Crawford, 1986). The primary reducing substrate in the MnP
catalytic cycle is Mn2̀ , which efficiently reduces the enzyme to generate
Mn3̀ ; the latter subsequently oxidizes the organic substrate. In many
fungi, MnP is thought to play a crucial role in the primary attack on lignin
because it generates Mn3̀ , a strong oxidant. Organic acids such as oxalate
and malonate, which are secreted by white rot fungi, stimulate the MnP
reaction by stabilizing Mn3̀ so that it can diffuse from the surface of the
enzyme and oxidize the insoluble terminal substrate lignin. The manganese
ion participates in the reaction as a diffusible redox coupler rather than as
an enzyme activator (Wariishi et al., 1989; Cui & Dolphin, 1990). Al-
though MnP does not oxidize non-phenolic lignin structures during nor-
mal turnover with H

2
O

2
and Mn2̀ , these structures are slowly co-oxidized

when MnP peroxidizes unsaturated fatty acids, and lipid peroxidation has
been suggested to play a role in fungal ligninolysis (Jensen et al., 1996).
Recent studies have revealed that P. eryngii secretes five peroxidases (two
in peptone-containing liquid media and three during lignin degradation
under SSF conditions) that efficiently oxidize Mn2̀ to Mn3̀ but are
different from P. chrysosporium MnP because of their manganese-indepen-
dent activity on aromatic substrates (Martinez et al., 1996).

Laccase

Laccase is a multicopper blue oxidase that catalyses the one-electron
oxidation of diphenols and aromatic amines by removing an electron and a
proton from a hydroxyl group to form a free radical. It can catalyse the
alkyl–phenyl and Ca-Cb cleavage of phenolic lignin dimers (Higuchi, 1990;
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Eriksson et al., 1990). The oxidation activity is accompanied by reduction
of molecular oxygen to water. An artificial laccase substrate, ABTS (2,2@-
azino-bis(3-ethylbenzthiazoline 6-sulfonate)) has been shown to act as a
mediator enabling the oxidation of non-phenolic lignin model compounds
that are not laccase substrates on their own (Bourbonnais & Paice, 1990).

The most studied laccases appear to be from Agaricus bisporus, Podo-
spora anserina, Rhizoctonia practicola, Coriolus (Trametes) versicolor,
Coriolis hirsutus, P. ostreatus and Neurospora crassa (Leonowicz,
Trojanowski & Orlicz, 1978; Leonowicz, Szklarz & Wojtas-Wasilewska,
1985; Yaropolov et al., 1994; Thurston, 1994). The combined use of
laccase with a low-molecular-weight mediator for bleaching kraft pulp has
gained attention since the initial discovery that non-phenolic lignin com-
pounds can be oxidized, and pulp delignified by laccase in the presence of
ABTS (Bourbonnais & Paice, 1990). Since then, a growing number of
nitrogen-containing compounds, including 1-hydroxybenzotriazole and
violuric acid have also been shown to assist laccase in pulp delignification
(Bourbonnais et al., 1997).

Lignin peroxidase

LiP catalyses the H
2
O

2
-dependent oxidation of a wide variety of non-

phenolic lignin model compounds, synthetic lignins and aromatic pollu-
tants (Buswell & Odier, 1987; Higuchi, 1990; Hammel & Moen, 1991). LiP
from P. chrysosporium has been purified and its mode of action studied in
several laboratories (Kirk & Farrell, 1987). The one-electron oxidation of
aromatic nuclei generates cation radicals that lead in subsequent sponta-
neous reactions to extensive degradation of lignin model compounds
(Buswell & Odier, 1987).

LiP isozymes of P. chrysosporium are encoded by families of structurally
similar genes that exhibit complex patterns of regulation, all of which
cross-hybridize to various extents (Stewart et al., 1992; Brooks, Sims &
Broda, 1993; Gaskell et al., 1994). The lip genes of P. chrysosporium are
differentially expressed, based on the conditions encountered during
growth. Despite much detailed work on the reaction mechanism of LiPs,
there is little evidence that they can actually cleave polymeric lignin.
Experiments with low-molecular-weight lignin model compounds provide
strong support for a ligninolytic role but cannot prove it. Investigations
with lignin itself as a LiP substrate have, except for some preliminary data,
failed to show ligninolysis; however, the oxidation of [14C]- and [13C]-
labelled lignins by a purified isozyme of P. chrysosporium has been de-
scribed (Hammel et al., 1993). It has been suggested that LiP catalyses the
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initial steps of ligninolysis by P. chrysosporium in vivo, but that LiP alone is
not sufficient for lignin degradation (Pérez & Jeffries, 1992; Hammel et al.,
1993).

Agro-industrial wastes used as fermentation substrates

The processing of agro-industrial raw materials produces large amounts of
waste, the accumulation of which leads to severe environmental pollution.
A large variety of substrates, such as corn cobs, sugar cane bagasse, coffee
pulp, pomace and rice hulls, can be used for fungal fermentation, with the
aim of producing foods, enzymes, mushrooms and compost. The number
of potential wastes and processes varies between regions of the world and
crops. Here we discuss several examples of agro-industrial by-products
that are currently, or could potentially be, used as fungal fermentation
substrates.

Lignocellulosic wastes

Lignocelluloses are defined as plant or wood cell walls, where cellulose is
intimately associated with lignin. In addition to these compounds, lig-
nocellulose contains other polysaccharides commonly called hemicel-
luloses. The three major polymeric components are the polysaccharides
cellulose and hemicellulose, and the aromatic polymer of lignin (Eriksson
et al., 1990). Cellulose is a linear polymer of glucose linked through
b-1,4-linkages and is usually arranged into microcrystalline fibres.
Hemicellulose is a matrix polysaccharide of the plant cell wall. It includes
all of the plant cell polysaccharides except for pectin and cellulose.
Hemicelluloses are usually heteroglycans containing two to four, and
occasionally more, different monosaccharides, including -glucose, -
galactose, -mannose, and -xylose. Lignin is an amorphous aromatic
polymer found in the cell walls and middle lamellae of vascular plants and
surrounding cellulose microfibrils. It gives cell walls their rigidity and
protects plants against pathogen attack and mechanical stresses (Eriksson
et al., 1990).

Lignocellulosic waste comprises mainly crop residues and wood and
forestry wastes. The direct use of lignocellulosic residues as ruminant
animal feed, or as a component of such feeds, represents one of its oldest
and most widespread applications and, as such, it plays an important role
in the ruminant diet (Hadar et al., 1992). However, only a small proportion
of the cellulose, hemicellulose and lignin produced as agricultural or
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forestry by-products is utilized, while most of it is considered waste ma-
terial. White rot fungi can degrade all of the major components of wood
and are generally considered to be the main agents of lignin degradation in
nature (Buswell & Odier, 1987). The best-studied organism of this group is
P. chrysosporium (Kirk & Farrell, 1987; Schoemaker & Leisola, 1990).
Most knowledge of the physiological, biochemical and genetic factors
associated with lignin biodegradation, as well as of the practical uses of the
processes, mainly in the pulp and paper industry, has been obtained from
this model organism.

Another group of interesting white rot fungi that can utilize lignocel-
lulose is the edible mushrooms. These saprophytic basidiomycetes have
been successfully cultivated at a commercial level worldwide (Wood &
Smith, 1987). The button mushroom, A. bisporus, is the most popular
edible mushroom in Europe, the USA, Asia and Australia (Zadrazil &
Kamra, 1997). Pleurotus spp. are wood-degrading saprophytic fungi that
are widely distributed and cultivated in many countries throughout the
world. The cultivation of edible fungi on animal manure and plant by-
products has many remarkable ecological advantages in food production.
Horse and chicken manure, cereal straw, bagasse, sawdust, sulfite liquor
and other residues from the paper industry can be directly converted into
fungal substrate. The spent mushroom substrate can be used either as
animal feed or as compost. The substrate is usually partially shredded,
mixed with water and placed in containers. However, unlike A. bisporus,
no composting or casing layer is required for Pleurotus spp.; since these
can decompose lignocellulose efficiently without chemical or biological
pretreatment, a large variety of lignocellulosic wastes can be utilized and
recycled.

Cassia spp. are tropical shrubs with medicinal (e.g. laxative) properties.
The residue of extracted cassia plants was tested for cultivation of Pleur-
otus by Muller (1987). The utilization of Pleurotus in the recycling of
medicinal plants could be of additional importance when toxic compo-
nents are present. The reduction of such components by the fungus would
simplify the problem of waste disposal (Muller, 1987). Cotton generates a
large amount of agricultural waste. Its worldwide importance is illustrated
by the 10 million tons of cotton stalks reported for India yearly (Balashub-
ramanya et al., 1989). Those remaining in the field, 5 tons ha~1, are
ploughed under the soil surface. In addition to wasting a potential agricul-
tural resource, this treatment could lead to an increase in cotton diseases
and pests, as well as to difficulties in cultivation because of slow decompo-
sition in the soil. The major obstacle to using cotton stalks as a mushroom
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substrate is that they are difficult to preserve. This is mainly because of
their high water content and high level of soluble carbohydrates
(Silanikove & Levanon, 1986). The substrate is rapidly overgrown by
unwanted fungi, resulting in spoilage and aerobic degradation. The
anaerobic preservation of cotton stalks and the production of silage were
studied by Silanikove & Levanon (1986), Levanon, Danai & Masaphy
(1988) and Danai, Levanon & Silanikov (1989). After 1 month of storage,
the pH of the preserved cotton stalks stabilized at 5.5 and the material was
successfully utilized for commercial Pleurotus cultivation, up to 9 months
after harvest (Levanon et al., 1988; Danai et al., 1989).

The lignocellulose complex in straw and other plant residues is degraded
very slowly by ruminants because of the physical barrier imposed by lignin
polymers, preventing free access of hydrolytic enzymes such as cellulases
and hemicellulases to their substrates. Normally, the rates of decay of
plant debris are proportional to their lignin content. Biological delignifica-
tion of straw seems to be the most promising way of improving its
digestibility (Streeter et al., 1982; Kamra & Zadrazil, 1986; Zadrazil &
Reinger, 1988). Several authors have explored this possibility, using main-
ly wheat straw and Pleurotus spp. under different conditions and substrate
pretreatments (Zadrazil, 1980; Streeter et al., 1982; Kamra & Zadrazil,
1986; Kerem & Hadar, 1998).

Forest, pulp and paper industry by-products

The forestry, pulp and paper sectors are major contributors of air and
water pollutants. The amount of solid waste from the forestry industry is
significant. In British Columbia alone, 5 million dry tonnes of excess wood
waste are produced annually from lumber milling operations (Murray &
Richardson, 1993). Cellulosic wastes obtained from the forest product
industry could be bioconverted to ethanol fuel via saccharification–
fermentation processes (see Duff & Murray, 1996). For this purpose,
lower-quality woods are quite acceptable. Unlike acid hydrolysis, enzymic
hydrolysis is highly specific and can produce high yields of relatively pure
glucose syrups without generating glucose-degradation products. Enzymic
hydrolysis is the one step in the whole wood-to-ethanol process. The
nutritional and physiological requirements of cellulolytic fungi and the
regulatory mechanisms that control the synthesis of complete cellulase
complexes have been defined. Genetically improved strains of T. reesei are
being used for more rapid synthesis of larger amounts of cellulase complex
per unit substrate.
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Pulp production by means of mechanical and chemical processes and
bleaching treatments are energy-demanding processes and cause environ-
mental pollution. The need for sustainable technologies has brought bio-
technology into the realm of pulp and paper making. Suitable biological
pretreatment, defined biopulping and biobleaching, in conjunction with
less intensive conventional treatments, could help to solve many of the
problems associated with currently used processes. Biopulping is defined
as the treatment of wood chips with lignin-degrading fungi prior to pulp-
ing. White rot fungi alter the wood cell walls, which softens the chips and
substantially reduces the electrical energy needed for pulping. The treat-
ment also improves paper strength, reduces the pitch content and reduces
the environmental impact of pulping.

Corn cobs

Corn cob is the corn (maize) stalk residue after removal of the grains by the
food industry. This agricultural surplus is generally used as animal feed.
Corn cobs, a lignocellulosic residue, have been utilized as a growth sub-
strate in cultures to produce xylanolytic enzymes. A. tamarii has been
found to grow well and to produce high cellulase-free xylanase activity
(which is important for the pulp and paper industries) when grown on corn
cob powder as the principal substrate (Kadowaki et al., 1997). Ward &
Perry (1982) studied the enzymic conversion of corn cobs to glucose with
T. viride: the treated corn cobs were used successfully for animal feed.
Gomes et al. (1993) reported on the production of a high level of cellulase-
free xylanase by the thermophilic fungus Thermomyces lanuginosus grown
on corn cobs. This enzyme has been used successfully to enhance the
bleaching of kraft pulp.

In our laboratory, P. ostreatus was grown on corn cobs in order to
improve its quality as a dietary fibre for human consumption. Rats were
fed a semisynthetic fibre-free diet or a high-fibre diet (15%) derived from
corn cob treated or not treated with the fungus. The fungus-treated corn
cobs significantly prevented the development of colon cancer in rats: a high
positive correlation was found between tumour grade and p53 protein
(tumour suppressor) in the serum or in the cell cytoplasm. Incubation of
corn cob with the fungus P. ostreatus increased the dietary fibre content up
to 78%. Therefore colon cancer development was lower in animals on a
diet containing corn cob and such a fibre source may be considered of
potential use to the public (Zusman et al., 1997).
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Sugar cane bagasse

Bagasse is the residue left after sucrose has been extracted from sugar cane.
It has been identified as a renewable resource as a potential carbon
substrate for the production of commercial single-cell protein, xylitol and
other products. This waste has been used as raw material for hy-
droxymethylfurfural production, paper pulp, acoustic board, pressed
wood and agricultural mulch. Sugar cane bagasse contains 30–35%
hemicelluloses, which can be extracted with dilute acids, producing a
mixture of monosaccharides, mainly pentoses, with -xylose as the main
compound. The cost of the carbon source is one of the most important
determinants for the economic viability of the process. Sugar cane bagasse
is an inexpensive and abundant energy source that can be used in several
biotechnological processes to obtain products of high economic value.

Xylitol is a five-carbon sugar alcohol with beneficial characteristics,
such as a sweetening power comparable to sucrose and with anticancer
properties (Makinen & Isokangas, 1988). Furthermore, direct human
metabolism of xylitol is independent of insulin. Xylitol is, therefore, well
suited as a sucrose substitute for diabetics (Pfeifer et al., 1996). A biotech-
nological approach for xylitol production appears to be efficient, and a
high xylitol concentration can be obtained under controlled physiological
conditions. The combination of dilute-acid hydrolysis, which can be car-
ried out efficiently at relatively low cost, and a biotechnological hydro-
genation process presents significant advantages since it does not require
pure xylose solutions. Candida guilliermondii can convert xylose to xylitol
with high efficiency: the maximum theoretical yield of xylitol from -
xylose being 0.917 g g~1 (Barbosa et al., 1988). A low yield of xylitol could
be the result of toxic substances that interfere with metabolism. Silva et al.
(1997) studied the fermentation of sugar cane bagasse hemicellulosic hy-
drolysate treated with C. guilliermondii to remove the fermentation inhibi-
tors. Efficient fermentation was obtained by using a suitable control for
oxygen input. Meyer, du Preez & Kilian (1992) studied the production of
single-cell protein from a hemicellulose hydrolysate of sugar cane bagasse.
Candida blankii was isolated and found to have considerable potential for
the production of single-cell protein because of its ability to utilize all of
the major carbon substrates in the hydrolysate at low pH and relatively
high temperature with a high protein yield.
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Coffee pulp

Coffee pulp is the agro-industrial residue produced during the pulping of
coffee berries to obtain coffee beans. In coffee-growing regions, coffee pulp
is considered to be one of the most abundant agricultural wastes, as well as
one of the hardest to handle. According to available data, world green
coffee and coffee pulp production during 1989–1990 reached a maximum
of 5.52 × 106 tons of green coffee and of 2.76 × 106 tons of coffee pulp
(Roussos et al., 1995). To date, most of the by-product remains unused,
causing contamination problems. Coffee pulp is essentially rich in carbo-
hydrates, proteins and minerals, and it also contains appreciable amounts
of tannins, polyphenols and caffeine (Edwards, 1979). An economical way
of dealing with the excessive amount of pulp and of solving the environ-
mental problem would be to use it for animal feed. However, chemical
components such as lignin, phenolics and caffeine hamper its utilization by
animals. Caffeine and phenolics are known to exert detrimental effects to
both the rumen microflora and the host animal. Biological pretreatment
could, however, improve the value of this waste product. The presence of
proteins, sugars and minerals in coffee pulp and its high humidity favour
the rapid growth of microorganisms. There have been many reports descri-
bing the composition, conservation, upgrading and utilization of coffee
pulp (Christenen, 1981; Orue & Bahar, 1985; Martinez-Carrera, 1987).
Peñaloza et al. (1985) studied the nutritive improvement of coffee pulp by
using A. niger under SSF conditions. The fermented product had a higher
total amino acid content and a lower cell wall constituent value than the
original pulp. A growing chicken’s ration containing 10% of the fermented
product had a feed efficiency similar to that of the standard ration and
significantly higher than that of the same diet containing 10% of the
original pulp. Roussos et al. (1995) described the isolation of caffeine-
degrading fungi from leaves of coffee plants and coffee berries; most of the
isolated microorganisms belonged to the genera Aspergillus, Penicillium,
Trichoderma, Fusarium and Humicola. Five Aspergillus strains and two
Penicillium strains could degrade almost 100% of the caffeine in a liquid
medium (Roussos et al., 1995).

Sugar beet pulp

Sugar beet pulp, a by-product of sugar extraction, is an important renew-
able resource, the bioconversion of which appears to be of great biotech-
nological importance. In the European Union, about 108 tonnes of roots

321Fungi in agricultural waste conversion



are produced annually. The processing of 1 tonne of beets produces about
70 kg exhausted dried pulp, or about 250 kg exhausted pressed pulp,
containing approximately 10 and 75% water, respectively. The amount of
beet pulp produced and stocked in the sugar industry is, therefore, very
high. The lignocellulosic fraction of the dried pulp comprises cellulose,
hemicellulose, pectic substances and lignin (Coughlan et al., 1986). The
total hydrolysis of beet pulp releases monosaccharides such as -arabinose
and -galacturonic acid as components of the main chains of cellulose,
hemicellulose and pectic substances, respectively (Coughlan et al., 1986).
Pulp utilization is confined almost exclusively to use as feed for ruminants,
but the low lignin content enhances the suitability of sugar beet pulp for
biotransformation processes, suggesting alternative uses. Sugar beet pulp
is a suitable substrate for the production of protein using thermophilic
microorganisms (Grajek, 1988). Its nutritional upgrading can be improved
by white rot fungi (Di Lena, Patroni & Quaglia, 1997). The hexose compo-
nents may be used in traditional industrial processes, while there is
growing interest in the industrial exploitation of pentose sugars and
galacturonic acid.

Apple and tomato pomace

Apple pomace is a solid residue from the agro-food industry obtained after
crushing and pressing apples during the manufacture of apple juice. It is a
cumbersome waste product often considered of little value as animal
feedstuff or for pectin production. SSF on apple pomace has been per-
formed for the production of ethanol (Ngadi & Correia, 1992) and citric
acid (Hang & Woodams, 1998). Stredansky et al. (2000) described the
production of c-linoleic acid via fermentation of the fungus Thamnidium
elegans on apple pomace: high-value fungal oil was produced.

Tomato pomace is the residue from tomato processing and is made up of
the fruit’s dried and crushed skin and seeds. It is a lignocellulose-based
substrate, available in large quantities in Mediterranean countries and
often creates disposal problems. The bioconversion of tomato pomace has
been described (Carvalheiro, Roseiro & Collaco, 1994; Avelino et al.,
1997); the process was directed to an assessment of the use of SSF using
Geotrichum candidum to increase the protein content and improve the
digestibility of tomato pomace in order to turn it into raw materials for
enriching feedstuffs. The saccharification of tomato pomace yielded glu-
cose, fructose, xylose and cellobiose.
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Okara

Okara is the residue left from ground soybeans after extraction of the
water-extractable fraction used to produce soy milk and tofu. Huge quan-
tities of okara are produced; for example, in Japan, about 700 000 tons of
okara were produced by the tofu production industry in 1986 (Ohno, Ano
& Shoda, 1996). Although okara is sometimes used in animal feed, most of
it is burned as waste. Okara was fermented using the tempe fungi Rhizopus
oligosporus and A. oryzae to improve its nutritional qualities as a high-
fibre, low-energy foodstuff suitable for human consumption. Okara alone
has some antinutritional qualities, although fermented okara may provide
definite dietary benefits: it can act as a replacement for digestible food in
prepared food to reduce caloric intake; it can reduce cholesterol levels in
the bloodstream; and, as a food that contains antioxidant activity similar
to vitamin E, it can reduce the level of free radicals in the body. Fermenta-
tion of okara by A. niger and Aspergillus terreus is used for the production
of citric acid (O’Toole, 1999).

Canola meal

Canola meal is the by-product of oil extraction from canola. Current use of
canola meal is limited to animal feed, but it has been shown to cause liver
damage in poultry and to taint eggs (Butler, Pearson & Fenwick, 1982).
Gattinger, Duvnjak & Khan (1990) reported the production of xylanase,
acetyl-xylan esterase and xylosidase by T. reesei in a medium containing
canola meal as a carbon source; xylanase yields were similar or better than
with the refined substrates xylan and glucose.

The role of fungi in composting

When waste materials cannot serve as substrates for any of the pure culture
processes described in this chapter, composting is the treatment of choice.
Composting is the microbial breakdown of organic waste material in a
thermophilic, aerobic environment. The final product is compost or hu-
mus, which is stabilized organic matter (Inbar, Chen & Hoitink, 1993).
Composting can also be defined as SSF of organic wastes. It differs from
the processes described earlier in this chapter in that it treats a heterogen-
eous substrate and utilizes a mixed population of microorganisms operat-
ing in succession. Composting has attracted interest in Western countries
because of the large amounts of agricultural, industrial and municipal
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wastes. These wastes create a severe disposal problem involving a number
of environmental aspects related to air, soil, groundwater and surface-
water pollution. The organic substrates, bulking agents and amendments
used in composting are derived mostly from plant material. A number of
organic wastes, such as bark and yard waste, leaf mould, municipal solid
waste, sewage sludge, sawdust and farm animal manures have been used
for composting.

The composting process can be divided into three phases: (i) mesophilic,
during which the temperature rises; (ii) thermophilic; and (iii) cooling.
Different types of microorganism are active at different times in the com-
posting pile. Bacteria have the most significant effect on the decomposition
process and are the first to take hold in the composting pile. Fungi, which
compete with bacteria, play an important role later in the process as the
pile dries, since fungi can tolerate low-moisture environments better than
bacteria. Raw compost contains about 106 colony-forming units (cfu) of
mesophilic fungi per gram of raw material and 103–106 cfu g~1 of ther-
mophilic fungi (Thambirajah, Zulkali & Hashim, 1995). The predominant
mesophilic fungi in the raw material are Geotrichum spp. and the ther-
motolerant fungus Aspergillus fumigatus (Tuomela et al., 2000).

Mesophilic phase

Most fungi are mesophiles and grow at 5–37°C, optimally at 25–30°C (Dix
& Webster, 1995). Mesophiles are dominant throughout the composting
mass in the initial phases of the process when temperatures are relatively
low. These organisms use available oxygen to transform carbon and
obtain energy; during this process, the temperature of the pile rises.

Thermophilic phase

Thermophilic microorganisms prefer temperatures between 45 and 70°C.
Thermophiles generate greater quantities of heat than mesophiles, and the
temperatures reached during this stage are hot enough to kill most patho-
gens and weed seeds. The thermophiles continue decomposing the substra-
te as long as nutrient and energy sources are available. As these sources
become depleted, thermophiles die and the temperature of the pile drops.
In mushroom compost, thermophilic fungi are responsible for the degra-
dation of lignocellulose (Sharma, 1989). Thermophilic and thermotolerant
fungi that have cellulolytic and ligninolytic activity, or which have been
found growing in compost, have been studied, for example Talaromyces
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emersonii, Thermoascus auranticus, Thermomyces lanuginosus and Cop-
rinus sp. (Tuomela et al., 2000). Chefetz, Chen & Hadar, (1998a) purified
laccase from municipal solid waste compost during the thermophilic stage
of composting. Chaetomium thermophilium, a cellulolytic fungus, was iso-
lated from this stage and exhibited laccase activity when grown at 45°C.
The purified laccase exhibited high catalytic activity towards a wide range
of phenolic substrates.

Cooling phase

When the temperature has decreased below 60°C, mesophilic and ther-
motolerant fungi reappear in the compost (Thambirajah et al., 1995). The
dominant fungi after peak heating are Aspergillus spp. or T. lanuginosus,
which also dominates at 50°C. Panaeolus spp., Corticium coronilla and
possibly Mycena spp. are Basidiomycota occurring in compost. They have
all been isolated from compost during the cooling and maturation phase,
or from mature compost (Tuomela et al., 2000).

Compost maturity

The process of humification occurs during composting. This process prob-
ably includes the polymerization of aromatic compounds as well as lignin
modifications. Humic compounds affect soil ecology, structure, fertility
and metal complexation, as well as plant growth. According to Stevenson,
Fitch & Brar (1993), the formation of polyaromatic humic acid structures
is associated with phenoloxidase activity in the soil; laccase is one of these
phenoloxidases. Phenol oxidation may be a major driving force in the
relatively rapid humification that occurs during composting. Chefetz et al.
(1998b) showed that fungal laccase can couple the aromatic fraction
extracted from compost with guaiacol and it was suggested that this
enzyme could be involved in the humification process during composting.

Another phenomenon related to compost maturity is the build-up of
antagonistic microorganism populations capable of suppressing soilborne
plant pathogens (Hoitink & Boehm, 1999). In recent years, compost
amendments in agriculture have been investigated as part of an integrated
system of biological control because of their ability to suppress plant
pathogens. These composts have been reported to suppress plant patho-
gens mainly in container media (Hoitink, Stone & Han, 1997). Nelson &
Hoitink (1983) identified specific strains of four Trichoderma spp. and
isolated Gliocladium virens as the most effective fungal hyperparasite of
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Rhizoctonia solani present in bark compost. A few of the other 230 fungal
species also showed activity, but most were ineffective. Composted grape
marc was effective in suppressing disease caused by Sclerotium rolfsii in
bean and chickpea (Gorodecki & Hadar, 1990). Hadar & Gorodecki
(1991) placed sclerotia of S. rolfsii on composted grape marc to isolate
hyperparasites of these pathogens. Sclerotial viability decreased from
100% to less than 10% within 40 hours. Penicillium and Fusarium spp. were
observed by scanning electron microscopy to colonize the sclerotia.
Trichoderma populations in grape marc compost were at very low levels
(102 cfu g~1 dry weight).

Trichoderma hamatum has been identified as an effective biocontrol
agent in compost-amended substrates (Kwok et al., 1987). It consistently
induced suppression of diseases caused by a broad spectrum of soilborne
pathogens when inoculated into compost after peak heating but before
substantial recolonization by other mesophilic microorganisms (Hoitink et
al., 1997). A verification of fungal densities in fortified potting mixes at
various stages after mix formulation is critical to predicting biological
control activity. Abbasi et al. (1999) described the precise detection and
tracing of T. hamatum in compost-amended potting mixes using molecular
markers. Compost must be of consistent quality to be used successfully in
the biological control of diseases of horticultural crops, particularly if used
in container media (Inbar et al., 1993). Many compost quality factors must
be controlled to obtain consistent effects with these organic amendments.
The composition of the organic matter from which the compost is pre-
pared, the composting process itself, the stability or maturity of the
compost, the quantity of available plant nutrients provided by the com-
post, loading rates, time of application and other factors must all be
controlled (de Ceuster & Hoitink, 1999).

Conclusions

Fungi can be involved in a large variety of processes utilizing many
different substrates derived from agricultural crop residues or agro-indus-
trial by-products. When waste materials cannot serve as substrates for
pure culture processes, composting is the treatment of choice. Recycling
through composting is often considered as a preferred strategy for waste
treatment. Fungi are specifically suited to this task because (i) many species
are considered safe for either direct consumption or the production of food
components; (ii) they grow as hyphae able to invade solid substrates; (iii)
they secrete enzymes that degrade polymeric materials to products used
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subsequently as nutrients; (iv) they can grow at relatively low moisture
contents; and (v) they produce many useful products. Only a few processes
are currently performed commercially. Making use of the potential of
fungi is an important and challenging task that could lead to many useful
products from renewable raw materials, thus saving energy and preventing
pollution.
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12
Cyanide biodegradation by fungi
MICHELLE BARCLAY
AND CHRISTOPHER J. KNOWLES

Introduction

The aim of this chapter is to review the biodegradation of cyanide and its
metal complexes by fungi. However, since the degradation of cyanides by
bacteria is in many ways similar to that of fungi, bacterial cyanide metab-
olism will also be considered. There are also many examples of the degra-
dation and utilization of organic cyanides (nitriles) by both bacteria and
fungi, although these are outside the scope of this article and will not be
examined. For completion, the ability of fungi to produce cyanide (cy-
anogenesis) will be briefly discussed, as cyanogenic species have the ability
to biotransform or biodegrade cyanide. Reviews that cover more specific
aspects of microbial cyanide metabolism include Knowles (1976, 1988),
Knowles & Bunch (1986), Raybuck (1992), and Dubey & Holmes (1995).

Cyanide chemistry and toxicity

The identification of cyanide as a poison in bitter almonds and cherry
laurel leaves dates back to the early Egyptians (Sykes, 1981). Indeed,
hydrogen cyanide (HCN) may account for more human deaths through-
out history than any other toxin because of its use in executions and
large-scale genocide during World War II (Way, 1981).

Hydrogen cyanide is one of the most rapidly acting metabolic inhibitors
known, because of its universal inhibition of respiration. By binding to
Fe3̀ in cytochrome c oxidase, the terminal oxidase of the mitochondrial or
bacterial respiratory chain, cyanide inhibits electron transfer to oxygen,
and therefore respiration (Stryer, 1988). Other modes of cyanide toxicity
include the inhibition of other metalloenzymes as well as some non-
metalloenzymes, increased glucose catabolism and decreased thyroid ac-
tivity (Solomonson, 1981). In humans, HCN can be absorbed through the
skin as well as by inhalation. Inhalation of concentrations greater than
0.3 ppm is toxic, whilst 1.0 mg kg~1 body weight is toxic if injected or
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ingested (Kirk & Othermer, 1979). Brebion, Gabridine & Huroet (1986)
reported that the lethal dose to animals is 9 mg kg~1 body weight. Concen-
trations of HCN in air of 20 ppm can cause slight symptoms (such as
irritation of the mucus membranes around the eyes, nose and throat);
50 ppm causes disturbances within 30 to 60 minutes, whilst concentrations
of 300 ppm are fatal unless treated promptly (Padiyar et al., 1995). Toxic-
ity, however, is dependent on cyanide speciation. It is free cyanide,
(HCN/CN~) and simple cyanides such as KCN that are the most toxic to
living systems.

Cyanide in its free form is the weak volatile acid HCN, also known as
hydrocyanic acid or prussic acid. It is a colourless gas or liquid with a
boiling point of 25.7°C, and has a pK

!
value of 9.36 (Chatwin, Zhang &

Gridley, 1988). Simple cyanides such as KCN or NaCN easily dissociate to
their ionized form, and at pH values below the pK

!
of cyanide the majority

of simple cyanides are in the form of HCN (Padiyar et al., 1995). Cyanide
can also complex to metals, in the form of [Mn`(CN)

x
](x~n)~. Twenty-eight

elements can react with cyanide to form 72 different metallocyanides
covering a range of solubilities and stabilities (Fordsmith, 1964). The
strongly complexed cyanides generally require heating, digestion and/or
severe methods of decomposition to release free cyanide (Chapman, 1992).
Weak complexes include those with cadmium, lead, nickel and zinc, which
are stable under alkaline conditions but under neutral and acidic condi-
tions the complex is only weakly ionized, resulting in the formation of free
cyanide (Pohlandt, Jones & Lee, 1983). Hexacyanoferrates and hexa-
cyanocobaltates are the strongest and, therefore, the most stable cyanide
complexes (Chapman, 1992). The stability of these compounds means that
they are less likely to dissociate to their free form and are less toxic in
relation to other cyanide complexes. However, the relationship between
simple/free and complex cyanides in water is dependent on factors such as
pH, redox potential and metal concentration (Meeussen, Keizer & de
Haan, 1992a).

The iron cyanides include some of the most stable of the metal cyanide
complexes. Without the aid of vigorous agents they only release free
cyanide as a result of photochemical decomposition. Meeussen et al.
(1992a) found that although normally considered to be relatively non-
toxic because of their stability, iron cyanide complexes (Fe(CN)

6
4~;

Fe(CN)
6
3~) are only thermodynamically stable under conditions that

would normally be considered extreme in soils and in the environment:
high pH, low redox potential and high total cyanide concentration. As a
result iron cyanide complexes in groundwater would normally dissociate
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to release free cyanide. However, further work (Meeussen et al. (1992b)
showed that below pH 6 the concentration of iron cyanide was controlled
by equilibrium with the mineral Prussian Blue (ferriferrocyanide;
Fe

4
(Fe(CN)

6
)
3
), the solubility of which is strongly dependent on pH and

redox potential. Unlike the other iron cyanides, Prussian Blue is more
stable at the low pH values that are typical of spent oxides found on former
gaswork sites. In other words, iron cyanides are stable at high pH values
(like other cyanide complexes) but dissociate at low pH, resulting in the
formation of Prussian Blue, which is probably the most stable and least
toxic of all the cyanide compounds.

The final cyanide species is the nitrile or organic cyanide RCN, where R
is an aliphatic or aromatic carbon compound and is covalently bonded to
the cyano (CN~) group. Nitriles are used widely in industry as ‘synthons’:
precursors in chemical reactions. These processes are based on the chemi-
cal properties of the nitriles, which can undergo acid or base hydrolysis to
amides or organic acids and hydrogenation to amines under conditions of
high pressure temperature. The resulting amides or acids are used exten-
sively in industry including the production of polymers and plastics,
animal and chicken feed, and medicaments and antiseptics.

Cyanogenesis

Despite its toxicity, a range of plants, fungi and bacteria are able to
generate cyanide. Knowles & Bunch (1986) have discussed the early litera-
ture on this topic in detail. Various Pseudomonas spp. and Chromobac-
terium violaceum produce cyanide as a secondary metabolite from glycine
in a process stimulated by methionine. Hydrogen cyanide is formed from
the methylene group of glycine, which is decarboxylated to produce car-
bon dioxide by the action of the HCN synthase enzyme system:

NH
2
CH

2
COOH ] HCN + CO

2
+ 4[H] (12.1)

This enzyme system is membrane bound and requires an electron acceptor;
it is presumably linked to respiratory activity. Once produced, cyanide can
be bioconverted to b-cyanoalanine by cyanogenic bacteria (Macadam &
Knowles, 1984):

HCN + cysteine (or o-acetylserine)] b-cyanoalanine
+ H

2
S (or acetate) (12.2)

Cyanogenesis by the fungus Marasmius oreades was first reported in 1871
(von Lösecke, 1871). It is a widespread phenomenon within the
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Basidiomycetes, and also among the Ascomycetes and Zygomycetes. M.
oreades produces cyanide from glycine in a manner analogous to the
cyanogenic bacteria. However, the cyanide is not converted to b-
cyanoalanine but to carbon dioxide, possibly via formamide and formate
(Bunch & Knowles, 1980).

Several plant diseases involving fungi advance with the liberation of
cyanide in the host plant species. For example, winter crown rot or snow
mould disease is caused by a cyanogenic psychrophilic basidiomycete that
attacks a range of forage plants including Medicago sativa. The copperspot
disease of Lutus corniculatus is caused by Stemphylium loti, probably
through the fungal b-glucosidase acting on cyanogenic glycosides of the
host plant to release cyanide. S. loti is not cyanogenic but is able to degrade
cyanide to formamide by a cyanide hydratase enzyme, presumably as a
defence mechanism (Fry & Millar, 1972); this enzymic activity will be
discussed in a later section of this chapter. The fungus Thielaviopsis
basicola causes black root rot of tobacco. The disease is suppressed by a
cyanogenic strain of Pseudomonas fluorescens CHAO (Voisard et al., 1989;
Laville et al., 1998; Blumer et al., 1999). The authors found that a cyanide-
negative mutant, P. fluorescens CHA5, constructed by a gene replacement
technique, was less able to protect the plant, while complementation of
strain CHA5 by the cloned wild-type hcn` of CHAO restored the ability to
suppress black root rot disease. Insertion of hcn` into a non-cyanogenic P.
fluorescens strain, P3, enabled it to become cyanogenic and to protect
against black root rot. It was concluded that bacterial cyanide production
is an important but not the sole factor in suppression of black root rot.

Industrial sources of cyanide in the environment

A number of industries, both past and present, either use cyanide for
specific process reasons or generate it as an undesirable consequence of the
procedure. In all cases, cyanide waste is a toxic by-product that must be
disposed of in a safe and environmentally sound manner. The carboniz-
ation of coal and oil, to produce town gas, was developed principally for
heating and lighting at the beginning of the nineteenth century. The
discovery of natural gas in the 1960s, which can be carried great distances
via pipelines, resulted in the decline of town-gas production (Thomas &
Lester, 1994). There are as many as 5000 former gaswork sites in the UK
alone (Environment Resources Ltd, 1987), the size of which vary consider-
ably from small plants attached to industrial premises to large plants with
multiple gas holders. Town gas contained a variety of organic (phenols,
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polycyclic aromatic hydrocarbons and coal tars) and inorganic impurities
(sulfides and cyanide) that had to be removed before the gas could be
delivered. Many of these impurities were disposed of on-site, resulting in
contamination of the soil and, ultimately, the groundwater.

The majority of the cyanide found on former gaswork sites is in the form
of ‘spent oxide’, which was generated as part of the clean-up process for
manufactured gas. Sulfides and cyanides were removed from the gas as it
was passed through iron oxide/bog ore by complexation with the iron. The
ore could be regenerated two or three times after exposure to the gas but
would then become ‘spent’, hence the name spent oxide. These oxides
contain high concentrations of cyanide and sulfide compounds, the latter
being a rich source for sulfur-oxidizing bacteria, causing a significant
decrease in the pH to around 2 or lower through the production of sulfate.
Typical total cyanide content of the soil at gasworks containing tar, clinker
or spent oxide is 4.8, 2.3 and 46.5 g kg~1, respectively, the majority of
which is complexed to metals. Moreover, a survey of 12 sites in New York
state estimated that each site held 70 000 m3 spent oxide, containing up to
50.0 g kg~1 cyanide (Radian Corp., 1987). Attempts by Young & Theis
(1991) to determine free cyanide concentration in waste at gasworks were
unsuccessful, probably because of the very low levels of free cyanide. There
are a number of reasons for the apparent low concentration of free cyanide
when the total cyanide concentration is high. Chatwin et al. (1988) inves-
tigated the natural mechanisms in soil that could result in decreased free
cyanide. These authors identified a number of processes, including chela-
tion, adsorption, precipitation, oxidation and volatilization, that occur in
unsaturated soil. The low pH of soils containing spent oxide (owing to the
action of sulfur-oxidizing bacteria), together with the high vapour pressure
of the HCN that can form under these pH conditions, encourages volatiliz-
ation. Meeussen et al. (Meeussen, 1992; Meeussen et al., 1992a–c) have
published a number of papers that show complexation between iron and
cyanide, in particular the formation of Prussian Blue, as the dominant
process in maintaining low concentrations of free cyanide. The bulk of
cyanide found in spent oxide is complexed with iron in the form of ferri- or
ferrocyanide, or more specifically Prussian Blue, giving spent oxide its
characteristic blue colour (Thomas & Lester, 1993).

Both metal recovery and mining industries use cyanide-containing sol-
utions to extract metals such as gold and silver from impure materials
(Haddad & Rochester, 1988; Wild, Rudd & Neller, 1994). The ore is mixed
with simple cyanides such as NaCN or KCN, which form soluble
metal–cyanide complexes, thereby extracting the metal, which can then be

339Cyanide biodegradation by fungi



recovered by precipitation. Cyanide is also used in the production of
chemicals such as acrylonitrile, adiponitrile and methylmethacrylate (Wild
et al., 1994), used on a vast scale in the production of polymers. Xenobiotic
halogenated aromatic nitriles such as bromoxynitrile, ioxynil and dich-
lorobenil are also amongst the most widely used pesticides and herbicides
(Knowles & Wyatt, 1992). The electroplating industry produces some of
the highest cyanide concentrations in wastewaters. The plating baths,
containing cyanide to hold ions such as zinc and cadmium in solution,
result in the production of wastewaters with total cyanide concentrations
of up to 100 g l~1 (Kenfield et al., 1988). Water from the gas scrubbers of
blast furnaces in the steel and iron industry contains cyanide, as do the
cooling waters. Cyanide is also formed as a by-product of coking in the
iron, steel and petroleum industries (Wild et al., 1994).

Cyanide biodegradation

Metabolism of cyanide by fungi

There are over 800 different plant species that produce cyanide when
attacked by microorganisms (Mansfield, 1983). In response to the defence
mechanism of cyanogenic plants, a number of phytopathogenic fungi have
evolved the ability to convert cyanide enzymically to the less toxic formam-
ide using cyanide hydratase (formamide hydrolyase EC 4.2.1.66). Cyanide
hydratase was first characterized from S. loti, a pathogenic fungus of the
cyanogenic plant birdsfoot trefoil (L. corniculatus L.) (Fry & Millar, 1972).
It has since been identified in a number of other fungi including strains of
Fusarium solani (Dumestre et al., 1997a; Barclay, Tett & Knowles, 1998a),
Fusarium oxysporum CCMI 876 (Pereira, Arrabaca & Amaral-Collaco,
1996), Fusarium lateritium (Cluness et al., 1993), Gloeocercospora sorghi
(Fry & Munch, 1975; Wang & Van Etten, 1992; Wang, Matthews & Van
Etten, 1992) and most recently Leptosphaeria maculans (Sexton & How-
lett, 2000). Fry & Millar (1972) noted that the enzyme responsible for the
detoxification of cyanide was induced when spores of S. loti were incu-
bated with cyanide and that the only product of enzyme activity was
formamide. They named the enzyme formamide hydrolyase:

HCN + H
2
O ] HCONH

2
(12.3)

In addition to the conversion of cyanide to formamide as a dead-end
product by certain fungi, possibly as a detoxification route, some fungi can
utilize cyanide as a nitrogen source for growth (Pereira et al., 1996;
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Fig. 12.1. Summary of the pathway for the utilization of cyanide by
Fusarium solani as determined by Dumestre et al. (1997a) and Barclay et
al. (1998a).

Dumestre et al., 1997a; Barclay et al., 1998b). Pereira et al. (1996) isolated
three fungi at pH 8 that grew on cyanide as the sole source of nitrogen: F.
oxysporum, Trichoderma koningii and Gliocladium virens. Further studies
on F. oxysporum indicated that it converted cyanide to formamide, pre-
sumably by cyanide hydratase. Although not reported, formamide would
have to be degraded to enable growth, which could occur via conversion to
formate and ammonia, by formamidase.

Dumestre et al. (1997a) isolated three bacteria and one fungus, F. solani
IHEM 8026, from contaminated alkaline wastes and soils. Although all
the bacterial isolates could grow in the presence of cyanide at pH values up
to 11, tolerance to cyanide was not attributed to the ability to degrade
cyanide. It was more likely that the ability of these isolates to survive
resulted from the presence of an alternative oxidase, allowing bacterial
respiration to continue. However, F. solani IHEM 8026 had the capacity to
grow under these conditions because of its ability to biodegrade cyanide in
alkaline media (pH 9.2–10.7). Cyanide degradation by this fungus was
associated with a large increase in biomass. Radiolabelling studies showed
that cyanide was converted enzymically to formamide, which was subse-
quently converted to formic acid and ammonia. Ammonia was presum-
ably utilized as a nitrogen source for growth while formic acid was con-
verted to carbon dioxide, possibly by formate dehydrogenase (Fig. 12.1).

The F. solani strain isolated by Barclay et al. (1998b) has the ability to
degrade and utilize as the sole source of nitrogen for growth both free and
metal-complexed cyanides. The pathway for cyanide utilization by this
strain of F. solani, under neutral and acidic conditions, was found to be
identical to that of F. solani IHEM (Fig. 12.1) (Barclay et al., 1998a). This
isolate was obtained under acidic conditions (pH 4) from soil con-
taminated with Prussian Blue and other metal cyanide complexes and was
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part of a consortium comprising two fungi, F. solani and Trichoderma
polysporum. A second Fusarium isolate was isolated under similar condi-
tions as part of a consortium comprising three fungi: F. oxysporum,
Scytalidium thermophilium and Penicillium miczynski. These two species of
Fusarium utilized nickel and iron cyanide as the sole source of nitrogen
under neutral and acidic conditions, respectively. Growth on metal–cyan-
ide complexes by these two isolates appeared to relate to the stability of the
complex. On the highly stable iron cyanide complex K

4
Fe(CN)

6
, complete

removal of cyanide from the growth medium at pH 4 took up to 28 days,
while no growth and no cyanide degradation was observed at pH 7,
presumably because of the higher stability of this compound under the
latter conditions. In comparison, growth on nickel cyanide (K

2
Ni(CN)

4
)

and removal of cyanide from the growth medium was complete after 3–5
days at neutral pH (Barclay et al., 1998b).

Cyanide hydratase has been purified from several fungi (Table 12.1). In
each it is a large oligomeric protein with a native molecular mass of at least
300 kDa, made up of subunits of 43 to 45 kDa. The K

.
of the enzyme is

high (4–43 mmol l~1), indicating a low affinity for cyanide, which may
limit its commercial potential for treatment of cyanide-containing efflu-
ents. The affinity for metal–cyanide complexes is unknown. Comparison
of nucleic and amino acid sequences of cyanide hydratase purified for F.
lateritium and G. sorghi revealed that the enzymes are 65% homologous at
the level of the gene, and the proteins are 75% identical (Cluness et al.,
1993). More recently, the gene for cyanide hydratase has been determined
for L. maculans. The predicted amino acid sequence encoded by this gene
shows that the enzyme has 77% and 82% homology G. sorghi and F.
lateritium, respectively (Sexton & Howlett, 2000). Phylogenetic analysis
carried out by Novo et al. (1995) grouped cyanide hydratase with the
nitrilase enzymes and not the nitrile hydratase group.

The actual mechanism for metal cyanide degradation is unclear. It is not
known whether cyanide hydratase acts upon the metal–cyanide complex as
a whole, or the free cyanide (CN~/HCN) that is released through dissocia-
tion of the complex. Similarly, it is not known whether the intact complex
is taken up into the cell and then dissociates, or if dissociation occurs
outside the cell and only free cyanide is taken up. Figure 12.2 shows some
of the possible routes for the take up of cyanide/metal–cyanide complexes.
There is some evidence that suggests it is the free cyanide and not the metal
complex that the enzyme acts upon. First, the amino-terminal sequence of
the enzyme purified from a strain of F. solani grown on K

2
Ni(CN)

4
has

strong homology to the amino-terminus of cyanide hydratase from both
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M+

HCN

HCN

HCN

HCN

H +

CN+M+H+
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3
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4

1

Fig. 12.2. Possible routes of cyanide hydratase activity in Fusarium
solani. 1. The metal–cyanide complex (H`M`CN~) undergoes partial
dissociation outside the cell, free cyanide (HCN) then diffuses freely into
the cell and cyanide hydratase is induced. The metal (M`)is taken up and
bound to the fungal cell wall. 2. The metal–cyanide complex is biosorbed
onto the fungal cell wall; interaction between the cell wall and metal
allows release of some cyanide, which diffuses into the cell inducing
cyanide hydratase activity. 3. The metal–cyanide complex is taken into
the cell, cyanide hydratase activity is induced and acts upon the complex
as a whole. 4. Abiotic and/or biotic interactions result in dissociation of
the complex allowing HCN to induce cyanide hydratase activity.

F. lateritium and G. sorghi (Barclay et al., 1998a). Second, the rate of
growth for both F. solani and F. oxysporum on metal cyanides is related to
the stability of the metal–cyanide complex. Although the relationship
between growth rate and stability of the metal–cyanide complex could be a
consequence of the inability of the enzyme to act upon these stable com-
pounds, it is possible that growth rate is limited by the availability of free
cyanide produced from the dissociation of the complex (Barclay et al.,
1998b). More recent studies with reverse transcriptase polymerase chain
reaction (RT-PCR) also show that the same gene is induced by both nickel
and iron cyanide, as well as by KCN (M. Barclay, A. Tabouret, I. P.
Thompson, C. J. Knowles & M. J. Bailey, unpublished observations). The
fact that the different forms of cyanide induce the same gene suggests that
the true substrate for the enzyme may be free cyanide.

Dumestre et al. (1997a) have also suggested that the pH optimum for
cyanide hydratase activity indicates that the true substrate for the enzyme
is HCN and not free cyanide ions, as indicated by pH activity studies
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(Table 12.1). This is because of the pK
!

of cyanide (9.36), which dictates
that at higher pH values (above pH 9.36) the majority of cyanide is in the
form of CN~ and not as hydrocyanic acid (HCN). The optimal pH for
cyanide hydratase activity in a number of cyanide-degrading organisms
was pH 7–9, as shown in Table 12.1. Dumestre et al. (1997a) suggested that
decreased enzyme activity at pH 10.1 was caused by a lack of availability of
substrate, as the enzyme was unable to act upon the free cyanide ions and
not by decreased activity of the enzyme under alkaline conditions. Calcula-
tion of the initial reaction rates for HCN and CN~ also showed a direct
relationship to the specific constants of K

HCN
and K

CN~
, again suggesting

that decreased activity results from reduced availability of substrate under
alkaline conditions (Dumestre, Bousserrhine & Berthelin, 1997b). By anal-
ogy with bacterial cyanide-degrading enzymes, it is possible that fungal
cyanide hydratase can act on the cyanohydrins of simple keto compounds
(Kunz, Chen & Pan, 1998). The utilization of cyanohydrins by bacteria is
discussed below.

Cyanide-insensitive respiration

The nature of cyanide toxicity (inhibition of cytochrome oxidase in the
mitochondrial or bacterial respiratory chain) dictates that cyanide-toler-
ant and cyanide-degrading organisms require an alternative mitochondrial
respiratory pathway. Indeed, many organisms including plants (Solomos,
1977), some fungi (Edwards & Kwiecinski, 1973; Minagawa & Yoshimoto,
1986) as well as some protists (Chaudhuri, Ajoyi & Hill, 1995) possess
cyanide-resistant alternative oxidases. The role of the alternative terminal
oxidase in higher plants has been identified as part of the plants’ ability to
regulate their energy/carbon balance in response to changing environ-
ments (McIntosh, 1994). This protects the mitochondrion by preventing
over-reduction of the respiratory chain and production of reactive oxygen
species, which may cause organelle and cell damage (Day et al., 1995).

In a number of fungi, the cyanide-resistant alternative oxidase is induced
by cytochrome oxidase inhibitors, for example cyanide or antimycin A, as
reported for Hansenula anomala (Minagawa & Yoshimoto, 1986) and
Neurospora crassa (Edwards & Kwiecinski, 1973). Two explanations for
the presence of cyanide-resistant respiration in fungi have been put for-
ward. Lambers (1982) suggested that it acts as an energy overflow, as the
activity of the alternative oxidase pathway appears to be largely regulated
by the activity of the cytochrome pathway, that is the alternative oxidase
only becomes active when the ubiquinone pool is reduced to 50–60% (Day
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et al., 1995). An alternative, but related, theory is that it replaces the
phosphorylating cytochrome pathway in the presence of cytochrome in-
hibitors (Vanlerberghe & McIntosh, 1997). Cytochrome oxidase inhibitors
reduce the flow of electrons through the cytochrome pathway, thereby
causing reduction of the ubiquinone pool and resulting in induction of the
alternative oxidase. The alternative pathway has also been identified in
cyanide-degrading fungi such as F. oxysporum (Pereira et al., 1996) and
S. loti (Rissler & Millar, 1977) and almost certainly provides energy for
formamide hydrolyase/cyanide hydratase activity to remove cyanide and
allow the ‘normal’ cytochrome oxidase pathway to operate. Although
formation of alternative oxidases has not been reported in other cyanide-
degrading fungi, they presumably exist to allow respiration and, therefore,
energy production for the induction of cyanide-degrading enzymes and
other cellular processes to occur in the presence of cytochrome inhibitors
such as cyanide. The genes encoding alternative oxidase enzymes have
been sequenced for a number of organisms and are highly conserved
(Vanlerberghe & McIntosh, 1997).

Bacterial metabolism

The metabolic pathways for cyanide degradation by P. fluorescens
NCIMB 11764 have been characterized. The bacterium was isolated by
Harris & Knowles (1983a) through its ability to utilize cyanide as a sole
source of nitrogen for growth. The authors established the presence of a
cyanide oxygenase enzyme in cell-free extracts and found it to be depend-
ent on NADH or NADPH (Harris & Knowles, 1983b; Dorr & Knowles,
1989):

NAD(P)H + 2H` + HCN + O
2
] CO

2
+ NH

4
` + NAD(P)`

(12.4)

Further studies by Kunz et al. (1992) showed concentration-dependent
pathways for the degradation of cyanide by this bacterium. Three path-
ways were identified that involved the conversion of cyanide to ammonia
and formate, ammonia and carbon dioxide, or formamide, respectively
(Fig. 12.3). During aerobic growth on cyanide at concentrations of
0.5–10 mmol l~1, the cyanide oxygenase pathway was dominant. How-
ever, at higher cyanide concentrations (up to 100 mmol l~1 KCN), the
principal metabolites were formamide, ammonia and formate. These
products were also formed during incubation under anaerobic conditions,
indicating that metabolism of cyanide to these metabolites was indepen-
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Fig. 12.3. Concentration-dependent pathways for cyanide degradation
by Pseudomonas fluorescens NCIMB 11764 (Kunz et al., 1992).

dent of oxygen. Because formamide and formate always appeared simulta-
neously in incubation mixtures and the bacterium was unable to metab-
olize the formamide that accumulated in the medium, separate pathways
for the formation of formamide and for ammonia plus formate were
proposed. Kunz, Wang & Chen (1994) concluded that the ability of
P. fluorescens NCIMB 11764 to grow on cyanide is a result of the direct
conversion of cyanide to ammonia, either via cyanide oxygenase or cyan-
ide dihydratase, and not conversion to formamide. Further studies showed
that the cyanide oxygenase enzyme had a lower K

.
for KCN than the

cyanide hydratase/cyanide dihydratase enzymes: 1.2 and 12 mmol l~1,
respectively (Kunz et al., 1994).

Cyanide oxygenase is the dominant enzyme at low cyanide concentra-
tions, and the low K

.
(relative to the other enzymes) indicates that this

enzyme has a higher affinity to cyanide. Further evidence of the import-
ance of this enzyme was obtained using mutant strains of P. fluorescens
NCIMB 11764 that were unable to grow on cyanide. These mutants lost
cyanide oxygenase activity but not the activity of cyanide hydratase/cyan-
ide dihydratase. Radiolabelling studies using 18O

2
and H

2
18O showed that

one oxygen atom from O
2

and one from H
2
O were incorporated in C18O

2
produced during the metabolism of cyanide, confirming the action of a
cyanide oxygenase enzyme in P. fluorescens NCIMB 11764 (Wang, Kunz
& Venables, 1996). The presence of formate dehydrogenase also allows
recycling of NADH, necessary for the conversion of cyanide to ammonia
and carbon dioxide via cyanide oxygenase (Kunz et al, 1994).

Chen & Kunz (1997) have reported a non-enzymic mechanism for
cyanide biotransformation in P. fluorescens NCIMB 11764, involving an
iron-chelating molecule identified as a putative siderophore. Partially puri-
fied siderophore preparations removed cyanide at initial rates of up to
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7.6 mmol min~1 mg~1 protein. The authors reported that cyanide was
oxidized to ammonia and carbon dioxide by the siderophore and they
concluded that both cyanide oxygenase and a putative siderophore com-
ponent are involved in cyanide utilization. Kunz et al. (1998) reported that
cyanide utilization was linked to the secretion of keto acids (pyruvate and
a-ketoglutarate) into the supernatant under nitrogen-limiting conditions.
They suggested that these keto acids reacted with cyanide to give the
corresponding cyanohydrin, which is then metabolized to give ammonia
and carbon dioxide. The latter reaction was found to be dependent on
oxygen and NADH, indicating that cyanide oxygenase is involved and
that cyanohydrin and not cyanide is presumably the substrate for this
enzyme. Again, mutant strains of P. fluorescens depleted of cyanide oxy-
genase activity that were unable to grow on cyanide were also unable to
utilize cyanohydrins. However, the authors did not explain how cell-free
extracts can catalyse the conversion of free cyanide to carbon dioxide and
ammonia in the absence of keto acids, as reported by Harris & Knowles
(1983b) and by Wang et al. (1996). Evidence for cyanide oxygenase activity
has also been found in a strain of Escherichia coli. However, a reaction
between glucose and cyanide, referred to as the Kiliani reaction, was
necessary for cyanide degradation to take place (Figueira et al., 1996).
Hope and Knowles (1991) previously observed this phenomenon in the
biodegradation of cyanide under anaerobic conditions by Klebsiella plan-
ticola.

In addition to KCN (i.e. HCN/CN~), P. fluorescens NCIMB 11764 can
utilize cyanide complexes of nickel and copper as sources of nitrogen for
growth (Rollinson et al., 1987). Silva-Avalos et al. (1990) isolated 10
bacteria able to grow on Ni(CN)

4
2~ as the sole source of nitrogen. There

are few data on the mechanism of metal cyanide utilization by bacteria.
Interestingly, Mudder & Whitlock (1984) have developed a full-scale
commercial process to degrade metal-rich cyanide-containing wastes from
tailings at the Homestake gold mine, USA, which contains Pseudomonas
paucimobilis as the predominant bacterium. An Acinetobacter strain was
isolated from gold mine effluent containing dicyanoaurate (Finnegan et
al., 1991). This strain utilized a wide range of metal–cyanide complexes,
including those of silver, gold, cadmium, zinc, copper, cobalt and iron. The
enzyme system involved is novel as it is expressed in an extracellular
protein–lipid complex. Recently, the degradation kinetics of ferrous cyan-
ide complexes by immobilized P. fluorescens have been reported (Dursun
& Aksu, 2000).

The predominant enzyme reported in fungi is cyanide hydratase; there is
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one report of this enzyme in bacteria (Kunz et al., 1992). The most
common cyanide-degrading enzyme reported in bacteria that have the
ability to grow on cyanide as the source of nitrogen is cyanide dihydratase
(cyanidase), which catalyses:

HCN + 2 H
2
O ] NH

3
+ HCOOH (12.5)

Meyers et al. (1993) purified cyanide dihydratase from Bacillus pumilus C1.
They found that it consisted of three separate subunits (45.6, 44.6 and
41.2 kDa) with an overall molecular mass of 417 kDa and a K

.
for cyanide

of 2.56 mmol l~1. Watanabe et al. (1998) purified a cyanide dihydratase
from a strain of Pseudomonas stutzeri that was an aggregated protein made
up of 38 kDa subunits. The K

.
of this enzyme for cyanide was 1.7 mM.

Adjei & Ohta (1999) described a strain of Burkholderia cepacia that also
probably utilizes cyanide via the cyanide dihydratase pathway. Chapat-
wala et al. (1998) have isolated a Pseudomonas putida strain that they
claimed could achieve high levels of growth on cyanide as the source of
both nitrogen and carbon; growth was associated with release of ammonia
and 10% of the carbon into the biomass. The pathway of carbon assimila-
tion was not known but could be via formate as a methylotrophic energy
source.

Molecular biology of cyanide degradation

The development of molecular biology techniques has significantly ad-
vanced our understanding of the mechanisms of cyanide biodegradation.
The sequence homology that has been found between cyanide hydratase of
F. lateritium, G. sorghi and L. maculans has been mentioned earlier. Site-
directed mutagenesis and cloning of the gene for cyanide hydratase, chy,
from F. lateritium into E. coli using the expression vector pGEX-2T
revealed that there is an essential cysteine residue at position 163 (Brown,
Turner & O’Reilly, 1995). Subsequent mutation of the protein at this
position resulted in inactivation of the enzyme. Similar findings have been
found for cyanide dihydratase in P. stutzeri AK61, where site-directed
mutagenesis revealed that Cys-163 has an important role in cyanide dihyd-
ratase activity (Watanabe et al., 1998). These findings indicate that the
Cys-163 residue is part of the active site and is fundamental to the activity
of the enzyme. Novo et al. (1995) noted that cyanide hydratase was related
to the nitrilase enzymes, which convert nitriles to the corresponding acid
and ammonia and which also have a cysteine residue acting as an active
site nucleophile.
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Wang, Sandrock & Van Etten (1999) have disrupted chy in G. sorghi, a
pathogen of the cyanogenic plant Sorghum. These authors showed that
gene disruption resulted in increased sensitivity of the fungus to cyanide (in
the presence of 1 mmol l~1 cyanide the growth of fungal mycelia was only
10% that of the wild type); however, the inability to detoxify cyanide did
not affect pathogenicity towards the plant. The authors suggested that if
G. sorghi does have an alternative oxidase then it is highly sensitive to
cyanide as their chy mutant had very little tolerance to HCN. It is also
possible that although the alternative oxidase allows normal respiration to
continue, cyanide hydratase activity is required to detoxify cyanide to
prevent inhibition of other enzymes, such as metalloenzymes, so that
normal cellular functions can continue. The fact that disruption of chy did
not affect pathogenicity suggests that this is a function of this fungus that is
not affected by cyanide.

Sexton and Howlett (2000) have demonstrated that the genome of the
plant pathogenic fungus L. maculans contains one copy of the gene for
cyanide hydratase. Analysis of the DNA sequence upstream from the gene
has demonstrated that the cyanide hydratase promoter contains four
putative sites for eukaryotic ‘GATA proteins’ thought to be involved in
the regulation of nitrogen metabolism. Northern blotting and RT-PCR
showed that the cyanide hydratase gene in this fungus was induced by
potassium cyanide and propionitrile, but not by formamide or acetonitrile
(Sexton & Howlett, 2000). Similarily, M. Barclay, I. P. Thompson, C. J.
Knowles and M. J. Bailey (submitted for publication) have also recently
shown genetic induction of cyanide hydratase in F. solani. Amplification of
mRNA by RT-PCR using primers specifically designed for chy indicated
that there was transcription expression 30–60 minutes after the fungus was
exposed to cyanide. Prior to and up to 30 minutes after exposure to
cyanide there was no evidence of chy transcription. Likewise, chy mRNA
was not detected when cyanide was absent from the biotransformation
medium. Metal cyanides such as K

2
Ni(CN)

4
also induced chy. With both

free and metal complexed cyanides, RT-PCR indicated that transcription
of the gene stopped between 12 and 24 hours after exposure to cyanide.
Although free cyanide was totally depleted by this time, metal–cyanide
complexes were not so readily degraded and were present in the medium
for up to 5 days. This evidence suggests that it is not substrate (cyanide)
removal that results in termination of transcription.
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Applications of fungi for bioremediation of cyanide-containing
wastes

Fungi are particularly amenable for degradative processes because of the
ability of individual strains to tolerate a wider range of environmental
conditions than bacteria. They are tolerant to both high concentrations of
metals and changes in pH. For example, Barclay et al. (1998b) reported
that a strain of F. solani could degrade free and metal-complexed cyanides
under neutral and acidic conditions. The ability of F. solani IHEM 8026 to
degrade cyanide under alkaline conditions, albeit at a reduced rate, could
also be advantageous to a bioremediation process by preventing the release
of toxic cyanhydric acid through volatilization (Dumestre et al., 1997a).

Patil & Paknikar (1999) have investigated the possibility of using fungal
biomass for the biosorption and biodegradation of metal cyanides and
found that Cladosporium cladosporioides was a highly efficient biosorbent
of copper and nickel cyanides. They also tested a range of fungi (including
Fusarium and Aspergillus strains) and found that optimal biosorption
occurred at pH 4, while biosorption of metal cyanides did not occur above
pH 6. Interestingly, they found that K

2
Ni(CN)

4
was not biosorbed by

either F. oxysporum or Fusarium moniliform at pH 4. In comparison,
Barclay et al. (1998b) showed that iron–cyanide complexes were taken up
by F. solani and F. oxysporum biomass at pH 4 during growth; nickel
cyanides were taken up by F. solani biomass at pH 7 (unpublished results).
Patil & Paknikar (1999) suggested that a combined approach using fungal
biosorption and bacterial degradation could be used for the treatment of
metal cyanide-containing wastewaters. Biosorption techniques maybe par-
ticularly useful for processes where recovery of the metal/metal cyanide
complexes is desirable.

Work carried out in our laboratory also indicates that fungi, in particu-
lar strains of Fusarium, could be used for the remediation of cyanide- and
metal cyanide-containing wastewaters and soil. Work to date has been
carried out on aqueous solutions under neutral and acidic conditions and
suggest that it would be feasible to treat cyanide-containing soils as a slurry
in an ex situ process. Nazly et al. (1983) have also shown that S. loti
mycelia could be immobilized and packed into columns for the treatment
of cyanide-containing wastes. However, there is nothing to suggest that in
situ remediation of cyanide/metal cyanide soils could not take place.
Indeed, ICI Biological Products produced dried mycelia from Fusarium
lateritium that can be sprayed onto cyanide-containing wastes (Richard-
son & Clarke, 1987).

351Cyanide biodegradation by fungi



There are several examples of biological treatment processes involving
bacteria. For example, Mudder & Whitlock (1984) developed a process to
treat wastes containing cyanides, thiocyanates and metal–cyanide com-
plexes using the bacterium P. paucimobilis ATCC 39204 in an attached-
growth aerobic biological treatment process developed at the lead oper-
ations plant of Homestake Mining Co. This process was further adapted to
treat heavy metals under alkaline conditions (pH 9.5) (Whitlock, 1992).

In future, biological cyanide treatment processes may be improved by
the development of molecular probes to monitor in situ bioremediation.
Probes designed for specific genes, for example the functional genes in-
volved in degradative pathways, could be used to assess the genetic poten-
tial of an environment (by examining DNA) and as a measure of the
degradative activity (by extracting and quantifying mRNA). M. Barclay,
I. P. Thompson, C. J. Knowles and M. J. Bailey have shown genetic induc-
tion of chy in fungi exposed to cyanide and metal cyanide complexes
(unpublished results). The use of PCR would allow the presence of chy to
be detected in the fungus/environment, while the application of RT-PCR
to amplify mRNA would show whether the cyanide biodegradation sys-
tem is active. Quantitative RT-PCR and the manipulation of soil condi-
tions (pH, carbon source, etc.) could then be applied to optimize in situ
bioremediation.

Conclusions

Despite the toxicity of cyanide, a number of organisms including plants,
fungi and bacteria can tolerate and even degrade cyanide and its related
compounds. This is largely a consequence of the production of cyanide as a
defence mechanism not only by plants against attack and predation from
plant pathogenic fungi but also by a number of bacteria and fungi. The
advent of the industrial revolution led to the production of vast amounts
of wastes containing numerous unwanted and toxic compounds, including
cyanides, opening a niche for the exploitation of these cyanide degraders.
The simplicity of cyanide and its natural occurrence in the environment
suggests that bioremediation is ideal for the treatment of cyanide-contain-
ing wastes. Indeed, both bacteria and fungi can detoxify cyanide to ammo-
nia and carbon dioxide via one or two simple enzymic steps (Kunz et al.,
1992; Barclay et al., 1998a). However, fungi have the advantage over
bacteria in that they can tolerate a wider range of pH conditions. Such
fungi can degrade, and in some cases utilize as a source of nitrogen, both
free and metal-complexed cyanide in both acidic and alkaline environ-
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ments (Wang & Van Etten, 1992; Cluness et al., 1993; Pereira et al., 1996;
Dumestre et al., 1997a; Barclay et al., 1998b). Modern techniques will help
to further both our understanding of the structure and function of enzymes
such as cyanide hydratase and the development of future technologies, for
example, the development of molecular probes. Although, the mechanism
involved in the degradation of free and metal-complexed cyanides is yet to
be resolved, preliminary studies strongly suggest that the manipulation of
fungi for the treatment of cyanide-containing waste could be a far simpler
and environmentally friendly way of handling such toxins.
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13
Metal transformations
GEOFFREY M. GADD

Introduction

Fungi are of fundamental importance as decomposer organisms and plant
symbionts (mycorrhizas) and can comprise the largest pool of biomass
(including other microorganisms and invertebrates) in the soil (Wain-
wright, 1988; Metting, 1992). They can be dominant in acidic conditions,
where the mobility of toxic metals may be increased (Morley et al., 1996),
and this, combined with their explorative filamentous growth habit and
high surface area to mass ratio, ensures that fungi are integral bioactive
components of major environmental cycling processes for metals and
other elements including carbon, nitrogen, sulfur and phosphorus (Gadd
& Sayer, 2000). There are examples where fungal isolates from soils with
high metal contents exhibit higher metal tolerance than isolates from
agricultural soils (Amir & Pineau, 1998), while adaptive and constitutive
mechanisms of metal resistance are well known in free-living (Gadd,
1993a; Gadd & Sayer, 2000) and mycorrhizal fungi (Meharg & Cairney,
2000). Metals and their compounds, derivatives and radionuclides, inter-
act with fungi in a variety of ways depending on the metal species,
organism and environmental conditions, while fungal metabolism can
dramatically influence speciation and, therefore, mobility and toxicity
(Gadd, 1993a; Gadd & Sayer, 2000). Antagonistic effects between different
metal species may also be a significant phenomenon in free-living (Amir &
Pineau, 1998) and symbiotic fungi (Hartley et al., 1997). Solubilization
mechanisms, for example complexation with organic acids, other meta-
bolites and siderophores, can mobilize metals into forms available for
cellular uptake and leaching from the system (Francis, 1994). Immobiliz-
ation can result from sorption onto cell components or exopolymers,
transport and intra- and extracellular sequestration or precipitation (Mor-
ley & Gadd, 1995; Gadd, 1996, 1997; Sayer & Gadd, 1997; Gadd & Sayer,
2000). These processes of metal solubilization and immobilization are key
components of biogeochemical cycles for toxic metals, whether indigenous
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or introduced, and therefore fundamental determinants of fungal survival
(Morley et al., 1996; White, Sayer & Gadd, 1997; Ramsay, Sayer & Gadd,
1999): metals are directly and indirectly involved in all aspects of fungal
growth, physiology and morphogenesis (Ramsay et al., 1998). Further-
more, several processes are of relevance to environmental bioremediation
(White et al., 1997; Gadd, 1997, 2000a; Gadd & Sayer, 2000). Almost all
metal–microbe interactions have been examined in the context of environ-
mental biotechnology as a means for removal, recovery or detoxification
of inorganic and organic metal or radionuclide pollutants, and fungi have
been important components of this research particularly in the areas of
biosorption, heterotrophic leaching and methylation (Gadd, 1990, 2000a;
Lovley & Coates, 1997; Losi & Frankenberger, 1997; Francis, 1998;
Eccles, 1999; Gadd & Sayer, 2000). Note also that recent advances in the
molecular biology and genetics of metal ion accumulation and intracellu-
lar fate using yeast models are directly relevant to such processes in plants,
and therefore relevant to phytoremediation (Eide, 1997; Guerinot & Eide,
1999). As in many other areas of bioremediation, much research on fungal
metal bioremediation is laboratory based, with fewer developments to
pilot/demonstration scale, and little commercial operation. However,
there are some examples of large-scale bioremediation where microorgan-
isms, including fungi, have been used to treat metalloid-contaminated soil
(Thompson-Eagle & Frankenberger, 1992; Losi & Frankenberger, 1997)
and it should be noted that microbial metal removal/transformation pro-
cesses are intrinsic though less-appreciated components of traditional
means of water/sewage treatment as well as reed bed, lagoon, wetlands and
emerging phytoremediation technologies (Gadd, 2000a). This chapter
seeks to outline some of the mechanisms by which fungi can interact with
and transform toxic metal species between soluble and insoluble forms, the
environmental significance of these processes, and their potential for bio-
remediation. Fungal biosorption and heterotrophic leaching are detailed
elsewhere in this volume and will only be mentioned briefly here.

Solubilization

Mechanisms of metal solubilization

Fungal solubilization of insoluble metal compounds, including certain
oxides, phosphates, sulfides and mineral ores, occurs by several mechan-
isms. Solubilization can occur by protonation of the anion of the metal
compound, decreasing its availability to the cation, with the proton-
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translocating ATPase of the plasma membrane and the production of
organic acids being sources of protons (Gadd, 1993a; Sayer, Raggett &
Gadd, 1995; Karamushka, Sayer & Gadd, 1996; Morley et al., 1996; Gadd
& Sayer, 2000). In addition, organic acid anions are frequently capable of
soluble complex formation with metal cations, thereby increasing mobility
(White et al., 1997). The incidence of metal-solubilizing ability among
natural soil fungal communities appears to be high; in one study approxi-
mately one-third of the isolates tested were able to solubilize at least one of
Co

3
(PO

4
)
2
, ZnO or Zn

3
(PO

4
)
2
, and approximately one-tenth were able to

solubilize all three (Sayer et al., 1995). A further mechanism of metal
solubilization is the production of low-molecular-weight iron-chelating
siderophores which solubilize iron(III). Siderophores are the most
common means of acquisition of iron by bacteria and fungi, the most
common fungal siderophore being ferrichrome (Crichton, 1991).

Environmental significance of metal solubilization by fungi

Solubilization of insoluble metal compounds is an important aspect of
fungal physiology for the release of anions, such as phosphate, and essen-
tial metal cations into forms available for intracellular uptake and into
biogeochemical cycles. Most phosphate fertilizers are applied in a solid
form (e.g. calcium phosphate) and this has to be solubilized before it is
available to plants and other organisms (Cunningham & Kuiack, 1992). In
fact, increased phosphate uptake by mycorrhizal plants is believed to be a
result of the high phosphate-solubilizing abilities of the mycorrhizas
(Lapeyrie, Ranger & Vairelles, 1991). As well as phosphate, soil fungi,
including mycorrhizas, may increase inorganic nutrient availability to
plants and other microorganisms by increasing the mobility of essential
metal cations, and other anions, such as sulfate (Gharieb, Sayer & Gadd,
1998; Gharieb & Gadd, 1999). Individual organic acids in the soil solution
can exceed millimolar concentrations, with high concentrations being
recorded in the vicinity of plant roots and fungal hyphae (Cromack et al.,
1979). It is known that weatherable minerals under many European conif-
erous forests contain a network of pores that are believed to be formed by
fungal organic acids (Jongmans et al., 1997). The pores (approximately
3–10 km in diameter) sometimes contain hyphae and are widespread in
feldspars and horneblendes from a variety of locations. Organic acid
concentrations in the soil ranged from micromolar to millimolar levels and
included citrate and oxalate (Jongmans et al., 1997).

Solubilization of insoluble toxic metal compounds in the environment
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may have adverse effects if potentially toxic metal ions are released into
soil and/or water systems from metal-contaminated locations. Metal–
citrate complexes are highly mobile and not readily degraded, degradation
depending on the type of complex formed rather than the toxicity of the
metal cation involved. Hence, the presence of citric acid in the terrestrial
environment will leach potentially toxic metals from soil (Francis, Dodge
& Gillow, 1992). Some rock phosphate fertilizers contain cadmium, and
solubilization of these to release the phosphate could also release cadmium
ions, increasing its availability to the soil biota (Leyval, Surtiningish &
Berthelin, 1993).

Significance of fungal–metal solubilization for bioremediation

As described above, many species of fungi are able to remove metals from
industrial wastes and by-products, low-grade ores and metal-bearing min-
erals (Burgstaller & Schinner, 1993; Tzeferis, Agatzini & Nerantzis, 1994;
Drever & Stillings, 1997; Sayer, Kierans & Gadd, 1997; Sayer & Gadd,
1997), and the relevance of this process to metal recovery and recycling
and/or bioremediation is dealt with elsewhere (Chapter 14) (Burgstaller &
Schinner, 1993; White et al., 1997; Brandl, Bosshard & Wegmann, 1999;
Gadd, 1999). Although heterotrophic leaching by fungi can occur as a
result of several processes, including the production of siderophores (in the
case of iron), in most fungal strains, leaching appears to occur mainly by
the production of organic acids (Burgstaller & Schinner, 1993; Sayer &
Gadd, 1997; Dixon-Hardy et al., 1998; Gadd, 1999; Gadd & Sayer, 2000).
If necessary, the resulting metal–citrate (or other metal–organic acid com-
plexes) could eventually be degraded for ultimate metal recovery (Francis,
1994), while interaction of leaching technologies with biosorption is also a
possibility (Chapter 14) (Gadd, 1993a; Tobin, White & Gadd, 1994).

Heterotrophic solubilization can also have consequences for other re-
medial treatments for contaminated soils. Pyromorphite (Pb

5
(PO

4
)
3
Cl) is

a stable lead mineral and can form in urban and industrially contaminated
soils. Since such insolubility reduces lead bioavailability, the formation of
pyromorphite has been suggested as a remediation technique for lead-
contaminated land, if necessary by means of phosphate addition (Cotter-
Howells, 1996). However, pyromorphite can be solubilized by phosphate-
solubilizing fungi, for example Aspergillus niger, and plants grown with
pyromorphite as a sole phosphorus source accumulated both phosphorus
and lead (Sayer et al., 1999). Further, during the fungal transformation of
pyromorphite, the biogenic production of lead oxalate dihydrate was
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observed for the first time (Sayer et al., 1999). These phenomena empha-
size the importance of considering microbial processes in developing re-
mediation techniques for metal-contaminated soils. Such mechanisms of
lead solubilization or immobilization as lead oxalate may have obvious
consequences for metal mobility between environmental compartments
and organisms.

Related to heterotrophic solubilization is fungal translocation, for
example of caesium, zinc and cadmium, which can lead to metal or
radionuclide concentration in the mycelium and/or in fruiting bodies.
Whether the concentration factors observed in vitro can be reproduced in
the field and whether such amounts can contribute to soil bioremediation
remains uncertain (Gray, 1998). However, one study concluded that the
fungal component of soil can immobilize the total Chernobyl
radiocaesium fall-out received in upland grasslands (Dighton, Clint &
Poskitt, 1991), though grazing of fruit bodies by animals may lead to
radiocaesium transfer along the food chain (Bakken & Olsen, 1990).
Another possibility relates to the use of copper-tolerant wood-decay fungi
to degrade copper-treated wood products, although results obtained so far
have shown only slight effects on the copper content of wood before or
after decay (DeGroot & Woodward , 1998).

Immobilization

Metal immobilization by fungi may be metabolism independent, occurring
whether the biomass is dead or alive, or metabolism dependent, compris-
ing processes that sequester, precipitate, internalize or transform the metal
species as well as the production of extracellular metabolites, both organic
and inorganic (Gadd, 1993a; Morley et al., 1996). Metal immobilization by
fungi, including mycorrhizas (Chapter 15), is also of significance to plant
productivity and, therefore, phytoremediation. Although some mycor-
rhizas are inhibited by toxic metals, some ecotypes (e.g. Glomus
claroideum) appear to show adaptation to increased metal concentrations
(Del Val, Barea & Azcon-Aguilar, 1999; see Meharg & Cairney, 2000).
Despite the wide variation in responses (Hartley et al., 1997; Bardi, Perotto
& Bonfante, 1999), amelioration of metal phytotoxicity by mycorrhizas
has been frequently described (Colpaert & van Tichelen, 1996; Kaldorf et
al., 1999; see Meharg & Cairney, 2000). It should be noted that some
developing phytoremediation practices, such as choice of plant species and
soil amendments, may have an impact on mycorrhizal diversity, reproduc-
tion and function (Pawlowska et al., 2000). The sequestering ability of the
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fungal partner may reduce metal bioavailability and reduce or prevent
translocation to the plant (Bradley, Burt & Read, 1981; Galli, Schuepp &
Brunold, 1994; Martino et al., 2000). This relationship, though, might not
always be beneficial as it is possible that fungal accumulation of toxic
metals might increase the apparent root metal concentration if soil
physicochemical conditions alter or when the fungi die, degrade or other-
wise release the accumulated metals (Morley et al., 1996).

Physico-chemical mechanisms of metal immobilization

Fungal cell walls are complex macromolecular structures predominantly
consisting of chitin, chitosan and glucans, but also containing other poly-
saccharides, proteins, lipids and pigments such as melanin (Peberdy, 1990;
Gadd, 1993a). This variety of structural components ensures many differ-
ent functional groups are able to bind metal ions to varying degrees
depending on their chemical proclivities (Gadd, 1990; Bardi et al., 1999).
Such uptake of metals by fungal biomass is commonly encompassed
within the term ‘biosorption’ (see Chapter 15). Fungi and their by-prod-
ucts have received considerable attention as possible biosorbent materials
for metal-contaminated aqueous solutions, because of the ease with which
they are grown and the availability of fungal biomass as an industrial
waste product, for example A. niger (citric acid production) and Sacchar-
omyces cerevisiae (brewing) (Gadd, 1990; Kapoor, Viraraghavan & Culli-
more, 1999). Many studies have shown their efficacy in sorbing metal
contaminants either as living or dead biomass, in pelleted whole-cell or
dissembled forms, and as freely suspended or immobilized sorbents in
batch and continuous processes (Tobin et al., 1994; Mogollon et al., 1998;
Yetis et al., 1998; Karamushka & Gadd, 1999; Lo et al., 1999; Yin et al.,
1999; Zhou, 1999). They are also amenable to removal of the loaded metals
by acids, alkalis or chelating agents, retaining a high percentage of their
original sorption capacity after repeated regenerative stages (Gadd &
White, 1992; Gadd, 1993a). However, although there have been several
attempts to commercialize biosorption using microbial biomass, success
has been limited and there appears to be no adoption of biosorption as a
commercially viable treatment method to date. This lack of commercial
development is somewhat perplexing, although the lack of specificity and
lower robustness of biomass-based systems compared with ion-exchange
resins is often cited as a reason (Eccles, 1999).
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Physiological mechanisms of metal immobilization

Transport and intracellular fate

Many metals are essential for fungal growth and metabolism, and for
metals such as sodium, magnesium, potassium, calcium, manganese, iron,
cobalt, nickel, copper and zinc, mechanisms exist for their acquisition from
the external environment by transport systems of varying specificity
(Gadd, 1993a; Gadd & Sayer, 2000). Inessential toxic metals, although
generally of low abundance in the environment unless redistributed by
anthropogenic activities, can often compete with physiologically essential
ions for such transport systems. Caesium, for example, competes for
potassium transport systems and can substitute for it in potassium-regu-
lated enzymes, with deleterious results (Perkins & Gadd, 1993, 1996;
Avery, 1995). Most work on metal ion transport in fungi has concerned
potassium and calcium ions in view of their importance in fungal growth,
metabolism and differentiation, although the transport of other essential
metal species has now received considerable attention, albeit primarily in
the S. cerevisiae model system (Kosman, 1994; Gadd & Lawrence, 1996;
Eide & Guerinot, 1997; Yamaguchilwai et al., 1997; Zhao & Eide, 1997;
Gitan et al., 1998; Hassett, Romeo & Kosman, 1998; Jensen & Winge,
1998; Zhao et al., 1998; Guerinot & Eide, 1999; Joshi, Serpe & Kosman,
1999; McDaniels et al., 1999; Serpe, Joshi & Kosman, 1999; Bird et al.,
2000; Blackburn et al., 2000). A number of intracellular fates are possible
for transported metals, which include sequestration by metal-binding mol-
ecules and/or compartmentation in organelles such as the vacuole (Ram-
say & Gadd, 1997; Gharieb & Gadd, 1998; Gadd & Sayer, 2000). In
addition, intracellular metal concentrations may also be regulated by
transport, including efflux mechanisms (Gadd, 1993a; Macreadie, Sewell
& Winge, 1994; Gadd & Sayer, 2000), and regulated expression of genes
involved in uptake, intracellular sequestration and protection against reac-
tive oxygen intermediates (Winge et al., 1997). Such mechanisms are
involved in normal metal homeostasis within cells but also have a role in
detoxification of potentially toxic metals. More detailed analysis of metal
ion transport, intracellular compartmentation, molecular biology and
regulation of gene expression is available in the literature (Gadd, 1993a;
Kosman, 1994; Macreadie et al., 1994; Eide & Guerinot, 1997; Eide, 1997,
1998; Winge et al., 1997; Winge, Jensen & Srinivasan, 1998; Winge, 1998;
Guerinot & Eide, 1999; Gadd & Sayer, 2000). Note that studies with
S. cerevisiae can greatly aid understanding of metal metabolism in plants,
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which has applied implications regarding phytoremediation (Eide, 1997;
Guerinot & Eide, 1999).

Intracellular metal-binding molecules

Specific, low-molecular-weight (6000–10 000) metal-binding proteins,
termed metallothioneins, can be produced by animals, plants and microor-
ganisms in response to toxic metals (Howe, Evans & Ketteridge, 1997).
Other metal-binding proteins, phytochelatins and related peptides, con-
taining glutamic acid and cysteine at the amino terminus, have been
identified in plants, algae and several microorganisms (Rauser, 1995; Ha et
al., 1999; Cobbett, 2000). The metal-binding abilities of these and similar
molecules may have potential for bioremediation (Ow, 1996).

For copper and cadmium, intracellular detoxification in fungi predomi-
nantly depends on their sequestration in the cytosol by induced metal-
binding molecules (Hayashi & Mutoh, 1994; Macreadie et al., 1994; Ow et
al., 1994; Rauser, 1995; Ow, 1996; Presta & Stillman, 1997). These include
low-molecular-weight cysteine-rich proteins (metallothioneins (MT)) and
peptides derived from glutathione (phytochelatins) (Mehra & Winge,
1991; Macreadie et al., 1994; Ow et al., 1994; Wu, Sung & Juang, 1995;
Inouhe et al., 1996; Hunter & Mehra, 1998; Ha et al., 1999; Cobbett, 2000).
The latter peptides have the general structure (cGlu–Cys)

n
–Gly where n

may be up to 11 (Ow et al., 1994). As well as being termed phytochelatins,
such peptides are also known as cadystins and metal c-glutamyl peptides,
although the chemical structure (cEC)

n
G is a more precise description.

Although (cEC)
n
G induction has been reported with a wide variety of

metals, including silver, gold, mercury, nickel, lead, tin and zinc, metal
binding has only been shown for a few, primarily cadmium and copper
(Ow et al., 1994). For cadmium, two types of complex exist in Schizosac-
charomyces pombe and Candida glabrata. A low-molecular-weight com-
plex consists of (cEC)

n
G and cadmium, whereas a higher-molecular-

weight complex also contains acid-labile sulfide (Murasugi, Wada &
Hayashi, 1983; Ow et al., 1994). The (cEC)

n
G–Cd–S2~ complex has

greater stability and higher cadmium-binding capacity than the low-mol-
ecular-weight complex and has a structure consisting of a CdS crystallite
core and an outer layer of glutathione and (cEC)

n
G peptides (Dameron et

al., 1989; Torres-Martinez et al., 1999). The higher binding capacity of the
sulfide-containing complex confers a greater degree of tolerance to cad-
mium (Ow et al., 1994). In S. pombe, evidence has also been presented for
subsequent vacuolar localization of (cEC)

n
G–Cd–S2~ complexes, illustra-

ting a link between cytosolic sequestration and vacuolar compartmenta-
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tion (Ortiz et al., 1992, 1995; Ow, 1993, 1996). Finally, it should be noted
that phytochelatin–CdS complexes can behave like semiconductor nano-
crystallites, providing a further possibility for industrial applications (Bae
& Mehra, 1998). Incorporation of sulfide into zinc–histidine resulted in
histidine–ZnS nanocrystals, which possessed photocatalytic properties:
efficient degradation of paraquat and p-nitrophenol was demonstrated in
the presence of ultraviolet irradiation (Kho et al., 2000). Glutathione- and
cysteine-capped ZnS nanocrystals were also efficient in degrading test
model compounds (Torres-Martinez et al., 1999) and photoreducing the
dyes Methyl Viologen, Basic Fuchsin and Naphthol Blue Black, respect-
ively (Bae & Mehra, 1998).

Although the main function of S. cerevisiae MT (yeast MT) is cellular
copper homeostasis, induction and synthesis of MT as well as amplifica-
tion of the genes for MT leads to enhanced copper resistance in both
S. cerevisiae and C. glabrata (Macreadie et al., 1994). Production of MT
has been detected in both copper- and cadmium-resistant strains of
S. cerevisiae (Tohoyama et al., 1995; Inouhe et al., 1996; Presta & Stillman,
1997). However, S. cerevisiae cannot rely on MT synthesis as one of the
copper-resistance mechanisms when grown with Cd2̀ (Okuyama et al.,
1999). Relatively little work has been carried out on MT or (cEC)

n
G

peptides in filamentous fungi (see Gadd, 1993a; Galli et al., 1994; Howe et
al., 1997).

Eukaryotic MTs, including yeast MT, and other metal-binding peptides
have been expressed in Escherichia coli as fusions to membrane or mem-
brane-associated proteins such as LamB, an outer membrane protein that
functions as a coliphage surface receptor and is involved in mal-
tose/maltodextrin transport. Such in vivo expression of MTs provides a
means of designing biomass with specific and/or increased metal-binding
properties (Pazirandeh, Wells & Ryan, 1998; Sousa et al., 1998; Valls et al.,
1998; Chen et al., 1999). Expression of yeast and mammalian MTs in-
creased the ability of E. coli to bind Cd2̀ 15–20-fold, this increase correlat-
ing well with the number of metal-binding centres contributed by the MT
moiety of the protein fusions (Sousa et al., 1998). Metal-binding peptides
of sequences Gly-His-His-Pro-His-Gly (HP) and Gly-Cys-Gly-Cys-Pro-
Cys-Gly-Cys-Gly (CP) were engineered into LamB protein and expressed
in E. coli. Cd2̀ : HP and Cd2̀ : CP were 1: 1 and 3: 1 respectively. Surface
display of CP increased the Cd2̀ -binding ability of E. coli fourfold. Some
competition of Cu2̀ with Cd2̀ for HP resulted from strong Cu2̀ binding
to HP, indicating that the relative metal binding affinities of inserted
peptides and the wall to metal ion ratio were important in the design of
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peptide sequences and their metal specificities (Kotrba et al., 1999). An-
other gene encoding for a de novo peptide sequence containing the metal-
binding motif Cys-Gly-Cys-Cys-Gly was chemically synthesized and ex-
pressed in E. coli as a fusion with the maltose-binding protein. Such cells
possessed enhanced binding of Cd2̀ and Hg2̀ compared with cells lack-
ing the peptide (Pazirandeh et al., 1998).

Related to the application of metal-binding molecules is the identifica-
tion of genes encoding phytochelatin synthases, phytochelatins playing
major roles in metal detoxification in plants and fungi (Clemens et al.,
1999; Ha et al., 1999; Cobbett, 2000). This provides molecular evidence for
the role of phytochelatin molecules in metal tolerance since heterologous
expression of PCS genes dramatically enhanced metal tolerance. Future
research with microorganisms and plants may allow testing of the poten-
tial of PCS genes for bioremediation (Clemens et al., 1999). Additionally,
in the area of phytoremediation, plant metal tolerance may be improved
by transfer of fungal metal-resistance genes as well as by increasing
phytoextractive properties (Ow, 1996; Bae & Mehra, 1997). For example,
the yeast gene MT has been transferred into cauliflower, which enabled
selection of a cadmium-tolerant transgenic cauliflower that accumulated
more cadmium in the leaves than non-transformed plants (Hasegawa et
al., 1997).

As well as possible use in metal recovery, metal-binding molecules may
also have applications for the detection and measurement of toxic metals
ions in water. A rapid method for quantification of metal ions has been
developed using a chemically synthesized phytochelatin as a mediator: the
metal-binding property of the phytochelatin and quantification of the thiol
group were used to measure metal ions at low concentrations (Satofuka et
al., 1999). Other mechanisms for metal immobilization within cells include
precipitation, for example by reduction, sulfide production or association
with polyphosphate (Gadd, 1990, 1993a).

Extracellular metal-binding molecules

A diverse range of specific (see above) and non-specific metal-binding
compounds are produced by fungi, some of which are associated with
exterior surfaces and/or released into the environment. The most well-
known extracellular metal-binding compounds are siderophores, which
are low-molecular-weight ligands (500–1000) possessing a high affinity for
iron(III) (Neilands, 1981). They scavenge for iron(III) and complex and
solubilize it, making it available to the organisms. Although primarily
produced as a means of obtaining iron, siderophores are also able to bind
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other metals such as magnesium, manganese, chromium(III), gallium(III)
and radionuclides such as plutonium(IV) (Birch & Bachofen, 1990). Non-
specific extracellular metal-binding compounds range in size from small
molecules such as organic acids and alcohols to macromolecules such as
polysaccharides, and all may affect metal bioavailability and toxicity
(Gadd & Griffiths, 1978). Extracellular polymeric substances are produced
by many fungi, as well as by bacteria and algae, and may bind significant
amounts of potentially toxic metals (Geesey & Jang, 1990). Extracellular
polysaccharides may bind charged metal species, as well as adsorb or
entrap particulate matter such as metal sulfides and oxides.

Oxalate production

Organic acids are released into the soil by both plant roots and fungal
hyphae, with citric and oxalic acids being most commonly reported (see
previously and Chapter 14) (Fox & Comerford, 1990; Jones & Kochian,
1996; Gadd, 1999). However, while most metal citrates are highly mobile,
the production of oxalic acid by fungi provides a means of immobilizing
soluble metal ions, or complexes, as insoluble oxalates (Chang, 1993; Sayer
& Gadd, 1997; Gadd, 1999; Gadd & Sayer, 2000). A. niger can form
oxalate crystals when grown on agar amended with a wide range of metal
compounds including insoluble phosphates of calcium, cadmium, cobalt,
copper, manganese, strontium and zinc (Sayer & Gadd, 1997) and pow-
dered metal-bearing minerals (Sayer et al., 1997; Gharieb, Sayer & Gadd,
1998; Gharieb & Gadd, 1999). The formation of oxalates containing
potentially toxic metal cations may provide a mechanism whereby oxalate-
producing fungi can tolerate environments containing high concentrations
of toxic metals. Most metal oxalates are insoluble, some exceptions being
those of sodium, potassium, lithium and iron (Strasser, Burgstaller &
Schinner, 1994). Copper oxalate (moolooite) has been observed around
hyphae growing on wood treated with copper as a preservative (Murphy &
Levy, 1983; Sutter, Jones & Walchi, 1984). The copper appeared on the
surface of the wood and around hyphae as copper oxalate, which was
reported to be non-toxic because of its insolubility. Copper oxalate has
also been observed in lichens growing on copper-rich rocks, where it is
thought that the precipitation of copper oxalate could be a detoxification
mechanism; up to 5% (dry weight) copper was fixed in the lichen thallus as
copper oxalate (Purvis, 1984; Purvis & Halls, 1996). In contrast to the
formation of toxic metal oxalates, however, there are many reports of the
formation of calcium oxalate (whewellite, calcium oxalate monohydrate;
weddellite, calcium oxalate dihydrate) (Gharieb & Gadd, 1999). Oxalate,
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ubiquitous in the terrestrial environment, can reach concentrations of
10~3–10~6 mol l~1 in the soil (Allison, Daniel & Cornick, 1995). Calcium
oxalate crystals are often found around free-living hyphae (Tait et al.,
1999) and around mycorrhizal roots, where they are thought to have a
major role in calcium detoxification (Lapeyrie, Chilvers & Bhem, 1987;
Jones et al., 1992) as high concentrations of free calcium ions can be toxic
(Gadd, 1993a, 1995).

Metal and metalloid transformations

Mechanisms of transformation

Several species of fungi, including unicellular and filamentous forms, can
transform metals, metalloids and organometallic compounds by reduc-
tion, methylation and dealkylation, again processes of environmental and
biotechnological importance since transformation of a metal or metalloid
may modify its mobility and toxicity (Tamaki & Frankenberger, 1992;
Thompson-Eagle & Frankenberger, 1992; Gadd, 1993b; Losi & Franken-
berger, 1997). For example, methylated selenium derivatives are volatile
and less toxic than inorganic forms while reduction of metalloid oxy-
anions, such as selenite or tellurite to amorphous elemental selenium
or tellurium respectively, results in immobilization and detoxification
(Thompson-Eagle & Frankenberger, 1992; Morley et al., 1996).

Reduction

Reduction of Ag(I) to Ag(0) during fungal growth on AgNO
3
-containing

media results in blackened colonies with metallic silver(0) precipitated in
and around cell walls (Kierans et al., 1991). Both enzymic and non-
enzymic copper(II)-reducing systems have been purified from Debaryomy-
ces hansenii cell walls, with the enzyme being involved in the control of
copper(II) uptake (Wakatsuki et al., 1991a,b). In fact, it is now known that
reductive processes, for example, of copper(II) to copper(I) and iron(III)
to iron(II) are integral prerequisites for high-affinity transport of these
metals (Kosman, 1994; Lesuisse & Labbe, 1995; Eide & Guerinot, 1997).
Reduction of mercury(II) to mercury(0) by fungi has also been demon-
strated (Yannai, Berdicevsky & Duek, 1991) but, in contrast to bacteria,
there is little detailed characterization of this system. The ability of fungi to
reduce metalloids is perhaps more clearly demonstrated. Reduction of
selenate (SeVI) and selenite (SeIV) to elemental selenium can be catalysed by
numerous fungal species, resulting in a red coloration of colonies (Rama-
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dan et al., 1988). Both extracellular and intracellular deposition of sele-
nium(0) has been demonstrated (Gharieb, Wilkinson & Gadd, 1995).
Tellurite (TeO

3
2~) reduction to tellurium(0) results in black or dark grey

colonies (Smith, 1974). In a Fusarium sp. and Penicillium citrinum, trans-
mission electron microscopy revealed the deposition of large black gran-
ules, apparently in vacuoles, which corresponded with the reduction of
tellurite to elemental tellurium (Gharieb, Kierans & Gadd, 1999).

Methylation

The biological methylation (biomethylation) of metalloids has been dem-
onstrated in filamentous fungi and yeasts, and this frequently results in
their volatilization (Gadd, 1993b). Arsenic and selenium have received
most attention with the biochemical pathway for the fungal production of
trimethylarsine from arsenite first being suggested by Challenger (1945).
Subsequent studies have shown that several fungi, such as Gliocladium
roseum, Candida humicola and Penicillium sp., can convert monomethylar-
senic acid to trimethylarsine (Huysmans & Frankenberger, 1991; Tamaki
& Frankenberger, 1992). The pathway for arsenic methylation involves the
transfer of methyl groups as carbonium ions (CH

3
`) by S-adenosyl-

methionine (Tamaki & Frankenberger, 1992; Gadd, 1993b). Numerous
fungi can convert both selenite (SeO

3
2~) and selenate (SeO

4
2~) to methyl

derivatives such as dimethylselenide ((CH
3
)
2
Se) and dimethyldiselenide

((CH
3
)
2
Se

2
) (Thompson-Eagle, Frankenberger & Karlson, 1989; Thomp-

son-Eagle, Frankenberger & Longley, 1991; Brady, Tobin & Gadd, 1996).
Inorganic forms of selenium (SeO

3
2~, SeO

4
2~) appear to be methylated

more rapidly than organic forms, such as selenium-containing amino
acids, with the mechanism for selenium methylation appearing to be
similar to that for arsenic (Gadd, 1993b). The ability of fungi, as with
bacteria, to transform metals and metalloids has been utilized in the
bioremediation of contaminated land and water. Selenium methylation
results in volatilization, a process that has been used to remove selenium
from the San Joaquin Valley and Kesterson Reservoir, California, using
evaporation pond management and primary pond operation (Thompson-
Eagle et al., 1991; Thompson-Eagle & Frankenberger, 1992). Incoming
selenium-contaminated drainage water was evaporated to dryness and the
process repeated until the sediment selenium concentration approached
100 mg kg~1 on a dry weight basis. The volatilization process was then
optimized until the selenium concentration in the sediment fell to accept-
able limits, using parameters such as carbon source, moisture, temperature
and aeration (Thompson-Eagle & Frankenberger, 1992). There are few
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detailed studies on fungal biomethylation of other metals and metalloids.
Mercury biomethylation by fungal species has been reported (Yannai et
al., 1991), while there is evidence of dimethyltelluride ((CH

3
)
2
Te) and

dimethylditelluride ((CH
3
)
2
Te

2
) production from both TeO

3
2~ and

TeO
4
2~ by a Penicillium sp. (Huysmans & Frankenberger, 1991). Al-

though the production of volatile tellurium by a Fusarium sp. occurred
over the entire growing period, amounts were extremely small, indicating
that this process may not be an important detoxification mechanism
(Gharieb et al., 1999).

Dealkylation

Fungal organometal transformations may be envisaged for the removal of
alkylleads or organotins from water (Macaskie & Dean, 1987; 1990; Gadd,
2000b). Degradation of organometallic compounds can be carried out by
fungi, either by direct biotic action (enzymes) or by facilitating abiotic
degradation, for instance by alteration of pH and excretion of metabolites.
Organotin compounds, such as tributyltin oxide and tributyltin naph-
thenate, may be degraded to mono- and dibutyltins by fungal action,
inorganic tin(II) being the ultimate degradation product (Barug, 1981;
Orsler & Holland, 1982). Organomercury compounds may be detoxified
by conversion to mercury(II) by fungal organomercury lyase, the mer-
cury(II) being subsequently reduced to mercury(0) by mercuric reductase;
this system is broadly analogous to that found in mercury-resistant bac-
teria (Tezuka & Takasaki, 1988). Trimethyllead degradation has been
demonstrated in an alkyllead-tolerant yeast (Macaskie & Dean, 1987) and
in the wood-decay fungus Phaeolus schweintzii (Macaskie & Dean, 1990).

Conclusions

Mechanisms of fungal solubilization and immobilization of metal(loid)s,
radionuclides and related substances are of potential for bioremediation.
While biosorption has received little development in an industrial context,
work on metal leaching from contaminated matrices, metal(loid) trans-
formation and bioprecipitation shows promise of ‘field’ development as
well as providing fundamental scientific insights into metal–microbe inter-
actions. In addition to the biotechnological significance, it should be
emphasized that this work also provides understanding of the roles of
fungi in affecting metal mobility and transfer between different biotic and
abiotic locations and their importance in the biogeochemistry of
metal(loid) cycling in the environment.
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14
Heterotrophic leaching
HELMUT BRANDL

Introduction

Bacterial leaching of metals (bioleaching, biomining) from mineral re-
sources has a very long historical record (Rossi, 1990; Ehrlich, 1999).
Metals have been mobilized from sulfide minerals using processes that
involved autotrophic sulfur-oxidizing microorganisms, for example
Thiobacillus spp., although the involvement of microorganisms in this
process was demonstrated only in the 1920s (Rudolfs & Helbronner, 1922;
Waksman & Joffe, 1922). In 1947, Thiobacillus ferrooxidans was identified
in acid mine drainage as part of a microbial community that also included
several fungi (e.g. Spicaria sp.) (Colmer & Hinkle, 1947). Several industrial
processes have been developed based on these findings for the mining of
cobalt, copper, nickel, uranium, zinc and gold (Bosecker, 1997; Rawlings,
1997). However, all industrial applications to obtain metals from a series
of solid materials depend on the activities of sulfur-oxidizing microorgan-
isms.

Bioleaching is mainly based on three mechanisms. Besides proton-
induced metal solubilization and metal reduction or oxidation, metals can
also be mobilized from solid materials by ligand-induced metal solubiliz-
ation. Organic acids from heterotrophic microorganisms represent such
ligands. This is particularly important in the biohydrometallurgical treat-
ment of silicate, carbonate and oxide minerals since these materials cannot
be directly attacked by sulfur-oxidizing microorganisms. Further develop-
ments should enable heterotrophic leaching to be used to extract metals
from non-sulfide ores (Ehrlich, 1999). The broad diversity of heterotrophic
organisms provides a huge industrial potential that has been hardly inves-
tigated.

Fungi are known for their ability to form a broad spectrum of organic
acids (Bigelis & Arora, 1992; Zidwick, 1992). This metabolic potential can
be used not only for the mobilization of metals from various sources such
as primary ores but also to recycle metals from waste materials such as fly
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ash, galvanic sludge and electronic scrap (Burgstaller & Schinner, 1993)
and, possibly for the bioremediation of metal-contaminated soils. Bio-
leaching allows metal cycling by a process close to natural biogeochemical
cycles and can contribute to sustainable development, reducing the
demand for non-renewable resources such as ores or fossil fuel.

Historical background

One of the first reports where heterotrophic leaching by fungi and bacteria
might have been involved in the mobilization of metals is given by the
Roman writer Gaius Plinius Secundus (23–79 ). In his work on natural
sciences, he describes how copper minerals are obtained using a leaching
process (Liber XXXIII, v. 86; König, 1989).

Chrysocolla umor est in puteis, quos diximus, per venam auri defluens
crassescente limo rigoribus hibernis usque in duritiam pumicis.
Laudatiorem eandem in aerariis metallis et proxinam in argentariis fieri
conpertum est. Invenitur et in plumbariis, vilior etiam auraria. In omni-
bus autem his metallis fit et cura multum infra naturalem illam inmissis in
venam aquis leniter hieme tota usque in Iunium mensem; dein siccatis
Iunio et Iulio, ut plane intellegatur nihil aliud chrysocolla quam vena
putris.

The translation reads approximately as follows.

Chrysocolla [hydrated copper silicate] is a liquid in the before mentioned
gold mines running from the gold vein. In cold weather during the winter
the sludge freezes to the hardness of pumice. It is known from experience
that the most wanted is formed in copper mines, the following in silver
mines. The liquid is also found in silver mines although it is of minor
value. In all these mines chrysocolla is also artificially produced by slowly
passing water through the mine during the winter until the month of
June; subsequently, the water is evaporated in June and July. It is clearly
demonstrated that chrysocolla is nothing but a decomposed vein.

This report leads to the suggestion that the metal is solubilized by micro-
organisms other than thiobacilli because chrysocolla is a silicate mineral.
Therefore, copper might have been mobilized by heterotrophic organisms
including fungi. However, the technical descriptions of the process by
Plinius remain somewhat unclear and have other possible interpretations.

Fungi can also attack solid materials such as minerals or building
materials (Sterflinger, 2000). An early description of this is found in the
Old Testament (Leviticus 14: 36, 14: 37)

Then the priest shall command that they empty the house, before the
priest go into it to see the plague, that all that is in the house be not made
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unclean: and afterward the priest shall go in to see the house.
And he shall look on the plague, and, behold, if the plague be in the

walls of the house with hollow strakes, greenish or reddish, which in sight
are lower than the wall . . .

This describes the growth of red and green organisms (fungi? lichens?) on
the walls of houses, creating pits and cavities (see also Krumbein &
Schönborn-Krumbein, 1987). Fungi can be enriched and isolated from
weathered sandstone buildings and monuments (de la Torre et al., 1991;
Palmer, Siebert & Hirsch, 1991; Hirsch, Eckhardt & Palmer, 1995). It has
been demonstrated that organic acids are formed in situ even in conditions
of low nutrient availability (Palmer et al., 1991). Early reports describe
the solubilization of fine powdered glass and a variety of minerals by oxalic
acid, which is a fungal metabolite (Slater, 1856). Phosphates of iron, silver,
zinc and copper, arsenates of iron, silver and copper, chromates of zinc,
bismuth, barium, mercury and lead are also decomposed by oxalic acid.
Slater (1856) assumed that the influence of lichens containing oxalic acid
was a major factor in effecting the disintegration and decomposition of
rocks.

Fungal biodiversity

A large number of fungi can mobilize elements from solid substrates
(Table 14.1). Aspergillus niger and Penicillium simplicissimum are the
strains most commonly used for biohydrometallurgical treatments. Gen-
erally, Aspergillus and Penicillium spp. are known to be very effective
producers of organic acids either from the citric acid (TCA) cycle (e.g.
citric and oxalic) or derived from glucose (e.g. gluconic acid) (Bigelis &
Arora, 1992). This is commercially exploited in large-scale production of
citric acid, which is a billion-dollar business (Demain, 2000).

Three different techniques have been employed to study and to achieve
metal solubilization by fungi. In the first, microorganisms are grown on the
surface of solidified media that contains powdered minerals (plate tech-
nique) (Sayer, Raggett & Gadd, 1995). During fungal growth the minerals
are solubilized as acids are formed, which allows an optical measure (clear
zone) of metal leaching. In a one-step (batch) process organisms are grown
in the presence of solid substrates for a certain time period (a few days up
to several months). Mobilized metals are determined in the supernatant.
However, growth can be reduced or inhibited by the presence of toxic
elements, which will reduce leaching efficiencies and metal yields. In addi-
tion, for a technical application, the biomass/mineral phase mixture might
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pose a problem and limit downstream processing. Solubilized metals can
be also adsorbed by the fungal biomass. The third technique is a two-step
process in which fungi are grown in the absence of metal-containing solids
to allow optimal production of organic acids in high concentrations.
Subsequently, the biomass is separated, for example by filtration, and the
supernatant is used for the second leaching step. This method allows the
leaching temperatures to be increased and, therefore, the treatment dur-
ation is reduced. However, as yet there are no industrial-scale applications.

Most biohydrometallurgical treatments have been performed at tem-
peratures of 25–35°C. For industrial applications (especially field applica-
tions), processes at lower temperatures might be important to reduce costs
for cooling and heating and to allow the development of processes such as
soil bioremediation and in situ metal leaching processes in colder geo-
graphic regions. Thermophilic fungi have not been exploited for bioleach-
ing purposes.

Various solid substrates have been microbiologically processed to leach
elements of interest (Table 14.1). In many cases natural minerals and ores
were treated; for example, metals from a series of silicate minerals were
mobilized (Table 14.1). In contrast, only a few reports are available on the
treatment of metal-containing industrial waste materials by fungi (e.g.
Singer, Navrot & Shapira, 1982; Burgstaller, Strasser & Schinner, 1990;
Bosshard, Bachofen & Brandl, 1996; Drewello & Weissmann, 1997; Krebs
et al., 1997). Consequently there are a large number of potential applica-
tions for fungi biohydrometallurgical waste treatment and the mobiliz-
ation and recovery of metals.

Metal leaching from fly ash

Electric filters are used to retain fly ash during municipal solid waste
incineration, resulting in a solid concentrate containing a wide variety of
elements mostly as oxides (Bosshard et al., 1996). High concentrations of
heavy metals, for example cadmium, copper, nickel, lead and zinc, pose an
environmental hazard requiring post-treatment (immobilization with ce-
ment) and disposal in controlled landfills. This is not entirely satisfactory.
Some of the elements (aluminium, zinc) are present in concentrations that
allow an economical metal recovery. Others (e.g. silver, nickel, zirconium)
are present at relatively low concentrations, comparable to low-grade ores,
which makes conventional recovery difficult. In these cases, microbial
processes are the only possible technique to obtain metal values from these
materials. As these residues have low toxicities, a biological recovery
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Fig. 14.1. Metal mobilization from fly ash originating from municipal
waste incineration in suspension (20 g 1~1) after 14 to 21 days of incuba-
tion at 30°C by Aspergillus niger (from Brandl, 1999), Bacillus mega-
terium, Pseudomonas putida and Thiobacillus sp. The original metal con-
centration in the fly ash was, 0.5, 0.6, 1, 0.1, 8, and 31 g kg~1 for
cadmium, chromium, copper, nickel, lead, and zinc, respectively.

process is potentially possible. The expected shortage of non-renewable
resources is a stimulation for the development of new or improved tech-
nologies to supply raw materials. The use of microbiological (fungal as
well as bacterial) leaching processes offers a possibility of obtaining metals
from mineral resources such as fly ash (Bosecker, 1994; Torma, 1988).

In the presence of fly ash, A. niger produces mainly gluconic acid,
whereas in its absence citric acid is formed (Bosshard et al., 1996). Citric
acid formation is enhanced in low-manganese medium through inhibition
of the enzymes of the TCA cycle apart from citrate synthase. In addition,
low pH has been reported to favour citric acid formation whereas higher
pH values, which might result in the presence of the highly alkaline fly ash,
stimulate oxalic and gluconic acid formation (Grewal & Kalra, 1995).

Figure 14.1 compares the effectiveness of metal leaching from a fly ash
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suspension by A. niger with other heterotrophic organisms (Bacillus mega-
terium, Pseudomonas putida) as well as autotrophic Thiobacillus spp. Good
mobilization was achieved for cadmium, lead and zinc. A. niger seems to be
especially suited for the mobilization of lead compared with the other
organisms. Almost 100% of the lead is mobilized when suspensions with
higher fly ash concentrations are treated (Bosshard et al., 1996).

Metal leaching from electronic waste material

Relatively short lifetimes of electrical and electronic equipment are leading
to an increased amount of waste materials. In Switzerland, approximately
110 000 tonnes of electrical appliances have to be disposed yearly, in
Germany it is ten times more (1.5 million tonnes). Specialized companies
are responsible for recycling and disposal. The equipment is dismantled,
manually sorted and subjected to a mechanical separation process. Dust-
like material is generated by shredding and other separation steps during
mechanical recycling of electronic wastes: approximately 4% of the 2400
tonnes of scrap treated yearly by a specialized company (IMMARK AG;
Kaltenbach, Switzerland) is collected as fine-grained powdered material.
Whereas most of the electronic scrap can be recycled and processed in
metal manufacturing industries, dust residues have to be disposed in
landfills or incinerated. However, these residues contain metals in concen-
trations that might be of economical value, for example 237, 80, 15, 20, 23
and 26 g kg~1 dust for aluminium, copper, nickel, lead, tin and zinc,
respectively; there are also small amounts of silver and gold. If a suitable
treatment and recovery process was available, this material might serve as
a secondary metal resource.

Only limited data are available on the bioleaching of metals from
electronic waste materials (Krebs et al., 1997). Heterotrophic bacteria and
fungi, namely Bacillus spp., Saccharomyces cerevisiae, Yarrowia lipolytica,
have been used to mobilize lead, copper and tin from printed circuit boards
(Hahn, Willscher & Straube, 1993). Aluminium, copper, lead, nickel, tin
and zinc have been leached from dust-like residues from the mechanical
recycling of used electronic equipment by A. niger and P. simplicissimum
(Brandl, Bosshard & Wegmann, 1999). In general, A. niger and P. sim-
plicissimum are able to grow on electronic scrap at concentrations of
\ 10 g l~1 scrap in the medium (Brandl et al., 1999). After a prolonged
adaptation time of 6 weeks and longer, fungi also grew at concentrations
up to 100 g l~1. During growth on sucrose, various organic acids (citric,
gluconic, oxalic acid) are formed. After an incubation period of 21 days,
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A. niger formed 3 mmol l~1 oxalate and 180 mmol l~1 citrate, whereas
P. simplicissimum formed 5 mmol l~1 oxalate and 20 mmol l~1 citrate over
the same period (Brandl et al., 1999). Differences can be seen, therefore, in
the leaching pattern of the two fungal strains. In general, P. simplicissimum
is able to mobilize more metals than A. niger under the same conditions.
However, A. niger has a certain preference for mobilization of copper: 65%
of copper and tin present in electronic scrap was mobilized, and [ 95% of
aluminium, nickel, lead and zinc. A two-step process seems appropriate to
increase leaching efficiencies for an industrial application. In a first step,
organisms would be grown in the absence of electronic scrap; this would be
followed by a second step where the formed metabolites are used for metal
solubilization. This has already been suggested for metal mobilization
from fly ash by both fungi and bacteria. There are several advantages with
this approach: (i) biomass is not in direct contact with the metal-contain-
ing waste and might be recycled; (ii) waste material is not contaminated by
microbial biomass; (iii) acid formation in the absence of waste material can
be optimized; and (iv) higher waste concentrations can be applied com-
pared with a one-step process, resulting in increased metal yields. In
addition to the two-step process, microorganisms might be selected by
adaptation experiments to tolerate electronic scrap at elevated concentra-
tions and to leach metals selectively from such materials.

Metal leaching from soil

Fungi are a fundamental and vital part of the soil microbial flora, account-
ing for the bulk of microbial biomass in the soil. They are extensively
involved in the biogeochemical cycling of elements (Foster, 1949). At the
beginning of the twentieth century, the important role of fungi in soil as
producers of a series of acids was recognized (Heinze, 1906). Insoluble
carbonates and magnesium minerals as well as phosphate-based fertilizers
are solubilized and bioavailability for plants is increased. Carbon dioxide
formed during respiration can also contribute to the dissolution of min-
erals. A. niger has been used in a growth biotest to assess the bioavailability
of elements such as potassium, magnesium or phosphorus in soils (Niklas
& Poschenrieder, 1932; Mehlich, Truog & Fred, 1933). The method in-
volved the mobilization of a certain compound that was absent in the
growth medium and which the fungus, therefore, needed to solubilize from
the soil. Besides different soil samples, the release of potassium from
biotite, muscovite, glauconite and microcline was also investigated using
this technique.
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The solubilization of major soil mineral elements such as aluminium,
calcium, iron, manganese, silicon, sodium or titanium from carbonates,
oxides, phosphates, silicates or sulfides is the result of interactions between
rocks and the biosphere and is termed weathering (Berthelin, 1983; Robert
& Berthelin, 1986; Hirsch et al., 1995). Fungi can act as geological agents
affecting these biogeochemical processes through metal speciation as well
as metal solubilization and immobilization (Gadd, 1999; Sterflinger, 2000).
Fungal metal-leaching activities in soil depend on several factors such as
the soil nutrient status (mineral availabilities), particle size or mineral type
(which influences resistance to weathering through crystal structure) (Ber-
thelin, 1983; Tan, 1986). The effects of bacteria and fungi on soil minerals
occur through mechanisms such as acidolysis, complexolysis, and/or re-
doxolysis. A series of organic acids can be found in soil originating from
fungal (as well as bacterial) metabolism, resulting in organic acidolysis and
complex and chelate formation (Berthelin, 1983; Tan, 1986). A kinetic
model of the coordination chemistry of weathering has been developed
that describes the dissolution of oxides by protonation of the mineral
surface as well as by the surface concentration of suitable complex-forming
ligands such as oxalate, malonate, citrate and succinate (Furrer & Stumm,
1986). Proton-induced and ligand-induced mineral solubilization occurs
simultaneously in the presence of ligands under acidic conditions. Re-
doxolysis is of minor importance in fungi. However, inorganic metal
sulfides can be oxidized by A. niger or Trichoderma harzianum, but only to
a small extent (Wainwright & Grayston, 1986). It has been hypothesized
that these organisms cannot be effectively applied to leach metals from
sulfides because of fungal metal uptake or metal adsorption.

Only recently have leaching activities of fungi been exploited for the
bioremediation of metal-contaminated soils (Roane, Pepper & Miller,
1996; Gadd et al., 1998; Gray, 1998). Surprisingly, the use and technical
application of this metabolic potential is hardly investigated in spite of
broad fungal biodiversity and the knowledge accumulated from studies on
the effect of organic acids on soil minerals (Table 14.1).

Conclusions

Research developments and technical applications of the metabolic poten-
tial of fungi for metal leaching from metal-containing solids could exploit a
number of different areas of fungal metabolisms, and biohydrometallurgi-
cal applications could consider leaching by heterotrophic microorganisms,
including fungi (Ehrlich, 1999). However, there are several drawbacks in
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pursuing this goal. Usually, conditions for thiobacilli-mediated leaching
are very restrictive (extremely low pH) and consequently can proceed
without sterilization of growth media and solid materials. In contrast,
leaching activities of heterotrophic organisms take place over a much
broader pH range, giving rise to possibilities of contamination with un-
wanted microbial flora. As a result, sterility might become a problem both
for large-scale applications and from an economical point of view (i.e.
energy costs). Another economic restriction is the organic carbon sources
required for fungal growth and acid formation (see Table 14.1). Generally,
these carbon sources represent a major cost factor. The availability of an
inexpensive carbon source, for example sugar molasses or by-products
from the food industry, is a prerequisite for the development of hetero-
trophic leaching processes.

The use of thermophilic fungi may overcome some of these limitations.
In general, thermophilic fungi have simple nutritional requirements and
are often characterized by high growth rate and fast substrate turnover
(Satyanarayana, Johri & Klein, 1992). In addition, they are more resistant
to stress conditions. Contamination problems are minimized because of
their high cultivation temperature. However, thermophilic fungi have not
yet been evaluated for applications in metal mobilization.

Other advantages of using fungi for metal mobilization would ensue
from their differing metal leaching patterns from those of the sulfur-
oxidizing bacteria; depending on the strains used, growth conditions and
metal-containing solids, certain metals, such as lead and tin, are solubilized
that cannot be leached by thiobacilli. A stepwise process that combines
fungal and bacterial versatility might result in very effective metal mobiliz-
ation and increase recovery yields.

Another broad area that still requires to be evaluated is fungal treat-
ment of metal-containing waste materials from industrial processes.
These materials can serve as secondary raw materials and reduce the
demand for primary resources. However, a prerequisite is the develop-
ment of a process that is technically and economically feasible as well as
ecologically justifiable. As mentioned above, such processes might also be
applied for the bioremediation of soils contaminated with heavy metals.
In contrast to fungal remediation of wastewaters and other aqueous
solutions using biosorptive capacities to remove metals (Ahmann, 1997;
Kambe-Honjoh et al., 1998; Eccles, 1999), metal solubilization has hardly
been investigated. Combining both fungal mobilizing and immobilizing
abilities will lead to an integrated biologically based process, as already
demonstrated for bacteria involved in the sulfur cycle (sulfur oxidizers,
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sulfate reducers) (White, Sayer & Gadd, 1997; White, Sharman & Gadd,
1998).
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Eckhardt, F. E. W. (1979b). Über die Einwirkung heterotropher
Mikroorganismen auf die Zersetzung silikatischer Minerale. Zeitschrift für
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15
Fungal metal biosorption
JOHN M. TOBIN

Introduction

Interactions with microorganisms have long been recognized as playing a
key role in determining the cycling and ultimate fate of metals in the
environment. On the one hand, bioleaching from naturally occurring ores
or synthetic sources may result in the release and dispersion of metals
while, on the other hand, microbial sorption or accumulation processes
concentrate and tend to remove metal species from the surrounding envi-
ronment. The bioconcentration occasioned by the latter processes may
also represent an entry path into the food chain, with potentially fatal
consequences for higher organisms.

Microbial metal sorption or accumulation processes may be classified as
either dependent or independent of metabolism (Blackwell, Singleton &
Tobin, 1995). The former occurs in most, if not all microbial forms,
sorption depending on the physicochemical nature of the microbial cell
wall. Metal sorption or uptake (typically from the surrounding solution)
results from chemical and/or physical binding of metal ions to cell wall
functional groups and is, in the main, unchanged if the cells are living,
denatured or dead. Metabolism-dependent processes are generally slower
and involve active metal transport into and localization within the cell
interior (Blackwell & Tobin, 1999). In many instances non-active binding
occurs first and it is the initially bound metal that is subsequently trans-
ported to the cell interior.

The term biosorption has variously been applied to both the overall
process of metal uptake by biological materials and the non-metabolic
sorption process. Strictly, however, biosorption refers to non-active bind-
ing. The term bioaccumulation more accurately describes metabolism-
dependent microbial metal uptake (Gadd, 1990, Blackwell et al., 1995).
Biosorption has been defined as a ‘non-directed physiochemical inter-
action that may occur between metal species and cellular components
of biological species’ (Meyer & Wallis, 1997). Moreover, for most
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Fig. 15.1. Representative biosorption isotherms. Biosorption of Cu2` by
Rhizopus arrhizus at pH 4 (-); Cr3` by Mucor meihi at pH 4 (▲); Sr2` by
R. arrhizus at pH 4 (/); and Cr3` by M. meihi at pH 2 (5).

filamentous fungal species, metabolism-dependent metal uptake is small or
negligible compared with biosorption values (bioaccumulation has most
commonly been investigated in yeasts). Hence, for the purpose of this
review, the term biosorption will be generally adopted.

Fungal metal biosorption

Current interest in fungal metal biosorption dates principally from the
1980s although Adams & Holmes (1935) published related work much
earlier (Volesky & Holan, 1995). Studies of the potential of Rhizopus
arrhizus demonstrated that uptake levels exceeding those of commercial
ion-exchange resins for uranium and thorium were attainable (Tsezos &
Volesky, 1981). Biosorption levels were reported in terms of adsorption
isotherms, which show metal binding (in millimoles or milligrams metal
per unit mass of cells) as a function of the equilibrium or residual metal
concentration (mmolar) following a contacting or sorption time. Typical
biosorption isotherms for the uptake of Cr3̀ by Mucor meihi and Cu2̀ by
R. arrhizus are shown in Fig. 15.1. Similar work conducted with other
Rhizopus spp. and fungal genera showed that a broad range of cationic
metal ions were biosorbed to similar levels, typically of the order
of 0.1–1.0 mmol metal g~1 dry weight (Tobin, Cooper & Neufeld,
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1984; Treen-Sears, Martin & Volesky, 1984; de Rome & Gadd, 1987).
The possibility of using fungi as a means of treating metal/radionuclide-

bearing effluents became well accepted (Gadd & White, 1989; Siegel,
Galun & Siegel, 1990). However, a review of the recent literature reveals
that less than 20% of the papers published from 1998 to 2000 in the general
area of biosorption were devoted to fungal metal biosorption. This reflects,
in part, the increasing interest in applying the sorptive properties of
biomass systems to removal of organics and textile dyes from industrial
effluents (Bustard, McMullan & McHale, 1998; Hong, Hwang & Chang,
2000) and also the use of bacterial and algal biomass for biosorption
studies (Schiewer, 1999; Stringfellow & Alvarez-Cohen, 1999; Figueira,
Volesky & Ciminelli, 2000). Moreover, many recent published works tend
only to confirm or consolidate earlier findings. There exists a plethora of
research devoted to characterization of biosorption in different bi-
omass–metal systems under varying experimental conditions using iso-
therm fitting as the only modelling input. Currently, the state-of-the-art
work in fungal metal biosorption remains research based rather than
application based. Despite the development of a number of techniques and
patented processes (Veglio & Beolchini, 1997), actual industrial applica-
tion of the technology remains to be proven. This review addresses some of
the recent advances in the understanding and development of biosorption
processes. It is not an exhaustive survey of recent publications and, where
appropriate, reference is made to earlier works and biosorption by non-
fungal systems.

Biosorption levels and mechanisms

Recent studies of metal biosorption have largely confirmed the sorption
potential of fungal and other biomass types reported in earlier studies
(Pillichshammer et al., 1995; Yin et al., 1999; Zhou, 1999). Maximum
uptake levels for cationic metals fall generally in the range 0.1–1.0 mmol
metal g~1 dry weight. Selected biosorption values from recent studies are
presented in Table 15.1 (compilations of biosorption data from earlier
investigations are available in reviews by Volesky & Holan (1995), Single-
ton & Tobin (1996) and Veglio & Beolchini (1997) amongst others). As
seen in Table 15.1, a range of metals are biosorbed by most fungal biomass
types although some trends are evident. Uranium, or more specifically the
uranyl ion (UO

2
2̀ ), has consistently been found in these and earlier

studies to be taken up to a high level by most biomasses examined. Uptake
levels in excess of 0.8 mmol g~1 dry weight or 200 mg g~1 dry weight are
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Table 15.1. Selected fungal biosorbents and maximum uptake values (q
M

)

Maximum uptake
Fungal biomass Cation (mmol g~1) Reference

Rhizopus arrhizus
(pre-treated)

Cd2`
Pb2`
Cu2`
Zn2`

0.56
0.61
0.60
0.53

Yin et al., 1999

Aspergillus oryzae Cd2` 0.38 Yin et al., 1999
R. arrhizus Zn2` 0.21 Zhou, 1999
Mucor racemosus Zn2` 0.20 Zhou, 1999

Zn2` 0.18 Zhou, 1999
Mucor hiemalis Cr3` 0.42 Pillichshammer et al.,

1995
R. arrhizus Cr3` 0.21 Pillichshammer et al.,

1995
R. arrhizus Cu2` 0.40 Brady et al., 1999
Rhizopus oligosporus Pb2` 1.1 Ariff et al., 1999
Aspergillus fumigatus UO

2
2` 0.81 Bhainsa & D’Souza, 1999

Mucor meihi Cr3` 1.15 Tobin and Roux, 1998

commonly reported. Similarly, lead has repeatedly been found to be
biosorbed to high levels. Besides these, several divalent cations exhibit
somewhat lower sorption levels, in the range 0.1–0.5 mmol g~1 dry weight.
There are few recent studies of monovalent cation biosorption, though
earlier work reported that while Ag` is appreciably biosorbed (to a
maximum level of 0.5 mmol g~1 dry weight), alkali metals were not taken
up (Tobin et al., 1984).

In terms of biomass type, members of the order Mucorales consistently
exhibit high levels of uptake for a variety of cations. Specifically, biosorp-
tion to Rhizopus and Mucor genera is well documented and uptake values
are generally amongst the highest across a range of metals (Tobin & Roux,
1998). Despite early reports of high potential, Penicillium and Aspergillus
spp. were reported not to perform well as biosorbents (Volesky & Holan,
1995). However, more recent studies have provided contrasting evidence,
as seen in Table 15.1. Despite their popularity in biosorption investiga-
tions, yeasts (notably Saccharomyces cerevisiae and Candida maltosa) are
not amongst the best-performing biosorbents though they are frequently
employed as model organisms (Rapoport & Muter, 1995; Donmez &
Aksu, 1999; Tobin & Cooney, 1999).

There is agreement in the literature as to the general mechanisms under-
lying biosorption although the complexities of cellular structure have
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limited understanding of the detail. Many potential binding sites are
present in fungal cell walls, including chitin, amino, carboxyl, phosphate,
sulfhydryl and other functional groups (Norris & Kelly, 1977; Tobin,
Cooper & Neufeld, 1990), which may act individually or synergistically to
bind cations. While chitin and chitosan were identified to be key binding
sites in early studies (Tsezos & Volesky, 1982), carboxyl, phosphate and
other moieties are now recognized to be of principal importance (Tobin et
al., 1990; Volesky & Holan, 1995; Fourest, Serre & Roux, 1996). Recent
X-ray studies of lead bound to cell walls of Penicillium chrysogenum
indicated that phosphoryl groups accounted for up to 95% of binding, with
carboxyl groups making up 5%. At low concentrations, the carboxyl
groups were preferentially bound, however, because of their greater affin-
ity for lead ions (Sarrat et al., 1999). In contrast, carboxyl groups
are reported to account for up to 55 and 70% of zinc binding by
P. chrysogenum and Trichoderma reesei, respectively (Fourest et al., 1996).

The binding to these sites is usually ascribed to interactions that include
ion exchange, adsorption, complexation, coordination, crystallization and
precipitation (Tobin et al., 1990). However, the complexity and likely
combination of these processes means that the specifics of the binding are
unresolved. The general view is of an initial binding step involving either
ion exchange (as evidenced by ion release) or coordination (as evidenced
by proton release) followed, in certain conditions but not always, by a
crystallization/precipitation step. Various reasons have been advanced to
explain the amount of the initial binding step, including the effects of ionic
size (radius) and the chemical nature of the ions and cell wall functional
groups involved (the ‘hard and soft theory’) (Avery & Tobin, 1993).

Environmental factors that may influence the metal-binding capacity of
fungi include the pH of the solution, temperature, concentration of biosor-
bent and concentration of metal co-ions, both cationic and anionic. In
most cases, the effects of these parameters are consistent with a straightfor-
ward coordination/complexation mechanism of cation biosorption. Opti-
mum pH values for biosorption are usually in the 4–7 range. Below this,
increasing competition by H` for the binding sites diminishes cation
uptake levels (Fourest & Roux, 1992). Above pH 7, hydrolysis effects tend
to cause metal precipitation, which may increase the apparent removal
from solution but is not a biosorption phenomenon. Temperature has little
effect on biosorption levels within normal ranges, 5–30°C (Veglio &
Beolchini, 1997) but cation competition usually diminishes the uptake of
each of the competing ions, though total biosorption levels may be un-
changed. There have been no recent studies of the simultaneous biosorp-
tion of metal cations and anions.
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Biosorption of metal anions

Although several toxic metals and metalloids, including arsenic, selenium,
chromium, molybdenum and vanadium, occur in effluents in anionic form,
the majority of biosorption studies have focused on metal cations. Early
investigations of fungal anion biosorption demonstrated the marked pH
dependence of the process (Tobin et al., 1984). Non-living biomass of
R. arrhizus biosorbed molybdate and vanadate anions to 0.38 and
0.45 mmol g~1 dry weight, respectively, from a solution of pH 4.5 but at
pH 5.5 negligible biosorption occurred. More recently, biosorption of the
anions of platinum, palladium and molybdenum to the biopolymer
chitosan has been reported (Guibal et al., 1999a; Guibal, Milot & Roussy,
2000a).

Interest in the biosorption of chromium species has intensified because
of potential chromium contamination as a result of chrome tanning indus-
tries, leather, electroplating, mining, paints, pigments and wood preserva-
tion, film and photography (Pillichshammer et al., 1995; Niyogi, Abraham
& Ramakrishna, 1998). Although both CrIII and CrVI ions are released in
the effluent from these industries, CrVI is more toxic and carcinogenic.
Dead biomass of R. arrhizus, Rhizopus nigricans, Aspergillus niger and
Aspergillus oryzae has been reported to have good CrVI uptake capacities,
with 100% removal of CrVI from solutions of 100 and 200 mg l~1 (Bai &
Abraham, 1998). Immobilization of R. arrhizus in sodium alginate
(Prakasham et al., 1999) and in polyvinyl alcohol matrices (Niyogi et al.,
1998) had a negligible effect on chromate biosorption capacities, although
these are significantly lower than those of other biosorbents (see Table
15.2). However, as is the case with cations, comparisons between maxi-
mum uptake values are problematic. These values are extremely case
specific and vary widely depending on metal concentration, solution pH
and the form of the biosorbent.

The pH dependence of chromate and anion biosorption in general is
well established. The optimum pH for CrVI removal typically lies in the
range 1–2. Binding decreases with increasing pH, and negligible biosorp-
tion is not uncommon at neutral values. At low pH, functional groups
on the biosorbent are protonated and anion binding by electrostatic
attraction occurs. However, other factors may be involved. At low pH,
reduction of CrVI to CrIII has been reported in the presence of biosor-
bent material, though the mechanism is poorly understood (Sharma &
Forster, 1993). In addition, changes in speciation with varying pH may
alter both the ionic size and the charge of the moiety being biosorbed.
Variations in chromate speciation predicted by MINEQL software have
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Table 15.2. Fungal and plant-derived biosorbents for Cr[VI] and
maximum uptake values

Biomass Maximum uptake Reference

Rhizopus arrhizus (free) 23.07 mg g~1 Prakasham et al., 1999
R. arrhizus (alginate-immobilized) 23.88 mg g~1 Prakasham et al., 1999
Mucor hiemalis 0.16 mmol g~1 Pillichshammer et al., 1995
R. arrhizus (immobilized in
polyvinyl alcohol)

43.7 mg g~1 Niyogi et al., 1998

R. arrhizus (free) 46 mg g~1 Niyogi et al., 1998
Sphagnum moss peat 68 mg g~1 Sharma & Forster, 1993
Milled peat biomass 0.58 mmol g~1 Dean & Tobin, 1999

been correlated with peat biomass biosorption levels (Dean & Tobin,
1999).

Uptake of metal complexes and organic molecules

A notable recent development has been the focus on metal complexes and
organic molecules in biosorption studies. The range of compounds inves-
tigated includes biocides (Benoit, Barrusio & Calvet, 1998; Tobin &
Cooney, 1999), phenol derivatives (Aksu & Yener, 1998; Ning, Kennedy &
Fernandes, 1998), textile dyes (Bustard et al., 1998) and metal complexes
arising from ore processing, bleaching and tanning plants (Aksu & Calik,
1999; Christov, van Driessel & du Plessis, 1999; Gomez, Figueira &
Camargos, 1999). The adsorption of organochlorines and other organic
moieties by both living and dead fungal cells and activated sludge has been
investigated (Tsezos & Bell, 1989; Young & Banks, 1998). Pure R. arrhizus
cultures exhibit only reversible biosorption, with no evidence of the bio-
transformation reactions seen with activated sludge. The biosorption data
were well defined by Freundlich type isotherms (Tsezos & Wang, 1991).
Speciation of metal complexes is key in determining biosorption character-
istics. Anionic cyanide complexes would be expected to exhibit greater
biosorption levels from low pH environments, although the converse has
been reported (Aksu et al., 1999).

Fungal interactions with organometals are well documented and are the
basis of their use as fungicides. However, there are few quantitative reports
of biosorption levels. Triphenyltin (TPhT) and tributyltin (TBT) com-
pounds exhibited the greatest uptake to cyanobacteria, algae and yeasts
amongst a family of organotin compounds (Avery, Codd & Gadd, 1993;
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Tobin & Cooney, 1999) with maximum loadings in the range
0.5–0.6 mmol g~1 dry weight. These values are equivalent to typical maxi-
mum cation biosorption values as shown in Table 15.1. The organic
character of organotins and other organometals increases their liposolubil-
ity and consequently biosorption levels. TPhT and TBT uptake by yeast
was at least a factor of two greater than inorganic tin uptake under
equivalent conditions, although monomethyltin and trimethyltin uptake
was found to be negligible (Tobin & Cooney, 1999).

Biomass immobilization

Problems encountered in industrial-scale processing of microbial cells
include both the relative fragility of the cells and their small density
difference with water. Consequently, some form of immobilization within
a strengthening matrix is desirable to ensure stability and effective separ-
ation from processed solutions (Tsezos, Noh & Baird, 1988; Yin et al.,
1999). Immobilization techniques used for biosorption studies mirror
those of other biotechnology applications and are widely used with algal,
bacterial and biopolymer as well as fungal biosorbents. It should be
emphasized that the incorporation of non-biological immobilizing ma-
terial into the biosorbent particle may increase, decrease or have no effect
on the metal-sorbing capacity of the biosorbent (Hu & Reeves, 1997;
Brady, Tobin & Roux, 1999). In terms of the biosorption kinetics, the inert
material represents an additional mass transfer resistance that may signifi-
cantly retard the biosorption rate, as discussed below.

The growth of fungi (Aspergillus, Rhizopus and Penicillium spp.) in pellet
form through manipulation of the growth conditions has also been inves-
tigated (Treen-Sears et al., 1984; de Rome & Gadd, 1991; Pumpel &
Schinner, 1993; Huang & Chiu, 1994). Despite promising results, this has
not been followed up in recent studies. Instead, the use of immobilizing
matrices has been extensively examined (Tobin, White & Gadd, 1994;
Singleton & Tobin, 1996; Veglio & Beolchini, 1997). Three principal
techniques have been applied, which are described below.

Immobilization as a biofilm on inert matrices

Immobilization by growth to inert materials such as coal, sand and foam
particles has been shown for fungal species (Zhou & Kiff, 1991). Problems
associated with this approach include poor stability of the resulting biosor-
bent and limitations in reactor performance. However, enzymically
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mediated bacterial accumulation of uranium by a Citrobacter sp. has
demonstrated the potential of biofilm biosorption in continuous flow
reactors (Macaskie, 1990; Macaskie et al., 1995).

Entrapment in polymeric matrices

Both natural and synthetic gelling agents have been employed in the
production of biosorbent gel beads. Natural polymers such as alginate and
carrageenan, commonly used in immobilized living cell systems, produce
porous biosorbents with little reduction in biosorption kinetics. Func-
tional groups within these matrices, however, may alter the biomass bio-
sorption capacity. Moreover poor stability and low cell loadings reduce
overall efficiency (de Rome & Gadd, 1991; Tobin, l’Homme & Roux,
1993). Greater biosorbent stability is achieved by entrapment in synthetic
polymer gels. Materials used include polyacrylamide, polysulfone, poly-
ethylimine (Veglio & Beolchini, 1997) and silica gels; the last were used to
develop the patented, algae-based AlgaSORB process (Brierley, 1990).
Immobilization in synthetic polymers may cause little or no loss in metal-
binding capacity. Various polyurethane-based protocols yielded bacterial
biosorbents retaining 70–90% binding efficiency (Hu & Reeves, 1997).
Immobilization of R. arrhizus in polyvinyl formal caused no loss in copper-
uptake capacity (Brady et al., 1999). In both cases the biosorbent was
suitable for use in packed bed bioreactor configurations.

Chemical cross-linking

Common chemical cross-linking agents include formaldehyde, formalde-
hyde–urea mixtures, sulfone and divinylsulfone. Cross-linking of Penicil-
lium biomass with formaldehyde and Rhizopus biomass with
bis(ethenyl)sulfone increased metal uptake capacity by 10–30% compared
with untreated cells (Holan & Volesky, 1995). The majority of recent
biosorption studies involving cross-linking is devoted to algal or bio-
polymer systems (Guibal, Milot & Roussy, 1999b; Figueira et al., 2000;
Guibal, Vincent & Navarro-Mendoza, 2000b).

Continuous flow reactors

To date, most biosorption studies have been conducted in batch systems
with varying agitation rates. These configurations are simple to set up and
control and are useful in establishing both equilibrium and kinetic data.

432 J. M. Tobin



For the treatment of large volumes of dilute metal-bearing solutions,
however, continuous flow reactors are preferable. The development of
immobilized biosorbents facilitates the use of continuous systems. Packed
bed systems are the most commonly applied continuous flow configuration
and their use has been described elsewhere (Tobin et al., 1994; Kratochvil
& Volesky, 1998). Bioreactor residence time is a key parameter that
determines the extent of metal biosorption. Despite the rapidity of the
biosorption process in general, insufficient contact times markedly de-
crease removal levels (Tobin et al., 1994). Reductions in uptake efficiency
of 30–70% of batch system values have been reported in systems using
fungal mycelial pellets in packed columns (de Rome & Gadd, 1991).
Similarly, copper-uptake capacities were reduced by approximately 20%
for R. arrhizus biosorbent when used in upflow packed columns, although
the decrease was attributed to greater hydrogen ion competition (Brady et
al., 1999).

Some recent works have examined the use of multistage (stirred batch
and continuous) reactors using fungal, algal and bacterial systems (Sag &
Kutsal, 1995; Chang & Chen, 1999; Ozer, Ozer & Ekiz, 1999). Hollow-
fibre microfiltration processes (Chang & Chen, 1999) or centrifugation
(Sag & Kutsal, 1995; Ozer et al., 1999) was used for biomass–liquid
separation and the systems were amenable to simple mathematical
modelling.

Mathematical modelling

A number of models of varying degrees of complexity have been developed
for fungal and other types of biosorption. In the main, these parallel
mathematical models of traditional sorption processes and can be grouped
as equilibrium or kinetic models.

Equilibrium models

Data from the majority of equilibrium biosorption studies are reported in
terms of equilibrium isotherms (Tsezos & Volesky, 1981; de Rome &
Gadd, 1987; Brady & Tobin, 1994), as shown in Fig. 15.1. These are readily
modelled by Langmuir, Freundlich, or Brunauer, Emmett and Teller
(BET) type adsorption models (Langmuir, 1918; Freundlich, 1926;
Brunauer, Emmett & Teller, 1938). For example, the Langmuir model
relates metal biosorbed (mmoles per gram dry weight cells) to the equilib-
rium metal concentration in solution through a saturation curve type

433Fungal metal biosorption



function:

q = q
M

b C
%

1 + b C
%

(15.1)

where q is the metal biosorbed, q
M

is the maximum sorption capacity, C
%

is
the equilibrium metal concentration in solution and b is the Langmuir
constant related to binding strength.

In most cases, agreement between experimental data and models is very
good where only biosorption is involved, although in view of the generality
of the models this is not surprising. Where more complex interactions
occur, such as microbially mediated metal precipitation or metabolic metal
uptake, discrepancies are expected. Scatchard analyses have also been
applied to fungal biosorption data and result in characteristic curved plots
(Huang, Huang & Morehart, 1990; Avery & Tobin, 1993) that are indica-
tive of sorption to multiple and different binding sites in the biomass.

Where more than one metal is present in solution, as is the case in many
industrial and other effluents, competitive uptake or biosorption of each
metal may be expected. Binary isotherms, of which a number are available,
are required to model these systems (McKay & al Duri, 1989). For
example, the Langmuir isotherm equation may be extended to:
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where q
1

and q
2

are the quantities of metals 1 and 2 biosorbed at equilib-
rium concentrations C

1
and C

2
, respectively, q

M1
and q

M2
are the maxi-

mum metal loadings and a
1

and a
2

are the Langmuir constants related to
sorption energies of metals 1 and 2 respectively (Veglio & Beolchini 1997;
Ho & McKay, 2000).

This type of approach has been adopted in recent two-metal biosorption
studies, where the uptake of each metal has been plotted as a function of
both metal concentrations (Chong & Volesky, 1995; Schiewer & Volesky,
1995). By adding a second concentration axis to the standard isotherm
plot, the isotherm curve becomes a three-dimensional sorption isotherm
surface (Kratochvil & Volesky 1998). While curve-fitting to experimental
data is required to evaluate the model constants, the resulting systems can

434 J. M. Tobin



be used to predict the effects of untested co-ion concentrations on metal
biosorption levels. More recently, model modifications that allow for
metal-binding competition effects (Jain & Snoeyink, 1973) have been
adapted to multicomponent biosorption modelling with a reported signifi-
cant improvement in correlation with empirical data (Ho & McKay, 2000).
However, to date, these methods have been applied principally to algal and
other non-fungal biosorption systems.

An alternative approach to modelling two-component biosorption equi-
libria has been the adaptation of speciation software packages such as
REDEQL or MINEQL to include binding of metals by biosorption to
fungal and other surfaces (Tobin, Cooper & Neufeld, 1987, 1988; Kuyucak
& Volesky, 1988). In these studies, Langmuir parameters describing
metal–biomass biosorption were individually derived by experiment and
were incorporated into the speciation program. Model predictions of
two-component biosorption processes generally showed good agreement
with experimental data, although the technique did not account for bio-
sorption of non-metals or metals complexed with other solution compo-
nents.

Kinetic models

Models ranging from simple empirical models to those based on mass
transfer have been applied to biosorption kinetics in batch and continuous
flow systems. From a chemical engineering viewpoint, four principal mass
transfer factors that may affect biosorption rates are recognized: mass
transfer from the bulk solution, external film transport through the hy-
drodynamic layer surrounding the biomass, intraparticle diffusion, and the
biosorption step itself, which is considered to be relatively fast. If the
solution is well mixed, mass transfer resistance from the bulk solution is
negligible and most modelling studies focus on either film resistance or
intraparticle diffusion, or a combination of these.

Batch systems

A simple kinetic model based solely on external film mass transfer has been
recently used successfully to describe lead and zinc biosorption by waste
industrial fungal biomass (Puranik, Modak & Paknikar, 1999). The
authors noted that the dried biomass was hard and non-porous, indicating
that rate effects of intraparticle diffusion and sorption were negligible. In
contrast, in formulating a model of the biosorption of uranium to R.
arrhizus cells immobilized by a proprietary technique, the hydrodynamic
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Fig. 15.2. Breakthrough curves for copper effluent from a laboratory
scale Rhizopus arrhizus packed column. Flow rates are 11.6 (-) 5.9 (▲)
and 3.4 (5) ml min~1.

boundary layer (external film resistance), the non-biomass layer and the
intraparticle transport resistance were considered to be the major factors
controlling the biosorption rate (Tsezos et al., 1988). The modelling results
showed that, while film resistance could in fact be neglected, diffusion
through the non-biomass layer is as significant as that in the biomass itself.
Similarly, a pore-diffusion model has been used to describe the biosorption
of uranium by polyurethane-immobilized bacterial cells (Hu & Reeves,
1997).

Continuous flow reactors

Packed bed or column reactors are the configuration of choice for high-
volume sorption processes including biosorption. Performance is reported
in terms of breakthough curves showing column effluent concentration as
a function of either operating time or volume of solution treated. Typical
breakthrough curves are shown in Fig. 15.2 for copper removal by
R. arrhizus biosorbent immobilized in polyvinyl formal.

Conventional chemical engineering literature contains numerous ap-
proaches to modelling adsorption in packed or fixed bed reactors. Most
theoretical treatments involve consideration of intraparticle diffusion pro-
cesses and the mass transfer resistance of the external film, as described
above. Intraparticle diffusion is commonly described by either the
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homogeneous solid diffusion model (HSDM) or a pore diffusion model.
The former assumes that adsorption occurs to the outer adsorbent surface
and that diffusion of the adsorbed species into the adsorbent pellet follows.
The pore diffusion model assumes that diffusion occurs within the fluid
phase that occupies pores within the adsorbent pellet (Weber & Chak-
ravorti, 1974). The models can also be modified to treat binary adsorption
kinetics (Glover, Young & Bryson, 1990). However, because of their
complexity as well as problems associated with the heterogeneity of bio-
logical adsorbents, few microbial biosorption studies have applied these
models.

One simplifying approach that has been adopted in the investigation of
metal sorption to biomaterials has been the use of single resistance models
(McKay and Poots, 1980; McKay, Blair & Findon, 1986; Allen et al.,
1992). Under appropriate conditions, the relative effects of the external
film resistance and the intraparticle diffusion can be separated and evalu-
ated. For uranium sorption to modified chitosan, intraparticle diffusion
was found to be the rate-controlling factor (Guibal et al., 1993). A more
complex two-resistance model has successfully been applied to the sorp-
tion of copper and mercury by chitosan (McKay et al., 1986) and to dye
sorption by peat (Allen & McKay, 1987).

Although many recent studies of microbial biosorption contain break-
through curve results, comparatively few include mathematical analysis.
Brady et al. (1999) adopted an empirical approach using a simple two-
parameter model (Belter, Cussler & Hu, 1988) to relate the column effluent
concentration (C

%
) to the column residence time (t) through two empirically

found parameters: a characteristic time (t
0
) and a standard deviation (d):

C
%

C
*

=
1
2
(1 + erf(t −

t
0

dt
0

J2
)) (15.4)

where erf is the the error function and C
*
is the inlet concentration. When

the two parameters are evaluated by curve fitting to experimental break-
through curves, the model provided a basis for scale-up to operating
conditions outside the experimental range (Brady et al., 1999).

Classical approaches to mathematical modelling of traditional fixed bed
ion exchange/sorption processes have been adapted to biosorption work
with varying degrees of success. The Bohart–Adams (1920) model, orig-
inally developed for sorption of chlorine onto granular activated carbon,
has been applied to algal biosorption of cadmium (Volesky & Prasetyo,
1994), plant biosorption of zinc (Zhao & Duncan, 1998) and dye sorption
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to chitosan (McKay, Blair, & Gardner, 1984). However, it does not allow
for multicomponent sorption or variation in effluent parameters and is of
limited use in column design or scale-up (Zhao & Duncan, 1998).

Other models for fixed bed adsorption have been reviewed in recent
biosorption literature but without practical application. The equilibrium
column model is suitable for multicomponent systems and predicts sorbent
usage rates but neglects the mass transfer resistance of diffusion in and out
of the sorbent particles (Kratochvil & Volesky, 1998). More complete
models have been developed for ion-exchange or activated carbon column
modelling. These generally involve two or more mass transfer resistance
terms and result in complex differential equations requiring solution by
computer (Brausch & Schlunder, 1975; McKay & Bino, 1990; Tan &
Spinner, 1994). In general, these have not been applied to fungal metal
biosorption.

Conclusions

The potential of fungal biosorption for removal of cations from aqueous
effluent has been confirmed by numerous recent investigations. Further,
the sorption capacity for metallic anions and metal complexes has been
demonstrated to be comparable to that of commercial available sorbents.
Recent research has also increased our understanding of the underlying
mechanisms and the range of potential applications. Immobilization tech-
niques have been developed for fungal and other biosorbents that cause
minimal loss of sorption capacity or retardation of uptake rates. Math-
ematical models have been successfully applied to both equilibrium and
kinetic fungal biosorption data, although in most cases these have been
empirical. Nonetheless, although research in the field is advancing, practi-
cal application is still sparse. The industrial use of traditional ion exchange
or adsorption processes is well established and biosorption processes have
yet to be shown to be competitive. Enhanced sorption capacities or speci-
ficity, possibly achieved through genetic engineering techniques, will in-
crease the attractiveness of biosorption, though advances in this direction
are slow. However, growing awareness of the dangers of metal contamina-
tion and increasingly strict regulation of effluents are likely to increase the
demand for novel and complementary water treatment systems in the
future. Biological and biosorption processes have the potential to meet this
demand.
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16
The potential for utilizing mycorrhizal
associations in soil bioremediation
ANDREW A. MEHARG

Introduction

There is intense interest in utilizing plants to facilitate remediation of
contaminated soils because ‘rhizoremediation’ offers a low-cost and eco-
logically acceptable approach to dissipating pollutants in soils (Anderson,
Guthrie & Walton, 1993). The ability of a limited number of plant species,
which are normally endemic to naturally metalliferous soils, to hyperac-
cumulate metals is being explored with a view to remediating metal-
contaminated soils; the process is termed phytoremediation (Cunningham
et al., 1996). Phytoremediation as a technology has advantages and disad-
vantages, but as most hyperaccumulating species that are being explored
with a view to commercial exploitation are in the Cruciferae and are
generally non-mycorrhizal, these will not be considered in this review. The
degradation of organic pollutants in the rhizosphere has also received
considerable interest with a view to developing in situ remediation tech-
nologies (Anderson et al., 1993). It is here that mycorrhizal associations
have to be considered (Donnelly & Fletcher, 1994; Meharg & Cairney,
2000a).

Rhizosphere degradation of organic pollutants

A wide range of organic pollutants are degraded more rapidly in the
rhizospheres of most plant species tested than in bulk soils (Anderson et
al., 1993). This ‘rhizosphere effect’ varies according to the chemical being
degraded, the plant species used and the soil under study. The following
explanations are normally put forward to explain enhanced rhizosphere
degradation. First, rhizosphere carbon flow greatly stimulates microbial
activity in soil surrounding plant roots, and this enhanced microbial
activity results in an enhanced pollutant degradation rates. Second, roots
may release a range of plant secondary metabolites, which select for
microorganisms that can degrade these compounds. Organic pollutants
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may be analogues of these compounds and are degraded by the microbial
enzymic pathways utilized to exploit root-derived carbon sources. The
microorganisms may be able to utilize the pollutants as an energy source,
or they may co-metabolize the pollutants when growing on plant-derived
compounds of which the pollutants are analogues. Third, plasmid transfer
is thought to be more rapid and efficient in rhizosphere environments than
in bulk soil; when plasmid-borne genes are at a selective advantage in
polluted environments, the rhizosphere facilitates their dispersal. Finally,
the rhizosphere alters the physical/chemical structure of soil, thereby
altering pollutant partitioning and transfer. In particular, the transpira-
tion stream towards plant roots may enhance diffusion of soluble/semisol-
uble pollutants into the rhizosphere. While laboratory studies have
highlighted the potential for rhizoremediation, translating the observed
enhanced degradation in laboratory studies into field-suitable technologies
offers considerable challenges. It is the purpose of this chapter to outline
how exploiting/manipulating the mycorrhizosphere may be the answer to
solving many of the limitations of using plants to remediate soils con-
taminated with organic pollutants.

Limitations of rhizosphere remediation

When considering bioremediation (rhizoremediation and other forms of
biological manipulation) of contaminated soils, the remediating organ-
ism(s) must, at a minimum, satisfy three important requirements. The
pollutant must be bioavailable to the remediating organism(s), the organ-
ism(s) must be resistant to the pollutant(s) present at the concentrations
encountered on the site(s) to be remediated, and the organisms(s) must
possess the enzymic capacity to degrade the pollutant(s) of concern. In
practice, these requirements are very difficult to meet when considering
rhizoremediation. The spatial constraints affecting bioavailabilty are con-
siderable, especially for root systems. Specific root architectures will define
what volume of soil the roots/rhizospheres come into contact with, and the
depth to which soil profiles are occupied. Even if roots do come into
contact with soil containing the target contaminants, if the contaminants
have a high affinity for the soil phase (as exhibited by lipophilic aromatic
pollutants) or are sequestered or encapsulated within the soil matrix (in
small pores or within clay mineral lattices or organic matter), the rhizo-
sphere organisms will not effectively interact with the pollutants to trans-
form them. The volume of root–soil contact is critical as this will be a
crucial factor in the effectiveness and speed of rhizosphere remediation.
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A number of higher plants have evolved resistances to pesticides (Pur-
rington & Bergelson, 1999), but the evolution of resistance to industrial
chemicals has received little attention. As many sites that require remedi-
ation are contaminated with multiple organic and inorganic contaminants,
the ideal rhizosphere-remediating species should be resistant to a wide
range of pollutants. Metal (including multiple element) resistances have
been found in a range of plants (Macnair, 1993), which is significant for
remediation of organic pollutants in multiply contaminated sites. Besides
organic and metal contaminants, industrial sites may also be very unbal-
anced (from deficient to toxic levels) in macro- and micronutrients, have
very poor soil structures and anomalously high or low pH values. Plants
selected for the remediation of such sites must be adapted to the extreme
ecological niches typifying many contaminated environments. For sites
contaminated with multiple organic pollutants, the enzymic activities of
the organisms deployed to facilitate remediation must be able to degrade a
wide range of persistent organic pollutants (POPs). Mycorrhizal associ-
ations have many attributes that can be used to extend the capabilities of
rhizoremediation (Meharg & Cairney, 2000a). Consideration of how ec-
tomycorrhizal (EcM), ericoid mycorrhizal and arbuscular mycorrhizal
(AM) associations may be used for remediation purposes will be discussed
below. EcM remediation has received the most attention and will be
considered in the most detail.

Ectomycorrhizas

The ectomycorrhizosphere occupies virtually the entire surface organic F
(fermentation) layer of forest soils (Smith & Read, 1997), and as EcM
fungi have been shown to degrade a wide range of POPs (polychlorinated
biphenyls (PCBs), chlorinated phenols, nitrobenzenes, pesticides and poly-
cyclic aromatic hydrocarbons (PAHs)), there is potential to exploit the
ectomycorrhizosphere for bioremediation purposes (Donnelly & Fletcher,
1994; Meharg & Cairney, 2000a). Importantly, Meharg, Cairney &
Maguire (1997a) showed that 2,4-dichlophenol was degraded more effec-
tively by the mycorrhizal fungi when these occurred in symbiosis than by
the free-living mycelium. Heinonsalo et al. (2000) showed that crude oil
was degraded more rapidly in the mycorrhizosphere than in bulk soil.

POP-degrading bacteria may thrive in the ectomycorrhizosphere (Sar-
and et al. 1998, 1999), and bacteria and EcM fungi can work in concert to
facilitate POP degradation (Sarand et al. 1998). Bacterial numbers were
higher in mycorrhizal fungal mats present in oil-contaminated soil planted
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with Scots pine (Pinus sylvestris) than in non-mycorrhizal mat rhizosphere
soil or bulk soil (Heinonsalo et al., 2000). EcM fungal mats may alter
pollutant bioavailability in soil, and extracellular POP-degrading enzymes
released by EcM fungi can diffuse from the root surfaces, effectively
expanding the influence on POPs of the rhizosphere (Meharg & Cairney,
2000a). The benefits of utilizing EcM associations for bioremediation are
outlined below.

Root structure

EcM fungi increase the surface area of root systems by up to 47-fold,
greatly enhancing the volume of soil in contact with roots (Smith & Read,
1997). EcM fungal hyphae have much smaller diameters than roots, en-
abling them to penetrate microsites inaccessible to roots. As remediation
agents, trees also offer other potential benefits such as soil aeration
through root-induced soil cracks, which act as conduits for volatile escape
to the atmosphere. Trees also have high transpiration rates and the flux of
water to roots caused by transpirational demand may carry soluble com-
pounds into the rhizosphere.

Enzymic capabilities

Many EcM fungi produce a suite of POP-degrading enzymes, such as
laccases, tyrosinases, catechol oxidases, ascorbate oxygenases, hy-
droxylases, non-specific phenol oxidases, manganese peroxidases and lig-
nin peroxidases (Meharg & Cairney, 2000a). POP-degrading activities are
also expressed in symbiosis (Meharg et al., 1997a). All EcM fungal isolates
tested so far that degrade aromatic compounds (see Meharg & Cairney,
2000a) have been obtained from unpolluted soils, suggesting that ECM
fungi express POP-degrading activities constitutively in their natural habi-
tats. Therefore, no selection for, or evolution of, POP-degrading activity is
required for EcM fungi to degrade a wide range of aromatic pollutants.

Another very important consideration with respect to the enzymic capa-
bilities of EcM fungi is that the enzymes utilized in POP degradation are
non-specific with respect to their ability to transform aromatic rings
(Meharg & Cairney, 2000a). This means that many EcM fungi can degrade
a wide range of aromatic contaminants, including PCBs and other poly-
halogenated biphenyls, PAHs, chlorinated phenols, nitrotoluenes and the
pesticide chlorpropham (Meharg & Cairney, 2000a).

A range of the POP-degrading enzymes produced by EcM fungi are
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excreted extracellularly (Gramss, Günther & Fritsche, 1998; Meharg &
Cairney, 2000a), greatly increasing the volume of contaminated soil ac-
cessed by degrading enzymes. This extracellular activity confers consider-
able benefits to POP remediation as POPs generally have low mobility in
soil. Extracellular degradation of 2,4,6-trinitrotoluene (TNT) has been
demonstrated for EcM fungi (Meharg, Dennis & Cairney, 1997b). If
degrading enzymes diffuse to sites where POPs are present, this overcomes
bioavailability limitations, which many other forms of bioremediation
technologies suffer from. Extracellular POP-degrading enzyme production
is also the reason why white rot fungi (to which EcM fungi are related)
have been identified as efficient bioremediators of POPs (Barr & Aust,
1994).

The only study to identify metabolic pathways of aromatic pollutant
degradation by EcM fungi is the investigation by Green et al. (1999), which
showed that EcM fungi sequentially hydroxylate the non-fluorinated ring
of monofluorobiphenyl. The EcM fungi used in this study could not cleave
the aromatic rings of monofluorobiphenyl, and the compound was not
converted to its inorganic constituents. Meharg et al. (1997a) showed that
EcM fungi could convert 1,2-dichlorophenol to carbon dioxide. Given
that EcM fungi from uncontaminated habitats degrade a wide range of
aromatic pollutants, it is pertinent to ask why they do so. Although the
answer has not been resolved, the simplest hypothesis is that they naturally
inhabit soil environments that are rich in polymerized aromatics and
non-polymerized phenolic compounds. As EcM fungi in association ob-
tain carbon from their host (with perhaps the exception of the most
proximal hyphae), it is likely that they are degrading aromatic soil organic
matter to liberate nitrogen, phosphorus and other macro- and micronu-
trients as many EcM association habitats are deficient in these nutrients.

Resistance of ectomycorrhizal fungi and their hosts to pollutants

A number of tree species (such as birch, willow, loblolly pine and Scots
pine) and their associated EcM fungi are highly resistant to metal and
organic pollutants (Hartley, Cairney & Meharg, 1997; Cairney & Meharg,
1999). Consequently, they can colonize contaminated sites and will facili-
tate POP degradation in the presence of metal co-contaminants.

EcM fungi appear to be able to exhibit both constitutive and adaptive
resistances to metals; conflicting studies have suggested that either they
possess constitutive resistance to a wide range of toxic metals (regardless of
the metal status of their soils of origin) or that EcM fungi isolated from
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metal-contaminated sites have evolved resistance to the metals concerned
(Hartley et al., 1997). Only a limited number of tree species have been
screened for metal resistance (see Wilkinson & Dickinson, 1995), but from
these studies it appears that tree species colonizing contaminated soils
generally display constitutive resistances. Mycorrhizal fungi proliferate on
host roots in extremely contaminated sites such as old pesticide and
munitions manufacture and storage sites, mine tailings, oil spill sites,
chemical accident sites, coal gas sites and oil shales (Hartley et al., 1997;
Cairney & Meharg, 1999; Meharg & Cairney, 2000b). For example, Nic-
olotti & Egli (1998) found that additions of crude oil could stimulate or
inhibit EcM infection on Picea abies and Populus nigra, depending on a
range of factors. Oil addition altered EcM fungal community structure,
inhibiting some morphotypes, having a neutral effect on others and a
stimulatory effect on the remainder, with some morphotypes observed
only at the highest concentrations. These morphotypes were dominant at
high oil application rates. The P. sylvestris–Suillus bovinus association was
not impacted by the presence of 2% (w/v) toluene (Sarand et al., 1999).
P. sylvestris–S. bovinus/Paxillus involutus associations grown in the pres-
ence of petroleum hydrocarbons also showed no adverse impacts (Sarand
et al., 1998). When EcM fungi were tested under culture conditions, some
pollutants were toxic to the tested strains (TNT; Meharg et al., 1997b),
while other contaminants (such as organophosphate pesticides) were non-
toxic even at their maximum water solubilities (A. A. Meharg, unpublished
data).

The taxonomic diversity of EcM fungi is considerable (Molina, Mas-
sicotte & Trappe, 1992). This is highly advantageous for bioremediation. If
a number of fungal taxa/strains are sensitive to particular suites of pollu-
tants, it appears from a wide number of field observations that other
taxa/strains will step in to fill ecological niches vacated because of pollu-
tant stressors (see Hartley et al., 1997; Cairney & Meharg; 1999; Meharg &
Cairney 2000b).

Ectomycorrhizosphere microbial consortia

The ectomycorrhizosphere comprises a diverse community, with consider-
able structural and functional diversity exhibited between the EcM fungal
species in addition to the free-living fungi and bacteria harboured within
the mycorrhizosphere. As these free-living mycorrhizosphere organisms
can also express POP-degrading activities (Sarand et al., 1998, 1999), the
mycorrhizosphere comprises an environment ideally suited to POP degra-
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dation. P. sylvestris–S. bovinus/P. involutus associations grown in soil
contaminated with petroleum hydrocarbons formed bacterial biofilms
(harbouring plasmid-encoded catabolic genes for hydrocarbon degrada-
tion) on the surface of external hyphae (Sarand et al., 1998). Degradation
of m-toluate has also been observed in P. sylvestris–S. bovinus rhizospheres
inoculated with a strain of Pseudomonas fluorescens that possessed a
toluene-degrading plasmid (Sarand et al., 1999).

While EcM fungi may not have the metabolic capabilities to carry out
complete degradation of the mineral constituents for a range of POPs,
Green et al. (1999) demonstrated that EcM fungi could sequentially hy-
droxylate a fluorinated biphenyl ring. Ring hydroxylation is a ther-
modynamically limiting step in biphenyl ring degradation. If EcM fungi
can initiate metabolism of aromatic rings, free-living rhizosphere microor-
ganisms may facilitate subsequent metabolism. Initial EcM fungal metab-
olism of biphenyl rings may be particularly important in developing
ectomycorrhizosphere remediation technologies in that bacteria generally
require biphenyl as a co-substrate to degrade halogenated biphenyls (Don-
nelly & Fletcher, 1994; Gilbert & Crowley, 1997). The presence of EcM
fungi may negate the need for co-substrates. As it is undesirable to add
pollutants (i.e. biphenyl) to remediate pollutants, EcM associations may
offer a more elegant solution to remediation.

Enhanced degradation of tetrachloroethylene (TCE) and crude oil
have also been observed in intact ectomycorrhizospheres of Pinus taeda
(Anderson & Walton, 1995) and P. sylvestris (Heinonsalo et al., 2000),
respectively.

Field application of ectomycorrhizosphere technologies

When considering the utility of the ectomycorrhizosphere as a POP re-
mediation technology, the benefits and the limitations of the technique
must be explored. Considering first the limitations; like most potential
rhizoremediation technologies, ectomycorrhizosphere remediation is un-
tested in the field, and laboratory microcosm studies only demonstrate that
there is a potential for developing useful technologies. It is still necesary to
examine if field-scale application is feasible. Further, although fast-grow-
ing tree species (such as birch and willow) could be deployed, using trees to
facilitate remediation would still require years to decades. Consequently,
ectomycorrhizosphere remediation can only be used on sites where long-
term remediation is an option. In addition, ectomycorrhizosphere remedi-
ation is not suitable for sites where it is a requirement to remove the metal
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contaminant burdens. However, growing trees may have a number of
benefits. Economically, it may be viable to turn land over to forestry for
timber or fuel (i.e. willow coppicing). Aesthetically, trees may be used to
revegetate derelict zones to create amenity or wildlife areas.

The use of forestry to facilitate remediation may involve a number of
management strategies. Traditional forestry is one option. However, it
may be possible to bring certain types of waste (industrial effluent, sewage
sludge) to established forests and incorporate these wastes into surface
organic soil horizons. Management options would have to be thought out
carefully, with full long-term risk assessments

Ericoid mycorrhizal associations

Many of the attributes of EcM associations with respect to organic pollu-
tant remediation are also applicable to ericoid mycorrhizal associations.
The dominant ericoid mycorrhizal fungus Hymenoscyphus ericae has
many of the enzymic characteristics of EcM fungi (Smith & Read, 1997)
and, like EcM fungi, H. ericae is capable of degrading a wide range of
POPs (Donnelly & Fletcher, 1994; Meharg et al., 1997b; Green et al.,
1999). It is likely that EcM fungi and ericoid mycorrhizal fungi possess
similar POP-degrading activities as both classes occupy similar ecological
niches, such as acid, organic-rich, nutrient-deficient soils (Smith & Read,
1997).

Calluna vulgaris/H. ericae associations are often the dominant vegeta-
tion cover on highly metal(loid)-contaminated sites (Meharg & Cairney,
2000b) and, therefore, are ideally suited to colonizing such habitats. Other
ericoid associations are also known to colonize such sites (Meharg &
Cairney, 2000b). The ability of ericoid mycorrhizal associations to grow on
substrates contaminated with organic pollutants has received little or no
attention. H. ericae growth was unaffected in the presence of organophos-
phorus pesticides at the maximum water solubilities of the two insecticides
tested (A. A. Meharg, unpublished data). However, ericoid associations
tend to be slow growing. Hyphal extension from infected roots is limited
compared with the much more extensive hyphae of EcM fungi (Smith &
Read, 1997). Both of these factors may preclude ericoid associations from
bioremediation technologies in view of the advantages of EcM associ-
ations.

Arbuscular mycorrhizal associations

The POP-degrading activities of AM fungi have not been explored. This is
primarily because they cannot be cultured in the absence of their host, and
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the extracelluar hyphal network is not as extensive as EcM associations.
However, AM fungi may have a role in POP remediation by enabling
plants to establish on highly contaminated soils.

AM fungi are found colonizing roots on soils contaminated with crude
oil (Cabello, 1997; Nicolottti & Egli, 1998), on oil shale wastes (Stahl &
Williams, 1986), coal wastes and on lignite and calcite mine spoils
(Ganesan et al., 1991). They are also found on plants colonizing highly
metal(loid)-contaminated soils (Meharg & Cairney, 2000b). There is
mounting evidence that AM fungi evolve resistances to metal(loid) con-
taminants, enabling them to colonize mine wastes (Meharg & Cairney,
2000b). Meharg & Cairney (2000b) discuss the ecological significance of
metal(loid) resistances in AM fungi. The AM fungi may simply have
evolved resistances so that they can carry out their normal ecological
functions (such as nutrient acquisition for their host), or the AM fungi may
actually confer enhanced resistance to host plants. Evidence for the latter
hypothesis had been lacking until recently. Gonzalez-Chavez (2000)
showed that AM fungi from arsenic mine spoils further enhanced the
arsenate resistance of the already-arsenate resistant grass Holcus lanatus.
In a study of Violetum calaminarie, which is endemic on metaliferous soil,
Hildebrandt, Kaldorf & Bothe (1999) showed that its AM fungi consider-
ably enhanced the growth of Zea mays, Hordeum vulgare, Lupinus luteus
and Medicago vulgare on contaminated soil over that seen with a standard
AMF inocula. If AM fungal strains can stimulate the growth of plant hosts
that are of remediation interest for contaminated soil, the benefits for
rhizosphere remediation are obvious.

Conclusions

Rhizosphere remediation technologies are in their infancy. The potential is
great, both in terms of the mycorrhizal fungal and host germplasm avail-
able for exploitation and in the range of site-management strategies that
can be deployed using mycorrhizal associations. The technologies need to
be validated at a field scale to ascertain ultimately if rhizoremediation is
practical. Notwithstanding the exploitation of enhanced rhizosphere
degradation of POPs for remediation purposes, processes underlying POP
dynamics in the rhizosphere are also pertinent to pollutant fate and
behaviour in ecosystems and must be taken into account when assessing
the ecological implications of chemicals in surface soils.
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17
Mycorrhizas and hydrocarbons
MARTA NOEMÍ CABELLO

Introduction

Knowledge of plant–microorganism interactions is of great importance for
bioremediation and phytoremediation. A wide variety of microbial popu-
lations live in natural and agricultural soils, and in marginal soils con-
taminated with xenobiotics. Plant roots strongly influence the surrounding
environment, producing the so-called ‘rhizosphere effect’ in which micro-
bial populations are qualitatively and quantitatively altered with, recipro-
cally, their metabolism directly affecting plant biology and the
accompanying biota.

Arbuscular mycorrhizal fungi (AMF) belong to the wide spectrum of
soil microbiota and are able to improve the growth of the host plant,
particularly in soils of low nutritional status or in those modified by
human activity. This positive effect can be ascribed to the improvement of
nutrient uptake by mycorrhizal colonized plant roots and the increase of
soil volume explored for nutrient uptake by the plant, extending from
areas in which nutrients have been exhausted to new regions where they are
still available. An understanding of the interactions of arbuscular and
vesicular–arbuscular mycorrhizas, together with the remaining soil micro-
organisms naturally associated with plant roots, will provide the basis for
development of an important biotechnological tool for bioremediation.

Bioremediation is a managed or spontaneous process in which biologi-
cal, especially microbiological, catalysis acts on pollutant compounds,
thereby reducing or eliminating environmental contamination (Madsen,
1991). Phytoremediation is a natural process involving plants, especially
those that are able to survive in contaminated soil and water (Watanabe,
1997), their associated microbiota, appropriate soil amendments and ag-
ronomic techniques that remove, contain, or detoxify environmental con-
taminants (Cunningham et al., 1996). These processes have become im-
portant since the expanding use of hydrocarbon derivatives from
petroleum, as a source of energy and raw materials for industrial purposes,
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has resulted in a dramatic increase in contaminants in soil and water. This
phenomenon is a global environmental problem. Spillages during the
extraction and storage of crude oil and its derivatives regularly contami-
nate surrounding soils; such pollution is also increased by overflows during
crude oil processing owing to failures in cleaning, refrigeration and trans-
port. The deleterious effects of oil derivatives are very serious because they
affect all levels of biological hierarchy, from subcellular components to the
highest trophic levels of ecosystem organization (Bossert & Bartha, 1984).

Soil pollution with hydrocarbons has strong and negative effects on
plant communities. Contact toxicity occurs because the low-boiling-point
hydrocarbon components have a solvent action on the lipid membrane
structures of cells; this toxicity increases with increasing polarity and
decreases with increasing molecular weight (McGill, Rowell & Westlake,
1981). Petroleum products also have indirect effects through interactions
with biotic and abiotic soil components (Bossert & Bartha, 1984). Plant
roots can be deprived of oxygen because of exhaustion of soil oxygen by
hydrocarbon-degrading microorganisms and of nutrients by competition
between plants and microorganisms. Intermediate metabolites generated
by incomplete microbial degradation of oil can be even more toxic than
their precursors and increase the phytotoxicity of contaminated soils if
they are not removed by leaching or humification processes. In addition,
oil alters the physical structure of soil, for example decreasing its capacity
to store moisture and air (de Jong, 1980).

Arbuscular mycorrhizal symbioses are crucial for present-day natural,
terrestrial ecosystems (Harley & Smith, 1983); they may have developed
with the first appearance of vascular plants on earth and may have strongly
influenced plant succession (Pirozynski, 1981). Consequently, AMF may
have an important influence on terrestrial plant evolution. The mycor-
rhizal plants have particular advantages over non-mycorrhizal plant spe-
cies in marginal ecological conditions. Mycorrhizas are essential for plant
survival in coastal sand dunes, which are characterized by their low
phosphorus content (Nicolson, 1959, 1960), in desert ecosystems undergo-
ing rapid erosion of surface soil, and in revegetation programmes of mine
soils (Daft & Nicolson, 1974; Khan, 1978, 1981). The mycelium of mycor-
rhizal fungi is more resistant to abiotic agents than the root itself and this
may compensate for reduced root growth. AMF increase tolerance to
extreme drought conditions (Kothari, Marschner & George, 1990), high
soil salinity (Juniper & Abbott, 1993) and heavy metal toxicity (Weissen-
horn, Leyval & Berthelin, 1993, 1995). In this chapter, the effect of soil
hydrocarbon contamination on the mycorrhizal status of plant species and
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Hydrocarbon-polluted
soils

Determination of plant mycorrhizal
status: root staining (Phillips &
Hayman, 1970); measuring AMF
colonization (Giovannetti & Mosse, 1980)

Quantification of fungal structures:
arbuscles, vesicles, entry point
(Ocampo, Martin & Hayman, 1980)

Determination of the density
of infective AMF propagules
(Porter, 1979)

Reproduction of native
AMF populations on
trap cultures

Isolation of AMF species;
wet sieving and decanting
(Gerdemann & Nicolson,
1963)

Inoculation of AMF
spores on mycotrophic
host plants

Control of culture purity

Germoplasm culture
collection

Effectiveness test of
AMF isolates in
oil-polluted substrate

Fig. 17.1. Protocols for studying the effects of hydrocarbon pollution on
arbuscular mycorrhizal fungi (AMF).

the native AMF populations growing in those soils is discussed. The
benefits of inoculating plants with native AMF isolated from polluted sites
can be seen in a variety of plant growth parameters, such as biomass
production and phosphorus and zinc accumulation. These are discussed,
together with their potential for phytoremediation.

Effect of hydrocarbon pollution on arbuscular mycorrhizal fungi
(AMF)

Figure 17.1 shows the steps followed to study the effect of hydrocarbon soil
contamination on AMF.
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Mycorrhizal status of soil vegetation

Knowledge of the relationships between mycorrhizal fungi and their hosts
in hydrocarbon-polluted habitats is limited. Cabello (1997) showed that
native AMF propagules survived habitat contamination, although the
proportion of mycorrhizal roots was 150% higher than in plants from
non-polluted soils. In field work, Cabello (1995) studied the effect of
hydrocarbon-containing sludges, incorporated at a rate of 15 l m~2 in soil
plots, on alfalfa plants (Medicago sativa L.) and on alfalfa plants in-
oculated with Glomus mosseae (Nicol. & Gerd.) Gerd. & Trappe. There
were low levels of root colonization in non-inoculated plants, with 5% of
the root length colonized after 3 months and 15% after 12 months. Plants
inoculated with G. mosseae showed 41% and 70% colonization at 3 and 12
months, respectively. The incorporation of hydrocarbon-containing
sludges into the soil reduced the capacity of native AMF propagules to
initiate colonization. Recovery to levels similar to those found in non-
polluted soils was slow and commenced in neighbouring areas.

AMF are in close contact with the roots they colonize by means of
abundant arbuscular structures within the cells of the cortex. The external
fungal mycelium spreads out from the root and connects the plant to its
below-ground environment. The growth of the mycelium could be ecologi-
cally significant in helping the plant to develop under stressful situations.
Although the proportion of root colonized must be taken into account
when evaluating mycorrhizal status, this can lead to an underestimate of
the effect of different environmental factors on the symbiosis (Harley &
Smith, 1983). The effect of contamination on fungal physiology within the
root is not easy to determine. Although the length of the root that is
colonized does reflect a general harmful action of hydrocarbons on native
AMF, the negative effects are more noticeable on the fungal structures
(Cabello, 1997). Pollution does reduce the arbuscular percentage but the
symbiosis still remains functional since these fungal structures are the
major sites for nutrient exchange between the fungal endophytes and the
host plant (Cox et al., 1975; Scannerini & Bonfante Fasolo, 1983). The
percentage of arbuscular structures in non-inoculated plants transplanted
into polluted sludges was very low, being only 1% 8 months after trans-
plantation, whereas inoculated plants reached higher levels (Cabello,
1995). A high vesicle number is correlated with a decrease in the arbuscular
percentage, and under stress situations the fungus metabolizes the lipid
stored in vesicles before their degradation. The vesicle number increases in
old and/or dead roots, as well as in plants growing under abiotic or biotic
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stress, suggesting that these fungal structures may have a role in resistance
to stress (Cooper, 1984).

Density of native arbuscular mycorrhizal fungal propagules

The density of native AMF propagules in contaminated soils from En-
senada (Argentina) and Rositz (Germany) has been determined by the
most probable number method. Overall, propagule densities in non-pol-
luted areas were 7.5-fold and 5-fold higher than those in polluted soils in
Argentina and Germany, respectively (Cabello, 1997). This suggests that
the mycorrhizal status of plants growing in the polluted soils may be
limited by the level of infective propagules. Bioassay of the mycorrhizal
inoculum potential in topsoil placed over deposited oil shale revealed
colonization levels of approximately half those obtained in undisturbed
soil (Call & McKell, 1982). High propagule densities may be associated
with rapid fungal spread within roots, which is important in field situations
(Smith & Read, 1997). The low levels of AMF inoculum found in con-
taminated soils could result in failure of revegetation processes in these
areas (Miller, 1979). However, if the surviving propagules were highly
efficient in the symbiotic association, they could still significantly increase
the production of the selected plants.

Isolation of arbuscular mycorrhizal fungi from polluted sites

Soils polluted with different types of hydrocarbon have been processed to
isolate native mycorrhizal fungi. These soils were sandy soils from Mar de
Ajó (Argentina) contaminated with gas-oil from storage tanks and elec-
tricity generators; clay soils from Berisso and Ensenada (Argentina) oil
polluted with fuel and crude oil, respectively; and sandy-muddy soils from
Rositz (Germany) contaminated with crude oil, polycyclic aromatic hy-
drocarbons (PAHs) and phenols from asphaltic production residues and
bombs from World War II.

AMF and vesicular–arbuscular mycorrhizal fungi from native commu-
nities present in contaminated soils were isolated in pot cultures using
M. sativa L. and Sorghum vulgare Pers. as trap plants. All fungal isolates
were deposited in the culture collection of the Spegazzini Institute (LPS)
and are listed in Table 17.1. The narrow fungal spectrum found in con-
taminated soils suggests that only some AMF species can survive pollu-
tants, a fact closely related to the low level of colonized roots and the low
number of propagules in these soils.
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Fig. 17.2. Influence of mycorrhizal infection on plant height and dry
mass of alfalfa after 60 days of growth in hydrocarbon-polluted substra-
te. The mycorrhizal effect was calculated as 100 (infected − noninfec-
ted)/non-infected. Bars with the same letter are not significantly different
(least significant difference: P = 0.01). (Modified from Cabello, 1999.)

Effectiveness of indigenous arbuscular mycorrhizal fungi from
polluted soils

The AMF Glomus deserticola, Glomus geosporum and Glomus intraradices
have been screened for their symbiotic response with M. sativa in a
hydrocarbon-polluted substrate under greenhouse conditions and com-
pared with two laboratory AMF species, Glomus fasciculatum and
G. mosseae, and uninoculated plants as controls (Cabello, 1999). With the
exception of root length, all measured parameters were significantly higher
for inoculated plants. Total biomass production, estimated as dry weight,
and plant height were significantly enhanced by AMF inoculation, with
the maximal response being achieved by G. geosporum (Fig. 17.2). Despite
the low colonization percentages, the observed increase in the dry weight
and height of the inoculated plants shows that high levels of colonization
are not always necessary for a good plant response: efficient biomass
production seems to result from physiological interactions between the
symbionts.

Both phosphorus and zinc concentrations were higher in plants in-
oculated with the three fungal strains isolated from contaminated soils
(Fig. 17.3). G. deserticola and G. geosporum inoculation significantly
increased the phosphorus concentration. Moderate though significant in-
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Fig. 17.3. Influence of mycorrhizal infection on phosphorus and zinc
content of alfalfa after 60 days of growth in hydrocarbon-polluted sub-
strate. The mycorrhizal effect was calculated as 100 (infected − noninfec-
ted)/non-infected. Bars with the same letter are not significantly different
(least significant difference: P = 0.01). (Modified from Cabello, 1999.)

creases were also observed for the other AMF infections compared with
uninoculated plants. The correlation between phosphorus content and
biomass production by inoculated and non-inoculated plants confirms
the beneficial effects of inoculation with mycorrhizal species that can
efficiently adapt to contamination (Cabello, 1999). Call & McKell (1984)
reached similar conclusions using container-grown fourwing saltbush
plants (Atriplex canescens (Pursch) Nutt.) inoculated with native AMF
species and transplanted into processed-oil shale and disturbed native
soils. Inoculated plants had a higher biomass content, enhanced their
percentage of covered area, absorbed more water and increased their
phosphorus concentrations compared with non-inoculated controls.
These results strongly suggest an ecological adaptation of AMF and this
should be taken into account when selecting fungi able to associate with
plants suitable for revegetation of contaminated areas. The AMF appear
to be able to adapt to changes in soil pH, the presence of heavy metals, the
source of inoculum and their host endophyte specificity (Pfleger, Stewart &
Noyd, 1994). However, this response cannot be generalized, since Shetty et
al. (1994) found that mycorrhizal fungi from uncontaminated soils in-
creased plant biomass more than mycorrhizal fungi isolated from soils
polluted with heavy metals.

Alfalfa plants growing on hydrocarbon-contaminated substrates show a
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remarkable mycorrhizal dependence. According to Habte & Manjunath
(1991), this plant is highly dependent on its mycorrhizal association with
respect to biomass production and phosphorus and zinc uptake and
storage. The term mycorrhizal dependency has been defined as ‘the degree
to which a plant species is dependent on the mycorrhizal condition to
produce its maximum growth or yield at a given level of soil fertility’
(Gerdemann, 1975). Based on our experiments, the definition could be
extended to ‘or if the soil is polluted with xenobiotics’. This is because some
plant species do not need a symbiotic association with AMF under normal
conditions but do require this interaction when subjected to pollution.

Phytoremediation using arbuscular and vesicular–arbuscular
fungi: a challenge

The time required for bioremediation processes depends on a number of
variables such as the nature of the contaminant and its source, the soil
physicochemical characteristics, the climatic conditions and the level of
infective inoculum. At the same time, degradation of recalcitrant com-
pounds is generally limited by factors such as a microbial population of
low catabolic efficiency, decreased nutrient availability, inadequate pH
and other soil properties. To revegetate degraded areas successfully, it is
necessary to understand the dynamics of plant–microbe–toxicant interac-
tions in the rhizosphere since vegetation plays an important role in the
biodegradation of surface soils contaminated with toxic organic chemicals
through stimulation of microorganisms with a capacity for biodegradation
(Walton & Anderson, 1990; Walton, Guthrie & Hoylman, 1994; Günther,
Dornberger & Fritsche, 1996). Radwan, Sorkhoh & El-Nemr (1995) sug-
gested the use of suitable plants for the bioremediation of oil-polluted
desert soil. Günther et al. (1996) assayed the effect of ryegrass on the
degradation of soil hydrocarbons under controlled laboratory conditions.
In artificially loaded soils, they observed rapid hydrocarbon disappearance
in the ryegrass rhizosphere, together with a greater microbial population
with elevated respiration rates compared with control assays without
plants. These authors concluded that improvement in hydrocarbon degra-
dation was caused by an increased rhizosphere microbial community
compared with that in root-free soil. The climate and soil nutritional state
also should be taken into account when re-introducing vegetation in
hydrocarbon-polluted areas. During the revegetation process, nitrogen
and phosphorus limitation might favour the selection of plant species with
a low requirement for these elements.
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Call & McKell (1982) observed that annual non-mycorrhizal weeds
form the initial plant successional stages in oil-shale spoils, as well as in
other disturbed ecosytems and several studies have shown that mycor-
rhizas are rare or absent at these early stages. The presence or absence of
mycorrhizal fungi in secondary successional sites can determine the com-
position of the plant population (Reeves et al., 1979). Gudin & Syratt
(1975) investigated 15 oil-contaminated sites and found that leguminous
plants constituted the prevailing flora, indicating an adaptive advantage
from their association with symbiotic nitrogen-fixing microorganisms.
However, further studies are necessary to determine if these microorgan-
isms can survive pollution. Westlake, Jobson & Cook (1978) reported that
fertilization of oil-contaminated soils with nitrogen and phosphorus im-
proved the revegetation rate.

Taking into account the increase of microorganism biomass in root
systems, soil penetration by roots and nutrient excretion, the rhizosphere
represents a system ideally suited for the acceleration of biodegradation of
pollutants. In the rhizosphere, the soil physicochemical properties change;
there is an increase in and selection of microbial communities caused by
the supply of root exudates, sloughed off cells and tissue fragments; and
there is increased availability of co-metabolites for the degradation pro-
cesses. Fungi able to form arbuscular and vesicular–arbuscular mycor-
rhizas might, therefore, be of vital importance for phytoremediation
processes. However, soil disturbance can significantly reduce the amount
of colonizing propagules which affects their potential to colonize new host
plants (Miller, 1979; Reeves et al., 1979; Cabello, 1997). The higher the
amount of disturbance, the longer is the time needed to re-establish the
mycorrhizal vegetation. The success of revegetation programmes with
minimal treatments will depend on the method developed to re-introduce
AMF in those sites where they have disappeared. Call & McKell (1984)
demonstrated that inoculation with AMF in either nursery beds or con-
tainers and the addition of low levels of fertilizers promoted the growth of
plants better adapted to the environmental conditions of the outplanting
site. In addition, these infected plants provided an inoculum source for
other desirable plant species requiring the AMF association for successful
establishment and survival. When planted out, the AMF-inoculated plants
were better adapted to revegetation programmes with minimal treatments
in processed-oil shale and disturbed native soils. After two growing sea-
sons in the field, the biomass increased 2.5 times, the plant height 1.8 times
and the vegetation coverage was 2.2 times greater than with uninoculated
controls. However, there were significant differences in the growth in
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disturbed soils or processed oil shale: the evaluated plant parameters were
smaller in the latter, which could arise from the low water-holding capabil-
ity, high pH and nutrient deficiency of the spent shale (Call & McKell,
1984).

AMF have not yet been assayed for degradation of complex organic
compounds as they cannot be cultured without a host plant. Nevertheless,
laboratory studies have demonstrated that ectomycorrhizal fungi possess
enzymatic properties similar to saprotrophic species (Donnelly & Fletcher,
1994). These fungi could play a role in bioremediation when loaded
together with the host plant into the contaminated site. Although the
capability of AMF to degrade xenobiotics has not been assessed, they
should be considered before starting phytoremediation in oil-polluted
areas since AMF not only improve the growth, production and survival of
plants but also positively influence the environment in several ways, for
example, affecting the accumulation and transport of phosphorus, nitro-
gen and other essential nutrients required by plants (Smith & Read, 1997).
AMF can also bind soil particles through the intensively growing my-
celium, which improves soil physical properties, and positively interact
with other rhizosphere microbiota such as phosphate-solubilizing micro-
organisms, nitrogen-fixing bacteria, cyanobacteria and actinomycetes,
and plant growth-promoting rhizobacteria, constituting the so-called
‘mycorrhizosphere effect’ (Linderman, 1988). AMF can stimulate plant
development through production of growth factors; for example, Allen,
Moore & Christensen (1980) detected increases in cytokinin activity in
mycorrhizal plants of Bouteloua. AMF can also decrease the accumulation
of heavy metals, by storing them in mycorrhizal roots (Schüepp &
Bodmer, 1991); improve tolerance to stresses caused by cold, flood,
drought, nutrient deficiency and salinity; enhance resistance to pathogens;
and provide a reservoir of nutrients that improve soil fertility when the
biomass is recycled.

Figure 17.4 shows a practical approach for restoration of oil-polluted
soil. The questions can be answered using bioassays of the type described
above. The last step requires a technological development to allow the
production of large amounts of AMF inoculum. AMF inoculation tech-
nology is mainly limited by the lack of production and commercial dis-
tribution of AMF inoculum; however, private companies, government
agencies and several research groups have attempted to develop commer-
cial AMF inoculants with effective AMF strains and different culture
systems for these fungi have been developed and patented (Wood, 1992).
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Fig. 17.4. Practical procedures for restoration of vegetation in oil-pol-
luted soils.
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Conclusions

Revegetation of oil-polluted areas with arbuscular mycorrhizal plants is
challenging since it involves reconstruction of the above-ground flora and
the below-ground microbiota. With this technology, the number of micro-
bial communities, including bacteria, actinomycetes, saprotrophic and
biotrophic fungi, is increased. These microorganisms contribute to the
biological activity of the rhizosphere soil, where they improve toxic chemi-
cal degradation, thus reducing the time factor in the remediation process.
Re-establishment of mycorrhizal fungi is necessary for successful plant
succession, with improved nutrient uptake and the elimination of soil
stress being key points for the plant survival. By introducing AMF asso-
ciated with plant roots, there is an inoculum of mycorrhizal propagules,
which will increase in the restored soil with time. In this way, new myco-
trophic plants might be encouraged to colonize the area and the invasion
of the soil by weed plants, which do not usually form mycorrhizas, will be
limited. Increasing the biodiversity of both microorganisms and plants is
of crucial importance for high production in a restored ecosystem.
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respiration 345
nitramines 232–4
nitrate esters 234–6
nitriles, see cyanide
nitroaromatic compounds

degradation by white rot fungi 54, 62–3
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pesticide degradation 188–223
phenylureas 204–5
polymerization of monoaromatic

compounds 126–7

477Index



organic pollutants (cont.)
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degradation 127–8
2,4,6-trinitrotoluene 225–30
use of mycorrhizal associations 90
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meta-type ring cleavage 115
tellurium methylation 372

pentachlorophenol (PCP)
as biocide 114, 191
degradation by P. chrysosporium

118–19, 123, 124, 128–9, 191–4
degradation by Trichoderma spp. 116
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degradation 10–11

s-triazines 205–6
Suillus bovinus

degradation of m-toluate 450
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guaiacol dechlorination 66
in dye decolorization 251
in lignin degradation 244
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trichloroethylene (TCE), degradation by

Phanerochaete chrysosporium 69
2,4,5-trichlorophenol, see chlorinated

hydrocarbons
2,4,5-trichlorophenoxyacetic acid (2,4,5-T)

as herbicide 114, 193, 201–2
degradation by P. chrysosporium 123–5,
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